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Abstract 

Canada has experienced a significant increase in the transport of diluted bitumen (dilbit), a 

predominant oil sands product that is created by combining bitumen with diluents derived from 

oil-gas condensates and other proprietary compounds. The chemical composition of dilbit varies 

to meet season and transport conditions. While the toxicological effects of a variety of crude and 

refined oils are well studied, the toxicity of dilbit to fish embryos, which are immobile and thus at 

a high a risk of exposure to oil in the event of a spill remain largely unknown. To fill this gap, this 

study assessed the toxicity of two Winter dilbit blends, Access Western Blend (AWB) and Cold 

Lake Blend (CLB), to fathead minnow (Pimephales promelas) embryos. Embryos were exposed 

to a range of water accommodated fractions (WAF) and chemically enhanced WAF (CEWAF; 

using Corexit®9500A as dispersant) for both AWB and CLB. After exposure, hatched fish were 

assessed for blue sac disease (BSD) and expression of selected biomarker genes. Developmental 

malformations were observed more frequently with increasing concentrations of AWB and CLB 

in both WAF and CEWAF treatments and included tube heart, pericardial edema, and 

craniofacial deformities. Levels of cyp1a and gst mRNA were elevated with increasing total 

concentrations of polycyclic aromatic hydrocarbons in both AWB and CLB WAF and CEWAF 

conditions. However, there were no significant changes in mRNA levels for p53, sod, cat, and 

gsr. These results suggest that expression of cyp1a and gst may serve as biomarkers for dilbit 

exposure in fathead minnow, furthering our understanding of dilbit-responsive indicators of 

toxicity in fish species native to North America. This study is important as it utilizes the same 

exposure methodology to examine the toxicity of two commonly used Canadian dilbits, 

facilitating the comparison of dilbit toxicity.   
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Introduction 

1.1 Introduction 

Bitumen is an extra heavy crude oil produced from natural oil sand deposits (Read and 

Whiteoak, 2003; Upreti et al., 2007). To facilitate transport through pipelines, diluent is added to 

produce diluted bitumen (dilbit). Dilbit contains polycyclic aromatic hydrocarbons (PAHs), 

which are non-polar, hydrophobic compounds responsible for oil toxicity (Adams et al., 2014b; 

Billiard et al., 2002; Hodson et al., 2007; Lin, 2014; Madison et al., 2017, 2015; Martin et al., 

2014). PAHs that contain alkyl substitutions (alkyl-PAHs) are the main PAHs that cause toxicity 

to embryonic stages of developing fish (Adams et al., 2014a; Hodson et al., 2007). Given that oil 

transportation through pipelines creates a risk of accidental spills (Young, 2013) and that fish 

species inhabiting rivers and lakes along the current and proposed pipeline routes in Canada are 

particularly vulnerable (Dupuis and Ucán-Marín, 2015; Goldberg, 2011), it is important to 

understand the potential consequences of dilbit spills to freshwater environments. 

Although the embryo toxicity of oils has been established, the impact of dilbit on early 

life stages in fish development has yet to be explored. To date, only five published studies have 

assessed the toxic effects of dilbit blends to fish (Alderman et al., 2017b; Barron et al., 2018; 

Madison et al., 2017, 2015; Philibert et al., 2016). However, none of the published studies have 

assessed the effects of embryonic exposure to dilbit on genes involved in xenobiotic metabolism 

in a fish species native to North America. Consequently, this thesis investigated the effects of 

Cold Lake Blend (CLB) and Access Western Blend (AWB), the highest volume dilbit products 

transported by pipelines in Canada (King et al., 2014), on fathead minnow (Pimephales promelas) 

embryos.  
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Chapter 2 encompasses a literature review that provides an overview of Canada’s oil 

industry, production of dilbit, and the physical and chemical components of dilbit. The second 

part discusses the effects of PAHs on fish, the current knowledge of the molecular and genetic 

components underlying the effects of PAHs on fish, PAH metabolism, the generation of reactive 

oxygen species (ROS), and potential biomarkers of PAH exposure and toxicity. Chapter 3 

compares the chronic toxicity of CLB and AWB to fathead minnow and assesses the effects of 

exposure to CLB and AWB on cellular stress, mutagenic response, and detoxification pathways. 

Chapter 4 provides a general discussion and conclusions on this highly important environmental 

issue. 
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The aquatic fate and toxicity of diluted bitumen 

Chapter 2 is adapted from Alsaadi F, Hodson PV and VS Langlois (2018) An embryonic field of 

study: The aquatic fate and toxicity of diluted bitumen. Bulletin of Environmental Contamination 

and Toxicology 100(1):8-13.   
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2.1 Literature Review 

2.1.1 Canada’s current oil industry 

Oil continues to play an important role in meeting the world’s energy needs and in 

Canada’s economy. Canada has the third largest oil reserves in the world, after Venezuela and 

Saudi Arabia (Olsson, 2012). Currently, Canada is the fifth largest oil producer in the world and 

the fourth largest exporter of crude oil. In 2013, Canada exported 74% of its crude oil production, 

97% of it to the United States (NRCan, 2014). Canadian production of petroleum includes 

conventional crude oil, conventional heavy oil, bitumen, and condensate (Dupuis and Ucán-

Marín, 2015). Of these, bitumen from Canada’s oil sands represents 97% of the petroleum 

produced in Canada (Canadian Association of Petroleum Producers, 2016). Among Canadian 

provinces, Alberta is responsible for nearly 80% of Canada’s oil production and is the largest 

producer of oil sands bitumen in the world. In addition to being an important source of revenue, 

the oil industry also provides direct and indirect employment to more than 400,000 individuals in 

Canada. Thus, Canada’s oil industry is important for economic growth and employment 

(Government of Canada, 2016).  

2.1.2 Production and transportation of bitumen from oil sands 

The crude oil that is present in Canadian oil sands exists in a semi-solid or solid phase. 

This bitumen is produced from natural oil sand deposits predominantly through direct mining or 

in situ extraction (Read and Whiteoak, 2003). Surface mining is used for deposits less than 75 m 

below the surface. In surface mining, the oil sand is sent to a bitumen processing plant, where it is 

mixed with hot water and bitumen is separated from sand that precipitates by gravity. Oil sands 

that are too deep to be mined, and where the bitumen is too heavy and viscous to flow under 

typical reservoir temperature and pressure conditions, must be extracted in situ (Grant and Myers, 

2004). During in situ extraction, steam is injected into the oil and the heat reduces bitumen 

viscosity, enabling it to flow to a well and be pumped to the surface (Grant and Myers, 2004). 
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Both methods produce bitumen that is largely free of sand and water (Grant and Myers, 2004). To 

facilitate transportation through pipelines, bitumen is diluted with natural gas condensate products 

or a mix of light hydrocarbons, resulting in a range of dilbit blends. In general, diluents represent 

around 30% of dilbit volume but vary based on seasonal requirements for viscosity (Dupuis and 

Ucán-Marín, 2015). In addition to dilbit, bitumen may be mixed with synthetic crude (synbit) and 

a mixture of dilbit and synbit (dilsynbit), but much less is known about these (Dew et al., 2015). 

2.1.3 Physical properties of bitumen 

Important physical properties of bitumen include viscosity and density (NASEM, 2015). 

The viscosity of bitumen is mostly determined by the proportion and types of large polar 

molecules such as resins and asphaltenes. A greater percentage of lighter components, such as 

saturates, results in a lower viscosity (King et al., 2017). The density of bitumen exceeds 1.0 

g/mL, which means that it will sink in freshwater if in the case of a spill (Lee et al., 2015b). On 

the other hand, dilbit ranges in density from 0.92 to 0.93 g/mL, which means that it floats in 

freshwater (Lee et al., 2015b). However, weathering of dilbit results in the evaporation of lighter 

components, leading dilbit to sink (Lee et al., 2015b). Viscosity is also affected by temperature, 

with lower temperatures resulting in a higher viscosity (NASEM, 2015). 

Oil density is measured using the American Petroleum Institute (API) gravity scale 

(Santos et al., 2014). An API gravity of greater than 10 indicates that the oil is light and floats on 

water. Conversely, an API gravity of less than 10 indicates that the oil is heavier and sinks in 

water. Currently existing crude oils have API values ranging from 10° to 73° API (Santos et al., 

2014). Bitumen found in oil sand deposits has an API gravity varying from 7° to 13° API 

(NRCan, 2014). Dilbit transported in pipelines from Alberta has an average API of 20° to 22° 

(Environment Canada, 2017). Comparison of selected crude oil properties is listed in Table 2-1.  
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Table 2-1 Comparison of selected crude oil properties 

  Light 
crude 
(Scotia 
Light)   

 Medium crude 
(West Texas 
Intermediate) 

Heavy 
crude 
(Sockeye 
Sour) 

Diluted 
bitumen 
(CLB) 

Saturates (%) 92 78 38 25 
Aromatics (%) 8 15 29 22 
Resins (%) 1 6 20 33 
Asphaltenes (%) 0 1 14 20  
Density (g/cm3)         
Density before release 0.77 0.85 0.94 0.92 
Density after initial weathering 
(mass % loss in weathering) 

0.80 
(25%) 

0.87 (10%) 0.97 
(10%) 

0.98 (15%) 

Density after additional weathering 
(mass % loss in weathering) 

0.84 
(64%) 

0.90 (32%) 0.98 
(15%) 

1.002 
(30%) 

Viscosity (mPa)         
Viscosity before release 1 9 820 270 
Viscosity after initial weathering 
(mass % loss in weathering) 

2 (25%) 16 (10%) 8700 
(10%) 

6300 (15%) 

Viscosity after additional 
weathering (mass % loss in 
weathering) 

5 (64%) 112 (32%) 475000 
(19%) 

50000 
(30%) 

Flash point (oC)         
Flash point before release <-30 -10 -3 <-35 
Flash point after initial weathering 
(mass % loss in weathering) 

23 
(25%) 

33 (10%) 67 (10%) > 60 (15%) 

Flash point after additional 
weathering (mass % loss in 
weathering) 

95 
(64%) 

>110 (32%) > 95 
(19%) 

> 70 (30%) 

Adhesion (g/m2)         
Adhesion before release 0 12 75 98 
Adhesion after initial weathering 
(mass % loss in weathering) 

2 (25%) 17 (10%) 98 (10%) 146 (6%) 

Adhesion after additional 
weathering (mass % loss in 
weathering) 

9 (64%) 33 (32%) 605 (19%) 1580 (20%) 

(Sources: Environment Canada, 2017; Hollebone, 2015). 

2.1.4 Chemical properties of bitumen 

Oil is a complex chemical mixture of saturates, aromatics, resins, and asphaltenes 

(SARA), as well as metals and compounds containing nitrogen, sulphur, and oxygen (Dupuis and 

Ucán-Marín, 2015). Saturates are usually the most common hydrocarbon component in oil; they 

are also the most biodegradable and least toxic (Adams et al., 2014a; Fan and Buckley, 2002). 

Aromatics are non-polar and hydrophobic, and include monoaromatics (benzene, toluene, 
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ethylbenzene, and xylenes [BTEX]) and polycyclic aromatic hydrocarbons (PAHs). PAHs are 

composed of two or more aromatic rings, have a faint odour, and have a relatively low solubility 

in water. They stick to solid particles and settle at the bottom of lakes and rivers. PAHs present in 

oils also contain alkyl substitutions, and alkyl-PAHs are associated with toxicity in aquatic 

species (Fan and Buckley, 2002). Resins contribute to the adhesive properties of oil; they are 

polar and include elements such as sulphur, nitrogen, and oxygen (Speight, 2002). Finally, 

asphaltenes are high molecular weight (HMW; >C30) compounds that contribute to viscosity and 

density in heavy oils and bitumen (Akmaz et al., 2011).  

Compared to conventional crude oil, dilbit contains more carbon than hydrogen, lower 

amounts of low molecular weight (LMW) compounds, and higher amounts of HMW compound 

such as resins and asphaltenes (Lee et al., 2015b). Thus, it is more adhesive and generates more 

persistent residues that adhere to shorelines and structures (NASEM, 2015). Dilbit also has a 

lower total PAH (TPAH) content, but a higher proportion of 3- to 5-ringed alkylated PAHs. 

TPAH is the sum of the concentrations of individual PAH and reflects only a small portion of the 

total petroleum hydrocarbon (TPH) content of dilbit. The composition of TPAH content in dilbit 

affects its toxicity: HMW PAHs with three or more benzene rings are relatively persistent in the 

environment and associated with chronic toxicity in early life stages of fish (Bornstein et al., 

2014; Carls et al., 1999; Hodson et al., 2007; Wu et al., 2012). The most commonly transported 

dilbit products (by volume) in Canada are CLB and AWB (King et al., 2014). Between CLB and 

AWB, AWB has a higher proportion of HMW compounds than CLB, though the latter has a 

higher proportion of saturates and PAHs, potentially increasing its toxicity in fish (King et al., 

2014). Comparison of typical AWB and CLB chemical properties is listed in Table 2-2.  
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Table 2-2 Comparison of typical AWB and CLB chemical properties 

(Source: CrudeMonitor.com, 2017) 
  

  AWB CLB 
Basic Analysis    
Density (kg/m3) 922.3 926.6 
Gravity (deg. API) 21.8 21.1 
Sulphur (wt %) 3.91 3.78 
Micro carbon residue (wt %) 10.67 10.43 
Sediment (mg/kg) 137 96 
Total acid number (mg KOH/g) 1.73 1.03 
Salt (µg/L) 20922 31193 
Nickel (mg/kg) 71.8 64.6 
Vanadium (mg/kg) 188.2 166.7 
Olefins (wt%) ND ND 
Light Ends Summary 
Propane (vol%) 0.06 0.05 
Butanes (vol%) 0.79 1.11 
Pentanes (vol%) 9.55 7.56 
Hexanes (vol%) 6.48 5.57 
Heptanes (vol%) 3.94 3.24 
Octanes (vol%) 2.28 1.94 
Nonanes (vol%) 1.19 1.22 
Decanes (vol%) 0.56 0.61 
BTEX (vol%)   
Benzene 0.24 0.21 
Toluene 0.4 0.34 
Ethyl benzene 0.04 0.04 
Xylenes 0.32 0.27 
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2.1.5 Pipeline transportation of oil and effects of oil spills 

In Canada, oil and oil-related products are transported primarily through pipelines, which 

is the most efficient way of connecting large supply basins to market areas (NRCan, 2014). 

Currently, there are more than 840,000 km of oil pipelines in Canada, moving approximately 1.3 

billion barrels per year of oil and related products every year, valued at more than $100 billion 

(NRCan, 2016). Most pipelines that deliver dilbit from Canada to the United States originate in 

extraction sites located in Alberta (NASEM, 2015). According to the Canadian Energy Pipeline 

Association, the main existing pipelines throughout Canada are the Enbridge, Pembina, 

TransCanada, Suncor, Inter Pipeline, Access, Spectra Energy, Kinder Morgan, Portland Montreal, 

Trans-northern, and Kinder Morgan Trans Mountain pipelines. In addition, there are many 

pipelines that connect wells to refineries, termed feeder pipelines. Feeder pipelines connect 

extraction sites in Albert to refineries and pipelines that deliver oil across Canada and 

internationally (NASEM, 2015). Canada’s current dilbit exports to the United States exceed 

current pipeline capacity, leading to a call for an expansion of existing pipelines and for the 

creation of new pipelines, such as the Keystone XL pipeline, which would deliver dilbit to 

Cushing, Oklahoma, and the TransCanada Energy East pipeline, which would transport dilbit to 

refineries in Eastern Canada (ECCC et al., 2013; King et al., 2014).  

While advantageous because it is relatively inexpensive and safe, particularly when 

compared to other means of transportation, additional pipelines will increase the potential risk of 

terrestrial and freshwater spills because the quantity of oil shipped will also increase (NRCan, 

2016). Because pipelines frequently travel under inland bodies of water—from streams to 

wetlands and larger rivers to lakes, oil can enter water directly or indirectly following an oil spill, 

via groundwater transport or overland flow (NASEM, 2015). When oil spills into bodies of water, 

it is more difficult to recover because it can be quickly transported from the release site. 

However, the precise effects of the oil spill depend on several factors, including chemical and 
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physical properties of the oil, the volume of oil spilled, the weather conditions, and the location of 

the spill (Almeda et al., 2013; Chang et al., 2014; Fingas et al., 1979; Jensen, 2011).  

In Canada, pipelines experience frequent incidents. According to the Transportation 

Safety Board of Canada summary statistics for pipeline occurrences approximately 28% of the 67 

accidents in the 10-year period from 2007 to 2016 occurred on transmission lines (Transportation 

Safety Board of Canada, 2016). In aquatic environments, oil spills can have devastating direct 

and indirect effects on species and species’ interactions (Chang et al., 2014). Oil spills disrupt 

local ecosystem dynamics (McKenzie et al., 2012; Piola and Johnston, 2007), and exposure to oil 

can lead to the accumulation of contaminants in tissues, organ malformation and dysfunction, and 

mortality of eggs and larvae (Chang et al., 2014; Farwell et al., 2006; He et al., 2012). In addition 

to ecological effects, oil spills have economic consequences through the cost of clean-up and 

long-term effects on commercial fisheries and aquaculture, as well as direct impact on humans 

who consume seafood. While Canada has made significant efforts to minimize spills and promote 

safe transport of oil, the impact of oil spills on Canada’s aquatic ecosystems continues to be an 

important but understudied issue. 

The first significant dilbit spill occurred on July 26, 2010 when an Enbridge-operated 

pipeline burst and spilled approximately 1.2 million gallons of dilbit into Talmadge Creek, a 

waterway that feeds into the Kalamazoo River near Marshall, Michigan (USEPA, 2013). The oil 

spill affected an estimated 25 miles of the Kalamazoo River (USEPA, 2013). The diluent quickly 

volatilized and the residual bitumen sank in the water column and accumulated in suspended 

sediments, contaminating shorelines and nearby vegetation (Murphy, 2012). Up to 20% of the 

dilbit sank to the bottom of the river and clean-up efforts identified oil-sediment aggregates from 

samples collected in river sediments (USEPA, 2013). As of mid-2013, the Environmental 

Protection Agency (2013) estimated that approximately 4.4 million litres of dilbit were recovered, 

while 684,000 litres remained submerged in the river (USEPA, 2013). 
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Although a tragedy, the Kalamazoo River spill enabled researchers to examine the effects 

of dilbit spills on aquatic ecosystem (Murphy, 2012). The spill showed that dilbit behaves 

differently than conventional crude oil: while the by-products evaporate quickly, posing health 

risks to those in areas near the spill, the remaining bitumen sinks into the water (Murphy, 2012). 

By comparison, light crude oil stays on the water surface, thereby enabling recovery by 

skimming. The safety risks of dilbit have not been extensively studied and much remains 

unknown. Nonetheless, following the Kalamazoo River spills, the EPA has acknowledged that 

clean-up of dilbit is more difficult than of conventional oil (Murphy, 2012; USEPA, 2013). 

2.1.6 Fate and behaviour of dilbits in water 

The fate of oil following a spill depends on its unique chemical and physical properties 

(NASEM, 2015). Following a spill, oil undergoes a sequence of chemical and physical changes 

called weathering (Wang and Fingas, 2003). The weathering process, which can be categorized 

into physical, chemical, and physical-chemical partitioning processes, usually begins immediately 

after the spill and can proceed rapidly (NASEM, 2015). Physical processes include spreading, 

dispersion, emulsification, adhesion, and sedimentation. Chemical processes, which alter 

molecular structures and linkages between atoms, include photo-oxidation and biodegradation. 

Physical-chemical partitioning processes, which do not alter the molecular structure, include 

evaporation and dissolution of LMW compounds (alkanes, and mono- and di-aromatics <C10), 

adsorption to particulates and dissolved organic matter, and bioaccumulation by aquatic 

organisms. Bioaccumulation is defined as accumulation of substances in an organism. This occurs 

when chemicals are taken up and stored faster than they metabolized or excreted. Together, these 

processes alter the physical properties and behaviour of the oil (NASEM, 2015). The fate and 

behaviour of dilbit, including the extent of weathering, is also influenced by many environmental 

factors, including salinity, density, viscosity, chemical composition, adhesiveness, and 

temperature (King et al., 2014; Lee et al., 2015b; NASEM, 2015). 
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The unique physical and chemical properties of dilbits make their behaviour in the 

environment following a spill different from conventional crude oils (Tsaprailis, 2013). 

Moreover, weathering enhances the physical and chemical differences between conventional 

crude oil and dilbit. Fresh, unweathered dilbit has a lower density than water, and as a result, it 

floats in freshwater and saltwater immediately following an oil spill (NASEM, 2015), collecting 

along shorelines and potentially contaminating the environment (ECCC et al., 2013). This process 

was evident in the Kalamazoo River spill, where rapid evaporation of diluent increased the 

density of dilbit and facilitated its entrainment into the water column as droplets, which 

subsequently adsorbed to particulates and contaminated bottom sediments (ECCC et al., 2013). In 

contrast, weathered heavy oil approaches the density of freshwater, but is less likely to sink than 

dilbit (NASEM, 2015). However, weathering mixes dilbit with water and/or particles and 

increases the density of dilbit such that it may exceed the density of fresh water (NASEM, 2015), 

causing it to sink (WPW, 2013). By contrast, weathered heavy oil approaches the density of 

freshwater, but, unlike dilbit, does not exceed the density of freshwater (NASEM, 2015).  

In addition, during the weathering process, the properties of the residual oil change as the 

light components of oil are removed. Evaporation, which accounts for the largest loss of material, 

is one of the most important weathering processes (NRCan, 2014). During evaporation, lighter 

components are removed, which increases the viscosity of the remaining (residual) oil. Highly 

viscous oils release fewer flammable vapours and are thus less flammable. The temperature at 

which the oil gives off sufficient vapours to become flammable when exposed to a flame is 

termed “flash point” (Fingas, 2015). The flash point for dilbit is lower than that of conventional 

oils and bitumen (Fingas, 2015). Since dilbit has a lower flash point than conventional crude oils 

and bitumen, it is considered more flammable, creating a fire hazard (Fingas, 2015).  

Following an oil spill, a substantial amount of oil may be left in the environment because 

it adheres to shoreline and man-made structures. Spilled dilbit produces a larger volume of 
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persistent residues that adhere to shorelines and structures because it has a higher concentration of 

asphaltenes and resins than most crude oils (NASEM, 2015). When gas condensate is used as a 

diluent, persistent residues are produced relatively rapidly and exhibit high density, viscosity, and 

adhesiveness (NASEM, 2015). High adhesiveness causes the oil to bind to shoreline materials 

and other materials with which it comes in contact (Fingas, 2011). Moreover, because dilbit has a 

high percentage of aromatics and asphaltenes, which do not undergo significant degradation, 

spilled dilbit may persist in the environment for decades after a spill (Fingas, 2015).  

 Weathering is also affected by water temperature and wave action. Oil that flows well at 

higher temperatures can become viscous and slow-moving at lower temperatures, which reduces 

the weathering rate. Conversely, wave action increases the weathering rate. The process of 

partitioning of soluble hydrocarbons from oil to the water occurs regardless of waves, but wave 

action increases the rate. If spilled in calm water, exposure to air may lead to evaporation, 

resulting in the loss of diluent and increasing viscosity and density of the dilbit (Belore, 2010; 

Brown and Nicholson, 1991). Following evaporation of lighter compounds, dilbit returns to the 

original density of bitumen, sinking to the bottom of the water column.  

The potential for weathered dilbit to adhere to particles, submerge, and sink, combined 

with its high content of resins and asphaltenes, results in sunken oil that is hard to recover, 

prolonging the exposure of benthic organisms to oil (NASEM, 2015). This exposure can have 

detrimental effects on aquatic organisms. 

2.1.7 Toxic effects of PAHs on fish 

Fish species that inhabit rivers and lakes along the current and proposed pipeline routes in 

Canada are particularly vulnerable to oil spills (Dupuis and Ucán-Marín, 2015; Goldberg, 2011). 

Components of oil most often associated with oil toxicity to fish are LMW aliphatics and 

aromatics (<C10; most water soluble and volatile) and larger 3- to 5-ringed PAHs (C10-C30) 

(Adams et al., 2014a). On the other hand, aliphatics >C10, resins and asphaltenes are not 
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associated with toxicity (Adams et al., 2014a). LMW compounds, including naphthalene usually 

only cause acute lethality (within 24 hours), largely because concentrations in test solutions tend 

to decline quickly with weathering (Redman and Parkerton, 2015). Among PAHs, alkyl-PAHs 

are considered the primary compounds that cause PAH toxicity in embryonic stages of 

developing fish (Adams et al., 2014a; Hodson et al., 2007). The relationship between PAH 

exposure and deformities in fish embryos is well established (Billiard et al., 2009; Boudreau et 

al., 2009; Incardona et al., 2014), and exposure of fish to PAHs can have many direct and indirect 

effects leading to abnormal physiological functions and disease, including deformities (Hose et 

al., 1996) and physiological impairments (Baumann et al., 1991; Brette et al., 2014; Incardona et 

al., 2014; Myers et al., 2003; Schiewe et al., 1991; Vogelbein and Unger, 2006). To date, few 

studies have examined the delayed effects of a brief exposures to unweathered oils, and none 

have examined the toxicity of chronic exposures to oil-gas condensates used as diluents (Lee et 

al., 2015b). 

2.1.8 Behavioural effects 

PAH exposure may also lead to changes in fish behaviour, such as migration, feeding, 

and mating (Cohen et al., 2001; Kochhann et al., 2013; Philibert et al., 2016). Exposure to PAHs 

decreases spontaneous swimming (Kochhann et al., 2015), leads to abnormal locomotive and 

swimming behaviour (de Soysa et al., 2012), and reduces responses to alarm substances 

(Kochhann et al., 2015). Kochhann and colleagues (2015) found that fish exposed to crude oil 

containing a high proportion of PAHs experienced a 90% reduction in responses to alarms and a 

60% reduction in swimming activity. More recently, Alderman and colleagues (2017b) found that 

sockeye salmon parr (Oncorhynchus nerka) exposed to environmentally relevant concentrations 

of the water-soluble fraction (WSF) of CLB dilbit (summer blend) for one and four weeks 

exhibited concentration–dependent cardiac remodeling (3.5 – 66.7 µg/L TPAH) that correlated 

with swimming performance. These findings suggest that dilbit has concentration- and duration-
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specific effects on swimming ability in sockeye salmon that may affect migratory success 

(Alderman et al., 2017b). Salmon exposed to dilbit may also be less capable of exercise recovery 

than non-exposed fish. For instance, dilbit-treated and exercised fish were more likely to 

experience cell damage, as evidenced by inflammatory responses and increased protein leakage 

from tissues (Alderman et al., 2017a). These results highlight the importance of evaluating the 

timing and amount of dilbit spilled, as these are major factors determining the impact of oil 

exposure on each fish species. 

2.1.9 Reproduction and growth functions 

PAH exposure affects reproductive functions by affecting hormonal regulation and 

vitellogenesis, the process of oocyte maturation and yolk incorporation (Khan, 2013; Nicolas, 

1999; Sol et al., 2000). Field and laboratory studies have shown that PAHs have deleterious 

effects on vitellogenesis, including reduction in circulating hormones and plasma vitellogenin, 

delay of oocyte maturation, and impairments in reproduction (reviewed in Nicolas, 1999). Fish 

exposed to PAHs in laboratory studies (O. mykiss, Monopterus albus) show reduced 

concentrations of blood vitellogenin (Anderson et al., 1996; Singh, 1989; Thomas, 1990). These 

findings are concerning, particularly as harmful sub-lethal effects can have transgenerational 

consequences.  

Exposure to PAHs has also been suggested to interfere with hormone membrane 

receptors (Thomas and Budiantara, 1995). Thomas and Budiantara (1995) found that exposure of 

female Atlantic croaker (M. undulatus) to naphthalene and diesel oil impaired ovarian 

recrudescence disrupted ovarian growth and oocyte development, suggesting that PAH exposure 

reduces ovarian responsiveness to hormonal stimulation. In field studies conducted in Chesapeake 

Bay in the United States, PAH concentrations in sediment were negatively correlated with plasma 

vitellogenin in killifish (Fundulus heteroclitus) (Pait and Nelson, 2009). Likewise, Bugel et al. 

(2010) found that increased concentrations of PAH metabolites were associated with decreased 
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vitellogenin production as well as decreased gonad weight in killifish from Newark Bay in the 

United States (Bugel et al., 2010). Similar results have been found in laboratory studies. For 

instance, Khan (2013) found that Atlantic Cod (Gadus morhua) exposed to a WSF of crude oil 

exhibited reduced oocyte development. Female fish exposed to high concentrations of PAHs are 

less likely to go through vitellogenesis and more likely to have lower plasma concentrations of 

17β-estradiol (Johnson et al., 1995; Nicolas, 1999; Stein et al., 1991). For example, gravid female 

English sole (Parophrys vetulus) exposed to high concentrations of PAHs exhibited decreased 

concentrations of 17β-estradiol (Johnson et al., 1995; Stein et al., 1991). PAH-exposed female 

English sole were less able to spawn and experienced reduced egg viability; while in males, high 

PAH exposure reduced testosterone concentrations (Sol et al., 1998).  

PAH exposure also affects the growth of juvenile Chinook salmon (Oncorhynchus 

tshawytscha; Casillas et al., 1998; Meader et al., 2006). For example, exposing juvenile salmon to 

PAHs suppressed growth and altered their metabolism (Casillas et al., 1998; Meader et al., 2006). 

In juvenile Chinook salmon, PAH exposure altered plasma concentrations of hormones involved 

in regulating growth, such as thyroid hormones (thyroxine and triiodothyronine) and insulin-like 

growth factor (Casillas et al., 1998). Fish exposed to PAHs during embryonic development have 

more pronounced growth-related defects, such as reduced size of the head, reduced biomass, and 

reduced lipid stores (Heintz et al., 2000; Incardona et al., 2006, 2004; Meader et al., 2006). In 

several species of Pacific salmon (genus Oncorhynchus), suppressed growth has been linked to 

juvenile mortality (McGurk, 1996). 

2.1.10 Immune functions 

In addition to altering reproductive and growth functions, PAH exposure also alters the 

immune function by increasing susceptibility to infectious diseases (McNeill et al., 2012; 

Reynaud and Deschaux, 2006; Seeley and Weeks-Perkins, 1991). For instance, Seeley and Week-

Perkins (1991) found that oyster toadfish (Opsanus tau) collected from a highly polluted estuary 
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had external abnormalities that appeared to be related to immunosuppression, including lesions 

due to infections. Similarly, Kelly-Reay and Perkins (1994) showed that chronic exposure of 

killifish to PAHs led to increased macrophage oxidative function. Johnson et al. (2008) found that 

salmon exposed to PAHs in the field were more susceptible to the marine bacterial pathogen 

Listonella anguillarum and experienced more L. anguillarum-induced mortality. Juvenile chinook 

salmon exposed to PAHs also exhibited suppressed immune functions and increased disease 

susceptibility (Arkoosh et al., 2001, 1994). Likewise, juvenile rainbow trout exposed to PAHs 

showed increased susceptibility to pathogens and decreased expression of genes involved in the 

immune response (Bravo, 2005). Sole exposed to PAHs had altered leukoproliferative responses 

(Clemons et al., 1999). Thus, exposure to PAHs negatively affects the immune response in fish 

and increases their susceptibility to diseases (Dupuis and Ucán-Marín, 2015; Holth et al., 2009).  

2.1.11 Embryo toxicity and early life stages toxicity 

 Fish are most susceptible to PAH toxicity when they are in their early life stages for 

multiple reasons. First, fish in their early life stages have limited ability to avoid exposure (Carls 

et al., 2000; Marentette et al., 2015; Martin et al., 2014; Schein et al., 2009). Due to low mobility, 

they are largely unable to avoid contaminated areas where spills occurred (Carls et al., 2000). The 

harmful effect of PAHs also affect fish in embryonic/larval stages more because of enhanced 

bioaccumulation (Peterson and Kristensen, 1998). In addition, fish in the early stages of 

development tend to be smaller, exhibit less developed metabolic capacity, and have increased 

cell permeability, all of which contribute to increased sensitivity to toxic compounds (George-

Ares and Clark, 2000). Most importantly, however, early life stages are sensitive to PAH toxicity 

because disruption of gene expression pathways during this critical developmental stage can have  

long-term effects on normal development in fish species (Xu et al., 2017). The mechanisms of 

proper organismal development are dependent on gene regulation of multiple cellular processes, 

including cell proliferation and differentiation (Xu et al., 2017). Disruptions in these processes 
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can permanently alter morphology and physiology. For instance, proper regulation and activation 

of gene expression pathways is critical for the development of normal heart pumping action 

during embryogenesis (Incardona et al., 2015). This, in turn, is critical for proper anatomical 

formation of the heart, which affects respiratory-dependent behaviors (e.g., swimming) and alters 

fish survival (Incardona et al., 2015).  

To date, many studies have investigated the toxic effects of oils on fish embryos (Birtwell 

and McAllister, 2002; Carls et al., 1999; Farwell et al., 2006; Heintz et al., 2000; Marentette et 

al., 2015; Martin et al., 2014; Marty et al., 1997; Rhodes et al., 2005; Schein et al., 2009). 

Sensitivity to oil toxicity varies considerably among early life stages, including gametes, 

embryos, and free-swimming embryos (McIntosh et al., 2010). Atlantic herring (Clupea 

harengus) exposed to chemically dispersed oil were more sensitive to exposure immediately after 

fertilization and this sensitivity decreased with increasing embryo age (McIntosh et al., 2010). 

However, when the fish hatched as free-swimming embryos, sensitivity to oil once again 

increased (McIntosh et al., 2010). Given that sensitivity to oil toxicity varies significantly from an 

early life stages, including gametes, embryos, and free-swimming embryos (McIntosh et al., 

2010), further studies should assess the full life cycle of fish. 

Even at very low concentrations of PAHs, exposure of eggs can cause genetic damage 

(Diekmann et al., 2004; White et al., 1999) and mortality (Carls et al., 1999; Rice et al., 1979). 

After the Exxon Valdez spills, studies of Pacific herring and pink salmon (Oncorhynchus 

gorbuscha) showed that exposure to oil led to embryo and larval toxicity and death (Carls et al., 

1999; Couillard, 2002; Heintz et al., 2000; Marty et al., 1997; Pollino and Holdway, 2002). 

Exposure during the embryo stage to weathered crude oil led to delayed mortality and reduced 

survival among pink salmon (Heintz et al., 2000). Embryo toxicity on an individual level can 

have deleterious population-level effects (Carls et al., 2002; Thorne and Thomas, 2008). 
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Therefore, it is important to develop a more comprehensive understanding of the specific embryo-

toxic consequences of exposure to dilbit products. 

2.1.12 Organ malformations: Blue sac disease 

In fish, PAH exposure increases the prevalence of blue sac disease (BSD), which is a 

group of signs that results from the accumulation of metabolic wastes and excessive build-up of 

ammonia nitrogen (Bauder et al., 2005; Billiard et al., 2009; Brinkworth et al., 2003; Madison et 

al., 2017, 2015). BSD encompasses a series of malformations that include yolk sac and 

pericardial edema, hemorrhaging in the cranial, ocular, and yolk sac regions, spinal abnormalities, 

and caudal fin erosions (Bauder et al., 2005; Billiard et al., 2009; Boudreau et al., 2009). 

Although BSD has been observed in embryos exposed to crude oil or to individual PAH 

(Ramachandran et al. 2004; Hodson et al. 2017), the frequency and severity of each sign varies 

among species (Lee et al., 2015b). In medaka, the most common signs of BSD were yolk sac and 

pericardial edemas (Madison et al., 2017, 2015), and pericardial edema was the primary response 

of zebrafish (Philibert et al., 2016). Recent findings suggested that low concentrations of PAHs 

cause pericardial edema, deformed fins, curvatures in the body axis, reduced growth of eyes, and 

cardiotoxicity in developing fish embryos (Brette et al., 2014; Incardona et al., 2004; Wu et al., 

2012). The phenotypic effects of oil exposure have been attributed to cardiotoxicity (Brette et al., 

2014; Incardona et al., 2004; Wu et al., 2012) linked to the blockage of potassium and calcium 

channels and leading to the disruption of normal heart conduction (Incardona et al., 2014). This 

malfunction precedes other deformities such as pericardial and yolk sac edemas (Incardona et al., 

2014). Effects of oil exposure may also include neurological and behavioural defects (Philibert et 

al., 2016). At a cellular level, BSD includes dysregulation of a number of cellular pathways, 

including detoxification (Billiard et al., 2009, 2002; Brinkworth et al., 2003; Gagné et al., 2011; 

He et al., 2012). Although BSD does not necessarily kill embryos, BSD can impair development 

and growth, making the embryo more susceptible to predation and less likely to survive to 
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adulthood (Carls and Thedinga, 2010). For example, the spawning runs of pink salmon that 

survived oil exposure as embryos were reduced by 40% compared to controls (Heintz et al., 

2000). 

2.1.13 Detoxification and PAH metabolism: Phase I, II, and III 

Xenobiotic or exogenous compounds are converted to less toxic compounds through the 

process of detoxification (xenobiotic metabolism), which makes the compounds more water 

soluble and increases the rate at which they are eliminated. Detoxification is carried out by 

enzymes that metabolize and excrete compounds to minimize tissue and organ injury (Xu et al., 

2005). These enzymes are typically induced after exposure to xenobiotics (Rushmore and Kong, 

2002; Xu et al., 2005).  

Xenobiotic metabolism is divided into three phases: phase I oxidation, phase II reduction 

and excretion, and phase III elimination (Xu et al., 2005). Phase I processes increase the polarity 

of the compound through oxidation, reduction, and hydrolysis. During phase I, a hydrophobic 

xenobiotic is converted to more water-soluble metabolites. This step is carried out by the 

cytochrome P450 (CYP) family of enzymes, which facilitates the incorporation of oxygen into 

double bonds of compounds. This step generates many oxyradicals and increases the potential for 

oxidative stress. In phase II, conjugation reactions increase the solubility of xenobiotic 

compounds (Goeptar et al., 1995), facilitating excretion (Commandeur et al., 1995). The 

substrates tend to be large polar molecules, such as glutathione (GSH; Commandeur et al., 1995). 

For example, the attachment of a GSH to the xenobiotic is catalyzed by glutathione S-transferase 

(GST) (George, 1994; van der Oost et al., 2003). In phase III, products of phase I and II 

metabolism are transported or excreted out of cells through various protein channels and 

transporters (Ferreira et al., 2014). While the knowledge of the role of transporters in xenobiotic 

metabolism in aquatic species remains scarce, emerging research suggests that ATP-binding 

cassette (ABC) proteins, which play a major role in multidrug resistance (MDR) in 
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chemotherapeutic treatments and play an important role in detoxification of xenobiotic 

compounds (Ferreira et al., 2014). Thus, the regulation of genes involved in phase I, phase II, and 

phase III may affect the rate of metabolism and elimination of exogenous compounds, thereby 

affecting the potential of the organism to protect itself against exposure to xenobiotics 

(Altenburger et al., 2003).  

PAHs affect fish through their interactions with the aryl hydrocarbon receptor (AhR) 

(Nebert et al., 2004; Schmidt and Bradfield, 1996). The AhR is a highly conserved cytosolic 

transcription factor that regulates the detoxification of alkyl-PAHs to which it binds (van der Oost 

et al., 2003). The toxicity of some alkyl-PAHs is related to their binding affinity to the AhR. 

PAHs that have high affinities for the AhR include halogenated aryl hydrocarbons, aromatics, and 

aromatic amines.  

Upon binding to the AhR, the PAH-AhR complex translocates to the nucleus, where it 

forms a heterodimer with the aryl hydrocarbon receptor nuclear translocator (Arnt), Arnt-AhR 

(Fujii-Kuriyama and Kawajiri, 2010). The complex regulates the expression of a large number of 

genes, including Phase I genes such as cyp1a (Marty et al., 1997) and phase II genes involved in 

regulating oxidative stress, such as gst (Olsvik et al., 2012), through its interaction with 

xenobiotic responsive elements (XREs) in the promoter region of AhR-regulated genes (Li et al., 

1998; Nakajima et al., 2003). The molecular mechanisms of PAH action are depicted in Figure 2-

1.  

When the AhR gene battery is turned on, the cyp1a gene is translated to produce CYP1A 

proteins that can oxygenate the xenobiotic by adding an oxygen atom. The induction of CYP1A, 

which refers to the increased synthesis of CYP1A protein in response to exposure to compounds 

such as PAH, and CYP1A enzymatic activity contributes to the oxygenation and excretion of 

PAH. This process of oxygenation makes the xenobiotic more reactive, and enables its 

conjugation to amino acids (Billiard et al., 2009). Once conjugated, the xenobiotic is more easily 
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excretable in bile. In most cases, PAH are successfully metabolized and excreted. The cellular 

uptake and metabolism of PAHs is shown in Figure 2-2.  

The molecular shape, number, size, and location of alkyl substituents, and octanol-water 

partition coefficient (Kow) influence the AhR binding affinity, and for some PAHs (e.g., 

phenanthrene), alkylated congeners are more potent CYP1A inducers because they bind more 

readily to the AhR than unsubstituted PAHs (Billiard et al., 2009; Hawkins et al., 2002). 

Generally, as the Kow and molecular weight of monoaromatics and PAH increases, AhR binding 

affinity also increases (Carls et al., 1999; Neff and Burns, 1996). Likewise, alkyl side-chains also 

increase molecular weight, effectively making two- or three-ring PAH more lipophilic. The 

ability of PAH to bind to teleost AhR has been found to predict PAH potency for CYP1A 

induction (Billiard et al., 2002). As alkylated PAH interact more readily with AhR, their 

accumulation by fish leads to increased CYP1A activity (Barron, 2004; Billiard et al., 2009; 

Hodson et al., 1996; Nebert et al., 2004, 2000; Whyte et al., 2000), increased production of 

reactive metabolites (Varanasi et al., 1989), and increased oxidative stress (Bauder et al., 2005), 

all of which may contribute to adverse effects and mortality to early life stages of fish. Increased 

expression of CYP1A following exposure to PAHs preceded the occurrence of BSD (Bauder et 

al., 2005; Cowey et al., 1985; Madison et al., 2017). Exposure to PAHs induces toxicity through a 

number of other molecular pathways, including cardiac receptors (Incardona et al., 2006, 2004) 

and lipid membranes (narcosis; (Turcotte et al., 2011). 

2.1.14 Generation of reactive oxygen species 

Oil and oil-related pollutants, such as PAHs, lead to the generation of reactive oxygen 

species (ROS) in aquatic vertebrates (Sturve et al., 2014). As mentioned above, PAHs are 

primarily biotransformed by oxygenation and hydroxylation, which generates compounds that 

enter redox cycles (Goksøyr & Förlin, 1992). This detoxification step leads to the generation of 

reactive intermediates (Fragoso et al., 1998). Thus, metabolites resulting from the detoxification 
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pathway lead to increased production of ROS in the cell. ROS include molecular oxygen (O2), 

hydrogen peroxide (H2O2), superoxide radical (O2-•), and hydroxyl radical (OH•) (Winston and 

Di Giulio, 1991). During detoxification, ROS are produced through metabolism of PAHs by 

CYP1A (Lemaire et al., 1994). Although CYP1A is only one enzyme in the xenobiotic 

metabolism pathway, it appears to play an important role in toxicity because of its role in ROS 

generation (Stegeman and Hahn, 1994). CYP1A oxidizes PAHs such as benzo[a]pyrene or 3-

methylcholanthrene to carcinogenic reactive intermediates (Lemaire et al., 1994; Phillips, 1983).  

ROS interact with all cellular components, including lipids, proteins, carbohydrates, and 

DNA (Lushchak, 2016). When ROS interact with lipids and carbohydrates, they may degrade 

them or transform them into toxic products (Lushchak, 2016). Similarly, ROS also damage 

proteins and reactive intermediates also covalently bind to the DNA and form DNA adducts, 

which may induce mutations leading to neoplastic changes and tumours (Guengerich, 2000). If 

DNA damaged by ROS does not lead to cell death, it can be fixed by repair systems; RNA 

damaged by ROS, on the other hand, is degraded. For lipids, ROS cause peroxidation, which 

refers to the oxidative degradation of lipids (Winston and Di Giulio, 1991). During lipid 

peroxidation, ROS species remove electrons from lipids located in cell membranes, producing 

unstable fatty acid radicals that react with molecular oxygen and create a cycle of ROS generation 

(peroxidation) that results in cellular damage. In addition to damage to cellular membranes, the 

end products of lipid peroxidation might be carcinogenic or mutagenic, leading to the formation 

of DNA adducts (Cadet et al., 2010; Winston and Di Giulio, 1991).  

In response to ROS, organisms have created defence mechanisms to convert ROS into 

non-toxic compounds, such as water and oxygen. For instance, SOD is involved in the conversion 

of O2-• into H2O2 (Fridovich, 1995), which is broken down into oxygen and water by CAT or 

glutathione peroxidase (GPX) (Lushchak, 2016). Similarly, GSH, an important cellular 

antioxidant, scavenges for oxygen free radicals (Pichorner et al., 1995). However, after induction, 
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GST may disrupt the normal cycle of GSH use in the cell, resulting in formation of ROS 

(Altenburger et al., 2003). When the system is overwhelmed by a high concentration of PAH, 

more ROS are formed during enzymatic reactions in phase I than can be handled by antioxidants 

during phase II, leading to oxidative stress, which refers to the imbalance between the production 

and elimination of ROS (Valavanidis et al., 2006) that leads to DNA and protein damage, lipid 

peroxidation, and cell death (Bauder et al., 2005; Cowey et al., 1985; Valavanidis et al., 2006).  

Exposure to PAHs can affect the whole reproductive cycle of an organism, reducing 

reproductive success and affecting the population (Hodson, 2017). It is widely believed that acute 

toxicity arising from exposure to PAHs is largely due to oxidative stress and cellular damage 

from CYP1A activity (Incardona et al., 2005). The ability to correlate stressor-induced changes 

within an organism, such as changes in behaviour, biochemistry, or physiology, with organismal 

damage provides a valuable early warning sign of the potential long-term hazards of 

environmental deterioration at the population level (Vasseur & Cossu-Leguille, 2003).  

2.1.15 Biomarkers and PAH exposure 

Different biological indicators of PAH exposure, with varying specificity, sensitivity, and 

time response, can enhance the ability to identify fish populations affected by short- and long-

term exposure to PAHs and provide a comprehensive picture of temporal and spatial patterns of 

PAH influence on fish populations (Downs et al., 2006; Vasseur and Cossu-Leguille, 2003). 

Biomarkers can also aid in determining and predicting how xenobiotic compounds affect normal 

physiological function, and in analyses of field data on PAH exposure and disease conditions in 

fish. Risk factors for certain diseases or biological injury can be generated by correlating 

biochemical indicators of PAH exposure with the disease occurrence, thus allowing the use of a 

relatively simple biomarker in predicting risk. Biomarkers can also yield important information 

on the uptake and metabolism of PAHs and provide insight into mechanisms of PAH action and 

pathogenesis. 
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Effective biomarkers of chemical exposure include messenger RNA concentrations of 

detoxification enzymes (Gil and Pla, 2001; Johnson, 2013). To date, the induction of cytochrome 

P450 enzymes by PAHs has received the most attention as biomarkers and biological indicators 

of exposure, likely because the induction of CYP1A, indicated by either staining or measurement 

of catalytic activity, is a particularly sensitive biomarker of PAH exposure (Altenburger et al., 

2003; Stegeman and Lech, 1991). Previous research has shown that exposure to PAHs increases 

the expression of cyp1a gene and synthesis of the CYP1A protein in fish (Billiard et al., 2009, 

2002; Brinkworth et al., 2003; Gagné et al., 2011; He et al., 2012; Madison et al., 2015; Marty et 

al., 1997). CYP1A induction precedes toxicity in the early life stages of rainbow trout; the 

proposed mechanisms of this toxicity include oxidative stress and the production of toxic 

intermediates and/or metabolites (Bauder et al., 2005; Brinkworth et al., 2003; Varanasi et al., 

1989). Immunohistochemical localization of CYP1A activity, in combination with quantitation of 

PAH–DNA adducts, has been applied to investigate the role of resistance to cytotoxicity in liver 

neoplasia in English sole (Myers et al., 1998). More recently, CYP1A activity in fish has been 

used to help assess the distribution and bioavailability of hydrocarbons following an oil spill 

(Hook et al., 2014). CYP1A induction in fish is not only an effective indicator of exposure to 

specific classes of chemicals but, in association with AhR-mediated effects, may eventually allow 

it to serve as an accurate predictor of toxicity (Whyte et al., 2000). Carls et al. (2005) showed that 

CYP1A induction can be used to predict growth, survival, and recruitment of fish, and Jung et al. 

(2013) found that CYP1A activity is indicative of differences in bioavailability, toxicity and 

weathering among crude oils. In addition to CYP1A, other biomarkers of PAH exposure have 

also been studied. For example, after an oil spill in Micronesia, Downs and colleagues (2006) 

used protein-based biomarkers, such as SOD and CAT to indicate exposure to fuel oil. 

Comparing the reference sites and contaminated sites, the authors found significant differences in 
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biomarker expression, which showed that there was enough oil in the water column to affect the 

biota for at least three months (Downs et al., 2006).  

In the case of PAHs, approaches focusing on a single biomarker response are restricted in 

their usefulness and care is necessary when relying solely on a single biomarker for oil exposure 

in natural settings due to confounding factors that may affect or interfere with biomarker 

responses. These factors include “organisms’ health, condition, sex, age, nutritional status, 

metabolic activity, migratory behaviour, reproductive and developmental status, and population 

density, as well as factors such as season, ambient temperature, heterogeneity of the 

environmental pollution” (Altenburger et al., 2003, pp. 318–319). In addition, changes in habitat, 

such as temperature, or presence of endogenous hormones, may affect biomarker responses 

(Burkina et al., 2015; Wolińska et al., 2013). Presently, little is known about the extent to which 

confounding factors affect biomarker responses. As a result, there is a chance of under- or 

overestimating certain environmental risks. An integrative assessment approaches is necessary to 

acquire a full picture of the effects of PAHs exposure in aquatic systems. The use of multiple 

biomarkers decreases the risk of under- or overestimations or misinterpretations due to 

confounding factors in evaluating organismal exposure to xenobiotic compounds (Altenburger et 

al., 2003; Downs et al., 2006). However, biomarkers pertaining to dilbit exposure in embryonic 

fish have not yet been fully explored. 

2.1.16 Model organism: Pimephales promelas 

To date, the fathead minnow (Pimephales promelas) has been used successfully in 

ecological studies that focused on short- and long-term lethality tests of chemical compounds and 

mixtures, and for larval survival and life cycle tests of the biological effects of toxic compounds 

(Ankley and Villeneuve, 2006; Marentette et al., 2014). Fathead minnow is a useful model for 

aquatic toxicology research due to its tolerance to a wide range of water types and characteristics 

such as pH, hardness, and temperature (Mount, 1973). Fathead minnow have a well-defined 
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reproductive/developmental cycle that makes it an optimal species for culturing in labs 

(McMillan and Smith, 1974). Fathead minnow are omnivores and are categorized as benthic filter 

feeders (Held and Peterka, 1974). Their diet is made up mostly of crustaceans, including 

cladocerans, copepods, and amphipods, as well as algae and phytoplankton (Held and Peterka, 

1974). Fathead minnow are preyed upon by piscivores, including largemouth bass (Micropterus 

salmoides) (Sullivan and Atchison, 1978). The sequencing and assembly of the fathead minnow 

genome by Burns et al. (2016) further facilitates molecular and genetic characterization and the 

use of the species in predictive toxicology (Saari et al., 2017). Fathead minnow were chosen as a 

test species primarily because, unlike medaka or zebrafish, they are native to the Alberta oil sands 

regions (Crossman and Scott, 1998) and because of the large amount of existing data on the 

species, making it an optimal model to assess biomarkers responsive to dilbit treatments. 

2.1.17 Project rationale, aim, research objectives, and hypotheses 

The toxicity of crude oils to early life stages in fish development is well established. In 

contrast, the toxicity of dilbit to fish has not been well reported, although bituminous oil sands 

were quite toxic to embryos of common white sucker (Catostomus commersoni; Colavecchia et 

al., 2006) and fathead minnow (Colavecchia et al., 2004), leading the fish to exhibit features of 

BSD. 

To date, the effects of dilbit exposure on toxicity and physiological effects has only been 

assessed in a handful of fish species: sockeye salmon (Oncorhynchus nerka; Alderman et al., 

2017b), Japanese medaka (Oryzias latipes; Madison et al., 2017, 2015), and zebrafish (Danio 

rerio; Philibert et al., 2016), fathead minnow (Pimephales promelas; Barron et al., 2018), and 

inland silverside (Menidia beryllina; Barron et al., 2018). Philibert et al. (2016) compared the 

effects of WA F of dilbit and two conventional crude oils in developing zebrafish. Madison et al. 

(2015, 2017) compared the effects of two commonly transported dilbits on development and 

mRNA concentrations of several potential biomarkers. Alderman et al. (2017b) assessed the 
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effects of WSF of dilbit on ahr and cyp1a concentrations in juvenile sockeye salmon. However, 

Philibert et al. (2016) did not assess mRNA concentrations of any genes involved in xenobiotic 

metabolism. Madison et al. (2015, 2017) did not use a fish species native to North America. 

Although sockeye salmon are native to North America and Alderman et al. (2017b) assessed the 

effects of PAH exposure on two genes, they exposed fish during juvenile stages, which may not 

adequately reflect the effects of dilbit exposure during embryonic development.  

Given that AWB and CLB are the predominant dilbits transported through Canadian 

pipelines and due to the absence of research evaluating the effects of these two dilbits in 

Canadian fish species, it is imperative to investigate further the potential effects of those two 

blends on aquatic species and to understand the interactions between the chemical and physical 

properties of dilbit and the extent to which fish are exposed to PAHs. Due to the unique 

composition of each blend, their alkyl-PAH concentrations and their weathering conditions, it is 

important to assess the specific impact of each blend.  

As CEWAF treatment has been found to be more effective than dispersant in supplying 

toxic concentrations of PAHs than WAF (Madison et al., 2015), chemically enhanced water 

accommodated fractions (CEWAF) will be used in this study to increase PAH exposure. This 

project aims to assess the toxicity of two dilbit blends, CLB and AWB, to larval P. promelas. The 

specific research questions are as follows:  

(1) What are the toxic effects of AWB and CLB in developing P. promelas? 

(2) What are the blend-specific molecular effects of AWB and CLB on developing P. 

promelas? 

The objectives are: (1) to compare the chronic toxicity of CLB and AWB in P. promelas; 

and (2) to assess the effects of fish exposure to CLB and AWB on cellular stress, mutagenic 

response, and detoxification pathways.  

The hypotheses are:  
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1.1 Exposure of P. promelas embryos to WAF and CEWAF concentrations of AWB and CLB 

dilbits will cause an increase in the prevalence of BSD.  

1.2 Exposure of P. promelas embryos increases BSD prevalence in CLB more than AWB dilbits 

due to the larger proportion of alkyl-PAHs in CLB.  

2. PAHs exposure leads to alterations in the expression of key genes associated with xenobiotic 

metabolism and an increase in mutagenic response, and phase I, II, and III detoxification 

associated with oxidative stress genes in P. promelas embryos.   
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Figure 2-1 Molecular mechanism of actions of PAHs 

In step one, bioavailable PAHs enter through the cell membrane. PAHs bind to the aryl 
hydrocarbon receptor (AhR), which releases heat shock protein 90 (HSP90). In step two, AhR 
translocates into the nucleus where it binds to the aryl hydrocarbon translocator protein (Arnt). In 
step three, this dimer binds to xenobiotic response elements (XREs), which causes the 
transcription of phase I oxidation enzymes (e.g., cyp1a) and phase II detoxification enzymes (e.g., 
gst). In step four, mRNA of genes involved in xenobiotic metabolism and growth is translated 
into protein. Finally, in step five, these proteins alter activation and detoxification of xenobiotic 
elements.  
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Figure 2-2 Cellular uptake and metabolism of PAHs 

Following cellular uptake, PAHs undergo a process called biotransformation. There are three 
phases of biotransformation. Following uptake, PAHs bind to the aryl hydrocarbon receptor 
(AhR). In phase I, PAHs are oxygenated by cytochrome p450 family of enzymes (e.g., CYP1A). 
CYP1A oxygenation of PAH produces reactive oxygen species (ROS) through redox reactions, 
which may generate metabolites that cause DNA damage. In phase II, PAHs are detoxified. In 
this step, endogenous substrates are added by a variety of transferases (e.g., GST). Phase II 
enzymes metabolize and limit ROS overproduction, DNA damage, and cellular damage. In phase 
III, metabolized PAHs are excreted from the organism through transporters 
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Physiological and molecular effects of diluted bitumen on developing 

fathead minnow (Pimephales promelas) 

 
Chapter 3 is adapted from Alsaadi F, Madison BN, Brown RS, Hodson PV, and VS Langlois. 

Physiological and molecular effects of diluted bitumen on developing fathead minnow 

(Pimephales promelas). To be submitted in Aquatic Toxicology.   
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Abstract 

Canada has experienced a significant increase in the transport of dilbit, a predominant oil sands 

product that combines bitumen with diluents derived from oil-gas condensates and other 

proprietary compounds. The chemical composition of dilbit varies to meet season and transport 

conditions. While the toxic effects of a variety of crude and refined oils have been well studied, the 

toxicity of dilbit to fish embryos, which are immobile and thus at a high a risk of exposure to oil in 

the event of a spill, remains largely unknown. This study assessed the toxicity of WAF and CEWAF 

of two winter dilbit blends, Access Western Blend (AWB) and Cold Lake Blend (CLB), to 

Pimephales promelas embryos. The frequency of developmental malformations increased with 

concentrations of AWB and CLB, ranging from 14-100% and 12-100%, respectively, in both WAF 

and CEWAF treatments and commonly included tube heart, pericardial edema, and craniofacial 

deformities. Levels of cyp1a mRNA increased up to 46- and 69-fold, reflecting increasing exposure 

to PAHs in AWB and CLB. Similarly, levels of gst mRNA were elevated up to 3.8-fold and 2.7-

fold with increasing total concentrations of PAHs in both AWB and CLB, respectively. However, 

there were no significant changes in mRNA levels of p53, sod, cat, and gsr. These results suggest 

that the expression of cyp1a and gst may serve as biomarkers for dilbit exposure in P. promelas, 

furthering our understanding of dilbit-responsive indicators of toxicity in fish species native to 

North America. This study is important as it utilizes the same exposure methodology to examine 

the toxicity of two commonly used Canadian dilbits, facilitating the comparison of dilbit toxicity.   
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3.1 Introduction 

Transport of dilbit from Alberta’s oil sands across Canada to refineries or marine ports depends 

on pipeline and railway shipment. In Canada, the two most commonly transported dilbits are 

AWB and CLB. Dilbit is created by diluting extracted bitumen with diluents, such as oil-gas 

condensates, to decrease viscosity and facilitate its transportation, as raw bitumen is too viscous 

to flow through pipelines (Crosby et al., 2013). The precise chemical makeup of dilbit varies 

based on the extraction process, geographical source (Lee et al., 2015a), and seasonal variations 

in diluent concentration to adjust viscosity in response to temperature changes (Crosby et al., 

2013).  

When dilbit is spilled, the more volatile, lighter compounds in the diluent dissipate during 

the weathering process, which leaves the less volatile, heavier compounds, such as PAHs behind 

(Yang et al., 2011). Because weathering occurs quickly following a spill, the chemical and 

physical properties and the environmental fate and behaviour of dilbit also change rapidly 

(Fingas, 2015; King et al., 2014). The loss of LMW alkenes and mono- and diaromatic 

hydrocarbons associated with acute lethality are the main changes occurring in AWB and CLB 

during weathering (King et al., 2014). However, the evaporation of LMW compounds increases 

the viscosity of the residual oil and the concentration of 3- to 5-ringed alkyl-PAHs, compounds 

associated with malformations and chronic toxicity in developing fish (Adams et al., 2014a; 

Bornstein et al., 2014). Thus, there is growing concern about the potential effects of dilbit spills 

on aquatic ecosystems (reviewed in Alsaadi et al. 2018, or Chapter 1). While the toxicity of crude 

and refined oil to fish embryos is well established (Carls et al., 2000; Farwell et al., 2006; He et 

al., 2012; Martin et al., 2014; Schein et al., 2009), few studies have examined the effects of dilbit 

on aquatic species (Alderman et al., 2017a, 2017b; Barron et al., 2018; Madison et al., 2017, 

2015; Philibert et al., 2016). Among others, Madison et al. (2015, 2017) found that the embryo 
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toxicity of dilbit was related to TPAH content in solutions prepared from mechanically-dispersed 

WAF and CEWAF. 

PAHs can lead to developmental toxicity by binding to the AhR receptor or independent 

of the AhR (Incardona, 2017). PAHs that are strong AhR agonists bind to the AhR and form the 

PAH-AhR complex, which forms a heterodimer with Arnt, Arnt-AhR, to regulate gene 

transcription (Fujii-Kuriyama and Kawajiri, 2010). Regulated genes include those involved in 

phase I xenobiotic metabolism (cytochrome P450, cyp1a), phase II biotransformation enzymes 

(glutathione reductase, gsr; glutathione S-transferase, gst; and glutathione peroxidase, gpx), 

oxidative stress defence enzymes (superoxide dismutase, sod; catalase, cat) (He et al., 2012; 

Holth et al., 2014; Kim et al., 2013; Olsvik et al., 2012), and the tumorigenic response (tumour 

suppressing protein, p53) (Madison et al., 2015). The regulation of genes involved in xenobiotic 

metabolism affects the potential of the organism to protect itself against exposure to 

environmental xenobiotics (Altenburger et al., 2003). 

The ability of PAH to bind to teleost AhR predicts the potency of PAH for CYP1A 

induction (Billiard et al., 2002). As alkylated PAH interact more readily with AhR, their 

accumulation by fish leads to increased CYP1A activity (Barron, 2004; Billiard et al., 2009; 

Hodson et al., 1996; Nebert et al., 2004, 2000; Whyte et al., 2000), increased production of 

reactive metabolites (Varanasi et al., 1989), and increased oxidative stress (Bauder et al., 2005), 

all of which may contribute to adverse effects and mortality of early life stages of fish. Several 

studies have found that increased expression of cyp1a following exposure to toxic compounds 

preceded the occurrence of BSD (Bauder et al., 2005; Brinkworth et al., 2003; Cowey et al., 

1985; Madison et al., 2017). Predicting the toxicity of dilbit is complicated by variations in its 

chemical composition. Thus, this study sought to identify the phenotypic and molecular effects of 

AWB and CLB exposure on developing fathead minnow embryos to identify genes that may be 

used as biomarkers of dilbit toxicity following oil spills and to examine how PAHs, expressed in 
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terms of TPAH content, are related to dilbit toxicity. We reasoned that since PAH concentrations 

are higher in CLB than AWB after weathering (King et al., 2014), embryos exposed to CLB will 

experience higher chronic embryo toxicity than those exposed to AWB. This study reports the 

chronic toxicity and gene expression changes in embryos following exposure to two dilbit blends 

in P. promelas. 

3.2 Material and Methods 

3.2.1 Oils and chemicals 

Unweathered AWB and CLB dilbit blends and Corexit® 9500A dispersant were supplied by the 

Centre for Offshore Oil, Gas and Energy Research, Fisheries and Oceans Canada (Dartmouth, 

NS, Canada). Mineral oil (Nujol) was purchased from Sigma-Aldrich (St. Louis, MO, USA).  

3.2.2 Experimental animals 

Fathead minnow eggs were obtained from AquaTox Testing & Consulting Inc., Guelph, ON, 

Canada. They were collected from 10 breeding pairs of adults within 24 h of fertilization and 

transported in aquarium water at 25 ± 1 � to Kingston, Ontario, where they were transferred to 

de-chlorinated Lake Ontario water from the City of Kingston’s municipal freshwater supply at 25 

± 1 � and pH 7.9 ± 0.2. Eggs came attached to a tile and were scraped off by a plastic scraper, 

mixed, placed in a plastic container, and immediately separated from mucous by sanitized 

tweezers. Healthy embryos (< 24 h post-fertilization) were carefully placed, egg by egg, into 

labeled jars using a pipette. Animal care protocols conformed to the Guidelines of the Canadian 

Council on Animal Care and Queen’s University Animal Care Committee. 

3.2.3 Dilbit exposures 

AWB and CLB dilbit experiments were run separately but are presented together to compare 

results. Water accommodated fractions (WAF) and chemically enhanced water accommodated 

fractions (CEWAF) of unweathered AWB and CLB were prepared following Madison et al. 
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(2015, 2017). WAF was prepared by adding dilbit to water at a ratio of 1:9 according to density 

(AWB: 0.923 g/L; CLB: 0.922 g/L), stirring gently with a 19 mm Teflon-coated stir bar at 25% 

vortex for 18 h, and settling for 1 h. CEWAF was prepared by the same procedure with the 

exception that, after 18 h of stirring, Corexit® 9500A (oil dispersant; ECOLAB/NALCO, Illinois, 

USA) was added to the centre of the surface layer of dilbit at a dispersant-to-oil ratio of 1:20. The 

mixture was stirred for 1 h and settled for an additional hour. Fractions from the bottom aqueous 

layer were withdrawn by using 60 mL and 40 mL plastic syringes (22 gauge 1.5” needles with 

tips cut off) for WAF and CEWAF, respectively, and 10 mL syringes for controls. To minimize 

contact of the surface oil with the needle, a small amount of air was pushed out of the syringe to 

create a clear spot on the water surface where the needle was inserted. The filled syringes were 

placed horizontally in the fume hood to allow any large oil droplets suspended in the water to 

settle out and stick to the wall of the syringe before removing the aqueous phase. WAF stock 

solutions were transferred to 250 mL beakers before dilution to nominal concentrations of 0.32, 

1.0, 3.2, 10, and 32% v/v. CEWAF stock solutions were transferred to 20 mL glass vials before 

dilution to nominal concentrations of 0.0001, 0.001, 0.01, 0.1 and 1% v/v. Stock solutions and 

dilutions were prepared daily for 24 h semi-static renewal exposures in clean exposure jars (<2 

mL of water left on embryos during changeover). Jars were cleaned with methanol-soaked wipes 

to remove residual oil, rinsed with de-chlorinated water, and re-used the following day.  

3.2.4 Chronic toxicity test 

Based on the number of healthy embryos received for each experiment, each treatment included 

duplicate jars of 30 embryos for AWB (total N = 60) and 40 embryos for CLB (total n = 80) in 

200 mL of de-chlorinated water. Embryos were exposed to each treatment from under 24 h post-

fertilization until hatch or to a maximum duration of 10 days if hatch was delayed. Each 

experiment included two controls, a negative control (water) and a dispersant control (1% v/v of 

mineral oil dispersed with Corexit® 9500A). Jars were agitated on a shaker platform at 65 rpm to 
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ensure water movement and continuous aeration. Within 24 h of hatch, the hatch date was 

recorded and each surviving embryo was scored for malformations and stored at -80 °C for gene 

expression analysis. 

3.2.5 Prevalence of blue sac disease (BSD) 

After hatch, embryos were examined for signs of BSD with a Leica DMBL microscope (Leica, 

Germany). To reduce their movement, they were held in approximately 100 µL of 100 mg/L 

tricaine methanesulfonate, buffered 2:1 with sodium bicarbonate (MS-222; Sigma-Aldrich, St. 

Louis, MO, USA). BSD was evaluated with a binomial (Y/N) test. The presence of two or more 

malformations (e.g., yolk sac edema, pericardial edema, craniofacial malformations, presence of a 

tube heart, absence of a swim bladder, and spinal abnormalities) was considered a positive result 

for the presence of BSD; otherwise, the embryo was scored as negative; prevalence was the 

percentage of surviving embryos scored as positive. Double-blind analysis was performed 

independently by two researchers and the final score was the average of the two independent 

scores.  

3.2.6 Sample preparation for gene expression analysis 

Within each treatment, total RNA was extracted and purified from whole embryos pooled from 

those scoring positive for malformations (n = 3 embryos per replicate and 6 replicates per 

treatment) using the RNeasy Micro Kit (Qiagen Inc., Mississauga, ON) with an on-column 

DNase treatment. As a control, total RNA was extracted and purified from whole embryos pooled 

from those scoring negative for malformations. The isolated RNA was re-suspended in RNase-

free water and RNA concentrations in each sample were measured with a NanoDrop-2000 

spectrophotometer (Thermo-Fisher, Ottawa, ON) to ensure equal loadings. Complementary DNA 

(cDNA) was synthesized from RNA samples with a QuantiTect Reverse Transcription Kit 

(Qiagen Inc., Ottawa, ON). Briefly, nuclease-free water and primers were added to 0.5 µg RNA, 

incubated for 2 min at 42 °C, and placed on ice. A solution of Master Mix (RNase-free water, 
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gDNA Wipeout Buffer (Quantiscript), RT, Quantiscript RT Buffer, RT Primer Mix, and 

nuclease-free water) was added and the samples held for 15 min at 42 °C, and at 95 °C for 3 min 

on the thermocycler. The cDNA products were diluted 40- or 80-fold prior to qPCR amplification 

based on optimization runs for each gene. Samples without the addition of reverse-transcriptase 

(RT-) and no template controls (NTC) were also included on each plate. Samples, controls, and 

standard curves were run in duplicate. To account for differences in amplification efficiency, 

standard curves were prepared by serial dilutions (1:4) starting at 100 ng. Efficiency of standard 

curves and regression R2 values were maintained between 90-110% and 0.985-1.000, 

respectively. The threshold value for each amplification curve for each gene was automatically 

calculated by the CFX Manager Program and was corrected manually. Input values were obtained 

by fitting the average cycle threshold value to the antilog of the standard curve. To correct for any 

variations in template input and transcriptional efficiency, the input values were normalized to the 

expression level of the eukaryotic translation elongation factor 1 alpha (ef1a) as its expression did 

not change with treatments. Outliers were removed by interquartile range analysis. 

The primers used in the study are listed in Table 3-1 and include catalase (cat), 

cytochrome P450 (cyp1a), glutathione reductase (gsr), superoxide dismutase 1 (sod1), 

glutathione-s-transferase (gst), and tumour suppressor protein 53 (p53). The normalizing gene 

used was the elongation factor 1 alpha (ef1a). Custom primers were designed using the NCBI 

Primer3-Blast tool (National Center for Biotechnology Information; 

http://www.ncbi.nlm.nih.gov/) and IDT oligoanalyzer 3.1 (Integrated DNA Technologies, IDT, 

Coralville, IA, USA; http://www. idtdna.com/).  

3.2.7 Chemical analysis of exposure solutions 

Total petroleum hydrocarbon concentrations were measured in water samples collected every 

other day after solution renewal (time 0). Samples were diluted 1:1 with anhydrous ethanol, 

stored at 4 °C in the dark until analysis, or within 24–48 h of sampling. Comparability of data 



 

40 

 

among days was ensured through preparation of fresh independent standard curves for AWB and 

CLB dilbit for each batch of analyses, comparing relative fluorescence units (RFU) to 

concentrations of dilbit diluted in 50:50 anhydrous ethanol and water. Water samples and the 

prepared standards were thoroughly mixed by sonication and vortex before analysis. TPH in 

water samples and the prepared standards were measured by scanning fluorescence spectrometry 

(TPH-F) at an excitation wavelength of 302 nm and an emission range of 307 to 457 nm with a 

QMI Fluorescence Spectrometer (Photon Technologies International [PTI], Felix Software 

Version 1.4) (Adams et al., 2014b). RFUs represented the total area of the fluorescence peak after 

subtracting the background fluorescence of a water blank (Adams et al., 2014b).  

3.2.8 Data analysis 

Median effective concentrations (10-day EC50s) for responses to dilbit exposures were estimated 

by four-parameter variable slope regressions (GraphPad Prism 7, GraphPad Software Inc., San 

Diego, CA, USA) comparing responses to measured concentrations of TPH-F, averaged over the 

course of the experiment. For prevalence of malformations, analysis of variance (ANOVA) and 

Holm-Šídák post-hoc analysis (p < 0.05) identified responses that differed between WAF and 

CEWAF and water control treatments for AWB and CLB, separately. Statistical analyses were 

not conducted for hatching success. EC50s were also expressed as concentrations of TPAH 

calculated from standard curves relating concentrations of TPAH to TPH-F, measured in the same 

samples of diluted WAF and CEWAF. Messenger RNA data are presented as means (± SEM) 

normalized to elongation factor 1 alpha (ef1a). Analysis of variance (ANOVA) and Holm-Šídák 

post-hoc analysis (p < 0.05) identified responses that differed between WAF and CEWAF and 

water control treatments. Holm-Šídák post-hoc test was chosen over other post-hoc tests because 

it is more powerful than the Bonferroni or Tukey methods (Seaman et al., 1991). Using this 

method, the new α value is derived using αnew=(1-(1- α0)1/k, as opposed to αnew= α0/k, as is done in 

the Bonferroni method, where k is the number of comparisons. Only gene transcripts displaying 
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statistically significant monotonic trends associated with estimated EC50s were analyzed by post-

hoc analysis. 
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Table 3-1 Genes of interest and specific primer parameters 

For each gene, primer sequences, amplicon size (bp), primer concentrations (nM), annealing temperature (°C), and reference are provided. 
Target 
gene 

Gene name Forward and reverse primers Amplicon 
size (bp) 

Primer 
conc. (nM) 

Annealing 
temp. (°C) 

Reference 

cat catalase F: CAACACCCCCATCTTCTTTATC 
R: CACTGAACAGGAAAGACACCTG 

161 350 58 (Martyniuk et al., 2012) 

cyp1a cytochrome P450 F: TCCTGGGCTGTCGTCTATCT 
R: CTGGGAATGAAGTATCCGTTG 

230 300 58 This study 

ef1a elongation factor 1 
alpha 

F: AGCGTAAGGAGGGAAATGCT 
R: CTCAGAAAGGGACTCGTGGT 

254 350 58 (Martyniuk et al., 2012) 

gsr glutathione reductase F: ATGGCTGGTATTCTTTCCACTCT 
R: CTTTGTCGTCAGGGTCTTTTGT 

217 400 58 This study 

sod1 superoxide dismutase 
1 

F: GCACCTTCAACCCTCACACAC 
R: TCTTCATTGCCTCCCTTACC 

213 350 58 (Martyniuk et al., 2012) 

gst glutathione-s- 
transferase 

F: GACGTTCATCTTCTGGAAGC 
R: GAGGCTTTCTCGCACTGC 

151 300 58 (Mager et al., 2008) 

p53 tumor protein 53 F: CGAAACATCAACGCAGCAA 
R: TGCTGACCTCTTCTCCCAAAA 

  57 300 58 (Garcia-Reyero et al., 2014) 
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3.3 Results 

3.3.1 Chemical analysis of exposure solutions 

The TPH-F standard curves demonstrated strong linear relationships between fluorescence and 

concentrations of AWB and CLB dilbit (Table A1). A parent oil standard curve relating 

concentrations of dilbit in AWB and CLB to total fluorescence units (RFUs). The total area under 

the curve represents fluorescence at emission wavelengths of 310 to 460 nm at an excitation 

wavelength of 300 nm (Figure A1). At each nominal dilution of AWB and CLB WAF and 

CEWAF, concentrations of TPH-F from freshly-made solutions did not vary considerably over 3 

sampling days for the 10-day experiment (Figure A2). The measured concentrations of TPH-F 

also increased monotonically and linearly with nominal concentrations of AWB and CLB WAF 

or CEWAF (Figure A3; Table A2).  

Measured TPAH concentrations were strongly correlated to both the nominal dilutions of 

WAF and CEWAF (Figure A4), and to measured concentrations of TPH-F (Table A3). This 

relationship provided a sound statistical basis for converting EC50s expressed as measured TPH-

F concentrations to EC50s expressed TPAH concentrations.  

The PAHs and reported detection limits for analysis of dilbit test solutions received by 

AGAT Laboratories is listed in Table A4. 

3.3.2 Hatching success 

Hatching success exceeded 90% in all treatments, except at the highest concentrations of AWB 

WAF (84 % hatch) and CEWAF (81% hatch) and the two highest concentrations of CLB 

CEWAF (74 and 79% hatch, respectively) (Table 3-2).  

3.3.3 Malformations 

Developing FHM embryos held for up to 10 days in dilutions of AWB and CLB dilbit (WAF and 

CEWAF) hatched with a higher prevalence of malformations than FHM embryos held in control 
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water. The most commonly observed malformations among dilbit-exposed embryos were 

pericardial edema and tube heart (data not shown). No differences in the proportions of various 

malformations were observed among any of the treatments. The prevalence of malformations 

increased with TPH-F concentrations in both AWB- and CLB-exposed FHM (Figs. 3-1A,B) 

(regression statistics in Table A5). All fish exhibited malformations at the highest concentrations 

of AWB and CLB WAF and the highest concentrations of AWB and CLB CEWAF caused 

malformation rates of 94% and 97%, respectively. Dispersant positive control treatments also 

caused malformations. The prevalence ranged from 43 to 52%, significantly higher than those of 

water controls in both AWB (0%; p < 0.05) and CLB (5%; p < 0.001) experiments. 

3.3.4 Biomarkers of dilbit exposure 

Dilbit exposure affected the regulation of some, but not all genes associated with PAH-induced 

toxicity. Regression parameters for analyzed genes can be found in Table A5. 

3.3.5 cyp1a expression  

In all treatment groups, cyp1a mRNA synthesis increased in a sigmoidal concentration-dependent 

manner (Fig. 3-2A,B). Compared to water controls, AWB exposure induced cyp1a mRNA levels 

by nearly 50- and 47-fold in WAF and CEWAF (p < 0.001), respectively, at the highest treatment 

levels (2895 µg/L and 3107 µg /L TPH-F, respectively). At similar CLB concentrations, cyp1a 

mRNA levels increased by nearly 56- and 64-fold in WAF and CEWAF (p < 0.001), respectively, 

compared to water controls. Differences between AWB WAF and CLB WAF and between AWB 

CEWAF and CLB CEWAF were not statistically significant. Likewise, differences between 

AWB WAF and CEWAF and between CLB WAF and CEWAF were not statistically significant, 

except at 1111 µg/L TPH-F AWB WAF compared to 603 µg/L TPH-F AWB CEWAF (p = 0.01), 

498 µg/L TPH-F AWB WAF compared to 255 µg/L TPH-F AWB CEWAF (p < 0.01), and 871 

µg/L TPH-F CLB WAF compared to 575 µg/L TPH-F CLB CEWAF (p = 0.03).  
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3.3.6 gst expression 

As with cyp1a, sigmoidal exposure responses were observed for gst in fish exposed to WAF and 

CEWAF (Fig. 3-2C,D). Compared to water controls, the highest concentrations of AWB induced 

gst mRNA levels by 3.8- and 3.3-fold in WAF and CEWAF (p < 0.001), respectively. Likewise, 

CLB exposure induced gst mRNA levels by 2.5- and 2.7-fold in WAF and CEWAF (p < 0.001), 

respectively. In both AWB and CLB experiments, the dispersant control had significantly higher 

gst transcript levels than the water control (AWB: p < 0.0001; CLB: p = 0.001). However, there 

were no differences in mRNA levels between the dispersant control and water control for any 

other transcripts.   

3.3.7 Other genes of interest 

No trends were seen for gsr (Fig. 3-2E,F), cat (Fig. 3-3A,B), sod (Fig. 3-3C,D), or p53 (Fig. 3-

3E,F) transcripts in fish exposed to any treatment. However, gsr mRNA levels were significantly 

different from the water control in fish exposed to CLB WAF at 870.9 µg/L TPH-F (p < 0.01) 

and 2173.9 µg/L TPH-F (p < 0.05). Additionally, levels of sod were significantly lower in fish 

exposed to 3271.5 µg/L TPH-F CLB CEWAF than water controls (p < 0.05; Fig. 3-3D). 

3.3.8 Relationship between mRNA levels and malformations 

There were no significant differences in cyp1a transcript concentrations between the two dilbits. 

Combining the effects of both AWB WAF and CEWAF, the prevalence of developmental 

malformations increased as the levels of cyp1a increased (Fig. 3-4A). A similar relationship was 

observed for CLB WAF and CEWAF, i.e., the prevalence of developmental malformations 

increased as the levels of cyp1a increased (Fig. 3-4B). As with cyp1a, the prevalence of 

developmental malformations increased as the levels of gst increased when the effects of WAF 

and CEWAF were combined for both AWB and CLB (Fig. 3-4C,D). 
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Table 3-2 Estimated concentration of total petroleum hydrocarbons by fluorescence, and hatching success and percent of fathead minnow 
embryos that were malformed in each experimental treatment 

Exposure Nominal Loading1 
(%v/v) 

TPH-F 
(µg/L) 

SD 
(µg/L) 

Log TPH-F 
(µg/L) 

Hatching 
embryos 

(%) 

Malformed 
embryos 

(%) 
Negative control 0.1 1.0 NA 0.00 100 0 
Dispersant control 0.1 1.0 NA 0.00 90 52 
AWB WAF 0.32 310 25 2.49 92 21 

1 279 43 2.45 100 9 
3.2 498 71 2.70 100 14 
10 1111 220 3.05 100 67 
32 2895 536 3.46 84 100 

AWB CEWAF 0.0001 232 49 2.36 98 14 
0.001 168 38 2.22 98 5 
0.01 256 90 2.41 95 9 
0.1 603 89 2.78 92 19 
1 3107 258 3.49 81 94 

Negative control 0.1 1.0 NA 0.00 100 5 
Dispersant control 0.1 1.0 NA 0.00 99 43 
CLB WAF 0.32 201 54 2.30 97 14 

1 252 49 2.40 99 17 
3.2 388 50 2.59 93 33 
10 871 103 2.94 91 80 
32 2174 231 3.34 91 100 

CLB CEWAF  0.0001 198 35 2.30 98 12 
0.001 182 35 2.26 100 12 
0.01 221 42 2.34 100 15 
0.1 575 102 2.76 74 38 
1 3272 588 3.51 79 97 

Note. 1 Loadings refer to dilutions of WAF and CEWAF stock solutions. Abbreviations: AWB, Access Western Blend; CEWAF, chemically 
enhanced water accommodated fraction; CLB, Cold Lake Blend; TPH-F, total petroleum hydrocarbons by fluorescence; WAF, water 
accommodated fraction.   
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Figure 3-1 Prevalence of blue sac disease in newly hatched fathead minnow after 10 d exposure to water accommodated fractions (WAF) 
and chemically enhanced WAF (CEWAF) of Access Western Blend (AWB) and Cold Lake Blend (CLB) diluted bitumen 

The half-maximal response rates for (A) AWB WAF (log EC50 = 833.8 µg/L TPH-F; solid line) and AWB CEWAF (EC50, 1058 µg/L log TPH-
F; hatched line) and (B) CLB WAF (EC50, 499.9 µg/L log TPH-F; solid line) and CLB CEWAF (EC50, 714.8 µg/L log TPH-F; hatched line). 
Data are presented as means ± SEM. The independent axis represents the mean logarithmic total petroleum hydrocarbons by fluorescence (TPH-F) 
content of a given treatment. Significant differences between AWB/CLB CEWAF/WAF and negative (water) control (NC) (*) were identified by 
ANOVA and post-hoc analysis (p < 0.05). Significant differences between dispersant control (DC) and Water (NC) (negative control; ẟ ) were 
identified by ANOVA and post-hoc analysis (p < 0.05). 
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Figure 3-2 The relative mRNA levels of phase II biotransformation and oxidative stress 
response elements 

(a-b) cytochrome p450 alpha (cyp1a); (c-d) glutathione-S-transferase (gst); and (e-f) glutathione 
reductase (gsr) after 10 d exposure to water accommodated fractions (WAF), and chemically 
enhanced WAF (CEWAF) of Access Western Blend (AWB; a, c, d) and Cold Lake Blend (CLB; 
b, d, f) diluted bitumen (dilbit). Data are presented as means ± SEM (n = 6-8). The independent 
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axis represents the mean concentration of total petroleum hydrocarbon by fluorescence (TPH-F) 
each treatment. Levels of mRNA were standardized to the housekeeping gene elongation factor 1-
alpha (ef1a) and relative to the respective water control treatments. Significant differences 
between WAF and CEWAF dilbit to water control are noted with an asterisk (*) as indicated by 
ANOVA and post-hoc analysis (p < 0.05). Vertical lines representing the EC50s for 
developmental malformations (Figure 1) are included for reference. 
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Figure 3-3 The relative mRNA levels of phase II biotransformation and oxidative stress 
response elements 

(A-B) catalase (cat); (C-D) superoxide dismutase (sod); and (E-F) tumour protein 53 (p53) after 
10 d exposure to water accommodated fractions (WAF, open circles), and chemically enhanced 
WAF (CEWAF) of Access Western Blend (AWB) and Cold Lake Blend (CLB) diluted bitumen 
(dilbit). Data are presented as means ± SEM (n = 6-8). The independent axis represents the mean 
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concentration of total petroleum hydrocarbon by fluorescence (TPH-F) each treatment. Levels of 
mRNA were standardized to the housekeeping gene elongation factor 1-alpha (ef1a) and relative 
to the respective water control treatments. Significant differences between WAF and CEWAF 
dilbit to water control are noted with an asterisk (*) as indicated by ANOVA and post-hoc 
analysis (p < 0.05). Vertical lines representing the EC50s for developmental malformations are 
included for reference. 
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Figure 3-4 Relationship between malformations and whole body relative mRNA level in 
fathead minnow exposed water accommodated fractions (WAF) and chemically enhanced 
WAF (CEWAF) of Access Western Blend (AWB) and Cold Lake Blend (CLB). 

Relative cytochrome p450 alpha (cyp1a) mRNA level upon exposure to AWB (A) and CLB (B) 
dilbits. Relative glutathione-S-transferase (gst) mRNA level upon exposure to AWB (C) and CLB 
(D) dilbits. Malformations included pericardial and yolk sac edemas, craniofacial and spinal 
malformations, tube heart, and non-inflated swim bladder. The X-axis represents the relative 
levels of mRNA transcripts (control = 1, log-scale. The error bars about relative mRNA transcript 
levels represent ± SEM. The regression line represents a log(agonist) vs. response — Variable 
slope (four parameters) [Y=Bottom + (Top-Bottom)/(1+10^((LogEC50-X)*HillSlope))] for data 
combined from WAF and CEWAF treatments. The dotted lines about the regression are 95% 
confidence limits.  
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3.4 Discussion 

This study evaluated the effect of two Canadian dilbits, AWB and CLB, on developing FHM 

embryos by measuring the prevalence of malformations and the changes in expression of genes in 

the xenobiotic metabolism pathway. The present study provides one of the first assessments of 

the toxicity of two commonly used Canadian dilbits to a freshwater species native to North 

America. This examines species which inhabit the North American watersheds through which 

dilbit pipelines transverse and where new pipelines are proposed. The study is also important 

because it is one of the first to compare the toxicity of two dilbits using the same methodology. 

Exposure of FHM embryos to AWB and CLB WAF and CEWAF treatments significantly 

increased the prevalence of developmental malformations with few differences in toxicity among 

treatments when EC50s were expressed on the basis of measured concentrations of oil in solution. 

Increasing concentrations of TPH-F (and by extension, TPAH) resulted in corresponding 

increases of mRNA levels of biomarkers related to xenobiotic metabolism and phase II 

detoxification and biotransformation, including cyp1a and gst. The present findings provide 

evidence in support of cyp1a as a sensitive biomarker of exposure to dilbit in fish.   

The prevalence of malformations observed in FHM amplified with increasing concentrations 

of dilbit, resulting in over 90% prevalence of BSD in embryos exposed to the highest 

concentrations of AWB and CLB WAF and CEWAF. Overall, the prevalence of malformations 

was comparable between AWB and CLB. This was unexpected, as we had predicted that CLB 

would be more toxic than AWB based on findings of King et al. (2014), who had found that CLB 

contains a higher proportion of PAHs, including alkylated PAHs, compared to AWB. However, 

the most important factor determining toxicity is not whether one oil contains more PAH than the 

other, but how much oil were the embryos exposed to. Given the similarity between the EC50s, it 

is likely that the solubility of hydrocarbons in water, not their concentrations in oil, was the most 

important factors contributing to the prevalence of malformations. As well, because King et al. 
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(2014) did not assess dilbit toxicity in fish, direct comparisons between the effects of the oil 

preparation in the present study and in King et al.’s (2014) paper cannot be made.  

Compared with previous studies of Japanese medaka (Oryzias latipes), AWB WAF was 2-

fold more toxic in the present study, with an EC50 for FHM of 0.6 µg TPAH/L, as compared to 

1.3 µg/L for medaka (Madison et al., 2015). On the other hand, the toxicity of AWB CEWAF was 

more than 4-fold higher in medaka than FHM (0.2 µg TPAH/L for medaka as compared to 0.9 

µg/L for FHM) (Madison et al., 2015). Similar to AWB WAF, the toxicity of CLB WAF was 3-

fold higher in FHM as compared to medaka, with EC50 values for CLB WAF of 0.9 µg TPAH/L 

for FHM as compared to 2.8 µg/L for medaka (Madison et al., 2017). Finally, CLB CEWAF was 

approximately 16-fold more toxic in medaka as compared to FHM (EC50: 0.1 µg TPAH/L TPAH 

for medaka as compared to 1.6 µg/L TPAH for FHM).  

When evaluating the WAF dilbits, these findings suggest that, overall, medaka may be less 

sensitive than FHM. On the other hand, medaka appear to be more sensitive to CEWAF dilbit 

exposures. However, whether these differences are statistically or biologically significant is not 

clear. Madison et al. (2017) hypothesized that differences in toxicity observed between dilbit 

blends may be influenced by the weathering state of the dilbit fractions and/or the proportion of 

diluent in parent stocks.   

The most commonly observed malformations in dilbit exposed embryos were pericardial 

edema and tube heart. It is known that exposure to PAHs leads to cardiac malformations, 

including cardiac dilation and subsequent stretching (Incardona et al., 2004), which can disrupt 

cardiac function (Incardona et al., 2015, 2009). The findings herein are similar to recently 

published studies examining the effect of dilbit in inducing fish embryo malformations. For 

instance, the most frequently occurring malformations in dilbit-exposed medaka were craniofacial 

malformations and yolk sac edema and, to a lesser extent, pericardial edema (Madison et al., 

2017). Likewise, Alderman et al. (2017b) found that PAH exposure was correlated with cardiac 
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remodeling and alterations in myocardium morphology in Sockeye salmon parr exposed for one 

or four weeks to the water soluble fraction (WSF) of dilbit. These results are similar to findings of 

atrial arrhythmias in rapidly developing embryos of warm-water predators (e.g., bluefin tuna 

(Thunnus thynnus), yellowfin tuna (Thunnus albacares), amberjack (Seriola dumerili)) exposed 

to oil samples collected from the Deepwater Horizon oil spill (Incardona et al., 2014). Exposure 

to dilbit caused high levels of variability in the frequency of pericardial edema, which was a good 

predictor of toxicity for conventional crude oil, but not for dilbit (Philibert et al., 2016). 

Differences between the studies presented above and the present study may be explained by 

species differences, differences in the duration of dilbit exposure, oil-water mixing methods, and 

the weathering state of dilbit stocks, among others.  

There appeared to be a single relationship between the prevalence of malformations and 

TPH-F concentrations for WAF and CEWAF for AWB and CLB in the present study. The 

overlap of exposure-response curves suggests no significant differences between WAF and 

CEWAF toxicity, as measured by the prevalence of malformations. This is consistent with the 

intended effect of chemical dispersion to deliver toxic concentrations of hydrocarbons such as 

PAHs with less dilbit than used in WAF exposures. That the fish exhibited the same response 

whether they were exposed to WAF or CEWAF suggests that the dispersant (Corexit®) did not 

affect malformations in FHM at the tested concentrations. This further suggests that oil-dispersant 

mixtures are no more toxic than oil alone. However, when the dispersant controls were compared 

to the CEWAF treatments prepared with the same concentration of dispersant, there was a similar 

prevalence of malformations. While these results imply that the toxicity of chemically dispersed 

dilbit may be due in part to the toxicity of the dispersant, it may also be due to the presence of 

free dispersant in solution. This explanation is consistent with Adams et al. (2014b), who found 

that Nujol dispersions at higher dispersant-to-oil ratios caused toxicity at the highest nominal 

loading (0.32% v/v), suggesting that dispersant toxicity in exposures may be due to free 
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dispersant in solution. Supporting this, Adams et al. (2014b) also found that when treatments 

were compared on the basis of estimated concentration of dispersant in test solutions, dispersed 

Nujol, and Corexit® alone, exposure-response curves overlapped. These findings suggest that 

dispersions prepared with higher dispersant-to-oil ratios may provide insufficient oil to sequester 

the added Corexit®, leading to higher concentrations of unbound dispersant in solution and 

mortality of fish embryos. However, because the various types of malformations observed were 

not quantified (though images were recorded and the malformations could be quantified at a 

further time point) and dispersant controls were prepared with the same concentration as one of 

the CEWAF treatments, as opposed to a serial dilution, our ability to draw conclusions about the 

toxicity of the dispersant are limited.  

A limitation of the present study is that we did not assess monoaromatic hydrocarbon content 

(benzene, toluene, ethylbenzene, and xylene [BTEX]). It is plausible that concentrations of BTEX 

are more accurate predictors of BSD than PAH concentrations, as proposed by (Philibert et al., 

2016). BTEX are volatile, more water soluble than other hydrocarbons, acutely toxic and/or 

carcinogenic, and relatively biodegradable under aerobic and anaerobic conditions (Lee et al., 

2015b). However, weathering may have occurred during mixing and testing, as proposed by 

Madison et al. (2017), and because BTEX are light petroleum products, it is unlikely that BTEX 

played an important role in explaining the data observed in the present study.   

Embryonic exposure to low concentrations of PAHs affects fish development, cardiac 

performance, and behaviour (Hicken et al., 2011; Incardona et al., 2015; Mager et al., 2014). The 

heart morphological defects observed in the present study may have long-term effects on 

development and behaviour. For example, juvenile fish exposed to crude oil exhibited interrupted 

excitation-contraction coupling in cardiac myocytes (Brette et al., 2014). These cellular 

alterations may lead to changes in heart shape and reduced swimming performance (Alderman et 

al., 2017b; Hicken et al., 2011). Thus, oil-exposed embryos that did not exhibit cardiac 
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malformations, such as tube heart, still may be affected later in life and lead to changes in 

populations (Alderman et al., 2017b). This is consistent with findings of Heintz and colleagues 

(2000), who observed delayed growth effects and reduced survival of pink salmon 

(Oncorhynchus gorbuscha) exposed to oil during the embryo stage under conditions similar to 

those following the Exxon Valdez oil spill. Heintz and colleagues (2000) speculated that 

decreases in juvenile growth may account for reductions in marine survival observed in the study. 

These studies suggest that the morphological defects observed in the present study may have 

implications for fish survival and population health.  

We also assessed transcriptional responses to several potential biomarkers of PAHs to 

identify genes that could indicate dilbit exposure-responses comparable to traditional, readily 

observable endpoints of PAH toxicity. PAH exposure leads to alterations in the expression of key 

genes associated with the xenobiotic and mutagenic response, phase I & II detoxification 

associated with oxidative stress genes in FHM embryos (Carls et al., 2005). The synthesis of 

cyp1a and, to a lesser extent, gst, was associated with dilbit exposure. However, other key 

biomarkers involved in phase II metabolism showed no or minimal changes in gene expression 

following dilbit exposure. The increase in cyp1a transcription in most CLB and AWB treatments 

was consistent with effects of PAHs on cyp1a in other fish species (Kim et al., 2013; Madison et 

al., 2015, 2017). For example, in medaka, the increase in relative cyp1a mRNA levels with 

increasing concentrations of AWB WAF and CEWAF treatments were comparable to CLB WAF 

and CEWAF and significantly different from water and dispersant controls (Madison et al., 2015, 

2017). These findings suggest that the cyp1a response conveys information regarding the 

activation of a general xenobiotic response via induction of the phase I detoxification response.   

Induction of CYP1A enzymatic activity may reflect the protein’s role in protecting against 

PAH toxicity (Edmunds et al., 2015; Incardona et al., 2015, 2005). In pink salmon embryos, 

CYP1A induction correlates with cellular and organismal-level responses and can be used as a 
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biomarker indicative of negative long-term health consequences at both individual and population 

levels (Carls et al., 2005). However, while cyp1a mRNA synthesis is a useful marker of exposure 

to toxic concentrations of individual PAHs, crude oil, and fuel oil (He et al., 2012; Holth et al., 

2014; Jung et al., 2015; Mu et al., 2012), it is insufficient to provide information about which 

hydrocarbons the species were exposed to in unresolved complex mixtures. In dilbit, and other 

unresolved complex mixtures, cyp1a transcription can be induced by a number of different PAHs 

common in oil (Billiard et al., 2004). As well, CYP1A activity can be induced by a wide range of 

xenobiotics, including dioxins, polychlorinated biphenyls, and pharmaceuticals (Burkina et al., 

2015; Sturve et al., 2014; Wolińska et al., 2013). Thus, because it could be activated by several 

contaminants other than hydrocarbons, caution is warranted when using CYP1A as a biomarker 

of oil exposure in nature. That said, the concentrations of PAHs associated with cyp1a induction 

were lower than the thresholds of toxicity observed in this study, suggesting that the 

augmentation of cyp1a transcripts may be a more sensitive indicator of exposure than phenotypic 

abnormalities. Taken together, these findings suggest that cyp1a mRNA responses are a robust, 

but not unique, indicator of dilbit exposure. 

Exposure to dilbit influences cellular production of reactive oxygen species through induction 

of CYP1A enzymes and synthesis of genes involved in phase II metabolism. These genes include 

gpx and gsr (Valavanidis et al., 2006). Since induction of cat, gpx, and gst can all be related to 

production of H2O2 and GSH content, elevated synthesis of any of these genes by dilbit 

treatments may suggest an increased turnover and/or a reduced availability of GSH to compensate 

for oxidative stress (Olsvik et al., 2005). GST partakes in phase II metabolism by catalyzing the 

conjugation of the reduced form of glutathione to xenobiotic substrates to promote detoxification 

(Hayes & Pulford 1995; Hayes et al. 2005). However, while gst expression increased, this is not 

evidence of oxidative stress per se because other genes involved in oxidative stress were not 

elevated in the present study, because other measures of oxidative damage (e.g., DNA adducts, 
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elevated concentrations of lipid peroxides) were not conducted, and because GST is also involved 

in other functions in the cell that are not related to oxidative stress. Specifically, GST is also 

involved in cell signaling, including inhibition of kinases involved in MAP kinase pathways that 

regulate cell death and cell proliferation (Laborde, 2010). In the present study, only gst transcript 

levels increased with increasing concentration of PAHs. Thus, while elevated levels of gst and the 

relationship between gst expression and presence of malformations is suggestive of oxidative 

stress, these data do not provide conclusive evidence that the increase in gst expression was due 

to oxidative stress. For instance, the increase in gst expression could have been due to increased 

rate of chemical metabolism.  

This conclusion is consistent with Madison et al. (2015, 2017), who did not observe changes 

in gst mRNA levels in response to AWB and CLB WAF or CEWAF exposure, respectively. It is 

possible that differences in the rate of detoxification between fish species may explain species 

differences between FHM and medaka. Van Tiem and Di Giulio (2011) found that zebrafish 

exposed to two environmentally relevant PAHs: benzo[k]fluoranthene (BkF) and benzo[a]pyrene 

(BaP). BkF, a strong AhR agonist, induced expression of cyp1a, cyp1b1, cyp1c1 and gstp2; BaP, 

an AhR agonist, led to changes in genes involved in mitochondrial function, protein biosynthesis, 

translation and transcription, and neural development, which may contribute to BaP-induced 

cardiac toxicity (Jayasundara et al., 2015). These findings are consistent with the hypothesis that 

species differences in detoxification rates may affect differences in gene expression levels.  

One limitation of the present study is that we did not correlate gene expression changes with 

changes in protein (enzymatic) activity. Despite that changes in gene expression are often 

interpreted as affecting enzymatic activity, such inferences are not always valid (Nikinmaa and 

Rytkönen, 2011), as transcriptional response frequently do not correspond to functional changes 

(Giuliani et al., 2013). Moreover, the relationship between mRNA expression and enzyme 

activity may differ between different tissues within the same organism. In the present study, 
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mRNA expression was assessed from the whole tissue; however, high mRNA levels overall may 

not necessarily mean that there is an equivalent increase in mRNA levels and/or enzyme activity 

elsewhere in the organism (Benedetti et al., 2015). Moreover, changes in enzyme activity may 

exhibit a delayed time course relative to changes in mRNA expression due to different timing in 

transcriptional and translational processes (Regoli et al., 2011). In addition, antioxidant enzymes 

can exhibit biphasic responses, with initial increases in activity followed by inhibition following 

prolonged exposures; in these cases, enzymes become targets of toxicity more than genes 

(Benedetti et al., 2015). These data indicate the findings of the present study cannot be taken to 

mean that there were synonymous changes (or lack thereof) in the corresponding enzymes for 

which mRNA expression levels were assessed. Thus, future studies must utilize multiple methods 

of assessing biomarker levels and complement mRNA expression levels with protein data. 

This study is also limited by the fact that it was not possible to rule out effects of different 

weathering rates between AWB and CLB, which may also affect the proportion of PAH in 

exposure solutions. Thus, more research is necessary to examine the effects of weathering 

differences on toxicity and induction of genes involved in xenobiotic metabolism.  

3.5 Conclusions 

The present study provides one of the first assessments of the toxicity of two commonly used 

Canadian dilbits to a freshwater species native to North America. The gene responses identified 

in the present study highlight the importance of comparative analyses to examine the toxicity of 

various dilbit blends and the mechanisms of PAH toxicity across diverse fish species present in 

Canada. The analysis of phase I and phase II detoxification related transcripts provides additional 

evidence for the use of cyp1a as a biomarker of exposure. In addition, future studies should 

investigate if the effects observed in fish embryos persist to adulthood.  
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General discussion and conclusion 

The findings of the present study suggest that the toxic effects of AWB and CLB on FHM are 

largely comparable. In addition, the findings regarding the response of cyp1a provide additional 

support for its use as a biomarker of exposure. The differences in gene responses between the 

present study and previous studies in other species highlight the necessity of conducting 

comparative studies to examine the toxicity of different dilbit blends and the mechanisms of PAH 

toxicity across various fish species.  

The findings of the study are important as they provide one of the first assessments of 

toxicity of two commonly used Canadian dilbits to a freshwater species native to North America. 

Moreover, the species inhabit North American watersheds through which dilbit pipelines 

transverse and where new pipelines are proposed. In addition, the methods of exposure were 

exactly the same for AWB and CLB, providing a unique opportunity to compare the toxicity of 

two dilbits on fish embryos. Finally, the study assessed both morphological and genetic responses 

to dilbit exposure, which enabled the assessment of how potential gene response biomarkers 

compare to traditional morphological markers of exposure to toxic compounds.  

If the study were to be repeated, it would be informative to use a serial dilution of the 

dispersant control (Corexit with Nujol) as opposed to a single concentration, as was done in the 

present study. This would facilitate comparisons between the controls and the AWB and CLB 

exposures. As well, if repeated, using stocks of AWB and CLB from the same year would be 

advisable to reduce any differences in weathering that may occur as a result of the interaction 

with air. Specifically, since the older stock containers were opened more times, the oil interacted 

with the air more, possibly causing the oil to weather more than a more recent stock. Finally, 

adding more controls (e.g., retene as a positive control) would improve the study quality and 
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facilitate interpretation of the results because retene is known to cause signs of BSD and lead to 

mortality in fish (Billiard et al., 2009).  

More research is needed to examine differences in weathering between different dilbits 

and how those differences may affect toxicity. This requires examining more types of dilbit and 

different dilbit blends as well as exposure following different weathering protocols. As well, 

future studies should characterize gene expression patterns of downstream cellular biomarkers 

(e.g., tumorigenic factors) to identify critical developmental periods during which dilbit exposure 

alters development. Studies should also examine biomarkers of dilbit toxicity outside of genes of 

metabolism, such as pathogenic processes (e.g., cardiac toxicity), to identify novel biomarkers 

and biomarkers that may be specific to PAH exposure. These studies may improve our ability to 

identify fish species at the highest risk of toxicity following dilbit exposure and assess the 

capacity for biotransformation in earlier life stages. Outside of gene expression biomarkers, future 

studies should analyze the role of DNA methylation and DNA adducts to examine whether such 

assessments may provide important information regarding dilbit toxicity and long-term risks. 

More research is necessary to examine long-term effects of early exposure on both individual and 

population levels. For example, multigenerational studies where germ cells may be exposed to 

PAHs and embryos are raised in clean water would provide information about the 

transgenerational effects of dilbit exposure and determine if the observed effects persist to 

adulthood. Identification of a transcriptomic response in response to dilbit exposure (a dilbit 

signature) and embryo-specific gene activations would also assist in risk assessments and 

management.  

The findings of the study are important as they provide one of the first assessments of 

toxicity of two commonly used Canadian dilbits to a freshwater species native to North America. 

Given the limited studies of dilbit toxicity in aquatic organisms to date, the present findings 

contribute to our understanding of the effects of dilbit toxicity on developmental malformations 
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in freshwater fish. Moreover, with the expansion of proposed dilbit pipelines, it is vital to further 

investigate the potential effects of dilbit on aquatic species and to understand the interactions 

between their chemical and physical properties and the extent to which all life stages of fish are 

exposed to PAHs. 
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Appendix A: Supplemental Information  

The appendix is presented as supplemental information from Alsaadi F, Madison BN, Brown RS, 

Hodson PV, and VS Langlois. Physiological and molecular effects of diluted bitumen on 

developing fathead minnow (Pimephales promelas). To be submitted in Aquatic Toxicology.   
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Table A1 Linear regression results for known dilutions of WAF and CEWAF stock 
solutions measured by fluorescence peak area 
 
Dilbit blend Sample 

Run 
Equation for WAF solutions R2 Equation for CEWAF 

solutions 
R2 

AWB Day 1 y = 93.49x + 109.43 0.99 y = 4310.7x + 230.53 0.99 
Day 2 y = 100.40x + 181.50 0.99 y = 6688x + 455.88 0.98 

CLB Day 1 y = 84.34x + 152.44 0.99 y = 5618.5x + 382.94 0.98 
Day 2 y = 80.82x + 158.56 0.99 y = 3045.6x + 145.99 0.99 

Note. The x-axis represents nominal loadings of WAF and CEWAF stock solutions and the y-axis 
values represent the total petroleum hydrocarbons measured by fluorescence. Abbreviations: 
AWB, Access Western Blend; CLB, Cold Lake Blend; CEWAF, chemically enhanced water 
accommodated fraction; WAF, water accommodated fraction. 
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Table A2 Means and 95% confidence limits of measured concentrations of total petroleum 
hydrocarbons measured by fluorescence spectroscopy in toxicity test solutions of Access 
Western Blend (AWB) and Cold Lake Blend (CLB) dilbits 
 
Treatment (%v/v) TPH-F (µg/L) SD n LOWER CI UPPER CI 

Access Western Blend 
CEWAF 0.0001 232 49 6 192 271 

0.001 168 38 6 138 198 
0.01 256 90 6 184 328 

0.1 603 89 6 532 674 
1 3107 258 5 2881 3333 

 
WAF 0.32 310 25 6 290 330 

1 279 43 6 245 313 
3.2 498 71 6 441 554 
10 1111 220 6 935 1287 
32 2895 536 5 2426 3365 

Cold Lake Blend 
CEWAF 0.0001 198 35 6 170 226 

0.001 182 35 6 154 210 
0.01 221 42 6 187 254 
0.1 575 102 6 493 657 
1 3272 588 7 2836 3707 

 
WAF 0.32 201 54 6 158 245 

1 252 49 6 212 291 
3.2 388 50 6 347 428 
10 871 103 6 789 953 
32 2174 231 6 1989 2359 

Note. Abbreviations: AWB, Access Western Blend; CEWAF, chemically enhanced water 
accommodated fraction; CLB, Cold Lake Blend; TPH-F, total petroleum hydrocarbons by 
fluorescence; WAF, water accommodated fraction. Treatments included solutions of WAF and 
CEWAF of each dilbit. 
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Table A3 Linear regression statistics for the relationship between estimated total polycyclic 
aromatic hydrocarbons concentrations (n = 1-2) and total petroleum hydrocarbon 
concentrations measured by fluorescence (n = 5-7) for various dilutions of water 
accommodated fractions (WAF) and chemically enhanced WAFs (CEWAF) of Access 
Western Blend (AWB) and Cold Lake Blend (CLB) dilbits 
 

Dilbit blend Equation for WAF and CEWAF solutions R2 
AWB y = 900.70x + 268.32 0.99 
CLB y = 314.43x + 219.12 0.99 

Note. The x-axis represents the estimated total polycyclic aromatic hydrocarbon concentrations 
(TPAH) and the y-axis values represents the total petroleum hydrocarbon concentrations 
measured by fluorescence. Estimated TPAH values for nominal dilutions used in toxicity tests 
were obtained by using a linear regression between nominal dilutions and the measured TPAH 
values provided by gas chromatography-mass spectrometry (GC-MS).    
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Table A4 Polycyclic aromatic hydrocarbons and reported detection limits for analyses of 
dilbit test solutions 

PAH 

Reported 
detection 

limit 
(µg/L) 

PAH 

Reported 
detection 

limit 
(µg/L) 

Naphthalene 0.01 C1-Fluoranthenes/Pyrenes 0.04 
2-Methylnaphthalene 0.01 C2-Fluoranthenes/Pyrenes 0.04 
1-Methylnaphthalene 0.01 C3-Fluoranthenes/Pyrenes 0.04 
Quinoline 0.05 C4-Fluoranthenes/Pyrenes 0.04 
C2-Naphthalenes 0.04 Dibenzothiophene 0.01 
C3-Naphthalenes 0.04 C1-Dibenzothiophenes 0.04 
C4-Naphthalenes 0.04 C2-Dibenzothiophenes 0.04 
Biphenyl 0.01 C3-Dibenzothiophenes 0.04 
C1-Biphenyls 0.04 C4-Dibenzothiophenes 0.04 
C2-Biphenyls 0.04 Acridine 0.05 
Acenaphthylene 0.01 Benzo[a]anthracene 0.01 
Acenaphthene 0.01 Chrysene 0.01 
C1-Acenaphthene 0.04 C1-Benzo[a]anthracenes/Chrysenes 0.04 
Fluorene 0.01 C2-Benzo[a]anthracenes/Chrysenes 0.04 
C1-Fluorenes 0.04 Benzo[b+j]fluoranthene 0.01 
C2-Fluorenes 0.04 Benzo[k]fluoranthene 0.01 
C3-Fluorenes 0.04 Benzo[e]pyrene 0.01 
Phenanthrene 0.01 Benzo[a]pyrene 0.01 
Anthracene 0.01 Perylene 0.01 
C1-Phenanthrenes/Anthracenes 0.04 C1-Benzofluoranthenes/Benzopyrenes 0.04 
C2-Phenanthrenes/Anthracenes 0.04 C2-Benzofluoranthenes/Benzopyrenes 0.04 
C3-Phenanthrenes/Anthracenes 0.04 Indeno[1,2,3-cd]pyrene 0.01 
C4-Phenanthrenes/Anthracenes 0.04 Dibenz[ah]anthracene 0.01 

Fluoranthene 0.01 Benzo[ghi]perylene  0.01 
Pyrene 0.01   

Note. The analyses were performed by AGAT Laboratories, Ville de Québec, QC. Abbreviations: 
PAH, polycyclic aromatic hydrocarbons. 
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Table A5 Regression statistics for mean relative mRNA levels of molecular targets in response to 10-day exposures to Access Western 
Blend (AWB) and Cold Lake Blend (CLB) dilbits 

Figure  Regression type Parameter Treatment 
AWB (µg/L) CLB (µg/L) 

      WAF CEWAF WAF CEWAF 
Fig. 3-1 % 
malformed 

Sigmoidal dose-
response 

df 8 8 8 8 
Upper 100 100 100 100 
Lower 0 0 0 0 

R square 0.9534 0.9407 0.9651 0.9831 
Log TPH-F EC50 2.921 3.024 2.699 2.854 

TPH-F EC50 833.8 1058 499.9 714.8 
TPH-F EC50 

95 % CI Bottom 690.1 770.6 428.8 606.6 

TPH-F EC50 
95 % CI Top 1014 1506 589.2 857.4 

Log TPAH EC50 -0.202 -0.057 -0.049 0.198 
TPAH EC50 0.628 0.877 0.893 1.576 
TPAH EC50  

95 % CI Bottom 0.468 0.558 0.667 1.232 

TPAH EC50 
95 % CI Top 0.828 1.374 1.177 2.030 

Fig. 3-2A,B 
cyp1a 

log(agonist) vs. 
response -- Variable 

slope (four 
parameters)  

df 31 35 31 32 
95 % CI Top (Very wide) * 17.96 to 78.56 41.13 to 76.09 -122.1 to 263.4 

95 % CI Bottom -185.4 to 159.1 -16.6 to 18.58 -12.1 to 12.81 -177.4 to 164.9 
R square 0.8223 0.6777 0.767 0.6619 

Fig. 3-2C,D 
gst 

log(agonist) vs. 
response -- Variable 

slope (four 
parameters)  

df 35 35 32 33 
95 % CI Top 2.495 to 4.159 (Very wide) 2.078 to 3.219 2.445 to 3.273 

95 % CI Bottom -0.01939 to 1.304 0.07059 to 1.26 0.4166 to 1.311 0.5742 to 1.418 
R square 0.6456 0.6342 0.5141 0.6507 

Fig. 3-4A,B 
cyp1a vs. % 
malformed 

log(agonist) vs. 
response -- Variable 

slope (four 
parameters)  

df 6 6 
Upper 96.88 98.61 
Lower 11.77 16.33 

R square 0.9855 0.9733 
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Fig. 3-4C,D 
gst vs. % 
malformed
  

log(agonist) vs. 
response ---Variable 

slope (four 
parameters)  

df 6 6 
Upper 96.9 98.87 
Lower 13.01 14.96 

R square 0.9821 0.9616 
Note. * Very wide = The data do not unambiguously define the parameters. Abbreviations: AWB, Access Western Blend; CEWAF, chemically 
enhanced water accommodated fraction; CLB, Cold Lake Blend; TPH-F, total petroleum hydrocarbons by fluorescence; WAF, water 
accommodated fraction. Treatments included solutions of WAF and CEWAF of each dilbit.
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Figure A1 A parent oil standard curve relating concentrations of dilbit in Access Western 
Blend (AWB) and Cold Lake Blend (CLB) to relative fluorescence units (RFUs). The total 
area under the curve represents fluorescence at emission wavelengths of 310 to 460 nm at 
an excitation wavelength of 300 nm 

 
Note. Limit of detection (LOD) for AWB: 0.185 mg/L; CLB: 0.204 mg/L (Loock and Wentzell, 
2012).
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Figure A2 Concentrations of total petroleum hydrocarbons measured by fluorescence in dilutions of water accommodated fractions 
(WAFs) and chemically enhanced WAFs of Access Western Blend (AWB) and Cold Lake Blend (CLB) dilbits as measured on day 2, 4 
and 6 of exposure 
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Figure A3 The relationship between total petroleum hydrocarbon concentrations measured by fluorescence and the nominal dilutions of 
water accommodated fractions (WAFs) and chemically enhanced WAFs of Access Western Blend dilbit and Cold Lake Blend dilbit over 
the 10-day experiment 
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Figure A4 The relationship between the measured total polycyclic aromatic hydrocarbons and the nominal dilution of water 
accommodated fractions (WAF) and chemically enhanced WAFs (CEWAF) of Access Western Blend (AWB) and Cold Lake Blend (CLB) 
dilbits 

 


