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Abstract

Mathematical modelling was utilized to evaluate trichloroethylene (TCE) and
tetrachloroethylene (PCE) dense non-aqueous phase liquid (DNAPL) source zone
remediation in the subsurface environment. Semi-analytical solutions were derived,
tested, and employed to evaluate the benefits of source zone concentration reduction and
solute degradation mechanisms on the evolution of plumes in porous media and fractured
rock domains. Simulations of treatment in complex DNAPL source zones using different
remedial technologies were completed with a numerical model that was developed,
tested, calibrated, and applied to nine idealized heterogeneous porous media sites.
Analytical modelling revealed that, in domains dominated by matrix diffusion,
aggressive and moderate source zone concentration reduction may have similar effects on
the leading edge of the plume. The tailing (near source) edge of the plume may be more
responsive to aggressive concentration reduction, particularly when diffusion processes
are negligible. Both the near-field (near-source) and far-field plume responses were
strongly influenced by the matrix decay half-life for both transient and steady-state
conditions. The degradative capacity of the matrix largely dictated plume extent and lifespan for the fractured bedrock site considered here.
Numerical simulations of in situ source zone treatment with chemical oxidation
(ISCO), enhanced bioremediation (ISEB), and surfactants (SEAR) were compared and
contrasted. Treatment efficacy was site specific, with benefits observed at some sites,
and detrimental impacts observed at others. Each technology demonstrated some degree
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of performance enhancement relative to dissolution only (no treatment). The maximum
DNAPL mass depletion enhancement factors for ISCO, ISEB and SEAR, were 1.44,
2.91, and 2.70 after 10 years, respectively. Similarly, the maximum boundary mass flux
enhancement factors for ISCO, ISEB and SEAR were 9.78, 3.32, and 3.97, respectively.
While notable enhancements were observed for many sites during active treatment, the
long-term performance of pre-maturely terminated ISCO and ISEB, and to a lesser
degree SEAR, was similar to dissolution. Overall, the partial depletion of DNAPL mass
from source zones produced on-going persistent boundary mass flux signatures. Only the
complete removal of DNAPL mass, which was attained for one site with SEAR,
successfully eliminated downgradient boundary mass flux.
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Foreword

This thesis is written in manuscript format. Chapter 1 provides a brief
introduction to subsurface contamination by dense non-aqueous phase liquids (DNAPLs),
and the three in situ remedial technologies that were modelled: chemical oxidation
(ISCO), enhanced bioremediation (ISEB), and surfactants (SEAR). Chapters 2 through 7
are prepared as stand alone manuscripts, with supporting work provided in Appendices A
through G. Chapter 2 presents semi-analytical solutions for solute transport in fractured
rock; this manuscript is published in Advances in Water Research in 2004 (27 (11), 10451059, doi:10.1016/j.advwatres.2004.08.011). Chapter 3 presents novel semi-analytical
solutions for solute transport in porous media and fractured rock using various source
decay functions. The preparation of Chapter 3 led to the writing of an additional
manuscript contained in Appendix D that is published in the Journal of Ground Water in
2007 (45 (2), 126-135, doi:10.1111/j.1745-6584.2006.00280.x.); although this paper
discusses the modelling of solute transport in porous media, it is not the core focus of this
thesis. Chapter 4 introduces the numerical model developed to investigate source zone
remediation with individual technologies, and examines the application of ISCO to a
single DNAPL sub-zone; this manuscript is published in Advances in Water Resources in
2008 (31 (2), 324-338, doi:10.1016/j.advwatres.2007.08.011.) Chapters 5 and 6 present
the numerical modelling of ISCO and ISEB, respectively, in DNAPL source zones at the
field scale. The field scale SEAR modelling will not be published as a stand alone
manuscript, and is therefore presented in Appendix G. However, the SEAR results, along
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with the ISCO and ISEB findings, are being communicated in Chapter 7, where the three
technologies are compared and contrasted.
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Chapter 1
Introduction

Dense non-aqueous phase liquids (DNAPLs) have been readily utilized in a broad
range of industrial and commercial applications throughout the world for several decades.
Through improper disposal and accidental release, chlorinated solvents, such as
tetrachloroethylene (PCE) and trichloroethylene (TCE), have adversely impacted the
subsurface environment at many sites. It is now widely accepted by the remediation
industry and stakeholders that the clean-up of some DNAPL sites is highly problematic,
and that these recalcitrant contaminants may persist for many decades (Kavanaugh et al.,
2003). As such, there is currently a strong incentive to evaluate in situ DNAPL mass
removal technologies that can potentially accelerate the reclamation of these sites.
A depiction of a DNAPL impacted site is provided in Figure 1.1. This illustration
serves as a useful conceptual basis for the work presented here, as the scope entails both
unconsolidated porous media and fractured bedrock. In general, once a surface release of
PCE or TCE penetrates the subsurface, the DNAPL will undergo migration and
redistribution due to gravity and capillary pressures. In natural domains, the volume of
the release and the domain heterogeneity will largely dictate the spatial extent and
configuration of the DNAPL architecture that can comprise both pooled and residual
DNAPL sub-zones. Despite their relatively low solubility (Pankow and Cherry, 1996),
both PCE and TCE will undergo interphase mass transfer from the non-aqueous phase to
1

the contiguous aqueous phase, where the dissolved constitutions can be transported
downgradient by flowing groundwater. The dominant mechanisms contributing to plume
evolution are advection, dispersion, diffusion, sorption, and in some instances, reactions
and transformations. The resulting solute plume can potentially impact large volumes of
the subsurface. It is in this context that the assemblage of DNAPL sub-zones is referred
to as a ‘source zone’.

release
vapour
flow

pool

residual

UNCONSOLIDATED OVERBURDEN

dissolved
plume

BEDROCK
pool in fractures

residual in fractures

Figure 1.1. Depiction of DNAPL impacted site (adapted from Kueper et al., 2003, chapter 3).

The source zone and the plume are idealized as two distinct contaminant phases.
The processes that govern DNAPL migration are different than those that manifest plume
evolution. Yet the two phases are intimately coupled through dissolution, which is often
the rate-limiting process for remediation at many sites. Interphase mass transfer has been
the subject of much research and debate, and has been successfully described using either
2

equilibrium or non-equilibrium mathematics. The mathematical treatment is complex
and uncertain at the macroscopic scale, as non-equilibrium conditions can arise from
chemical and/or physical phenomenon (e.g., flow bypassing due to heterogeneities). At
the microscopic scale, chemical potentials exist in the DNAPL and aqueous phases
producing a concentration gradient for dissolution. In many applications, remediation
technologies attempt to exploit this mass transfer gradient. While accelerated mass
depletion of the DNAPL is the desired outcome, a potential consequence is heightened
solute concentrations and exacerbated downgradient solute mass flux.
Three in situ remediation technologies that purport to enhance DNAPL mass
depletion in the subsurface environment are bioremediation, surfactants, and chemical
oxidation. Each technology is unique in the mechanisms that facilitate enhanced
dissolution. In the field, these technologies are typically implemented via injectionwithdrawal-recirculation schemes, accompanied by a network of monitoring wells. Each
of the aforementioned technologies is briefly introduced below.
The microbial mediated degradation of organic contaminants involves catabolic
oxidation-reduction reactions that utilize electron donors and electron acceptors from the
surrounding environment. Ideally, chlorinated ethenes will undergo a stepwise
transformation from PCE to TCE to cis-dichloroethene to vinyl chloride to ethene (de
Bruin et al., 1992). This dehalorespiration (or dechlorination) process occurs under
anaerobic conditions. The consumption of PCE and TCE in the aqueous phase leads to
an increased dissolution gradient, and accelerated DNAPL mass depletion.
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Biologically-mediated reactions require chemical substances that interact with
their enzymes. These substances are referred to as substrates, which can serve as electron
donors or electron acceptors for a given reaction; in the case of anaerobic dechlorination,
PCE and TCE are electron acceptors. When an organism is first exposed to a substrate, a
period of metabolic acclimation is required before the microbe can utilize the compound.
This metabolic time delay is referred to as lag. Metabolic lag has also been observed for
abrupt changes in substrate concentration. Another type of important microbial reaction
is fermentation. During fermentation, the compound is partially oxidized and partially
reduced; an external electron acceptor does not take part in the reaction. Fermentation
reactions are particularly important when considering the efficiency of substrate delivery
and utilization (e.g., Fennell and Gossett, 1998; Yang and McCarty, 1998). An example
of a fermentation reaction is the conversion of glucose to propionate, carbonate and H2.
It is the latter compound that typically serves as the primary electron donor for the
dehalorespiration of chloroethenes (e.g., Ballapragada et al., 1997) and competitor
organisms (e.g., Yang and McCarty, 2002). Interestingly, fermenting and respiring
microbes often coexist such that each species relies on the other to facilitate a reaction
that it could not mediate entirely on its own.
Bioremediation relies on the ability of microbes to degrade contaminants. The
process of ‘enhanced’ bioremediation is achieved through the supplementation of
substrate and nutrients, whereby the growth of in situ native microbes is stimulated and
fostered. A myriad of concurrent biological processes occur in the subsurface that
contribute to reduction of contaminant mass; they are dynamic and complex. Some
4

factors influencing the biodegradation of PCE and TCE include redox conditions and
geochemistry (e.g., Hunter et al., 1998), solute toxicity (e.g., DiStefano et al., 1991),
competition (e.g., Yang and McCarty, 1998), fermentation kinetics (e.g., Fennell and
Gossett, 1998), temperature (e.g., Zhuang and Pavlostathis, 1995), primary electron
donor concentration (e.g., Ballapragada et al., 1997), cell decay rate, and bioclogging
(e.g., Chu et al., 2003). Munoz and Irarrazaval (1998) suggested that the four factors that
most strongly influence the potential for bioremediation success are solubility,
bioavailability, degradability, and toxicity.
Surface-active-agents (surfactants) are amphiphilic monomers with hydrophobic
and hydrophilic moieties (i.e., one half of the molecule is positively charged and the other
half is negatively charged). When the aqueous concentration of monomers is above the
critical micelle concentration (CMC) the monomers form into micelles; the CMC is
specific to each surfactant. In systems comprising non-aqueous phase liquids (NAPLs)
and surfactant, the monomers or micelles interact with the NAPL at the interfacial
boundary separating the two bulk phases. If above the CMC, the micelles are capable of
encapsulating NAPL and forming microemulsions. The process occurs on the
microscopic scale and can greatly increase the apparent solubility of the NAPL in the
surrounding aqueous phase (Ji and Brusseau, 1998; Zhong et al., 2003). An additional
property of surfactants in the presence of NAPLs is the ability to reduce the interfacial
tension (IFT) and, therefore, capillary pressure of the NAPL-water system. This can lead
to subsequent drainage of residual DNAPL or the mobilization of pools trapped by
capillary barriers (e.g., Mason and Kueper, 1996; Dekker and Abriola, 2000).
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A number of surfactant types exist, but the nonionic type (e.g., Tween 80) tend to
have the most desirable characteristics for in situ subsurface remediation. Nonionic
surfactants do not dissociate and do not produce ions in an aqueous solution, they are
fairly insensitive to electrolytes, and can be utilized in aqueous solutions with high
salinity or significant hardness. Also, nonionic surfactants tend to have low biotoxicity
and may be biodegradable. The underlying processes responsible for surfactant enhanced
mass transfer are not fully understood. Both the physiochemical behaviour of the
micellation process (Zhong et al., 2003) and the soil heterogeneity (e.g., Dekker and
Abriola, 2000) are contributing factors. Regardless, experiments (e.g., Suchomel et al.,
2007) and pilot-scale field studies (e.g., Abriola et al., 2005) have demonstrated the
ability of surfactants to accelerate DNAPL mass depletion.
The chemical oxidation process decomposes chlorinated ethenes, reducing the
original compounds to water, chloride and carbon dioxide. It is the destruction of TCE
and PCE solute that leads to an enhancement in interphase mass transfer from the nonaqueous phase. The process is governed by oxidation-reduction (redox) reactions and
involves the transfer of electrons from one compound to another. One of the most
common chemical agents is potassium permanganate (KMnO4), which is a non-selective
oxidizer that reacts readily with both organic aquifer material (OAM) and chlorinated
ethenes to produce carbon dioxide (CO2), hydrogen ions (H+), chloride (Cl-), and solid
manganese dioxide (MnO2) (Siegrist et al., 1999). Chemical oxidation with permanganate
in the saturated subsurface can prove challenging. In situ deposits of oxidizable OAM
can react with the bulk of the supplied oxidant, thus minimizing target compound
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destruction. Furthermore, the precipitate products (MnO2) from the oxidation reactions
can often plug the pore structure of the soil encapsulating the remaining DNAPL in a low
permeability rind, hindering further reaction, and effectively short-circuiting the
remediation process (Conrad et al., 2002; MacKinnon and Thomson, 2002; Li and
Schwartz, 2004a, b).
One of the challenges facing the remediation industry is conducting cost-effective
in situ pilot-scale studies to test technologies at real sites. In many instances, designing
and implementing remediation schemes is cost prohibitive. Furthermore, the collection
and interpretation of the resulting data is subject to uncertainty and the findings can be
inconclusive. Also, studies on real sites are completed in real time, and any assessment
of future source zone and plume behaviour cannot be explicitly determined. In this sense,
mathematical modelling can provide cost-effective high resolution analyses of source
zone remediation and plume evolution over many years in a timely manner.
This research investigates source zone remediation and plume evolution for
porous media and fractured bedrock domains impacted by PCE and TCE DNAPLs
through the development and utilization of mathematical models. For the case of plume
evolution (see Figure 1.1), the objective is to derive semi-analytical solutions for both
domain types, where source zone remediation is implicitly simulated using a number of
source concentration functions that serve as a surrogates for DNAPL mass depletion.
The semi-analytical solutions are then applied to a well characterized sandstone site
where the objective is to examine the benefits of source concentration reduction, and the
influence of solute degradation processes, on plume evolution.
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For the investigation of source zone remediation, the first objective is to develop a
complex numerical model that explicitly simulates the treatment of PCE and TCE
DNAPL source zones with chemical oxidation, surfactants, and enhanced bioremediation.
The model is then tested and calibrated to published one-dimensional column studies for
each technology. High resolution simulations are then conducted for source zone
treatment at the field scale, where the objective is assessing the short-term and long-term
benefits of treatment on DNAPL mass depletion and solute behaviour for each
technology. For this purpose, eight idealized porous media template sites are devised by
varying soil permeability, soil heterogeneity, and DNAPL release volume. The final
objective is to compare and contrast the remediation performance of each technology at
each of the template sites.
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Chapter 2
Semi-Analytical Solutions for Solute Transport in Fractured
Porous Media using a Strip Source of Finite Width

2.1 Abstract
Transient and steady-state analytical solutions are derived to investigate solute
transport in a fractured porous medium consisting of evenly spaced, parallel discrete
fractures. The solutions incorporate a finite width strip source, longitudinal and
transverse dispersion in the fractures, source decay, aqueous phase decay, onedimensional diffusion into the matrix, sorption to fracture walls, and sorption within the
matrix. The solutions are derived using Laplace and Fourier transforms, and inverted by
interchanging the order of integration and utilizing a numerical Laplace inversion
algorithm. The solutions are verified for simplified cases by comparison to solutions
derived by Batu (1989) and Sudicky and Frind (1982). The application of the solutions to
a fractured sandstone demonstrates that narrower source widths and larger values of
transverse dispersivity both lead to lower downstream concentrations in the fractures and
shorter steady-state plumes. The incorporation of aqueous phase decay and source
concentration decay both lead to lower concentrations and shorter plumes, with even
moderate amounts of decay significantly shortening the persistence of contamination.
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2.2 Introduction
A surge in awareness and understanding of groundwater quality and subsurface
contamination has occurred over the past two decades. It is now abundantly evident that
substances such as non-aqueous phase liquids (NAPLs), nuclear waste, salts, metals and a
variety of other organic and inorganic compounds can form persistent contaminant source
zones capable of dissolution into surrounding groundwater for periods ranging from
decades to hundreds of years or longer. The resulting solute plumes can be described by
governing partial differential equations relating contaminant concentration to temporal
and spatial variables within the domain. Within fractured porous media, transport
processes include advection, dispersion, aqueous diffusion, sorption, biotic and abiotic
decay, source decay, and diffusion into the rock matrix. Solutions can be derived either
numerically or analytically, with analytical solutions often used as screening tools and
benchmark tests for more complex numerical models.
Single discrete fracture and discrete fracture network models are based on the
mobile-immobile zone concept. The fractures transport solute by advective-dispersive
processes, while the rock matrix behaves as a diffusive sink (or source for backdiffusion). The discrete fracture approach varies from the dual-continuum model in that
the properties of both the mobile and immobile zones, such as fracture aperture, fracture
spacing, fracture orientation and matrix porosity, must be discretely incorporated into the
model. The mass transfer of solute between the fracture and the rock matrix is controlled
by continuity at the fracture surface-matrix interface (e.g., coupling boundary condition),
where contaminant migration in the rock matrix is typically described using Fick’s laws.
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A solution can be derived for an idealized single fracture, and extended to multiple
fracture systems by geometric considerations, such as symmetry. Seminal work on the
topic of analytical solutions in discretely fractured rock was completed by Tang et al.
(1981), who investigated solute transport in a single fracture. The work was then
extended by Sudicky and Frind (1982) to evenly spaced, parallel fractures. Both papers
presented analytical solutions that adopted an infinitely wide source zone with no
transverse dispersion.
Other researchers have investigated the discrete fracture approach by considering
different source conditions, domain configurations and transport processes. Single
fracture analytical solutions have been derived by Neretnieks (1980), Moreno and
Rasmuson (1986), Lowell (1989), Fujikawa and Fukui (1990), Maloszewski and Zuber
(1990), Lee and Teng (1993), Li and Chiou (1993), Berkowitz and Zhou (1996), Wallach
and Parlange (1998), Xu and Worman (1999), Park et al. (2001), and Xu et al. (2001).
Multiple fracture solutions have been derived by Barker (1982), Chen (1986), Dykhuizen
(1992), Chen and Li (1997), Robinson and Sharp(1997), Robinson et al. (1998), and
Cotta et al. (2003). None of the aforementioned studies incorporate a finite width source
and transverse dispersion in the fractures.
In this paper, we derive transient and steady-state analytical solutions for a system
of evenly spaced, parallel discrete fractures, to simulate solute transport in both the
fracture and the contiguous porous matrix. The conceptual problem and analytical
solutions presented here differ from the discrete fracture solutions that have been
previously identified. The novel aspects of this work include the incorporation of a finite
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width strip source and transverse dispersion into the governing advection-dispersion
equation for the fracture. In addition to presenting the analytical solutions, this paper
investigates the influence of finite source width and transverse dispersivity on transient
and steady-state plume development. The influence of source zone and aqueous phase
decay are also examined with respect to plume growth and back-diffusion processes.
2.3 Boundary Value Problem
The contaminant transport system presented in Figure 2.1, 2.2 and 2.3 can be
described by two separate transport equations; a two-dimensional advection-dispersion
equation (ADE) for the fracture in the y-z plane, and a one-dimensional (in x) diffusion
equation for the matrix. The fractures are idealized as equally spaced, smooth walled and
parallel, with steady and uniform saturated groundwater flow parallel to the z axis. The
equations are coupled by the continuity of solute concentration at the interface between
the fracture and matrix. Contaminant transport in the contiguous rock matrix is idealized
by one-dimensional diffusion in the x direction. The governing equation for the fracture
component of the system is described by:
∂c v ∂c Dz ∂ 2 c D y ∂ 2 c
2q
+
−
−
+ λc −
=0
2
2
∂t R ∂z R ∂z
R ∂y
R(2b)

0≤ z≤∞
0≤ y≤H

(2-1)
where c = c(x,y,z,t) is the concentration of the solute {M/L3}, y is the transverse spatial
coordinate {L}, z is the longitudinal spatial coordinate {L}, t is time {T}, v is the average
linear steady-state groundwater velocity in the fracture assumed to be unidirectional in z
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{L/T}, R is the retardation coefficient for the fracture walls, Dz is the coefficient of
longitudinal dispersion {L2/T}, Dy is coefficient of transverse dispersion {L2/T}, λ is the
aqueous phase decay constant {1/T}, 2b is the fracture aperture {L}, and q is the
source/sink term representing diffusion of solute across the matrix wall {M/L2T}.
x

(2b)

z

y

2B
H

2T
D1

v

Porous
Rock
Matrix

Fracture

Source

Figure 2.1. Fracture-matrix system. Fractures have aperture (2b) and the matrix blocks are of width 2(Tb). The fractures are equally spaced at (2T). The width of the source zone is (2B) and the width of the
domain is H.
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z
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Figure 2.2. Cross-section of Figure 2.1 in the z-x plane passing through the source.
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Figure 2.3. Plan view section of Figure 2.1 in the z-y plane at mid-fracture, i.e., x = 0. The domain width is
H. D1 is distance from the origin to the nearest edge of the source zone (2B).

The dispersion terms Dz and Dy are given by:
Dz = α L v + D o
(2-2)
D y = αT v + D o

(2-3)
where αL is the longitudinal dispersivity {L}, αT is the transverse dispersivity {L}, and Do
is the free solution molecular diffusion coefficient {L2/T}.
Aqueous phase decay is approximated by a first-order relationship, with the same
rates in the dissolved and sorbed phases. The decay rate and half-life are related by:
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λ=

ln 2
t1 / 2
(2-4)

where t1/2 is the half-life of the solute {T}.
The retardation coefficient for the fracture, R, describes the process of
contaminant adsorption on the fracture face and is defined below assuming a linear
adsorption isotherm:
R = 1+

2K f
(2b)

(2-5)
where Kf {L} is the fracture distribution coefficient, representing the mass of sorbed
solute per unit area of the fracture face relative to the concentration of solute in solution.
It is assumed that both the aqueous phase solute and the sorbed solute decay.
The source/sink term (q) represents the transfer of solute between the fracture and
the porous matrix, and is equal to the diffusive flux across the fracture-matrix interface.
The diffusive flux is approximated using Fick’s first law:
q = −θD'

∂c'
∂x x =b

(2-6)
where c′ is concentration in the matrix {M/L3}, θ is the matrix porosity, and D′ is the
effective diffusion coefficient {L2/T}, given by:
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D' = τ D o
(2-7)
where τ is the matrix tortuosity.
The governing equation for diffusive transport in the matrix is described by:
b≤ x≤T

∂c' D' ∂ 2 c'
−
+ λc ' = 0
∂t R' ∂x 2

0≤ y≤H
0≤ z≤∞

(2-8)
where c′= c′(x,y,z,t) is the concentration in the porous rock matrix {M/L3}, T is the halfwidth between centerlines of equally spaced, parallel fractures {L}, H is the finite width
of the transverse domain {L}, and x is the spatial coordinate perpendicular to the fracture
plane {L}. Note that (2-8) assumes one-dimensional diffusive transport perpendicular to
the orientation of the fracture planes. The matrix retardation coefficient, R′, describes the
adsorption of solute within the matrix, as follows:
R' = 1 +

ρb
Km
θ
(2-9)

where ρb is the dry bulk density of the matrix {M/L3} and Km is the porous matrix
distribution coefficient {L3/M}.
The final form of the partial differential equation governing contaminant transport
in the fracture is obtained by substituting (2-6) into (2-1), which gives:
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2θD' ⎛ ∂c' ⎞
∂c v ∂c D z ∂ 2 c D y ∂ 2 c
=0
+ λc −
−
−
+
⎜ ⎟
2
2
R (2b) ⎝ ∂x ⎠ x =b
R ∂y
∂t R ∂z R ∂z

0≤ z≤∞
0≤ y≤H
0≤ x≤b

(2-10)
The initial and boundary conditions for (2-10) are given as:

c( x, y, z ,0) = 0
(2-11a)

c ( x , y , ∞, t ) = 0
(2-11b)
c( x, y,0, t ) = cO e

−γt

δ ( y − y' )
(2-11c)

∂c
( x,0, z , t ) = 0
∂y
(2-11d)
∂c
( x, H , z , t ) = 0
∂y
(2-11e)
The initial and boundary conditions for (2-8) are provided below:
c' ( x, y, z ,0) = 0
(2-12a)
c' (b, y, z , t ) = c(b, y, z , t )
(2-12b)
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∂c'
(T , y, z , t ) = 0
∂x
(2-12c)
Note that (2-12b) expresses the coupling relationship between the fracture and the
matrix at the fracture-matrix interface, and (2-11c) allows for first order decay of the
source concentration. In (2-12b) the value b represents the half-aperture of the fracture.
A constant concentration source is provided by setting γ = 0.
2.4 Solutions

For a Green’s function approach, a solution is first derived for a point source
boundary condition, followed by integration with respect to a finite width source zone
(width 2B in Figure 2.1 and Figure 2.2). The solutions in this paper are developed by
first deriving a Laplace transformed solution integrated with respect to the finite width
source zone, followed by numerical inversion of the Laplace transformed solution. This
approach is accomplished by using boundary condition (2-11c). The use of the Dirac
delta function, δ(y - y′), in (2-11c) seemingly yields inconsistent dimensions of {ML-4}
for the source zone concentration; this apparent inconsistency is resolved through the
direct integration of the transformed solution with respect to y′. Further details on this
approach are presented in Appendix A.
The derivations of the transient and steady-state solutions are provided in
Appendix A. The general transient solutions to (2-5) and (2-10) are derived using
Laplace and Fourier integral transforms. The governing partial differential equations are
transformed into ordinary differential equations using Laplace and finite cosine Fourier
20

transforms, and solved for concentration in both the fracture and the matrix in Laplace
and Fourier transform space. Note that the finite cosine Fourier transform is
mathematically more convenient than the exponential Fourier transform, but requires a
finite domain (H) and boundary conditions (2-11d) and (2-11e) to complete the boundary
value problem. With respect to the solution procedure, the inverse finite cosine Fourier
transform is subsequently applied to the transformed concentration, followed by
integration along the y-direction with respect to source zone geometry. The Laplace
transformed transient solutions for the fracture and the matrix are then solved using a
numerical inversion algorithm for Laplace transformed solutions.
For the purpose of brevity, only solutions for the fracture are presented in this
section. The solutions for the matrix, and definitions for terms G and Q, are presented in
Appendix A. The transient solution for the fracture in Laplace space is given by (2-13),
while the transient solution for the matrix is given by (A17):
c ( x, y , z , p ) =
⎛ vz
2 Bc0
exp⎜⎜
H(p + γ )
⎝ 2Dz

+

⎛ vz
2c 0
exp⎜⎜
( p + γ ) ⎝ 2 Dz

⎫⎪
⎧⎪
⎞
R
v2
R
⎟⎟ exp⎨− z
( p + λ) +
GQ p + λ ⎬
+
2
Dz
4Dz Dz
⎪⎭
⎪⎩
⎠
⎞∞ 1
⎛ nπ y ⎞ ⎡ ⎛ nπ
⎟⎟∑
(D1 + 2 B )⎞⎟ − sin⎛⎜ nπ (D1)⎞⎟⎤⎥
cos⎜
⎟ × ⎢sin ⎜
⎠⎦
⎝H
⎠
⎝ H ⎠ ⎣ ⎝H
⎠ n =1 nπ

⎧⎪
Dy
v2
× exp⎨− z
+
2
4 Dz Dz
⎪⎩

⎛ n 2π 2
⎜⎜
2
⎝ H

⎫⎪
⎞ R
R
⎟⎟ +
( p + λ) +
GQ p + λ ⎬
Dz
⎪⎭
⎠ Dz
(2-13)
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The steady-state solution for the fracture is given by (2-14), while the steady-state
solution for the matrix is given by (A20):
c ( x, y , z , ∞ ) =
⎛ vz
2 Bc0
exp⎜⎜
H
⎝ 2Dz

⎧
⎛ R' λ
⎞ ⎞ ⎫⎪
⎞
v2
R ⎛⎜
⎪
⎜
⎟ λ ⎟⎬
⎟⎟ exp⎨− z
(
)
λ
tanh
T
b
G
+
+
−
2
⎜ D'
⎟ ⎟
⎜
D
4
D
z
⎠
z
⎝
⎠ ⎠ ⎪⎭
⎪⎩
⎝

⎛ vz
+ 2c0 exp⎜⎜
⎝ 2 Dz

⎞∞ 1
⎛ nπ y ⎞ ⎡ ⎛ n π
⎟⎟∑
(D1 + 2 B )⎞⎟ − sin⎛⎜ nπ (D1)⎞⎟⎤⎥
cos⎜
⎟ × ⎢sin ⎜
⎠⎦
⎝H
⎠
⎝ H ⎠ ⎣ ⎝H
⎠ n =1 nπ

⎧
D y ⎛ n 2π 2
v2
⎪
⎜⎜
× exp⎨− z
+
2
2
D
4
D
z ⎝ H
z
⎪⎩

⎛ R' λ
⎞ ⎞ ⎫⎪
⎞ R ⎛⎜
⎟⎟ +
(
λ + G tanh⎜⎜
T − b )⎟⎟ λ ⎟ ⎬
⎟
⎠ D z ⎜⎝
⎝ D'
⎠ ⎠ ⎪⎭
(2-14)

2.5 Testing

The transient solution (2-13) was verified against two existing analytical
solutions, which are actually special cases of the transient solution. Figure 2.4 presents
the comparison of the transient solution to the analytical solution for a finite strip source
in porous media derived by Batu (1989). The comparison was made for the special case
of no diffusive mass loss into the matrix. In Figure 2.5, the transient solution was
compared to the infinite source parallel fracture model derived by Sudicky and Frind
(1982). The data match was achieved by assigning a transverse dispersion equal to zero.
The match of the output from this solution to the previously published solutions of Batu
(1989, pg 1130, Fig 4) and Sudicky and Frind (1982, pg 1640, Fig 4) is excellent.
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Figure 2.4. Comparison of analytical solution to previously published results of Batu (1989). Input
parameters are v = 0.1 m/day, Dz = 1 m2/day, Dy = 0.1 m2/day, D′ = 0 m2/day, R = 1, t = 100 days, γ = λ = 0
days-1, 2B = 10 m, D1 = 5 m, and D2 = 35 m. Note that the longitudinal coordinate was originally denoted
as x by Batu (1989).
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Figure 2.5. Comparison of analytical solution to previously published results of Sudicky and Frind (1982).
Input parameters are v = 0.1 m/day, 2T = 0.1 m, 2b = 100 μm, θ = 0.01, τ = 0.1, αL = 0.1 m, αT = 0 m, Do =
1.6 × 10-9 m2/s, t1/2 (λ) = 12.35 yrs, γ = 0 days-1, R = 1.0, R′ = 1.0, 2B = 100 m, D1 = D2 = 100 m.
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The subject boundary value problem incorporates one-dimensional diffusion into
the rock matrix. In practice, diffusion into the matrix will be a three-dimensional process
with longitudinal and transverse components. As such, it is expected that the subject
solutions may limit mass-transfer from the fracture to the matrix, resulting in a bias
towards over-estimating fracture concentrations. The numerical model Frac3dvs4
(Therrien and Sudicky, 1996) was employed in an effort to quantify the bias associated
with the assumption of one-dimensional matrix diffusion compared to three-dimensional
diffusion, and to assess the computational effort of the analytical solution compared to
that of a numerical solution. The following input parameters were considered for both
the numerical solution and (2-13): co (initial concentration) = 1100 mg/L, ∇ h (hydraulic
gradient) = 0.005, αL = 0.3 m, αT = 0.03 m, Do = 1.0 × 10-9 m2/s, τ = 0.2, 2T = 1.42 m, 2b
= 140 μm, θ = 0.077, ρb= 2.49 g/cm3, Koc = 126 ml/g, foc = 0.0036, R = 1.0, γ = λ = 0 yrs1

, and 2B = 1 m. The values of D1 and D2 were varied for the numerical solution to

minimize the influence of the transverse boundary conditions. Using n = 20,000, (2-13)
was solved for 10 spatial values at t = 0.5 years, and required 1.5 Mb of RAM and 19.2
seconds of processor time on a PC with a 1.9 GHz processor. The domain for the
numerical solution was discretized into 101 longitudinal nodes, 72 transverse nodes (20
m wide domain) and 41 vertical nodes. To arrive at a solution for t = 0.5 years, the
numerical model required 127 Mb of RAM and 212,418 seconds (59.0 hours) of
computer processor time on a 2.2 GHz processor. Through successive grid refinement it
was realized that the numerical solution requires significantly finer grid discretization
than that noted above to achieve an accurate converged solution. It was concluded from
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this exercise that it is impracticable to utilize a numerical model to assess the bias
associated with the one-dimensional diffusion assumption, and that the newly developed
analytical solution is virtually instantaneous with respect to computer run-time compared
to the numerical model.
2.6 Behaviour and Convergence

The convergence of the transient solution was investigated using a fixed set of
parameters, and by varying the source width (2B), domain width (H), and the number of
terms (n) utilized to approximate the infinite summation. In general, the solution
converges from the far field toward the near field for an increasing number of terms in
the summation, and the convergence is a function of 2B, H and n. For 2B/H = 0.1, the
solution converges with a relative error of less than 0.25% at 10 m and a relative error of
less than 2.93% at 1 m for n = 500 terms; increasing n to 1000 terms greatly reduces
relative errors to less than 0.0005% for z ≥ 3 m. For 2B/H = 0.001, the solution
converges with a relative error of less than 1.4% at 10 m and a relative error of less than
17.9% at 1 m for n = 5000 terms; using n =10,000 for 2B/H = 0.001 yields a relative error
of less than 0.0001% at 10 m and a relative error of less than 0.03% at 1 m. For very
small ratios of 2B/H, many thousands of terms may be required to achieve a highly
accurate near field solution. Using n = 20,000 for a broad range of 2B/H (0.0001 to 0.1)
produces relative errors of less than 0.0001% for z ≥ 1 m. To assess computer processor
time, (2-13) was implemented in Fortran 90 and executed on a PC equipped with an
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AMD Athlon 1.9 GHz processor with 1.0 GB of RAM; approximately 1.9 seconds is
required to calculate each concentration output when using n = 20,000.
An additional property of the transient and steady-state solutions is evident as the
ratio of 2B/H approaches 1. In this case, the values of D1 and D2 approach zero and the
argument of the sine function in the dispersive-summation component approaches nπ,
and subsequently, the dispersive-summation component approaches zero. For the case of
2B/H = 1, the solution reduces to the Laplace transformed solution derived by Sudicky
and Frind (1982).
2.7 Example Simulations
2.7.1 Input Parameters

Example simulations are presented to examine the influence of source width,
dispersivity, source zone decay and aqueous phase decay on solute transport in the
fracture and the matrix. All examples utilize input parameters characteristic of a bedded
sandstone impacted by trichloroethylene (TCE). The input parameters for the example
simulations are summarized in Table 2.1. It is appreciated that actual source zones can
range in width from several centimeters for a natural-gradient well tracer experiment or
individual occurrences of residual and pooled non-aqueous phase liquid (NAPL), to tens
of meters or greater for the entire source at a contaminated site; hence, a source width of
1 m is arbitrarily utilized for many examples to emphasize the effect of finite source
width and transverse dispersivity on plume development. The selection of αz = 0.3 m is
somewhat arbitrary and the ratio αz/αy = 10 is used in most examples. The input values
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utilized here are not meant to represent an exhaustive investigation of each parameter, but
rather have been chosen to illustrate the influence of the novel aspects of the developed
analytical solution (i.e., a finite source width and incorporation of transverse dispersivity
in the fractures). Each example was inspected to ensure that the solute plume did not
contact the transverse boundaries of the domain, as the simulation of a transverse
reflection boundary in the fracture plane is not the focus of this work. An n value of
20,000 was sufficient to achieve less than 0.0001% error (relative to the converged
solution) for z ≥ 1 m.

Table 2.1. Summary of base case input parameters
Description
Initial source concentration
Hydraulic gradient
Longitudinal dispersivity
Transverse horizontal dispersivity
Free water diffusion coefficient
Tortuosity
Fracture spacing
Fracture aperture
Matrix porosity
Matrix dry bulk density
Organic carbon partition coefficient
Fraction organic carbon content
Fracture retardation coefficient
Source decay constant
Solute plume decay constant
Source width
Domain configuration
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Parameter
co
∇h
αz
αy
Do
τ
2T
2b
θ
ρb
Koc
foc
R
γ
λ
2B
H
D1
D1

Value
1100 mg/L
0.005
0.3 m
0.03 m
1.0 × 10-9 m2/s
0.2
1.42 m
140 μm
0.077
2.49 g/cm3
126 ml/g
0.0036
1.0
0 yrs-1
0 yrs-1
1m
1000 m
499.5 m
499.5 m

2.7.2 Effect of Source Width

The influence of the finite source zone width on transient plume development is
presented in Figure 2.6, which compares break-through curves along the centerline of the
plume for different source widths at a point 100 m down-gradient from the source. For
the selected set of input parameters, source widths of 15 m or greater generated the same
break-through curves. Figure 2.6 illustrates that source widths less than 15 m
experienced an attenuated concentration front due to transverse dispersion, with narrow
source widths (e.g. 1 m or 2 m) exhibiting significantly reduced concentrations relative to
the wider source zones. The profile curves in Figure 2.7 depict the influence of source
width on steady-state behaviour within the fracture. Although break-through curves at z
= 100 m were similar for 2B ≥ 15 m in Figure 2.6, this observation cannot be extended to
the profile curves of Figure 2.7, where the source width has a significant effect on the
steady-state profile. It should be noted that the seemingly horizontal component of the
steady-state profile illustrated in Figure 2.7 is actually a steadily decreasing
concentration. However, for the special case of 2B/H = 1 (Sudicky and Frind, 1982) and
no aqueous phase decay, the steady-state profile is a horizontal line, indicating that the
source concentration has propagated throughout the solution domain.
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Figure 2.6. Effect of source width on plume development along plume centerline at z = 100 m using
parameters from Table 2.1.
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Figure 2.7. Effect of source width on steady-state plume behaviour using parameters from Table 2.1.
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2.7.3 Effect of Dispersivity

From Figure 2.6 and Figure 2.7, and comparison to the aforementioned behaviour
of the Sudicky and Frind (1982) steady-state solution, it was observed that the source
width has a strong influence on plume development that can be attributed, in part, to the
presence of transverse dispersion. Figure 2.8 examines the influence of longitudinal and
transverse dispersivity on break-through at a point 100 m down-gradient from a 1 m wide
source. A longitudinal dispersivity of 0.3 m and transverse dispersivity of 0.03 m
correspond to the base-case values adopted in Figure 2.6 and Figure 2.7. An increase in
transverse dispersivity from 0.03 m to 0.3 m yields a 3 fold decrease in down-gradient
concentration. An increase in both longitudinal and transverse dispersivity from the
base-case values to 1.0 m and 0.1 m, respectively, produced a 43% reduction in
concentration. Clearly, the prediction of solute concentrations for narrow source widths
is strongly influenced by longitudinal and transverse dispersivity.
80
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Figure 2.8. Effect of longitudinal and transverse dispersivity on plume development along the centerline of
the plume at z = 100 m using parameters from Table 2.1.
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The transient plume dependence on dispersivity is also significant for steady-state
plumes, as observed in Figure 2.7. If the variations in dispersivity from Figure 2.8 are
applied to Figure 2.7, similar relative reductions in concentration are observed at a point
100 m down-gradient from the source, however, the magnitude of deviation in the steadystate concentrations is much greater. Dispersivity is a significant input parameter for
both transient and steady-state plume development. Finally, if the solute decay term (λ)
is set to zero in (2-13) and (2-14) the matrix properties are negated and do not contribute
to the solution. In this case, transverse dispersivity is the only mechanism that
meaningfully contributions to transient plume evolution and steady-state plume
formation.
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Figure 2.9. Effect of longitudinal and transverse dispersivity on steady-state plume development along the
centerline of the plume using parameters from Table 2.1.
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2.7.4 Comparison to Previously Published Models

Figure 2.6 through Figure 2.9 have revealed the significance of source width and
dispersivity for solute transport in a discrete fracture with two-dimensional dispersive
transport and matrix diffusion. Figure 2.10 compares profile curves for (2-13) with the
solutions of Batu (1989) and Sudicky and Frind (1982) for the Table 2.1 input parameters
at t = 10 years; a source width of 1 m was used for all three solutions. The Batu (1989)
solution represents the case where there is no diffusion into the matrix, and the Sudicky
and Frind (1982) solution neglects transverse dispersion. Note that using either a
transverse dispersivity of zero or 2B/H = 1 will yield the same near field and far field
results, with a minor deviation in the very near field (0.6% relative error at 1 m downgradient). From Figure 2.10 it is observed that (2-13) varies significantly from both
Sudicky and Frind (1982) and Batu (1989). The comparison demonstrates that both
transverse dispersion and matrix diffusion are relevant transport mechanisms; however,
the influence of matrix diffusion on plume attenuation is more significant, as evidenced
by the 1 mg/L concentration datum; the position for (2-13) is retarded by several orders
of magnitude compared to the same contour for Batu (1989).
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Figure 2.10. Comparison of solutions for sandstone data for t = 10 years, using parameters from Table 2.1.

2.7.5 Transient Plume Development

Transient profile curves are exhibited in Figure 2.11 for one order of magnitude
increases in time. It was observed for a 1 m source width that a large amount of time is
required for the plume to reach steady-state. Even when considering the 100 mg/L
concentration datum, steady-state is achieved for a time in excess of 1,000 years.
Furthermore, the time to reach steady-state would be exacerbated by increasing the
source zone width.
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Figure 2.11. Transient behaviour of plume for 1 m wide source, using parameters from Table 2.1.

2.7.6 Solute Transport in the Fracture

Figures 2.5, 2.7 and 2.9 depict contaminant transport in the fracture for an infinite
source mass (constant concentration) with no decay mechanisms. This assumption, while
instructive, may not be appropriate in all case of practical interest. Figures 2.12 to 2.14
present a series of curves illustrating the effect of both source and aqueous phase decay
rates. The decay mechanisms are meant to represent a multitude of possible mass
destruction or species transformation processes (e.g., source zone dissolution, chemical
oxidation, bioremediation, biotransformation, et cetera).
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Figure 2.12. Effect of source and aqueous phase decay on break-through curves at 100 m along fracture,
using parameters from Table 2.1.
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Figure 2.13. Profile curves in fracture for source decay half-life of 3 years, using parameters from Table
2.1.
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Figure 2.14. Profile curves in fracture for source decay half-life of 3 years and aqueous phase decay halflife of 5 years, using parameters from Table 2.1.

Figure 2.12 exhibits concentration break-through curves at a point 100 m downgradient from the source for three cases of interest: (i) no decay mechanisms, (ii) source
decay half-life of 3 years and no aqueous phase decay, and (iii) source decay half-life of
3 years and aqueous phase decay half-life of 5 years. The effects of decay mechanisms
are immediately evident when compared to the case of no decay. When inspecting the
case of source decay only, the contribution of back-diffusion yields persistent low-level
concentrations in the fracture. However, the application of a modest aqueous phase
decay constant reduces the lifespan of the 10 μg/l concentration datum from
approximately 3500 years to less than 70 years.
Figure 2.13 presents concentration profile curves in the fracture for a source zone
decay half-life of 3 years and no aqueous phase decay. Although the source is practically
depleted at 40 years, the transient contribution of back-diffusion is readily observed at
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100 and 1,000 years. The additional influence of aqueous phase decay is clearly depicted
in Figure 2.14, where concentrations in the fracture achieve 5 μg/l at 60 years.
2.7.7 Solute Transport in the Matrix

Figure 2.15 presents concentration contours in the y-z plane at a time of 10 years
for cases with and without matrix diffusion. The 1 mg/L concentration contour for the
case of no matrix diffusion extends approximately 20,000 m in the direction of flow,
while the case of matrix diffusion attenuates the contour to less than 80 m. It is clear that
a significant amount of mass has diffused into the matrix and is available for back
diffusion if concentration gradients at the fracture wall are reversed.
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Figure 2.15. Comparison of two-dimensional plume development with and without matrix diffusion for t
=10 yrs, using parameters from Table 1. Note that the ratio of longitudinal scale (along Z) to transverse
scale (along Y) is not 1:1 for each case.

Transient concentrations in the rock matrix can be examined using (A17) and
(A20). Figure 2.16 plots concentration in the matrix, at z = 20 m, for the case of no decay
and a 1 m source width. At this location (z = 20 m) the solute storage capacity of the
matrix is not fully realized until times in excess of 1000 years. The effect of source
decay is presented in Figure 2.17, and the combined effect of source and aqueous phase
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decay are plotted in Figure 2.18. While a depleted source significantly reduces matrix
concentrations in Figure 2.17 (c.f., Figure 2.16), the additional influence of aqueous
phase decay is markedly drastic, as matrix concentrations are below 5 μg/l at
approximately 60 years (see Figure 2.18).
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Figure 2.16. Concentration in matrix at z = 20 m with no decay, using parameters from Table 2.1.
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Figure 2.17. Concentration in matrix at z = 20 m for source decay half-life of three years, using parameters
from Table 2.1.

39

Concentration (mg/L).

100
1 yr

10

10 yrs
1
0.1

40 yrs

0.01

60 yrs

0.001
0

0.71

1.42

Distance into matrix (m)
Figure 2.18. Concentration in matrix at z = 20 m for source decay half-life of three years and aqueous
phase decay half-life of 5 years, using parameters from Table 2.1.

2.8 Conclusions

Transient and steady-state analytical solutions are derived to evaluate solute
transport in a discretely fractured porous medium, with the novel inclusion of a finite
width strip source and transverse dispersion in the governing equation for the fracture.
Additional transport processes include advection, longitudinal dispersion, sorption, onedimensional matrix diffusion, source decay and aqueous phase decay. Solutions (2-13)
and (2-14) were verified for simplified cases against analytical solutions derived by Batu
(1989) and Sudicky and Frind (1982).
An attempt was made to quantify the conservative error associated with assuming
one-dimensional matrix diffusion relative to fully three-dimensional matrix diffusion.
The three-dimensional case was investigated using the numerical solution Frac3dvs4
(Therrien and Sudicky, 1996). It was concluded that an accurate numerical solution
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would require excessive amounts of computer processor time. In contrast, the semianalytical solutions derived herein will compute solutions with processor times on the
order of seconds for practical problems of interest.
The influences of source width, dispersivity, matrix diffusion, source decay and
aqueous phase decay on plume evolution were examined using data representative of a
bedded sandstone deposit impacted by TCE. In general, decreasing the source width
reduces the down-gradient transient and steady-state concentrations, and small variations
in source width produce large variations in concentration. Likewise, order of magnitude
changes in dispersivity, either transverse or longitudinal and transverse, produce large
variations in down-gradient concentrations for the examples investigated. Figure 2.7 and
Figure 2.9 demonstrate that steady-state plumes can develop in fractured rock in the
absence of source and solute decay mechanisms (i.e., only considering advectivedispersive processes). Based on the potential sensitivity of plume evolution to variations
in transverse dispersivity at sites where decay mechanisms are absent, it would be
prudent to obtain site specific measurements of dispersivity values rather than assume
that fracture dispersivity is unpredictable and should simply be discounted.
When comparing (2-13) to Batu (1989) the predicted plume development is
markedly different. The two-dimensional solution of Batu (1989) neglects matrix
diffusion processes, and consequently, drastically accelerates the rate of plume growth
relative to (2-13). The Sudicky and Frind (1982) solution omits transverse dispersion and
over-predicts plume growth relative to (2-13). In the absence of solute decay, the
solution by Sudicky and Frind (1982) cannot generate a steady-state plume as transverse
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dispersivity is neglected in the boundary value problem. However, for sufficiently wide
source zones and relatively small values of transverse dispersivity, the solution by
Sudicky and Frind (1982) will produce the same result at (2-13).
Diffusive processes in the matrix significantly retard solute transport, and greatly
attenuate the plume growth. In the absence of decay, the back-diffusion process is a
long-term source of low concentration contamination in the fracture. Examination of the
influence of source and aqueous phase decay mechanisms highlights the fact that
degradation results in back-diffusion being mitigated, and illustrates that contaminating
life-spans are potentially reduced by many hundreds of years compared to scenarios
absent of degradation.
2.9 Notation

c

Concentration in the fracture, {M/L3}

c

Laplace transformed concentration in the fracture, {M/L3}

c′

Concentration in the matrix, {M/L3}

c'

Laplace transformed concentration in the matrix, {M/L3}

co

Initial source concentration, {M/L3}

Dz

Longitudinal dispersion, {L2/T}

Dy

Transverse dispersion, {L2/T}

Do

Free water diffusion coefficient, {L2/T}

D′

Effective coefficient of diffusion, {L2/T}

D1

Domain parameter, defined in Figure 1(c), {L}
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D2

Domain parameter, defined in Figure 1(c), {L}

foc

Fraction organic content

ℑc

Finite cosine Fourier transform operator

ℑc−1

Finite cosine Fourier inverse transform operator

G

Defined in Appendix ‘A’ in equation (A3)

H

Width of domain, H = D1 + 2B + D2, {L}

Kf

Fracture distribution coefficient, {L}

Km

Porous matrix distribution coefficient, {L3/M}

Koc

Organic-carbon partition coefficient, {L3/M}

L

Laplace transform operator

L-1

Laplace inverse transform operator

m

Defined in Appendix ‘A’ in equation (A4)

p

Laplace transformed variable

q

Source or sink term, {M/L2T}

Q

Defined in Appendix ‘A’ in equation (A7)

R

Fracture retardation coefficient

R′

Matrix retardation coefficient

t

Time variable, {T}

t1/2

Solute half-life, {T}

x

Vertical transverse spatial coordinate, {L}

y

Horizontal transverse spatial coordinate, {L}

z

Longitudinal spatial coordinate, {L}
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2b

Fracture aperture, {L}

2B

Source width, {L}

2T

Fracture spacing, {L}

αx

Longitudinal dispersivity, {L}

αy

Transverse horizontal dispersivity, {L}

∇h

Hydraulic gradient

γ

Source decay constant , {1/T}

λ

Solute plume constant , {1/T}

ρb

Matrix dry bulk density, {M/L3}

τ

Tortuosity

θ

Matrix porosity
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Chapter 3
Influence of Source Zone Concentration Reduction on Aged
Plumes in Fractured Rock

3.1 Abstract

The influence of source zone concentration reduction on solute plume response in
fractured rock was investigated using new semi-analytical solutions to transient solute
transport in the presence of advection, dispersion, sorption, matrix diffusion, and firstorder decay. Novel aspects of these solutions are (i) the source zone concentration
behaviour is simulated using a steady-state constant concentration with the option for an
exponentially decaying source zone concentration initiated at some later time (t*) after the
source is introduced, and (ii) differential biodegradation in the fracture and contiguous
matrix. These solutions were applied to a well characterized sandstone site and revealed
that biodegradation in the matrix, and not the fracture, may be the most significant
attenuation mechanism in fractured rock domains. Also, instantaneous and complete
source concentration reduction in aged plumes may not be beneficial with respect to
plume response in diffusion-dominated domains. Although plume response to a source
undergoing exponentially decaying concentrations is complex and highly dependent on
the relative source decay half-life, matrix decay half-life, and t*, there may be a
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opportunity to optimally balance the source decay rate with the attenuation potential of
matrix.
3.2 Introduction

After several years of passive and active treatment of dense non-aqueous phase
liquid (DNAPL) source zones, investigators have begun to evaluate what effect source
zone treatment has on aqueous phase contaminant mass flux and plume response (e.g.
Sale and McWhorter, 2001; Saenton et al., 2002; Rao and Jawitz, 2003; Parker and Park,
2004; Falta et al., 2005a; Jawitz et al., 2005; Fure et al., 2006; Basu et al., 2008; West et
al., 2008). Particularly important dialogue has evolved over the value of partial source
mass removal, how aggressively the source should be treated, and the potential ly
complicating influences of geologic heterogeneity and source zone architecture
(Kavanaugh et al., 2003; Fountain et al., 2005). Several metrics can be used to assess the
potential benefits of source zone treatment, including plume recession and detachment
times. The plume recession time is defined as the length of time following source
treatment that the leading edge of the plume begins to recede due to mass destruction
processes (e.g., biodegradation). The plume detachment time is defined as the length of
time following source treatment that the trailing edge of the plume passes (i.e., detaches
itself from) a particular monitoring point of interest located downgradient of the source
zone. In these definitions, the bounding edges of the plume correspond to a specified
concentration such as a drinking water standard, or other regulatory derived value.
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Mathematical modelling is often employed to elucidate transport and remediation
processes in the subsurface environment (e.g. Anderson and Woessner, 1992; Batu, 2006;
Kresic, 2006). While complex multi-phase numerical simulations have the greatest
resolution for assessing questions of performance and benefit in complex domains, they
can be limited in applicability due to computational run-time demands. In contrast to this,
analytical solutions can be highly efficient, but are generally limited to simpler domains
with homogeneous, isotropic properties. An example of the latter is the work by Falta et
al. (2005a) who developed a complex analytical source function for NAPL source
dissolution and remediation. In the foregoing study, the authors express source
concentration as a function of source mass, and then subsequently couple (Falta et al.,
2005b) the source function expression to the Domenico (1987) expression for solute
transport. Although the source concentration response to source mass reduction can be
highly variable (e.g., Parker and Park, 2004), Falta et al. (2005a) describe a special case
where source concentration is linearly proportional to source mass, and both source mass
and source concentration simultaneously exhibit an exponential decaying behaviour. This
behaviour has been observed in both field studies (e.g. McGuire et al., 2006; Newell et al.,
2006) and numerical modelling studies (e.g. Parker and Park, 2004). In an extensive
review of DNAPL sites undergoing natural attenuation, Newell et al. (2006) reported
downgradient source concentration half-life values from as low as 0.7 years for PCE to
constant (or even increasing) concentrations for TCE. Upon inspection, similar ranges in
concentration behaviour are observed for sites subject to active source zone treatment
(McGuire et al., 2006, Figures 1 and 3).
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The aforementioned analytical solution studies have been conducted for porous
media domains, and while highly valuable, the applicability of these studies to fractured
rock is uncertain due to the presence of discrete flow pathways and the presence of
matrix diffusion. The matrix diffusion process was first examined in a hydrogeology
context by Foster (1975), and has since been discussed by a number of authors including
Goodall and Quigley (1977), Tang et al. (1981), Sudicky and Frind (1982), Germain and
Frind (1989), McKay et al. (1993), Mutch et al. (1993), Parker et al. (1994), Lipson et al.
(2005), and Mundle et al. (2007). One implication of matrix diffusion is that the majority
of the solute in fractured bedrock may be located within the rock matrix as a result of
many years of forward diffusion and not in the open fractures where the majority of
ground water flow occurs. A second implication of matrix diffusion is that the velocity of
dissolved plume migration in fractured bedrock may be significantly less than the
velocity of ground water. The bedrock matrix acts as a solute sink (or source),
continuously removing solute from ground water flowing through fractures as the plume
advances. A third implication of matrix diffusion is that the life-span of residual and
pooled DNAPL in certain rock types is governed by the rate at which the DNAPL
dissolves and diffuses directly into the rock matrix, not the rate at which it dissolves into
flowing ground water within fractures (Parker et al., 1994). A fourth implication of
matrix diffusion is that plume detachment and recession times may be governed by the
rate at which contaminants will diffuse back from the rock matrix, not by the degree of
source mass removal.
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In addition to advection, dispersion, sorption and matrix diffusion, plume
behaviour in fractured bedrock can be influenced by biodegradation processes in both the
open fractures and the rock matrix. Tang et al. (1981) proposed that matrix degradation
rates were similar to the fracture for radioactive species. While likely accurate when
simulating nuclear waste scenarios, one questions how appropriate this assumption is to
non-radioactive species such as chlorinated solvents and petroleum constituents. In
particular, is biodegradation in the matrix a viable treatment process and is prolonged
biodegradation in the matrix sustainable? During injection experiments with sandstone
cores, Kalish et al. (1964) observed permeability reductions due to bacterial clogging. It
was concluded that significant clogging was limited to 5 or 6 inches (0.15 m) in high
permeability sandstone, while low permeability cores had clogging zones less than 2
inches (0.05 m). It was also noted that smaller bacteria fully penetrated the 4 inch (0.1
m) cores, and bacteria whose size is similar to, or less than, the formation pore size can
potentially penetrate considerable depths. Charbonneau et al. (2006) conducted radial
diffusion experiments with a conservative tracer in dolostone cores and found that
biofilm formed within the rock matrix, reducing the effective porosity. Due to nonuniqueness issues, the depth of biofilm penetration could not be explicitly ascertained,
but was surmised to fully penetrate the 16 mm sample thickness. In other work, Yu and
Pinder (1994) and de Beer et al. (1997) observed significant reductions in effective
diffusivity for various solutes due to biofilm formation.
Although bacterial penetration of the matrix has been demonstrated, the
aforementioned studies suggest that biomass, and hence active bioremediation, might
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only be sustainable in a fraction of the matrix. In terms of geology, the region of
sustainability would depend on local porosity, the size of pore throat openings, and the
degree of interconnection between pore throats. Arguably, the matrix zone in the vicinity
of the fracture-matrix interface would be most habitable in this regard, but dispersed
heterogeneous biomass distribution is also conceivable. To complicate matters further,
one can surmise that once the biomass has matured, the flux of substrates and nutrients
into the matrix will diminish, as will the rate of bacterial migration. Furthermore, it has
been reported that 20% of biomass can be recalcitrant (Criddle et al., 1991), potentially
reducing interfacial mass flux. As a conservative approach, it seems reasonable to
consider the case where matrix decay rates are less than in the fractures, which are the
primary transport pathways for substrates, nutrients, and bacteria.
The objective of this study is to evaluate the influence of time-variant source
treatment on plume detachment and recession times in fractured bedrock subject to
matrix diffusion. Based on the findings of McGuire et al. (2006) and Newell et al. (2006)
for sites impacted by chlorinated solvents, source zone treatment is represented
mathematically by three different generic concentration versus time functions: (i) a
‘Type A’ constant concentration source that does not experience a change in
concentration due to natural dissolution or active remediation; (ii) a ‘Type B’ source that
utilizes a constant concentration until time t* following which concentrations are
immediately reduced to zero (complete source elimination); and (iii) a ‘Type C’ source
that utilizes a constant concentration until time t* following which concentrations decay
exponentially. To aid in performance evaluation, three new transient semi-analytical
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solutions are presented for reactive solute transport in fractured media that incorporate
Type A, B and C source zone functions. The new solutions are based on previously
published derivation strategies; as such, this work emphasizes the utilization of novel
source boundary conditions to evaluate plume response rather than derivation techniques.
The solutions for fractured media are presented for both the fracture and matrix, and
utilize different first-order biodegradation rates in the fracture and the matrix. An
additional solution is presented for the case of a fractured domain with negligible matrix
diffusion. The numerical model HydroGeoSphere (Therrien et al., 2006) was utilized to
test the solutions for steady-state and transient conditions.
3.3 Problem Formulation
3.3.1 Physical Problem of Interest

The physical problem of interest is conceptualized here as a set of parallel,
equally spaced fractures in bedrock (Figure 3.1 and Figure B.1 in Appendix B).
Conceptually, the source zone comprises fractures containing residual and/or pooled
DNAPL that is dissolving into flowing ground water, but is implicitly represented by a
strip source of specified concentration: it has a specified width (y-direction) and height
(z-direction) perpendicular to the direction of ground water flow. Steady-state ground
water flow occurs within the fractures along the x-direction. Monitoring wells are
placed downstream of the source zone that sample water from the fractures, thereby
characterizing the concentration history of the source and the transient evolution of the
solute plume. The plume migrates through the fractures subject to advection, dispersion
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(two-dimensional within the fracture plane), biodegradation, equilibrium reversible
sorption to fracture walls, and diffusion into the rock matrix. Processes in the rock
matrix include diffusion (one-dimensional orthogonal to the fracture planes), equilibrium
reversible sorption to grain surfaces, and biodegradation. The biodegradation half-life of
solute in the fractures can differ from the biodegradation half-life in the matrix.
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Porous
rock
matrix

Fracture

Source

B

MW

MW

MW

Monitoring Well
Figure 3.1. Physical problem of interest. Figure A is a three-dimensional conceptualization depicting finite
width source at inflow to set of parallel, equally spaced fractures. Figure B is a two-dimensional vertical
cross section in the x-z plane depicting solute plume subject to matrix diffusion and monitoring wells
sampling fracture pore water.
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To improve the applicability of this study to real sites, the rock properties adopted
in this study are based on those examined by Lipson et al. (2005). The bedrock of
interest is located in the northeastern United States and is mapped as the Triassic New
Haven Arkose “redbeds” (Rogers, 1985). Bedrock core samples discussed by Lipson et
al. (2005) generally consist of medium to coarse-grained, feldspathic sandstone;
conglomerate; silty, fine sandstone; and siltstone. Fractures are predominantly parallel to
the sub-horizontal bedding of the arkose. The average fracture and matrix properties
presented by Lipson et al. (2005) are used in this study and are provided in Table 3.1.
Table 3.1. Base case parameters for fractured porous media(1)
Parameter
Initial source concentration
Source zone width
Hydraulic gradient
Fracture aperture
Fracture spacing
Bulk hydraulic conductivity
Fracture aqueous phase decay half-life
Fracture retardation factor
Fracture longitudinal dispersivity
Fracture transverse dispersivity
Matrix aqueous phase decay half-life

Symbol & Unit
Co (mg/L)
2B (m)
∇h
2b (µm)
2T (m)
Kbulk (m/s)
T1λ/ 2 (yrs)
R
αL (m)
αTH (m)
T1λ/ 2' (yrs)
θ’
foc
ρb (g/cm3)
τ
Do (m2/s)
Koc (ml/g)
R’
H (m)

Value
789
20
0.005
140
1.42
1.58 × 10-6
15
1.0
1.0
0.1
15

Matrix porosity
0.077
Matrix fraction organic carbon
0.0036
Matrix dry bulk density
2.49
Matrix tortuousity
0.2
TCE free-water diffusion coefficient
1.0 × 10-9
TCE organic carbon partition coefficient
126
Matrix retardation factor
15.7(2)
Domain width
Variable(3)
(1)
Parameters from Lipson et al., (2005)
(2)
R’ = 1 + (ρb/θ’)Kocfoc
(3)
H was varied on a case by case basis to ensure C = 0 at transverse boundaries.

Three scenarios are considered in this study: (1) fractured rock with equal
biodegradation half-life values in the fractures and the matrix (‘base case’); (2) fractured
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rock with a biodegradation half-life in the fracture equal to 10% of the matrix decay halflife; and (3) fractured rock with no matrix diffusion (‘NMD’). Scenario (2) adopts the
parameters in Table 3.1, but with a biodegradation half-life in the matrix, T1λ/ 2' , of 150
years, simulating the potential for a significant reduction in sustainable matrix
biodegradation. This is considered a conservative bias due to the present state of
uncertainty surrounding matrix biomass penetration, development, and sustainability. In
contrast, scenario 1 represents a more liberal bias, where the entire matrix thickness is
assumed to sustain viable biodegradation.
From the parameters listed in Table 3.1, an average linear ground water velocity
(v) {L T-1}, can be calculated at the single fracture scale using (Bear, 1972):

v = − K f ∇h
(3-1)
and

Kf =

(2b )2 ρ g
12 μ

(3-2)
where Kf is the discrete fracture hydraulic conductivity {L T-1}, ∇ h is the hydraulic
gradient, ρ is the density of groundwater {M L-3}, g is the acceleration due to gravity
{L/T2}, μ is the viscosity of groundwater {M T-1 L-1} and 2b is the fracture aperture {L}.
For bulk rock, v can be calculated from:
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v=−

K b∇h

θb

(3-3)
where Kb is bulk rock hydraulic conductivity {L T-1}, θb is the bulk rock fracture porosity
calculated for a set of parallel, equally spaced fractures as the ratio of fracture aperture
(2b) to fracture spacing (2T). Kb is the hydraulic conductivity representative of a large
portion of the fractured rock domain; for example, in the field it can be estimated from a
slug test or pumping test conducted in an interval screened over multiple fracture
features. For a set of parallel, equally spaced fractures, Kb and Kf are related by

Kb = K f

2b
. Using the base case parameters listed in Table 3.1, v from both (3-1) and
2T

(3-3) is calculated to be 8.0 × 10-5 m/s.
The solute of interest in this study is trichloroethylene (TCE), a commonly
encountered ground water contaminant. The TCE is assigned a Koc value of 126 mL/g
(Pankow and Cherry, 1996), and a free solution diffusion coefficient of 1.0 x 10-9 m2/s
(Pankow and Cherry, 1996).
3.3.2 Source Zone Concentration versus Time Functions

The mathematical model represents the dissolution of individual DNAPL pools
and zones of residual DNAPL located within the source zone using surrogate
concentration versus time functions. The conceptual framework for the three types of
source zone functions considered in this study are illustrated in Figure 3.2 and Figure 3.3,
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and are described in detail below. For the evaluation of treatment efficacy, the ‘plume’ is
defined here as all concentrations exceeding 5 ppb, a typical regulatory limit for many
chlorinated VOCs of interest. The value of 5 ppb was selected for convenience only; the
concepts illustrated here apply to any concentration used to define the maximum spatial
extent of the plume.
3.3.2.1 Type A Source
A ‘Type A’ source represents the source zone as a constant concentration versus
time function (Figure 3.2). This implies that monitoring well MW-1, located
immediately downgradient of the source, exhibits a constant concentration (C = Co) with
time and is assumed to be reflective of ground water concentrations throughout the
source zone. An aqueous phase plume evolves in the downgradient direction and
achieves a steady-state length (Lp = Lmax) at time t = tS (time to reach steady-state),
following which it no longer expands in the downgradient direction. Monitoring well
MW-2 is located along the plume centerline and exhibits a breakthrough curve reaching a
maximum concentration (C = Cm) at time t = tm (time to reach maximum concentration).
Ground water concentrations downgradient of MW-2 will reach steady-state values at
times greater than tm. Once all concentrations along the plume centerline above 5 ppb are
no longer increasing, the plume has reached steady-state (no further plume expansion).
The constant concentration nature of the Type A source precludes plume detachment and
plume recession from occurring at any point in time.
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Figure 3.2. Conceptual framework for a ‘Type A’ source zone concentration vs time function and
associated plume behaviour.

3.3.2.2 Type B Source
A ‘Type B’ source (Figure 3.3) provides a constant concentration Co until time t*,
beyond which concentrations throughout the source are immediately reduced to C = 0.
Conceptually, this condition is achieved if the entire source zone is physically removed or
isolated at time t* (e.g., excavation or placement of physical, hydraulic, or flow-through
barriers). Assuming that the plume had not reached its steady-state length prior to t*, it
will continue to expand in the downgradient direction for times beyond t*, until time trec
when plume recession begins. The continued plume expansion for times beyond time t*
stems from the fact that solute back-diffusing from the rock matrix can provide the mass
flux required to sustain plume growth. Because there is only a finite amount of mass
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stored in the rock matrix, however, plume growth can only be sustained for a finite
amount of time. MW-2 will exhibit increasing concentrations beyond the time of source
removal if that region of the plume had not reached steady-state conditions at the time of
source removal. Following achievement of maximum concentrations at MW-2,
concentrations will decrease and at time t = td (detachment time) the trailing edge of the
plume will have passed that location.
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Type B
5
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Lp (m)

Cm
5

t

t*

C (ppb)

plume
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MW2
Plume
detachment

C = 5 ppb
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treatment at t = t*

Lp (plume length)

Figure 3.3. Conceptual framework for ‘Type B’ and ‘Type C’ source zone concentration vs time functions
and associated plume behaviour.

3.3.2.3 Type C Source
A ‘Type C’ source (Figure 3.3) provides a constant concentration Co until time t*,
beyond which the source exhibits an exponential decay in concentration with time
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characterized by a half-life of T1γ/ 2 . The exponential decay in concentration is assumed to
result from either the implementation of an in situ mass removal technology, or from
natural processes (Falta et al., 2005a; McGuire et al., 2006). As with the Type B source
the plume (assuming that it has not reached a steady-state configuration prior to t*) will
continue to expand in the downgradient direction for times beyond t* up until time trec
when plume recession begins. MW-2 will exhibit increasing concentrations for times
beyond t* if that region of the plume had not already reached steady-state conditions.
Following achievement of maximum concentrations at MW-2, concentrations will
decrease and eventually the plume will detach from that location at t = td.
3.4 Boundary Value Problems

The boundary value problems (BVPs) investigated herein utilize the Type A, B
and C source functions to develop semi-analytical solutions for solute transport both in
the presence and absence of matrix diffusion. In the presence of matrix diffusion, the
general case of different solute biodegradation rates (linear first-order) in the fracture and
the matrix are considered. The details of the BVPs are presented in Appendix B.
3.5 Semi-Analytical Solutions

The semi-analytical solutions for the cases involving matrix diffusion (scenarios 1
and 2) were derived using the techniques described in Tang et al. (1981), Sudicky and
Frind (1982) and West et al. (2004) (Chapter 2 and Appendix A) while the case of no
matrix diffusion (scenario 3) was derived using BVPs and techniques reported in Cleary
and Ungs (1978), Batu (1996) and Wexler (1992, pages 70-75). The semi-analytical
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solutions for solute transport in the fracture and matrix are presented in (B15) and (B16),
respectively (Appendix B). For the NMD scenario, the corresponding solution is present
in (B17) (Appendix B). All solutions are presented in the Laplace space and are
evaluated using the de Hoog et al. (1982) inversion algorithm.
To evaluate accuracy and convergence (B17) was tested against the threedimensional analytical solutions for reactive solute transport in porous media by Wexler
(1992, page 55, equation 121) for Type A sources, and ATRANS3 by Neville (1998)
using t* = 25 years and T1γ/ 2 = 1, 5, 10, 15, and 30 years for Type B and C sources; note
that ATRANS3 uses different source zone and transverse boundary conditions than A17,
thus providing an independent test. All comparisons produced excellent results.
Equation (B15) was compared to output from HydroGeoSphere (Therrien et al.,
2006) for the case of steady-state conditions using parameters from Table 3.1, while
transient simulations were conducted using the parameters from Table C1.
HydroGeoSphere (HGS) is a numerical model that is capable of simulating advectivedispersive transport in fractures along with three-dimensional diffusion in the matrix.
Figure 3.4 (to be discussed further on) illustrates that the match between HGS and the
analytical solution for steady-state conditions is excellent. The transient simulations are
presented in Figure C2 with an accompanying discussion provided in Appendix C.
3.6 Simulations

The Type A source simulations (Table 3.2) generate steady-state plumes subject
to a constant concentration source for scenarios 1 through 3. For testing purposes,
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simulations are also executed for the Type A source using HydroGeoSphere (Therrien et
al., 2006) for scenarios 1 and 2. The Type B source simulations (Table 3.3) are
characterized by an elimination of source concentration at t* values of either 25, 50 or 75
years, with breakthrough monitored at wells located 37.5 m, 75 m, and 150 m
downstream from the source. Results from the Type B simulations were utilized to
ascertain plume detachment and recession times. The Type C simulations (Table 3.4)
consider an exponential decay of source concentration beginning at t* values of either 25,
50 or 75 years subject to a decay half-life ( T1γ/ 2 ) of either 15 or 30 years. A concentration
of 0.005 mg/L is utilized to define the edges of the plume.

Table 3.2. Schedule of steady-state ‘Type A’ simulations
Scenario
1
2

Variable Change
Base Case

T1λ/ 2' = 150 yrs

3
NMD (No matrix diffusion - see Table 2)
Test
HGS numerical simulation of Scenario (1) and (2)
Notes:
HGS = HydroGeoSphere (Therrien et al., 2006)

Table 3.3. Schedule of ‘Type B’ simulations
Scenario

MW locations
(m)

t*
(yrs)

1 Base Case
λ'

2 T1 / 2 = 150 yrs

37.5, 75, 150

3 NMD
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25, 50, 75

Plots

C vs t
td vs t*
Lp vs t
trec vs t*

Table 3.4. Schedule of ‘Type C’ simulations
Variable

t*
(yrs)

MW location
(m)

1 Base Case
2 T1γ/ 2 = 150 yrs
3 NMD

37.5, 75, 150

25, 50, 75

T1γ/ 2 (yrs)

Plots

∞, 30, 15, 0

C vs t
td vs t*
Lp vs t
trec vs t*

Notes:
Type A is equivalent to T1γ/ 2 = ∞
Type B is equivalent to T1γ/ 2 = 0 yrs

Other parametric studies in addition to the above could be conducted to elucidate
transport phenomenon and response to source functions. For instance, considering other
matrix properties, variable longitudinal and transverse dispersivity, sorption on the
fracture surfaces (R > 1), and monitoring wells located off the plume centerline are topics
of interest and worthy of study. Such further analysis is, however, beyond the scope of
this work.
3.7 Results & Discussion
3.7.1 Type A Simulations

The Type A constant concentration simulation results are presented in Figure 3.4
for parameters listed in Table 3.1 and the simulations outlined in Table 3.2. The base
case (scenario 1) is characterized by a steady-state plume length (Lmax) of approximately
400 m which is achieved at approximately 230 years. The reduction in matrix
biodegradation for scenario 2 yields a three-fold increase in Lmax to approximately 1200
m and over a ten-fold increase in the time to reach steady-state (ts) to approximately 2500

64

years. For the NMD scenario, ts is achieved at a time (185 years) less than the base case,
but Lmax is orders of magnitude greater.
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Figure 3.4. ‘Type A’ steady-state profile curves for scenarios 1 to 3 (Table 3.2). The time for the 5 ppb
contour to achieve steady-state is indicated in parenthesis. The ‘squares’ are HydroGeoSphere output for
scenario 1 and 2; solid lines are the analytical solution.

These Type A simulations highlight the fact that there can be a significant range
in Lmax and ts in fractured rock depending on the particular matrix properties. The steadystate plume behaviour is highly sensitive to the matrix decay as evidenced by scenario 2;
when the matrix decay half-life for scenario 2 is further increased to 1500 years (not
shown), the steady-state Lmax is further increases to 5500 m. Thus, even a small quantity
of matrix decay can significantly reduce the steady-state plume length in fractured rock.
The general influence of the matrix is observed in scenario 3: the NMD case has
relatively negligible attenuation potential due the absence of forward- and backward65

matrix diffusion, and no associated sorption or decay processes. In this regard, the
presence of matrix diffusion is beneficial in limiting the extent of Lmax, but detrimental as
the ts increases, especially when matrix degradation is negligible.
3.7.2 Type B Simulations

3.7.2.1 Time to recession
The time for the influence of source zone remediation to manifest itself as plume
recession is often a metric of interest. Figure 3.5 plots the position of the 5 ppb leading
edge contour (Lp) versus time for the simulations listed in Table 3.3. For the base case,
the maximum Lp occurs at approximately 100 years for a t* of 25 years and increases to
approximately 150 years for t* equal to 75 yrs, with the corresponding Lp ranging
between 380 m and 400 m. This illustrates that the plume continues to expand for
approximately 75 years following the point in time at which the source zone
concentration has been reduced to zero. The sustained plume expansion is attributable to
back diffusion of mass from the rock matrix into the open fractures. After reaching a
maximum length, the plume recedes for a period of approximately 100 years after which
time concentrations have diminished to below 5 ppb throughout the domain.
When comparing the results for scenario 2 to the base case, the significant
influence of matrix decay on plume length and recession behaviour is observed.
Although the scenario 2 response to t* is similar to the base case, increasing the matrix
decay half-life increases the Lp four-fold with an order of magnitude increase in trec. This
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reduction in decay alters the system from one subject to mass destruction to one
dominated by forward- and back-diffusion processes.
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Figure 3.5. ‘Type B’ curves for 5 ppb contour position (Lp) versus time (Table 3.1). Note that when C < 5
ppb throughout the domain, the curves terminate. Three values of t* were simulated for each scenario.

The NMD scenario highlights that in the absence of the matrix diffusion, the
length of the plume is insensitive to variations in t*, and the receding Lp behaviour typical
of scenarios 1 and 2 is not observed. For the NMD scenario, the response of the leading
edge of the plume is dominated by advection and dispersion with negligible recession.
Clearly, matrix processes exert a significant influence on the leading edge of the plume.
The results presented in Figure 3.5 were used to construct Figure 3.6, where trec
for these simulations exhibits a fairly proportional response to changes in t*; for instance,
increasing t* from 25 to 75 years increases trec from 111 years to 148 years for scenario 1,
and 760 years to 865 years for scenario 2. Although shorter t* values (i.e., 25 years) yield
somewhat shorter recession times, the overall trend suggests that Type B treatment in
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fractured porous media is a highly protracted response. This tendency is exacerbated in
scenario 2 where increasing the matrix decay half-life by ten-fold increases trec by
approximately eight-fold. In contrast, the NMD scenario exhibits trec values
approximately 50% greater than the base case. The comparison of the three scenarios
reveals that while the matrix diffusion (and other associated matrix processes) exerts an
influence on trec, the bulk of the attenuation potential for the leading edge of the plume is
due to matrix decay. Figure 3.5 also demonstrates that the benefits of Type B treatment
on the leading edge of the plume may not be realized for a considerable amount of time
after treatment is initiated. Decreasing the fracture solute decay half-life will reduce this
time lag (perhaps considerably), but matrix diffusion and matrix decay will still dominate
the plume response.
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Figure 3.6. Influence of t* on the time for the leading edge of the plume to recede (trec) for a ‘Type B’
source function.
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3.7.2.2 Time to detachment
Figure 3.7 considers the case of monitoring breakthrough at three wells for t*
values of 25, 50 and 75 years for the base case only. Similar plots were developed for
scenarios 2 and 3, but are not presented here for brevity. As might be expected, the
magnitude of breakthrough in the near-field well (37.5 m) is significantly greater than the
wells located further down gradient. It can also be observed that the post-treatment
response is more pronounced near the source, both in terms of concentration response to

t* and the slope of the post-treatment portion of the concentration curve.
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Figure 3.7. Influence of t* on concentration breakthrough at monitoring wells located at 37.5 m, 75 m, and
150 m along the plume centerline for a ‘Type B’ source function, scenario 1.

The results presented in Figure 3.7 and those from the omitted scenario 2 and 3
plots were used to construct Figure 3.8 illustrating the relationship between plume
detachment time (td) and t*. In the case of breakthrough curves at individual wells, td is
achieved most quickly in the NMD scenario; due to the absence of matrix diffusion, td
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approximately equals t*. However, this is not the case for either of scenarios 1 or 2 which
incorporate matrix diffusion. For the base case the td is approximately two- to ten-fold
greater than that of the NMD scenario, as back-diffusion from the matrix significantly
delays td. This is exacerbated in scenario 2, which has a detachment time approximately
one order of magnitude greater than scenario 1 due to the relatively increased decay halflife in the matrix.
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Figure 3.8. Influence of t* on the time to plume detachment (td) at monitoring wells located at 37.5 m, 75
m, and 150 m for the three scenarios for a Type B source.

As with trec, the time scales for td are sensitive to the solute decay half-life in the
bedrock matrix. At field sites where matrix biodegradation is weak, the utilization of
Type B source treatment may yield a highly prolonged response of the tailing edge of the
plume despite the abrupt elimination of source zone flux.
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3.7.3 Type C Simulations

3.7.3.1 Time to recession
The influence of Type A, B, and C source zone functions on Lp for the base case
is presented in Figure 3.9; similar plots were developed for scenarios 2 and 3, but are not
presented here. For the Type A source, steady-state is achieved after 200 years; this
curve is the benchmark for subsequent evaluation. When considering Type B and C
source zone functions, considerable differences in Lp can be observed for each T1γ/ 2 and t*
value. Families of curves are also observed, where each source type, regardless of t*,
behaves similarly. When examining all curves, it can be observed that some decay ( T1γ/ 2 =
30 or 15 years) of the source concentration is highly beneficial, and decreasing T1γ/ 2 from
30 to 15 years reduces the time to which the plume no longer exists by approximately
two-fold. Also of note, the difference between source concentration decay characterized
by T1γ/ 2 = 15 years and the instantaneous Type B treatment is marginal with respect to
plume response.
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Figure 3.9. Influence of t* and source concentration half-life on the position of the 5 ppb contour (Lp) with
time for the base case using ‘Type A’, ‘Type B’ and ‘Type C’ source functions. Refer to Table 4 for
simulation details. Termination of a curve indicates that C < 5 ppb throughout the domain.

The results presented in Figure 3.9, and those from the omitted scenario 2 and 3
figures, were used to construct Figure 3.10 illustrating the relationship between plume
recession time (trec) and source concentration half-life ( T1γ/ 2 ). These results are similar to
those presented in Figure 3.6, with trec being lowest for the base case followed closely by
the NMD scenario; again, the increased matrix decay half-life scenario exhibits plume
recession times approximately one order of magnitude greater than the base case. For all
scenarios, trec increases approximately proportional to t*. The influence of T1γ/ 2 on trec for
the base case and NMD scenarios is negligible. Figure 3.10 demonstrates that moderate
source concentration reduction leads to plume recession times similar to those associated
with complete source concentration elimination in this rock type.
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Figure 3.10. Influence of ‘Type C’ source concentration half-life on time to plume recession (trec) when
considering t* = 25, 50, or 75 years for all three scenarios.

3.7.3.2 Time to detachment
Figure 3.11 presents breakthrough curves for scenario 1 at three monitoring wells
located 37.5 m, 75 m, and 150 m downstream of the source zone for Type A, B and C
source concentration functions. Although not shown, similar plots were generated for
scenarios 2 and 3. From Figure 3.11, it can be seen that the source concentration half-life
( T1γ/ 2 ) has a significant influence on the time to compliance (detachment time) for each
monitoring well: T1γ/ 2 = 30 years leads to detachment times ranging between 410 and 510
years; T1γ/ 2 = 15 years leads to detachment times ranging between 250 and 290 years; and
complete source concentration elimination (Type B) leads to detachment times ranging
between 180 and 200 years. For the Type B source, the well located at 37.5 m achieves
compliance before that at 150 m, but the converse occurs for the Type C sources.
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Figure 3.11. Influence of source concentration half-life on concentration breakthrough at monitoring wells
located at 37.5 m, 75 m, and 150 m along the plume centerline for ‘Type A’, ‘Type B’ and ‘Type C’ source
functions, for scenario 1.

The results presented in Figure 3.11 and those from the omitted scenario 2 and 3
figures were used to construct Figure 3.12 illustrating the relationship between plume
detachment time (td) and source concentration half-life ( T1γ/ 2 ).

In comparing the base

case and NMD scenarios it can be observed that there is a cross-over point (‘O’ in Figure
3.12) at approximately T1γ/ 2 = 14 years; below this value the NMD scenario exhibits
smaller td values, but above T1γ/ 2 = 14 years the base case exhibits a shorter td response.
This observation highlights that matrix diffusion (and related processes) is detrimental to
plume response times when considering aggressive source treatment, but becomes
somewhat beneficial in the presence of moderate treatment strategies. When T1γ/ 2 < 14
years, the plume response to source concentration reduction is dominated by back74

diffusion from the matrix. Conversely, when T1γ/ 2 > 14 years, matrix decay dictates the
plume response time scale. Although site specific, there is potential optimization of
source zone concentration reduction and plume biodegradation half-life values that
balances source zone treatment effort with plume attenuation capacity.
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Figure 3.12. Influence of ‘Type C’ source concentration half-life on the time for plume detachment (td) for
monitoring wells at 37.5 m, 75 m, and 150 m along the plume centerline for all three scenarios.

For T1γ/ 2 < 7 years (point P in Figure 3.12) in the base case scenario, the plume
response is characterized by the trailing edge of the plume detaching from the source and
migrating downgradient. However, for T1γ/ 2 > 7 years, the trailing edge remains fixed to
the source zone and the leading edge of the plume recedes toward the source.
In the case of scenario 2, td is approximately one order of magnitude greater than
the base case and NMD scenarios. Since matrix solute decay half-life is increased for
scenario 2, the influence of mass sequestration and back diffusion is a great deal more
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significant, and the response at each well, although delayed by one order of magnitude,
becomes more distinct.
3.8 Conclusions

Two performance metrics were utilized to evaluate the effect of source zone
concentration reduction on the evolution of a TCE plume in sandstone. The near-field,
near-source plume behaviour was ascertained by examining the time to plume
detachment (td) at specific monitoring wells; essentially, td captures the behaviour of the
trailing edge of the plume. For the influence of source treatment on the far-field, the
leading edge of the plume was evaluated using the time to plume recession (trec). The
general trends observed in this study are summarized on Figure 3.13. It should be
stressed that Figure 3.13 depicts only the relative general influence, and not all processes
are equally influential on td and trec.
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Figure 3.13. General influence of various interacting processes and parameters on plume detachment (td)
and plume recession (trec) times. The magnitude of influence for each process is not the same.
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In general, it was found that plume response in fractured rock is strongly
influenced by back diffusion of solute from the matrix and the degree of biodegradation
occurring in the matrix. Based on the modelling results, the time to detachment and time
to recession for the plume increased substantially when the matrix decay half-life was
ten-fold greater than the fracture decay half-life. These findings highlight the need to
establish the biodegradation potential of the bedrock matrix when evaluating plume
response to source zone concentration reduction in fractured bedrock.
The source zone was represented using three concentration versus time functions.
For the Type A constant concentration source, the length of the steady-state plume was
strongly influenced by the presence of matrix diffusion and matrix decay. For the latter,
a ten-fold increase in decay half-life lead to a 3-fold increase in steady-state plume length
and an order of magnitude increase in the time to steady-state.
For Type B source zone concentration functions, it was observed that trec is
proportional to t* for fractured rock domains; the sooner source concentrations are
reduced to zero, the sooner the leading edge of the plume begins to recede. However,
because of back diffusion from the rock matrix, there can be a significant time lag
between when source concentrations are reduced to zero and when the plume stops
expanding. Furthermore, trec is dominated by matrix decay. This tendency is a reflection
of decay processes on different transport scales: solute decay exerts a greater influence
on diffusive transport compared to advective transport. When examining Type B
concentration functions for td, it was found that t* did not exert a strong influence. In the
presence of matrix back-diffusion and the absence of significant matrix decay, Type B
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concentration reduction did not produce fast plume response times. Porous media
systems with diffusive sinks such as low permeability lenses and aggregated soils may
exhibit similar behaviour.
When considering Type C concentration reduction it was found that the trec
response to source concentration decay half-life ( T1γ/ 2 ) was largely negligible. This result
suggests that if the expectation with respect to concentration reduction is to slow (or stop)
the advancing plume, aggressive Type B source zone concentration reduction may not
yield results significantly different than an exponential decay in source zone
concentration characterized by a moderate half-life. Conversely, the td response to

T1γ/ 2 was more pronounced. There appears to be a point of T1γ/ 2 optimization where source
zone concentration reduction is consistent with the attenuation capacity of the domain.
For T1γ/ 2 values below this point, the plume response is governed by matrix processes,
while for larger T1γ/ 2 values the plume response is governed by source zone
concentrations.
3.9 Notation

C

Concentration in the fracture, {M L-3}

C’

Concentration in the matrix, {M L-3}

c

Laplace transformed concentration in the fracture, {M L-3}

c'

Laplace transformed concentration in the matrix, {M L-3}

Co

Initial source concentration, {M L-3}

Dx

Longitudinal dispersion, {L2 T-1}
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Dy

Transverse horizontal dispersion, {L2 T-1}

Dz

Transverse vertical dispersion, {L2 T-1}

Do

Free water diffusion coefficient, {L2 T-1}

D*

Effective diffusion coefficient, {L2 T-1}

D1

Domain parameter, {L}

D2

Domain parameter, {L}

E1

Domain parameter, {L}

E2

Domain parameter, {L}

foc

Fraction organic content

H

Width of domain, H = D1 + 2B + D2, {L}

Kb

Bulk hydraulic conductivity, {L/T}

Kf

Fracture hydraulic conductivity, {L T-1}

Kfr

Fracture distribution coefficient, {L}

Km

Porous matrix distribution coefficient, {L3 M-1}

Koc

Organic-carbon partition coefficient, {L3 M-1}

Lp

Length of plume, {L}

Lmax

Maximum plume length, {L}

m

Number of summation terms

n

Number of summation terms

p

Laplace transformed variable

q

Source or sink term, {M L-2T-1}

R

Fracture retardation coefficient
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R′

Matrix retardation coefficient

t

Time variable, {T}

td

Plume detachment time, {T}

trec

Plume recession time, {T}

ts

Time to steady-state conditions, {T}

t*

Time source concentration reduction is initiated, {T}

T1γ/ 2

Source zone decay half-life, {T}

T1λ/ 2

Fracture solute decay half-life, {T}

T1λ/ 2'

Matrix solute decay half-life, {T}

v

Ground water velocity, {L T-1}

W

Thickness of domain, W = E1 + 2S + E2, {L}

x

Longitudinal spatial coordinate, {L}

y

Horizontal transverse spatial coordinate, {L}

z

Vertical transverse spatial coordinate, {L}

2b

Fracture aperture, {L}

2B

Source zone width, {L}

2S

Source zone thickness, {L}

2T

Fracture spacing, {L}

αL

Longitudinal dispersivity, {L}

αTH

Transverse horizontal dispersivity, {L}

αTV

Transverse vertical dispersivity, {L}
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∇h

Hydraulic gradient

γ

Source zone decay constant, {T-1}

λ

Fracture solute decay constant, {T-1}

λ’

Matrix solute decay constant, {T-1}

ρb

Matrix dry bulk density, {M L-3}

τ

Tortuosity

θ

Matrix porosity
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Chapter 4
The Influence of Precipitate Formation on the Chemical
Oxidation of TCE DNAPL with Potassium Permanganate

4.1 Abstract

A three-dimensional two-phase flow model is coupled to a non-linear reactive
transport model to study the efficacy of potassium permanganate treatment on dense,
non-aqueous phase liquid (DNAPL) source removal in porous media. A linear
relationship between the soil permeability (k) and concentration of manganese dioxide
precipitate ([MnO2(s)]), k = ko + Srind [MnO2(s)], is utilized to simulate nodal permeability
reductions due to precipitate formation. Using published experimental column studies,
an Srind = -5.5 x 10-16 m2 L/mg was determined for trichloroethylene (TCE) DNAPL.
This Srind was then applied to treatment simulations on three-dimensional TCE DNAPL
source zones comprising either DNAPL at residual saturations, or DNAPL at pooled
saturations.
DNAPL dissolution without oxidation treatment, simulated using equilibrium and
the Nambi and Powers (2003) mass transfer expression, required 31 and 36 years,
respectively, to eliminate the residual source zone. For equilibrium dissolution with
continuous treatment and no precipitate influence (Srind = 0 m2 L/mg), the residual source
zone was removed after 11 years. However, when considering the precipitate influence
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(i.e., Srind = -5.5 x 10-16 m2 L/mg), 21 years of treatment were necessary to remove the
DNAPL. When considering pulse treatments of 1 and 2 years duration followed by only
dissolution, approximately 36 and 38 years, respectively, were required before the source
zone was depleted, suggesting that there is no benefit to pulse treatment. Similar trends
were observed when allowing 10 years of dissolution prior to treatment initiation. The
treatment behaviour of the pooled TCE source, while slightly more efficient than the
residual saturation source, was similar.
Based on simulation findings, the precipitate (rind) formation significantly
influences DNAPL treatment with permanganate; the most significant reductions in
efficacy were observed for single pulse treatments (of 1 and 2 years), which exhibited
times to source depletion similar to the case of dissolution without treatment.
4.2 Introduction

A variety of technologies have been proposed for the remediation of sites
impacted by dense, non-aqueous phase liquids (DNAPLs). Their effectiveness and the
benefits of partial mass removal have been recently examined by a variety of authors
including Sale and McWhorter (2001), Saenton et al. (2002), Rao and Jawitz (2003), Seol
et al. (2003), and Jawitz et al. (2005). The efficacy of in situ DNAPL source zone
treatment with chemical oxidation is highly dependent on heterogeneity (Ibaraki and
Schwartz, 2001) and the presence of organic materials in the aquifer (Yan and Schwartz,
2000). With respect to chlorinated ethene and potassium permanganate (KMnO4)
systems, the reaction products have been found to significantly reduce soil permeability
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and treatment efficiency (e.g., Schnarr et al., 1998). During fractured rock treatment
studies, Tunnicliffe and Thomson (2004) suggested that reaction products formed
adjacent to the DNAPL (potentially encapsulating portions of the DNAPL) reduced mass
transfer rates. As a result, complete source removal potentially cannot be achieved in a
reasonable time with the technology. The goal of this work is to explore some of these
issues as they pertain to the treatment of trichlorethene (TCE) with permanganate in
porous media.
The modelling of DNAPL-permanganate processes in complex sub-surface
domains must incorporate the system specific influences of chemistry, heterogeneity,
differential diffusion, and reaction kinetics. The main chemical oxidation approaches,
associated chemistry, and practical limitations have recently been reviewed by Seol et al.
(2003). For the purpose of this study subsequent discussion is limited to chemical
oxidation of DNAPLs by potassium permanganate. The stoichiometry of chemical
oxidation of TCE by potassium permanganate can be described as (Seol et al., 2003;
Crimi and Siegrist, 2004):
C 2 HCl3 + 2MnO 4− ⇒ 3Cl − + 2CO 2 + H + + 2MnO 2(s)

(4-1)
One- and two-dimensional laboratory studies have consistently demonstrated the
formation of manganese dioxide (MnO2(s)) precipitate (or ‘rind’) and its ability to
encapsulate NAPL (Schnarr et al., 1998; Schroth et al., 2001; Conrad et al., 2002;
MacKinnon and Thomson, 2002). In situ field experiments with chemical oxidation have
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reported DNAPL mass destruction and post-treatment concentration rebound, but have
not provided significant detail with respect to rind formation (Schnarr et al., 1998;
Siegrist et al., 1999; Jordana et al., 2005). The rind is sparsely soluble in non-acidic
groundwater (Li and Schwartz, 2004a). Li and Schwartz (2004a, b) investigated the
composition and characteristics of the rind and methods to solubilize the precipitate using
acidic solutions. While ultimately successful, the dissolution efficiency of the rind was
poor, requiring 20 to 45 times more acid than predicted from stoichiometry. The authors
suggested that heterogeneity and insufficient contact times lead to flow bypassing and
poor sweep efficiency.
In heterogeneous porous media, permeability can vary over several orders of
magnitude. As a result, there will be some regions of transport dominated by advection
and others by diffusion. The published free water diffusion coefficient (Do) for TCE is
approximately 40% less than that of MnO4- (Lide, 2004). Therefore, all other conditions
being equal, the permanganate ions will migrate further than TCE solute for a given time
under diffusive transport. Siegrist et al. (1999) and Struse et al. (2002) observed
significant diffusive transport of permanganate in low permeability media with hydraulic
conductivity less than 10-5 cm/s.
Yan and Schwartz (1999) and Huang et al. (2001) experimentally determined
second-order rate constants for the oxidation of PCE, TCE, cis-DCE, trans-DCE, and 1,1DCE in the presence of KMnO4. In other studies, Hood et al. (2000) and Dai and
Reitsma (2004), examined PCE degradation kinetics. These studies assumed and
demonstrated that the reactions between KMnO4 and chlorinated ethenes are second91

order when KMnO4 is always in excess. The assumption of excess KMnO4 may not be
valid in subsurface systems with significant dispersion, low KMnO4 injection
concentrations, low injection duration, and high rates of KMnO4 consumption. Dai and
Reitsma (2004) observed that the reaction rate is highly dependent on permanganate
concentrations between 200 mg/L and 5000 mg/L. Hood et al. (2000) found that the
reaction rate for PCE decreased for PCE concentrations below 0.5 mg/L and suggested
that, in some circumstances, in situ treatment times could be greater than those times
predicted using published rate constants. Both Yan and Schwartz (1999) and Dai and
Reitsma (2004) demonstrated the successful prediction of the second-order constant for
TCE and PCE at non-standard temperatures using the Arrhenius equation. This
observation is helpful for estimating rate constants appropriate to groundwater systems.
To date, only a few reactive transport models have been developed to examine
DNAPL source zone treatment by chemical oxidation. Zhang and Schwartz (2000)
conducted simulations that reasonably matched one-dimensional experiments by Schnarr
et al. (1998) and three-dimensional field experiments. A key aspect of that modelling
work was examining the influence of organic aquifer materials on treatment efficiency.
Ibaraki and Schwartz (2001) conducted two-dimensional simulations of a chemical
oxidation injection/withdrawal system, with a particular focus on incorporating densitydriven treatment characteristics and studying the influence of soil heterogeneity on sweep
efficiency.
This study examines the benefits and challenges of TCE source zone remediation
by chemical oxidation with potassium permanganate (KMnO4). A numerical model
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capable of simulating two-phase flow, with NAPL dissolution and non-linear reactive
contaminant transport is introduced. Novel model features include multiple species
diffusion and the formation of chemical oxidation precipitates (i.e., rind) accompanied by
a corresponding reduction in soil permeability within a transient flow field. The model is
calibrated to published one-dimensional column experiments. Subsequently, the
calibrated model is employed to investigate the influence of MnO2(s) rind formation on
mass transfer from both residual and pooled three-dimensional DNAPL source zones
using multiple species advection, dispersion and diffusion. Of particular interest is the
influence of rind formation on in situ chemical oxidation treatment efficiency. The use of
numerical simulation allows the long term performance (i.e., decades) of the technology
to be examined in a cost-effective manner.
4.3 Model Formulation

The model developed for this work (DNAPL3D-RX) is a coupling of the threedimensional two-phase flow model (DNAPL3D) (Gerhard et al., 1998; Gerhard et al.,
2001; Gerhard and Kueper, 2003a, b, c) and RT3D, a three-dimensional multi-species
contaminant transport model with non-linear kinetic reactions (Clement, 1997; Clement
et al., 1998). This coupling was executed using a split operator approach similar to Grant
and Gerhard (2007a,b). Within a time step, DNAPL migration is initially simulated using
DNAPL3D. The contaminant solute is then added to the aqueous phase at nodes with
DNAPL present via equilibrium or non-equilibrium mass transfer routines. RT3D is then
employed within the same time step to simulate advection, dispersion and reactions of the
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solute. Finally, the phase saturations are updated at the end of the time step in
accordance with the amount of mass transferred from the DNAPL to the aqueous phase.
4.3.1 Multiphase Flow

The governing equations for two phase flow are (Gerhard and Kueper, 2003b;
Grant and Gerhard, 2007b):

∂ ⎡ k ij k rW
⎢
∂xi ⎣⎢ μW

⎛ ∂PW
∂z
⎜
+ ρW g
⎜ ∂x
∂x j
⎝ j

⎞⎤
⎟⎥ + SW (α + θβ ) ∂PW − θ ∂SW = 0 ,
⎟⎥
∂t
∂t
⎠⎦

i,j = x,y,z

(4-2)

∂ ⎡ k ij k rNW
⎢
∂xi ⎣⎢ μ NW

⎛ ∂ (PW + Pc )
∂z
⎜
+ ρ NW g
⎜
∂x j
∂x j
⎝

⎞⎤
⎟⎥ + (1 − SW )(α ) ∂PW + θ ∂SW = − J NW , i,j = x,y,z
⎟⎥
∂t
∂t
⎠⎦
(4-3)

where P is the pressure {M L-1 T-2}, PC is the capillary pressure {M L-1 T-2}, kij is the
intrinsic permeability tensor {L2}, kr is the relative permeability, μ is the dynamic
viscosity {M L-1 T-1}, ρ is the fluid density {M L-3}, θ is the porosity, S is the phase
saturation, g is gravitational acceleration {L T-2}, α is the porous medium compressibility
{M-1 L T2}, β is the wetting phase compressibility { M-1 L T2}, t is time {T}, J is the
sink/source term for the interphase mass flux of solute from the DNAPL to the aqueous
phase{M L-3 T-1}, and x, y, z denote spatial coordinates {L}. The subscripts W and NW
specify the wetting and non-wetting phase, respectively. The multiphase flow component
of the coupled model employs detailed submodels of capillary pressure and relative
permeability, incorporating hysteresis and trapping mechanisms that have been validated
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against physical experiments in one (Gerhard and Kueper, 2003a, c) and two (Grant et al.,
2007a, b) dimensions. It has also been verified against the analytical solution of
McWhorter and Sunada (1990) and validated against a two dimensional heterogeneous
laboratory experiment for drainage conditions (Kueper and Frind, 1991).
The multiphase flow component of the model permits the accurate simulation of
NAPL migration during release, redistribution, and remediation with various
technologies. During treatment, the hydraulic gradients can be enhanced relative to
natural conditions, and soil properties can be modified to account for reaction byproducts.
The multiphase flow simulator is integral to capturing the physics of the NAPL-porous
medium system.
4.3.2 Interphase Mass Transfer

Interphase mass transfer is an important component of the chemical oxidation
process. When utilizing models to simulate the dissolution observed in experimental
work, it is difficult to predict a priori whether to use an equilibrium or non-equilibrium
approach, and which (if any) of the numerous non-equilibrium approaches is most
representative. It is often most elucidating to select several appropriate approaches and
test them against an experimental dataset. For model calibration purposes, the work
presented here considers both equilibrium and non-equilibrium dissolution correlation
expressions to the simulation of TCE DNAPL dissolution in a one-dimensional column
experiment. Currently, DNAPL3D-RX incorporates the non-equilibrium dissolution
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functions by Miller et al. (1990), Powers et al. (1992, 1994), Imhoff et al. (1993), Saba
and Illangasekare (2000), Nambi and Powers (2003), and Grant and Gerhard (2007c).
Non-equilibrium behaviour can be attributed to both chemical (e.g., rate-limited
dissolution) and physical (e.g., flow bypassing) processes (Sale and McWhorter, 2001).
The bulk of work examining rate limited mass transfer has been conducted using onedimensional column experiments (e.g., Miller et al., 1990; Powers et al., 1992; Geller and
Hunt, 1993; Imhoff et al., 1993; Powers et al., 1994), a limited number of twodimensional experiments (e.g., Seagren et al., 1999; Saba and Illangasekare, 2000; Nambi
and Powers, 2003), and a few three-dimensional field trials (e.g., Rivett and Feenstra,
2005). Due to the complexity of NAPL dissolution, conceptual models have generally
not been derived to describe the mechanisms, and the core of research has progressed by
developing empirical expressions that capture the general equilibrium/non-equilibrium
dissolution behaviour for a particular system. Most models are derived using the steadystate approximation of the thin stagnant film model:
J=

∂ (θSW C )
= k la a n (C s − C ) = K l (C s − C )
∂t

(4-4)
where Cs is the thermodynamic equilibrium solubility of the NAPL species in aqueous
solution {ML-3}, C is the average solute concentration in the aqueous solution {ML-3}, an
is the specific interfacial area between the NAPL phase and the aqueous phase {L2L-3}, t
is time {T}, kla is the average mass transfer coefficient for the NAPL-aqueous phase
interface {LT-1}, and Kl is a lumped kinetic mass transfer coefficient {T-1}. The mass
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transfer coefficient Kl is typically related to a dimensionless Sherwood coefficient (Sh),
which in turn is related to other dimensionless parameters (e.g., Reynolds number,
Schmidt number). While these expressions have elucidated system characteristics that
are pertinent to the dissolution process, they are not universally applicable, thus limiting
their utility to general systems (Mayer and Miller, 1996; Sale, 1998; Zhu and Sykes,
2000; Grant and Gerhard, 2004). The Sh is typically correlated to Kl by:

K l (d 50 )
Do

2

Sh =

(4-5)
where d50 is the mean grain size diameter {L} and Do is the free-water diffusion
coefficient {L2T-1}. In this work, the correlation expressions by Miller et al. (1990) and
Nambi and Powers (2003) are utilized to assess the potential influence of non-equilibrium
dissolution on chemical oxidation processes in a one-dimensional column experiment.
The flow rates and saturations used in the development of these empirical expressions are
representative of the simulations conducted herein; these expressions also provide some
contrast with respect to dimensionality given their one- and two-dimensional
configurations. The Sherwood correlation expressions by Miller et al. (1990) and Nambi
and Powers (2003) are, respectively:
0.6
Sh = 12 Re 0.75 θ NW
Sc 0.5

(4-6)
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Sh = 37.15 S NW

1.24

Re 0.61

(4-7)
where Re is the Reynolds number (Re = d50 ρW v / μW), θNW is the volumetric content of
non-wetting phase, SNW is the non-wetting phase saturation, Sc is the Schmidt number (Sc
= μW / (ρW Do)), d50 is the mean particle diameter {L}, v is mean pore velocity {LT-1}, and

Do is the free-water molecular diffusion coefficient {L2T-1}.
Following each DNAPL migration time-step of DNAPL3D-RX, each of the mass
transfer parameters is calculated at nodes with SNW > 0. For equilibrium conditions,
nodes with NAPL are assumed to have a concentration equal to solubility (Cs), while
equations (4-4) through (4-7) are utilized for the rate-limited cases. The concentration
fields are then passed into RT3D to simulate solute transport. The dissolution and nonreactive transport components of the model have been tested and assessed in twodimensional heterogeneous porous media experiments (Grant and Gerhard, 2007a,b) for
both equilibrium and non-equilibrium mass transfer from complex DNAPL source zones.
4.3.3 Solute Transport

The governing equation of contaminant transport of the mobile species is
(Clement, 1997; Clement et al., 1998):
∂ (θC mn )
∂ ⎛⎜ n ∂C mn ⎞⎟ ∂
=
θDij
θvi C mn + q s C sn + ∑ ℜ m + J , i,j = x,y,z
−
⎜
⎟
∂xi ⎝
∂x j ⎠ ∂xi
∂t

(

)

(4-8)
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while the immobile species governing equation is:
∂ (θC imn )
∂t

= ∑ ℜim
(4-9)

where Dij is the hydrodynamic dispersion tensor {L2 T-1}, vi is the average linear
groundwater velocity {L T-1} obtained from the multiphase flow model, qs is volumetric
flux representing sources and/or sinks {T-1}, ℜ is the rate of all reactions {M L-3 T-1},
and t is time {T}. The superscript n denotes the species number, while the subscripts m
and im designate mobile and immobile species, respectively. The subscript s denotes a
source or a sink. Note that DNAPL3D-RX additionally simulates multiple species
diffusion, allowing the inclusion of unique diffusion coefficients for each mobile species
(i.e., TCE and MnO4-). This feature is not available in RT3D and was added to
DNAPL3D-RX to permit the differential diffusion of TCE solute and MnO4-.
Using a split-operator approach specific to the simulated transport processes
(Clement, 1997; Clement et al., 1998), the reaction equations of interest for TCE with
permanganate are as follows (Randhawa, 2000; Zhang and Schwartz, 2000; Mundle et
al., 2007):
∂[TCE] − K rxns [TCE][MnO −4 ]
=
RTCE
∂t
(4-10)
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∂[MnO 4− ]
= −2 K rxns [TCE ][MnO −4 ]
∂t
(4-11)
∂[Cl − ]
= 3K rxns [TCE ][MnO −4 ]
∂t
(4-12)
∂[CO 2 ]
= 2 K rxns [TCE ][MnO −4 ]
∂t
(4-13)

∂[MnO 2 ]
= 2 K rxns [TCE ][MnO −4 ]
∂t
(4-14)
where the square brackets [ ] denote molar concentration, Krxns is the second-order
reaction constant between aqueous TCE and MnO4- {M-1 L3 T-1}, and RTCE is the
retardation factor for TCE. The mass concentration can be determined by computing the
product of the molar concentration and the molar mass for a given species. For reasons
provided later, CO2 is considered an aqueous species, rather than a gaseous species for
this study. The rind is designated as an immobile aqueous species: it undergoes
reactions, but does not advect or disperse. It is recognized that this assumption is an
approximation in that it may be possible for solid MnO2 to migrate as a colloidal
substance in some porous media systems. Further discussion of the rind behaviour is
provided in the following section.
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4.3.4 Representation of Rind Formation

It has been reported that manganese dioxide is transported and deposited as
colloids (e.g., Randhawa, 2000; Li and Schwartz, 2004a), and that subsequent rind
formation has adverse consequences for the successful implementation of chemical
oxidation (Conrad et al., 2002; MacKinnon and Thomson, 2002). The modelling of
colloidal transport is complex, and particular to the species and porous media properties.
The inherit physiochemical characteristics that influence the behaviour of the colloids are
often captured with macroscopic coefficients and simplified kinetic equations, which are
evaluated using laboratory experiments (e.g., Randhawa, 2000; Bekhit and Hassan, 2005;
Bradford and Bettahar, 2006). In order to apply these approaches to a TCEpermanganate system, the experimental data set must have a detailed record of the
influent and effluent TCE, permanganate, and manganese dioxide concentrations. While
thorough one-dimensional column experiments have been conducted by some researchers
(e.g., Schnarr et al., 1998; Schroth et al., 2001; Huang et al., 2002a), the data necessary to
calibrate a representative colloidal transport model has not been obtained. However,
experimental and modelling work by Randhawa (2000) for PCE and permanganate
demonstrated that rind formation, and the subsequent degree of permeability reduction,
was a function of fluid velocity and greatly exceeded the magnitude predicted using
published colloidal transport models: when using 3 cm long sand pack columns with a
hydraulic conductivity of 0.008 to 0.013 cm/s, 5 g/L of KMnO4, 61 mg/L of PCE, and a
hydraulic gradient of 1.0 (the maximum was 8.0), complete plugging occurred with a
period of 4 to 8 days. Given that PCE and permanganate are considerably less reactive
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than TCE (approximately one order of magnitude), it is anticipated that plugging effects
may be more significant for the latter species. Although the PCE and permanganate
concentrations used by Randhawa (2000) were representative of field conditions, the
hydraulic gradients of 1 to 8 are considered extreme. For the case of much lower
hydraulic gradients (0.001 to 0.01) commonly used in the field, and given the degree of
uncertainty regarding the related colloidal transport mechanisms, it is reasonable to
assume that colloidal transport will be minimal, and that manganese dioxide can be
considered as an immobile species for the purposes of modelling. Conrad et al. (2002)
conducted two-dimensional visualization TCE-permanganate experiments in
heterogeneous porous media using a hydraulic gradient of 0.007; upon inspection, it was
visually observed that the bulk of the rind encapsulated the TCE sources zones. Similar
deposition behaviour was also visually observed in the two-dimensional experiments by
Li and Schwartz (2004b).
The formation of the rind and its influence on the flow field are incorporated into
the model by modifying the intrinsic permeability of the porous medium as a function of
aqueous rind concentration. A pseudo-linear relationship is adopted for each node:
k = (ko ) + Srind [MnO 2 ]
(4-15)
where k is the nodal permeability at the time of interest, ko is the original permeability of
the node {L2} , and Srind {L2 L3 M-1} is the slope of the assumed linear relationship
between k and the MnO2 concentration. Equation (4-15) is kinetic as the concentration of
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MnO2 is obtained from (4-14), whose reaction rate and order has been independently
determined via laboratory batch experiments (Yan and Schwartz, 1999; Huang et al.,
2001). Due to aforementioned uncertainty regarding MnO2 colloidal transport, the
macroscopic lumped-reaction term Srind is utilized and calibrated to experimental
conditions; it is analogous to the implementation of the term Kl in (4-4) (i.e., Miller et
al.,1990, stated that Kl is function of ten different dimensionless parameters, yet it is
typically simplified to one or two). Although explained in detail later, Srind is evaluated
against a one-dimensional column experiment using: (i) experimental column effluent
concentrations, (ii) stoichiometry in (4-1), (iii) equations (4-10) to (4-14), (iv) kinetically
modelled MnO2 concentration, and (v) experimental column pressure head values. Srind is
a bulk parameter related to flow characteristics, reaction kinetics, and species
concentration, but decoupled from the explicit influence of geochemistry and other
influences that have not been ascertained in sufficient detail for discrete model
implementation. Hence, (4-15) implicitly captures the net effect of rind formation by
altering the aggregate permeability of the system.
While the concentrations of aqueous CO2 are simulated, the permeability
reduction due to CO2 gas formation is not considered in this study; in this sense, the
current approach represents a conservative estimate of permeability reduction where the
buffering capacity of the system maintains CO2 as dissolved bicarbonate (HCO3-) above
neutral pH (Randhawa, 2000; Schroth et al., 2001; Drever, 2002). In contrast, unbuffered
experiments have yielded relatively more severe clogging due to CO2 gas formation
(Schroth et al., 2001). Hence, CO2 does not appear in (4-15). In addition, the porosity is
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constant throughout the domain and does not change with reducing permeability;
although research regarding porosity change due to MnO2(s) deposition is limited, this
assumption is consistent with the experimental findings of Struse et al. (2002) for low
permeability silty-clay media.
4.3.5 Metrics for Source Zone Study

The DNAPL mass removal and the total boundary mass discharge are the two
metrics utilized in this study to assess the performance of TCE DNAPL remediation by
permanganate. Reductions of mass discharge and/or increases of mass removal are
typically desirable when conducting a remediation program. The instantaneous DNAPL
mass is calculated using saturations outputted by the two-phase flow model, the nonwetting phase density, and the nodal volume. The total boundary mass discharge (Mft)
{M T-1} is calculated as per Bockelmann et al. (2003), where Mft is the cumulative sum of
all instantaneous mass discharges for each boundary node:
n

M ft = ∑ Ci qi Ai
i =1

(4-16)
where i denotes an individual node, q is the Darcy flux {L T-1}, and A is the cell area
{L2} centered at the node.
4.4 Verification to Analytical Solutions

The DNAPL3D-RX chemical oxidation model was tested against published
analytical solutions to verify its accuracy. The test results are provided in Appendix E.
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Analytical solutions used for comparison purposes include: 1) one-dimensional semiinfinite advection and dispersion in homogeneous porous media with sorption and firstorder decay (Bear, 1979); 2) one-dimensional semi-infinite advection and dispersion in
homogeneous porous media with steady-state, non-equilibrium mass transfer (Miller et
al., 1990); 3) advection and dispersion of a tracer in an infinite one-dimensional column
of homogenous porous media (Bear, 1979); 4) two-dimensional advection and dispersion
in homogeneous porous media with linear sorption and first-order decay (Batu, 1989);
and, 5) one-dimensional diffusion in porous media (Crank, 1975) to evaluate
simultaneous multiple species diffusion with different diffusion coefficients. In all cases,
numerical model results were in agreement with the analytical solution.
4.5 Model Calibration

One-dimensional column experiments by Schroth et al. (2001) were used to
validate and calibrate the model: to date, this is the most useful dataset available for
evaluating the influence of rind formation on permeability. Using residual TCE DNAPL,
Schroth et al. (2001) conducted one dissolution experiment and two chemical oxidation
experiments with potassium permanganate. Experiment 3 (buffered chemical oxidation)
by Schroth et al. (2001) was utilized for the calibration, as the influence of CO2 gas
formation on permeability reduction in this experiment was minimal. Note that
Experiment 2 (unbuffered treatment) was terminated at approximately 33 hours due to
excessive permeability reductions and only a partial data set is available: at 30 hours, the
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Experiment 2 increase in pressure head due to permeability reduction from CO2 and rind
formation was three orders of magnitude greater than Experiment 3 over the same time.
A schematic of these experiments is provided in Figure 4.1 and the system and
simulation parameters are listed in Table 4.1. Effluent concentrations were monitored for
TCE, chloride (Cl-), and permanganate (MnO4-), and were subsequently used to assess
model behaviour. Constant flow conditions were maintained in the column throughout
the duration of the experiment. Seven ports were located along the column to monitor
TCE saturations and wetting phase pressures. This feature was particularly useful, as
Schroth et al. (2001) were interested in assessing permeability reductions due to MnO2(s)
rind formation. These data were utilized to calibrate the slope of the assumed linear
relationship (Srind) identified in (4-15).
Outlet port
5.1 cm diameter column with
homogeneous medium
v
Average flow rate =
21.63 to 21.77 ml/min
95 cm
65 cm

Residual TCE

SNW = 16 to 17%
Sampling port
Inlet port

Figure 4.1. Experimental setup by Schroth et al. (2001) used to calibrate DNAPL3D-RX.
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Table 4.1. Simulation parameters
Parameter
1D column calibration
3D source zone simulation
ρW
1000 kg m-3
1000 kg m-3
-3
ρNW
1460 kg m
1460 kg m-3
μW
0.001 Pa·s
0.001 Pa·s
μNW
0.00057 Pa·s
0.00057 Pa·s
α
0 Pa-1
0 Pa-1
-1
β
0 Pa
0 Pa-1
(1)
d50
0.0005 m
0.0005 m
kdomain
1.2 x 10-10 m2 (1)
1.02 x 10-12 m2
klens
1.02 x 10-14 m2
(1)
θ
0.34
0.34
αx
0.01 m
0.01 m
αy
0.001 m
0.001 m
αz
0.0001 m
0.0001 m
τ
0.7 (2)
0.7 (2)
-1 -1
Krxns
Various
0.39 M s @ 10ºC (3)
(1)
SNW
16% (residual)
20% (residual)
Srind (rind slope)
Various
-5.5 x 10-16 m2 L mg-1
Solubility (TCE)
829 mg/L (1)
1100 mg/L
C (KMnO4 )
790 mg/L (1)
5000 mg/L
Dº TCE
1.0 x 10-9 m2 s-1 (4)
1.0 x 10-9 m2 s-1 (4)
-9
2 -1 (5)
Dº MnO4
1.6 x 10 m s
1.6 x 10-9 m2 s-1 (5)
-9
2 -1 (5)
Dº Cl
2.0 x 10 m s
2.0 x 10-9 m2 s-1 (5)
(1)
RTCE
1.0
1.0
Q
21.77 ml/min (1)
0.005
∇h
X
0.95 m (1)
1.0 m
Y
0.045 m
1.0 m
Z
0.045 m
1.0 m
∆x
0.01 m
0.025 m
∆y
0.045 m
0.025 m
∆z
0.045 m
0.025 m
Number of nodes
95
64,000
(1)
From Schroth et al. (2001).
(2)
From Bear (1972).
(3)
Calculated as per Yan and Schwartz (2000).
(4)
Calculated from Wilke and Chang (1955). Reference temperature is 25ºC.
(5)
From Lide (2004).

Despite the utility and thoroughness of work by Schroth et al. (2001), this dataset
does have some shortcomings with respect model calibration. In Experiment 3, the
system was buffered with a Na2HPO4 solution, which (to some degree) may have yielded
stoichiometry somewhat dissimilar to (4-1). The authors also visually observed a
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brownish colour to the effluent prior to permanganate breakthrough, which they
hypothesized could be due colloidal transport or the reduction of MnO4- to Mn2+; there
also were discrepancies with Cl- mass balance. That being noted, this is the most
complete data set published to date. The authors did not resolve any of the foregoing
issues, but did observed a 53% reduction in permeability during chemical oxidation
(compared to a 96% reduction in Experiment 2 and a general lack of CO2 gas formation.
Given the uncertainty surrounding geochemistry, but high resolution of the pressure head
and effluent data sets, (4-15) was deemed the most reasonable approach. Again, in light
of the permeability reductions and failure of Experiment 2, the use of Experiment 3 and
(4-15) will yield a highly conservative approximation of the rind formation.
Simulations for only dissolution are presented in Figure 4.2. These simulations
were conducted using equilibrium and the two non-equilibrium expressions (Miller et al.,
1990; Nambi and Powers, 2003) to elucidate the dissolution kinetics of the system. In the
absence of treatment (only dissolution – Experiment 1 by Schroth et al., 2001), the
expression by Nambi and Powers (2003) was a superior fit to the column effluent data
when compared to equilibrium dissolution and the expression by Miller et al. (1990).
The latter two expressions over-predicted dissolved phase concentrations, with Miller et
al. (1990) and equilibrium yielding nearly identical breakthrough curves.
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Figure 4.2. Comparison of dissolution experiment by Schroth et al. (2001) with numerical model utilizing
various mass transfer expressions.

Measured effluent TCE concentrations (Schroth et al., 2001) were compared to
the predicted effluent concentrations of DNAPL3D-RX in Figure 4.3 for the case of
chemical oxidation with a buffered potassium permanganate solution (i.e., Schroth et al.,
2001, Experiment 3). In accordance with the experimental methodology of Schroth et al.
(2001), the chemical oxidation simulations comprise 87 hours of potassium
permanganate injection at a concentration of 790 mg/L. As indicated in Figure 4.3,
Schroth et al. (2001) measured an effective TCE solubility of 829 mg/L in the buffered
solution.
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Figure 4.3. Comparison of experimental TCE effluent concentrations in the presence of chemical oxidation
(Schroth et al., 2001) with model results for various mass transfer expressions and TCE-KMnO4 reaction
rate constants.

In an effort to reproduce the data sets, both the reaction constants (Krxns) reported
by Yan and Schwartz (1999) and Huang et al., (2001) (0.65 M-1s-1 or 0.8 M-1s-1,
respectively) were employed. It can be observed in Figure 4.3 that utilizing either Krxns =
0.65 M-1s-1 or 0.8 M-1s-1, in conjunction with either equilibrium or rate-limited
dissolution, produces a range of model outputs. The cases of equilibrium dissolution and
rate-limited dissolution with Miller et al. (1990) behave similarly with higher
concentrations than Experiment 3 for the bulk of the experiment, but accurately
simulating the time to complete TCE removal. The application of Nambi and Powers
(2003) accurately reproduces the earlier-time behaviour of Experiment 3, but does not
provide a reasonable fit to data at late-time due to excessive tailing. Although the
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Experiment 3 data demonstrates that the application of chemical oxidation enhances the
interphase mass transfer as theoretically proposed by Reitsma and Dai (2001), the
associated modelling suggests that correlation expressions developed for dissolution are
system specific and potentially not applicable to reactive systems. It is further noted that
the one-dimensional expression by Miller et al. (1990), while sufficient for this chemical
oxidation experiment, may be inappropriate for two- (and three-) dimensional systems
(Saba and Illangasekare, 2000).
Figure 4.4 plots normalized MnO4- effluent concentrations versus time for
Experiment 3 (Schroth et al., 2001) and the model. The consumption of MnO4- is wellpredicted using both Krxns = 0.65 and 0.8 M-1s-1 in conjunction with either equilibrium
dissolution or rate-limited dissolution utilizing the correlation of Miller et al. (1990)
when compared to the experimental data. Whether considering equilibrium dissolution
or the correlation expression by Miller et al. (1990), the trend and timing of abrupt breakthrough is captured. The utilization of the expression by Nambi and Powers (2003)
produces a more pronounced sigmoidal shape and excessive tailing. Given the
reasonable match between the equilibrium model results and the experimental data, only
equilibrium conditions were considered for all subsequent simulations of the column
experiments.
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Figure 4.4. Comparison of experimental MnO4- effluent concentrations (Schroth et al., 2001) with model
results for two TCE-KMnO4 reaction rate constants.

The data set from Experiment 3 was used to test, and subsequently calibrate, the
parameter Srind in (4-15) utilizing Krxns = 0.39 to 0.8 M-1s-1 for equilibrium dissolution
conditions. The former Krxns value was determined using the Arrhenius equation (Yan
and Schwartz, 1999; Dai and Reitsma, 2004). The reaction rate determined by Yan and
Schwartz (1999) at 21°C (i.e., Krxns = 0.65 M-1s-1) was calculated to be Krxns = 0.39 M-1s-1
for 10°C. The Experiment 3 and simulation final wetting phase pressure heads and the
observed and predicted changes in wetting phase pressure for each port are plotted in
Figure 4.5 and Figure 4.6, respectively. To achieve this fit, the model was executed
iteratively until the Pearson correlation coefficient (r) between the experimental and
model data reached a value of r = 0.99 in Figure 5. These results demonstrate that the
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application of equation (4-15) is satisfactory. The selection of Srind, and its influence on
the steady-state post-treatment wetting phase pressure field, is seemingly independent of
Krxns for the range of values considered (Figure 4.5): the relative pressure head difference
between Krxn = 0.39 to 0.8 M-1s-1 ranges from -0.1% to 0.6%. However, the simulated
pressure heads are sensitive to the value of Srind as demonstrated by the ± 25% range
presented on Figure 4.5. Note that both Experiment 3 and the model exhibit considerable
increases in wetting phase pressure at all seven ports (i.e., approximately 50 to 900 Pa) as
shown in Figure 4.6. Although not presented here, the modelled pressure heads were
compared to Experiment #3 at ports T1 (influent end) and T7 (effluent end). The model
matched the steady-state pressure at both ports (Figure 4.5), but the experimental pressure
head increased rapidly with a sigmoidal behaviour at the inlet port (T1) compared with a
much slower, rectilinear model behaviour. In other words, the model is kinetically
conservative when predicting the rate of permeability reduction.
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Figure 4.5. Comparison of experimental wetting pressures (Schroth et al., 2001) with model results for two
TCE-KMnO4 reaction rate constants and two different Srind values.
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Figure 4.6. Comparison between experimental and model pre- and post treatment wetting pressures due to
rind formation. The changes in wetting pressure are presented as the difference between initial (pretreatment) and final (post treatment) measurements.
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The model reasonably captures the timing and general behaviour of the Schroth et
al. (2001) one-dimensional column TCE experiments for chemical oxidation by
potassium permanganate. A range of parameter values for Krxns (i.e., values equal to, or
slightly less than, those determined by Yan and Schwartz, 2000, and Huang et al., 2001)
and Srind generate representative results, with Srind being independent of the Krxns values
tested. When the absence of rind is simulated (Srind = 0 m2 L/mg), the model produces an
excellent match to the pre-treatment Experiment 3 pressure head data. Utilizing Srind = 5.5 x 10-16 m2L/mg for Krxns = 0.39 to 0.80 M-1s-1 yields a good match to the experimental
pressure head results. It should be noted that when considering (4-15), the
aforementioned Srind value yields an ‘apparent’ maximum [MnO2(s)] of 1854 mg/L. In
fact, the model is set up such that [MnO2(s)] is unrestricted, but only MnO2(s)
concentrations up to 1854 mg/L contribute to the reduction in permeability. The
approach identified in (4-15) produces a good ‘average’ match to the data for all seven
ports.
It is worthwhile summarizing the salient outcomes of the calibration exercise.
Equation (4-15) uses a single lumped parameter (Srind) that relates MnO2 concentration,
wetting phase pressure head, and a chlorinated ethene reaction rate to a corresponding
reduction in permeability. Using (4-15), DNAPL3D-RX was tested against the
laboratory Experiment 1 by Schroth et al. (2001). Using a number of different mass
transfer routines, the model was able to capture the effluent concentrations of the
dissolution experiment. More importantly, the model was calibrated to, and successfully
captured, the pressure head and concentration behaviour of the buffered TCE115

permanganate Experiment 3. Equation (4-15) is highly conservative in many respects,
and can be easily modified for the calibration to, and simulation of, a different data set of
sufficient resolution. Although Schroth et al. (2001) encountered several difficulties
during Experiment 3, (4-15) utilizes a single calibration parameter, thus capturing the
aggregate permeability of the system. Notable conservative aspects of the calibration
exercise include: (i) Schroth et al. (2001) demonstrated that the unbuffered chemical
oxidation of TCE (Experiment 2) yielded pressure head increases approximately 1000fold greater than the buffered system (Experiment 3); (ii) the rate of pressure increase for
the unbuffered Experiment 2 is significantly greater than Experiment 3; (iii) the influence
of MnO2 concentration on modelled permeability is limited to 1854 mg/L; and, (iv)
equation (4-15) employs (4-1) and (4-10) through (4-14), but utilizes the aggregate
system permeability from Experiment 3.
4.6 Numerical Simulations

The findings from the one-dimensional column simulations were applied to threedimensional simulations of chemical oxidation of a single TCE source zone. Two cases
are considered: (i) a simple block of residual TCE (Figure 4.7), and (ii) a finite-volume
surface release resulting in a final distribution that includes both pooled and residual TCE
DNAPL (Figure 4.8). Due to computational demands, the bulk of the simulations are
conducted using case (i). The system parameters are listed in Table 4.1. The case (i)
source zone contained 2.981 kg of TCE DNAPL at a residual non-wetting phase
saturation of 20% of pore space, while case (ii) comprises a TCE DNAPL mass of 2.952
116

kg with non-wetting phase saturations ranging from 1 to 40%. The domain
configuration and nodal discretization are identical for both cases; only the shape and
degree of saturation of the TCE DNAPL source zone differs.
y

z

1 m by 1 m by 1 m domain

x
0.5 m (x) by 0.3 m (z) by 0.2 m (y)
residual TCE zone with SNW = 20%

v
0.5 m by 0.3 m by 0.05 m
low k lens

Figure 4.7. Configuration of three-dimensional domain used in model simulation of residual TCE source
zone dissolution and chemical oxidation.
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Figure 4.8. Cross-section of three-dimensional domain used in model simulation of pooled TCE source
zone dissolution and chemical oxidation. TCE saturations (SNW) range from 1 to 40%. Groundwater flow
is from right to left.
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Case (ii) was generated using a constant saturation point release at the top center
of the domain until 2.952 kg of TCE was present. The source was then terminated and
the DNAPL was allowed to migrate and redistribute. This resulted in 6.1% of the total
nodes invaded by DNAPL (4001 nodes), with 8.2% of invaded nodes (329 nodes) at
residual saturations between 1-14%. The remaining 91.8% of invaded nodes (3672
nodes) were at non-residual/pooled saturations. The dissolution and chemical oxidation
were initiated only after the DNAPL was hydraulically stable, as depicted in Figure 8.
The simulations were designed with a focus on assessing the influence of rind
formation on the efficacy of DNAPL removal and concurrent downstream boundary mass
discharges. Although the configurations are idealized, they capture the essential physics
of an in situ source zone, while neglecting the effects of sorption, heterogeneous soil
structure, organic carbon consumption, and non-symmetrical flow in the x-z plane.
Stated otherwise, the simulations have been designed to assess the influence of rind
formation in the absence of other, potentially complicating processes. The two-phase
flow simulator component of the model resolves local changes in wetting phase relative
permeability (i.e., the flow field) due to DNAPL dissolution. The permanganate is
introduced by specifying the entire upstream boundary face as a constant concentration
source. To optimize the effectiveness of treatment, a KMnO4 inlet concentration of 5000
mg/L was utilized for all cases. A reaction constant of Krxns = 0.39 M-1s-1 was selected
for all simulations by utilizing the Arrhenius equation to adjust a Krxns = 0.65 M-1s-1 for
an assumed groundwater temperature of 10ºC (Yan and Schwartz, 1999; Dai and
Reitsma, 2004), and a Srind = -5.5 x 10-16 m2L/mg was selected based on the calibration
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presented in the section 4.5 of this Chapter. In all cases, equilibrium dissolution is
utilized due to nodal dimensions (Miller et al., 1990; Imhoff et al., 1993; Sale and
McWhorter, 2001). As a check, dissolution of the residual block using both equilibrium
dissolution and the expression of Nambi and Powers (2003) produced similar results,
with the latter yielding a small degree of tailing relative to the former.
Three suites of simulations are considered for this work with the objective of
assessing the influence of rind formation on DNAPL removal efficacy. Each of these
suites comprises a set of similar simulations that are summarized in Table 4.2. Suites 1
and 2 examine the block of residual TCE (case (i)), while Suite 3 simulates treatment of
the surface released TCE DNAPL (pooled and residual, case (ii)). In Suite 1, chemical
oxidation with potassium permanganate in the absence of prior dissolution is considered
(Simulations 2 through 5 in Table 4.2). In Suite 2, ten years of dissolution is permitted
prior to initiating the treatment to represent remediation of a historical release
(Simulations 7 through 10 in Table 4.2). Note that Simulation 1 (dissolution only) is
utilized as the benchmark for treatment efficiency in Suite 1 and 2. In Suite 3, nine years
of dissolution is permitted prior to initiating either continuous or one year of treatment on
the surface released TCE. These results are then compared to dissolution in the absence
of treatment for the same release.
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Table 4.2. Descriptions of three-dimensional simulations.
Suite
1
(residual)

Simulation
No.
1
2
3
4
5

2
(residual)

6
7
8
9

3
(surface
release)

10
11
12

Description
Only equilibrium dissolution
Equilibrium dissolution with continuous oxidation; no prior
dissolution; no rind formation
Equilibrium dissolution with continuous oxidation; no prior
dissolution; rind formation included
Equilibrium dissolution with 1 year of treatment followed by
only equilibrium dissolution; rind formation included
Equilibrium dissolution with 2 years of treatment followed by
only equilibrium dissolution; rind formation included
10 years of equilibrium dissolution, then continuous treatment;
no rind formation
10 years of equilibrium dissolution, then continuous treatment;
rind formation included
10 years of equilibrium dissolution, then 1 year of treatment
followed by only equilibrium dissolution; rind formation
included
10 years of equilibrium dissolution, then 2 years of treatment
followed by only equilibrium dissolution; rind formation
included
Only equilibrium dissolution
9 years of equilibrium dissolution, then continuous treatment;
rind formation included
9 years of equilibrium dissolution, then 1 year of treatment
followed by only equilibrium dissolution; rind formation
included

Details on the influence of rind formation on media tortuosity are sparse in the
literature. Struse et al. (2002) conducted a number of treatment studies with TCE and
KMnO4 in low permeability soil cores for period of 30 to 60 days and reported no
significant change in the soil pore size or apparent tortuosity. Therefore, a global
tortuosity value of 0.7 (Bear, 1972) was used for all simulations and combined with the
Do values (Wilke and Chang, 1955) presented in Table 4.1 to arrive at effective diffusion
coefficients.
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4.6.1 Suite 1: Treatment without prior dissolution

Figure 4.9 presents the TCE mass remaining versus time for the Suite 1
simulations (see Table 4.2). In the absence of rind formation, it is observed that 11 years
of continuous treatment is necessary to completely deplete the source zone (Simulation
2). Treatment efficiency is greatly reduced when including rind formation, as depletion
time is extended to approximately 21 years (Simulation 3). Treating the source zone for
only brief periods of time does not appear to be beneficial. Treatment periods of only 1
or 2 years extends the source zone life span beyond dissolution alone, with complete
depletion times of 36 years and 38 years, respectively (Simulations 4 and 5). The
corresponding total boundary mass discharges are plotted in Figure 4.10. Note that in the
absence of rind formation (Simulation 2) the time to achieve negligible mass discharge
matches closely the time for DNAPL mass depletion for this simulation (11 years).
However, these times are observed to differ significantly when rind formation is
incorporated. For continuous treatment with rind formation (Simulation 3), the total mass
discharge becomes negligible after 11 years compared with the 21 years required to
deplete the DNAPL. For the case of 2 years pulse oxidation (Simulation 5), the discharge
is greatly reduced during treatment; however, once treatment has ceased, the mass
discharge substantially rebounds and is only eliminated after 39 years compared with 32
years for dissolution without treatment (Simulation 1).
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Figure 4.9. Influence of rind formation on treatment effectiveness for Suite 1. Chemical oxidation
initiated at t = 0 years. Label descriptors refer to simulations identified in Table 4.2.
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Figure 4.10. Comparison of total boundary mass discharge for different chemical oxidation treatment for
Suite 1. Label descriptors refer to simulations identified in Table 4.2.

A visual inspection of Figure 4.11 illustrates the mechanisms controlling
treatment efficacy. This figure is a time sequence for a simulation displaying SNW and k.
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Once the permanganate treatment is initiated, rind formation ensues at the zones of high
TCE solute concentrations. Typically, these zones surround the pools, blobs and ganglia
where dissolution is occurring, but extend downstream as well. The rind significantly
reduces the permeability of the porous medium, effectively encapsulating the source and
resulting in flow bypassing of the dissolving source zone. Transport of dissolved
constituents then becomes diffusion limited. If treatment is completely discontinued, the
DNAPL is depleted solely by dissolution and diffusion through the rind encapsulation
zone into the surrounding flow field. If treatment is continued, the differential diffusion
rates between TCE and MnO4- favour source depletion as the diffusion coefficient for
MnO4- is greater than that for TCE. Essentially, the combination of rind and
permanganate can behave as an in situ diffusive chemical reactor.
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t = 0 years

t = 10 years
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k (m2 )
1.0E-12
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8.0E-14
6.0E-14
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2.0E-14
1.0E-14

t = 25 years

Figure 4.11. Time sequence of SNW and k for Simulation 9 (refer to Table 4.2) for a cross-section through
the source zone. Permeabilities are identified in the legend. Red denotes nodes with SNW > 0, not the
actual saturation.

4.6.2 Suite 2: Treatment with prior dissolution

Figure 4.12 presents a plot of TCE mass remaining versus time for treatment
initiated after 10 years of dissolution (Suite 2 in Table 4.2). The trends observed in this
figure are similar to Suite 1. In the presence of continuous treatment, 24 years are
required for source depletion when considering rind formation (Simulation 7), while the
absence of a rind yields a depletion time of 18 years (Simulation 6). Surprisingly, despite
a 50% reduction in source mass at the time of chemical oxidation initiation (10 years), a
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pulse treatment time of 2 years (Simulation 9) extends the time of source depletion
several years beyond that of only dissolution (35 years and 31 years, respectively).
Similar complications are observed in Figure 4.13, where the pulse treatments
(Simulation 8 and 9) yield tailing of the total boundary mass discharge when compared to
only dissolution (Simulation 1). Although the degree of tailing in Suite 2 is less
pronounced than Suite 1, the pulse treatment still has adverse consequences.
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Figure 4.12. Influence of rind formation on treatment effectiveness after 10 years of dissolution prior to
treatment for Suite 2. Chemical oxidation initiated at t = 10 years. Label descriptors refer to simulations
identified in Table 4.2.
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Figure 4.13. Comparison of total boundary mass discharge for different chemical oxidation treatment
scenarios initiated after 10 years of dissolution for Suite 2. Chemical oxidation initiated at t = 10 years.
Label descriptors refer to simulations identified in Table 4.2.

An examination of the mass balance provides some insight into treatment
efficiency in three-dimensional heterogeneous domains. At the end of the two year
injection period for Simulation 9, approximately 0.55 kg of TCE DNAPL was removed
during chemical oxidation. During this same period 11.87 kg of MnO4- was injected, but
only 1 kg of MnO4- participated in the destruction of TCE. The contrast is more notable
for Simulation 7, where after 25 years (15 years of injection), 87.9 kg of MnO4- was
injected, but only 2.7 kg of MnO4- was used in the destruction of the TCE DNAPL. This
reduction in treatment efficiency is primarily due to flow bypassing following rind
formation and encapsulation of the DNAPL.
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4.6.3 Suite 3: Treatment of pooled TCE with prior dissolution

The influence of chemical oxidation on mass removal from a TCE pool is
presented in Figure 4.14. Although slightly more efficient, the trends in the pooled TCE
scenarios are similar to those for the residual block scenarios; one year of treatment
(Simulation 12) reduces the source life to approximately 24 years compared with 25
years for only dissolution (Simulation 10). Once initiated, continuous treatment
(Simulation 11) for 6 years (elapsed time of 15 years) is required to completely remove
the source zone; this represents a 2 to 3 fold reduction in source life span compared to the
dissolution only simulation, which requires approximately 15 years after the same
reference start time (Simulation 10). When examining Figure 4.14 it is observed that the
initial reduction in TCE mass occurs quickly (i.e., 9 to 10 years); however, as the rind
forms, the system becomes progressively more diffusion dominated and the rate the mass
removal concurrently decreases.
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Figure 4.14. Influence of rind formation on treatment effectiveness after 9 years of dissolution prior to
treatment for Suite 3. Chemical oxidation initiated at t = 9 years. Label descriptors refer to simulations
identified in Table 4.2.

Figure 4.15 presents the total mass discharge. As with the residual block suites (1
and 2), the 1 year pulse treatment on the pooled TCE (Simulation 12) initially yields a
rapid reduction in discharge due to solute consumption and rind formation. However,
once treatment is discontinued, significant rebound occurs with discharge values
recovering to near non-treatment conditions (i.e., Simulation 10). Approximately 24 and
25 years are required to achieve negligible mass discharge values for the case of 1 year of
treatment and only dissolution, respectively. Conversely, continuous treatment
(Simulation 11) reduces TCE concentrations to negligible levels for the entire treatment
period. As with the block residual suites, it should be noted that although the mass
discharge can be negligible during treatment, substantial DNAPL may remain.
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Figure 4.15. Comparison of total boundary mass discharge for dissolution and 1 year of chemical
oxidation treatment initiated after 9 years of dissolution for Suite 3. Label descriptors refer to simulations
identified in Table 4.2.

In terms of model output, the 9 years of dissolution prior to treatment reduced the
total number of DNAPL invaded nodes from 4001 to 637 and the number of nodes at
residual from 329 to 112, thus increasing the residual TCE from 8.2% to 17.6%. Upon
completion of the subsequent 12 months of chemical oxidation, 328 nodes remained
invaded with only 73 nodes at residual saturations, representing a 35% increase in
residual and 52% reduction in non-residual/pooled nodes. Interestingly, a visual
inspection of a DNAPL saturation plot time-sequence for Suite 3 (not presented)
demonstrated that while there was a significant increase in residual saturations, the TCE
pooled on the low permeability lens remained following treatment. Based on these
findings, it can be surmised that in complex DNAPL architectures, chemical oxidation
will be most effective at destroying residual DNAPL and pooled DNAPL will be
recalcitrant once rind encapsulation occurs.
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4.7 Conclusions

Three-dimensional numerical simulations of TCE DNAPL overlying a low
permeability lens within a higher permeability porous media domain were carried out.
The TCE was subjected to both dissolution and chemical oxidation with potassium
permanganate. Separate suites of simulations were carried out with the DNAPL
distributed at either residual saturation, or a combination of pooled and residual
saturations from a surface release of TCE.
Due to computational demands, the bulk of the simulations were conducted with
the residual block of TCE. For the case of dissolution without treatment, approximately
32 years elapsed before the 2.981 kg source was completely depleted. In the presence of
continuous chemical oxidation, the formation of the MnO2(s) rind doubled treatment times
when compared to the case of no rind. The rind formation resulted in source
encapsulation and flow bypassing, and subsequently, the transport of solute from the
source zone to the contiguous aqueous phase became diffusion limited. Single pulse
treatments of one and two years greatly exacerbated treatment efficiency as the
encapsulated DNAPL behaved as a long-term diffusive source. Continuous treatment is
beneficial due to the higher diffusion rates for permanganate relative to TCE; the
combination of rind and favourable differential diffusion rates permits the encapsulated
source zone to behave as a self-contained in situ chemical reactor.
The behaviour of pooled TCE was similar to the residual saturation configuration,
although the chemical oxidation proved slightly more efficient. In the case of 1 year of
treatment initiated after 9 years of dissolution, the 2.952 kg source zone (both pool and
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residual) was depleted after 24 years, which was similar to the time to depletion for the
corresponding dissolution only simulation. Continuous treatment initiated at 9 years
completely removed the source zone by approximately 15 years (i.e., 6 years of
continuous treatment was required). The mass discharge for continuous treatment
exhibited similar trends for both the residual and pooled configurations. Partial treatment
initially depleted the TCE solute, but once terminated, substantial concentration / mass
flux rebound occurred. Continuous treatment effectively reduces the TCE solute to
negligible concentrations, despite substantial mass remaining in the source zone. It was
also observed that non-residual/pooled DNAPL is particularly recalcitrant to chemical
oxidation once the rind precipitation encapsulation occurs.
This study suggests the potential importance of the rind formation on treatment
efficacy. Chemical oxidation with KMnO4 can potentially exacerbate DNAPL source
longevity and the time to achieve maximum allowable concentrations, depending on how
it is implemented. In the absence of rind dissolution, results suggest that pulsed (i.e.,
non-continuous) KMnO4 treatment methodologies are ineffective mass removal
strategies for DNAPL source zones. Clearly, a more thorough fundamental
understanding of in situ chemical oxidation precipitates, and their consequences and
benefits is necessary, if both numerical simulators and field treatment programs are to be
optimized.
Although the rind formation significantly influences chemical oxidation treatment
efficiency and the intended rate of mass destruction, the encapsulation tendency can also
be viewed as a potential benefit in certain specific situations. Although not demonstrated
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directly, this work suggests KMnO4 injection could be utilized to entrap and stabilize
pooled (i.e., non-residual) DNAPL that is actively migrating or potentially mobile.
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4.9 Notation

an

effective interfacial area {L2 L-3}

A

nodal area {L2}

C

concentration {M L-3}

Cs

effective solubility {M L-3}

d50

mean grain size diameter {L}

Dij

hydrodynamic dispersion tensor {L2 T-1}

Dº

free water diffusion coefficient {L2 T-1}

foc

factor of organic carbon

g

gravitational acceleration {L T-2}
h

k

hydraulic gradient
permeability {L2}

kdomain permeability of domain soil {L2}
klens

permeability of lens {L2}
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kij

intrinsic permeability tensor {L2}

kla

average mass transfer coefficient {L T-1}

Kl

lumped mass transfer coefficient {T-1}

ko

original permeability {L2}

kOAM

reaction coefficient between OAM and MnO4- {M-1 L3 T-1}

Koc

organic carbon partition coefficient

kPCE

reaction coefficient between PCE and MnO4- {M-1 L3 T-1}

kr

relative permeability {-}

kTCE

reaction coefficient between TCE and MnO4- {M-1 L3 T-1}

Mft

total boundary mass discharge {M T-1}

P

pressure {M L-1 T-2}

PC

capillary pressure {M L-1 T-2}

q

Darcy flux {L T-1}

qs

volumetric flux representing sources and/or sinks {T-1}

R

retardation factor

S

phase saturation

Sc

Schmidt number

Sh

modified Sherwood number

Srind

rind function {L2 L3 M-1}

t

time {T}

v

average linear groundwater velocity {L T-1}

x

horizontal longitudinal direction
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y

vertical direction

z

horizontal transverse direction

∆x

nodal dimension along x direction {L}

∆y

nodal dimension along y direction {L}

∆z

nodal dimension along z direction {L}

X

dimension of domain along x {L}

Y

dimension of domain along y {L}

Z

dimension of domain along z {L}

α

porous medium compressibility {M-1 L T2}

αx,y,z

dispersivity {L}

β

wetting phase compressibility { M-1 L T2}

μ

dynamic viscosity {M L-1 T-1}

ρ

fluid density {M L-3}

τ

tortuosity

θ

porosity

ℜ

rate of all reactions {M L-3 T-1}

Common subscripts

0

initial condition

i, j

coordinate indices for x, y, z

W

wetting phase

NW

non-wetting phase

m

mobile species
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im

immobile species
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Chapter 5
Numerical Simulation of DNAPL Source Zone Remediation
with In Situ Chemical Oxidation (ISCO)

5.1 Abstract

Numerical simulations were conducted to evaluate the efficacy of in situ field
scale chemical oxidation (with permanganate) for trichloroethylene (TCE) and
tetrachloroethylene (PCE) DNAPL in eight idealized heterogeneous porous media sites.
Both dissolution and treatment were unable to completely deplete DNAPL mass or
boundary mass flux for any of the sites. Performance was highly variable due to
competition with oxidizable organic aquifer materials, manganese dioxide (rind)
formation, DNAPL architecture, and geologic characteristics. Enhancement factors for
DNAPL mass depletion (Em) at the end of treatment ranged from 0.93 (i.e., adverse
impacts) to 3.07 (i.e., benefit), with values between 0.96 and 1.44 at the end of 10 years.
Similarly, the enhancement in boundary mass flux reduction (Ef) was between 1.03 and
2.22 at the termination of treatment, but at 10 years ranged from 0.84 to 9.78. During
post-treatment monitoring, most of the benefits achieved during active treatment were
negated due to dissolution tailing.
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5.2 Introduction

The benefit of source zone partial mass removal on plume evolution at sites
impacted by dense non-aqueous phase liquids (DNAPLs) is a topic of considerable
interest in the remediation industry. The issue was recently broached in seminal papers
by Sale and McWhorter (2001), Rao and Jawitz (2003) and McWhorter and Sale (2003).
Subsequently, expert panels examined the benefits of partial source zone mass removal in
the subsurface (Kavanaugh et al., 2003), the need for thorough site characterization, the
selection of appropriate remedial technologies, the derivation of meaningful performance
metrics, and an evaluation of knowledge gaps (Fountain et al., 2005). The latter report
utilized a three-dimensional matrix to assess remediation efficacy, where technologies,
hydrogeology, and metrics of evaluation (i.e., functional objectives) comprise the main
axes. In this study, those same components are adapted to numerically simulate the in
situ remediation of tetrachloroethylene (PCE) and trichloroethylene (TCE) DNAPL using
potassium permanganate.
The oxidation of TCE (C2Cl3H) by permanganate (MnO4-) is represented as (Yan
and Schwartz, 1999):
C2Cl3H + 2MnO4- ⇒ 3Cl- + 2CO2 + H+ + 2MnO2(s)
(5-1)
The oxidation of PCE (C2Cl4) by permanganate is represented as (Yan and
Schwartz, 1999):
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C2Cl4 + 2MnO4- ⇒ 4Cl- + 2CO2 + 2MnO2(s)
(5-2)
The successful enhancement of TCE and PCE DNAPL mass removal by
permanganate has been demonstrated experimentally in the laboratory (Schnarr et al.,
1998; Schroth et al., 2001; MacKinnon and Thomson, 2002; Petri et al., 2008) and at the
field scale (Schnarr et al., 1998). However, the effectiveness of treatment is conditional.
In (5-1) and (5-2) the solid manganese dioxide is a byproduct of the chemical oxidation
process. The MnO2(s) is a colloidal particle that can precipitate (Huang et al., 2002a;
Crimi and Siegrist, 2004), reducing permeability by clogging soil pores (Randhawa,
2000; Schroth et al., 2001; Siegrist et al., 2002) and portions of fractures (Tunnicliffe and
Thomson, 2004), and forming a low permeability deposition zone (rind) at the DNAPLaqueous phase interface (Urynowicz and Siegrist, 2005) that can encapsulate DNAPL
source zones (Schroth et al., 2001; Conrad et al., 2002; MacKinnon and Thomson, 2002;
Li and Schwartz, 2004b). The factors that influence the formation and precipitation of
MnO2(s) are highly variable and site specific, depending on pH, interstitial pore velocity,
contaminant concentration, cation concentration, buffering capacity, and permanganate
loading (Nelson et al., 2001; Crimi and Siegrist, 2004, 2005; Kao et al., 2008).
In terms of kinetics, it has been found that (5-1) and (5-2) follow a second-order
reaction rate when MnO4- is in excess (Yan and Schwartz, 1999; Hood et al., 2000;
Huang et al., 2001; Siegrist et al., 2001; Dai and Reitsma, 2004; Waldemer and Tratnyek,
2006). Experimentally determined second-order reaction constants for TCE and MnO4(kTCE) have been reported to range between 0.24 and 1.19 M-1 s-1 (for 20ºC to 25ºC) (Yan
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and Schwartz, 2000; Huang et al., 2001; Waldemer and Tratnyek, 2006) . Similarly,
values ranging from 0.028 to 0.051 M-1 s-1 (for 20ºC to 25ºC) have been determined for
PCE and MnO4- reactions (Hood et al., 2000; Huang et al., 2002b; Dai and Reitsma,
2004; Waldemer and Tratnyek, 2006; Kao et al., 2008). This second-order reaction rate
follows the Arrhenius equation with respect to temperature, which is useful for estimating
reaction rate constants consistent with groundwater temperatures (Yan and Schwartz,
2000; Dai and Reitsma, 2004).
The heterogeneity of porous medium domains has been studied in detail at a few
select sites. For the purposes of modelling, a key parameter of interest is permeability (k)
(or hydraulic conductivity, K) and its associated statistics, specifically mean k (μk),
variance of k (σ2k), and spatial correlation length (λ). Site investigation and geostatistical
assessments have revealed a broad range of conditions. At the Borden aquifer, different
statistical techniques found that the variance of ln K (σ2ln K) ranged between 0.27 and 0.59
((ln m/s)2) with horizontal correlation lengths (λH) ranging between 2.8 and 7.15 m, and
vertical correlation lengths (λV) ranging from 0.16 to 0.29 m (Sudicky, 1986; Woodbury
and Sudicky, 1991; Turcke and Kueper, 1996). For the tracer test at the Cape Cod site,
Hess et al. (1992) reported a σ2ln K of 0.14 or 0.24 with a λH of 2.9 or 8.0 m, and a λV of
0.18 or 0.38 m depending on the field testing methodology. In a study by Rehfeldt et al.
(1992) at a site near Columbus, Mississippi, σ2ln K was either 2.7 or 4.5 with a λH of 4.8 or
12.8 m, and a λV of 0.8 or 1.6 m depending on the statistical technique utilized to assess
the dataset. In a statistical assessment of a site in Tübingen, Germany, Maji (2005)
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calculated a σ2ln K equal to 3.87, anisotropic correlation in the horizontal plane with λH
values of either 5.2 or 7.1 m depending on orientation, and λV equal to 0.05 m.
Apart from heterogeneous soil structure, another hydrogeologic factor that can
greatly influence the effectiveness of chemical oxidation with potassium permanganate is
the presence of reactive soil matter. Since MnO4- indiscriminately reacts with a multitude
of naturally-occurring organic and reduced inorganic compounds, the presence of organic
and inorganic species on soil subject to chemical oxidation can result in substantial
competition with the targeted chlorinated solvents, yielding reduced treatment efficacy
(Siegrist et al., 2001; Mumford et al., 2005). For modelling purposes, this work focuses
on only reactive organic aquifer material (OAM), where the reaction between OAM and
permanganate is given by (Mumford, 2002):
3CH2O + 4MnO4- ⇒ 3CO2 + 4MnO2(s) +H2O + 4OH(5-3)
Equation (5-3) represents a reactive sink often referred to as the natural oxidant demand
(NOD). In addition, it is conceivable that considerable quantities of rind can form as per
(5-3), exacerbating the effect of flow heterogeneity on fluid delivery.
The NOD of soil has been experimentally investigated by Mumford (2002),
Mumford et al. (2005), Hønning et al. (2007), and Urynowicz et al. (2008). The authors
reported that the NOD reaction between OAM and MnO4- consisted of independent fast
and slow reactions. Mumford (2002) modelled the experimental data using two
independent second-order kinetic reactions with a reasonable match; Hønning et al.
(2007) studied NOD for two aquifers finding that 50% of the MnO4- is consumed in the
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fast reaction that occurs within the first 12 hours of treatment and followed a first-order
reaction rate; Urynowicz et al. (2008) derived a rate expression comprising two
independent first-order reaction rates solely dependent on [MnO4-] that was a good match
to their experimental results, with the transition between fast and slow occurring at
approximately 48 hours. The latter two experiments differed from Mumford et al. (2005)
in that their NOD continued to gradually increase over the 21 weeks of experimentation.
Field-scale modelling of the in situ chemical oxidation of DNAPLs is sparse in
the literature. Zhang and Schwartz (2000) conducted two simulations: a threedimensional domain (3 m by 2.5 m by 1 m with 1350 nodes) representing the Borden
aquifer test cell experiment conducted by Schnarr et al. (1998), and a large scale twodimensional domain (120 m by 70 m with 2601 nodes) representing a US Department of
Energy site. Ibaraki and Schwartz (2001) investigated the influence of soil heterogeneity
and fluid density-effects on sweep efficiency with a 15 m by 12 m two-dimensional
domain comprising 11640 nodes.
In this study, the three-dimensional two-phase flow reactive transport model,
DNAPL3D-RX (Chapter 4), is modified and utilized to investigate the treatment of TCE
and PCE DNAPL source zones in heterogeneous porous media by chemical oxidation
with potassium permanganate at the field scale. Treatment effectiveness is primarily
evaluated with respect to DNAPL mass removal and solute mass flux behaviour over a
period of 10 years in both the presence and absence of treatment. This work focuses on
the influence of: (i) soil permeability and heterogeneity, (ii) DNAPL source zone
architecture, (iii) DNAPL composition, (iv) DNAPL release volume, (v) the use of
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hydraulic displacement prior to chemical oxidation, (vi) MnO2(s) rind deposition, and (vii)
the competition with NOD.
5.3 Field Scale Model Domain

For modelling purposes, template sites were developed that encompass ranges in
domain hydraulic conductivity, heterogeneity, DNAPL type, and DNAPL release
volume. Table 5.1 presents each of the template sites utilized for modelling activities.
The “base case” template site permeability and saturation fields are presented in Figure
5.1. The program F-GEN by Robin et al. (1993) was utilized to generate the random
spatially correlated permeability (k) fields. In general, the mean permeability ranges over
two-orders of magnitude (from 3.0× 10-11 m2 to 3.0× 10-13 m2) amongst the sites, with the
variance in ln k varying from 0.87 to 3.48. While local scale permeability can range over
several orders of magnitude, these mean permeability values are meant to represent sites
compromising medium to fine grained porous media (Bear, 1972; Freeze and Cherry,
1979). The variance values represent sites with low (σ2ln k = 0.87), moderate (σ2ln k =
1.74), and high (σ2ln k = 3.48) heterogeneity. Similarly, the initial DNAPL volumes
represent small, medium, and large releases. While not the specific focus of this study,
the majority of the permeability and saturation fields employed herein were first subject
to numerical simulations of hydraulic displacement (HD), which resulted in the recovery
of considerable DNAPL mass and redistribution of DNAPL throughout the domain
(Richards, 2006). The DNAPL initial masses/volumes listed in Table 5.1 are the post HD
quantities utilized in this work.
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Template Site
Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity
Small DNAPL
volume (post HD)
Small DNAPL
volume (pre HD)
Large DNAPL
volume
High density
DNAPL

Table 5.1. Summary of template sites.
DNAPL Initial
Mean k
Initial
(m2)
Mass
Volume
3
(kg)
(m )
TCE
3520
2.41
3.03 × 10-12
TCE
3496
2.39
3.02 × 10-11
TCE
3535
2.42
3.04 × 10-13
TCE
3355
2.30
1.87 × 10-12
TCE
3186
2.18
7.41 × 10-12

Mean
ln k
(ln (m2))
-27.36
-25.06
-29.66
-27.43
-27.26

Variance
ln k
(ln (m2))2
1.74
1.74
1.74
0.87
3.48

TCE

785

0.54

3.03 × 10-12

-27.36

1.74

TCE

803

0.55

3.03 × 10-12

-27.36

1.74

TCE

7343

5.03

3.03 × 10-12

-27.36

1.74

PCE

3871

2.37

3.03 × 10-12

-27.36

1.74

y
SNW

DNAPL release

A
5m
20 m

x

10 m

k (m2)

B

Figure 5.1. Three-dimensional view of porous media domain. Figure A presents the initial non-wetting
phase saturation field, domain configuration, and the location of the original DNAPL release. Figure B
depicts the corresponding permeability field. The domain is the symmetric half-domain (with respect to the
DNAPL release location) from work by Richards (2006).
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To improve the applicability of the three-dimensional reactive transport
simulations to field sites, sorption processes were simulated by generating an organic
aquifer material (OAM) field cross-correlated to permeability with F-GEN (Robin et al.,
1993). The behaviour and kinetics of chlorinated ethene sorption to aquifer materials has
been represented with both linear isotherms, Freundlich isotherms, and Langmuir
isotherms utilizing both instantaneous equilibrium and rate-limited kinetics (e.g., Chiou
et al., 1979; Miller and Weber Jr, 1986; Ball and Roberts, 1991; e.g., Allen-King et al.,
1996). For this work, the OAM was simulated using a fraction organic carbon (foc) in
each node and applying a linear sorption isotherm. The relevant input statistics are
presented in Table 5.2. Following the methodology and findings of an extensive study of
the Borden aquifer by Brusseau and Srivastava (1997), the foc was perfectly negatively
cross-correlated to the permeability field utilizing a σ ln2 foc equal to 0.24 for all template
sites. This approach varies from Brusseau and Srivastava (1997) in that their work
assumed σ ln2 foc = σ ln2 K = 0.24. Since σ ln2 K varies between 0.87 and 3.48 in this work,
assuming σ ln2 foc = σ ln2 K would produce excessively large retardation factors (R = 1 + ρb
Koc foc /θ ) (Freeze and Cheery, 1979). By assuming σ ln2 foc equals 0.24 for all template
sites, more moderate R values are achieved. For example, 1.4 < R < 13.0 (0.0005 < foc <
0.015) for the base case with a mean R of 3.4 (foc = 0.00306).
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Table 5.2. F-GEN (Robin et al., 1993) input statistics.
Parameter
Mean, μ

Variance, σ2

Degree of
Correlation,
R2
Coherency
level, a

Templates Site
Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity
Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity

k (m2)
1 × 10-12
1 × 10-11
1 × 10-13
1 × 10-12
1 × 10-12
ln k (ln (m2))
2.0
2.0
2.0
1.0
4.0

foc
0.003
ln foc
0.241

1
Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity
k field

Correlation
lengths
λH (2)
3.0 m
λV
0.2 m
Nugget Effect
0.0
1
Brusseau & Srivastava (1997).
2
Horizontal isotropy assumed.

-0.35
-0.35
-0.35
-0.49
-0.24
foc field
3.0 m
0.2 m
0.0

In an effort to reduce the model complexity, all domains are considered perfectly
buffered while implicitly incorporating relevant geochemistry: the authors recognize that
alternations in redox conditions, pH and cations can influence treatment efficiency, and
the formation and dissolution of the MnO2 rind (e.g., Crimi and Seigrist, 2004; Li and
Schwartz, 2004). The hydrogeochemistry of actual sites is highly complex, dynamic, and
spatially variable. The current understanding of the influences of hydrogeochemistry on
chemical oxidation processes, and the formation, fate and transport of manganese dioxide
precipitates, is limited. While some of these issues can be resolved to some degree for
actual sites, employing complex hydrogeochemistry in a transient heterogeneous three150

dimensional reactive multiphase model with the current state of knowledge may yield
nebulous results, and is the topic of future studies.
5.4 Model Development

The development, testing and calibration of DNAPL3D-RX are discussed in West
et al. (2008). Details regarding the multiphase flow and solute transport aspects of the
model are presented Chapter 4 of this thesis.
5.4.1 Interphase Mass Transfer at the Field Scale

The dissolution of NAPLs from the non-aqueous phase to the contiguous aqueous
phase is system dependent (Saba and Illangasekare, 2000; Nambi and Powers, 2003;
Grant and Gerhard, 2007a). In an effort to elucidate the fundamental phenomena
dictating dissolution processes, laboratory experiments have been conducted in onedimensional homogeneous columns (Miller et al., 1990; Powers et al., 1992; Geller and
Hunt, 1993; Imhoff et al., 1993; Powers et al., 1994) and two-dimensional heterogeneous
boxes (Powers et al., 1998; Seagren et al., 1999; Brusseau et al., 2002; Nambi and
Powers, 2003; Grant and Gerhard, 2007a). In the aforementioned studies, models were
derived using either the steady-state approximation of the thin stagnant film model:
J=

∂ (θSW C )
= k la a n (C s − C ) = K l (C s − C )
∂t

(5-4)
or the local equilibrium assumption:
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C = Cs
(5-5)
where J is the interphase mass flux {M L-3 T-1}, θ is porosity, SW is the wetting phase
saturation, kla is the average mass transfer coefficient {L T-1}, Kl is the lumped mass
transfer term {T-1}, an is the effective interfacial area {L2 L-3}, and Cs is the effective
solubility {M L-3}. In general, the applicability of either (5-4) or (5-5) is influenced by
pore velocity and non-wetting phase saturation, but other factors can affect the
dissolution behaviour (Miller et al., 1990). Field scale modelling simulations (Zhu and
Sykes, 2000; Grant, 2005) have also demonstrated the importance of scale on the utility
of (5-4) and (5-5), illustrating that expressions derived using (5-4) are highly system
specific and difficult to up-scale. As such, mass transfer expressions derived at the
laboratory scale may not be applicable to the field scale.
In an attempt to elucidate field scale dissolution processes, a seminal threedimensional heterogeneous field experiment was conducted by Rivett and Feenstra
(2005) in the Borden Aquifer, where a homogeneous DNAPL source was emplaced
within a heterogeneous domain. A network of monitoring wells revealed solute
concentrations less than solubility, suggesting that the dissolution process was ratelimited. However, while simulating the field experiment using a complex numerical
model, Frind et al. (1999) determined that the lower concentrations observed at the
monitoring wells were due to advective-dispersive effects, such as flow bypassing, and
that the assumption of local equilibrium (equation (5-5)) was valid for the interim of the
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experiment. This result is consistent with the theoretical work of (Mayer and Miller,
1996) and (Sale and McWhorter, 2001), who demonstrated that the use of local
equilibrium dissolution is reasonable for homogeneous sources in multi-dimensional
domains. In two-dimensional heterogeneous experiments and corresponding numerical
model simulations with a variety LNAPL and DNAPL compounds, Powers et al. (1998)
found that the local equilibrium assumption was satisfactory for SNW > 0.05 to 0.15,
below which rate-limited kinetics governed dissolution. Brusseau et al. (2002)
investigated the applicability of the local equilibrium assumption in one-dimensional
homogeneous and two-dimensional heterogeneous experiments, while conducting
simulations with a multi-dimensional numerical model. It was observed that local
equilibrium can be used to reasonably represent local-scale dissolution provided the large
scale factors, such as soil heterogeneity, complex DNAPL architecture, and dispersion
processes are incorporated. Although these findings are not universally applicable (e.g.,
Parker and Park, 2004), they suggest that the local equilibrium assumption can be utilized
for field scale simulations provided the domain is sufficiently complex. This is a helpful
conceptual tool for modelling practice.
Based on the aforementioned studies, dissolution is simulated in this work by
applying local equilibrium to source nodes (i.e., equation (5-5)); a similar approach was
recently utilized by Basu et al. (2008). The three-dimensional heterogeneous
configuration of the domain permits the simulation of advection-dispersion processes at
all nodes, thus capturing the reduction in downgradient concentrations due to flow
bypassing and dilution processes.
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5.4.2 Reaction Kinetics

The reaction equations of interest for TCE with permanganate follow Randhawa
(2000), Zhang and Schwartz (2000), and Mundle et al. (2007), while the reaction between
OAM and permanganate is adopted from Yan and Schwartz (1999), Mumford (2002),
and Mundle et al. (2007).
For TCE or PCE:

[

∂[TCE ] − kTCE [TCE ] MnO −4
=
∂t
RTCE

]
(5-6)

where RTCE is the retardation factor as defined earlier.
For permanganate:

[

]

[

]

[

∂ MnO −4
= −2kTCE ([TCE ] + [TCE sorbed ]) MnO −4 − 4kOAM [OAM] MnO −4
∂t

]
(5-7)

where the coefficients 2 and 4 are derived from stoichiometry.
For OAM (Mumford, 2002):
∂[OAM]
= −3kOAM [OAM] MnO −4
∂t

[

]
(5-8)

For sorbed TCE:
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∂[TCE sorbed ]
= −kTCE [TCE sorbed ] MnO −4
∂t

[

]
(5-9)

where the square brackets [ ] denote molar concentration, kTCE and kOAM are the secondorder reaction constants between aqueous TCE and MnO4- {M-1 L3 T-1}, and OAM and
MnO4- {M-1 L3 T-1}, respectively. The mass concentration can be determined by
computing the product of the molar concentration and the molar mass for a given species.
Equations (5-6) to (5-9) also apply to the case of PCE, although kPCE is different (see
Table 5.3). Following the study by West et al. (2008), the influence of CO2(g) on
permeability is not simulated; it is recognized that this assumption will likely impart a
bias that reduces soil clogging and flow bypassing. The modelling approach of Mumford
(2002) was selected for this work due to its explicit dependence on both OAM and MnO4(see equation (5-8)), and the need for only one OAM species within the domain, thus
improving computational efficiency; although the usage of (5-8) has some limitations in
capturing the full spectrum of OAM-permanganate reaction kinetics (Mumford, 2002;
Mumford et al., 2005; Hønning et al., 2007; Urynowicz et al., 2008), it is a reasonable
starting point for the simulation of a complex heterogeneous domain. To ensure that
MnO4- consumption by OAM is representative, the average value of four slow reaction
rate constants reported by (Mumford, 2002, Table 5-2, page 76) was utilized for
modelling.
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5.4.3 Representation of Rind Formation

As noted in (5-1), (5-2), and (5-3), the manganese dioxide rind forms as a
byproduct of reaction with TCE, PCE, and OAM. Due to potential highly adverse
impacts on treatment efficacy, the subject of manganese dioxide formation, transport,
deposition, and influences on chemical oxidation are the subject of continued research.
For this modelling work, the findings of West et al. (2008) are employed, where the
permeability was modified by the following expression:
k = (k o ) + S rind [MnO 2 ]
(5-10)
where k is the nodal permeability at the time of interest, ko is the original permeability of
the node {L2}, and Srind is the slope of the assumed linear relationship between k and the
MnO2 concentration {L2 L3 M-1}. As discussed in West et al. (2008), the parameter Srind
in (5-10) captures the aggregate response of the system to changes in pressure from the
deposition of rind particles whose concentration is determined from stoichiometry
(equations (5-1) to (5-3)) and reaction kinetics (equations (5-6) to (5-9)). Following the
assumptions in West et al. (2008), the MnO2 species is considered immobile and
insoluble, and since all domains are assumed completely buffered, the formation and
influence of CO2 gas is not assessed.
5.5 Metrics of Evaluation

The DNAPL mass (MDNAPL) {M} removed, boundary mass flux, relative change
in local scale DNAPL saturation (SNW) with respect to permeability, and DNAPL mass
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versus boundary mass flux are the four metrics utilized in this study to assess the
performance of DNAPL remediation by permanganate. The DNAPL mass removal is
assessed by converting the nodal saturations to masses, and then summing all nonwetting phase nodal masses within the domain. The boundary mass flux (Mf) {M L-2 T-1}
is the sum of the local scale mass flux at each boundary node:
N

M nf = ∑ C in qi
i =1

(5-11)
where i denotes an individual boundary node, n is the mobile aqueous species of interest,
q is the nodal Darcy flux {L T-1}, and C is the nodal concentration {M L-3}. The relative
change in SNW with respect to permeability is calculated as follows:

(ε rel )i

(

) ( ) ⎞⎟ ×100%
( ) ⎟⎠

o
t
⎛ S NW
− S NW
i
= ⎜⎜
o
S NW
i
⎝

i

(5-12)
o
where εrel is the relative difference (%) for each node within the domain, S NW
is the initial

t
(t = 0) non-wetting phase saturation, and S NW
is the non-wetting phase saturation when

treatment is terminated. The εrel is further quantified using the first moment (centroid of
ln k):
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N

μ ln k =

∑ (ε ) (ln k )
rel i

i =1

i

N

∑ (ε )
i =1

rel i

(5-13)
and the second moment (variance of ln k):
N

σ ln2 k =

∑ (ε ) (ln k )
i =1

rel i

N

∑ (ε )
i =1

2
i

− (μln k )i

2

rel i

(5-14)
Equations (5-12), (5-13) and (5-14) are utilized to compare and contrast both
dissolution only and chemical oxidation for all template sites. The use of equations
(5-13) and (5-14) permit correlation analysis of mass removal with respect to nodal
permeability, and the evaluation of which nodal permeabilities (if any) are most
conducive to mass removal. For the case of dissolution only (no treatment) all nodes are
−

evaluated, while only nodes with C MnO4 > 0 are examined for the case of chemical
oxidation. When conducting moment analyses, nodes that experienced increases in SNW
were omitted in the calculation; the number of such nodes was relatively small and this
change was due to DNAPL migration.
The DNAPL mass and boundary mass flux are compared to dissolution only at
specific times of interest to compute enhancement factors. For DNAPL mass depletion,
the enhancement factor is defined as:
158

0
chem ox
M DNAPL
− M DNAPL
(t )
Em = 0
diss
M DNAPL − M DNAPL (t )

(5-15)
0
chem ox
diss
is the initial DNAPL mass in the domain (t = 0), and M DNAPL
and M DNAPL
where M DNAPL

are the DNAPL mass values for treatment and dissolution only, respectively, at some
time (t). The enhancement factor for boundary mass flux is defined as:
Ef =

M diss
f (t )
ox
M chem
(t )
f

(5-16)
ox
is the mass flux for treatment and M diss
is mass flux for the corresponding
where M chem
f
f

dissolution only output.
DNAPL mass reduction (Mnorm) versus boundary mass flux reduction (Fnorm) and
mean concentration reduction (Cnorm) is the final metric utilized to assess dissolution and
treatment processes, and to evaluate treatment effectiveness. Similar approaches have
been employed by other authors (e.g., Sale and McWhorter, 2001; Parker and Park, 2004;
Falta et al., 2005a; Jawitz et al., 2005; DiFilippo and Brusseau, 2008). The approach by
Falta et al. (2005a) is utilized as follows:
Γ

C (t ) ⎛ M DNAPL (t ) ⎞
⎟ or
=⎜
C (t0 ) ⎜⎝ M DNAPL (t0 ) ⎟⎠

C norm = (M norm )

Γ

(5-17)

159

and
Γ

⎛M
(t ) ⎞
= ⎜⎜ DNAPL ⎟⎟ or
M f (t0 ) ⎝ M DNAPL (t0 ) ⎠

M f (t )

Fnorm = (M norm )

Γ

(5-18)
where t0 is the reference time {T}, and Γ is an empirical fitting parameter intended to
represent the influence of heterogeneity and source zone architecture.
5.6 Scope of Simulations

All parameters of interest were varied with respect to a base case (see Table 5.1).
The base case input parameters are listed in Table 5.3, and a three-dimensional depiction
of the effective saturation and permeability fields is presented in Figure 5.1. Richards
(2006) generated the initial non-wetting saturation fields in a larger 20 m (long) by 20 m
(wide) by 5 m (thick) domain by specifying a point release at the top-center node. The
released DNAPL subsequently underwent migration and redistribution. Upon stabilizing,
the domain was then subject to HD. The post-HD simulations are primarily utilized in
this work; however, the pre-HD fields for the small volume release (simulation 6b) were
utilized to assess the influence of HD on treatment.

160

Table 5.3. Simulation input parameters
Parameter
ρW
ρNW
μW
μNW
α
β
Koc
d50
θ (2)
αx
αx:αy
αx:αz
τ

kTCE or k PCE
kOAM
Srind (rind slope)
Cs

CinjKMnO4

TCE
1000 kg m-3
1460 kg m-3 (1)
0.001 Pa·s
0.00057 Pa·s (1)
0 Pa-1
0 Pa-1
126 mL g-1 (1)
0.0005 m
0.30
0.004 m
10:1
100:1 m
0.7 (3)
-1 -1
0.39 M s @ 10ºC (4)

PCE
1000 kg m-3
1630 kg m-3 (1)
0.001 Pa·s
0.00087 Pa·s (1)
0 Pa-1
0 Pa-1
364 mL g-1 (1)
0.0005 m
0.30
0.004 m
10:1
100:1 m
0.7 (3)
0.0141 M-1s-1 @ 10ºC (4)

8.8 × 10-8 L mg-1 s-1 (5)

8.8 × 10-8 L mg-1 s-1 (5)

-5.5 x 10-16 m2 L mg-1
1100 mg L-1 (1)
2500 mg L-1

(6)

-5.5 × 10-16 m2 L mg-1
200 mg L-1 (1)
2500 mg L-1

(6)

Dº TCE or PCE
7.98 × 10-10 m2 s-1 (7)
7.17 × 10-10 m2 s-1 (7)
-9
2 -1 (8)
Dº MnO4
1.55 × 10 m s
1.55 × 10-9 m2 s-1 (8)
0.05
0.05
h
X (longitudinal)
20.0 m
20.0 m
Y (vertical)
5.0 m
5.0 m
Z (width)
10.0 m
10.0 m
∆x
0.40 m
0.40 m
∆y
0.05 m
0.05 m
∆z
0.40 m
0.40 m
Number of nodes
125000
125000
(1)
Pankow and Cherry (1996).
(2)
Constant porosity assumed (Schaerlaekens et al., 2006; Liang and Falta, 2008).
(3)
From Bear (1972).
(4)
From Yan and Schwartz (2000); temperature as per Dai and Reitsma (2004).
(5)
From Mumford (2002).
(6)
From West et al. (2008).
(7)
Calculated from Wilke and Chang (1955). Reference temperature is 10ºC.
(8)
From Lide (2004).

Trial simulations with chemical oxidation revealed that the original 20 m by 20 m
by 5 m domain (250000 nodes) proved to be excessively computationally demanding for
a simulation period of 10 years (i.e., some run-times would be in excess of one year).
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The width of the domain was reduced from 20 m to 10 m ensuring a statistically similar
(with respect to SNW) domain for a total 125000 nodes. The domain was discretized into
0.4 m by 0.4 m by 0.05 m blocks to ensure a minimum of four nodes per correlation
length. As such, the current suite of simulations utilized the symmetric half-domain
(with respect to the original DNAPL release node) of the simulations conducted by
Richards (2006).
A schedule of field scale simulations is provided in Table 5.4. Simulations were
conducted by systemically altering the μk (simulations 2 and 3), σ2ln k (simulations 4 and
5), DNAPL volume (simulations 6 and 7), DNAPL type (PCE, simulation 8) with respect
to the base case template site (simulation 1). Additional simulations were conducted to
assess the influence of HD (simulation 6a and 6b), MnO2(s) rind deposition (simulation
9), the absence of NOD (simulation 10), and combined absence of rind deposition and
NOD (simulation 11) on remediation. To provide a benchmark for the evaluation of
treatment, corresponding dissolution only (no treatment) simulations were conducted for
each of the template sites (total of 9 no treatment simulations).
All template site simulations were completed utilizing the same computational
numerical techniques. The non-linear multiphase flow equations were solved using a
fully implicity scheme with Newton-Raphson iteration as discussed in Gerhard and
Kueper (2003). The advection and dispersion of individual solute species was solved
using the standard explicit finite-difference method (Clement, 1997; Clement et al.,
1998); while there are several solver options available to the user in RT3D, testing with
the template sites revealed that the former technique was a good balance between
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memory usage and computational run-time. All solute reactions were solved using the
automatic switching Gear-stiff/non-stiff solver option in RT3D.
Table 5.4 Schedule of treatment simulations
Simulation
No.

Description

KMnO4
injection
concentration
(mg/L)

Injection
duration
(days)

1
2
3
4
5
6a

Base case
849
High mean k
83
Low mean k
3650(1)
Low heterogeneity
1086
High heterogeneity
575
163
Small DNAPL volume
(post HD) (2)
2500
6b
Small DNAPL volume
166
(pre HD)
7
Large DNAPL volume
2251
8
PCE DNAPL
724
9
Base case, no Rind
849
10
Base case, no NOD
849
11
Base case, no NOD &
849
no Rind
(1)
Only 42% of mass KMnO4 could be injected over 10 years.
(2)

HD denotes hydraulic displacement.

(3)

Equilibrium dissolution assumed for all simulations.

A cross-sectional depiction of the domain with all boundary conditions is
presented in Figure 5.2. Constant head (Type 1) boundary conditions were specified for
the wetting-phase at the upgradient (x = 0) and downgradient (x = 20 m) longitudinal
domain exterior faces, while corresponding no flux (Type 2) boundary conditions were
specified for the non-wetting phase. The horizontal and vertical transverse domain faces
were assigned no flux boundary conditions for both the wetting and non-wetting phases.
Essentially, groundwater flows from x = 0 to 20 m under a hydraulic gradient of 0.05,
analogous to a site subject to ongoing pumping activities.
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SNW

C injKMnO4 = 2500 mg / L

Constant PW head
and ∂qNW = 0
∂y

Constant PW head
∂C
= 0,
∂y

∂q
=0
∂y

and ∂qNW = 0
∂y
along (20, y, z)

5m

k (m2)

q

20 m

y
∂C
= 0,
∂y

x

∂q
=0
∂y

Nodal discretization is 0.4 m (x) by 0.4 m (z) by 0.05 m (y).
Pressure is hydrostatically distributed along constant head boundaries.

Figure 5.2. Cross-section of model domain with boundary and initial conditions. Section located a z = 5 m
for TCE base case.

A core focus of this study is the effect of heterogeneity on sweep efficiency
through the source zone. As such, emphasis was placed on maximizing deliverability of
the chemical oxidant to the subsurface domain. This was accomplished by utilizing a
constant concentration ( CinjKMnO4 = 2500 mg/L) injection boundary along the entire
upgradient face of the domain for a fixed period of time (i.e., one injection, not pulsed);
practically, this boundary condition represents an injection trench or a series of closelyspaced injection wells. The influence of various design parameters (e.g, Siegrist et al.,
2001) on treatment is a worthwhile study and the subject of future work.
The initial condition for each simulation adopted the stabilized post-migration
and/or post-HD saturation fields generated following the original DNAPL releases
(Richards, 2006). Neither dissolution during migration, nor dissolution during HD, was
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simulated. As a consequence, a solute plume does not exist prior to initiating the
simulations in Table 5.4. Upon commencing each simulation (i.e., the first time step),
equilibrium dissolution yields solute concentrations at solubility for each node with SNW >
0 and sorbed mass is generated accordingly.
All simulations were conducted for a total simulated time of 10 years. This
interim is meant to represent a typical time frame for the execution and monitoring of
remediation activities at real sites. The duration of injection for each simulation was
determined from stoichiometry: MnO4- was continuously injected until enough oxidant
was present to theoretically completely degrade the initial DNAPL mass according to
(5-1) and (5-2) and assuming no other losses (i.e., 2 moles of MnO4- were injected for
each mole of TCE DNAPL initially present). Injection was terminated once this
stoichiometric initial mass condition was achieved.
5.7 Field Scale Simulations

All simulations were evaluated using the previously discussed metrics. Results
are presented for both the chemical oxidation and dissolution only (no treatment)
scenarios. The dissolution only simulations were conducted for each template site and
serve as a benchmark for comparing treatment efficiency. Conservative tracer
simulations were also conducted with a continuous constant concentration boundary for
each template site with the following C/C0 = 0.5 breakthrough times: 47 days for the
base case (simulation 1), small DNAPL release volume (simulations 6a and 6b), and
large DNAPL release volume (simulation 7) sites; 5 days for the high mean k site
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(simulation 2); 487 days for the low mean k site (simulation 3); 72 days for the low
variance site (simulation 4); and, 23 days for the high variance site (simulation 5).
5.7.1 DNAPL Source Zone Mass Removal

The TCE dissolution and chemical oxidation simulation results for the base case
(simulation 1, Table 5.4), and the high and low mean k values (simulations 2 and 3, Table
4) are plotted in Figure 5.3 and summarized in Table 5.5, where it can be observed that
the domain mean k has a significant influence on mass removal for both the dissolution
and treatment scenarios. This is a reflection of transport times and deliverability. From
simulations 1 and 2, it is clear that high mean k domains respond more favourably to
chemical oxidation. Unfortunately, the low mean k domain was problematic for chemical
oxidation as only 42% of the needed KMnO4 was successfully injected over 10 years due
to the limited groundwater flux. The responsiveness of the high mean k simulation is
due, in part, to the difference in the transport times of the MnO4- species relative to the
kinetics of the concurrent competitive reactions with TCE solute and NOD; there is less
residence time for a given node, thus minimizing NOD losses and the degree of rind
formation from (5-3). Consequently, sweep efficiency is relatively greater in the high
mean k domain and TCE solute consumption is more widely spread, ultimately yielding
more nodes with enhanced dissolution and an overall increase in DNAPL mass removal.
Following the termination of treatment, residual MnO4- is completely consumed within a
few months, and the remainder of the simulation is dominated by dissolution. At 10
years, simulations 1 and 2 indicate that the order of magnitude increase in mean k yields a
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7-fold reduction in DNAPL mass for dissolution only, while chemical oxidation exhibits
a 40-fold relative reduction. When considering dissolution only for simulations 1 and 3,
the 10-fold reduction in mean k increased the DNAPL mass remaining at 10 years by
nearly 3-fold.
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Figure 5.3. Influence of domain mean k on source zone DNAPL mass depletion. The label ‘diss’ denotes
the case of dissolution only (no treatment) while simulations with chemical oxidation by potassium
permanganate are labeled ‘chem ox’. The label ‘BC’ denotes the base case with TCE. The vertical arrows
indicate the time when treatment was terminated and the number beneath the arrow denotes the simulation
number from Table 5.4 Note that treatment was not terminated for the low mean k template site.
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Table 5.5. Summary of DNAPL mass depletion enhancement factors (Em).

Em
End of
10 years
treatment
1
1.12
1.01
2
1.82
1.03
3
0.98
0.98
4
1.08
1.01
5
0.93
0.96
6b
0.99
1.00
7
1.12
1.04
8
3.07
1.44
9
1.24
1.05
10
1.51
1.04
Note that Em was computed using (5-15)
Simulation
no.

The influence of heterogeneity on dissolution and chemical oxidation is presented
in Figure 5.4. When comparing the three plots for chemical oxidation, simulations 1
(base case), 4 (low variance) and 5 (high variance) have experienced 75%, 70% and 80%
mass removal over the 10 year period, respectively. This trend is similar for dissolution
only. The highly heterogeneous domain will have a greater degree of preferential flow
channeling due to a greater contrast in low and high k zones. Given that the low k
features are also the capillary barriers encountered by DNAPL during migration, and that
in theory the higher k zones should coincide with the location of DNAPL pools, it follows
that the high variance simulation will have more nodes with higher DNAPL saturations.
However, HD resulted in the converse effect, where increased heterogeneity coincided
with increased residual. As such, preferential flow will tend to target these residual
subzones, resulting in more mass removal. As with Figure 5.3, the addition of several
thousands of kilograms of permanganate has produced only marginal improvements in
DNAPL mass removal relative to dissolution only (see Table 5.5).
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Figure 5.4. Influence of heterogeneity on source zone DNAPL mass depletion. The label ‘var’
refers to the variance in heterogeneity.

Figure 5.5 plots the impact of DNAPL release volume on treatment efficiency.
The reduction in mass over 10 years for simulations 1, 6a (small volume) and 7 (large
volume) is 75%, 91% and 47%, respectively, for chemical oxidation; the trends and
quantity of mass reduction are similar for dissolution only (76%, 91% and 45% for
simulations 1, 6a and 7, respectively). The benefit at the time of treatment completion is
more pronounced for simulation 7 (6.2 years) with chemical oxidation producing a 42%
reduction mass versus only 23% for dissolution only; however, at 10 years the relative
mass remaining for treatment is 47% and 45% for dissolution only. While the high mean

k and high volume simulations exhibited a noticeable response to chemical oxidation
when compared to dissolution only, the quantity of DNAPL present in a given domain
over the 10 year period is largely unaffected by treatment (see Table 5.5). Unless all
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DNAPL mass has been removed from the site upon completion of chemical oxidation,
the trends observed at 10 years, rather than at the completion of injection, are most
relevant. As such, Figure 5.3 through Figure 5.5, and Table 5.5, suggest that the statistics
of the domain (mean and variance) largely dictate how effective treatment will be on
mass removal.
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Figure 5.5. Influence of DNAPL initial release volume (‘vol’) on DNAPL source zone mass depletion.

The influence of HD on chemical oxidation and dissolution is presented in Figure
5.6. The pre- and post-HD small volume simulations (6a and 6b) were utilized for this
comparison. In general, the pre-HD initial condition can be characterized as having more
DNAPL pools; HD is a mass removal technology yielding increases in the number of
nodes with DNAPL present (refer to Richards, 2006). When examining the interim of 0
to 5 years in Figure 5.6, the benefit from utilizing pre-HD can be observed for both
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dissolution and chemical oxidation. However, beyond seven years, the tailing effects of
dissolution dominate the domain, and all simulations produce the same end-point. It
should also be noted that chemical oxidation in the pre-HD domain was ineffective. The
overall poor treatment efficacy for simulations 6a and 6b can be attributed to poor sweep
−

efficiency, where only 8.8% of nodes had C MnO4 > 0 when treatment was terminated; a
review of nodal concentrations revealed that the contact between DNAPL nodes and
MnO4- was negligible for both simulations. In fact, the post-HD simulations
demonstrated that chemical oxidation was detrimental to the remediation process.
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Figure 5.6. Influence of hydraulic displacement (HD) on source zone DNAPL mass depletion for
the small DNAPL volume template site.

Figure 5.7 presents the influence of DNAPL composition. PCE, despite having a
much lower reaction constant, is relatively more responsive to chemical oxidation than
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TCE (see Table 5.5). This is due, in part, to the solubility of each compound and the
associated effect of enhanced dissolution in the presence of chemical oxidation. The
TCE and PCE simulations utilized the same rind functions, which, given the underlying
second-order rate kinetics and the reduced reactivity of PCE with MnO4-, will yield less
encapsulation at source nodes.
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Figure 5.7. Source zone DNAPL mass depletion versus time for the TCE base case and PCE simulations.

The influence of rind formation and NOD reactions were investigated for Figure
5.8 and Table 5.5. This plot presents five scenarios: (i) dissolution only, (ii) treatment
for the base case (iii) treatment without Rind, (iv) treatment without NOD, and (v)
treatment in the absence of both rind and NOD. Relative to dissolution, the base case has
6.4% and 4.1% less DNAPL mass at 2.33 and 10 years, respectively. For the case of no
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rind, there is 16.3% and 14.4% less mass relative to dissolution, while relative mass is
34.8% and 10.4% when NOD is absent for 2.33 and 10 years, respectively. Finally, when
both rind and NOD are omitted, the mass at 2.33 and 10 years is 51.5% and 28.2% less
relative to dissolution only. A review of the nodal saturations, TCE concentrations, and
MnO2(s) formation revealed that rind formation and encapsulation occurred within the
template sites, similar to the findings in West et al. (2008). The lack of comprehensive
permanganate sweep due to NOD competition, and the presence of large continuous
unsequestered pools across the bottom of the domain, skewed the DNAPL mass depletion
and mass flux results, and mask the effects of rind formation on isolated sub-zones. Also,
the NOD exerts a significant influence on DNAPL mass removal and accounts for the
bulk of reduced treatment efficacy. This is evident when inspecting the nodal
concentrations at the time of treatment termination: the base case, no rind simulation,
−

and the no NOD simulation had 25%, 28%, and 96% nodes with C MnO4 > 0, respectively.
The combined case of no rind and no NOD represents the optimal treatment scenario,
where major non-target reactive sinks are omitted, and treatment efficiency is only due to
domain heterogeneity and reaction kinetics. While there is a two-fold increase in mass
removal relative to dissolution for this scenario, a significant degree of the benefit
realized at the termination of treatment (2.33 years) is eliminated at 10 years due to
dissolution tailing.
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Figure 5.8. Influence of MnO2(s) formation (Rind) and competitive natural oxidant demand (NOD) from
organic aquifer material on source zone DNAPL mass depletion. Treatment was terminated at 2.32 years
for all simulations.

Although not presented here, the base case with no NOD simulation (no. 10) was
executed for 30 years with continuous injection of chemical oxidation for the entire
duration. At the end of the 30 year period, 205 kg of TCE DNAPL remained.
5.7.2 Moment Analyses

Moment analyses were conducted for each of the templates, and simulation 9 (no
Rind) and simulation 10 (no NOD). Results for the first order (mean) and second order
(variance) moment calculations with respect to k are summarized in Table 5.6. Figure 5.9
plots these results for simulation 1 (base case). For Table 5.6, the dissolution calculations
include all nodes, while the chemical oxidation results only include DNAPL nodes
subject to chemical oxidation; furthermore, nodes that experienced positive changes in
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εrel were also excluded. For the base case, 0.01% of the nodes with C MnO4 > 0
experienced increases in εrel; the number of nodes decreased to 0.003% for the case of no
rind (but NOD present). When omitting NOD (but including the rind) there are 0.13% of
nodes that experienced an increase in εrel, while an increase of 0.34% of εrel was observed
for the corresponding dissolution only simulation (for all nodes within the domains).
Clearly, some HD due simply to the 0.05 hydraulic gradient occurred. Interestingly, the
rind that forms according to (5-3) potentially resulted in isolated instances of DNAPL
mobilization (due to associated hydraulic gradient magnification) and/or stabilization
(due to encapsulation) due to transient alterations in nodal permeability. This work
applies (5-10) to the MnO2(s) formed during reactions with each of TCE, PCE and OAM,
and it is unclear what bias (if any) this assumption imparts on permeability reduction.

Table 5.6. Influence of dissolution and treatment on DNAPL (εrel) statistics
Simulation
No.
1
2
3
4
5
6a

Description

dissolution
ln kcentroid
(ln(m2))
-25.67
-24.00
-26.40
-26.38
-24.57

dissolution
ln k variance
(ln(m2))2
0.83
1.32
0.49
0.47
1.46

chem ox
ln kcentroid
(ln(m2))
-25.61
-23.86
-26.40
-26.35
-24.11

chem ox
ln k variance
(ln(m2))2
0.82
1.25
0.49(1)
0.41
1.15

Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity
Small DNAPL volume
-25.55
0.80
-25.55 (1)
(post HD)
6b
Small DNAPL volume
-25.74
0.70
-25.74 (1)
(pre HD)
7
Large DNAPL volume
-25.99
1.08
-25.88
8
PCE DNAPL
-26.04
1.09
-25.76
9
Base case, but no Rind
-25.67
0.83
-26.60
10
Base case, but no NOD
-25.67
0.83
-25.76
(1)
The chemical oxidant did not meaningful impact the DNAPL for these simulations.
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Figure 5.9. Percent relative change in SNW (εrel ) with respect to nodal permeability for the TCE base case.
The Figure A data (red squares) plot dissolution in the absence of treatment, while the Figure B data (blue
diamonds) plot the change in εrel for chemical oxidation. Figure B only considers nodes with [MnO4-] > 0.
Values whose εrel are greater than 0% are strictly due to hydraulic displacement.

When comparing the mean and variance of ln k in Table 5.6 (dissolution or
treatment) to Table 5.1 (soil statistics), it is observed that both dissolution and treatment
preferentially target DNAPL mass located in higher k features, as the mean ln k is greater
and variance of ln k is lower than the corresponding soil only statistic. Also, when the
dissolution only results are compared to the corresponding treatment simulations, more
DNAPL mass is removed from slightly higher k features with a reduced variance. It is
noteworthy that template site 3 (low mean k), 6a (post-HD small volume) and 6b (pre-HD
small volume), did not meaningfully vary from the dissolution only simulations as
chemical oxidation did not directly contact nodes with DNAPL. Comparing simulation 1
(base case) with 9 (no Rind) and 10 (no NOD) is interesting. For the latter two cases,
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more DNAPL mass is removed from higher k features (albeit slight) and/or less mass is
removed from lower k features than in the base case.
5.7.3 DNAPL Source Zone Mass Flux

TCE or PCE and MnO4- mass flux was calculated for the downgradient boundary
face for each simulation, with the mass flux enhancement factors (Ef) summarized in
Table 5.7. In general, the TCE (or PCE) mass flux behaviour for simulations 1 to 8
(Figure 5.10 to Figure 5.15) is similar to their corresponding mass removal simulations
(Figure 5.3 to Figure 5.8). Figure 5.12 (different release volumes) does provide an
interesting contrast due to the breakthrough of MnO4- at 3.75 years; once treatment is
terminated, a rebound in TCE mass flux occurs. The occurrence of rebound is
particularly evident for the simulations that omit NOD (10 and 11) that are plotted in
Figure 5.15. The exclusion of NOD permits the MnO4- to fully penetrate the length of the
domain and consumes a significant quantity of TCE solute; in fact, the MnO4- mass flux
was approaching steady-state when treatment was terminated. Once the treatment is
discontinued, zones where DNAPL remain experience a rebound of solute concentration
and become a long term source of aqueous contamination until all DNAPL is depleted.
In addition, solute sequestered in low k features will back-diffuse and contribute to the
total mass flux. When omitting the influence of rind in Figure 5.15 there is a minor
difference in mass flux when compared to the base case. This is due to incomplete
permanganate sweep and competitive consumption by NOD, but also the presence of
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large continuous unsequestered DNAPL pools at the bottom of the domain, whose
interphase mass transfer strongly influences the overall mass flux signature.
Table 5.7. Summary of treatment on boundary mass flux enhancement factors (Ef).

Ef

Simulation
End of
treatment
1.25
1.49
1.03
1.05
1.06
1.05
2.20
1.21
1.31
15.33

1
2
3
4
5
6b
7
8
9
10

10 years
1.04
9.78
1.03
1.06
0.84
0.86
1.60
1.22
1.14
1.24

Boundary Mass Flux (kg/m2/s)

1.0E+00
high mean k diss
1.0E-01

high mean k chem ox
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BC chem ox
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Figure 5.10. Influence of domain mean k on downgradient solute boundary mass flux. Note that treatment
was not terminated for the low mean k template site.
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Figure 5.11. Influence of domain heterogeneity on downgradient solute boundary mass flux. The label
‘var’ refers to the variance in heterogeneity.
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Figure 5.12. Influence of DNAPL initial release volume (‘vol’) on downgradient boundary mass flux.
Note that the dash line represents the MnO4- mass flux for the large DNAPL volume template site.
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Figure 5.13. Influence of hydraulic displacement (HD) on downgradient boundary mass flux for the small
DNAPL volume template site.
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Figure 5.14. Downgradient boundary mass flux for the base case and PCE template sites.
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Figure 5.15. Influence of MnO2(s) formation (Rind) and competitive natural oxidant demand (NOD) from
organic aquifer materials on downgradient boundary mass flux. The labels “BC” and “TCE” both refer to
TCE solute mass flux. Treatment was terminated at 2.32 years for all simulations.

It was noted previously that an additional simulation was executed, where the
base case no NOD site (simulation no. 10) was treated continuously for 30 years, with
205 kg of DNAPL remaining at the end of treatment. The corresponding TCE mass flux
at 30 years was 1.08 × 10-6 kg/m2/s, while the MnO4- mass flux was 4.3 × 10-3 kg/m2/s.
Although the MnO4- mass flux had reached an asymptotic value, indicating that maximal
potential sweep had been achieved, both DNAPL and TCE solute persisted. Despite the
use of the injection trench along the entire boundary face, heterogeneity permitted the
long-term isolation of DNAPL sub-zones and unhindered dissolution.
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5.7.4 Mass Flux vs Mass Removal

The DNAPL mass removal plots (Figure 5.3 to 5.8) and the mass flux plots
(Figure 5.10 to 5.15) were utilized to construct mass flux (or concentration) versus mass
removal plots for either dissolution (Figure 5.16) or treatment (Figure 5.17). Equations
(5-17) and (5-18) were utilized to generate plots of Cnorm and Fnorm versus Mnorm for Γ of
0.5, 1 and 2. The plots in Figure 5.16 and Figure 5.17 have been adjusted to discount the
effects of initiating the simulations without prior dissolution by selecting reference times
(t0) greater than the time for peak TCE/PCE mass flux for dissolution only.
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F - high var
F - small vol post
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Figure 5.16. Normalized TCE or PCE mass flux and normalized solute concentration versus normalized
DNAPL source zone mass for dissolution only. Due to the initial absence of solute in the domain the
results have been adjusted to discount the effects of initiating the simulations without prior dissolution;
hence, the low mean k simulation is omitted. Note that in the legend “pre” and “post” refer to HD, “F”
denotes flux and “C” denotes concentration.
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Figure 5.17. Normalized TCE or PCE mass flux and normalized solute concentration versus normalized
DNAPL source zone mass for treatment by chemical oxidation with potassium permanganate. Due to the
initial absence of solute in the domain the results have been adjusted to discount the effects of initiating the
simulations without prior dissolution hence, the low mean k simulation is omitted. Note that in the legend
“pre” and “post” refer to HD, “F” denotes flux and “C” denotes concentration..

Mass flux versus mass removal behaviour in DNAPL source zones is a topic of
interest and debate in the contaminant hydrogeology community, and addresses a key
concern: what is the long-term benefit of partial mass removal on plume evolution? For
only dissolution, Figure 5.16 demonstrates that the flux (Fnorm) versus mass (Mnorm)
results have 1 ≤ Γ ≤ 2, and a 0.75 ≤ Γ ≤ 2 for mean concentration (Cnorm) versus mass. In
general, concentration versus mass can be approximated by Γ = 1, with the exception of
simulation 7 (large volume release). Figure 5.16 also demonstrates that different degrees
of benefit can be surmised depending on whether concentration or flux is the utilized
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metric. Figure 5.17 presents the flux (and concentration) versus mass plots for the
chemical oxidation simulations. The results are similar to the dissolution only
simulations, but generally exhibit slightly greater Γ values.
5.8 Conclusions

For DNAPL mass removal from the source zone and solute mass flux at the
downgradient boundary, chemical oxidation was most beneficial relative to dissolution
(no treatment) when the DNAPL was PCE, the mean permeability was high (μk =
3.02 × 10-11 m2), the heterogeneity was high (σ2ln k = 3.48), and when the initial DNAPL
volume was large (5.03 m3). However, at most template sites, any benefit realized during
treatment was greatly diminished after several years of post-treatment dissolution. Of
note is the high permeability, moderate heterogeneity template site (μk = 3.02 × 10-11 m2,
σ2ln k = 1.74) that experienced a significant enhancement in DNAPL mass removal over
the entire duration of the simulation.
The assessment of pre- and post-hydraulic displacement was conducted on the
small DNAPL volume release template site for dissolution only and chemical oxidation.
The influence of hydraulic displacement was negligible for these simulations that initially
had 785 to 800 kg of TCE DNAPL.
Sensitivity analyses were conducted to assess the influence of rind formation and
competitive consumption of MnO4- due to the NOD of the OAM. Omitting the rind
yielded a 10% improvement in DNAPL mass removal. When the NOD was excluded
from the model, the mass removal improved 28% during treatment, but exhibited mass
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flux rebound once treatment was completed. The assessment of NOD suggests that a
large fraction of injected MnO4- will be competitively consumed by the NOD for sites
with moderate quantities of foc present or similar NOD. The influence of the rind on the
solute mass flux was minimal, while an order of magnitude reduction in solute mass flux
was realized for the case of no NOD during treatment. However, the post-treatment
portion of the no NOD simulation experienced dissolution tailing and a four-fold increase
in mass flux. This suggests that field sites with low NOD need to be carefully monitored
following treatment to capture solute rebound due to dissolution from recalcitrant
DNAPL and back diffusion from low k features.
A simulation omitting both rind and NOD was conducted to assess the influence
of heterogeneity and flow bypassing on treatment efficacy for the base case template site.
When comparing the mass removal results at the termination of injection (2.33 years),
41% of the DNAPL mass was removed due to dissolution and 27% was removed due to
chemical oxidation (without rind and NOD). Despite injecting the stoichiometric
equivalent mass of MnO4-, 32% of the initial DNAPL mass remains due to the effects of
heterogeneity, treatment kinetics, and sweep inefficiency. Even continuous treatment for
30 years for the case of no NOD competition could not eliminate all DNAPL or boundary
mass flux. Long-term treatment performance at real sites may be more favourable in
presence of changing redox conditions, pH and cation concentrations, which may lead to
the onset of rind dissolution.
Moment analyses revealed that both dissolution and treatment preferentially
targeted DNAPL mass in high k features within the domain. In general, the mean ln k for
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dissolution and/or treatment was an order of magnitude higher than the statistics for only
the soil. When comparing moments for dissolution and treatment, the latter typically
depleted more DNAPL mass from higher k features than the former, but the difference
was only slight for most sites.
The reduction in mean boundary solute concentration (Cnorm) and solute boundary
mass flux (Fnorm) were plotted against the DNAPL source zone mass (Mnorm) for
dissolution only and for chemical oxidation. In general, the relationship between Cnorm
and Mnorm is approximately linear for all template sites, with the exception being the large
volume release site that experiences a more rapid initial decrease in concentration
followed by more significant tailing effects. Utilizing Fnorm resulted in all template sites
exhibiting greater initial reductions in mass flux followed by varying degrees of tailing.
Since the actual quantity of DNAPL source zone mass is rarely known at real sites, the
selection of either Cnorm or Fnorm as a remediation metric will yield different
interpretations regarding the effectiveness of mass removal on plume behaviour. Relative
to dissolution, treatment by KMnO4 results in a greater reduction in concentration and
mass flux, but more late-time tailing effects.
Source zone remediation can be effective during, or shortly following, the period
of active treatment. However, over the long-term, and depending on the dissolution
kinetics and the characteristics of the domain, the benefit of partial treatment can be
greatly reduced due to dissolution tailing. This work suggests that for many sites, partial
treatment of the source zone will yield limited long-term benefits in terms of both
DNAPL mass removal and mass flux reduction. Due to the high potential for partial
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mass removal, objective metrics should be measurable during treatment, in the near term
following treatment (a few years), and the long-term (years to decades). This work
demonstrates that the mean hydraulic conductivity and heterogeneity of the domain
largely dictate how successful treatment will be and underscore the need for thorough site
characterization and source zone delineation.
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5.10 Notation

an

effective interfacial area {L2 L-3}

C

concentration {M L-3}

Cnorm normalized mean average concentration or concentration reduction
Cs

effective solubility {M L-3}

d50

mean grain size diameter {L}

D

hydrodynamic dispersion tensor {L2 T-1}

Dº

free water diffusion coefficient {L2 T-1}

Em

DNAPL mass enhancement factor

Ef

boundary mass flux enhancement factor

Fnorm normalized boundary mass flux or flux reduction
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foc

factor of organic carbon

g

gravitational acceleration {L T-2}

h

hydraulic gradient

J

interphase mass flux {M L-3 T-1}

k

permeability {L2}

kij

intrinsic permeability tensor {L2}

kla

average mass transfer coefficient {L T-1}

Kl

lumped mass transfer coefficient {T-1}

ko

original permeability {L2}

kOAM

reaction coefficient between OAM and MnO4- {M-1 L3 T-1}

Koc

organic carbon partition coefficient

kPCE

reaction coefficient between PCE and MnO4- {M-1 L3 T-1}

kr

relative permeability {-}

kTCE

reaction coefficient between TCE and MnO4- {M-1 L3 T-1}

MDNAPL DNAPL mass in domain {M}
Mf

total boundary mass flux {M L-2 T-1}

Mnorm normalized DNAPL mass or DNAPL mass reduction
P

pressure {M L-1 T-2}

PC

capillary pressure {M L-1 T-2}

q

Darcy flux {L T-1}

qs

volumetric flux representing sources and/or sinks {T-1}

R

retardation factor
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S

phase saturation

SE

effective saturation

SW

wetting phase saturation

Srind

rind function { L2 L3 M-1}

t

time {T}

v

average linear groundwater velocity {L T-1}

x

horizontal longitudinal direction

y

vertical direction

z

horizontal transverse direction

∆x

nodal dimension along x direction {L}

∆y

nodal dimension along y direction {L}

∆z

nodal dimension along z direction {L}

X

dimension of domain along x {L}

Y

dimension of domain along y {L}

Z

dimension of domain along z {L}

α

porous medium compressibility {M-1 L T2}

αx,y,z

dispersivity {L}

β

wetting phase compressibility { M-1 L T2}

εrel

relative difference in saturation

Γ

fitting parameter

λH

horizontal isotropic correlation length {L}

λV

vertical isotropic correlation length {L}
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μ

dynamic viscosity {M L-1 T-1}

μln k

mean of ln k {ln (L2)}

ρ

fluid density {M L-3}

σ ln2 k

variance of ln k {[ln (L2)]2}

τ

tortuosity

θ

porosity

ℜ

rate of all reactions {M L-3 T-1}

Common subscripts
0

initial condition

i, j

coordinate indices for x, y, z

W

wetting phase

NW

non-wetting phase

m

mobile species

im

immobile species

Common superscript

n

species number
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Chapter 6
Numerical Simulation of DNAPL Source Zone Remediation
with In Situ Enhanced Bioremediation (ISEB)

6.1 Abstract

Numerical modelling was conducted to evaluate the efficacy of in situ enhanced
bioremediation on PCE and TCE DNAPL source zones in eight idealized heterogeneous
porous media sites. During 2.5 years of active treatment neither the DNAPL mass, nor
boundary mass flux, could be completely eliminated. The greatest DNAPL mass
depletion enhancement factors (Em) at the end of active treatment were 1.53 for TCE and
8.86 for PCE, respectively. Similarly, the greatest boundary mass flux reduction
enhancement factors (Ef) were 9.56 for TCE and 21.73 for PCE. An additional 7.5 years
of post-treatment monitoring revealed that the source zones were dominated by
dissolution tailing effects that negated most of DNAPL mass depletion enhancement
achieved during active remediation at all but the PCE site. Although the long-term
boundary mass flux benefits were more pronounced, rebound was considerable at many
sites.
6.2 Introduction

Over the past two decades a considerable amount of fundamental research has
been conducted to elucidate the biophysiochemical mechanisms controlling the
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dechlorination of tetrachloroethylene (PCE) and trichloroethylene (TCE) in groundwater.
Experimental work has focused on column studies with PCE or TCE solute (e.g., Carr
and Hughes, 1998; Isalou et al., 1998; Cope and Hughes, 2001), batch studies with
DNAPL (e.g., Yang and McCarty, 1998; Haston and McCarty, 1999; Nielsen and
Keasling, 1999; Rossetti et al., 2003; Yu et al., 2005), column studies with dense, nonaqueous phase liquid (DNAPL) (e.g., Yang and McCarty, 2000b; Cope and Hughes,
2001; 2002), and two-dimensional sandbox studies with DNAPL (Sleep et al., 2006).
From these studies, details on stoichiometry, reaction kinetics, bioclogging tendencies,
and substrate utilization have been ascertained. In the specific context of subsurface
environments, studies have evaluated the influences of redox and geochemistry (Chapelle
et al., 1996; Hunter et al., 1998), temperature variation (Carter and Jewell, 1993;
Holliger et al., 1993; Zhuang and Pavlostathis, 1995; Gerritse et al., 1996; Friis et al.,
2007; Heimann et al., 2007), and toxicity and inhibition (DiStefano et al., 1991; Isalou et
al., 1998; Kengen et al., 1999; Amos et al., 2007) on the biodegradation of PCE and TCE.
Compared to abiotic dissolution, biodegradation mediated increases in PCE DNAPL
phase dissolution have been reported at 2 to 3 fold (Yang and McCarty, 2002; Sleep et
al., 2006), 5 fold (Yang and McCarty, 2000b), and up to 16 fold (Cope and Hughes,
2001).
Building on these experimental findings, complex numerical modelling has been
conducted for one- and two-dimensional domains to elucidate pertinent characteristics
conducive to the success of bioremediation (Fennell and Gossett, 1998; Garant and Lynd,
1998; Chu et al., 2003, 2004; Clapp et al., 2004; Lee et al., 2004; Yu et al., 2005; Amos
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et al., 2007; Christ and Abriola, 2007; Friis et al., 2007). It has been demonstrated that
the numerical results are highly sensitive to biomass utilization rates, biomass yield,
initial biomass concentrations, biomass decay rates, donor substrate injection
concentration and fermentation rates, toxic inhibition, and competition (e.g., Chu et al.,
2004; Lee et al., 2004; Christ and Abriola, 2007).
The simulation of in situ bioremediation must account for stoichiometry and
reaction kinetics. Ideally, dechlorination will proceed step-wise from PCE to ethene,
where a series of equations can be stated for each daughter product (i.e., TCE, cisdichloroethene (cDCE), vinyl chloride (VC), ethene) (de Bruin et al., 1992). In general,
the step-wise degradation of PCE to ethene by dehalorespiration can be
stoichiometrically described by (Maymo-Gatell et al., 1995; McGuire et al., 2000):
PCE + H 2 ⇒ TCE + Cl − + H + + biomass
(6-1)

TCE + H 2 ⇒ cDCE + Cl− + H + + biomass
(6-2)

cDCE + H 2 ⇒ VC + Cl − + H + + biomass
(6-3)

VC + H 2 ⇒ Ethene + Cl− + H + + biomass
(6-4)
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The compound cDCE is the isomer of DCE primarily observed in sequential
dechlorination (de Bruin et al., 1992). In the case of field simulations, some
simplifications can be made. It has been observed at some field sites undergoing
enhanced dechlorination that PCE and/or TCE degrade to cDCE, with negligible
quantities of VC and ethene in the system (e.g., Fountain et al., 2005; Hood et al., 2008).
In addition, the stalling of sequential dechlorination at cDCE has been observed
experimentally to varying degrees by many researchers (de Bruin et al., 1992; Holliger et
al., 1993; Scholz-Muramatsu et al., 1995; Gerritse et al., 1996; Krumholz et al., 1996;
Sharma and McCarty, 1996; Kengen et al., 1999; Yang and McCarty, 2000b, 2002;
Heimann et al., 2007). This tendency can occur for a variety of reasons not discussed
here. The assumption of cDCE accumulation significantly reduces the non-linearity of
the system and improves computational run-times. Hence, for a TCE DNAPL source the
only equation of concern is (6-2), while the stoichiometry for a PCE DNAPL source
becomes (Scholz-Muramatsu et al., 1995):
PCE + 2H 2 ⇒ cDCE + 2Cl− + 2H + + 2biomass
(6-5)

where (6-5) implicitly assumes that the rate of TCE degradation is sufficiently fast that it
is not observed in meaningful quantities.
The numerical simulation of PCE and TCE DNAPL biodegradation has been
conducted for one- and two-dimensional cases by many researchers (e.g., Fennell and
Gossett, 1998; Garant and Lynd, 1998; Chu et al., 2003, 2004; Clapp et al., 2004; Lee et
al., 2004; Yu et al., 2005; Amos et al., 2007; Christ and Abriola, 2007; Friis et al., 2007).
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At present, complex three-dimensional multispecies reactions with DNAPL at the field
scale have not been reported in the peer reviewed literature. In this study, the two-phase
three-dimensional reactive transport numerical model DNAPL3D-RX is employed to
investigate the effectiveness of enhanced bioremediation of PCE and TCE DNAPL in
saturated heterogeneity porous media. This work examines the influences of domain
permeability and heterogeneity, the DNAPL type (TCE or PCE), the initial DNAPL
source zone mass, electron donor injection pulse strategy, and the effects of bioclogging
and competition between dechlorinating and methanogenic species.
6.3 Model Development

The model DNAPL3D-RX comprises the three-dimensional two-phase flow
simulator DNAPL3D (Gerhard and Kueper, 2003b) and the multispecies reactive
transport model RT3D (Clement, 1997; Clement et al., 1998; Clement, 2002). Details
regarding the developing and testing of DNAPL3D-RX are provided in Chapter 4.
Governing equations for multiphase and solute transport are presented in Chapter 4,
while a discussion of field scale dissolution and numerical solver usage is provided in
Chapter 5. A summary of the pertinent details related to this study are provided below.
6.3.1 Reaction Kinetics

The kinetics of in situ microbial reactions can be simulated using instantaneous,
first-order, and multi-Monod kinetics (Luong, 1987; Murphy and Ginn, 2000; Barry et
al., 2002). Dual-Monod type kinetics have been successfully employed by several
researchers (e.g., Cupples et al., 2004b; Lee et al., 2004; Yu et al., 2005; Christ and
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Abriola, 2007) to simulate dechlorination in complex column experiments. For this
work, the kinetic reactions utilized to simulate PCE and TCE degradation are similar to
those employed by Fennell and Gossett (1998), Chu et al. (2003), and Christ and Abriola
(2007). In all cases, bacteria are assumed to be immobile species adhered to the soil
surface of the unconsolidated aquifer materials (Kölbel-Boelke et al., 1988; Hazen et al.,
1991; Godsy et al., 1992; Bekins et al., 1999). For a PCE DNAPL source, the kinetic
equations for the rate of solute consumption are given by (Fennell and Gossett, 1998):

(

)

∂[PCE ]
q MAX [X ] ⎛
[PCE ] ⎞⎟⎛⎜ [H 2 ] − H *
= − PCE CE ⎜⎜
∂t
RPCE ⎝ K PCE + [PCE ] ⎟⎠⎜⎝ K H 2 + [H 2 ] − H *

(

)

⎞
⎟ I toxic
⎟
⎠
(6-6)

∂[DCE ] ⎛ RPCE
= ⎜⎜
∂t
⎝ RDCE

⎞ ∂[PCE ]
⎟⎟
⎠ ∂t
(6-7)

where q is the maximum utilization rate {M M-1 T-1}, Itoxic is the PCE inhibition
coefficient accounting for the influence of PCE toxicity on dechlorination (Amos et al.,
2007) and methanogenesis (DiStefano et al., 1991), K is the Monod half-saturation
constant {M L-3}, X is the biomass concentration {M L-3}, H* is the threshold H2
concentration for dechlorinator subsistence, and R is the retardation factor for the solute
species. The square parenthesis ([ ]) designates solute molar concentration. Note that the
the mass concentration can be determined by computing the product of the molar
concentration and the molar mass for a given species. The subscripts PCE, TCE, and
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DCE denote the mobile solute species, and CE denotes the immobile dechlorinator
species. For a TCE DNAPL source, the kinetic equations of interest are:

(

)

∂[TCE ]
q MAX [ X ] ⎛
[TCE ] ⎞⎟⎛⎜ [H 2 ] − H *
= − TCE CE ⎜⎜
∂t
RTCE ⎝ KTCE + [TCE ] ⎟⎠⎜⎝ K H 2 + [H 2 ] − H *

(

)

⎞
⎟
⎟
⎠
(6-8)

∂[DCE] ⎛ RTCE ⎞ ∂[TCE ]
⎟⎟
= ⎜⎜
∂t
⎝ RDCE ⎠ ∂t
(6-9)

While dechlorinating bacteria can utilize a number of electron donor substrates,
the generally accepted principle substrate is H2 (DiStefano et al., 1992; Maymo-Gatell et
al., 1995; Ballapragada et al., 1997; Fennell et al., 1997; Carr and Hughes, 1998; Wu et
al., 1998; Yang and McCarty, 1998; Yang and McCarty, 2000a). In this work, the H2 is
obtained via the in situ fermentation of injected lactate given by (Fennell and Gossett,
1998):

⎞
⎛
∂[lactate]
MAX
[X lactate ]⎜⎜ [lactate] ⎟⎟
= −qlactate
∂t
⎝ Klactate + [lactate] ⎠
(6-10)

where the subscript lactate denotes a parameter related to the fermentation of lactate to
H2. Similarly, the methanogenic species and corresponding parameters are denoted by
either the subscript or superscript meth. Fennell et al. (1997) and Yang and McCarty
(1998) found that methanogenic species competition with dehalogenators for the electron
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donor substrate can be significant. Here the kinetic reaction for the methanogenic
utilization of H2 is given by (e.g., Fennell and Gossett, 1998; Amos et al., 2007):

[

]

(

)

*
⎛
∂ H meth
MAX
2
[X meth ]⎜⎜ meth[H 2 ] − H meth *
= −qmeth
∂t
⎝ K H 2 + [H 2 ] − H meth

(

)

⎞
⎟ I toxic
⎟
⎠
(6-11)

where H2 is assumed to be the only electron donor utilized by microbes for biomass
synthesis (Ballapragada et al., 1997). Note that when the DNAPL source comprises
TCE, Itoxic = 1. The kinetic reactions for the rate of change of the electron donor substrate
(H2) are computed by summing the sources (i.e., lactate fermentation) and the sinks
(biomass utilization) of H2. When PCE DNAPL is the source, the rate of change of H2 is
given by (e.g., Christ and Abriola, 2007):

[

∂[H 2 ]
∂[lactate] ⎛
∂[PCE ]
∂ H meth
2
= Flactate
− ⎜⎜ 2 FPCE
+ Fmeth
∂t
∂t
∂t
∂t
⎝

]⎞⎟
⎟
⎠
(6-12)

where F is a stoichiometric production or consumption coefficient for each species
(Bagley, 1998). When TCE DNAPL is the source, the rate of change in H2 is given by:

[

∂[H 2 ]
∂[lactate] ⎛
∂[TCE ]
∂ H meth
2
⎜
= Flactate
− ⎜ FTCE
+ Fmeth
∂t
∂t
∂t
∂t
⎝

]⎞⎟
⎟
⎠
(6-13)

205

The biomass kinetics for immobile species Xn can be described by (Fennell and Gossett,
1998):

∂[X lactate ]
∂[lactate]
= −Ylactate
− λlactate [X lactate ]
∂t
∂t
(6-14)

[

]

∂[ X meth ]
∂ H meth
2
= −Ymeth
− λmeth [ X meth ]
∂t
∂t
(6-15)

where Y is biomass yield coefficient {-} for each species and λ is first-order decay rate
coefficient {T-1}. While the use of λ is an idealization of microbial population
degradation, it has been successfully employed in several column experiments (e.g.,
Fennell and Gossett, 1998; Cupples et al., 2004b). When PCE DNAPL is the source, the
dechlorinator biomass is given by:

∂[X CE ]
∂[PCE ]
= −2YPCE
− 2 λCE [ X CE ]
∂t
∂t
(6-16)

When TCE DNAPL is the source, the biomass for dechlorination is given by:

∂[ X CE ]
∂[TCE ]
= −YTCE
− λCE [ X CE ]
∂t
∂t
(6-17)

The influence of PCE toxicity on the rate of dechlorination is a function of several
factors including the microbial species present and their ability to acclimate. The effects
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of toxicity are varied in the literature. For example, Amos et al. (2007) found that
dechlorination ceased when PCE concentrations were greater than 540 µM, while Yang
and McCarty (2000b) had success with PCE concentrations equal to 1.0 mM (i.e.,
solubility concentrations). In terms of kinetics, the influence of PCE toxicity on
remediation can be described by (Amos et al., 2007):

[PCE ]
⎧
⎪1 −
Itoxic = ⎨ [PCE ]max
⎪0
⎩

if

[PCE ] ≤ [PCE ]max

if

[PCE ] > [PCE ]max
(6-18)

where [PCE]max is the maximum tolerable solute concentration. When the concentration
of PCE reaches this maximum value, dechlorination for that solute species will cease, as
will H2 utilization by competitors. Obviously, this has strong implications for source
zones where solubility concentrations can occur in the vicinity of residual and pooled
DNAPL.
6.3.2 Bioclogging

The reduction in subsurface hydraulic conductivity due to growth of microorganisms is a topic of great interest in the literature and has been extensively studied by
different facets of the soil science and engineering community (Baveye et al., 1998).
However, in the context of bioclogging in DNAPL source zones, research is limited at
present. In column experiments with PCE, Isalou et al. (1998) reported that biofilm
growth was problematic and adversely affected column pressure gradients; however, it
was the view of the authors that the degree of bioclogging observed in the experiment
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would be unlikely to occur in the field. In a two-dimensional sandbox experiment by
Sleep et al. (2006), bioclogging adversely impacted the remediation effort. An additional
source of reduced hydraulic conductivity is the formation and entrapment of methane gas
in soil pores due to methanogenesis. This detrimental phenomenon has been reported in
numerous column studies, both in the presence (Yang and McCarty, 2002) and absence
(Sanchez de Lozada et al., 1994) of chloroethenes.
Perhaps owing to the dynamic and complex nature of microbial behaviour and
domain heterogeneities, there is little consensus on the best methodology to
mathematically represent bioclogging effects on permeability. In general, three
modelling approaches for bioclogging have been tested and utilized in the literature:
biofilm-type clogging (Vandevivere et al., 1995; Clement et al., 1996; Thullner et al.,
2002; Chu et al., 2003), interstitial plug-type (colony) clogging (Vandevivere et al., 1995;
Thullner et al., 2002; Chu et al., 2003), and macroscopic clogging (Clement et al., 1996;
Thullner et al., 2002). Numerical simulations by Chu et al. (2003), Thuller et al. (2002),
and Vandevivere et al. (1995) demonstrated that the biofilm and/or macroscopic
bioclogging under-predicted reductions in hydraulic conductivity relative to the plugclogging models. The latter two studies also found that the plug-type models more
accurately captured two-dimensional bioclogging experimental results. However,
numerical simulations by Clement et al. (1996) found that a transport model utilizing
macroscopic bioclogging had simulation run-times 25 times faster than when employing
the biofilm clogging model of Zysset et al. (1994).
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To ensure computational efficiency whilst reasonably capturing the effects of
bioclogging on treatment efficacy, the influence of biomass growth on the permeability
field is simulated using the analytical approach described by Clement et al. (1996):
19/6
⎧ ⎛
θb ⎞
⎪K o ⎜ 1 − ⎟
θ ⎠
⎪⎪ ⎝
K= ⎨
⎪
⎪ K min
⎪⎩

if

⎡ ⎛K
θ b ≤ θ ⎢1 − ⎜⎜ min
⎢⎣ ⎝ K o

⎞
⎟⎟
⎠

19/6

⎤
⎥
⎥⎦

if

⎡ ⎛K
θ b > θ ⎢1 − ⎜⎜ min
⎢⎣ ⎝ K o

⎞
⎟⎟
⎠

19/6

⎤
⎥
⎥⎦
(6-19)

where θ is initial porosity, and θb is biomass filled porosity, K is the hydraulic
conductivity, Ko is the initial K, Kmin a minimum K that can be achieved by bioclogging;

Kmin is assumed to be equal to Ko/2000 (Chu et al., 2004), which is consistent with the
work by Taylor and Jaffe (1990). Similar magnitudes in hydraulic conductivity reduction
have been experimentally observed by Dong-Shik Kim (2000), Dupin and McCarty
(2000), and Stewart and Fogler (2002). Also, 20% of maximum biomass concentration is
assumed to be recalcitrant (Criddle et al., 1991) providing a permanent reduction in soil
permeability. For this work, the relative porosity is converted to a biomass concentration
using (Chu et al., 2003):
⎞
⎛ N
⎜ ∑ Xi ⎟
θ b = θ ⎜ i=1 ⎟
⎜ X MAX ⎟
⎟
⎜
⎠
⎝

(6-20)
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where Xi is the nodal biomass concentration {M L-3} and XMAX is the maximum biomass
concentration that can occur at a node {M L-3}. Substituting (6-20) into (6-19) and
converting K to k yields:
19 / 6
⎧ ⎡ ⎛ N
⎞ ⎤
⎪ ⎢ ⎜ ∑ Xi ⎟ ⎥
N
⎡ ⎛ 1 ⎞19 / 6 ⎤
⎪k ⎢1 − ⎜ i=1
⎟ ⎥ if
X
X
≤
⎟ ⎥
∑
MAX ⎢1 − ⎜
i
⎪ o ⎢ ⎜ X MAX ⎟ ⎥
1
=
i
⎢⎣ ⎝ 2000 ⎠ ⎥⎦
⎪ ⎢ ⎜
⎟ ⎥
k=⎨
⎠ ⎦⎥
⎝
⎢
⎣
⎪
⎪
N
⎡ ⎛ 1 ⎞19 / 6 ⎤
⎪k min
if ∑ X i > X MAX ⎢1 − ⎜
⎟ ⎥
⎪⎩
i =1
⎢⎣ ⎝ 2000 ⎠ ⎥⎦

(6-21)
Equation (6-21) greatly simplifies the modelling approach by expressing the nodal
permeability reduction in terms of only ko and biomass concentration (X). Reductions in
K have been experimentally correlated to the number of bacteria present in a porous
medium (Gupta and Swartzendruber, 1964) and to biomass density (Vandevivere and
Baveye, 1992a, b). Based on the work by Vandevivere et al.(1995), Thullner et al.
(2002), and Chu et al. (2003), (6-21) will potentially impart a conservative biased with
respect to the bioclogging effects.
6.4 Metrics of Evaluation

DNAPL mass removal, the total boundary mass flux, relative change in SNW with
respect to permeability, DNAPL mass versus boundary mass flux, and treatment
enhancement factor are the five metrics utilized in this study to assess the performance of
DNAPL bioremediation. The DNAPL mass removal is assessed by converting the nodal
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saturations to masses, and then summing all non-wetting phase nodal masses within the
domain:
N

M DNAPL = ∑Vi θ i (S NW )i ρ NW
i =1

(6-22)
where MDNAPL is the total DNAPL mass {M} and Vi is the volume of a node {L3}. The
total boundary mass flux (Mf) {M L-2 T-1} is the cumulative sum of all instantaneous
mass flux for each boundary node:
N

M nf = ∑ C in qi
i =1

(6-23)
where i denotes an individual node, n is the mobile aqueous species of interest, q is the
Darcy flux {L T-1}, and C is the concentration of each node {M L-3}. The relative change
in SNW with respect to permeability is as follows:

(

) ( ) ⎞⎟ × 100%
( ) ⎟⎠

o
t
⎛ S NW
− S NW
i
o
S NW
i
⎝

(ε rel )i = ⎜⎜

i

(6-24)
o
where εrel is the relative difference (%), S NW
is the initial non-wetting phase saturation,
t
and S NW
is the non-wetting phase saturation at some later time. For this work, the time of

interest occurs when lactate treatment is discontinued at 2.5 years. The εrel is further
quantified using the first moment (centroid of ln k):
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N

μ ln k =

∑ (ε ) (ln k )
rel i

i =1

i

N

∑ (ε )
i =1

rel i

(6-25)
and the second moment (variance of ln k):
N

σ ln2 k =

∑ (ε ) (ln k )
i =1

rel i

N

∑ (ε )
i =1

2
i

− (μln k )i

2

rel i

(6-26)
Equations (6-24), (6-25) and (6-26) are utilized to compare and contrast both
abiotic dissolution and biodegradation simulations for all template sites. The use of
equations (6-25) and (6-26) permit the evaluation of which subsurface features are most
conducive to mass removal by biodegradation. For the case of abiotic dissolution all
nodes are evaluated, while only nodes with X CE > 0 are examined for the case of
enhanced bioremediation. When conducting moment analyses, nodes that experienced
increases in SNW were omitted in the calculation; this change in SNW was due to migration.
DNAPL mass reduction (Mnorm) versus boundary mass flux reduction (Fnorm) (and
mean boundary concentration reduction, Cnorm) is utilized to assess abiotic dissolution
and treatment effectiveness. Similar approaches have been employed by other authors
(e.g., Sale and McWhorter, 2001; Parker and Park, 2004; Falta et al., 2005a; Jawitz et al.,
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2005; DiFilippo and Brusseau, 2008). The approach by Falta et al. (2005a) is utilized as
follows:
Γ

C (t ) ⎛ M DNAPL (t ) ⎞
⎟ or
=⎜
C (t0 ) ⎜⎝ M DNAPL (t0 ) ⎟⎠

C norm = (M norm )

Γ

(6-27)
and
Γ

⎛M
(t ) ⎞
= ⎜⎜ DNAPL ⎟⎟ or
M f (t0 ) ⎝ M DNAPL (t0 ) ⎠
M f (t )

Fnorm = (M norm )

Γ

(6-28)
where t0 is the reference time, and Γ is a parameter intended to account for source zone
architecture and heterogeneity.
The final metric of evaluation is the treatment enhancement factor (E), which
compares a biotic metric and a corresponding abiotic metric (e.g., Yang and McCarty,
2002; Christ and Abriola, 2007). For DNAPL mass removal, the enhancement factor is
defined as:
bio
0
M DNAPL
− M DNAPL
(t )
Em = 0
diss
M DNAPL − M DNAPL (t )

(6-29)
bio
0
diss
is the initial DNAPL mass in the domain (t = 0), and M DNAPL
and M DNAPL
where M DNAPL

are the DNAPL mass values for treatment and dissolution only, respectively, at some
time (t). The enhancement factor for total boundary mass flux is defined as:
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Ef =

M diss
(t )
f
M bio
f (t )

(6-30)
where the subscripts bio and diss denote enhanced bioremediation and abiotic dissolution,

respectively.
6.5 Model Testing

Although DNAPL3D-RX has undergone considerable testing against general
analytical solutions for two-phase flow and reactive solute transport, and onedimensional chemical oxidation of TCE DNAPL in porous media (West et al., 2008),
three tests specific to bioremediation were conducted here.
For the first comparison, DNAPL3D-RX was compared to the computer program
ART3D (Clement et al., Downloaded June 2007) for the case of one-dimensional five
species sequential first-order decay of PCE solute in porous media. The comparison of
the numerical and analytical solutions is presented in Figure 6.1; all input parameters are
listed in Appendix F. Both DNAPL3D-RX and ART3D were additionally compared to
the analytical solution of Bear (1979) for the case of one-dimensional first-order single
species decay in porous media. This was essential as ART3D utilizes the threedimensional analytical expression by Domenico (1987) to approximate reactive solute
transport in porous media; however, when only considering one-dimensional longitudinal
transport, the Domenico (1987) solution collapses to the exact analytical solution by Bear
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(1979). From Figure 6.1 it can be observed that DNAPL3D-RX compares well with
ART3D despite concentrations spanning eight orders of magnitude.
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Figure 6.1. Comparison of DNAPL3D-RX to ART3D (Clement et al., 2007) for the case of five species
first-order sequential decay. Solid line are ART3D output and the symbols are the corresponding output by
DNALP3D-RX.

The second comparison was conducted for the one-dimensional column
experiment by Yang and McCarty (2002). In their work, a 30 cm long porous medium
column was injected with PCE DNAPL to a 2% non-wetting phase saturation and then
bioaugmented with a dechlorinating consortium. Figure 2 presents the comparison of
DNAPL3D-RX (solid lines) to the experimental effluent concentrations for the column
feed with a pentanol substrate; the match is excellent. Similar to the numerical model test
conducted by Christ and Abriola (2007) for the same experiment, DNAPL3D-RX was
setup with five species sequential decay (PCE to Ethene) utilizing equations similar to
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(6-7) and (6-17), but including inhibition coefficients. Also, the bioclogging mechanisms
from (6-21) were utilized here. The specifics of the model setup are not presented here
for brevity and can be found in Appendix F.
1200

Concentration (uM)

1000

800
PCE
600

400
cDCE
200

0
0

20

40

60

80

100

120

Time (d)

Figure 6.2. Comparison of DNAPL3D-RX to column experiment by Yang and McCarty (2002) for
sequential degradation of PCE DNAPL in the presence of fermentors converting pentanol to H2 (adapted
from Yang and McCarty, 2002, Figure 2). The solid lines are output from DNAPL3D-RX, the open
diamonds and solid circles are the experimental results for PCE and cDCE, respectively.

The one-dimensional column experiment for biodegradation of PCE DNAPL in
porous media by Yang and McCarty (2000b) was utilized as the final test. This
experiment utilized a 22 cm column with the lower 70% of the column comprising
porous media aquifer material and 2% PCE DNAPL; the remaining upper portion of the
column contained a dechlorinating culture. The actual and simulated column experiment
effluent concentrations are presented in Figure 6.3. The model was setup with five
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species sequential reactive transport with dual-Monod kinetics and first-order decay,
similar to (6-7) and (6-17). This experimental data set is challenging from a modelling
perspective due to its dynamic behaviour; hence, only the first 50 days of the experiment
were simulated. It was initially found that the degree of non-linearity for the problem
was insurmountable for successful parameter estimation by trial and error, as values for
MAX
MAX
MAX
0
0
0
0
MAX
qPCE
, qTCE
, q cDCE
, qVC
, λPCE, λTCE, λcDCE, λVC, X PCE
, X TCE
, X cDCE
, X VC
were

required. In turn, DNAPL3D-RX was coupled to the parameter estimation software
package PEST (Doherty, July 2004) in an effort to systematically obtain a satisfactory
model fit. DNAPL3D-RX (PEST) was constrained to both the effluent concentrations of
the individual species (Figure 6.3A) and total ethenes (Figure 6.3B). It was found that
the solution was plagued by non-uniqueness, where the match to total ethenes was often
excellent, yet the simulated individual species concentrations varied considerably from
the experimental results. The authors then systematically performed iterative trial and
error estimates of the initial parameters, relying on PEST to resolve the best statistical fit,
and using visual inspection of the effluent concentration to judge a satisfactory match.
The results of the final simulation attempt are presented in Figure 6.3A and Figure 6.3B,
where the general trends in the experiment data set are captured, and the match to the
total ethenes plot (Figure 6.3B) is good. The match to the concentrations of the
individual species is variable, but reasonable given the fluctuating nature of the data set.
The final input parameters for the numerical simulation can be found in Appendix F.
Interestingly, the model required 0.06% organic carbon in the 7 cm column section that
contains the bacterial culture for the subject match. In the absence of this retardation
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factor, the model output did not resemble the experimental data set, and exhibited rapid
and abrupt PCE breakthrough.
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Figure 6.3. Comparison of DNAPL3D-RX (“Model”) to the column experiment by Yang and McCarty
(2000b) for sequential degradation of PCE DNAPL in the presence of fermentors converting pentanol to H2
for the first 50 days (adopted from Yang and McCarty, 2000b, Figure 8). Plot A is the effluent
concentrations for each of PCE, TCE, cDCE, VC, and Eth. Plot B is for total ethenes.
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6.6 Field Scale Model Domain

The numerical simulation of enhanced bioremediation was completed using
templates sites, whose characteristics are considered representative of actual porous
media field sites. The properties of the template sites are summarized in Table 6.1.
There are four main characteristics for this work: mean permeability (μk), variance of
permeability ( σ ln2 k ), DNAPL release mass (or volume), and DNAPL type. The ranges in
mean permeability are representative of subsurface domains comprising medium to fined
grained porous media. The variance values in Table 6.1 are reflective of field scale
studies in the literature; although a variety of techniques have been utilized to ascertain
and describe the degree of heterogeneity at real porous media sites, many researchers
have expressed the heterogeneous soil structure in terms of correlation length. In general,
the σ ln2 K (hydraulic conductivity) has ranged between 0.27 to 4.5, the horizontal
correlation lengths (λH) have been between 2.8 to 12.8 m, while values of 0.05 to 0.8 m
have been estimated for vertical correlation lengths (λV) (Sudicky, 1986; Killey and
Moltyaner, 1988; Woodbury and Sudicky, 1991; Hess et al., 1992; Rehfeldt et al., 1992;
Turcke and Kueper, 1996; Maji, 2005). For this work, the computer program F-GEN
(Robin et al., 1993) was employed to generate the heterogeneous porous media template
sites listed in Table 6.1. The input parameters for F-GEN are provided in Table 6.2.
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Table 6.1. Summary of template sites.
Template Site

DNAPL
TCE
TCE
TCE
TCE
TCE

Initial
Mass
(kg)
3520
3496
3535
3355
3186

Initial
Volume
(m3)
2.41
2.39
2.42
2.30
2.18

Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity
Small DNAPL
volume (post HD)
Small DNAPL
volume (pre HD)
Large DNAPL
volume
High density
DNAPL

TCE

785

TCE

Mean k
(m2)
3.03 × 10-12
3.02 × 10-11
3.04 × 10-13
1.87 × 10-12
7.41 × 10-12

Mean
ln k
(ln (m2))
-27.36
-25.06
-29.66
-27.43
-27.26

Variance
ln k
(ln (m2))2
1.74
1.74
1.74
0.87
3.48

0.54

3.03 × 10-12

-27.36

1.74

803

0.55

3.03 × 10-12

-27.36

1.74

TCE

7343

5.03

3.03 × 10-12

-27.36

1.74

PCE

3871

2.37

3.03 × 10-12

-27.36

1.74

Table 6.2. F-GEN (Robin et al., 1993) input statistics
Parameter
Mean, μ

Variance, σ2

Degree of
Correlation,
R2
Coherency
level, a

Templates Site
Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity
Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity

k (m2)
1 × 10-12
1 × 10-11
1 × 10-13
1 × 10-12
1 × 10-12
ln k (ln (m2))
2.0
2.0
2.0
1.0
4.0
1

Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity
k field

Correlation
lengths
λH (2)
3.0 m
λV
0.2 m
Nugget Effect
0.0
(1)
Brusseau & Srivastava (1997).
(2)
Horizontal isotropy assumed.
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-0.35
-0.35
-0.35
-0.49
-0.24
foc field
3.0 m
0.2 m
0.0

foc
0.003
ln foc
0.241

Following the field and modelling study by Brusseau and Srivastava (1997) on the
Borden aquifer, the foc for the model domains, and hence retardation factor (R), was
perfectly negatively cross-correlated to the random correlated permeability field. The
subject model utilized a σ ln2 foc = 0.24 for all template sites (see Table 6.2). This
approach varies from Brusseau and Srivastava (1997) in that their work assumed

σ ln2 foc = σ ln2 K = 0.24, and was necessary to ensure that model R values remain reasonable
(i.e., between 1.4 and 13.0 depending on the permeability). Although a broad range of
sorption behaviour has been observed for PCE and TCE in aquifer soils (Chiou et al.,
1979; Miller and Weber Jr, 1986; Ball and Roberts, 1991; Allen-King et al., 1996;
Brusseau and Srivastava, 1997), for this work sorption is simulated using a linear
sorption isotherm.
A three-dimensional depiction of the base case model domain is provided in
Figure 6.4 and the general input parameters are listed in Table 6.3. The model domain
for all template sites measured 20 m along x, 10 m along z (transverse horizontal), 5 m
along y (transverse vertical). The domain is discretized into equally sized blocks
measuring 0.4 m (x) by 0.4 m (z) by 0.05 m (y), for a total of 125000 nodes, thus
providing a minimum of four nodes per correlation length. The initial condition SNW field
for the base case can be observed in Figure 6.4A, where the DNAPL is thoroughly
distributed throughout the domain as both residual and pools. For the base case, the
MAX
= 0.84. The subject domain configuration is half of the
average SNW is 0.01 with S NW

original domain size utilized by Richards (2006), and is symmetric about the original
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DNAPL release location noted in Figure 6.4A. The reduction in domain size was
necessary for computational efficiency. In general, run-times varied between 4 and 6
months, with a maximum run-time of 11 months for bioremediation of the high variance
template site on a PC equipped with Intel Pentium 4 EE (Extreme Edition) 3.73 GHz
CPU. The heterogeneous permeability field is presented in Figure 6.4B, comprising low
and high permeability features; for the base case, the mean k = 3.0× 10-12 m2, with a kMIN
= 1.35× 10-15 m2 and a kMAX = 1.72× 10-10 m2.
y
SNW

DNAPL release

A
5m
20 m

x

10 m

k (m2)

B

Figure 6.4. Three-dimensional view of porous media domain. Figure A presents the initial non-wetting
phase saturation field, domain configuration, and the location of the original DNAPL release. Figure B
depicts the corresponding permeability field. The domain is the symmetric half-domain (with respect to the
DNAPL release location) from work by Richards (2006).
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Table 6.3. General simulation input parameters
Parameter
ρW
ρNW
μW
μNW
α
β
TCE
PCE
K oc
or K oc
cDCE
K oc
d50
θ
αx
αx:αy
αx:αz
τ
Cs

CinjLactate
DºTCE or DºPCE
DºcDCE
DºLactate
DHo 2

TCE
1000 kg m-3
1460 kg m-3 (1)
0.001 Pa·s
0.00057 Pa·s (1)
0 Pa-1
0 Pa-1
126 mL g-1 (1)

PCE
1000 kg m-3
1630 kg m-3 (1)
0.001 Pa·s
0.00087 Pa·s (1)
0 Pa-1
0 Pa-1
364 mL g-1 (1)

86 mL g-1 (1)

86 mL g-1 (1)

0.0005 m
0.30
0.004 m
10:1
100:1 m
0.7 (2)
1100 mg L-1 (1)
39130 mg L-1

0.0005 m
0.30
0.004 m
10:1
100:1 m
0.7 (2)
200 mg L-1 (1)
7511 mg L-1

7.98 × 10-10 m2 s-1 (4)
9.03 × 10-10 m2 s-1 (4)
7.4 × 10-10 m2 s-1 (4)
3.3 × 10-9 m2 s-1 (5)

7.17 × 10-10 m2 s-1 (3)
9.03 × 10-10 m2 s-1 (4)
7.4 × 10-10 m2 s-1 (4)
3.3 × 10-9 m2 s-1 (5)

∇h
0.05
0.05
X (longitudinal)
20.0 m
20.0 m
Y (vertical)
5.0 m
5.0 m
Z (width)
10.0 m
10.0 m
∆x
0.40 m
0.40 m
∆y
0.05 m
0.05 m
∆z
0.40 m
0.40 m
# nodes
125000
125000
(1)
Pankow and Cherry (1996).
(2)
From Bear (1972).
(3)
Calculated from Wilke and Chang (1955). Reference temperature is 10ºC.
(4)
From Christ and Abriola (2007)
(5)
From Schwarzenbach et al. (1993)
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Table 6.4. Bioremediation specific input parameters
Parameter
KTCE or KPCE
MAX
qTCE
or
MAX
qPCE
MAX
qlactate
MAX
q meth

λbiomass
Ctoxicity

X MAX
X oferm
o
X CE

TCE
1.4 × 10-6 mol L-1 (1)
1.0 × 10-10 mol (mg VSS)-1 s-1

PCE
0.2 × 10-6 mol L-1 (2)
1.0 × 10-10 mol (mg VSS)-1 s-1

2.39 × 10-10 mol (mg VSS)-1 s-1 (3)

2.39 × 10-10 mol (mg VSS)-1 s-1 (3)

3.47 × 10-9 mol (mg VSS)-1 s-1 (3)

3.47 × 10-9 mol (mg VSS)-1 s-1 (3)

5.79 × 10-7 s-1 (2)
n/a
20000 mg L-1

5.79 × 10-7 s-1 (2)
200 mg L-1 (4)
20000 mg L-1

0.1 mg L-1

(5)

0.015 mg L-1

0.1 mg L-1 (5)

(2)

0.015 mg L-1

(2)

o
X meth

1.0 mg L-1 (5)

1.0 mg L-1 (5)

H*
*
H meth

2 nmol L-1 (6)

2 nmol L-1 (6)

11 nmol L-1 (6)

11 nmol L-1 (6)

8.2 × 103 (mg cell) (mol substrate)-1 (7)
3.51 × 103 (mg cell) (mol substrate)-1 (8)
1.43 × 103 (mg cell) (mol substrate)-1 (9)
1.43 (mol H2) (mol substrate)-1 (10)
1.90 (mol H2) (mol substrate)-1 (10)
4.44(mol H2) (mol substrate)-1 (10)
1.0 × 10-7 mol L-1 (9)

8.2 × 103 (mg cell) (mol substrate)-1 (7)
3.51 × 103 (mg cell) (mol substrate)-1 (8)
1.43 × 103 (mg cell) (mol substrate)-1(9)
1.43 (mol H2) (mol substrate)-1 (10)
1.90 (mol H2) (mol substrate)-1 (10)
4.44(mol H2) (mol substrate)-1 (10)
1.0 × 10-7 mol L-1 (9)

YTCE or YPCE
Ylactate
Ymeth
FTCE or FPCE
Flactate
Fmeth
KH2

Klactate
2.5 × 10-6 mol L-1 (9)
2.5 × 10-6 mol L-1
-7
-1 (9)
Kmeth
5.0 × 10 mol L
5.0 × 10-7 mol L-1
(1)
From Haston and McCarty (1999).
(2)
From Lee et al. (2004).
(3)
From Fennell and Gossett (1998) and adjusted for lower temperatures.
(4)
Based on the findings of Yang and McCarty (2000b).
(5)
From Christ and Abriola (2007).
(6)
From Yang and McCarty (1998).
(7)
From Cupples et al. (2003).
(8)
From Wallrabenstein et al. (1995).
(9)
From Fennell and Gossett (1998).
(10)
Calculated as per Bagley (1998).

(9)
(9)

The details of the boundary and initial conditions are illustrated in Figure 6.5,
which presents a cross-sectional view (at z = 5 m) of the initial k and SNW fields. Constant
head wetting phase boundary conditions are designated at the up- and down-gradient
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faces to establish a ∇h = 0.05, analogous to continuous pumping conditions; no flux
non-wetting phase conditions are designated for the same boundary faces. The horizontal
and vertical transverse faces are designated as no flow boundaries with respect to both
wetting and non-wetting phases. Lactate is injected at the upgradient boundary face
using a pulsed constant concentration. This methodology ensures maximum sweep of the
substrate and fermentation products (H2) within the heterogeneous domain.
SNW

Lactate
Cinj

Constant PW head

Constant PW head
and ∂qNW = 0
∂y

∂C
= 0,
∂y

∂q
=0
∂y

and ∂qNW = 0
∂y
along (20, y, z)

5m

k (m2)

q

20 m

y
∂q
∂C
= 0,
=0
∂y
∂y

x

Nodal discretization is 0.4 m (x) by 0.4 m (z) by 0.05 m (y).
Pressure is hydrostatically distributed along constant head boundaries.

Figure 6.5. Cross-section of model domain with boundary and initial conditions. Section located a z = 5 m
for TCE base case.

The input parameters specific to bioremediation are listed in Table 6.5 for TCE
and PCE. These values are primarily derived from peer-reviewed literature, whether
from experimental findings or computational techniques. Key differences between PCE
and TCE values are the half-saturation constants (KTCE and KPCE) and the inclusion of
toxicity for PCE. When utilizing a conversion of 0.5 mg protein/mg cells (Duhamel et
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MAX
al., 2004), experimentally-derived literature values for qPCE
ranged from 1.6× 10-9 to

3.7× 10-13 mol/(mgX • s) after conversion for reported temperatures of 15ºC to 42 ºC (de
Bruin et al., 1992; Carter and Jewell, 1993; Holliger et al., 1993; Maymo-Gatell et al.,
1995; Zhuang and Pavlostathis, 1995; Sharma and McCarty, 1996; Isalou et al., 1998;
Haston and McCarty, 1999; Nielsen and Keasling, 1999; Yang and McCarty, 2000b;
Rossetti et al., 2003). Similarly, values ranging from 1.5× 10-9 to 1.9× 10-11 mol/(mgX • s)
MAX
were found for qTCE
with reported temperatures of 20ºC to 42 ºC (Holliger et al., 1993;

Maymo-Gatell et al., 1995; Haston and McCarty, 1999; Cupples et al., 2004a). When
considering the typical normal-type behaviour for utilization rate versus temperature
experimentally demonstrated for dechlorinating bacteria (e.g., Gerritse et al., 1996; Friis
MAX
MAX
= qPCE
=
et al., 2007), and typical subsurface temperatures of 10 ºC to 15 ºC, a qTCE

MAX
1.0× 10-10 mol/(mgX • s) was assumed. Likewise, a qmeth
= 3.47× 10-8 mol/(mgX • s) and a
MAX
qlactate
= 2.39 × 10-9 mol/(mgX • s) were reported by Fennell and Gossett (1998) at 35 ºC.

Based on the modelling work by Lee et al. (2004) and experimental findings of Heimann
et al. (2007), an order of magnitude reduction is assumed for the aforementioned values
at groundwater temperatures.
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Table 6.5. Schedule of simulations
Simulation
no.

Description

Lactate injection
concentration
(mg/L)
1
Base case
39130
2
High mean k
39130
3
Low mean k
39130
4
Low heterogeneity
39130
5
High heterogeneity
39130
6a
Small DNAPL volume (post HD) (2)
39130
6b
Small DNAPL volume (pre HD)
39130
7
High DNAPL volume
39130
8
PCE DNAPL
39130 or 7511
BC1
Base case, no bioclogging
39130
BC2
Base case, no competition
39130
BC3
Base case, no bioclogging & no competition
39130
PS1
Base case, 1 hour/day lactate pulse
134160
PS2
Base case, 1 week/month lactate pulse
24113
(1)
All injections were completed for a period of 2.5 years.
(2)
HD denotes hydraulic displacement.
(3)
Equilibrium dissolution assumed for all simulations.

Experimental values for biomass in porous media vary considerably in the
literature. When utilizing a conversion of 0.5 mg protein/mg cells (Duhamel et al.,
2004), biomass concentrations have been found to range from 5 to 125 mg cells/liter
(Christensen and Characklis, 1990; Mohn and Tiedje, 1990; He and Sanford, 2004).
Preliminary model simulations with the base case were conducted to assess sensitivity to
XMAX, revealing that an XMAX > 20000 mg/L had a negligible influence on numerical
solution.
The upgradient lactate concentration was computed using the stoichiometry of
donors for PCE or TCE sequential degradation to ethene and a safety factor (SF) of 5 to
account for assumed system inefficiencies (Yang and McCarty, 2002) and flow
heterogeneities. Although the complete degradation to ethene is not modelled, it would
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be a desired outcome for a field site, and the stalling of degradation at cDCE would
potentially not be known a priori. For example, to completely degrade 1 mol TCE to
ethene assuming a SF = 5 and a CsTCE = 1100 mg/L requires a lactate concentration of
5590 mg/L. If utilizing a one day per week pulse schedule, the required lactate
concentration increases to 7 × 5590 mg/L for a total injection of 39130 mg/L lactate per
pulse. A similar calculation for PCE yields a concentration of 7511 mg/L; however, to
ensure the comparability of the simulations, only output for 39130 mg/L are presented.
6.7 Schedule of Simulations

A schedule of the simulations is provided in Table 6.5. Simulations with the
template sites are designated as numbers 1 through 8, with 6a and 6b distinguishing the
cases of post-HD and pre-HD on the small volume release template site. For each of the
TCE template site simulations (no.1 to 7) a lactate injection concentration of 39130 mg/L
was employed; this value was varied for PCE (no. 8). The influence of bioclogging and
competition are evaluated in simulations BC1, BC2 and BC3, and compared to both the
base case (no. 1) and the corresponding abiotic dissolution simulation. Similarly, the
influence of the injection pulse strategy was assessed in runs PS1 and PS2, and compared
to the base case. The lactate was injected in pulses for a period of 2.5 years for all
simulations, followed by 7.5 years of dissolution during which bioremediation continued
until biomass completely decayed.
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6.8 Field Scale Simulations

The results of the simulations identified in Table 6.5 are discussed below and
evaluated with the performance metrics identified in (6-22) to (6-30). Abiotic dissolution
simulations were conducted for each template site and serve as a benchmark for
comparing treatment efficiency. Conservative tracer simulations were also conducted
with a continuous constant concentration boundary for each template site with the
following C/C0 = 0.5 breakthrough times: 47 days for the base case (simulation 1), small
DNAPL release volume (simulations 6a and 6b), and large DNAPL release volume
(simulation 7) sites; 5 days for the high mean k site (simulation 2); 487 days for the low
mean k site (simulation 3); 72 days for the low variance site (simulation 4); and, 23 days
for the high variance site (simulation 5).
6.8.1 Influence of Lactate Injection Strategy

During preliminary testing for the design of the field scale template site
simulations, a sensitivity analysis was conducted on the influence of lactate injection
pulse schedule on DNAPL mass removal (Figure 6.6) and total boundary mass flux
(Figure 6.7). Pulse strategies (see Table 6.5) comprising either one hour per day, one day
per week and one week per month were compared to abiotic dissolution. From Figure
6.6, it can be observed that all strategies reduced DNAPL mass to some degree beyond
two years after treatment is initiated. The Em (equation (6-29) for the one hour per day,
one day per week and one week per month pulse strategies was 1.21, 1.15, and 1.01,
respectively. In all cases, bioremediation initially had a detrimental effect due to
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bioclogging, in part, due to the assumed initial biomass distribution; this was particularly
evident for the one hour per day strategy as seen in Figure 6.7, where the TCE mass flux
is one-order of magnitude less than the other strategy due to encapsulation effects and
solute consumption. Based on Figure 6.6 and Figure 6.7, a pulse strategy of one day per
week was selected as a compromise between mass removal, potential bioclogging effects
(including recalcitrant bioclogging), methanogenic competition, and mass flux reduction
at 2.5 years.
3500
BC bio - 1 hour/day

TCE DNAPL Mass (kg)

3000
2500
BC diss
2000
BC bio - 1 day/week
1500
BC bio - 1 week/month
1000
500
0
0

1

2

Time (yrs)

Figure 6.6. Influence of lactate pulse strategy on TCE DNAPL mass depletion.
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BC bio
1 week/month

BC diss

1.0E-03
BC bio
1 day/week
BC bio
1 hour/day

1.0E-04
0

1

2

Time (yrs)

Figure 6.7. Influence of lactate injection strategy on downgradient TCE solute boundary mass flux.

6.8.2 DNAPL Source Zone Mass Removal

The influence of domain mean permeability on DNAPL mass removal is
presented in Figure 6.8. This plot compares and contrasts the abiotic dissolution and
biotic treatment efficiency for the base case, low mean k, and high mean k template sites.
Using (6-29), the Em for the base case is 1.15 at 2.5 years. An order of magnitude
increase in k for the high k template site yields overall reduction in the mass of DNAPL
at both 2.5 and 10 years, but the Em at 2.5 years is only 1.12. For both the base case and
high mean k template site, the benefits realized at 2.5 years for bioremediation become
marginal at 10 years. Conversely, the low mean k template site experienced a
considerable reduction in DNAPL mass due to bioremediation at both 2.5 and 10 years
with an Em of 1.53 and 1.94, respectively.
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low mean k diss

3500

DNAPL Mass (kg)

3000
low mean k bio

2500
2000

BC diss
BC bio

1500
1000

high mean k diss
high mean k bio

500
0
0
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6

8
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Time (yrs)

Figure 6.8. Influence of domain mean k on source zone DNAPL mass depletion. The label ‘diss’
denotes the case of abiotic dissolution (no treatment), while simulations with treatment by enhanced
bioremediation are labeled ‘bio’. The label ‘BC’ denotes the base case with TCE. The vertical arrow
denotes the end of active treatment at 2.5 years for all simulations.

Figure 6.9 plots the influence of domain heterogeneity on DNAPL mass for the
base case, small variance and large variance template sites. Despite a considerable range
in variance of ln k for these three simulations the response to bioremediation is similar.
The Em at 2.5 years for the base case, small variance and large variance simulations are
1.15, 1.25 and 1.11, respectively. Furthermore, post-treatment dissolution has negated
any benefits from active bioremediation.
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1500
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Figure 6.9. Influence of heterogeneity on source zone DNAPL mass depletion. The label ‘var’
refers to the variance in heterogeneity. The vertical arrow denotes the end of active treatment at 2.5 years
for all simulations.

The influence of enhanced bioremediation on DNAPL release mass is presented
in Figure 6.10 where the large volume and small volume template sites are compared to
the base case. The general trends are similar between each of the three simulations. At
2.5 years, the Em for the small volume release is 1.15, while an Em of 1.27 is realized for
the large volume release. Following 7.5 years of dissolution, the large volume Em is
reduced to 1.03 and small volume Em is 1.0. The small volume template site was further
examined with respect to the influence of HD in Figure 6.11. The Em at 2.5 years for the
pre-HD simulation is 1.19 and 1.15 for the post-HD, suggesting that the biodegradation
of TCE DNAPL is slightly more favourable in the presence of isolated pools.
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Figure 6.10 Influence of initial DNAPL volume (‘vol’) on DNAPL source zone mass depletion. The
vertical arrow denotes the end of active treatment at 2.5 years for all simulations.
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Figure 6.11. Influence of hydraulic displacement (HD) on source zone DNAPL mass for the small
DNAPL volume template site. The vertical arrow denotes the end of active treatment at 2.5 years for all
simulations.
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The most pronounced influence of bioremediation on DNAPL mass is presented
in Figure 6.12 for the PCE template site, where the Em was 8.86 at the end of treatment
and 2.92 after 10 years. The PCE simulation exhibits an earlier and more rapid response
to the biodegradation than TCE. The key distinguishing factors between these two
simulations is the presence of PCE toxicity on dechlorinating and competitor organisms
(Table 6.4, equation (6-18)) and solubility concentrations (PCE is 200 mg/L versus 1100
mg/L for TCE). Since Ctoxicity was 200 mg/L, the effects of high PCE concentrations
would only occur in the vicinity of the DNAPL-aqueous phase interface, and
downgradient of individual source nodes. In systems where the microbial species are
prone to lower concentration PCE toxicity, the Em would be reduced relative to the results
presented in Figure 6.12. Since toxicity applies to both species, this figure suggests that
the favourable response by PCE is due, in part, to its lower solubility. A simulation was
also completed using an injection concentration of 7511 mg/L that produced an Em of
2.82 and 1.39 at 2.5 and 10 years, respectively; clearly, the injection concentration is
critical to achieving greater enhancement.
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Figure 6.12. DNAPL source zone mass depletion for the TCE base case and PCE template sites. The
vertical arrow denotes the end of active treatment at 2.5 years for all simulations.

Given the apparent influence of bioclogging and methanogenic competition on
treatment efficacy, a set of sensitivity simulations were conducted to elucidate the
individual contributions of these processes on the base case over a period of 2.5 years.
Figure 6.13 demonstrates that the influence of only bioclogging is minimal, as the Em
increases from 1.15 for the base case to 1.19 for simulation BC1. It should be noted that
increases or decreases in discretization will potentially affect the bioclogging response
(Chu et al., 2003). When omitting competition by methanogens throughout the domain,
the Em for BC2 is 1.99. When omitting both bioclogging and competition Em becomes
2.05 for simulation BC3. These results suggest that competitors are the dominant
consumer of H2 substrate in TCE template sites, and minimizing competition can greatly
improve both the relative and absolute reduction in DNAPL mass.
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Figure 6.13. Influence of bioclogging and competition with methanogens on source zone DNAPL mass
depletion. Treatment was terminated at 2.5 years.

A review of Figure 6.8 to Figure 6.13 reveals that neither abiotic dissolution nor
bioremediation successfully removed all the DNAPL mass for any of the template sites.
Following active treatment, all the template sites experienced dissolution tailing that
resulted in DNAPL mass existing beyond the 10 year time frame. Often, the DNAPL
mass remaining at 10 years was the same for both abiotic dissolution and bioremediation
due to dissolution tailing effects. This suggests that partial treatment is ineffective over
the long-term and active remediation must be continued until all DNAPL mass is
removed.
6.8.3 DNAPL Source Zone Mass Flux

The solute boundary mass flux plots for the influence of mean permeability on
bioremediation are presented in Figure 6.14 and correspond to DNAPL mass plots in
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Figure 6.8. Interestingly, the mass flux response is the converse of the DNAPL mass
behaviour. The Ef for the base case, low mean k and high mean k template sites is 1.80,
1.06 and 6.53, respectively. The post-treatment rebound of TCE solute concentrations
can be observed for the high mean k, and to a lesser degree, the base case simulations.
Despite the relative high Em for the low mean k template site, a negligible degree of
benefit was realized with respect to mass flux. Figure 6.8 and Figure 6.14 suggest that
changes in downgradient mass flux cannot be correlated to changes in DNAPL mass for
enhanced bioremediation.

Boundary Mass Flux (kg/m2/s)

1.0E+00
high mean k diss
1.0E-01
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1.0E-05
0
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6

8

10
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Figure 6.14. Influence of domain mean k on downgradient TCE solute boundary mass flux. The
vertical arrow denotes the end of active treatment at 2.5 years for all simulations.

The influence of domain heterogeneity on boundary mass flux is plotted in Figure
6.15 for the base case, small variance and large variance template sites. The Ef values at
2.5 years range between 1.40 for the small variance and 7.04 for the large variance
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templates sites. These Ef values vary considerably from their Em counterparts in Figure
6.9; while heterogeneity did not significantly influence Em, it has a more prominent effect
on Ef. Also, the degree of TCE concentration rebound varies from negligible for the
small variance to a four-fold increase over several months for the large variance template
site. The gradual reduction in mass flux (up to 2.5 years) occurs as dechlorinator
biomass, and hence total solute consumption, increases following the kinetics in (6-6) to
(6-17). A consequence of the developing biomass is a corresponding reduction in soil
permeability according to (6-21), resulting in an encapsulation effect at source nodes
(Chu et al., 2003) and flow bypassing; the sole influence of bioclogging on mass flux is
examined later. Once lactate injection is ceased at 2.5 years, H2 production will
gradually diminish, and donor substrate delivery to both dechlorinators and methanogens
decreases. The resulting mass flux rebound is a function of both decreasing solute
consumption by microbes at source nodes and on-going biomass decay (see equation
(6-17)). As biomass decays the source zone permeability is partially restored.

239

Boundary Mass Flux (kg/m2/s)

1.0E-02

BC diss
high var diss
low var bio

low var diss

1.0E-03

BC bio
high var bio
1.0E-04
0

2

4

6

8

10

Time (yrs)

Figure 6.15. Influence of domain heterogeneity on downgradient solute boundary mass flux. The
label ‘var’ refers to the variance in heterogeneity. The vertical arrow denotes the end of active treatment at
2.5 years for all simulations.

The influence of DNAPL release mass on boundary mass flux is presented in
Figure 6.16 for the base case, small volume and large volume template sites. Variations
in release mass generated similar trends in mass flux behaviour, with a progressive
reduction in Mf until 2.5 years, followed by rebound; the degree of rebound ranges from
minimal for the large volume release simulation to a six-fold increase in mass flux for the
small volume site. Similarly, the Ef at 2.5 years ranges from 1.57 to 6.61 for the large
and small volume template sites, respectively. For the large volume simulations, there
will be more source nodes that do not experience enhanced bioremediation (and
bioclogging) due to sweep inefficiency within the domain; as such, untreated source
nodes will continue to transfer mass in the contiguous aqueous phase at solubility
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concentrations. In general, sites with smaller historical releases will potentially
experience the greatest mass flux reductions. An examination of the pre-HD and postHD template sites in Figure 6.17 suggests that bioremediation on the pre-HD site is more
favourable at 2.5 years with an Ef of 9.56, but negligible over the long term.
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Figure 6.16. Influence of DNAPL initial release volume (‘vol’) on downgradient boundary mass flux. The
vertical arrow denotes the end of active treatment at 2.5 years for all simulations.
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Figure 6.17. Influence of hydraulic displacement (HD) on the downgradient boundary mass flux
for the small DNAPL volume template site. The vertical arrow denotes the end of active treatment at 2.5
years for all simulations.

Figure 6.18 presents the mass flux behaviour for the PCE and base case template
sites. The mass flux response to bioremediation of PCE is remarkable; while the Em for
PCE was 8.86, it exhibits an Ef of 21.73 at 2.5 years. However, the post-treatment
dissolution phase yields an Ef of 3.32. Clearly, bioremediation has significantly
alternated the SNW distribution. In the presence of lower concentration PCE toxicity (i.e.,
less than 200 mg/L), the boundary mass flux response would not be as favourable.
Figure 6.18 also demonstrates that for the case of PCE, treatment must be continued until
all mass is removed. Otherwise, the low solubility of PCE, combined with diffusion from
recalcitrant biomass at severely encapsulated source zones, becomes the dominant long-
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term mechanism controlling PCE solute mass loading. By adapting an injection
concentration of 7511 mg/L, the Ef was reduced to 1.62 at 2.5 years and 1.26 at 10 years.

Boundary Mass Flux (kg/m2/s)

1.0E-02
BC diss
BC bio

1.0E-03

1.0E-04

PCE diss
PCE bio

1.0E-05
0

2

4

6

8

10

Time (yrs)

Figure 6.18. Downgradient boundary mass flux for the TCE base case and PCE template sites. The
vertical arrow denotes the end of active treatment at 2.5 years for all simulations.

The influence of bioclogging and competition by methanogens on solute
boundary mass flux of the base case is presented in Figure 6.19. This sensitivity analysis
was conducted for the active bioremediation interim of 2.5 years. It can be observed that
bioclogging (BC1) has a minor effect on mass flux when compared to the base case. In
contrast, the omission of competition (BC2) yields an Ef of 74.8. When considering the
omission of both bioclogging and competition (BC3) the Ef increases to 60.4. As
previous discussed, in the presence of high substrate loading (i.e., no competition)
bioclogging is advantageous for the reduction of mass flux. While the Em for the base
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case, BC1, BC2 and BC3 only varied by a factor of two for Figure 6.13, it is clear that if
competition can be minimized, a substantial reduction in boundary flux can be achieved.
1.0E-02

Boundary Mass Flux (kg/m2/s)

BC bio
comp &
no bioclogging

BC diss

1.0E-03
BC bio
comp &
bioclogging

BC bio
no comp &
no bioclogging

1.0E-04
BC bio
no comp &
bioclogging
1.0E-05
0

1

2

Time (yrs)

Figure 6.19. Influence of bioclogging and methanogenic competition (“comp”) on downgradient TCE
solute boundary mass flux. Treatment was terminated at 2.5 years.

6.8.4 Moment Analyses

First and second moments (mean and variance) for εrel were calculated with
respect to permeability to ascertain which subsurface geologic features were most
conducive to mass removal. Equations (6-24) to (6-26) were utilized to assess both
bioremediation and abiotic dissolution at 2.5 years, with the results presented in Table
6.6. For bioremediation, only nodes with [XCE] > 0 were utilized in the calculation of
mean and variance.
When comparing Table 6.6 to the geologic parameters listed in Table 6.1 it can
generally be observed that both bioremediation and abiotic dissolution preferentially
remove DNAPL mass from higher k features. The high mean k template site (simulation
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3) is the only exception, where the geologic statistics are similar to the mass removal
statistics. A comparison of the moments between abiotic dissolution and bioremediation
reveals that the means are similar in most cases; however, the high mean k template site
(simulation 3) and no competition simulation (BC2) have a relatively larger first moment
and will preferentially remove DNAPL mass from lower permeability media than abiotic
dissolution. The variances for bioremediation and abiotic dissolution are also similar for
most simulations, with the exceptions being the high mean k and PCE template sites. For
the former simulation, bioremediation effectively removes DNAPL mass from a much
broader range of soil permeability than abiotic dissolution, while the converse is observed
for the PCE simulation.
Table 6.6. Influence of dissolution and treatment on DNAPL (εrel) statistics at 2.5 years
Simulation
No.

Description

1
2
3
4
5
6a
6b
7
8
9
10

Base case
High mean k
Low mean k
Low heterogeneity
High heterogeneity
Small DNAPL volume (pre HD)
Small DNAPL volume (post HD)
Large DNAPL volume
PCE DNAPL
Base case, but no clogging
Base case, but no comp

ln kcentroid

dissolution

ln kvariance

dissolution

ln k centroid

bio

ln k variance

bio

(ln(m2))
-25.71
-24.37
-27.54
-26.38
-24.98
-25.86
-25.69
-25.96
-26.02
-25.71
-25.71

(ln(m2))2
0.82
1.38
0.58
0.48
1.66
0.68
0.76
1.14
1.09
0.82
0.82

(ln(m2))
-25.74
-24.74
-27.46
-26.43
-24.87
-26.01
-25.80
-26.05
-25.93
-25.75
-26.08

(ln(m2))2
0.84
1.72
0.53
0.45
1.62
0.63
0.84
1.17
0.82
0.83
0.80

6.8.5 Mass Flux vs Mass Removal

The relationship between mass flux reduction (Fnorm) or mean boundary
concentration reduction (Cnorm) and DNAPL mass reduction (Mnorm) is plotted in Figure
6.20 for each of the templates sites (simulations 1 to 8). Note that the data in Figure 6.20
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and Figure 6.21 are adjusted for the initial absence of solute in the domain by discounting
the effects of initiating the simulations without prior dissolution by selecting a reference
time (t0) greater than the time for peak TCE/PCE mass flux for dissolution only. As such,
some of the plots in Figure 6.21 will span both the active treatment and post-treatment
phases. With the exception of the large volume release Fnorm curve, all the data sets plot
between Γ ≈ 0.5 and 2. This a useful observation that can be employed in analytical
solution modelling (e.g., Falta et al., 2005a) for abiotic dissolution. It should also be
noted that the Fnorm versus Mnorm curve plots are lower than the corresponding Cnorm
versus Mnorm curve. This is particularly important for site evaluation, as the use of either
Cnorm or Fnorm will yield different interpretations of the site response to abiotic
dissolution.
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Figure 6.20. TCE or PCE boundary mass flux reduction and boundary solute mean concentration reduction
versus DNAPL source zone mass reduction for abiotic dissolution. Due to the initial absence of solute in
the domain the results have been adjusted to discount the effects of initiating the simulations without prior
dissolution; hence, the low mean k simulation was omitted. Note that in the legend “pre” and “post” refer to
HD, “F” denotes flux and “C” denotes concentration.
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Figure 6.21. TCE or PCE boundary mass flux reduction and boundary solute mean concentration reduction
versus DNAPL source zone mass reduction for enhanced bioremediation. Due to the initial absence of
solute in the domain the results have been adjusted to discount the effects of initiating the simulations
without prior dissolution; hence, the low mean k simulation was omitted. Note that in the legend “pre” and
“post” refer to HD, “F” denotes flux and “C” denotes concentration.

Figure 6.21 plots the Fnorm or Cnorm versus Mnorm for each template site for active
bioremediation followed by dissolution. Figure 6.21 varies significantly from Figure
6.20, with bioremediation producing Γ < 0.5 (low mean k site) and Γ > 10 (high variance
site). The effects of post-treatment rebound are evident with abrupt increases in Cnorm
and Fnorm. It is clear from Figure 6.21 that the mass flux (or mean concentration) versus
DNAPL mass response is highly dynamic in the presence of enhanced bioremediation,
and a function of soil properties (μk and σ ln2 k ), DNAPL release volume, and HD. More
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research is needed before this conceptual tool can be employed meaningfully at real sites
with heterogeneous geology and complex source zone architecture.
6.9 Conclusions

From preliminary testing on the lactate injection pulse strategy it was found that a
one day per week schedule produced an Em = 1.15 and Ef = 1.80. By adopting this pulse
schedule for all simulations, it was found that the enhanced bioremediation of TCE
DNAPL was most effective in the mean low k template site with an Em = 1.53 at 2.5
years. In terms of boundary mass flux, the pre-HD small volume release template site
experienced the greatest Ef (9.56), followed closely by the large volume release (Ef =
7.04), the post-HD small volume site (Ef = 6.61), and the large variance template site (Ef
= 6.53). While heterogeneity was unimportant with respect to an enhancement in
DNAPL mass removal, it has a significant effect on mass flux enhancement. Overall, the
PCE template site experienced the greatest response to bioremediation with an Em = 8.86
and an Ef = 21.73; the magnitude of this response is due, in part, to the lower solubility of
PCE. When competition was omitted from the TCE base case simulations, the Em and Ef
increased from 1.15 to 1.99 and 1.80 to 74.8, respectively. Bioclogging had a detectable,
but comparatively small effect on the Em and Ef for the base case. It is important to note
that, in general, the magnitude of Em cannot be correlated to magnitude of Ef for the
template sites considered here.
The post-treatment rebound of boundary mass flux was observed for most
template sites. The magnitude of rebound was most significant in the high mean k, large
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variance, small volume release, and PCE simulations. The latter experienced the greatest
rebound (9-fold) and took over a year to stabilize. Monitoring programs at real sites must
be designed to capture this potential post-treatment response. In addition, and perhaps
most importantly, the simulations have demonstrated that for most of the template sites,
partial DNAPL mass removal was ineffective over the long-term; treatment must be
continued until all DNAPL is eliminated, otherwise dissolution tailing effects can
dominant and negate any benefits achieved during active bioremediation.
Finally, both Fnorm and Cnorm versus Mnorm were plotted for abiotic dissolution and
bioremediation, and interpreted using a Γ function (Falta et al., 2005a). For the abiotic
dissolution, values of Γ typically ranged from 0.5 to 2. However, in the presence of
bioremediation varied from Γ < 0.5 to Γ > 10, with a broad range of behaviour depending
on mean k, variance, DNAPL release volume, HD, and DNAPL type. More research is
needed before boundary mass flux (or mean boundary concentration) versus DNAPL
mass can be meaningfully utilized as a conceptual tool at real sites undergoing enhanced
bioremediation.
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6.11 Notation

an

effective interfacial area {L2 L-3}

C

concentration {M L-3}

Cnorm normalized mean average concentration or concentration reduction
Cs

effective solubility {M L-3}

d50

mean grain size diameter {L}

D

hydrodynamic dispersion tensor {L2 T-1}

Dº

free water diffusion coefficient {L2 T-1}

Em

DNAPL mass enhancement factor

Ef

boundary mass flux enhancement factor

foc

factor of organic carbon

Fn

stoichiometric production or consumption coefficient

Fnorm normalized boundary mass flux or flux reduction
gravitational acceleration {L T-2}

g
h

hydraulic gradient

Itoxic

inhibition coefficient for toxicity

k

permeability {L2}

kij

intrinsic permeability tensor {L2}

kla

average mass transfer coefficient {L T-1}
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Kl

lumped mass transfer coefficient {T-1}

Koc

organic carbon partition coefficient

Kn

Monod half-saturation constant {M L-3}

kr

relative permeability {-}

MDNAPL DNAPL mass in domain {M}
Mf

total boundary mass flux {M L-2 T-1}

Mnorm normalized DNAPL mass or DNAPL mass reduction
P

pressure {M L-1 T-2}

PC

capillary pressure {M L-1 T-2}

q

Darcy flux {L T-1}

qnMAX

maximum utilization rate {M M-1 T-1}

qs

volumetric flux representing sources and/or sinks {T-1}

Rn

retardation factor

S

phase saturation

SE

effective saturation

t

time {T}

v

average linear groundwater velocity {L T-1}

V

Volume of a node {L3}

Xn

biomass concentration {M L-3}

XMAX

maximum biomass concentration {M L-3}

x

horizontal longitudinal direction

y

vertical direction
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z

horizontal transverse direction

∆x

nodal dimension along x direction {L}

∆y

nodal dimension along y direction {L}

∆z

nodal dimension along z direction {L}

X

dimension of domain along x {L}

Y

dimension of domain along y {L}

Z

dimension of domain along z {L}

α

porous medium compressibility {M-1 L T2}

αx,y,z

dispersivity {L}

β

wetting phase compressibility { M-1 L T2}

εrel

relative difference in saturation

Γ

fitting parameter

λn

biotic first-order decay rate coefficient {T-1}

λH

horizontal isotropic correlation length {L}

λV

vertical isotropic correlation length {L}

μ

dynamic viscosity {M L-1 T-1}

μln k

mean of ln k {ln (L2)}

ρ

fluid density {M L-3}

σ ln2 k

variance of ln k {[ln (L2)]2}

τ

tortuosity

θ

porosity

ℜ

rate of all reactions {M L-3 T-1}
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Common subscripts
0

initial condition

i, j

coordinate indices for x, y, z

W

wetting phase

NW

non-wetting phase

m

mobile species

im

immobile species

n

immobile or mobile species

CE

dechlorinators species

ferm

fermentor species

meth

methanogenic species

sub

substrate
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Chapter 7
Comparative Evaluation of In Situ DNAPL Source Zone
Remediation Technologies

7.1 Abstract

Numerical simulations of in situ trichloroethylene (TCE) and tetrachloroethylene
(PCE) dense non-aqueous phase liquid (DNAPL) source zone treatment were compared
and contrasted at eight sites with four remediation technologies: pump and treat (P&T),
chemical oxidation with permanganate (ISCO), enhanced bioremediation (ISEB), and
surfactants (SEAR). A broad spectrum of responses was observed, with treatment being
highly beneficial at some sites, and detrimental at others. Of the 36 simulations
conducted, only one site achieved complete remediation (using SEAR); DNAPL mass,
boundary mass flux and concentration were non-zero at the remaining 35 sites after
active treatment and following several years of post-treatment monitoring. DNAPL
mass reductions between 90 and 98% were observed for a number of sites at the end of
10 years, which coincided with a two order of magnitude reduction in boundary mass
flux. Concentration reductions were typically less than mass flux with the lowest nonzero mean boundary concentration achieved being 5 mg/L. Although site specific, each
technology demonstrated some degree of performance enhancement during active
treatment relative to P&T. However, post-treatment dissolution tailing dominated most
of the sites treated with ISCO and ISEB, and to a lesser degree SEAR, negating much of
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the previously achieved performance enhancement. In the case of ISCO and ISEB, premature termination of treatment (i.e., DNAPL still remained) often resulted in posttreatment mass flux and concentration rebound. For many sites, the long-term
performance of pre-maturely terminated ISCO, ISEB, SEAR, was similar to P&T. The
findings in this study suggest that partial DNAPL mass removal is largely ineffective
over the long-term.
7.2 Introduction

The remediation of sites impacted by dense non-aqueous phase liquids (DNAPLs)
is challenging because of the heterogeneous and dynamic nature of the subsurface
environment (USEPA, 2003; NRC 2005). Many early and current remedial efforts focus
on pump and treat (P&T) strategies, and while this technology is well-suited to plume
interception and hydraulic source containment, it is viewed by many as an inadequate
tool for mass removal (Travis and Doty, 1990; Haley et al., 1991). Emphasis is currently
being placed on the evaluation of other technologies for advancing site reclamation, and
developing a new conceptual framework for DNAPL sites. NRC (1994) identified
“cleanup dilemmas” to be physical heterogeneity, the presence of NAPLs, forward- and
backward diffusion, sorption, and site characterization. NRC (1994) further stated that, at
the time, remediation technologies were unable to overcome all of the challenges
associated with subsurface restoration and health-based standards for ground water could
not be achieved. Similar views were expressed in subsequent evaluations by Mackay
(1998), USEPA (2003) and NRC (2005).
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Many field-scale experiments have been undertaken to evaluate the ability of
remedial technologies to deplete DNAPL mass, and to assess the corresponding influence
on downgradient plume behaviour. Historically, solute concentration has been the
performance metric of interest, but mass flux (and discharge) has garnered some usage in
recent years. Field trials with chemical oxidation (Schnarr et al., 1998) and other
flushing technologies (cosolvents, surfactants) (Rao et al., 1997; Falta et al., 1999; Jawitz
et al., 2000; Londergan et al., 2001; Meinardus et al., 2002; Ramsburg et al., 2005;
Brooks et al., 2008) have reported reductions in DNAPL mass ranging from 60% to 99%,
often with considerable decreases in concentration and mass flux (discharge). In a
comprehensive review of 59 DNAPL sites subject to various remediation technologies,
McGuire et al. (2006) reported an overall reduction in solute concentrations following
mass removal, but the magnitudes were highly variable, ranging from one order of
magnitude increases to over five order of magnitude reductions. Based on 11 sites, the
authors estimated a 1:1 (± 30%) relationship between mass reduction and concentration
reduction. Similar comparisons of DNAPL mass depletion to either concentration or
mass flux at real sites are provided by Falta et al. (2005a) and DiFilippo and Brusseau
(2008). These studies utilized a power function to develop prototypical curves that relate
mass depletion to mass flux reduction for treatment end-points; for the 12 sites
considered, DiFilippo and Brusseau (2008) found a broad range of behaviour that
spanned nearly the full spectrum of potential mass depletion/mass flux reduction
relationships. The highly variable response was partly attributed to soil properties (mean
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hydraulic conductivity, K, and the range in K), pre-remediation NAPL mass, and the age
of the source zone.
Modelling, both analytical and numerical, has elucidated some aspects of the
benefits of partial source zone mass removal on site remediation (Sale and McWhorter,
2001; Saenton et al., 2002; Chu et al., 2003; Falta, 2003; McWhorter and Sale, 2003; Rao
and Jawitz, 2003; Chu et al., 2004; Parker and Park, 2004; Falta et al., 2005b; Falta et al.,
2005a; Jawitz et al., 2005; Fure et al., 2006; Christ and Abriola, 2007; Basu et al., 2008;
Liang and Falta, 2008; West et al., 2008). At present, however, a comprehensive
comparison of different technologies at the field-scale has not been completed. In this
paper, the results of an extensive suite of three-dimensional numerical simulations are
compared and contrasted for P&T, in situ chemical oxidation (ISCO), in situ enhanced
bioremediation (ISEB), and surfactant enhanced aquifer remediation (SEAR) at the fieldscale. To achieve this end, eight template sites were generated by varying mean
permeability (k), the permeability variance, initial DNAPL mass, and the DNAPL type;
the four technologies were applied to each template site for a specified duration and then
subject to post-treatment dissolution for a total simulation time of 10 years. The
performance metrics of interest were percent DNAPL mass depletion, downgradient
boundary mass flux reduction, and downgradient boundary mean concentration
reduction. These metrics were evaluated at the termination of treatment and at the end of
the 10 year interim.
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7.3 Template Sites

Field studies have consistently demonstrated that remedial outcomes are highly
site-specific (e.g., McGuire et al., 2006; DiFilippo and Brusseau, 2008). While field
studies draw upon the true physiochemical characteristics of the subsurface, it is difficult
to ascertain all salient processes due to limitations in characterization and monitoring. In
addition to sampling uncertainty, it is impossible to conduct multiple treatment scenarios
under the same conditions; each remediation effort can alter the source zone architecture
and soil properties. It is in this regard that numerical simulations can facilitate highresolution, comparative analysis of different technologies.
For this study, template sites were devised to simulate remediation of threedimensional, field-scale heterogeneous porous media domains with complex DNAPL
architectures. A depiction of the base case template site (TS 1) permeability and nonwetting phase saturation fields is provided in Figure 7.1. The eight template sites
considered here measure 20 m (longitudinally) by 10 m (wide) by 5 m (thick) in overall
dimensions, and are discretized into 0.4 m (longitudinally) by 0.4 m (wide) by 0.05 m
(thick) blocks for a total of 125000 nodes. The subject domains are the symmetric halfdomain (with respect to the DNAPL release location) from the hydraulic displacement
(HD) simulations completed by Richards (2006). The initial DNAPL release for the full
domain (Richards, 2006) was located at the center of the top layer, where DNAPL was
permitted to infiltrate the subsurface until a prescribed volume was achieved. Upon
completion, the source was eliminated, and the DNAPL experienced migration and
redistribution. Upon stabilization, Richards (2006) conducted HD simulations until
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maximal DNAPL recovery was achieved for each template site. These post-HD
saturation fields serve as the initial conditions for the work presented here.

y
SNW

DNAPL release

A
5m
20 m

x

10 m

k (m2)

B

Figure 7.1. Three-dimensional view of domain. Figure A presents the initial non-wetting phase saturation
field, domain configuration, and the location of the original DNAPL release. Figure B depicts the
corresponding permeability field. The domain is the symmetric half-domain (with respect to the release
location) from work by Richards (2006).

To ensure that the simulations have a broad applicability, the template sites are
distinguished by key characteristics that can be measured or approximated at real sites.
As noted in Table 7.1, the sites vary according to mean permeability (k) (3 sites), degree
of heterogeneity (3 sites), DNAPL release volume (3 sites), and DNAPL type (2 sites).
The “base case” is a trichloroethylene (TCE) site comprising moderate parameter values.
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The template sites were constructed such that they statistically capture a range in soil
properties observed at real sites.
Table 7.1. Characteristics of template sites
Template Site

DNAPL
TCE
TCE
TCE
TCE
TCE

Initial
Volume
(m3)
2.41
2.39
2.42
2.30
2.18

Mean
ln k
(ln (m2))
-27.36
-25.06
-29.66
-27.43
-27.26

Variance
ln k
(ln (m2))2
1.74
1.74
1.74
0.87
3.48

Base Case
High mean k
Low mean k
Low Heterogeneity
High heterogeneity
Small DNAPL
volume (post HD)
Large DNAPL
Volume
High density
DNAPL

TCE

0.54

-27.36

1.74

TCE

5.03

-27.36

1.74

PCE

2.37

-27.36

1.74

The computer program F-GEN (Robin et al., 1993) was employed to create
spatially correlated random permeability fields; the final geostatistics for the eight
template sites are listed in Table 7.1. The range in mean k is based on values reported by
Bear (1972) and Freeze and Cherry (1979) and represents a medium to fine-grained
porous medium (3.02 × 10-11 m2 to 3.02 × 10-13 m2). The statistics for subsurface
heterogeneity are consistent with literature values for several porous media sites where
the variance in ln K ranged between 0.14 and 4.5 ((ln m/s)2) with values of 2.8 to 12.8 m
estimated for the horizontal correlation length (λH), and vertical correlation lengths (λV) of
0.05 m to 1.6 m (Sudicky, 1986; Woodbury and Sudicky, 1991; Hess et al., 1992;
Rehfeldt et al., 1992; Turcke and Kueper, 1996; Maji, 2005). Values of λH = 3.0 m and
λH = 0.2 m were utilized as F-GEN input.
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Organic aquifer materials (OAM) were incorporated in the simulations as fraction
organic carbon (foc) values. OAM can greatly influence remediation efforts by enhancing
sorption processes and behaving as a reactive sink for some technologies (e.g., chemical
oxidation with permanganate). F-GEN (Robin et al., 1993) was utilized to generate foc
fields cross-correlated to permeability. Based on the findings by Brusseau and Srivastava
(1997), the foc was perfectly negatively cross-correlated to k utilizing an assumed mean foc
of 0.003 and a variance in ln foc equal to 0.24. This foc field permits the simulation of
spatially variable sorption. Except in the presence of surfactants, the sorption of solute is
modelled as linear isothermal sorption, where the retardation factor (R) is a function of
the soil porosity (θ), soil bulk dry density (ρb), organic-carbon partition coefficient (Koc),
and the foc according to R = 1 + ρb Koc foc/θ (Freeze and Cherry, 1979).
The domain boundary conditions are illustrated in Figure 7.2. An overall
hydraulic gradient of 0.05 was generated by establishing wetting phase constant heads
along the upgradient and downgradient boundary faces, while a non-wetting phase noflux boundary condition was applied to the same faces; the subject hydraulic gradient is
representative of continuous on-site P&T operations. The bottom, top and transverse side
faces were designated as no-flux boundaries for both phases. A constant uniform
concentration boundary was applied across the entire upgradient face of the domain to
ensure maximum sweep efficiency throughout the domain. Conceptually, this approach
is analogous to a passive injection trench or series of injection wells installed just
upgradient of the source zone. While P&T operations can induce mobilization of
DNAPL pools, the subject template sites were subject to HD prior to simulating
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remediation, thus reducing the potential for such mobilization in response to subsequent
remediation.
SNW

Treatment
Cinj

Constant head for groundwater
and no flow for DNAPL

No flow

Constant head for groundwater
and no flow for DNAPL

5m

k (m2)

q

20 m

y
No flow

x

Nodal discretization is 0.4 m (x) by 0.4 m (z) by 0.05 m (y).
Pressure is hydrostatically distributed along constant head boundaries.

Figure 7.2. Cross-section of model domain with boundary and initial conditions. Section located a z = 5 m
for TS 1.

7.4 Technologies

Four technologies are compared and contrasted in this study: pump-and-treat
(P&T), in situ chemical oxidation (ISCO), in situ enhanced bioremediation (ISEB), and
surfactant enhanced aquifer remediation (SEAR). P&T was conducted on all template
sites for a duration of 10 years and serves as a benchmark for performance evaluation; the
P&T simulations can also be thought of as abiotic dissolution. The remaining three
remedial technologies purport to accelerate DNAPL mass removal compared to P&T
through enhanced interphase mass transfer. Depending on the technology, there may be a
corresponding reduction in solute concentration via destruction (e.g., ISCO) or
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transformation (e.g., ISEB); conversely an increase in solute concentration (e.g., SEAR)
can occur.
All simulations were conducted using the heterogeneous three-dimensional twophase flow reactive transport numerical model DNAPL3D-RX (West et al., 2008).
DNAPL3D-RX is a coupling of the three-dimensional, two-phase flow simulator
DNAPL-3D (Gerhard and Kueper, 2003b) and the multispecies reactive transport
simulator RT3D (Clement, 1997; Clement et al., 1998; Clement, 2002). The following is
a summary of the salient processes modelled for each technology. The interested reader
is referred to Chapters 4 through 6, and Appendix G of this thesis for details on model
development, testing, and calibration for each technology.
7.4.1 Pump & Treat

For this work, P&T is analogous to abiotic dissolution, or dissolution in the
absence of treatment, under an induced hydraulic gradient. For P&T, ISCO, and ISEB,
the local equilibrium assumption (LEA) is applied to simulate interphase mass transfer
from the DNAPL phase to the contiguous aqueous phase. The impetus for the adoption
of the LEA at the field-scale, rather than a rate-limited empirical expression based on an
approximation to the thin stagnant film model, is discussed in Chapters 4 and 5 of this
thesis. The adoption of LEA implies that technology performance is not hindered by
possible rate limitations of component partitioning between the DNAPL and water
phases.
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7.4.2 ISCO

The in situ chemical oxidation of TCE and PCE is conducted using potassium
permanganate (KMnO4). This is a mass destruction technology where the MnO4- ion
oxidizes the TCE and PCE solute to form Cl-, H+, CO2, and MnO2(s) (Crimi and Siegrist,
2004). The consumption of solute enhances the chemical potential for interphase mass
transfer, accelerating DNAPL dissolution. However, the efficacy of the target reaction
can be adversely affected by the indiscriminant competition of MnO4- with OAM and the
formation of a MnO2(s) rind.
Based on the results of batch experiments (Yan and Schwartz, 1999; Hood et al.,
2000; Huang et al., 2001; Dai and Reitsma, 2004) a second-order kinetic reaction
between TCE/PCE and permanganate is assumed. The corresponding reaction rate
constants are adopted from literature (Yan and Schwartz, 1999; Dai and Reitsma, 2004)
and are adjusted for ground water temperatures using the Arrhenius equation (Dai and
Reitsma, 2004). The reaction kinetics between OAM and MnO4- have been investigated
by Mumford (2002), Mumford et al. (2005), Hønning et al. (2007), and Urynowicz et al.
(2008) with variable results. Following the numerical simulations conducted by
Mumford (2002), a second-order kinetic reaction is utilized to model the consumption of
MnO4- by OAM with a rate constant adopted from Mumford (2002).
The deposition of MnO2(s) particles and subsequent formation of a rind has been
demonstrated in one-dimensional column (Randhawa, 2000; Schroth et al., 2001), and
two-dimensional (Conrad et al., 2002; MacKinnon and Thomson, 2002; Heiderscheidt et
al., 2008b) and three-dimensional (Lee et al., 2003) flow cell experiments. Depending on
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the characteristics of the flow regime, the rind can encapsulate DNAPL, resulting in flow
bypassing and reduced treatment efficiency (e.g., Tunnicliffe and Thomson, 2004; West
et al., 2008). Following the model calibration in West et al. (2008), the MnO2(s) rind
formation is simulated using a pseudo-linear function that captures the aggregate
response of the MnO2(s) on permeability, where MnO2(s) is considered an immobile
species (Heiderscheidt et al., 2008a; West et al., 2008).
The injection schedule for the ISCO simulations is presented in Table 7.2. The
treatment injection time was based on the stoichiometric mass of MnO4- required to
completely deplete the DNAPL for a given template site, assuming no losses and
complete reactivity. The treatment times in Table 7.2 reflect the variation in both
DNAPL mass and groundwater flux for the different sites. For example, the MnO4- flux
is greater for the high mean k site relative to the low mean k site, and the required mass
loading is achieved sooner.
Table 7.2. Schedule of simulations
Simulation
No.

(1)
(2)
(3)

Treatment Time
(yrs)
ISEB(2)
SEAR(3)
2.5
1.58
2.5
0.25
2.5
10 (4)
2.5
1.33
2.5
1.75
2.5
1.67
2.5
2.25
2.5
1.58

Description

ISCO(1)
1
Base case
2.32
2
High mean k
0.23
3
Low mean k
10 (4)
4
Low heterogeneity
2.98
5
High heterogeneity
1.58
6
Small DNAPL volume
0.45
7
Large DNAPL volume
6.17
8
PCE DNAPL
1.99
KMnO4 was injected at a concentration of 2500 mg/L.
Lactate was injected in pulses of 1 day/week with a concentration of 39130 mg/L.
Tween 80 was injected at 4% (w/w).

(4)

For both ISCO and SEAR, the designated full simulation time was insufficient to
achieve the remediation goal. For ISCO only 46% of the needed MnO4- mass could be
injected over 10 years. For SEAR, only 99.88% of the designated 99.99% reduction in
peak Tween 80 mass flux could be achieved.
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7.4.3 ISEB

The factors influencing successful ISEB have been studied by many researchers
experimentally (e.g., DiStefano et al., 1991; Yang and McCarty, 2000b; Cope and
Hughes, 2001; Sleep et al., 2006) and through numerical simulation(e.g., Fennell and
Gossett, 1998; Chu et al., 2004; Lee et al., 2004; Christ and Abriola, 2007). In
experiments with PCE DNAPL it was observed that enhanced biodegradation improved
interphase mass transfer by 2 to 16 fold (Yang and McCarty, 2000b; Cope and Hughes,
2001; Yang and McCarty, 2002; Sleep et al., 2006) when compared to abiotic dissolution.
While the sequential dechlorination of PCE to TCE to cis-dichloroethene (cDCE)
to vinyl chloride to ethene is a potential outcome of ISEB (de Bruin et al., 1992), the
termination of degradation at cDCE is often observed (e.g., Holliger et al., 1993; Yang
and McCarty, 2002; Heimann et al., 2007). To reduce the degree of non-linearity and to
improve computational run-times, the only reactions of concern are TCE → cDCE and
PCE → cDCE (Scholz-Muramatsu et al., 1995) for TCE and PCE DNAPL source zones,
respectively. In each instance, H2 is the electron donor of interest (e.g., Ballapragada et
al., 1997; Carr and Hughes, 1998), with the reaction of PCE/TCE and H2 leading to the
formation of biomass.
ISEB can be simulated using a number of modelling approaches (Barry et al.,
2002). Based on modelling research with PCE and TCE DNAPL (Cupples et al., 2004b;
Lee et al., 2004; Yu et al., 2005; Christ and Abriola, 2007) dual-Monod kinetics were
utilized to simulate the degradation of PCE and TCE, the formation of cDCE, the
consumption of H2 by dechlorinators, and the formation of dechlorinator biomass; also,
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the formation of H2 by fermentors and the consumption H2 by methanogens follow single
Monod kinetics, and the decay of biomass is simulated using a first-order reaction. The
details of this implementation are discussed in Chapter 6 of this thesis.
The delivery of donor substrate is simulated by injecting lactate at the upgradient
boundary face, which undergoes fermentation to H2. Fermentation and consumption of
H2 subsequently yield biomass growth. Biomass is initially uniformly distributed through
the domain and comprises three distinct, explicitly represented species: lactate
fermentors, dechlorinators, and methanogens. The latter two species compete for H2,
with the dechlorinators having a lower threshold for H2 utilization than methanogens. In
addition, the biomass is assumed to be immobile (Kölbel-Boelke et al., 1988; Hazen et
al., 1991; Godsy et al., 1992; Bekins et al., 1999). For template site 8, it is assumed that
PCE concentrations at solubility (200 mg/L) are toxic to both dechlorinators and
methanogens (Yang and McCarty, 2000b).
For three-dimensional heterogeneous field simulations, it is important to capture
the potential effects of bioclogging (Baveye et al., 1998). A variety of modelling
approaches have been formulated and tested in the literature (Vandevivere et al., 1995;
Clement et al., 1996; Thullner et al., 2002; Chu et al., 2003) with varying degrees of
success. Here, the macroscopic approach by Clement et al. (1996) is adopted and
modified, such that the nodal permeability is a function of the initial permeability and the
biomass concentration. It is also assumed that 20% of the maximum biomass
concentration is recalcitrant (Criddle et al., 1991), thus, if biomass completely decays,
there will be a permanent reduction in permeability.
279

From Table 7.2, it can be seen that each template site has an active lactate
injection duration of 2.5 years, followed by 7.5 years of post-treatment dissolution.
While the required H2 mass can be computed based on initial DNAPL mass and
stoichiometry, the effective conversion rate of lactate to H2 was unknown a priori. This
dynamic factor led to the use of a common fixed injection period, rather than a massbased approach. All model input parameters (e.g., utilization rates, yield factors, decay
rates, et cetera) were derived from published literature and are discussed in Chapter 6 of
this thesis where testing against published column experiments is also presented.
7.4.4 SEAR

The application of surfactants to contaminated subsurface environments has two
potential consequences: (i) the mobilization of the DNAPL phase, and (ii) the enhanced
solubilization of DNAPL. In general, the latter process is desirable, while the former can
exacerbate the extent and depth of DNAPL penetration (e.g., Conrad et al., 2002). Due to
its low toxicity and usage in DNAPL research (Taylor et al., 2001; Zhong et al., 2003;
Abriola et al., 2005; Suchomel et al., 2007), Tween 80 was the model surfactant selected
for all simulations.
The surfactant remediation modelling was conducted utilizing two phases (water
and DNAPL) and three mobile species (PCE/TCE, surfactant, micellar solubilized
chloroethene). This method was also utilized by Mason and Kueper (1996), Rathfelder et
al. (2001) and Saenton et al. (2002) to simulate one- and two-dimensional porous media
experiments, where a rate-limited empirical expression for enhanced solubilization was
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derived using calibrated dimensionless parameters (i.e., modified Sherwood number, Sh).
As with rate-limited dissolution (e.g., pump and treat), this approach relies on the
approximation to the thin stagnant film model. For the PCE template site, the Sh and
interphase mass transfer constant (Kl) were adopted from the experimental work by
Taylor et al. (2001) and the subsequent modelling study by Rathfelder et al. (2001). The
derivation of Kl for the TCE template sites involved the calibration of Sh to a column
experiment by Zhong et al. (2003). The model development, testing, and calibration
procedures are discussed in Appendix G of this thesis. As with dissolution, the authors
recognize that there is uncertainty regarding the scaling of Kl values derived in
homogeneous one-dimensional domain to heterogeneous three-dimensional domains
(e.g., Schaerlaekens and Feyen, 2004). As such, a brief sensitivity analysis was
conducted to Kl to ensure that the model was insensitive to potential scaling effects.
Similar to Rathfelder et al. (2001), the surfactant induced mobilization of DNAPL is not
simulated, nor is the reversible partitioning of the chloroethenes between the micelle and
aqueous phase explicitly simulated.
The simulation of sorption in the presence of surfactants is more complex than the
other technologies. As noted earlier, in the absence of surfactants, the TCE/PCE solute is
described by linear isothermal sorption. However, in the presence of surfactants, the
method presented by Edwards et al. (1994) is employed, where chloroethene sorption is
influenced by surfactant monomer sorption to soil grains, the implicit reversible
partitioning of TCE/PCE from the micelle to aqueous phase to soil surface, and the
sorption of chloroethenes onto the carbon of the sorbed monomers. Following the field281

scale pilot study by Abriola et al. (2005), the sorption of Tween 80 is simulated with a
Langmuir isotherm. Since the template sites have spatially variable sorption capacity, an
exponential function was derived for DNAPL3D-RX that scales the Langmuir maximum
sorption capacity to the nodal foc values.
The mass of injected Tween 80 was determined from the weight solubilization
ratio (WSR), and applied assuming perfect sweep and no losses in the system. The WSR
values for TCE and PCE were 0.96 (Zhong et al., 2003) and 0.67 (Taylor et al., 2001),
respectively. For example, TS 8 had an initial PCE DNAPL mass of 3871 kg, and
therefore, required 5760 kg of Tween 80. Due to the range in k values, heterogeneity and
DNAPL mass amongst template sites, the injection times ranged between 2 and 223 days
before the desired mass loading was achieved.
The behaviour of the surfactant in the template sites was highly dependent on the
assumed linear driving force between the effective enhanced solubility and the
contiguous aqueous concentration. As expected, the injection of Tween 80 produced a
brief rapid depletion of DNAPL and near effective solubility concentrations in the
aqueous phase. Due to the linear drive force, a temporary pseudo-stagnation phase then
followed where DNAPL mass depletion was negligible. Once the elevated
concentrations of PCE/TCE began to decrease due to flushing of the surfactant pulse,
DNAPL mass depletion greatly accelerated. Depending on the template site, the onset of
DNAPL mass depletion enhancement (relative to P&T) required a 90 to 99.88%
reduction in peak surfactant boundary mass flux. Given the reliance of enhanced
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solubilization on near-complete flushing, the “treatment time” for SEAR was designated
as the time when a 99.99% reduction in peak surfactant mass flux occurred (Table 7.2).
7.5 Results & Discussion

All the template site simulations are examined with respect to percent reduction in
DNAPL mass, TCE or PCE boundary mass flux, and TCE or PCE mean boundary
concentration. Each of these performance metrics was evaluated at the termination of
treatment and at the end of the 10 year evaluation period. Although end-point analysis is
conducted here, the full time series output is provided in Chapters 5 and 6, and Appendix
G of this thesis. The results are also expressed in terms of absolute metrics and relative
metrics, where the latter is referred to as an enhancement factor (EF). For DNAPL mass
depletion the EF is defined as the remediation technology metric divided by P&T metric
for the same end-point, while the inverse computation is utilized for the mass flux and
concentration enhancement factors.
7.5.1 DNAPL Mass Depletion

The percentage of DNAPL mass removed at the time of treatment termination is
calculated relative to the initial DNAPL mass within the domain. Figure 7.3 presents six
plots for each template site, one for each remedial technology (ISCO, ISEB, SEAR) and
one for P&T at the corresponding time; this was necessary as the treatment times for each
technology vary (see Table 7.2).
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Figure 7.3. Comparison of percent DNAPL mass removed for chemical oxidation, enhanced
bioremediation, and surfactant flushing for each template site at the termination of active treatment. Note
that P&T refers to pump and treat at the same time as ISCO, ISEB or SEAR.

The influence of mean permeability on the effectiveness of treatment can be
observed by comparing template site (TS) 1 (moderate mean k), TS 2 (high mean k), and
TS 3 (low mean k). Here, the hydraulic conductivities (K) range between 3.0 × 10-2 cm/s
and 3.0 × 10-4 cm/s with a moderate degree of heterogeneity. For TS 1, each of the
remediation technologies provided some enhancement of DNAPL mass depletion relative
to P&T. Overall, ISEB yields the greatest absolute DNAPL mass repletion, but SEAR
exhibited the greatest improvement relative to P&T with an EF of 1.5. TS 2 is
characterized by the greatest overall reduction in DNAPL mass (89%). The DNAPL
mass depletion for TS 2 by ISCO is similar to TS 1, yet the enhancement factor is 1.86.
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ISEB exhibited a large reduction in DNAPL mass (89%), but the corresponding response
is P&T similarly large (80%). SEAR yielded a 63% reduction in DNAPL mass and an
enhancement factor of 2.4. In contrast, the treatment performance at TS 3 is greatly
diminished relative to TS 1 and TS 2. In fact, the criteria of determining the time for
treatment termination could not be fulfilled by ISCO or SEAR: the values in Figure 7.3
(and Figure 7.5 and Figure 7.7) correspond to 10 years (i.e., the end of the simulation).
However, since ISEB was conducted for 2.5 years for all template sites, it provides a
useful comparison with a 12% DNAPL mass compared to 8% for P&T for an
enhancement factor of 1.5.
The effects of the heterogeneity on treatment efficacy can be evaluated by
comparing TS 1 (moderate σ ln2 k ), TS 4 (low σ ln2 k ), and TS 5 (high σ ln2 k ) from Figure 7.3.
Overall, the quantity of DNAPL mass depletion varies directly with the degree of
heterogeneity, where the low heterogeneity site (TS 4) has the least DNAPL removal, and
visa versa. Increasing the domain heterogeneity whilst maintaining a similar mean k will
produce more highly conductive discrete flow pathways that contain a greater proportion
of the DNAPL mass. Given that the template sites were previously subjected to HD, the
initial ganglia-to-pool ratio actually increases with heterogeneity (Richards, 2006). Due
to the greater residual content, and implementation of the LEA, greater mass transfer is
achieved with increased fluid flux.
From Figure 7.3, the response of each technology within TS 1, TS 4, and TS 5 is
variable at the time of treatment termination. For TS 4, SEAR has the greatest efficiency
factor (1.5), but ISEB has the greatest overall DNAPL mass depletion followed closely
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by ISCO. The overall DNAPL mass depletion ranges from 20% to 42%. Comparatively,
ranges of 43% to 63% were observed for TS 5. Although lower than in TS 4, SEAR had
the greatest enhancement factor in TS 5 at 1.22. ISEB had the greatest overall DNAPL
mass reduction with an EF of 1.11. In contrast, TS 5 was adversely impacted by ISCO.
The influence of initial DNAPL mass on treatment efficiency is observed in
Figure 7.3 when comparing TS 1, TS 6, and TS 7. From Table 7.1, the quantity of initial
DNAPL mass ranges from 0.54 to 5.0 m3. The response of TS 6 (small DNAPL mass) to
treatment is highly variable. Both ISEB and SEAR were highly effective at DNAPL
depletion, yet ISCO was ineffective; the latter was due to the low spatial distribution of
DNAPL, the smaller MnO4- injection mass, and competition by OAM. TS 7 had an
overall lower DNAPL mass depletion, but ISCO had the greatest DNAPL mass depletion
(42.7%) and even exhibited MnO4- breakthrough at the downgradient boundary face after
3.5 years of injection. The greatest EF was achieved by SEAR (1.6), followed by ISEB
(1.27) and ISCO (1.12). Given the long duration of ISCO for TS 7, a comparison of all
technologies at 2.25 years is easily made: ISCO, ISEB, SEAR, and P&T had 26%, 23%,
32%, and 20% reductions in DNAPL mass, respectively. Clearly the performance of
ISCO was greatly improved. Based on the TS 6 and TS 7 results, it would seem prudent
to design the ISCO system to ensure complete permanganate penetration (i.e., full
sweep), rather than be concerned with overall mass balance.
The final comparison considers TCE (TS 1) and PCE (TS 8) releases with the
same permeability and foc fields. From Figure 7.3, the PCE DNAPL mass depletion
ranges from 9% for SEAR to 45% for ISEB, with enhancement factors of 3.0 for ISCO,
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8.9 for ISEB, and 2.6 for SEAR. One of the primary characteristics distinguishing the
PCE and TCE template sites is solubility; this is particularly evident when inspecting the
P&T results for TS 1 and TS 8. Since the model development employed and tested the
kinetic rates and parameter values particular to TCE and PCE (as reported in literature), it
seems that PCE sites can potentially benefit from any of the remediation technologies
considered here. Although P&T produced favourable results in many of the TCE
template sites, the solubility of PCE is rate-limiting in this regard.
Figure 7.4 presents the results of treatment efficacy for each technology at the end
of the 10 year evaluation period. As noted from Table 7.2, each template site was treated
for varying durations and then subject to post-treatment dissolution; the only exception is
TS 3. During the post-treatment phase, active injection was terminated, but on-going
reactions were permitted according to the underlying kinetics. For some simulations,
passive treatment continued for many months, and once complete, the only mass transfer
process of interest was dissolution in the presence of P&T. Since 10 years is the only
time for comparison, there is only one P&T entry for each template site.
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Figure 7.4. Comparison of percent DNAPL mass removed for chemical oxidation, enhanced
bioremediation, and surfactant flushing for each template site at 10 years. Simulations were subject to both
active remediation and post-treatment dissolution.

The results at the end of the 10 year period are often quite different from the
corresponding end of treatment output. For TS 1, ISCO and ISEB have the same
performance as P&T (i.e., enhancement factors of 1.0). When compared to Figure 7.3,
tailing effects during the post-treatment dissolution phase have negated any benefit
release during active treatment. This trend is common to TS 4, TS 5, TS 6, and TS 7.
Conversely, SEAR produced a measurable long-term benefit for these template sites with
EFs ranging from 1.09 (TS 6) to 1.32 (TS 7). This suggests that, for certain technologies,
if the benefits achieved during active treatment are to be realized over the long-term,
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treatment must be continued (in some capacity) until all DNAPL mass is depleted, or at
least until the tailing effects can be mitigated. TS 2 exhibited a similar tendency, but was
capable of complete remediation, where the application of SEAR to TS 2 was the only
simulation to achieve 100% DNAPL mass depletion. TS 3 is also notable in that ISEB
was highly effective over the long term with an EF of 1.94. In this case, the long
residence times for lactate would provide on-going electron donor for the dechlorinators
and sustain microbial consumption long after active injection was terminated. In
addition, the lower groundwater flux would reduce the effects of flow bypassing. Finally,
TS 8 exhibited long-term benefits for all the remediation technologies, with enhancement
factors of 1.44 for ISEB, 2.92 for ISEB, and 2.70 for SEAR.
In terms of site geostatistics, generalizations can be made from Figure 7.4. When
compared to TS 1, an order of magnitude increase in the mean k (TS 2) produces greater
mass removal, but the performance of ISCO and ISEB relative to P&T are similar. An
order of magnitude reduction in mean k (TS 3) yields a disproportionately lower degree
of DNAPL mass removal compared to TS 1, but TS 3 is well suited to ISEB. Over the
long-term, variations in heterogeneity have a notable, but minor, influence in DNAPL
mass depletion. At real sites where specific portions of the subsurface are targeted for
treatment, heterogeneity may have a much greater influence. In contrast, the initial
DNAPL mass has a somewhat greater impact on the long-term outcome of partial mass
removal. TS 1, TS 6 and TS 7 had initial DNAPL volumes of 0.54, 2.41 and 5.04 m3,
respectively, which correspond to field-scale SNW values of 0.0018, 0.008, and 0.0168
averaged over the entire domain. Perhaps intuitively, TS 6 should have greater mass
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removal when compared to TS 7 (and TS 1), yet their response to remediation and P&T
are similar. For TS 1, TS 2, TS 4, TS 5, TS 6, and TS 7, the same DNAPL mass removal
end-points were achieved with ISCO, ISEB and P&T; in presence of partial mass
removal, these remedial technologies provided no long-term benefits over that of pump
and treat.
7.5.2 Mass Flux

The TCE and PCE mass flux at the downgradient boundary face at the end of
treatment is presented in Figure 7.5. Note that due to the range in mass flux values,
Figure 7.5 plots the base 10 logarithm of the mass flux. Mass flux is the product of the
nodal concentration and groundwater flux, thus a node with high fluid flux and low
concentration can have the same signature as a node with low fluid flux and high
concentration. In general, it should be appreciated that the magnitude of the SEAR mass
flux signature is preconditioned to the definition of “treatment time”; consideration of an
alternate definition could lead to either higher or lower mass flux values and
enhancement factors. However, when examining the mass flux signatures at the end of
the 10 year time frame, all technologies are fully comparable.
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Figure 7.5. Comparison of boundary TCE or PCE solute mass flux (Mf) for chemical oxidation, enhanced
bioremediation, and surfactant flushing for each template site at the termination of active treatment. Note
that P&T refers to pump and treat at the same time as ISCO, ISEB or SEAR. Note that the mass flux was
completely eliminated for template site using SEAR.

For TS 1, all of the technologies, including P&T, have similar performance with
respect to mass flux. ISCO and ISEB do have relatively lower signatures due to their
capacity to consume aqueous constituents and the potential for source zone encapsulation
due to clogging. Although not presented here, monitoring reaction byproducts such as
daughter products and Cl- would elucidate the underlying mechanisms for reduced mass
flux. In contrast, when examining TS 2 (high mean k) the mass flux response varies
considerably for each technology, with ISEB having a signature considerably lower than
ISCO and SEAR. Although only a 9% relative difference in DNAPL mass depletion
291

between ISEB and P&T occurred, there was a corresponding EF of 6.5 for mass flux.
For TS 2, ISEB is unique in that it achieves both DNAPL mass and considerable mass
flux reductions during active treatment. Considering a lower mean k for TS 3 resulted in
greatly reduced mass flux when compared to TS 1 and TS 2. Also, the signature for each
of the technologies is similar, with SEAR being slightly greater due to the pseudostagnation phase. However, when inspecting the mass flux along with Figure 7.3, ISEB
has achieved a relatively low mass flux signature despite having more DNAPL mass
present in the domain than ISCO and SEAR.
By comparing TS 1, TS 4, and TS 5 an assessment of the influence of
heterogeneity on treatment efficacy can be made. For TS 4 (low heterogeneity) the mass
flux response of all the technologies are reflective of the DNAPL mass depletion plotted
in Figure 7.3: the greater the absolute DNAPL mass depletion, the lower the mass flux
signature. In contrast, when examining the high heterogeneity template site (TS 5), the
mass flux signature relative to each technology is independent of the DNAPL mass
depletion behaviour. For example, ISCO adversely impacted DNAPL mass (relative to
P&T), yet it exhibited an EF of 1.31 for mass flux. This highlights that while a
technology may have poor performance with respect to a given metric (e.g., DNAPL
mass removal), it may be effective in the context of a different metric. Another notable
signature is that of ISEB, where the mass flux decreased in concert with DNAPL mass
depletion (by ISEB), which in turn, increased with heterogeneity.
The influence of initial DNAPL mass on treatment effectiveness is observed by
comparing TS 1, TS 6 and TS 7 in Figure 7.5. For TS 6 (small DNAPL release), ISEB
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exhibits the lowest absolute mass signature and greatest enhancement factor (6.6), with a
mass flux over an order-of-magnitude lower than ISCO and SEAR. This contrasts
sharply with the corresponding DNAPL mass depletion plots in Figure 7.6, where ISEB
and SEAR have similar performance. However, TS 6 demonstrated that the response
pattern observed for DNAPL mass depletion translates into a similar response pattern for
mass flux. As with TS 5, the mass flux signature for TS 6 exhibited a small degree of
enhancement (1.06) despite the minor adverse effect of ISCO on DNAPL mass depletion.
Although permanganate had limited contact with the nodes containing DNAPL in TS 6,
its interaction with nodal OAM will produce MnO2(s) and permanently reduce the
conductivity in some portions of the domain, leading to relatively lower fluid flux and
mass transfer. In contrast, ISCO produced the lowest mass flux signature in TS 7 (large
DNAPL mass) and the greatest enhancement factor (2.2). In TS 7, MnO4- breakthrough
was achieved, ensuring maximal consumption of TCE solute. For ISEB, Figure 5
demonstrates that the greater the DNAPL volume, the lower the enhancement factor and
the greater the absolute mass flux signature. As the overall extent of DNAPL increased
within the domain, the likelihood for less than optimal dechlorination exists; some nodes
with DNAPL will have negligible dechlorination due to poor substrate delivery and/or
methanogenic competition. These sub-zones will contribute greater interphase mass
loading and adversely impact the overall mass flux response at the boundary.
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Figure 7.6. Comparison of boundary TCE or PCE solute mass flux (Mf) for chemical oxidation, enhanced
bioremediation, and surfactant flushing for each template site at 10 years. Simulations were subject to both
active remediation and post-treatment dissolution.

The final comparison is between TS 1 and TS 8 for TCE and PCE, respectively.
The TS 8 mass flux signature is low relative to TS 1 due to the solubility of PCE.
Although DNAPL mass depletion enhancement factors in excess of 2.6 were achieved for
the remedial technologies, the enhancement factors for mass flux are more selective.
While ISCO had a DNAPL mass depletion of 3.0, its EF for mass flux is 1.21, which is
similar to the mass flux EF for TS 1 (1.25); considering that the PCE-MnO4- reaction rate
is nearly an order-of-magnitude less than TCE, this result suggests that ISCO reaction
kinetics have only a minor influence on treatment efficiency. In the case of SEAR, the
mass flux is adversely impacted by the remnants of pseudo-stagnation. Again, this is an
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artifact of the definition of “treatment time”. ISEB is superior, exhibiting an EF of 21.8
for mass flux and 8.8 for DNAPL mass depletion. This mass flux signature is somewhat
surprising given the inclusion of toxicity on dechlorinators and methanogens. If toxic
effects of PCE on microbes are more pronounced than those considered here, the PCE
mass flux signature will increase (and EF will decrease) relative to Figure 7.5.
The end-point mass flux signatures for all template sites at the end of the 10 year
simulation period are presented in Figure 7.6. With the exception of TS 3, all the
template sites exhibited a reduction in mass flux signature relative to the time
corresponding to the end of treatment (Figure 7.5). However, for many of the template
sites, tailing and rebound effects have reduced enhancement factors (i.e., benefits relative
to P&T) achieved at the end of active treatment; this tendency is particularly evident
when comparing ISCO, ISEB and P&T for TS 1, TS 4, TS 5, TS 6, TS 7 and TS 8. Over
the long-term, SEAR proved to be consistently effective for most template sites, the
exception being TS 3. In fact, the mass flux was completely eliminated by SEAR in TS
2. Also noteworthy are the persistent mass flux signatures of ISCO, ISEB and P&T for
TS 2 despite DNAPL mass depletion in excess of 96%. A remarkable outcome of the 10
year simulations is that although the ISCO, ISEB and P&T DNAPL mass depletion
ranges from 25% to 85% for TS 1, TS 3, TS 4, TS 5, TS 6, TS 7, and TS 8, the mass flux
responses vary within a single order-of-magnitude.
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7.5.3 Mean Concentration

Figure 7.7 plots the mean boundary concentration signatures for all the template
sites at the end of treatment. Although not obvious, the concentration signatures in
Figure 7.7 mirror the mass flux signatures in Figure 7.5 with the relative signatures of
each technology exhibiting similar performance for a given template site. In general, for
ISCO and ISEB, a reduction in concentrations at the end of treatment is the desired
outcome. As with mass flux, the concentrations of solute due to SEAR will reflect the
definition of “treatment time”.
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Figure 7.7. Comparison of mean boundary TCE or PCE concentration for chemical oxidation, enhanced
bioremediation, and surfactant flushing for each template site at the termination of active treatment. Note
that P&T refers to pump and treat at the same time as ISCO, ISEB or SEAR. Note that the TCE
concentration was completely eliminated for template site using SEAR.

296

From Figure 7.7 the end of treatment mean boundary concentrations for the TCE
template sites with P&T range between 170 mg/L and 844 mg/L, while values from 55
mg/L (ISEB, TS 6) to 1199 mg/L (SEAR, TS 3) were achieved for the remedial
technologies. Similarly, P&T concentrations for PCE were 134 mg/L to 146 mg/L and
the concentrations after remediation ranged between 27 mg/L (ISEB) and 185 mg/L
(SEAR). These template sites have a broad distribution of DNAPL, and the combination
of domain length, LEA, and dispersion, lead to many downgradient boundary face nodes
at, or near, solubility concentrations.
When comparing TS 1 through TS 7 (all TCE sites), ISEB consistently exhibits an
enhancement factor in excess of unity. The performance of ISCO is more site specific,
with enhancement factors of 1.15 at TS 2 and 1.26 at TS 7, and only marginal benefit, or
even adverse impacts, encountered at the other template sites. In terms of site
characteristics, variations in mean k (TS 1, TS 2 and TS 3) produced a broad range of
responses for mean concentration. TS 3 (low mean k) was not conducive to treatment by
ISCO or SEAR, and only a minor enhancement could be achieved with ISEB; recall that
‘active’ treatment could not be completed for either ISCO or SEAR. Treatment was
more effective for TS 2 (high mean k), with EF values between 1.15 (ISCO) and 3.41
(SEAR). The substantial variation in absolute concentrations between ISCO, SEAR and
ISEB for TS 2 is due to differences in treatment times (see Table 7.2). The trend for
variations in heterogeneity is clearer, with absolute concentration signatures decreasing
as heterogeneity increases. Similarly, TS 1, TS 6 and TS 7 demonstrate that the larger
297

the total initial DNAPL mass in the domain the greater the mean boundary concentration.
Finally, the lower P&T concentration for TS 8 (PCE) are due to the lower solubility of
PCE. Here, ISEB produces an EF of 5.37.
The mean boundary concentration signatures for each template site at the end of
the 10 year simulation period are presented in Figure 7.8. With the exception of TS 3,
when comparing Figure 7.7 and Figure 7.8 it can observed that all template sites
experienced a reduction in mean concentration during the post-treatment phase. Positive
enhancement factors were calculated, but the magnitude was site and technology specific.
Also note that while PCE experienced reduced concentrations and positive enhancement
factors for ISEB and SEAR, rebound was encountered for ISEB with the absolute
concentration doubling as biomass decayed and solute consumption diminished. Apart
from the complete remediation of TS 2 with SEAR, the lowest non-zero absolute mean
concentration achieved was 5 mg/L (TS 2, ISCO). While this represents a 99.3%
reduction in concentration, it is still orders of magnitude above typical MCLs (e.g., 0.005
mg/L).
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Figure 7.8. Comparison of mean boundary TCE or PCE concentration for chemical oxidation, enhanced
bioremediation, and surfactant flushing for each template site at 10 years. Simulations were subject to both
active remediation and post-treatment dissolution.

Overall, Figure 7.8 suggests that heterogeneity is an unimportant factor when
evaluating the long-term benefits of partial mass removal with respect to concentration
(i.e., TS 1, TS 4, and TS 5 have similar signatures). The domain mean k and initial
DNAPL mass appear to be more relevant characteristics in this regard.
7.6 Conclusions

In general, remedial performance during active treatment was considerably
different than at 10 years (after post-treatment dissolution). For the latter, detrimental
tailing effects were observed that can be attributed to a variety of reasons: changes in
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DNAPL saturations and configuration, back-diffusion from low k features, diffusion
through recalcitrant biomass and rind, et cetera. Mass flux and concentration rebound
were also a consequence of the pre-mature termination of treatment. This work suggests
that treatment should be continued until either all DNAPL mass is removed, or until
tailing effects can be mitigated. The authors make this statement on presumption that the
goal of site remediation is the attainment of regulatory compliance (i.e., MCLs). Partial
source zone removal can certainly deplete DNAPL mass, and reduce mass flux and mean
concentration, but apart from the complete remediation of the high heterogeneity
template site by SEAR, the lowest mean boundary concentration achieved was 5 mg/L.
Furthermore, it was observed that P&T was comparable to ISCO and ISEB for all TCE
template sites at the end of the 10 year simulation period when only partial DNAPL mass
depletion was achieved during treatment.
It should be appreciated that the subject simulations were not designed with
optimization in mind. The underlying investigations that form the bases for this study
(Chapters 4 through 6 and Appendix G) present sensitivities to some detrimental factors,
but due to excessive computational run-times, the aforementioned analyses are limited to
key processes. For instance, ISCO did not perform particularly well in this study, but
through a detailed optimization process (e.g., Heiderscheidt et al., 2008a), performance
could be potentially improved. Also, HD was performed on all template sites prior to
treatment, yielding different configurations of pools and residual than might be expected
in the absence of HD.
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Clearly, the treatment response is domain specific. No one technology is best
suited to all sites, and for some sites, certain technologies adversely impacted
performance relative to P&T. This individualized response to active treatment, and posttreatment dissolution, highlights the value of thorough site characterization and the need
to select a technology conducive to optimal performance at a specific site. Also, given
the difficulty depleting DNAPL mass with the subject technologies, it seems wise to
consider mass removal technologies, such as a hydraulic displacement, prior to utilizing a
flushing technology (e.g., ISCO, SEAR) or enhanced bioremediation. Such an approach
could precondition sites to greater sweep efficiency whilst minimizing the prevalence of
pooled DNAPL.
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7.8 Notation

k

intrinsic soil permeability {L2}

K

hydraulic conductivity {L T-1}

Mf

boundary mass flux {M L-2 T-1}
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Chapter 8
General Discussion

8.1 Analytical Treatment of Source Zone Remediation

The semi-analytical solutions incorporated source zone concentration reduction
functions as implicit surrogate expressions for DNAPL source remediation in porous
media and fractured rock domains. The porous media solution was successfully tested
against other published analytical solutions, while the solution for fractured rock was
evaluated against output from the numerical model HydroGeoSphere (Therrien et al.,
2006).
The source concentration functions consider the cases of (i) no concentration
reduction (Type A), (ii) instantaneous and complete concentration removal, potentially
associated with aggressive remediation efforts (Type B), and (iii) exponentially decaying
concentration (Type C), potentially reflective of on-going progressive source zone
remediation.

Two new performance metrics were introduced to evaluate the effect of

source zone remediation on plume evolution. The near-source plume behaviour was
ascertained by examining the time to plume detachment (td) at specific monitoring wells.
The influence of source treatment on the leading edge of the plume was evaluated using
the time to plume recession (trec).
The Type A simulations were highly sensitive to relative contributions of fracture
and matrix decay half-life, highlighting that matrix decay, and not fracture decay, can
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potentially dictate the extent and behaviour of steady-state plumes. For the Type B and
Type C simulations, the presence of backward and forward diffusion dampened and
prolonged the plume response to changes in source concentration reduction. The matrix
decay rate also had a significant influence on td and trec for the Type B and C sources,
suggesting that the degradation capacity of the matrix can largely dictate plume evolution
and life-spans in diffusion dominated domains.
8.2 Numerical Simulations of Source Zone Remediation

The numerical simulations of source zone remediation were expressed in terms of
a DNAPL mass depletion enhancement factor (Em) and a boundary mass flux
enhancement factor (Ef). These enhancement factors represent performance relative to
dissolution only, where beneficial Em and Ef values are greater than unity; these
calculations were applied to the time that treatment was terminated and at 10 years.
For ISCO, treatment performance was adversely impacted by competition with
oxidizable organic aquifer materials and, to a lesser degree, the formation of manganese
dioxide rind. For the latter, post-treatment mass flux rebound was observed at some sites
due to diffusion through the rind. Em at the end of treatment ranged from 0.93 to 3.07,
with values between 0.96 and 1.44 at 10 years. Similarly, Ef ranged from 1.03 to 2.22 at
the termination of treatment, with values between 0.84 and 9.78 at 10 years.
Post-treatment mass flux rebound was consistently observed for many of the sites
treated with ISEB. This occurrence was due to bioclogging encapsulation effects at
DNAPL sub-zones, and the progressive depletion of TCE and PCE solute
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biotransformation capacity as biomass decayed. In terms of enhancement, Em ranged
from 1.11 to 8.86 at the end of treatment, and values between 1.00 and 2.91 were
computed at 10 years. Similarly, Ef varied from 1.06 to 21.73 at the termination of
treatment, with values from 1.13 to 3.32 at 10 years. The competition with methanogens
for electron donor substrate (H2) was a key process that adversely impacted treatment
efficacy.
The application of SEAR was characterized by a brief initial reduction in DNAPL
mass, followed by a period of pseudo-stagnation, where the near-saturated aqueous phase
limited further enhancement until the bulk of the surfactant was flushed through the
domain. Upon flushing, DNAPL mass depletion accelerated. For the template sites, it
was found that a 90 to 99.88% reduction in peak surfactant mass flux was needed before
an Em ≥ 1.0 was observed. As expected, the mass flux signature exhibited a substantial
increase in magnitude due to micellar-facilitated solubilization of DNAPL. At 10 years,
Em values ranged between 1.04 and 2.70, while values of 0.79 to 3.97 were observed for
Ef, with one site having experienced complete remediation of both DNAPL mass and
boundary mass flux.
In general, the performance of ISCO and ISEB during active treatment was
beneficial relative to dissolution only. However, post-treatment dissolution tailing effects
negated, to some degree, the treatment induced enhancement. ISCO and ISEB rely on
TCE and PCE solute destruction/transformation in the vicinity of DNAPL sub-zones to
facilitate enhanced interphase mass transfer. As such, the discontinuation of active
treatment reduces the long-term viability of these technologies. SEAR relies on
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enhancing the apparent solubility of the DNAPL through contact of micelles with
DNAPL and/or solute at the interface between contiguous phases. Surfactant enhanced
dissolution can manifest changes in DNAPL saturations, but requires near complete
flushing for enhancements in DNAPL mass depletion to be observed; alterations in
DNAPL architecture and saturations can yield dissolution tailing effects that may be
relevant over the long-term. For all the technologies considered, it was observed that the
incomplete treatment of DNAPL source zones resulted in persistent boundary mass flux
(and concentration). Over the 10 year simulation period, post-treatment tailing effects
often produced reductions in DNAPL mass and boundary mass flux that were similar to
the case of dissolution only.
8.3 References

Therrien, R., McLaren, R. G., Sudicky, E. A., and Panday, S. M. 2006, HydroGeoSphere
- A Three-dimensional Numerical Model Describing Fully-integrated Subsurface and
Surface Flow and Solute Transport, June 26, 2006, Draft ed., R. Therrien, E.A. Sudicky,
R.G. McLaren, Groundwater Simulations Group
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Chapter 9
Summary and Conclusions

9.1 General

Mathematical modelling was utilized to evaluate in situ DNAPL source zone
remediation in subsurface environments. Semi-analytical solutions were derived for
reactive solute transport in porous media and fractured rock, where treatment in the
source zone was implicitly modelled with surrogate source concentration degradation
functions. These solutions were utilized to examine the influence of aggressive,
moderate, and no concentration reduction on plume evolution. A complex numerical
model was then developed, tested, calibrated, and utilized to explicitly simulate in situ
source zone remediation with chemical oxidation (ISCO), enhanced bioremediation
(ISEB), and surfactants (SEAR) in porous media.
9.2 Source treatment and plume evolution

Two new performance metrics were utilized to evaluate the effect of source zone
concentration reduction on the evolution of a TCE plume in fractured sandstone. The
near-field, near-source plume behaviour was ascertained by examining the time to plume
detachment (td), while the leading edge of the plume was evaluated using the time to
plume recession (trec). It was found that plume response in fractured porous rock is
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strongly influenced by back diffusion of solute from the matrix and the degree of
biodegradation occurring in the matrix. Both the td and trec for the plume increased
substantially when the decay half-life in the matrix was an order-of-magnitude less than
in the fracture. If the remedial goal is to mitigate the advancing plume (trec), aggressive
source zone concentration reduction may not yield results significantly different than
moderate concentration reduction in domains dominated by diffusive sinks/sources. In
the absence of diffusive features, td responded favourably to more aggressive treatment.
9.3 Source zone remediation with technologies

Numerical modelling was utilized to simulate the treatment of complex DNAPL
source zones in porous media. Performance metrics included DNAPL mass, boundary
mass flux, and mean boundary concentration. When applied to eight template sites, the
performance was highly variable for each technology during active treatment, and was a
function of the geologic characteristics (mean permeability and degree of heterogeneity),
DNAPL type (PCE and TCE), and DNAPL release volume.
For ISCO, treatment performance was adversely impacted by competition with
oxidizable organic aquifer materials and, to a lesser degree, the formation of manganese
dioxide rind. The maximal enhancement factors for DNAPL mass depletion (Em) at the
termination of treatment and at 10 years were 3.07 and 1.44, respectively. The maximal
enhancement in boundary mass flux reduction (Ef) was 2.22 at the termination of
treatment and 9.78 at 10 years. For ISEB, competition with other microbial species was
the dominant adverse process. The maximal Em at the end of active treatment and at 10
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years was 8.86 and 2.91, respectively. Similarly, the maximal Ef values at the end of
treatment and at 10 years were 21.73 and 3.32, respectively. ISCO, ISEB, and
dissolution, were unable to completely deplete all DNAPL mass and eliminate boundary
mass flux. However, one instance of site reclamation was achieved with SEAR. At 10
years, the maximal Em and Ef for SEAR were 2.70 and 3.97, respectively.
Although site and technology specific, active treatment often produced an
enhancement in DNAPL mass depletion and boundary mass flux reduction relative to
dissolution only. Post-treatment monitoring of sites treated with ISCO and ISEB
revealed dissolution tailing effects that, for many sites, diminished the enhancement
achieved during active treatment. This work suggests that the premature termination of
remedial technologies, where only partial DNAPL mass depletion is achieved, is
ineffective over the long-term if the goal is complete site reclamation.
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Chapter 10
Recommendations

Through the course of this investigation, many needs for more research were
encountered. While there are numerous excellent one- and two-dimensional
experimental studies on DNAPL dissolution and treatment in the literature, there is
clearly a need for more high resolution, multi-dimensional experiments. Also, more
controlled field-scale pilot studies with ISCO and ISEB would be invaluable. Numerical
models are valuable tools for investigating long-term performance over much shorter
time-scales, but they rely on experimental findings for calibration and testing.
Experimental setups that are transferrable to modelling, and visa versa, would be ideal.
This study was an in-depth first-step at comparative field-scale analysis of
remediation technologies at DNAPL sites. A DNAPL release undergoing concurrent
dissolution, and subsequently subjected to various treatment scenarios would be ideal.
This would require code parallelization and vast computing resources to make such
simulations computationally efficient in a complex heterogeneous three-dimensional
domain. Such utilities would permit the timely evaluation of numerous subsurface
characteristics and conditions on remediation success, including the effects of ratelimited dissolution, positive and negative cross-correlation of OAM, different
relationships between k and MnO2(s), different OAM oxidation reaction kinetics, and
variation in microbial reaction parameters.
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Appendix A
Solution Derivations
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A.1 Transient Solution

Considering first the matrix, application of the Laplace transform to (2-8) and the
use of boundary condition (2-12a) yields:
p c'−

D ' ∂ 2 c'
+ λ c' = 0
R' ∂x 2
(A1)

The overbar symbol (-) in (A1) denotes the Laplace transformed function. The
general solution to (A1) is of the form:
c' = A1e m (T − x ) + B1e − m (T − x )

(A2)
where
m=

R'
(p + λ)
D'

(A3)
Differentiating (A2) gives:
d c'
= − mA1e m (T − x ) + mB1e − m (T − x )
dx

(A4)
The particular solution is found by applying the transforms of the boundary
conditions (2-12b) and (2-12c) to (A2) and (A4), while solving for the unknown
constants A1 and B1. The concentration gradient at the fracture-matrix interface (x = b) is
given by:
321

⎧ e m (T − b ) − e − m ( T − b ) ⎫
d c'
= − c m ⎨ m (T − b )
⎬ = −c m tanh[m(T − b)]
dx x =b
+ e − m (T −b ) ⎭
⎩e

(A5)
For ease of derivation, we simplify (A5) and define:
d c'
R'
(p + λ)
= −c mQ = −c Q
dx x=b
D'

(A6)
where
Q = tanh[m(T − b)]

(A7)
Regarding the fracture system, the Laplace transform is applied to (2-10) followed
by substitution of (A6) to yield:
pc +

v ∂c Dz ∂ 2 c D y ∂ 2 c
R'
θD'
(p + λ) = 0
−
−
+ λc −
cQ
2
2
R ∂z R ∂z
R ∂y
Rb
D'

(A8)
Applying the finite cosine Fourier transform in y to (A8) and rearranging gives:
⎡ D y n 2π 2
⎤
R
d 2 cˆ v dcˆ
ˆ
( p + λ ) + R GQ p + λ ⎥ = 0
−
−
+
c
⎢
2
2
Dz
Dz
D z dz
dz
⎣ Dz H
⎦

(A9)
where:
G=

θ D' R'
Rb

(A10)
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The caret symbol (^) denotes the Fourier transformed function in (A9). Equation
(A9) is a 2nd order homogeneous differential equation with a solution in the following
form:
cˆ( x, n, z , p ) = A2 exp(r( + ) z ) + B2 exp(r( − ) z )

(A11)
where:
r=

D y n 2π 2
v
v2
R
( p + λ ) + R GQ p + λ
±
+
+
2
2
Dz
Dz
2Dz
4Dz Dz H

(A12)
Substituting transformed boundary conditions (2-11b) and (2-11c) yields the
following bounded solution:
cˆ( x, n, z , p) =

⎛ vz
c0
⎛ nπ y ' ⎞
cos⎜
⎟ exp⎜⎜
p+γ
⎝ H ⎠
⎝ 2Dz

⎞
⎟⎟ ×
⎠

⎡
⎤
D y n 2π 2
v2
R
R
(
)
+
+
+
+
+
exp ⎢− z
p
λ
GQ
p
λ
⎥
Dz
Dz
4 D z2 D z H 2
⎢⎣
⎥⎦
(A13)
Transforming boundary condition (2-11c) requires convolution of the Dirac delta
function, thus enabling direct integration of (A13) with respect to y′ to account for source
geometry. Equation (A13) is the concentration of solute in the fracture expressed in
Laplace and Fourier space. Equation (A13) describes the transformed fracture
concentration as a function of diffusive loss to the matrix. Once (A13) is solved in
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Laplace space, the result can be substituted into expression (A2) to obtain the Laplace
transformed matrix concentration.
At this point in the derivation of the general transient solution a discussion of
inversion techniques is beneficial. In general, inversion of a solution transformed in both
Laplace and Fourier space, combined with integration accounting for source geometry,
would be completed using a Green’s function approach as per (A14) below:

∫ ℑ {L

D1+ 2 B

F ( x, y , z , t ) =

−1
c

−1

[Fˆ ( x, n, z, p)]}dy'

D1

(A14)
where the transformed solution (F designates c in (A13)) is inverted by an inverse
Laplace transform, followed by an inverse Fourier transform (or vise versa). Finally,
integration is completed with respect to the source geometry to obtain the solution (2-13).
This technique is only applicable to solutions with tractable Laplace and/or Fourier
transform inversions. Unfortunately, a direct inverse Laplace transform could not be
obtained for (A13) from tables prepared by Churchill (1972) and Oberhettinger and Badii
(1973), nor by using Gradshteyn and Ryzhik (1965). Sudicky and Frind (1982)
developed an expression for concentration in the fracture similar to (A13) that was
transformed in only Laplace space; the inversion of the Laplace transform was achieved
using a technique derived by Skopp and Warrick (1974). This paper deviates from the
aforementioned approach and will derive the final solution to (2-5) and (2-10) in Laplace
space. This deviation is warranted as the subject derivation is more complicated,
requiring both Fourier inversion and geometric integration in addition to the Laplace
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inversion. As such, the technique of Skopp and Warrick (1974) is not applied to the
subject boundary value problem.
An algorithm for numerical inversion of Laplace transforms, such as DeHoog et
al. (1982), is required to generate a numeric solution to the Laplace transformed solution;
the robust nature of the DeHoog et al. (1982) algorithm was demonstrated by Moench
(1991). The use of a numerical inverter in (A14) would then require numerical
integration with respect to source geometry, which cannot be completed as efficiently as
an analytic Green’s function approach with only numerical inversion of a Laplace
transformed solution. Since (A14) consists of successive linear operators, the operations
are commutative (Davis, 1936). Hence, to improve computational efficiency, the order of
integration (inversion) was reversed by Fubini’s theorem (refer to (A15) below), such
that a Fourier inversion is completed first, followed by analytic integration with respect to
source zone geometry, yielding a solution in Laplace space (which can be numerically
inverted).

[

]

⎧D1+ 2 B −1 ˆ
⎫
F ( x, y, z, t ) = L ⎨ ∫ ℑc F ( x, n, z, p) dy '⎬
⎩ D1
⎭
−1

(A15)
To confirm this approach, a solution was derived for two-dimensional
contaminant transport in a porous medium with a strip source zone, but omitting the
matrix diffusion source/sink (i.e., (1) with q = 0). This solution was originally derived by
Batu (1989) using the Separation-of-Variables technique. For this paper, we re-derived
the Batu (1989) solution using a Green’s function approach with Laplace and finite
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cosine Fourier transforms and obtained the same analytical result as Batu (1989).
Equation (A15) was then applied. The porous media solution was first derived in
Laplace and Fourier space, subsequently inverted using an inverse finite cosine Fourier
transform and integrated with respect to source geometry, and finally numerically
inverted using the DeHoog et al. (1982) Laplace numerical inverter. The numerical
results based on (A14) matched the results for the analytical solution. This assessment
with the solution of Batu (1989) is considered confirmation that the use of (A15) is valid
for solutions incorporating finite cosine Fourier transforms, and thus, was applied to the
subject derivation.
Applying the inverse finite cosine Fourier transform to (A13) and integrating with
respect to source geometry yields:

c ( x, y , z , p ) =
⎛ vz
2 Bc0
exp⎜⎜
H(p + γ )
⎝ 2Dz

+

⎛ vz
2c0
exp⎜⎜
( p + γ ) ⎝ 2 Dz

⎧⎪
⎫⎪
⎞
v2
R
R
⎟⎟ exp⎨− z
(
p
)
GQ
p
λ
λ
+
+
+
+
⎬
Dz
4 D z2 D z
⎪⎩
⎪⎭
⎠
⎞∞ 1
⎛ nπ y ⎞ ⎡ ⎛ nπ
⎟⎟∑
(D1 + 2 B )⎞⎟ − sin⎛⎜ nπ (D1)⎞⎟⎤⎥
cos⎜
⎟ × ⎢sin ⎜
⎠
⎝H
⎠⎦
⎝ H ⎠ ⎣ ⎝H
⎠ n =1 nπ

⎧⎪
Dy
v2
× exp⎨− z
+
2
4 Dz Dz
⎪⎩

⎛ n 2π 2
⎜⎜
2
⎝ H

⎫⎪
⎞ R
R
⎟⎟ +
( p + λ) +
GQ p + λ ⎬
Dz
⎠ Dz
⎪⎭
(A16)
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and the corresponding solution in the matrix:
c ' ( x, y , z , p ) =
⎧
⎛
cosh⎜⎜ (T − x )
⎪
⎧⎪
⎫⎪⎪
⎛ vz ⎞
2 Bc0
v2
R
R
⎝
⎟⎟ exp⎨− z
exp⎜⎜
( p + λ) +
+
GQ p + λ ⎬⎨
2
Dz
H (p + γ )
4Dz Dz
⎛
⎪⎩
⎪⎭⎪
⎝ 2Dz ⎠
⎜(
)
⎪ cosh⎜ T − b
⎝
⎩
∞
+ 2c0 exp⎛⎜⎜ vz ⎞⎟⎟∑ 1 cos⎛⎜ nπ y ⎞⎟ × ⎡⎢sin⎛⎜ nπ (D1 + 2B )⎞⎟ − sin⎛⎜ nπ (D1)⎞⎟⎤⎥
( p + γ ) ⎝ 2 D z ⎠ n=1 nπ ⎝ H ⎠ ⎣ ⎝ H
⎠
⎝H
⎠⎦
⎧
⎛
⎪ cosh⎜⎜ (T − x )
2
2
2
⎧⎪
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Dy ⎛ n π ⎞ R
v
R
⎝
⎜
⎟
(
)
× exp⎨− z
+
+
+
+
+
p
λ
GQ
p
λ
⎬× ⎨
2
2 ⎟
⎜
Dz
4Dz Dz ⎝ H ⎠ Dz
⎛
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cosh
⎜
⎪
⎝
⎩

⎞⎫
R'
( p + λ ) ⎟⎟ ⎪
D'
⎠⎪
⎬
⎞⎪
R'
( p + λ ) ⎟⎟ ⎪
D'
⎠⎭

⎞⎫
R'
( p + λ ) ⎟⎟ ⎪
D'
⎠⎪
⎬
⎞⎪
R'
( p + λ ) ⎟⎟ ⎪
D'
⎠⎭
(A17)

For a Laplace transform to exist, Lim F ( p ) = 0 (Churchill, 1972). This condition
p →∞

is satisfied for both (A16) and (A17).

A.2 Steady-state Solution for No Source Decay

The steady-state solution to (A16) and (A17) can be derived using the Final-value
Theorem (Churchill, 1972), which states:

Lim p F ( p ) = F (t = ∞)
p →0

(A18)
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Applying the Final-value Theorem to (A16) and assuming that there is no source
decay (γ = 0) yields:

c ( x, y , z , ∞ ) =
⎛ vz
2 Bc 0
exp⎜⎜
H
⎝ 2Dz

⎧
⎞ ⎞ ⎫⎪
⎛ R' λ
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v2
R ⎛⎜
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⎟⎟ exp⎨− z
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tanh
G
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+
−
λ
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Applying the Final-value Theorem to (A16) and assuming that there is no source
decay (γ = 0) yields:

c ' ( x, y , z , ∞) =
⎧
⎛ R' λ
⎞
⎛ vz ⎞
2 Bc0
v2
R ⎛⎜
⎪
⎟⎟ exp⎨− z
(
exp⎜⎜
T − b )⎟⎟
+
λ + G tanh⎜⎜
2
H
4 Dz Dz ⎜⎝
⎝ 2 Dz ⎠
⎝ D'
⎠
⎪⎩

⎧
⎛
R' λ ⎞ ⎫
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⎟⎪
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⎜
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D
'
⎝
⎠⎪
λ ⎟⎬× ⎨
⎬
⎟
⎠ ⎪⎭ ⎪ cosh⎛⎜ (T − b ) R ' λ ⎞⎟ ⎪
⎜
⎪
D ' ⎟⎠ ⎪⎭
⎝
⎩

⎛ vz ⎞ ∞ 1
⎛ nπ y ⎞ ⎡ ⎛ nπ
⎟⎟∑
(D1 + 2 B )⎞⎟ − sin⎛⎜ nπ (D1)⎞⎟⎤⎥
cos⎜
+ 2c0 exp⎜⎜
⎟ × ⎢sin ⎜
⎝ H ⎠ ⎣ ⎝H
⎠
⎝H
⎠⎦
⎝ 2 Dz ⎠ n =1 nπ

⎧
⎛
⎞
Dy ⎛ n 2π 2 ⎞ R ⎛
v2
⎪
⎜ λ + G tanh⎜ R ' λ (T − b )⎟
⎜
⎟
× exp⎨− z
+
+
⎜ D'
⎟
4 Dz2 Dz ⎜⎝ H 2 ⎟⎠ Dz ⎜⎝
⎝
⎠
⎪⎩

⎧
⎛
R' λ ⎞ ⎫
⎜ (T − x )
⎟⎪
cosh
⎪
⎜
⎞ ⎫⎪ ⎪
D' ⎟⎠ ⎪
⎝
λ ⎟⎬× ⎨
⎬
⎟
⎠ ⎪⎭ ⎪ cosh⎛⎜ (T − b ) R' λ ⎞⎟ ⎪
⎜
⎪
D' ⎟⎠ ⎪⎭
⎝
⎩
(A20)

329

Appendix B
Boundary Value Problems and Semi-Analytical Solutions
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B.1 Fractured Porous Media

For this work, the discrete fractured porous media boundary value problem builds
on the conceptual models first devised by Tang et al. (1981) and Sudicky and Frind
(1982) for one-dimensional solute transport, and by West et al. (2004) for twodimensional solute transport in a fracture. For the two fractured rock scenarios, the
fractures are idealized as equally spaced, smooth walled and parallel, with a finite width
(2B) strip source (Figure 3.1 and Figure B.1). The solute transport in the rock matrix is
idealized by one-dimensional diffusion perpendicular to the fracture plane. In both
scenarios, steady and uniform saturated ground water flow in the longitudinal (x)
direction is assumed and accompanied by two-dimensional dispersion in the fracture.
The conceptual model presented here deviates from West et al. (2004) (i.e., Chapter 2) in
that the source now incorporates the Type A, B, and C representations, and differential
decay rates are permitted in the fractures and the matrix.
Lines of
Symmetry

CL

Matrix
H
D2
T

2B
B

D1

v

B
CL

z

(2b)/2

x

y
Fracture

(0,0,0)

Source

Figure B.1. Discrete fracture mathematical model.
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The governing equation for two-dimensional reactive solute transport in a
fracture, assuming uniform, steady flow, with a source/sink is given by:
∂C v ∂C Dx ∂ 2C Dy ∂ 2C
2q
+
−
−
+ λC −
=0
2
2
∂t R ∂x R ∂x
R ∂y
R (2b)

0≤x≤∞
0≤ y≤H
(B1)

where C = C(x,y,z,t) is the concentration of the solute in the fracture{M L-3}, x is the
longitudinal spatial coordinate {L}, y is the horizontal transverse spatial coordinate {L},
t is time {T}, v is the average linear steady-state ground water velocity in the fracture and
ism assumed to be unidirectional in x {L T-1}, Dx is the coefficient of longitudinal
dispersion {L2 T-1}, Dy is coefficient of horizontal transverse dispersion {L2 T-1}, H is
the finite width of the transverse domain {L}, (2b) is the fracture aperture {L}, and λ is
the aqueous phase decay constant {T-1} given by:

λ=

ln 2
T1λ/ 2
(B2)

where T1λ/ 2 is the half-life of the solute {T}. Note that T1γ/ 2 is the half-life of the source
zone concentration versus time function {T}.
For a fractured medium, q is the source/sink term representing diffusion of solute
across the matrix wall, and R is the retardation coefficient for the fracture walls given by
(Sudicky and Frind, 1982):
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R = 1+

2 K fr
(2b)

(B3)
where Kfr is the fracture distribution coefficient {L}, representing the mass of sorbed
solute per unit area of the fracture face relative to the concentration of solute in solution.
The dispersion terms Dx and Dy are given by:
Dx = α L v + D *
(B4)

D y = α TH v + D *
(B5)
where αL is the longitudinal dispersivity (in x) {L}, αTH is the horizontal transverse
dispersivity (in y) {L}, and D* is the effective molecular diffusion coefficient {L2 T-1}.
In general, D* is the product of the free water molecular diffusion coefficient (Do) {L2 T1

} and domain tortuosity (τ). For the fracture, τ = 1 and D* equals Do, while τ < 1 for the

matrix.
As described in Tang et al. (1981), Sudicky and Frind (1982), and West et al.
(2004), q is approximated using Fick’s first law:
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q = −θD'

∂C '
∂z z =b

(B6)
where C′ is concentration in the matrix {M L-3}, z is the vertical transverse spatial
coordinate {L}, θ is the matrix porosity, and D′ is the effective matrix diffusion
coefficient {L2 T-1}, which is the product of τ (for the matrix) and Do.
The governing equation for diffusive transport in the matrix is described by:
b ≤ z ≤T

∂C ' D' ∂ 2C '
−
+ λ'C' = 0
∂t R' ∂z 2

0≤ y≤H
0≤ x≤∞

(B7)
where C′= C′(x,y,z,t) is the concentration in the porous rock matrix {M L-3}, λ’ is the
aqueous phase decay constant {T-1} in the matrix (analogous to equation B2), T is the
half-width between centerlines of equally spaced, parallel fractures {L}, and z is the
spatial coordinate perpendicular to the fracture plane {L}. The matrix retardation
coefficient, R′, describes the adsorption of solute within the matrix as follows:
R' = 1 +

ρb
Km
θ
(B8)

where ρb is the dry bulk density of the matrix {M L-3} and Km is the porous matrix
distribution coefficient {L3 M-1} represented as the product of the organic carbon
partition coefficient (Koc) {L3 M-1} and the fraction of organic carbon in the matrix (foc).
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B.2 No Matrix Diffusion

The influence of the matrix can be determined by setting q = 0, in which case
(B1) is reduced to two-dimensional solute transport in a porous medium. By using the
relationships defined in (3-1) to (3-3) for vf, Kb and θb, the porous medium is made
“equivalent” to a fractured domain with matrix diffusion absent.

Equivalent Porous Medium
2B

W

D1

2S

E1

v

S
S
B

B

Source

y

z
x
(0,0,0)

H

Figure B.2. Mathematical model for NMD scenario (i.e., equivalent porous medium)

While the NMD scenario is two-dimensional, the boundary value problem and
semi-analytical solution will be presented in three-dimensions for completeness.
Following the analytical solution work of Cleary and Ungs (1978), the porous medium is
idealized as a three-dimensional homogenous, isotropic domain with a finite width (2B)
and depth (2S) patch source in the transverse plane (y-z) (see Figure B.2). The
corresponding governing equation for the three-dimensional reactive solute transport
assuming uniform-steady flow is given by:
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∂C v ∂C Dx ∂ 2C Dy ∂ 2C Dz ∂ 2C
+
−
−
−
+ λC = 0
∂t R ∂x R ∂x 2
R ∂y 2
R ∂z 2

0≤ x≤∞
0≤ y≤H
0≤ z ≤T

(B9)
where Dz is coefficient of vertical transverse dispersion {L2/T} , T is the finite thickness
of the vertical transverse domain {L}, λ is the aqueous phase decay constant {1/T}
(equation B1). The dispersion terms Dx, and Dy are presented in (B4) and (B5),
respectively, while the vertical dispersion, Dz is given by:
D z = αT V v + D'
(B10)
where αTV is the vertical transverse dispersivity for the porous medium {L}, and R is the
retardation coefficient due to linear isothermal solute adsorption, and is given by
(Pankow and Cherry, 1996):
R = 1+

ρb
KD
θ
(B11)

where ρb is the dry bulk density of the soil {M L-3} and KD is the porous medium
distribution coefficient {L3 M-1}. In this study, KD is the product of Koc {L3 M-1} and the
foc.
B.3 Initial and Boundary Conditions

For the fractured porous medium (scenarios 1 and 2), the initial and boundary
conditions are given by:
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C ( x, y, z ,0) = 0
(B12a)
C ( ∞, y , z , t ) = 0
(B12b)
C ⎛⎜ 0, D1 ≤ y ≤ D1 + 2 B, 0 ≤ z ≤ b, t < t* ⎞⎟ = Co
⎝
⎠
(B12c)
C ⎛⎜ 0, D1 ≤ y ≤ D1 + 2 B, 0 ≤ z ≤ b, t* ≤ t ⎞⎟ = Coe −γ ( t − t *)
⎝
⎠
(B12d)
∂C
( x,0, z , t ) = 0
∂y
(B12e)
∂C
( x, H , z , t ) = 0
∂y
(B12f)
Equation (B12d) captures the time-variant remediation of the source zone, permitting the
evaluation of source decay (i.e., γ) initiated at some time (t*). The source decay constant,
γ, can be related to source decay half-life, T1γ/ 2 , using (B2).
The initial and boundary conditions for (B9) (i.e., the rock matrix) are provided
below:

C ' ( x, y, z ,0) = 0
(B13a)
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C ' ( x, y, b, t ) = C ( x, y, b, t )

(B13b)
∂C '
( x, y , T , t ) = 0
∂x
(B13c)
For the NMD fractured domain (equivalent porous medium) (scenario 3), the
initial and boundary conditions are given by:

C ( x, y, z ,0) = 0
(B14a)
C ( ∞, y , z , t ) = 0
(B14b)
C ⎛⎜ 0, D1 ≤ y ≤ D1 + 2 B, E1 ≤ z ≤ E1 + 2S , t < t* ⎞⎟ = Co
⎝
⎠
(B14c)
C ⎛⎜ 0, D1 ≤ y ≤ D1 + 2 B, E1 ≤ z ≤ E1 + 2S , t* ≤ t ⎞⎟ = Coe −γ ( t − t *)
⎝
⎠
(B14d)
∂C
( x,0, z , t ) = 0
∂y
(B14e)
∂C
( x, H , z , t ) = 0
∂y
(B14f)
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∂C
( x, y,0, t ) = 0
∂z
(B14g)
∂C
( x, y , W , t ) = 0
∂z
(B14h)
Equations (B12e), (B12f), (B14e), (B14f), (B14g) and (B14h) are no-flux
boundary conditions at the transverse limits of the domain (horizontal and vertical)
boundaries and can be utilized to limit and reflect solute transport. Practically, these
boundary conditions can represent impermeable features, confining layers, or a water
table surface. However, when the transverse boundaries of the domain are positioned
sufficiently far from the plume, the domain will be unbounded and the subject boundary
conditions will not impact the solute transport. It is a responsibility of the user to verify
the latter by examining concentrations near the boundaries of concern.
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B.4 Solutions

In the Fracture:
c exp(γ p ) c o exp(− t * ( p + γ ) + t * γ )⎤
⎡c
+
c ( x, y , z , p ) = ⎢ o − o
⎥×
(p + γ )
p
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+
+
+
+
x
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(
)
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⎨
⎜ 2D ⎟
Dx
4 D x2 D x
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⎝
⎛ vx
+ 2 exp⎜⎜
⎝ 2Dx

⎞∞ 1
⎛ nπ y ⎞ ⎡ ⎛ nπ
⎟⎟∑
(D1 + 2 B )⎞⎟ − sin⎛⎜ nπ (D1 )⎞⎟⎤⎥
cos⎜
⎟ × ⎢sin ⎜
⎠
⎝H
⎠⎦
⎝ H ⎠ ⎣ ⎝H
⎠ n =1 nπ

⎡
Dy
v2
× e xp ⎢− x
+
2
4Dx Dx
⎢⎣

⎛ n 2π 2
⎜⎜
2
⎝ H
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⎞ R
R
⎟⎟ +
( p + λ) +
GQ p + λ ' ⎥ ⎬
Dx
⎥⎦ ⎪⎭
⎠ Dx
(B15)

where n is the number of summation terms, and
G=

θ D' R'
Rb

⎡ R'
⎤
( p + λ ')(T − b )⎥
Q = tanh ⎢
⎣ D'
⎦
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In the matrix:
c ' ( x, y , z , p ) =
⎡ c o c o exp(γ p ) c o exp(− t * ( p + γ ) + t * γ ) ⎤
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(B16)
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In the equivalent porous medium:
⎛ vx ⎞
⎡ c c exp(γ p ) co exp(− t * ( p + γ ) + t * γ )⎤
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(B17)
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where m is the number of summation terms, W is the height of the domain {L}, D1 and E1
are the distances from the origin to the nearest edge of the source in the y and z directions
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{L}, respectively. Steady-state solutions for (B15), (B16), and (B17) are obtained by
applying the final value theorem to a constant concentration source.
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Appendix C
Comparison of Semi-Analytical Solution to HydroGeoSphere
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C.1 Comparisons to HydroGeoSphere (HGS)

From Figure 3.3 it can be observed that (B15) and HGS yield similar results for
steady-state conditions. Unfortunately, the testing of transient solute transport was highly
problematic with respect to computational run-times for the parameters listed in Table
3.1. In fact, due spatial and temporal discretization requirements, a smaller domain with
different input parameters was devised for testing (see Table C1). This process was
iterative with numerous attempts to devise a computationally efficient domain.

The

parameters in Table C1 were based, in part, on the findings by Weatherill et al. (2008)
who investigated the HGS spatial and temporal discretization requirements needed to
simulate solute transport in the BVP solved by Tang et al. (1981). For our work, testing
was conducted with the Type B source and t* = 5 years to maximize the perturbation on
numerical solution whilst achieving reasonable computational run-times.
All HGS simulations were executed on a PC equipped with an Intel E6600 Core 2
Duo processor (2.4 MHz) and 2 Gb of DDR2 800 MHz RAM. The steady-state
simulations (Figure 3.3) had run-times ranging from 22000 to 25000 seconds. For
transient simulations (Figure C.2.), the run-time for the case of cc = 0.1% (concentration
control) was 22224 seconds, while 208224 seconds were needed to complete the cc =
0.01% case. The mass balance error for the latter simulation was less than 0.0001 %. In
contrast, (B15) can be executed for a single point of interest with 20000 summation terms
in less than one second.
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The domain for the HGS transient tests measured 3 m by 3 m by 0.1 m thick, with
two-dimensional transport in the fracture and three-dimensional diffusion in the matrix.
A cross-sectional view of the contaminant distribution generated with (B15) is provided
in Figure C.1. for visualization purposes. Comparisons between (B15) and HGS are
provided in Figure C.2. for a monitoring well located 3 m downgradient of the source. In
general, the portion of the simulation dominated by forward-diffusion (t < t* = 5 years)
exhibits a good match between HGS and (B15); this is consistent with the steady-state
comparisons in Figure 3.3. For t < t*, the HGS concentrations in the fracture are slightly
less than those predicted by (B15). Conversely, (B15) predicted lower concentrations in
the fracture than HGS when t > t* and the domain is dominated by back-diffusion. This
suggests that fracture-matrix interfacial flux is greater for HGS than (B15). From Figure
B2, the relative difference in td between (B15) and HGS is approximately 5%. Similar
differences in output can be observed when comparing HGS to analytical solutions in
some of the verification examples provided in Therrien et al. (2006). Although not a
comprehensive examination, the three HGS simulations utilized different timestep
controls and spatial discretization, yet produced similar numerical results; the differences
in HGS and (B15) are potentially due to the assumption of one-dimensional diffusion in
(B1) and/or the application of Fick’s law in (B6). As noted by Weatherill et al. (2008),
this type of exercise with HGS is not practical at the field scale due to discretization and
run-time demands.
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Table C.1. Input parameters for HGS testing of semi-analytical solution
Parameter
Symbol & Unit
Value
Initial source concentration
Co (mg/L)
789
Source zone width
2B (m)
0.5
0.001
Hydraulic gradient
∇h
Fracture aperture
2b (µm)
140
Fracture spacing
2T (m)
0.1
Fracture aqueous phase decay half-life
15
T λ (yrs)
1/ 2

R
αL (m)
αTH (m)
T1λ/ 2' (yrs)
θ’
foc
ρb (g/cm3)
τ
Do (m2/s)
Koc (ml/g)
R’
H (m)
L (m)
∆x (m)

Fracture retardation factor
Fracture longitudinal dispersivity
Fracture transverse dispersivity
Matrix aqueous phase decay half-life
Matrix porosity
Matrix fraction organic carbon
Matrix dry bulk density
Matrix tortuousity
TCE free-water diffusion coefficient
TCE organic carbon partition coefficient
Matrix retardation factor
Domain width
Domain length
Spatial discretization in x

∆y (m)

Spatial discretization in y

1.0
0.05
0.005
15
0.077
0.0036
2.49
0.2
1.0 × 10-9
126
15.7 (2)
3.0
3.0
variable
0. 1 or 0.2
variable
0.1
0.05 or 0.1 (1.25 ≤ y ≥_1.75)
Variable
70 µm
1.5
5
0

∆z (m)
∆zFMI (m)
mz
t* (yrs)
T1γ/ 2 (yrs)
cc (%)
0.01 or 0.1
∆tmax (s)
86400
Input Parameters of Interest
cc = 0.1%, ∆x = 0.1 m,
∆y = 0.05 m (1.25 ≤ y ≥_1.75)
cc = 0.01%, ∆x = 0.1 m,
∆y = 0.05 m (1.25 ≤ y ≥_1.75)
cc = 0.1%, ∆x = 0.2 m,
∆y = 0.1 m (1.25 ≤ y ≥_1.75)

Spatial discretization in z
Initial ∆z at fracture-matrix interface
Discretization multipler
Time source concentration reduction initiated
Type B source
HGS concentration control
Maximum time step control
Simulation
1 – “HGS cc = 0.1%”
2 – “HGS cc = 0.01%”
3 – “HGS 2∆x & 2∆y”
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Figure C.1. Plan view of output for equation (B15) in the fracture plane for use parameters listed in Table
C.1. MW denotes the location of the well (white ‘circle’ at x = 3 m) used to generate concentration versus
time breakthrough curves presented in Figure C.2. for equation (B15) and HGS simulations.

1000
Back Diffusion Only
100

HGS cc = 0.1%
HGS cc = 0.01%
HGS with 2∆x & 2∆y

C (mg/L)

10

1

Equation (B15)

0.1

t* = 5 yrs
Type B Source

0.01

0.001
0

10

20

30

40

50

60

Time (yrs)
Figure C.2. Comparison of semi-analytical (equation B15) to output from HydroGeoSphere (HGS) for the
parameters listed in Table C.1. of Appendix C; “cc” denotes HGS concentration control input parameter.
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Appendix D
On the Use and Error of Approximation in the Domenico (1987) Solution
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D.1 Abstract

A mathematical solution for solute transport in a three-dimensional porous
medium with a patch source under steady-state, uniform groundwater flow conditions
was developed by Domenico (1987). The solution derivation strategy used an
approximate approach to solve the boundary value problem, resulting in a non-exact
solution. Variations of the Domenico (1987) solution are incorporated into the software
programs BIOSCREEN and BIOCHLOR, which are frequently used to evaluate
subsurface contaminant transport problems. This paper mathematically elucidates the
error in the approximation, and presents simulations that compare different versions of
the Domenico (1987) solution to an exact analytical solution to demonstrate the potential
error inherent in the approximate expressions. Results suggest that the accuracy of the
approximate solutions is highly variable and dependent on the selection of input
parameters. For solute transport in a medium grained sand aquifer, the Domenico (1987)
solution underpredicts solute concentrations along the center line of the plume by as
much as 80% depending on the case of interest. Increasing the dispersivity, time or
dimensionality of the system leads to increased error. Because more accurate exact
analytical solutions exist, we suggest that the Domenico (1987) solution, and its
predecessor and successor approximate solutions, need not be employed as the basis for
screening tools at contaminated sites.
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D.2 Introduction

Analytical solutions are frequently used as screening tools to evaluate
contaminant fate and transport in the subsurface environment. Analytical and semianalytical solutions are exact solutions to a boundary value problem that comprises a
governing differential equation and associated boundary and initial conditions. Many
approaches have been used in the published literature to derive exact analytical and semianalytical solutions (e.g., separation-of-variables, Laplace integral transforms, and
Fourier integral transforms). Although the configuration of the domain and source zone
geometry are often simplified to facilitate a tractable solution, if a correct mathematical
approach is employed, the solution will be an exact analytical or semi-analytical solution
to the specified boundary value problem.
The governing equation for three-dimensional solute transport in saturated porous
media under uniform steady-state flow subject to advection, dispersion, sorption, and
first-order decay is (Bear, 1979):
∂C v ∂C D x ∂ 2 C D y ∂ 2 C D z ∂ 2 C
+
−
−
−
+ λC = 0
∂t R ∂x
R ∂x 2
R ∂y 2
R ∂z 2
(D1)
where C = C(x,y,z,t) is the concentration of the solute [M/L3], y is the horizontal
transverse spatial coordinate [L], z is the vertical transverse spatial coordinate [L], x is the
longitudinal spatial coordinate [L], t is time [T], v is the average linear groundwater
velocity unidirectional in x [L/T], R is the retardation coefficient, Dx (= αx vx) is the
coefficient of longitudinal dispersion [L2/T], Dy (= αy vx) is the coefficient of horizontal
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transverse dispersion [L2/T], Dz (= αz vx) is the coefficient of vertical transverse
dispersion [L2/T], α is the coefficient of dispersivity, and λ is the aqueous phase decay
constant [1/T]. In (D1), both aqueous and sorbed phases undergo first-order decay. Note
that the boundary value problem assumes that diffusion has a negligible contribution to
transport and is ignored in the definition of D.
Several exact analytical solutions to (D1) have been presented in the published
literature. Cleary and Ungs (1978) derived a series of exact analytical solutions, including
a patch shaped source zone in a three-dimensional domain that was semi-infinite in x and
finite in y and z. The boundary value problem specified no flux boundaries at the
horizontal and vertical limits of the domain and the solution comprises two summation
series. Wexler (1992) also derived an exact analytical solution to the same boundary
value problem as Cleary and Ungs (1978), but considered a domain that was infinite in y
and z. The solution by Wexler (1992) was an extension of an earlier exact analytical
solution by Sagar (1982), who solved (D1) for a conservative solute. The solutions by
Sagar (1982) and Wexler (1992) comprise an integral that must be numerically evaluated.
Huyakorn et al. (1987), Leij et al., (1991), and Batu (1996) also derived exact analytical
solutions to (D1), but utilized more sophisticated source boundary conditions than those
of the foregoing authors (e.g., Gaussian distributions, multiple sources of variable
concentrations). Leij et al. (1991) solve (D1) for the case of decay of the aqueous phase
only.
An alternate approach to the aforementioned boundary value problem solutions
was developed by Domenico (1987), who extended other earlier, less complex solutions
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proposed by Domenico and Robbins (1985), and Domenico and Palciauskas (1982).
Variations of the Domenico (1987) solution were incorporated into the computer
software programs BIOCHLOR (USEPA, 2000, 2002) and BIOSCREEN (USEPA,
1996), which are available to users through the United States Environmental Protection
Agency (US EPA). These versions of the Domenico (1987) solution consider linear
isothermal sorption and a variety of patch source boundary conditions. Unfortunately, a
common misconception amongst many users of BIOCHLOR, BIOSCREEN, and other
versions of the Domenico (1987) solution, is that these programs utilize an exact
analytical solution.
The Domenico (1987) solution is an approximate solution to (D1), and not an
exact analytical solution. The solution approach used by Domenico (1987) entailed the
assembly of different analytical solutions into one equation. In particular, a onedimensional exact analytical solution for advection and longitudinal dispersion in a semiinfinite domain (e.g., Bear, 1979) was used to replace the longitudinal component of a
modified exact analytical solution for three-dimensional diffusion (Crank, 1975). In a
preceding paper (Domenico and Robbins, 1985) that discussed the approach in detail, the
authors identified their solution methodology as an “extended pulse approximation”, and
not a rigorous superposition model. The intent of the authors was to derive an
approximate solution suitable for parameter estimation of field data.
The appeal of the Domenico (1987) solution is its utility. Since its derivation and
resulting expression are relatively simple, modifications to boundary conditions and the
governing equations (e.g., sorption or multiple species decay) are implemented with
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relative ease when compared to some corresponding exact analytical solutions. In
addition, it can be incorporated in spreadsheet programs with little effort. Despite its
frequent use, little information is available about its inherent error. Domenico and
Schwartz (1998, page 381) presented a limited comparison of the Domenico (1987)
solution to the exact analytical by Leij et al. (1991) and noted “some error of
approximation”. It is somewhat surprising that the first investigations of error (beyond
the original authors) were reported in research literature only recently (Guyonnet and
Neville, 2004; West and Kueper, 2004; Falta et al., 2005b).
It is the experience of the authors that the Domenico (1987) solution, and its
predecessors and successors, have been adopted in some regulatory settings, and readily
used by the contaminant hydrogeology community as not only a screening tool, but a
decision making tool for quantifying monitored natural attenuation and carrying out risk
analyses. For example, the use of BIOSCREEN and/or BIOCHLOR at contaminated
sites is recommended by the USEPA (1998; 2005), the US Air Force (1998), and the US
Navy (2001). It has also been relied upon in the research literature. Huntley and Beckett
(2002) and Falta et al. (2005b), for example, applied the Domenico (1987) solution in
various studies of plume and source zone behaviour. While Falta et al. (2005b)
conducted a limited assessment of the inherent error for their particular work, no such
effort was undertaken by Huntley and Beckett (2002).
It could be argued that the error of approximation arising from the Domenico
(1987) solution is irrelevant given the uncertainties surrounding issues such as source
zone delineation and aquifer heterogeneity. However, the use of the Domenico (1987)
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solution only exacerbates the uncertainty with approximate mathematics. The
“uncertainty” due to mathematical approximation can be eliminated by choice, a luxury
that cannot always be extended to complex subsurface domains. In additional,
mathematical error does not fall within the definition of scientific uncertainty.
Uncertainty should only be attributed to phenomena that are uncontrollable, either due to
a low state in scientific knowledge or a natural complexity that is unobservable. The
errors in the Domenico (1987) solution do not satisfy this definition of uncertainty. In
summary, why employ an inexact mathematical model when exact versions are
available?
In this paper, the approximate nature of the Domenico (1987) solution, and its
predecessor and successor solutions, is investigated both mathematically and with
modelling. A review of the derivations and mathematics used in these approximate
solutions is first presented to elucidate errors due to solution technique, truncation, and
parameter substitution. To our knowledge, such an analysis of the Domenico (1987)
solution, and associated solutions, has not been published. Several simulations are then
conducted to compare the output generated from the approximate solutions to the exact
analytical solutions by Cleary and Ungs (1978) and Wexler (1992). A full sensitivity
analysis is not the objective of this paper. Guyonnet and Neville (2004) recently
conducted a thorough dimensionless comparison between the Domenico (1987) solution
and an exact analytical solution by Wexler (1992) in three-dimensional domains. It is our
opinion that the use of dimensionless parameters by Guyonnet and Neville (2004) masks
the errors inherent in the BIOSCREEN and BIOCHLOR models. Our approach is
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pragmatic, clearly illustrating the potential for error arising from the use of the Domenico
(1987) solution in both two- and three- dimensional contaminant transport applications of
practical interest.
D.3 Approximations in Solution Formulation

The historical progression of the various forms of the Domenico (1987) solution
and the different approximations in solution formulation are discussed in this section, and
highlighted in Table D1. The approximations are multiple and varied, including
incorrect mathematics, truncations of exact analytical solutions, and parameter
substitutions.
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Table D.1. Summary of solutions
Reference

Advection
(1-D)

Dispersion
(3-D)

Decay
(aqueous)

Decay
(sorbed)

Sorption

Approximate Expressions used in this Study
Domenico &
Robbins (1985)
Domenico (1987)
BIOSCREEN
(1996)
BIOCHLOR
(2000)
Guyonnet &
Neville (2004)
Exact Analytical Solution used in this Study
Wexler (1992)
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C(x, y, z, t) ≈
C(x, t) × C(y,t) × C(z,t)

Truncation of
C(x,t)

Throughout this section, comparisons are made between the approximate
Domenico (1987) solution and other exact analytical solutions. In all cases, the
comparisons reference the same boundary value problem. The objective here is to
examine the impact of mathematical techniques utilized to derive the Domenico (1987)
solution (and other related solutions), not the underlying boundary value problem
assumptions or formulations.
D.3.1. Approximate Expression Development

The approximate technique employed by Domenico (1987) was developed earlier
by Domenico and Robbins (1985), who approximated a solution for the case of
advective-dispersive transport in the absence of sorption and decay. The corresponding
governing equation is given by:
∂C
∂C
∂ 2C
∂ 2C
∂ 2C
= −v
+ Dx 2 + D y
+
D
,
z
∂t
∂x
∂x
∂y 2
∂z 2

0≤ x≤∞
−∞ ≤ y ≤ ∞
−∞ ≤ z ≤ ∞
(D2)

for a patch source located between –Y/2 ≤ y ≤ Y/2 and –Z/2 ≤ z ≤ Z/2, where Y is the
source width and Z is the source thickness. The Domenico and Robbins (1985) technique
approximates the three-dimensional transient solution to (D2) using the product of onedimensional solutions in each direction (Domenico and Robbins, 1985):
C ( x , y , z , t ) ≈ C ( x, t ) × C ( y , t ) × C ( z , t )
(D3)
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The methodology reflected in (D3) is not mathematically rigorous, and introduces errors
of approximation relative to exact techniques. Furthermore, (D3) is not a solution to the
original mass transport equation, and therefore, does not conserve mass. This approach
reduces to solving (D2) utilizing the following three separate partial differential
equations:
∂ 2C
∂C
∂C
+ Dx 2
= −v
∂x
∂t
∂x

0≤ x≤∞

(D4)
∂ 2C
∂C
= Dy
∂t
∂y 2

−∞ ≤ y ≤ ∞

(D5)
∂ 2C
∂C
= Dz 2
∂t
∂z

−∞ ≤ z ≤ ∞
(D6)

For a patch source, the exact analytical solution to (D5) and (D6) is given by
Crank (1975), which, for (D5) as an example, is:
C ( y, t ) =

⎛ y − Y / 2 ⎞⎤
C o ⎡ ⎛⎜ y + Y / 2 ⎞⎟
⎟⎥
⎢erf
− erf ⎜
⎜ 2 D t ⎟⎥
2 ⎢ ⎜ 2 Dyt ⎟
y
⎠
⎝
⎠⎦
⎣ ⎝
(D7)

where Co is the concentration of the patch source. The exact analytical solution to (D4)
is the Ogata and Banks (1961) solution:
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C ( x, t ) =

⎛ x − vt
Co ⎡
⎢erfc⎜
⎜2 D t
2 ⎢
x
⎝
⎣

⎞
⎛
⎟ + exp⎛⎜ vx ⎞⎟erfc⎜ x + vt
⎟
⎜2 D t
⎝ Dx ⎠
x
⎠
⎝

⎞⎤
⎟⎥
⎟⎥
⎠⎦

(D8)
Domenico and Robbins (1985) truncated (D8) in their work, thus omitting the
product of the exp and erfc functions. Some discussion on the inherent error due to this
truncation is found in Bear (1979) and Martin-Hayden and Robbins (1997). When (D3)
is employed, the final truncated solution after substituting t = x/v in the transverse
dispersion terms is (Domenico and Robbins, 1985):
C ( x, y , z , t ) ≈

⎛ x − vt
Co
erfc⎜
⎜2 D t
8
x
⎝

⎞
⎟×
⎟
⎠

⎡ ⎛
⎞⎤
⎞
⎛
⎞⎤ ⎡ ⎛
⎞
⎛
⎟⎥
⎟
⎜
⎟⎥ ⎢ ⎜
⎟
⎜
⎢ ⎜
/
2
/
2
/
2
/
2
−
+
−
z
Z
z
Z
+
y
Y
y
Y
⎟⎥
⎟
⎜
⎜
⎟
⎟
⎜
⎜
⎥ ⎢erf
⎢erf
− erf
− erf
⎟
⎜
⎜
⎟
⎟
⎜
⎜
⎢
⎢
x
x ⎟⎥
x
x ⎥
⎜ 2 D z ⎟⎥
⎜ 2 D y ⎟⎥ ⎢ ⎜ 2 D z ⎟
⎢ ⎜ 2 Dy ⎟
v⎠
v ⎠⎦
v⎠
v ⎠⎦ ⎣ ⎝
⎝
⎝
⎣ ⎝

(D9)
The substitution of t = x/v warrants some mention. Domenico and Palcianskas (1982)
proposed that if time (t) is approximately equal to x/vc, where vc is the contaminant
velocity, then the contaminant will spread from Y to Y + (Dyt)1/2 and Z to Z + (Dzt)1/2.
While this substitution may have some conceptual utility for cases with Dx = 0, Dy > 0,
and Dz > 0 (i.e., longitudinal plug-flow), it is unclear what influence on accuracy
interpreting plug flow has for cases with Dx > 0. The substitution was readdressed in a
subsequent paper as well. Domenico and Robbins (1985) described time (t) as “running
time”. They continued to state that “Reinterpreting this time as x/v for a moving
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coordinate system…has the effect of maintaining the original source dimensions at x = 0
so that the condition C ≅ Co is maintained at x = 0 for t > 0”. This interpretation of the
substitution is conceptually more awkward. A rigorous mathematical solution to a
boundary value problem would require no such parameter substitution to maintain the
source boundary condition.
The application of (D3) presents another conflict that is evident in (D9). The
product of the separate solutions for (D4), (D5) and (D6) yields Co3, not Co. This issue is
not resolved by either Domenico and Robbins (1985) or Domenico (1987). However,
Domenico and Schwartz (1998) provide a slightly different formulation of (D3) that
addresses this conflict, where C(x,y,z,t) is actually treated as the relative concentration
C(x,y,z,t)/Co, and is equal to the product of relative solutions for x, y, and z; thus, Co3 is
replaced with Co.
Similar to Domenico and Robbins (1985), Domenico (1987) utilized (D3) to
approximate a solution for the case of advective-dispersive transport subject to aqueous
phase decay in the absence of sorption. The corresponding governing equation is given
by:
∂ 2C
∂ 2C
∂ 2C
∂C
∂C
− λC ,
+
D
+ Dx 2 + D y
= −v
z
∂x
∂t
∂z 2
∂y 2
∂x

0≤ x≤∞
−∞ ≤ y ≤ ∞
−∞ ≤ z ≤ ∞
(D10)

Equation (D3) was employed, which is an approach that reduces to solving (D10)
utilizing the following three partial differential equations:
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∂ 2C
∂C
∂C
+ D x 2 − λC
= −v
∂x
∂t
∂x

0≤ x≤∞

(D11)
∂ 2C
∂C
= Dy
∂t
∂y 2

−∞ ≤ y ≤ ∞

(D12)
∂ 2C
∂C
= Dz 2
∂t
∂z

−∞ ≤ z ≤ ∞
(D13)

Again, the exact analytical solution to (D12) and (D13) is given by Crank (1975)
as presented in (D7). The exact analytical solution to (D11) is given by Bear (1979):
⎧
⎪
C o ⎪ ⎧⎪ xv
C ( x, t ) =
⎨exp⎨
2 ⎪ ⎪⎩ 2 D x
⎪⎩

⎛
4λD x
⎜ x − vt 1 +
⎫
⎡
⎤
4λD x ⎪
⎜
v2
⎢1 − 1 + 2 ⎥ ⎬erfc⎜
v ⎥⎦ ⎪⎭
2 Dx t
⎢⎣
⎜⎜
⎝

⎛
4λD x
⎜ x + vt 1 +
⎧⎪ xv ⎡
4λD x ⎤ ⎫⎪
v2
⎜
erfc
+
+
exp⎨
1
1
⎢
⎥⎬
⎜
v 2 ⎥⎦ ⎪⎭
2 Dx t
⎪⎩ 2 D x ⎢⎣
⎜⎜
⎝

⎞
⎟
⎟
⎟+
⎟⎟
⎠

⎞⎫
⎟⎪
⎟⎪
⎟⎬
⎟⎟⎪
⎠⎪⎭
(D14)

where (D14) is the non-truncated (full) one-dimensional analytical solution to (D11).
Both the truncated and non-truncated solutions are presented in Bear (1979), where the
truncated solution omits the second product of exp and erfc. Domenico (1987) employed
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the truncated solution. Utilizing (D3) and the substitution t = x/vc (with vc = v), the
completed Domenico (1987) solution is:
⎧⎪ xv ⎡
C
4λD x
C ( x, y, z , t ) ≈ o exp⎨
⎢1 − 1 + 2
8
v
⎪⎩ 2 D x ⎣⎢

⎛
⎜ x − vt 1 + 4λD x
⎤ ⎫⎪
⎜
v2
⎥ ⎬erfc⎜
2 Dx t
⎦⎥ ⎪⎭
⎜⎜
⎝

⎞
⎟
⎟
⎟×
⎟⎟
⎠

⎡ ⎛
⎞
⎛
⎞⎤ ⎡ ⎛
⎞
⎛
⎞⎤
⎟
⎜
⎟⎥ ⎢ ⎜
⎟
⎜
⎟⎥
⎢ ⎜
⎢erf ⎜ y + Y / 2 ⎟ − erf ⎜ y − Y / 2 ⎟⎥ ⎢erf ⎜ z + Z / 2 ⎟ − erf ⎜ z − Z / 2 ⎟⎥
⎜
⎜
⎢ ⎜
x ⎟⎥
x⎟
x ⎟⎥ ⎢ ⎜
x⎟
⎜ 2 D y ⎟⎥ ⎢ ⎜ 2 D z ⎟
⎜ 2 D z ⎟⎥
⎢ ⎜ 2 Dy ⎟
v ⎠⎦
v⎠
v ⎠⎦ ⎣ ⎝
v⎠
⎝
⎝
⎣ ⎝
(D15)
An interesting issue arises in (D15) with the substitution of t = x/vc. Since vc is the
contaminant velocity for this substitution, one can rationalize vc = v/R (for Dx = 0), but
the treatment of decay (λ) is more awkward. Decay in the transverse direction has been
excluded in all derivations to date, and thus, introduces an additional error of
approximation to Domenico (1987) type solutions that incorporation decay. Furthermore,
the application of (D3) reduces the three-dimensional decay stated in (D10) to onedimensional decay in only the x direction (e.g., Bear, 1979).
D.3.2. Adoption of Domenico and Robbins (1985) and Domenico (1987) in
Subsequent Studies

The Domenico and Robbins (1985) technique of employing (D3) was
implemented in BIOCHLOR (USEPA, 2000, 2002), BIOSCREEN (USEPA, 1996) and
Guyonnet and Neville (2004) to approximate one-dimensional advection with threedimensional dispersion, including linear isothermal sorption and first-order decay (see
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Table D1); both (D3) and the truncation of (D8) and (D14) were implemented in the
latter two solutions. The original Domenico and Robbins (1985) and Domenico (1987)
solutions differ from those in BIOSCREEN, BIOCHLOR, and Guyonnet and Neville
(2004) in that the latter solutions incorporate sorption. BIOCHLOR and BIOSCREEN
consider decay in only the aqueous phase, while Guyonnet and Neville (2004) examine
decay in both the aqueous and sorbed phases.
The governing equation describing advection, dispersion, linear isothermal
sorption, and first-order decay in both the aqueous and sorbed phases is given by (D1).
If (D3) is employed, equation (D1) is reduced to the following three partial differential
equations that must be solved individually:
v ∂C D x ∂ 2 C
∂C
− λC
+
=−
R ∂x
R ∂x 2
∂t

0≤ x≤∞

(D16)
∂C D y ∂ 2 C
=
R ∂y 2
∂t

−∞ ≤ y ≤ ∞

(D17)
∂C D z ∂ 2 C
=
R ∂z 2
∂t

−∞ ≤ z ≤ ∞
(D18)

The exact analytical solution to (D16) is given by Bear (1979):
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⎧
⎪
C ⎪ ⎧⎪ xv
C ( x, t ) = o ⎨exp⎨
2 ⎪ ⎪⎩ 2 D x
⎪⎩
⎧⎪ xv
exp⎨
⎪⎩ 2 D x

⎛
4λRD x
⎜ x − vt 1 +
⎡
4λRD x ⎤ ⎫⎪
R
⎜
v2
⎢1 − 1 +
⎥ ⎬erfc⎜
2
v
Dx
⎢⎣
⎥⎦ ⎪⎭
⎜⎜
t
2
R
⎝

⎛
4λRD x
⎜ x + vt 1 +
⎫
⎡
4λRD x ⎤ ⎪
R
v2
⎜
erfc
+
+
1
1
⎢
⎥⎬
⎜
v 2 ⎦⎥ ⎪⎭
Dx
⎣⎢
⎜⎜
t
2
R
⎝

⎞
⎟
⎟
⎟+
⎟⎟
⎠

⎞⎫
⎟⎪
⎟⎪
⎟⎬
⎟⎟⎪
⎠⎪⎭
(D19)

The solutions to (D17) and (D18) can be derived using the techniques described
by Crank (1975), resulting in:
⎡ ⎛
⎞
⎛
⎞⎤
⎟
⎜
⎟⎥
⎢ ⎜
Co ⎢ ⎜ y + Y / 2 ⎟
⎜ y − Y / 2 ⎟⎥
C ( y, t ) =
erf
⎟ − erf ⎜
⎟
2 ⎢ ⎜
D
D y ⎟⎥
y
⎜
⎟
⎜
⎢ ⎜2
t⎟
t ⎟⎥
⎜2
R ⎠
R ⎠⎦⎥
⎝
⎣⎢ ⎝
(D20)
⎡ ⎛
⎛
⎞
⎞⎤
⎟
⎜
⎟⎥
⎢ ⎜
Co ⎢ ⎜ z + Z / 2 ⎟
z − Z / 2 ⎟⎥
⎜
C ( z, t ) =
erf
− erf ⎜
2 ⎢ ⎜
Dz ⎟
D z ⎟⎥
⎜2
t⎟
t ⎟⎥
⎢ ⎜2
R ⎠
R ⎠⎦
⎝
⎣ ⎝
(D21)
Employing (D3) yields the final approximate non-truncated solution:
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⎧
⎪
C ⎪ ⎧⎪ xv
C ( x, y, z, t ) = o ⎨exp⎨
8 ⎪ ⎪⎩ 2 D x
⎪⎩

⎛
4λRD x
⎜ x − vt 1 +
⎡
4λRD x ⎤ ⎫⎪
R
v2
⎜
1
1
erfc
−
+
⎢
⎥⎬
⎜
v 2 ⎥⎦ ⎪⎭
Dx
⎢⎣
⎜⎜
2
t
R
⎝

⎛
4λRD x
⎜ x + vt 1 +
⎧⎪ xv ⎡
⎫
4λRD x ⎤ ⎪
R
v2
⎜
exp⎨
1
1
erfc
+
+
⎢
⎥⎬
⎜
v 2 ⎦⎥ ⎪⎭
Dx
⎪⎩ 2 D x ⎣⎢
⎜⎜
2
t
R
⎝

⎞
⎟
⎟
⎟+
⎟⎟
⎠

⎞⎫
⎟⎪
⎟⎪
⎟⎬ ×
⎟⎟⎪
⎠⎪⎭

⎡ ⎛
⎛
⎞⎤ ⎡ ⎛
⎞
⎞
⎛
⎞⎤
⎜
⎟⎥ ⎢ ⎜
⎟
⎟
⎜
⎟⎥
⎢ ⎜
⎢erf ⎜ y + Y / 2 ⎟ − erf ⎜ y − Y / 2 ⎟⎥ ⎢erf ⎜ z + Z / 2 ⎟ − erf ⎜ z − Z / 2 ⎟⎥
⎜
⎟
⎟
⎜
⎢ ⎜
Dy ⎟
D y ⎟⎥ ⎢ ⎜
Dz ⎟
D z ⎟⎥
⎜
⎜
⎜
⎟
⎜
2
2
t
t ⎟⎥
⎢ ⎜2
t⎟
t ⎟⎥ ⎢
⎜2
R
R
⎝
⎠
⎝
⎠⎦
⎥
⎢⎣ ⎝
R ⎠
R
⎣
⎝
⎠⎦

(D22)
Equation (D22) is the non-truncated form of the approximate solution to (1) using
the Domenico and Robbins (1985) technique (i.e., equation D3). If the substitution of t =
x/vc (with vc = v/R) is made in the erf terms, (D22) becomes the solution utilized in
BIOCHLOR.
The exact analytical solution to (D1) was originally derived by Cleary and Ungs
(1978) for a finite transverse domain. By considering an infinite transverse domain,
Sagar (1982) derived an exact solution to (D1) for the case of a conservative solute.
Based on the work by Sagar (1982), Wexler (1992) derived an exact analytical solution to
(D1). The exact solution presented by Wexler (1992) can be used to further illustrate
error in the Domenico (1987) solution and the approach by Domenico and Robbins
(1985). The exact analytical solution to (D1) presented by Wexler (1992) is:
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(D23)
where τ is the dummy variable of integration. The Domenico and Robbins (1985)
technique (i.e., equation D3) essentially removes the transverse error functions (erf) from
the integration and treats the τ as a constant t, giving:
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(D24)
The x-component of (D24) is actually the solution by Bear (1979) presented in
(D19); hence, once the integral is analytically evaluated, (D24) reduces to (D22). There
is no mathematical basis to justify (D3) or the approximation of τ = t in (D24), it is a
matter of convenience.
Based on the aforementioned approximations, it is anticipated that source width,
source depth, transverse dispersion, retardation, transverse dimensionality, and time (or
the substitution of t = x/vc) will contribute to the “error of approximation”. In some
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instances, the conditions where the error is minimized can be surmised from the
properties of the error function (erf). The erf is an asymptotic exponential integral where
erf(∞) → 1. Therefore, large values of the argument (i.e., the ratio of the numerator to
the denominator) will yield error function values close to 1, and the transverse
components of (D24) can become negligible. In relative terms, large source geometries
(Y and Z), large values of R, large values of vc, small values of Dy and Dz, and small
values of x, should reduce the influence of the transverse components when examining
concentrations along the plume centerline (y = z = 0). Thus, under these conditions, a
Domenico (1987) type solution approaches the exact 1-D analytical solution of Bear
(1979) presented in (D19). As a consequence, a practitioner conducting a suite of
screening calculations with a Domenico (1987) type solution will encounter increasing or
decrease errors of approximation depending on the choice of parameter.
D.3.3. Quantification of the Error of Approximation

The relative error (σ) is evaluated using:

σ (%) =

(O

)

− OW
× 100
OW

D

(D25)
where OD is the output from the approximate Domenico (1987) solution and OW is the
output from the exact analytical solutions by Cleary and Ungs (1978) and Wexler (1992);
For all cases, the solutions by Cleary and Ungs (1978) and Wexler (1992) produced the
same results. For convenience, reference will be made to only Wexler (1992) hereafter.
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The solution by Wexler (1992) (equation D23) requires numerical integration techniques
to evaluate the integral. This need for numerical integration prevents analytical analysis
of the relative error between the exact analytical solution by Wexler (1992) and the
approximate solutions presented by Domenico and Robbins (1985), Domenico (1987),
USEPA (1996), USEPA (2000; 2002), and Guyonnet and Neville (2004). Thus, a
comparative evaluation, as presented (D25), is necessary.
D.4 Comparison of Solutions and Input Parameters

Simulations are executed here for both a two- and three-dimensional porous
medium with a constant concentration patch source, by comparing Domenico (1987) to
Wexler (1992) for both transient and steady-state conditions. Exact analytical solutions
by Huyakorn et al. (1987), Leij et al. (1991), and Batu (1996) could also have been
utilized for this purpose. The three-dimensional cases simulate an aquifer with only a
partially penetrating source zone, while the two-dimensional case considers a source zone
distributed through the full aquifer thickness. The consideration of dimensionality
highlights not only the influence of domain configuration on the error of approximation
in Domenico (1987), but illustrates the differences in prediction for the two-cases, which
can be overlooked while screening a site. We assume that our example site is fairly-well
characterized, such that field solute concentrations, hydraulic gradient, and geological
conditions are known. We assume that the contaminant is trichloroethylene (TCE) with a
source concentration (Co) of 11 mg/L and all concentration values are assessed along the
plume centerline, C(x,0,0,t), for all simulations. In addition, the plume length (Lp),
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defined by the position of the 5 ppb contour, is assumed to be 100 m for the purposes of
calculating a constant dispersivity. The parameters are summarized in Table D2. Note
that R = 1 for all simulations, as the Domenico (1987) solution does not incorporate
sorption. The depth of the source zone below the water table is 2.5 m.

Table D.2. Summary of input parameters for all simulations
Description
Source concentration
Source width
Source depth below the water table
(3D case)
Source depth below the water table
(2D case)
Source decay half-life
Solute plume decay half-life
Hydraulic gradient
Hydraulic conductivity
Longitudinal dispersivity
Transverse horizontal dispersivity
Transverse vertical dispersivity
Porosity
Groundwater velocity
Solute retardation factor

Parameter
Co
Y
Z/2

Value
11 mg/L
10 m
2.5 m

Z/2

2.5 m

t(γ)1/2
t(λ)1/2
∇h
K
αx
αy
αz
θ
v
R

∞
5 yrs
0.008
1 × 10-4 m/s
Various
0.1 αx
0.01 αx
0.25
0.277 m/day
1.0

One would normally conduct a suite of screening simulations to investigate the
influence of various parameters (e.g., velocity, source width, et cetera) on the solution
output. A subset of simulations is conducted herein, where only the dispersivity values
are adjusted. A full dimensionless analysis was conducted by Guyonnet and Neville
(2004). As mentioned in the previous section, transverse dispersion and dimensionality
will potentially introduce significant error due to the mathematical approximations
employed in the Domenico and Robbins (1985) technique. The three approaches
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suggested in the BIOCHLOR manual (USEPA, 2000, 2002) are implemented to obtain
reasonable dispersivities for the subject example site. In the first approach, the
longitudinal dispersivity (αx) is 10% of the Lp; using this approach, a constant αx = 10 m
is calculated for all values of x. The second and third approaches recognize the scale
dependent nature of dispersivity (Gelhar et al., 1992). The method of Pickens and Grisak
(1981) is adopted where αx = 0.1 L, where L is the distance along the domain to the point
of reference. The third method utilizes the findings of Xu and Eckstein (1995) where

α x = 0.83(log10 L) 2.414 ; in the latter two approaches, αx increases with x (i.e., L). For this
example, the horizontal transverse dispersivity is given by αy = 0.1 αx and, where
appropriate, the vertical transverse dispersivity is given by αz = 0.01 αx. Both transient
and steady-state simulations were executed in the two-dimensional study by assuming
that the vertical transverse dispersivity was negligible (i.e., αz = 0 and Dz = 0).
Descriptions of the steady-state and transient simulations are provided in Tables D3 and
D4, respectively. The relative error between solution outputs for each of the simulations
is evaluated using (D25).
Table D.3. Summary of steady-state simulations
Run
1
2
3
4
5
6
7
8

Solution
Wexler (1992)
Domenico (1987)
Wexler (1992)
Domenico (1987)
Wexler (1992)
Domenico (1987)
Wexler (1992)
Domenico (1987)

Configuration
Two-dimensional
Two-dimensional
Two-dimensional
Two-dimensional
Three-dimensional
Three-dimensional
Three-dimensional
Three-dimensional
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αx
10 m
10 m
0.1L
0.1L
10 m
10 m
0.1L
0.1L

Table D.4. Summary of transient simulations
Run

Case

Solution

1
2
3
4
5
6
7
8

A
A
A
A
B
B
B
B

Wexler (1992)
Domenico (1987)
Wexler (1992)
Domenico (1987)
Wexler (1992)
Domenico (1987)
Wexler (1992)
Domenico (1987)

Distance to
Monitoring Well
10 m
10 m
100 m
100 m
10 m
10 m
100 m
100 m

Method of Calculating αx
Xu & Eckstein (1995)
Xu & Eckstein (1995)
Xu & Eckstein (1995)
Xu & Eckstein (1995)
Pickens & Grisak (1981)
Pickens & Grisak (1981)
Pickens & Grisak (1981)
Pickens & Grisak (1981)

Finally, a series of transient three-dimensional simulations are conducted to
demonstrate the error due to truncation of the solution for C(x,t). These simulations are
summarized in Table D5 and utilize the parameters listed in Table D2 where appropriate.
Relative error is evaluated along the plume centerline while employing dispersivity
values calculated using αx = 0.1 L.
D.4.1. Steady-State Simulations

Steady-state concentration profiles for solute transport in two- and threedimensional porous media are presented in Figure D1, which compares the output
generated from solutions by Domenico (1987) and Wexler (1992). The simulations are
conducted using either a constant αx = 10 m or a variable αx = 0.1L (see Table D3).
Clearly, the solutions are sensitive to the choice of dispersivity, with the variable αx
producing greater concentrations near the source zone and reduced concentrations
downstream relative to the constant αx. Furthermore, the dimensionality of the problem
has a significant impact on the concentration profiles, which underscores the need for
dimensional screening at sites.
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Concentration (mg/L)

12

Wexler (1992)
2D α x = 0.1L
Domenico (1987)
2D α x = 0.1L
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8
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Domenico (1987)
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6
4
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3D α x = 10 m

2

Domenico (1987)
3D α x = 10 m

0
1

10

100

1000

Distance along domain (m)
Figure D.1. Comparison of solutions for steady-state conditions in two- and three-dimensional porous
media. Simulations are summarized in Table D3.

The relative error between the two solutions is presented in Figure D2 for the four
combinations of dispersivity and dimension. The Domenico (1987) solution underpredicts the steady-state concentrations through the majority of the domain, with the
exception of the constant αx for distances close to the source zone. As suggested earlier
from mathematical considerations, the error in the Domenico (1987) solution is
exacerbated by increasing the dimensionality of the domain from two to threedimensions. The choice of either a constant or variable αx has a significant impact on the
behaviour of the error. For the three dimensional case, the constant αx produces relative
errors ranging from 2.5% to -24%, peaking in the near the source zone. However, the
variable αx yields an error of 0.5% near the source zone that continually increases with
distance, such that an error of -32% is realized at a distance of approximately 1000 m.
373

10
0

σ (%)

-10
-20
2D α x = 10 m
-30

2D α x = 0.1L

3D α x = 10 m

3D α x = 0.1L

-40
-50
1

10

100

1000

Distance along domain (m)
Figure D.2. Relative error between Wexler (1992) and Domenico (1987) for two- and three-dimensional
steady-state simulations.

D.4.2. Transient Simulations

Breakthough curves are presented in Figure D3 for monitoring wells located at 10
m and 100 m downstream of the source (see Table D4). Case A uses dispersivities
calculated from Xu and Eckstein (1995), while the method of Pickens and Grisak (1981)
is utilized in Case B. The Case A αx values for the 10 m and 100 m wells are 0.83 m and
4.42 m, respectively. The αx values of 1 m and 10 m were applied to the 10 m and 100 m
wells for Case B, respectively.
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Figure D. 3. Comparison of breakthrough curves at x = 10 m and 100 m between Wexler (1992) and
Domenico (1987). A denotes simulations with dispersivities calculated using Xu and Eckstein (1995),
while dispersivities calculated using Pickens and Grisak (1981) are presented in B. Simulations are
summarized in Table D4.

Figure D3 illustrates that the Domenico (1987) solution can under predict the
concentrations at each well for all time. The relative error associated with the under
prediction is presented in Figure D4. The error between Wexler (1992) and Domenico
(1987) is significant at early-time for all wells, with values of -30% for the 10 m well and
-80% for the 100 m well. For late time, the well near the source zone (10 m) exhibits
negligible error. However, the error at the 100 m achieves a steady-state relative error of
-7% for Case A, but -16% for Case B. It can be observed that increasing the dispersion in
the system increases the error between the solutions.
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Figure D.4. Relative error for breakthrough curves at x = 10 m and 100 m between Wexler (1992) and
Domenico (1987). A denotes simulations with dispersivities calculated using Xu and Eckstein (1995),
while dispersivities calculated using Pickens and Grisak (1981) are presented in B.

D.4.3. Influence of Truncation in C(x,t)

Profile curves of relative error between the truncated and non-truncated
Domenico (1987) solutions (see Table D5) and Wexler (1992) are presented in Figure
D5. A total of six simulations were conducted to examine the relative error at t = 1, 2 or
5 years for equation (D25).
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Table D.5. Simulation notation for Figure D.5
Label
Full 1 yr

Description
Relative error between Wexler (1992) and the full (non-truncated) Domenico (1987)
solution (e.g., BIOCHLOR) for time = 1 year.
Relative error between Wexler (1992) and the truncated Domenico (1987) solution (i.e.,
Domenico (1987) and BIOSCREEN) for time = 1 year.
Relative error between Wexler (1992) and the full (non-truncated) Domenico (1987)
solution (e.g., BIOCHLOR) for time = 2 years.
Relative error between Wexler (1992) and the truncated Domenico (1987) solution (i.e.,
Domenico (1987) and BIOSCREEN) for time = 2 years.
Relative error between Wexler (1992) and the full (non-truncated) Domenico (1987)
solution (e.g., BIOCHLOR) for time = 5 years.
Relative error between Wexler (1992) and the truncated Domenico (1987) solution (i.e.,
Domenico (1987) and BIOSCREEN) for time = 5 years.

Trunc 1 yr
Full 2 yrs
Trunc 2 yrs
Full 5 yrs
Trunc 5 yrs

5

σ (%)

0

Full & Trunc - 5 yrs

-5

Full - 2 yrs

-10

Trunc - 2 yrs

-15
-20
-25

Full - 1 yr

-30

Trunc - 1 yr

-35
-40
-45
0
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20
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40

50

60

70
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100

Distance (m)
Figure D.5. Transient, three-dimensional comparison of relative error between different approximate
expressions and Wexler (1992) at t = 1, 2 and 5 years. Longitudinal dispersivity was estimated using αx =
0.1 L. Refer to Table D5 for label descriptions.

The influence of truncating C(x,t) can be observed by comparing the relative error
calculations for each simulation. The truncated cases (e.g., Domenico (1987) and
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BIOSCREEN) yield additional error of approximation when compared to the nontruncated cases (e.g., BIOCHLOR); however, all cases produce significant error with
increasing x. At a time of 1 year and a distance of 100 m, the non-truncated Domenico
(1987) solution produced a relative error of -32%, but the truncated Domenico (1987)
solution yields a relative error of -41%. The additional error of approximation diminishes
with increasing time as the two solutions approach steady-state conditions.
D.5 Conclusions

The accuracy of the Domenico (1987) solution is parameter dependent.
Depending on the choice of parameters, the magnitude of relative error can range from
significant (e.g., -80%) to negligible. When comparing Domenico (1987) to the exact
analytical solutions of Cleary and Ungs (1978) and Wexler (1992), the Domenico (1987)
solution typically under predicts concentrations. The magnitude of relative error is a
function of parameter value, time, and dimensionality; the application of dispersivity is
particularly awkward, as different techniques yield variable error behaviour. Most
importantly, the behaviour and magnitude of the relative error cannot be predicted a
priori. Thus, users of the Domenico (1987) solution and other associated versions cannot
ascertain the degree of under prediction without a comparative study (as conducted
herein), or potentially by examining the type-curves of Guyonnet and Neville (2004).
Additional relative error is observed in expressions (i.e., BIOSCREEN and
Domenico, 1987) that truncate the analytical solution for one-dimensional solute
transport. When performing simulations to evaluate the effects of solution formulation
378

and truncation, the relative error between the exact analytical solutions by Cleary and
Ungs (1978) and Wexler (1992) and the various approximate expressions (i.e.,
Domenico, 1987; USEPA, 1996, 2000) ranged from 2% to -80%, depending on the case
of interest.
Guyonnet and Neville (2004) stated that along the plume centerline, and for
groundwater flow regimes dominated by advection and mechanical dispersion rather than
by molecular diffusion, the discrepancies between the Domenico (1987) solution and the
exact Sagar (1982) solution can be considered negligible for practical purposes. Based
upon Figures D1 through D5 of this work, we take a more conservative stance and
suggest that in the context of maximum allowable concentrations at contaminated sites,
the solutions developed using the technique by Domenico and Robbins (1985) can
potentially significantly under predict solute concentrations along the plume centerline
when compared to other exact analytical solutions for both transient and steady-state
conditions in two- and three-dimensional domains.
Given the aforementioned magnitude of relative error and the abundance of exact
analytical solutions available to practitioners, the Domenico (1987) solution and its
associated solutions need not be employed as screening tools. We fully encourage
practitioners to utilize peer-reviewed published exact analytical solutions, preferably with
open source code. In some cases, a compiled program with a graphic user interface is
more desirable. There are many such software packages available in industry. While not
a comprehensive list, some examples of commercial software that utilize exact analytical
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solutions include: PRINCE (distributed by Waterloo Hydrogeologic, Inc.), ATRANS
(S.S. Papadopulos Inc.), and SOLUTRANS (Fitts Geosolutions).
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D.7 Notation

C

concentration {M L-3}

C0

concentration {M L-3}

Dx,y,z

hydrodynamic dispersion {L2 T-1}

K

hydraulic conductivity {L T-1}

L

distance along domain {L}

Lp

length of plume {L}

OD

concentration output for the Domenico (1987) solution {M L-3}

OW

concentration 0utput for exact analytical solutions {M L-3}

R

retardation factor

t

time {T}

t(γ)1/2 source decay half-life {T}
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t(λ)1/2 solute decay half-life {T}
v

average linear groundwater velocity {L T-1}

x

horizontal longitudinal direction

y

horizontal transverse direction

z

vertical direction

Y

source width {L}

Z

source thickness {L}

αx,y,z

dispersivity {L}

λ

first-order decay coefficient for solute {L}

σ

relative error between solutions

τ

dummy variable of integration
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Appendix E
Comparison of DNAPL3D-RX to Analytical Solutions
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Figure E.1. Comparison of analytical solution by Bear (1979, pg 268, case 5) “AS” to DNAPL3D-RX
“NS” for a semi-infinite porous media column subjected to advection, dispersion, sorption, and first-order
decay. The column was discretized into 100 nodes. Input parameters were v = 0.3 m/day, αL = 0.1 m, C(0,
t) = 1000 mg/L, R = 1 or 2, and solute half-life of one day.
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Figure E.2. Comparison of analytical solution by Bear (1979, p264, case 1) “AS” with DNAPL3D-RX
“NS” for one-dimensional tracer transport in an infinite column with advection and dispersion. An
instantaneous pulse is injected at t = 0 from 0 ≤ x < +∞. The column was discretized into 200 nodes. Input
parameters were v = 0.3 m/day, αL = 0.1 m, C0 = 0, and C1 = 1000 mg/L. Times of interest (in seconds)
are noted in the legend.
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Figure E.3. Comparison of analytical solution by Miller et al. (1990) “AS” to DNAPL3D-RX “NS” for a
flow path into a semi-infinite porous media column with steady-state non equilibrium mass transfer from a
DNAPL zone. The column was discretized into 250 nodes. Input parameters were v = 0.3 m/day, αL = 0
m, Km = 0.001 s-1, and C0 = 1000 mg/L. Plot A compares the rate of mass transfer, while plot B compares
normalized concentration.
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Figure E.4. Comparison of analytical solution by Batu (1989) “AS” to DNAPL3D-RX “NS” for twodimensional solute transport in porous media. Domain measured 1 m by 1 m with 0.5 m wide strip source
centered along the boundary plane. 5000 by 5000 terms were used for the AS, and the numerical domain
was discretized in 40 nodes along each axis for a total of 1600 nodes. Input parameters were Input
parameters were v = 0.6 m/day, αL = 0.1 m, C(0, t) = 1 mg/L, and a half-life of 10 minutes. The plot was
generated at 1000 seconds.
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Figure E.5. Comparison of analytical solution by Crank (1975) “AS” with DNAPL3D-RX “NS” for onedimensional multispecies diffusion in a semi-infinite column. The simulation time was 0.5 years. Input
parameters were Do = 1.018 × 10-9 m2/s for species 1, Do = 1.632 × 10-9 m2/s for species 2, τ = 0.7, and θ =
0.34. C(0, t) = 200 mg/L for species 1 and 100 mg/L for species 2. The two species were simultaneously
transported in DNAPL3D-RX.
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Appendix F
Input Parameters and Reaction Equations for the Simulation of Bioremediation in
One-Dimensional Column Experiments
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F.1 Input Parameters and Reaction Equations for Simulation the Column
Experiment by Yang and McCarty (2002)
Input parameters and kinetic equations for comparison of DNAPL3D-RX with column
experiment by Yang and McCarty (2002). The setup is similar to Christ and Abriola (2007).

Table F.1. Input parameters for DNAPL3D-RX simulation of Yang and McCarty (2002)
Parameter
C 0 pentanol – inlet concentration

Value & Units
326 mg/L (1)

C0 (X1) – initial fermentor biomass concentration
C0 (X2) – initial PCE and TCE dechlorinator biomass concentration
C0 (X3) – initial cDCE and VC biomass concentration
C0 (X4) – initial methanogenic biomass concentration
Cs (PCE)
XMAX
KPCE
KTCE
KcDCE
KVC
Ksub
Kmeth
KH2

0.1 mg/L (2)
0.015 mg/L (2)
0.015 mg/L (2)
0.1 mg/L (2)
142.9 mg/L (2)
2000 mg/L (3)
2.0 × 10-7 mol/L (2)
1.4 × 10-7 mol/L (2)
3.3 × 10-6 mol/L (2)
2.6 × 10-6 mol/L (2)
1.7 × 10-5 mol/L (2)
5.0 × 10-7 mol/L (2)
1.0 × 10-7 mol/L (2)

K iPCE

2.0 × 10-7 mol/L (2)

KicDCE

3.3 × 10-6 mol/L (4)

K iVC

2.6 × 10-6 mol/L (4)

K icDCE
,X2

2.8 × 10-6 mol/L (5)

H*
*
H meth
qPCE
qTCE
qcDCE
qVC
qpentanol
qmeth
YPCE
YTCE
YcDCE
YVC
Ypentanol
Ymeth

2 nM (2)
11 nM (2)
4.2 × 10-9 mol/mg VSS/s (4)
4.2 × 10-9 mol/mg VSS/s (2)
5.6 × 10-10 mol/mg VSS/s (2)
5.6 × 10-10 mol/mg VSS/s (2)
2.9 × 10-9 mol/mg VSS/s (2)
1.7 × 10-8 mol/mg VSS/s (2)
11.72 × 103 mg cell/mol (4)
11.72 × 103 mg cell/mol (4)
11.72 × 103 mg cell/mol (4)
11.72 × 103 mg cell/mol (4)
1.98 × 103 mg cell/mol (4)
1.43 × 103 mg cell/mol (4)
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1.41 mol H2/mol substrate (2)
1.41 mol H2/mol substrate (2)
1.41 mol H2/mol substrate (2)
1.41 mol H2/mol substrate (2)
2.03 mol H2/mol substrate (2)
4.44 mol H2/mol substrate (2)
5.79 × 10-7 s-1 (2)
3.33 (2)
2.03 (2)
1.21 (2)
1 (2)
1 (2)

FPCE
FTCE
FcDCE
FVC
Fpentanol
Fmeth
λX (all species)
RPCE
RTCE
RcDCE
RVC
Rethene
(1)
from Yang and McCarty (2002)
(2)
from Christ and Abriola (2007)
(3)
from Chu et al. (2004)
(4)
from Lee et al. (2004)
(5)
estimated using DNAPL3D-RX

Inhibition coefficients

I meth = 1+

I P ,T = 1+

[PCE ]
K

I cDCE = 1 +

PCE
i

[cDCE]

I ethene = 1 +

K

IVC = 1 +

cDCE
i, X 2

[VC] + [PCE ]
K iVC

K iPCE

[cDCE] + [PCE ]
K icDCE

K iPCE

[cDCE] + [PCE ]
K icDCE

K iPCE

Reaction equations
⎛ [sub] ⎞
⎟⎟ where “sub” denotes pentanol in this case.
ℜ sub = qsub [ X 1 ]⎜⎜
[
]
+
sub
K
⎝ sub
⎠

ℜ PCE

⎞
⎛
⎞⎛ [H 2 ] − H *
[
q PCE
PCE ]
⎟
⎜
⎟⎟⎜
=
[X 2 ]⎜
* ⎟
⎜
[
]
I P,T
K
PCE
K
H
H
[
]
+
+
−
2
⎝ PCE
⎠⎝ H 2
⎠

ℜTCE =

*
⎞
⎛
⎞⎛
qTCE
[X 2 ]⎜⎜ [TCE ] ⎟⎟⎜⎜ [H 2 ] − H * ⎟⎟
I P,T
⎝ KTCE + [TCE ] ⎠⎝ K H 2 + [H 2 ] − H ⎠
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⎞
⎞⎛⎜ [H 2 ] − H *
⎛
[cDCE]
⎟
⎟⎟
ℜ cDCE = qcDCE [X 3 ]⎜⎜
*
⎜
⎟
[
]
K
I
cDCE
K
H
H
[
]
+
−
+
2
⎠⎝ H 2
⎝ cDCE cDCE
⎠
⎛
[VC] ⎞⎟⎛⎜ [H 2 ] − H * ⎞⎟
ℜVC = qVC [X 3 ]⎜⎜
* ⎟
⎟⎜
⎝ KVC IVC + [VC] ⎠⎝ K H 2 + [H 2 ] − H ⎠
ℜ meth = qmeth

*
⎞
[H 2 ] − H meth
⎟
*
I meth ⎜⎝ K meth + [H 2 ] − H meth ⎟⎠

[X 4 ] ⎛⎜

ℜ
∂[PCE ]
= − PCE
∂t
RPCE

∂[TCE ] (ℜ PCE − ℜTCE )
=
RTCE
∂t

∂[cDCE ] (ℜTCE − ℜ cDCE )
=
∂t
RcDCE

∂[VC] (ℜ cDCE − ℜVC )
=
RVC
∂t

∂[ethene] ℜVC
=
∂t
Rethene

∂[sub ]
= −ℜ sub
∂t

∂[H 2 ]
= Fsubℜ sub − (FPCE ℜ PCE + FTCE ℜTCE + FcDCE ℜ cDCE +FVC ℜVC + Fmethℜ meth )
∂t
∂[meth ]
= ℜ meth
∂t
∂[ X 1 ]
= Ysubℜ sub − λ X 1 [ X 1 ]
∂t

∂[ X 2 ]
= (YPCE ℜ PCE + YTCE ℜTCE ) − λ X 2 [X 2 ]
∂t

∂[ X 3 ]
= (YcDCE ℜ cDCE + YVC ℜVC ) − λ X 3 [ X 3 ]
∂t

∂[ X 4 ]
= Ymethℜ meth − λ X 4 [X 4 ]
∂t
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F.2 Input Parameters and Reaction Equations for Simulation the Column
Experiment by Yang and McCarty (2000)

Table F.2. Input parameters for DNAPL3D-RX simulation of Yang and McCarty (2000)
Parameter
C 0 H2 – effective inlet concentration

Value & Units
12.5 mg/L (1)

C0(X1) – initial fermentor biomass concentration
C0 (X2) – initial PCE and TCE dechlorinator biomass concentration
C0 (X3) – initial cDCE and VC biomass concentration
C0 (X4) – initial methanogenic biomass concentration
Cs (PCE)
XMAX
KPCE
KTCE
KcDCE
KVC
K HPCE
2

10.0 mg/L (1)
10.0 mg/L (1)
10.0 mg/L (1)
10.0 mg/L (1)
200.0 mg/L (2)
2000 mg/L (3)
0.018 mg/L (4)
0.184 mg/L (4)
0.32 mg/L (4)
0.162 mg/L (4)
1.8 × 10-5 mol/L (5)

K HTCE
2

2.8 × 10-5 mol/L (5)

K HcDCE
2

4.2 × 10-5 mol/L (5)

K HVC2

3.4 × 10-5 mol/L (5)

H*
*
H meth
qPCE
qTCE
qcDCE
qVC
YPCE
YTCE
YcDCE
YVC
FPCE
FTCE
FcDCE
FVC
foc
Q
ρb
θ
λPCE

2 nM (5)
11 nM (5)
2.1 × 10-7 mg/mgX/s (1)
1.5 × 10-8 mg/mgX/s (1)
8.00 × 10-7 mg/mgX/s (1)
5.00 × 10-6 mg/mgX/s (1)
8 × 103 mg cell/mol (6)
8 × 103 mg cell/mol (6)
8 × 103 mg cell/mol (6)
8 × 103 mg cell/mol (6)
1.0 mol H2/mol substrate (7)
1.0 mol H2/mol substrate (7)
1.0 mol H2/mol substrate (7)
1.0 mol H2/mol substrate (7)
0.0006 (1)
4.5 mL/d (8)
1.86 g/cm3
0.3
8.713 × 10-7 s-1 (1)
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5.000 × 10-7 s-1 (1)
1.0 × 10-4 s-1 (1)
1.0 × 10-4 s-1 (1)
364 L/mg (2)
126 L/mg (2)
86 L/mg (2)
14 L/mg (2)

λTCE
λcDCE
λVC
Koc (PCE)
Koc (TCE)
Koc (cDCE)
Koc (VC)
(1)
estimated using DNAPL3D-RX (PEST)
(2)
from Pankow and Cherry (1996)
(3)
from Chu et al. (2004)
(4)
from Haston and McCarty (1999)
(5)
from Ballapragada et al. (1997)
(6)
from Lee et al. (2004)
(7)
from Clapp et al. (2004)
(8)
from Yang and McCarty (2000b)

Reaction equations

ℜ PCE

⎞
⎛
⎞⎛⎜
[
[
PCE ]
H2 ]− H *
⎟
⎜
⎟
= q PCE [X 1 ]⎜
⎟⎜ K PCE + [H ] − H * ⎟
[
]
K
PCE
+
2
⎝ PCE
⎠⎝ H 2
⎠

⎛
[TCE ] ⎞⎟⎛⎜ [H 2 ] − H * ⎞⎟
ℜTCE = qTCE [ X 2 ]⎜⎜
* ⎟
⎟⎜ TCE
⎝ K TCE + [TCE ] ⎠⎝ K H 2 + [H 2 ] − H ⎠
⎛
[cDCE] ⎞⎟⎛⎜ [H 2 ] − H * ⎞⎟
ℜcDCE = qcDCE [ X 3 ]⎜⎜
* ⎟
⎟⎜ cDCE
⎝ K cDCE + [cDCE ] ⎠⎝ K H 2 + [H 2 ] − H ⎠
ℜVC

⎞
⎛ [VC] ⎞⎛⎜ [H 2 ] − H *
⎟
⎟⎟ VC
= qVC [X 4 ]⎜⎜
* ⎟
⎜
[
]
[
]
K
VC
K
H
H
+
+
−
2
⎝ VC
⎠⎝ H 2
⎠

ℜ
∂[PCE ]
= − PCE
∂t
RPCE

∂[TCE ] (ℜ PCE − ℜTCE )
=
RTCE
∂t

∂[cDCE ] (ℜTCE − ℜ cDCE )
=
∂t
RcDCE

∂[VC] (ℜ cDCE − ℜVC )
=
RVC
∂t

∂[ethene] ℜVC
=
∂t
Rethene
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∂[H 2 ]
= −(FPCE ℜ PCE + FTCE ℜTCE + FcDCE ℜ cDCE +FVC ℜVC + Fmethℜ meth )
∂t
∂[ X 1 ]
= YPCE ℜ PCE − λPCE [X 1 ]
∂t

∂[ X 2 ]
= YTCE ℜTCE − λTCE [X 2 ]
∂t

∂[ X 3 ]
= YcDCE ℜcDCE − λcDCE [X 3 ]
∂t

∂[ X 4 ]
= YVC ℜVC − λVC [X 4 ]
∂t

F.3 Input Parameters Comparison of DNAPL3D-RX to ART3D for the case of five
species sequential decay in a 1-D column with porous media.
Table F.3. Input parameters for test with ART3D
Parameter
C0(PCE)

Value & Units
200 mg/L

Time

1 year

X

0.30 m

Y

0.022 m

Z

0.022 m

v

2.715 × 10-6 m/s

R

1

Δx, Δy, Δz

0.01 m

αx

0.001 m

λPCE

2.198 × 10-6 s-1

λTCE

1.998 × 10-6 s-1

λcDCE

1.832 × 10-6 s-1

λVC

1.691 × 10-6 s-1
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Appendix G
In situ Treatment of DNAPL Source Zones with Surfactant Enhanced
Aquifer Remediation (SEAR)
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G.1 Abstract

Numerical modelling was undertaken to evaluate the in situ treatment efficacy of
trichloroethylene (TCE) and tetrachloroethylene (PCE) dense non-aqueous phase liquid
(DNAPL) source zones in heterogeneous porous media domains. The degree of
dissolution enhanced by surfactants was highly dependent on the ability to completely
flush the source zone. Over the 10 year evaluation period, surfactants consistently
depleted DNAPL mass and reduced boundary mass flux. Treatment was most beneficial
at the site with the largest mean permeability, where DNAPL and mass flux were
completely eliminated. For all other sites, the DNAPL mass depletion enhancement
factor (Em) ranged from 1.05 to 2.70, while values of 0.79 to 3.97 were observed for the
boundary mass flux enhancement factor (Ef).
G.2 Introduction

Surfactants have been widely researched and applied in situ by the petroleum
industry for many decades. The application of surfactants to the remediation of sites
impacted with DNAPLs is more recent. Studies have primarily focused on either (i) the
mobilization of DNAPLs and/or (ii) the enhanced solubilization of DNAPL into the
contiguous aqueous phase. In both instances, investigations have been conducted in onedimensional columns (e.g., Mason and Kueper, 1996; Pennell et al., 1996; Pennell et al.,
1997; Dwarakanath et al., 1999; Mayer et al., 1999; Taylor et al., 2001; Zhong et al.,
2003) and multi-dimensional flow cells (Kostarelos et al., 1998; Walker et al., 1998a, b;
Field et al., 1999; Oostrom et al., 1999; Field et al., 2000; Taylor et al., 2001; Conrad et
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al., 2002; Ramsburg and Pennell, 2002; Saenton et al., 2002; Ramsburg et al., 2004;
Schaerlaekens and Feyen, 2004; Taylor et al., 2004). Also, a number of field
experiments and pilot tests have been reported (e.g., Fountain et al., 1996; Knox et al.,
1997; Sahoo et al., 1998; Londergan et al., 2001; Abriola et al., 2005; Schaerlaekens et
al., 2006). These experimental findings have facilitated the development and testing of
several complex numerical models that simulate surfactant flushing of NAPL source
zones in multi-dimensional heterogeneous porous media including UTCHEM (Delshad et
al., 1996), STOMP (White and Oostrom, 1998), MISER (Rathfelder et al., 2001), and a
coupling of MODFLOW and MT3D by Saenton et al. (2002). While UTCHEM is
derived using three distinct phases for the NAPL, aqueous fluid, and surfactant
microemulsion, the latter three models employ a simpler approach whereby the surfactant
is considered a dissolved aqueous species within a two-phase system. The latter
assumption reduces complexity and non-linearity.
While there are numerous complex numerical simulators reported in the literature,
their application to field scale DNAPL remediation in three-dimensional heterogeneous
domains with surfactants is limited. UTCHEM was adopted by Zhang et al. (2003) in an
examination of the influence of soil spatial variability and heterogeneity on DNAPL
recovery by surfactant injection. The authors found that as the degree of heterogeneity
increased, the time to complete cleanup increased and total volume of DNAPL recovered
decreased. In general, the average DNAPL mass recovered ranged from 66% to 100%
depending on the statistics of the domain and injection flow rate. In a similar study, Qin
et al. (2007) incorporated UTCHEM into a process optimization routine to investigate the
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surfactant flushing of PCE DNAPL in a heterogeneous domain. The authors reported
that a 60 day surfactant injection removed 77% of the PCE on average compared with
less than 30% for only pump and treat.
In this study, the two-phase reactive transport numerical model DNAPL3D-RX
(West et al., 2008) was modified to simulate the surfactant enhanced aquifer remediation
(SEAR) of complex TCE and PCE DNAPL source zones in a saturated three-dimensional
heterogeneous porous media. Similar to the model approaches of Mason and Kueper
(1996), Rathfelder et al. (2001) and Saenton et al. (2002), the micellar solubilization of
TCE and PCE was simulated as an aqueous-phase. DNAPL3D-RX was tested against
published one-column experiments, and then applied to the field scale where the
influence of mean permeability, variance of permeability, DNAPL type, DNAPL release
volume, hydraulic displacement, and interphase mass transfer on treatment efficacy were
investigated.
G.3 Model Development

DNAPL3D-RX is a coupling of DNAPL3D (Gerhard and Kueper, 2003b), a
three-dimensional two-phase flow simulator, with RT3D (Clement, 1997; Clement et al.,
1998; Clement, 2002), a multispecies reactive transport model. The development of
DNAPL3D-RX is discussed in West et al. (2008). Further details regarding the
multiphase flow, field scale dissolution, and solute transport aspects of the model are
presented in Chapter 4 and 5 of this thesis. The modelling of surfactant-facilitated
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enhanced dissolution utilizes conceptual approaches similar to non-equilibrium
dissolution (Chapter 4), and is discussed in detail below.
G.3.1 Enhanced Dissolution by Surfactants

Many researchers have investigated the surfactant-facilitated enhanced interphase
mass transfer of TCE and PCE. At the molecular scale, three potential theories for the
interaction of surfactant monomer/micelles and DNAPL at the mass transfer interface
have been proposed (Zhong et al., 2003): the oil diffusion model, the micelle diffusionadsorption model, and the micelle disassociation-reformation model. While each model
has distinct traits, when conducting experiments and modelling at the macroscopic scale
only the bulk aggregate behaviour can be captured and simulated. In the context of
surfactant facilitated enhanced solubilization, Kl from (4-4) and (4-5) is a macroscopic
variable that captures the aggregate behaviour of each of these potential mechanisms
(Zhong et al., 2003).
In general, two approaches have been employed: (i) the use of three distinct
phases (aqeuous, NAPL, microemulsion) (e.g., Delshad et al., 1996), and (ii) the use of
two distinct phase (aqueous and NAPL) where the solubilized NAPL is represented as an
aqueous phase (e.g., Rathfelder et al., 2001). For the latter, many researches have
derived empirical mass transfer expressions using (4-4) and (G1)
(e.g., Abriola et al., 1993; Mason and Kueper, 1996; Ji and Brusseau, 1998; Mayer et al.,
1999; Schaerlaekens and Feyen, 2004) where Sh is (Zhong et al., 2003):
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Sh = β o Re β1 θ NW

β2

(G1)
where β0, β1, and β2 are fitting parameters, and θNW is the NAPL content. Note that θNW
is considered directly proportional to an (Zhong et al., 2003). In this work, when Csurf ≥
CMC, a rate-limited empirical expression for interphase mass transfer based on (4-4) and
(G1) is utilized. In this case, the effective solubility of TCE and PCE is (Rathfelder et al.,
2001):
C

Cs surf

≥ CMC

= Cs + WSR (Csurf − CMC )
(G2)

C

where Cs surf

≥ CMC

is the surfactant enhanced effective solubility. Furthermore, following

the work of Rathfelder et al. (2001), partitioning of the TCE (and PCE) from the micellar
phase to the contiguous aqueous phase is not explicitly simulated.
G.3.2 Calibration of Surfactant Enhanced Dissolution

The compound Tween 80 (Polyoxyethylene (20) sorbitan monooleate) is assumed
to be the surfactant utilized for all simulations. Tween 80 has been examined in several
NAPL-porous media experiments (Pennell et al., 1993; Pennell et al., 1997; Walker et al.,
1998a; Saba et al., 2001; Taylor et al., 2001; Zhong et al., 2003; Abriola et al., 2005;
Franzetti et al., 2006; Suchomel et al., 2007; Ahn et al., 2008); it is a nontoxic food-grade
non-ionic surfactant that is readily biodegradable. The CMC is 13 mg/L and the
concentration of TCE and PCE at the CMC (C0,CMC) is assumed to be 1100 mg/L and 200
400

mg/L, respectively (Pennell et al., 1997). All simulation general input parameters are list
in Table G.1, while the input parameters specific to SEAR are listed in Table G.2.

Table G.1. Simulation general input parameters
Parameter
TCE
PCE
ρW
1000 kg m-3
1000 kg m-3
ρNW
1460 kg m-3 (1)
1630 kg m-3 (1)
μW
0.001 Pa·s
0.001 Pa·s
μNW
0.00057 Pa·s (1)
0.00087 Pa·s (1)
α
0 Pa-1
0 Pa-1
-1
β
0 Pa
0 Pa-1
-1
(1)
TCE
PCE
126 mL g
364 mL g-1 (1)
K oc
or K oc
d50
0.0005 m
0.0005 m
θ
0.30 (2)
0.30 (2)
αx
0.004 m
0.004 m
αx:αy
10:1
10:1
αx:αz
100:1 m
100:1 m
τ
0.7 (3)
0.7 (3)
-1 (1)
Solubility
1100 mg L
200 mg L-1 (1)
-10
2 -1 (4)
DºTCE or DºPCE
7.98 × 10 m s
7.17 × 10-10 m2 s-1 (4)
∇h
0.05
0.05
X (longitudinal)
20.0 m
20.0 m
Y (vertical)
5.0 m
5.0 m
Z (width)
10.0 m
10.0 m
∆x
0.40 m
0.40 m
∆y
0.05 m
0.05 m
∆z
0.40 m
0.40 m
# nodes
125000
125000
(1)
Pankow and Cherry (1996).
(2)
Constant porosity assumed (e.g., Schaerlaekens et al., 2006; Liang and Falta, 2008)
(3)
From Bear (1972).
(4)
Calculated from Wilke and Chang (1955). Reference temperature is 10ºC.
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Table G.2. SEAR specific input parameters
Parameter
Cs
Sh
Tween80
Cinj

fcarbon
log10Km (3)
Vm
CMC (4)
Tween80 (5)
S MAX
Rmicelle (6)
WSR
C0,CMC (9)
(1)

TCE
1100 mg/L
.18
90 Re1.04 θ 1NW
4% (w/w)

(1)

0.586
3.8
0.018015 mol L-1
13 mg L-1
0.166e(1.988 foc )
1
0.96 (7)
1100 mg/L

PCE
200 mg/L
0.741Re0.71 (2)
4% (w/w)
0.586
4.7
0.018015 mol L-1
13 mg L-1
0.166e(1.988 foc )
1
0.67 (8)
200 mg/L

Based on the findings of Mayer et al. (1999) and Zhong et al. (2003).

(2)

From Taylor et al. (2001).
Calculated using equations in Pennell et al. (1997).
(4)
From Pennell et al. (1997).
(3)

(5)

Developed from findings by Taylor et al. (2001) , Abriola et al. (2005), and Ahn et al.
(2008).

(6)

From Liu et al. (1992).
Calculated from Zhong et al. (2003) using equations in Pennell et al. (1997)

(7)
(8)

From Taylor et al. (2001)

(9)

From Suchomel et al. (2007)

DNAPL3D-RX was tested against three published column experiments to test
model behaviour, and in the case of TCE, calibrate the modified Sherwood coefficients
(β0, β1, and β2). For PCE, column experiment #2 with 4% Tween 80 by Taylor et al.
(2001) was simulated in absence of flow interruption with the results presented in Figure
G.1. For this simulation, the column measured 9.6 cm in overall length with an interior
diameter of 4.8 cm, Q = 2.48 mL/min, θ = 0.349, R = 1, and SNW = 9.6% uniformly
distributed as residual throughout the column. The experiment was simulated using a
one-dimensional domain with 1 mm discretization for a total of 96 nodes. The
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dimensionless modified Sherwood coefficient (Sh) by Taylor et al. (2001) was coupled to
the expression by (Rathfelder et al., 2001) for the reduction in non-wetting interfacial.
The final expression for interphase mass transfer is:
2

Sh × D ⎛ S E ⎞ 3
⎜ ⎟
Kl =
d502 ⎜⎝ S Eo ⎟⎠
o

(G10-3)
where Kl is a lumped kinetic mass transfer coefficient {T-1}, Do is the free-water diffusion
coefficient {L2 T-1}, and d50 is the mean grain size diameter {L}, SE is the effective
saturation, and S Eo is the initial effective saturation. The expression for Sh is provided in
Table G.2. From Figure G.1 it can be observed that the match between the experiment
and the model is good, with consistent mass depletion.
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Figure G.1. Comparison of DNAPL3D-RX simulation (“model”) with PCE column experiment #2 by
Taylor et al. (2001) using Tween 80 at 4%. Note that the experiment was subject to flow interruption, but
model did not simulate flow interruption. Figure adapted from Taylor et al. (2001), Fig. 3, page 336.

Two different column experiments were utilized for TCE. In Figure G.2, the
column experiment with 4% Tween 80 by Zhong et al. (2003) is simulated. Here the
model utilizes a 5 cm column with a 1cm discretization and a diameter of 2.54 cm. The
initial SE = 0.89 with an initial TCE DNAPL mass of 1.4 g, q = 5.012× 10-5 m/s, R = 1,
and θ = 0.355. In this simulation, β0, β1, and β2 were fitting parameters. Both Mayer et
al. (1999) and Zhong et al. (2003) reported experimentally determined values of the
modified Sherwood coefficients for the treatment of TCE with 4% Tween 80, and those
values were used as guidance for the calibration process. From Figure 2, β0 = 90, β1 =
1.04, and β2 = 1.18 which compared well with the values reported by Mayer et al. (1999)
and Zhong et al. (2003). These values were employed in the remediation of the TCE
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template sites. Figure G.2 also presents sensitivity analyses to Sh, and consequently Kl,
for the column experiment. While increasing Sh (and thus Kl) by an order of magnitude
has a pronounced influence on TCE solute concentrations with a greater peak and shorter
time to complete mass removal, decreasing the Sh by the same degree has a dramatic
effect, exhibiting LEA type dissolution behaviour.
1.0
0.9
0.8

10

× model fit

0.7

Model fit

C/Cs

0.6

1.18
Sh = 90 Re1.04 θ NW

0.5
0.4

Experimental

0.3

0.1 × model fit

0.2
0.1
0.0
0

5

10

15

20

25

30

PV

Figure G.2. Comparison of DNAPL3D-RX simulation (“model”) with TCE column experiment by Zhong
et al. (2003) using Tween 80 at 4%. Figure adapted from Zhong et al. (2003), Figure 3c, page 67. The
solid vertical line at PV = 6 is the number of pore volumes for the complete removal of the DNAPL, for
both the experiment and the model, under equilibrium conditions.

The final test was conducted using a column experiment by Mayer et al. (1999)
who flushed a column containing TCE with 1.6% Aerosol MA (see Figure G.3). The
model simulates a 5 cm column that was discretized into 1 cm blocks comprising an SE =
0.92. In addition, the q = 5.012 × 10-5 m/s, R = 1 and θ = 0.358. From Figure G.3, it can
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be seen that the match is excellent. The modified Sherwood coefficient were β0 = 890, β1
= 0.98, and β2 = 1.12 and compared with the values reported by Mayer et al. (1999).
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Figure G.3. Comparison of DNAPL3D-RX simulation (“model”) with TCE column experiment by Mayer
et al. (1999) using Aerosol MA at 1.6%. Figure adapted from Mayer et al. (1999), Figure 3c, page 2968.

G.3.3 Sorption

The sorption of Tween 80 on porous media has been experimentally observed to
follow either Freundlich (Franzetti et al., 2006) or Langmuir (Taylor et al., 2001; Abriola
et al., 2005) isotherms. The latter is adapted for this work, where the retardation factor
for the Tween 80 (Rsurf) is given by:
R surf = 1 +

ρb b S
θ (1 + bCsurf )2
MAX

(G4)
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where b is the Langmuir constant {L3 M-1}, Csurf is the concentration of the surfactant {M
L-3}, and SMAX is the maximum sorption capacity. Due to the varying foc within the model
template sites, an empirical expression was developed for SMAX as a function of foc. The
relationship between SMAX and foc has been reported by several authors (Taylor et al.,
2001; Abriola et al., 2005; Ahn et al., 2008) for a variety of unconsolidated aquifer
materials. This data is plotted on Figure G.4 and was utilized to generate the following
best-fit expression with EXCEL for an R2 = 0.99:
S MAX = 0.1659e (1.9876 foc )
(G5)

100.0

S MAX = 0.166e (1.988 foc )
R2 = 0.99

SMAX (mg/g)

10.0

Experimental

Best-fit

1.0

0.1
0.0

0.5

1.0

1.5
f oc (%)

2.0

2.5

3.0

Figure G.4. Statistical best-fit to experimentally determined values of SMAX (maximum sorption capacity for
a Langmuir isotherm) reported by Taylor et al. (2001), Abriola et al. (2005) and Ahn et la. (2008) for a
variety of soil types.
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The sorption behaviour of TCE and PCE solute in the presence of surfactant is
based on the work by Edwards et al. (1991) for nonionic surfactants. In the foregoing
study, the authors present modified sorption coefficients (KD) that account for monomer
sorption on soil carbon and the partitioning of solute between the micelles, contiguous
aqueous phase, and soil sorption sites. In the absence of surfactant (i.e., Csurf = 0 mg/L),
solute sorption is assumed to follow an equilibrium linear isotherm given by:
Rsolute = 1 +

ρb
ρ
K D = 1 + b K oc f oc
θ
θ
(G6)

where Rsolute is the retardation factor for either TCE or PCE, KD is the distribution
coefficient, and Koc the organic carbon partition coefficient of the solute {L3 M-1}. In the
presence of surfactant the solute sorption is described by:
Rsolute = 1 +

ρb
K D , surf
θ
(G7)

where KD,surf is the distribution coefficient in the presence of surfactant and is dependent
on the concentration of surfactant. If the Csurf < CMC (but greater than zero) KD,surf is
given by (Edwards et al., 1991):
*
K D<,CMC
surf = K oc f oc

(G8)
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where f oc* is the effective fraction of organic carbon after surfactant adsorption, and is
described by:
f oc* = f oc + S surf f carbon

(G9)
and
S surf =

b S MAX Csurf
1 + b Csurf
(G10)

where fcarbon is the weight fraction of carbon in the surfactant and Ssurf is the sorbed
concentration of surfactant {M M-1}. When the aqueous concentration of surfactant is
greater than the CMC, the solute distribution coefficient is as follows (Edwards et al.,
1991):
K D≥,CMC
surf =

K oc f oc*
1 + K mVm (Csurf − CMC )

[

]
(G11)

where Km is the micelle-water partition coefficient and Vm is the molar volume of water
{L3 M-1}. Although the micelle-water partitioning is not explicitly modelled for
advection and dispersion, it is implicitly utilized here for the evaluation of solute
sorption. Finally, following the work by Liu et al. (1992), once the micellar solubilized
chloroethene species is formed, it is assumed to be a non-sorbing mobile species.
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G.3.4 Mobilization

Surfactant induced mobilization of DNAPL in the subsurface is a topic of great
concern and one of the primary detractors for SEAR. Mobilization has been studied by
many researchers (e.g., Mason and Kueper, 1996; Pennell et al., 1996; Conrad et al.,
2002; Suchomel et al., 2007) in one- and two-dimensional laboratory experiments. In
terms of modelling, both the incorporation (Delshad et al., 1996) and omission
(Rathfelder et al., 2001) of surfactant-induced migration have been published. While
many experiments have demonstrated significant migration of DNAPL following
surfactant flushing, a recent study with Tween 80 and TCE by Suchomel et al. (2007)
witnessed only a relatively moderate reduction in TCE interfacial tension due to the
surfactant: the IFT decreased from 35.2 dyn/cm to 10.4 dyn/cm. In addition, the authors
visually observed only minor TCE mobilization, followed by re-entrapment, during the
two-dimensional surfactant experiment. Similarly, in two-dimensional flushing
experiments with PCE and Tween 80, Taylor et al. (2001) did not observe any surfactantinduced mobilization of the DNAPL. Although mobilization is dependent on the total
trapping number (Pennell et al., 1996), the above observations lend credence to the
approach assumed by Rathfelder et al. (2001). For this study, surfactant-induced
migration of DNAPL is also omitted. Although this assumption is not applicable to all
real aquifers, it permits the evaluation of enhanced solubilization in a computationally
efficient manner. Under the current setup, computational run-times for the surfactant
simulations in Table G.3 ranged from 3 to 6 weeks on PCs equipped with an Intel Core 2
Duo E6750 CPU operating at 2.66 GHz with 2 Gb of 800 MHz Corsair Dominator RAM.
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Table G.3. Schedule of SEAR simulations
Simulation
No.

Template site

1
2
3
4
5
6a

Base case (TCE)
High mean k
Low mean k
Low heterogeneity
High heterogeneity
Small DNAPL volume
(post-HD)
Small DNAPL volume
(pre-HD)
Large DNAPL volume
PCE DNAPL

6b
7
8

SEAR
injection time
(days)
22
2
223
29
11
5
5
48
35

G.4 Metrics of Evaluation

All simulations (see Table G.3) were examined using the performance metrics of
source zone DNAPL mass (equation 5.22), downgradient total boundary mass flux
(equation 5.23), DNAPL mass depletion enhancement factor (Em, equation 5.29), and
boundary mass flux enhancement factor (Ef, equation 5.30). The expressions for
normalized boundary mass flux (Fnorm, equation 5.27), normalized concentration (Cnorm,
equation 5.28), and normalized DNAPL mass (Mnorm, equation 5.28) are utilized to
evaluate the influence of surfactants on Γ (Falta et al., 2005a).
G.5 Results

Each of the template sites were subjected to both dissolution (i.e., no treatment)
and treatment with surfactants (SEAR) following the schedule in Table G.3. All model
results are compared to the base case template site to assess the influence of soil structure
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and DNAPL characteristics on treatment efficacy. The DNAPL mass depletion and
boundary mass flux enhancement factors at 10 years are summarized in Table G.4. As an
example, only the DNAPL mass and total boundary mass flux plots for simulations 1, 2,
and 3 are presented in Figure G.5 and Figure G.6. The corresponding plots for all the
template sites are provided in Figure G.7 to Figure G.14, but are not discussed. Finally, a
plot of the DNAPL mass versus the mass flux for all the template sites is provided in
Figure G.16. This too is not discussed, but is included for completeness as similar plots
were generated for chemical oxidation and enhanced bioremediation. As with the other
remedial technologies, the DNAPL mass versus mass flux plot (Figure G.16) was not
generated for the entire simulation period, but rather, was corrected for the absence of
solute at the initiation of the simulations. Thus, the subject plot is comparable to those
same plots for dissolution, chemical oxidation and bioremediation, but does not capture
the early-time pulse and heightened micellar solubilization effects observed in Figure G.5
to Figure G.14.
Table G.4. Em and Ef at 10 years.
Simulation
No.

Template site

1
2
3
4
5
6a

Em

Ef

Base case (TCE)
1.20
2.19
High mean k
clean (1)
clean (1)
Low mean k
1.05
0.79
Low heterogeneity
1.21
2.96
High heterogeneity
1.13
3.97
Small DNAPL volume
1.08
3.00
(pre-HD)
6b
Small DNAPL volume
1.09
3.42
(post-HD)
7
Large DNAPL volume
1.32
2.22
8
PCE DNAPL
2.70
2.64
(1)
All DNAPL mass and boundary mass flux was eliminated.
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G.5.1 DNAPL Source Zone Mass Removal

Figure G.5 compares the DNAPL mass for the base case (moderate mean k), low
mean k, and high mean k template sites. From Table G.4 and Figure G.5 it can be
observed that SEAR is highly effective in the base case and high mean k domains at
removing DNAPL mass. In fact, the DNAPL mass in the high mean k was completely
depleted by 8 years. An additional point of interest is the pseudo-stagnation phase in the
base case and low mean k simulations that occurs shortly after injection commences. For
the figures, pseudo-stagnation is depicted by the DNAPL mass for the treatment
simulation having a greater magnitude than the corresponding dissolution simulation; in
some plots, a period of plateau ensues. Given the large quantity of DNAPL present in the
domain, and reliance of dissolution on differential concentration in equation (5.4), the
initial injection of surfactant yields near-equilibrium concentrations of TCE solute (i.e.,
near 39000 mg/L) throughout large volumes of domain. Once near-equilibrium
conditions develop at a DNAPL node, interphase mass transfer becomes minimal until
the super-concentrated solute is flushed out of the node. The duration of required flushing
is dependent on advection and dispersion, thus highly permeable domains or highly
conductive features (e.g., lenses) will be more responsive than their low permeable
counterparts. In the case of the low mean k template site, approximately 9.5 years was
required before pseudo-stagnation phase diminished and the benefits of surfactant
flushing were realized.
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Figure G.5. TCE DNAPL mass for the base case (BC), low mean k and high mean k template sites. The
label “diss” denotes dissolution only (no treatment) and “surf” denotes SEAR. Note that the “BC surf”
output was insensitive to a one order of magnitude increase and decrease in the Kl. Surfactant injection
times for the base case, high mean k, and low mean k simulations were 22, 2 and 223 days, respectively
(see Table G.3). Vertical arrows denote injection times greater than 20 days.

Similar to Figure G.2, sensitivity analyses were conducted to Sh (and Kl) for the
base case template site. Although 10 × Kl and 0.1 × Kl for the calibrated “model fit” had a
significant impact on enhanced dissolution behaviour in the aforementioned column
simulation, when employing the same order of magnitude adjustments to Kl for the base
case template site produced a negligible change to the field-scale output.
G.5.2 DNAPL Source Zone Mass Flux

The TCE boundary mass flux for the base case, mean high k and mean low k
template sites is presented in Figure G.6 where the trends are similar to those of DNAPL
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mass. The base case and high mean k template sites experienced a peak treated TCE
mass flux of approximately fifteen and three fold greater than that for dissolution,
respectively. The low mean k template site has a treated mass flux greater than
dissolution for the 10 year duration, with the former having a peak signature
approximately 30 fold greater than the latter. As advection decreases within the domain,
the differential peak mass flux increases, as does the time for the treated mass flux to
decrease below the corresponding dissolution simulation.
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Figure G.6. Total TCE boundary mass flux for the base case, low mean k and high mean k template sites.
Surfactant injection times for the base case, high mean k, and low mean k simulations were 22, 2 and 223
days, respectively (see Table G.3). Vertical arrows denote injection times greater than 20 days.
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Figure G.7. TCE DNAPL mass for the base case, small variance and large variance template sites.
Surfactant injection times for the base case, small variance, and large variance simulations were 22, 29 and
11 days, respectively (see Table G.3). Vertical arrows denote injection times greater than 20 days.
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Figure G.8. TCE DNAPL mass for the base case, small volume (post-HD) and large volume release
template sites. Surfactant injection times for the base case, small volume, and large volume simulations
were 22, 5 and 48 days, respectively (see Table G.3). Vertical arrows denote injection times greater than
20 days.
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Figure G.9. Influence of pre- and post-hydraulic displacement (HD) small DNAPL volume template sites.
Surfactant injection times for the pre- and post-HD simulations were 5 days (see Table G.3). Vertical
arrows denote injection times greater than 20 days.
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Figure G.10. DNAPL mass for the TCE base case and PCE template sites. Surfactant injection times for
the base case and PCE simulations were 22 and 35 days, respectively (see Table G.3). Vertical arrows
denote injection times greater than 20 days.
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Figure G.11. Total TCE boundary mass flux versus time for the base case, small variance and large
variance template sites. Surfactant injection times for the base case, small variance, and large variance
simulations were 22, 29 and 11 days, respectively (see Table G.3). Vertical arrows denote injection times
greater than 20 days.
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Figure G.12. Total TCE boundary mass flux versus time for the base case, small DNAPL volume and large
DNAPL volume template sites. Surfactant injection times for the base case, small volume, and large
volume simulations were 22, 5 and 48 days, respectively (see Table G.3). Vertical arrows denote injection
times greater than 20 days.
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Figure G.13. Influence of pre- and post-hydraulic displacement (HD) on the small DNAPL volume
template sites total TCE boundary mass flux. Surfactant injection times for the pre- and post-HD
simulations were 5 days (see Table G.3). Vertical arrows denote injection times greater than 20 days.
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Figure G.14. Total TCE and PCE boundary mass flux versus time for the base case and PCE template
sites. Surfactant injection times for the base case and PCE simulations were 22 and 35 days, respectively
(see Table G.3). Vertical arrows denote injection times greater than 20 days.
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Figure G.15. Normalized TCE or PCE boundary mass flux and normalized boundary solute mean
concentration versus normalized DNAPL source zone mass for dissolution. Due to the initial absence of
solute in the domain the results have been adjusted to discount the effects of initiating the simulations
without prior dissolution; hence, the low mean k site is omitted. Note that in the legend “pre” and “post”
refer to HD, “F” denotes flux and “C” denotes concentration.
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Figure G.16. Normalized TCE or PCE boundary mass flux and normalized boundary solute mean
concentration versus normalized DNAPL source zone mass for SEAR. Due to the initial absence of solute
in the domain the results have been adjusted to discount the effects of initiating the simulations without
prior dissolution; hence, the low mean k site is omitted. Note that in the legend “pre” and “post” refer to
HD, “F” denotes flux and “C” denotes concentration.

G.6 Conclusions

The successful treatment of DNAPL source zones by SEAR is highly dependent
on the extent of surfactant sweep and duration of time required to completely flush the
surfactant from the domain. Shortly following the initial injection, the DNAPL mass
depletion experiences a period of pseudo-stagnation due to near-saturation of the
contiguous aqueous phase. Once this high concentration fluid is flushed from the
domain, DNAPL mass depletion accelerates, and enhancement is achieved (i.e., Em >
1.0). Depending on the site, a 90 to 99.88% reduction in peak surfactant boundary mass
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flux occurred before this enhancement ensued. As expected, the injection of the
surfactant leads to a increase in boundary mass flux, followed by enhancement relative to
dissolution (i.e., Ef > 1.0).
At 10 years, Em varied from 1.05 to 2.70. Similarly, ranges of 0.79 to 3.97 were
calculated for Ef. The exception to these values was the high mean k site, which
experienced complete DNAPL mass depletion and mass flux elimination. The low mean
k site was the only simulation to experience an Ef < 2 and, in fact, had an Ef of 0.79
owing to the inability to flush the pseudo-stagnation phase within the 10 year time frame.
Apart from the clean-up of the high mean k site, the PCE site experienced the greatest Em,
while the high heterogeneity (TCE) site had the largest Ef. In terms of DNAPL release
volumes, the largest DNAPL release had the greatest Em, while the post-HD small
DNAPL release had the greatest Ef. The differences between the pre- and post-HD
simulations were negligible.
The results suggest that while SEAR is consistently effective at enhancing
DNAPL mass depletion and mass flux reduction relative to dissolution, a beneficial
response in low permeability domains may be prolonged. In addition, the site
characteristics conducive to the largest Em do not necessarily manifest the same degree of
Ef. When considering normalized DNAPL mass versus normalized boundary mass (and
concentration), Γ was remarkably different between SEAR and dissolution. For the
latter, Γ was typically between 0.5 and 2, but for SEAR Γ was greater than 1 and even
exceeded 10. Also, in the case of SEAR, some dissolution tailing was observed for some
sites.
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Results indicate that DNAPL source zones treated with SEAR will be most
responsive to multiple injection pulses that are timed to avoid overlapping pseudostagnation phases, yet scheduled to avoid long-term dissolution tailing effects. This
approach will potentially lead to more rapid site reclamation.
G.7 Notation

an

effective interfacial area {L2 L-3}

b

Langmuir sorption constant {L3 M-1}

C

concentration {M L-3}

Cnorm normalized mean average concentration or concentration reduction
Cs

effective solubility {M L-3}

CMC critical micelle concentration {M L-3}
d50

mean grain size diameter {L}

D

hydrodynamic dispersion tensor {L2 T-1}

Dº

free water diffusion coefficient {L2 T-1}

Em

DNAPL mass enhancement factor

Ef

boundary mass flux enhancement factor

fcarbon weight fraction of carbon in the surfactant
Fnorm normalized boundary mass flux or flux reduction
foc
f oc*
g

factor of organic carbon
effective fraction of organic carbon after surfactant adsorption
gravitational acceleration {L T-2}
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h
k

hydraulic gradient
permeability {L2}

KD,surf distribution coefficient in the presence of surfactant
kij

intrinsic permeability tensor {L2}

kla

average mass transfer coefficient {L T-1}

Kl

lumped mass transfer coefficient {T-1}

Km

micelle-water partition coefficient

ko

original permeability {L2}

Koc

organic carbon partition coefficient

kr

relative permeability {-}

MDNAPL DNAPL mass in domain {M}
Mf

total boundary mass flux {M L-2 T-1}

Mnorm normalized DNAPL mass or DNAPL mass reduction
P

pressure {M L-1 T-2}

PC

capillary pressure {M L-1 T-2}

q

Darcy flux {L T-1}

Q

volumetric flow {L3 T-1}

qs

volumetric flux representing sources and/or sinks {T-1}

R

retardation factor

Re

Reynolds number

S

phase saturation

SE

effective saturation
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SMAX

maximum sorption capacity

Ssurf

sorbed concentration of surfactant {M M-1}

Sh

modified Sherwood number

t

time {T}

v

average linear groundwater velocity {L T-1}

V

volume of a node {L3}

Vm

molar volume of water {L3 M-1}

x

horizontal longitudinal direction

y

vertical direction

z

horizontal transverse direction

∆x

nodal dimension along x direction {L}

∆y

nodal dimension along y direction {L}

∆z

nodal dimension along z direction {L}

X

dimension of domain along x {L}

Y

dimension of domain along y {L}

Z

dimension of domain along z {L}

α

porous medium compressibility {M-1 L T2}

αx,y,z

dispersivity {L}

β

wetting phase compressibility { M-1 L T2}

β0,1,2

fitting parameters

εrel

relative difference in saturation

Γ

fitting parameter
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λH

horizontal isotropic correlation length {L}

λV

vertical isotropic correlation length {L}

μ

dynamic viscosity {M L-1 T-1}

μln k

mean of ln k {ln (L2)}

ρ

fluid density {M L-3}

σ ln2 k

variance of ln k {[ln (L2)]2}

τ

tortuosity

θ

porosity

θNW

Non-wetting phase content

ℜ

rate of all reactions {M L-3 T-1}

Common subscripts
i, j

coordinate indices for x, y, z

W

wetting phase

NW

non-wetting phase

m

mobile species

im

immobile species

Common superscript
0

initial condition

n

species number
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