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Abstract 

Chemical fate models can provide insights into processes influencing environmental fate and 

bioaccumulation of chemicals. Currently, experimental data are generally obtained for regulatory 

assessment of organic chemicals; however, it is believed that concentration- or fugacity-based 

fate models can be very useful for making estimations prior to testing or for assisting in the 

interpretation of results. This thesis aims to take a modelling perspective on regulatory aspects of 

chemical assessment by addressing the three main criteria used internationally for regulation 

including Persistence, Bioaccumulation, and Toxicity (PBT) of chemicals. Regulations usually 

use ‘bright-line’ or ‘pass/fail’ criteria, which may not take all relevant considerations into 

account, especially when assessing chemicals with new or unusual physical chemical properties. 

Four studies are presented each of which address relevant issues observed in assessing chemical 

fate including i) kinetic delays seen in highly hydrophobic substances, which may obscure 

persistence assessments, ii) assessment of lipid-normalization for calculating bioaccumulation 

metrics, iii) presentation of the Chemical Exposure Toxicity Space (CETS) tool for estimating 

successful toxicity test conditions, and iv) application of the CETS tool to two non-fish aquatic 

organisms. It is demonstrated that simple uptake models can be used to successfully address 

these problems and the benefit of estimating results before conducting experiments is discussed. 

It is demonstrated that using simple chemical fate or bioaccumulation models can be very useful 

by providing insight into unexpected results as well as to help prevent wasted tests by predicting 

results beforehand.  
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L Lipid fraction - 

M Mass kg 

MW Molecular weight g·mol-1 

n moles mol 

N Flux mol·h-1 

P Pressure Pa 

QC Ratio of diet to egestion rate constants  - 

Qf Ratio of diet to egestion D-values  - 

R Gas constant J·mol-1·Pa-1 

SL Liquid-state solubility  mol·m-3 

SS Solid-state solubility mol·m-3 

SW Aqueous solubility g·m-3 

t Time h 

T Temperature K 

t_E Time at equilibrium conditions h 

t_NE Time at near-equilibrium conditions h 
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tE Actual time-to-death h 

tM Model-estimated time-to-death h 

TM Melting point K 

U Deposition velocity m·h-1 

V Volume m3 

vP Volume fraction of particles - 

x Mole fraction of chemical in aqueous phase  - 

y Mole fraction of chemical in gas phase  - 

∆y Distance m 

Z Z-value mol·m-3·Pa-1 

β Regression slope  - 

γ Activity coefficient  - 

τ Characteristic time H 

ϕ Fugacity ratio  - 

Φ Phi, fractional approach to equilibrium  - 

ν  Molar volume  L·mol-1 
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Glossary 

 

Bioaccumulation factor: Ratio of fish to water concentrations with dietary intake 

 

Bioconcentration factor: Ratio of fish to water concentration with no dietary intake 

 

Biomagnification factor: Ratio of fish to diet concentrations 

 

Biotransformation: The alteration of a chemical, such as a drug, in the body 

 

Characteristic time: Time to reach 2/3 equilibrium, when most of the chemical uptake will have 

occurred. 

 

Critical body residue: Internal concentration of a chemical in an organism causing death. 

 

D-Value: Transport parameter used in fugacity calculations which is medium- and process-

specific.  

 

Deposition: The process of a particle landing on a surface due to the influence of Earth’s gravity, 

depositing any chemical that it may have accumulated. 
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Fugacity: An ‘escaping tendency’ which is identical to partial pressure in ideal gases. It is an 

equilibrium criterion applied to non-ideal systems and is related to both chemical potential and 

chemical concentration. 

 

Half-life (of degradation): The time it takes for the amount of a chemical to decrease by half due 

to degradation processes 

 

Hydrophobicity: A measure of the relative tendency of a solute to prefer a non-aqueous rather 

than an aqueous environment 

Incipient lethal activity: The chemical activity of a given chemical that causes death at stead-

state 

 

Incipient lethal concentration: The concentration of a given chemical that causes death at steady-

state  

 

Lethal concentration: The concentration of a given chemical present in a respiration medium that 

causes lethality  

 

Mass balance: Equations describing physical systems which are based on the law of conservation 

of mass in accounting for all material in both inputs and outputs.  

 

Mode of action: A classification scheme of chemicals that broadly define how toxicity is induced 

in an organism 
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Partition ratio: The ratio of chemical concentrations in two adjoining media at equilibrium. 

 

Subcooled: Refers to a liquid existing at a temperature below its melting point 

 

Trophic magnification factor: Average biomagnification factor over a food wed of several 

trophic levels 

 

Z-value: A ‘fugacity capacity’ which describes the capacity of a given medium for chemical 

accumulation 
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Chapter 1: General Introduction 

This thesis contributes to mass balance models that describe and quantify organic chemical fate 

in the environment. Society needs to manage these chemicals in order to minimize adverse 

effects. Most countries have developed regulations to manage these chemicals ever since the 

development of Stockholm Convention on Persistent Organic Pollutants (POPs).1 The Canadian 

Environmental Protection Act (CEPA)2 enacted in 1999 mandated that prioritization of the 

Canadian Domestic Substances List (DSL) be completed. Prioritization involves identifying 

compounds that meet criteria for Persistence and Bioaccumulation Regulations3 for nonhuman 

organisms. The toxic substances management policy then lays out a framework to establish 

whether chemicals are to be virtually eliminated or controlled.4 Currently, many thousands of 

chemicals require assessment and this number is constantly growing. Empirical data are 

preferred for assessment but relatively little empirical bioaccumulation data exist and 97% of 

compounds on the DSL that are categorized as ‘bioaccumulative’ have been categorized using 

predictive methods.5 Chemical fate, exposure, and effects are dependent on a chemical’s physical 

chemical properties. Environmental fate models using these data can provide insights into 

chemical fate and the role chemical properties play on that fate, as well as the adverse effects of 

chemicals. This is important since the growing number of chemicals being developed and 

released into the environment may include one with unusual physical chemical properties that 

may present difficulties for regulatory assessment.  

 

PBT regulatory criteria and models  

The conventional approach for regulating chemicals (both nationally and internationally) is to 

follow guidelines outlined in the Stockholm convention1 applying Persistence, Bioaccumulation, 
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and Toxicity (PBT) criteria. Persistence (P) or residence time refers to the amount of time a 

chemical resides in the environment. It is controlled by two properties: degradation half-lives and 

partitioning properties between media such as air, water, sediments, and biota. Partitioning 

properties are determined using experimentally obtained or estimated partition ratios (also called 

partition coefficient) and are specific to the media and chemical. A partition ratio is the ratio of 

chemical concentrations in two adjoining media/phases at equilibrium, shown in Equation 1:6-7  

!"# =
%"
%#
																																																																											(1) 

Where C1 is the concentration of the chemical in medium ‘1’, C2 is the concentration of that 

same chemical in medium ‘2’, and K12 is the partition ratio for that chemical between those two 

media or phases. Commonly used partition ratios include air-water (KAW), octanol-water (KOW), 

and octanol-air (KOA). Octanol is used as a ‘lipid surrogate’ in order to estimate partitioning into 

biological lipids in which hydrophobic organic chemicals are likely to bioaccumulate. Together 

these three partition ratios are used to predict partitioning into air, water, and lipid or organic 

matter phases in environmental contexts. There are several regulatory frameworks published by 

the Organization for Economic Co-operation and Development (OECD) for experimentally 

determining partition ratios.8-10 It is generally necessary to measure degradation half-lives which 

are both chemical- and medium-specific. Persistence is defined in the Stockholm convention as 

having a degradation half-life > 2 months in water, > 6 months in soil, or > 6 months in 

sediment. The convention also recommends that the half-life in air not exceed >2 days as a 

criterion for potential for long-range transport. 

 

Bioaccumulation (B) is chemical concentration increase in an organism compared to the medium 

in which it resides. B is assessed in a regulatory context by determining bioconcentration factors 
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(BCF), defined as the ratio of chemical concentration in an organism due to respiratory uptake to 

concentration in the medium it resides. The BCF for a fish (as an example) is defined in Equation 

2: 

*%+,-./ =
%,
%0

																																																																											(2) 

Where CF is the concentration in the fish due to uptake by respiration (mol·m-3 wet weight) and 

CW is the water concentration (mol·m-3). Experimental BCF values must be less than 5000 in 

order for a chemical to pass regulatory criteria and be deemed ‘non-bioaccumulative’. BCF 

values can also be estimated using bioaccumulation mass balance modelling methods which 

range in complexity.11-13 The simple 1-compartment differential biouptake equation describing 

the concentration in a fish is:14 

%, Δ3 = 4"%0 − 4#%,																																																																			(3) 

Equation 3 can be integrated to:11 

%, = %0
4"
4#

1 − 789:; 																																																										(4) 

Where k1 is the uptake by respiration rate constant (m3
water·m-3

fish·h-1), k2 is the rate constant for 

loss by respiration, and t is time (h). This model assumes that uptake and loss is by respiration 

only and assumes no metabolic biotransformation or growth of the fish. In addition to 

bioconcentration, metrics of biomagnification and bioaccumulation can be assessed. These are 

defined in Table 1. 

 

Table 1 Definitions for BCF, BAF, BMF and TMF 

Bio-uptake factors Definition 

Bioconcentration factor BCF Ratio of fish to water concentrations with no dietary intake 
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Bioaccumulation factor BAF Ratio of fish to water concentrations with dietary intake 

Biomagnification factor BMF Ratio of fish to diet concentrations  

Trophic magnification factor 

TMF 

Averaged BMF over a food web of several trophic levels 

 

Bioaccumulation models can be used to estimate these metrics as well as many other useful 

metrics that relate to chemical fate, such as residence time or amount of chemical in a given 

medium at a given time. Bioaccumulation models that take dietary uptake into account are 

essential for more hydrophobic compounds (log KOW > 5) as it has been demonstrated that 

dietary uptake is likely to be the dominant uptake mechanism in these cases.15-17 Since current 

regulations for bioaccumulation potential only assesses BCFs there is potential for 

misidentification of bioaccumulation potential of chemicals, such as highly hydrophobic 

chemicals which generally accumulate in organisms due to biomagnification rather than 

bioconcentration.17-18 Chemicals have been misidentified by the regulatory BCF test18-19 in recent 

years and this misidentification has been corrected based on reports from mass balance studies 

which were able to identify how these unusual chemical properties led to initial erroneous 

conclusions. These findings lend support to the growing campaign that incorporating mass 

balance modelling methods for regulatory use may be more robust and sometimes even more 

accurate, especially for chemicals with new or unusual properties.17-18   

 

Toxicity (T) is assessed using standard toxicity test methods, such as OECD 20220 or OECD 

20321 guidelines for acute toxicity tests of Daphnia magna and for fish, respectively. These 

toxicity tests are commonly fixed-duration tests and the objective is to determine the 
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concentration in the exposure medium that causes lethality to 50% of the test organisms (LC50) 

after a defined time of exposure. A second approach to toxicity tests are called time-to-event 

(TTE) or time-to-death (TTD) tests, in which a concentration is prescribed and the time to death 

(or other adverse effects) is measured. If toxicity is observed at concentrations occurring in the 

environment then the substance is considered to be toxic and is flagged for regulation. Toxicity 

test parameters are necessarily tightly controlled, for example oxygen saturation, temperature, 

number and condition of test organisms, test concentrations, and many others. This results in 

considerable expense as well as sacrifice of numerous organisms. It is thus desirable to avoid 

unnecessary or wasted toxicity tests that yield little or no useful information.  

 

Toxicity is most commonly assessed by measuring the lethal concentration (LC) during toxicity 

tests or by measuring the critical body residue (CBR) which is the internal organism 

concentration that causes death. It has been suggested that CBR values are a better metric since 

the exposure concentration is only a surrogate for the toxic dose within the body (and that the 

whole-body residue is a surrogate for the amount of chemical at toxic action sites).22 CBR values 

are also essential for developing physiologically-based pharmacokinetic (PBPK) and 

toxicokinetic models (PBTK). Despite this, there is a much larger abundance of published LC50 

data compared to CBR data, likely due to the difference in conceptual frameworks between 

theoretical toxicologists who focus on the toxicant concentration within the organism, and 

applied toxicologists who view exposure concentration as the critical factor.22 The mode of toxic 

action (MoA) may vary between chemicals and can be divided into four classes of compounds:23-

24 nonpolar narcosis (MoA1), which is defined as baseline toxicity caused by inert substances; 

polar narcosis (MoA2) which is caused by less inert and typically more polar toxic chemicals; 
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MoA3 refers to chemicals containing reactive functional groups which may react in a 

nonspecific manner with biomolecules; and MoA4 substances which interact with specific 

receptors in the body causing toxicity. Toxicity onset by MoA1 has been linked to chemical 

potential (µ) and chemical activity (a) values in pioneering studies conducted by Ferguson in 

193925 for MoA1 baseline narcotic compounds. Chemical activity is defined as: 

= = %-
>-
																																																																													 5  

Where S is liquid-state or aqueous solubility (S) and the subscript ‘i’ refers a given medium. As 

an equilibrium criterion, chemical activity may provide insights into exposure since the activity 

in the organism will approach the activity in the exposure medium. It has been observed that 

conversion of LC values to chemical activity separates chemicals depending on their MoA, with 

MoA1 having a range of 0.01 to 0.1, and other MoAs having lower values reflecting greater 

toxicity.26  

 

CBR values are generally reported as ‘wet-weight’ (CBRWW) meaning whole-body 

concentrations, but they may sometimes be reported instead as lipid-normalized concentrations 

(CBRLW) in which the concentration is normalized with respect to the lipid content of the 

organism, as shown in Equation 6: 

%*@A0 = %*@00 B																																																																	(6) 

Where L is the fractional lipid content in the organism. Lipid normalization is based on the 

simplifying assumption that bioaccumulative compounds will partition primarily into lipid 

biotissue and thus these values are expected to provide more constancy than wet-weight 

values.22, 27 This practice is often done in order to predict trophic magnification factors (TMFs) 

(which are essentially average BMF values for a food web) since the TMF is calculated using the 
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slope of organism concentration vs. trophic levels, therefore constancy in these concentrations 

will provide more precise TMF values.  

 

Emerging & unusual chemicals and mixtures 

Every year thousands of new chemicals are released into the environment, some having new or 

unusual properties. This has unfortunately resulted in misidentification in a regulatory context, 

including both false negatives18, 28 (falsely classifying a chemical as not requiring regulation) and 

false positives18-19 (falsely classifying a chemical as requiring regulation). Perfluorinated alkyl 

acids (PFAS) are a group of chemicals whose properties have made them subject to false 

negative classification. Perfluorooctanesulfonic acid (PFOS), a key ingredient in many fabric 

protectants, was tested and found to fail the bioconcentration criterion in fish; however 

subsequent studies found that it does biomagnify in terrestrial mammals.18 It is expected that 

other PFAS chemicals may behave the same way. Cyclic volatile methylsiloxanes (cVMS) are a 

group of compounds that are also subject to false positive classification. 

Octamethyltetracyclosiloxane (D4) is an intermediate chemical in the production of 

polydimethylsiloxane (PDMS) and is used in personal care products and silicon sealants. D4 may 

be released into the air and water due to residual D4 monomers escaping from PDMS-based 

products. D4 meets regulatory criteria for persistence in sediment and bioconcentration in fish.18 

It also has been observed that adverse effects occur in fish and in Daphnia magna. A subsequent 

modelling study found that D4 is rapidly hydrolyzed in water and that very little if any chemical 

actually reached the sediment where it is expected to persist. It is also a very hydrophobic and 

volatile substance and overall there is much less of it available to potentially bioaccumulate in 

aquatic organisms.  
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In both examples presented unusual chemical properties resulted in inaccurate assessments using 

PBT ‘bright-line’ criteria. The emergence of so many new types of chemicals has caused a 

backlog for regulatory assessments and misidentified chemicals has caused more work for 

convention partners as well as uncertainty in the reliability of current assessment methods. PBT 

guidelines were developed almost twenty years ago and since then there has been a great deal of 

research into the fundamental mechanisms driving chemical fate. There are test guidelines that 

have recently been published by the Organization for Economic Co-operation and Development 

(OECD) for conducting aquatic toxicity tests for ‘difficult to test substances and mixtures’;29 

however there is still a need for toxicity tests to be improved. For example, Hodson and 

colleagues30 have reviewed toxicity tests for oil products and believe that oil may be a ‘difficult 

to test’ substance and requires improved testing methods. 

With increased knowledge and understanding scientists can make more accurate predictions into 

chemical fate incorporating relevant chemical properties which, if new or unusual, may alter the 

fate in unexpected ways. Ideally, models can be used alongside experimental data in order to 

gain a more complete understanding of the fundamental processes determining fate.  

 

Summary 

The objective of this thesis is to contribute to improving the identification of the fate of organic 

chemicals in the environment by applying fundamental thermodynamic and kinetic chemical fate 

relationships. Three distinct but related aspects are addressed including i) chemical fate of highly 

hydrophobic chemicals ii) effects of lipid-normalization on relevant bioaccumulation parameters, 

and iii) development of a simple model-based tool to aid in determining successful toxicity test 
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parameters. This thesis has relevance to the issue of chemical bioaccumulation and toxicity as 

components of regulatory programs such as CEPA2 in Canada, the Toxic Substances Act31 in the 

United States and the Registration, Evaluation, Authorization, and Restriction of Chemicals 

(REACH)32 program in the EU. 
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Chapter 2: Theoretical Background 

2.1 Fugacity 

Fugacity (f) is an equilibrium criterion value that is similar to partial pressure and is derived from 

the Latin word fugere, describing a ‘fleeing’ or ‘escaping’ tendency. Thermodynamically 

fugacity can be defined for a chemical in a gaseous system as:1 

! = #$%&																																																																																(7) 

Where y is the mole fraction of the chemical, $ is the fugacity coefficient (which is equal to the 

ratio of fugacity to pressure), PT is total atmospheric pressure, and both fugacity and pressure are 

in units of Pa. The ideal gas law is: 

%&+ = ,-.																																																																													(8) 

Where V is volume (m3), n is moles, R is the gas constant, and T is temperature (K). The 

concentration (CA) can be substituted into the ideal gas law as CA=yn/V to obtain: 

%&# = 01-.				23				01 =
%&#
-. 																																																													(9) 

Equation 7 can be substituted into Equation 9 to obtain  

01 =
1

$-. !																																																																									(10) 

The term 7
89&

 can be grouped together as a constant, ‘Z-value’ which is a fugacity capacity 

with units of mol m-3 Pa-1. Equation 10 then simplifies to: 

01 = :1!																																																																												(11) 

 The $ term rarely deviates appreciably from unity under environmental conditions, exceptions 

being at low temperatures, under high pressure, or if there are chemical interactions. For 

describing a system of air under environmental, temperate conditions at very low concentrations 

ZA for all non-interacting substances is (1/RT) or 4x10-4 mol·m-3Pa-1. 
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For an aqueous or liquid system fugacity is thermodynamically defined as:1 

!; = <;=;!9																																																																								(12) 

Where xi is the mole fraction, γi is the activity coefficient, and fR is the reference fugacity on a 

Raoult’s law basis. If we assume the liquid system is water containing a very small amount of 

solute (i) such as some environmental contaminant then Vi�VW and ni�nW, and 

0; = ,; +; + +@ = ,; +@ 																																																			(13) 

But 

+@ = ,@B@																																																																		(14) 

And 

<; = ,; ,; + ,@ = ,; ,@ 																																																(15) 

Therefore 

0; = <; E; 																																																																		(16) 

Substituting Equation 16 into Equation 12: 

!; = 0;B@=;!9 			→ 			 0; = 1 B@=;!9 !; = :@!;																																				 17  

The term B@=;!9 is equal to the Henry’s law constant, which is also equal to Pi/Ci and can be 

experimentally determined, therefore ZW can be readily calculated as 1/H for a given substance. 

Z-values in other media can be deduced using partition ratios and ZA or ZW values because by 

definition partition ratios are values that apply at equilibrium and fugacities in adjoining phases 

at equilibrium are equal, therefore combining Equations 7 and Equation 11: 

H@; = 0@ 0; = :@! :;! =:@ :; 		→ 	:; = :@ H@; 																									(18) 

Other Z-values (such as soil and biota) have been defined in Mackay.1 
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Fugacity is thus linearly related to concentration and is also logarithmically related to chemical 

potential, making it an equilibrium criterion. Fugacity is equal to vapour pressure under low 

partial pressure and ideal conditions meaning absolute values can be established. It is thus ideal 

and relatively simple to use fugacity for modeling transport processes in environmental fate 

models as the equilibrium status of the system is transparent and values can be readily converted 

to concentrations. The next section will cover chemical fate modelling in an environmental 

context using both conventional concentration format and fugacity format.   

 

2.2 Concentration-based environmental fate models  

Modelling chemical fate in environmental systems requires consideration as to whether the 

system can be assumed to be at equilibrium, steady-state, or a dynamic state. Modelling 

equilibrium conditions, termed Level 1 models, is relatively simple and can be done using 

partition ratios as shown in Equation 18. Level 2 models consider advection transport processes 

and chemical reactions and assume steady-state and intermedia equilibrium. Level 3 models 

assume steady-state and treat intermedia transport. Level 4 models are dynamic models which 

predict transport and toxicity processes over time.  

 

Advection is the directed movement of a chemical by virtue of its presence in a medium that 

happens to be flowing, such as a river or an air current. Advection rates (NAdv) can be expressed 

as: 

I1JK = 	LM0;M = N2O/ℎ																																																													(19) 
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Where G is the flow rate of the medium ‘B’ (m3h-1) and C is the concentration of solute ‘i’ in 

medium ‘B’ (mol·m-3). Chemical reactions such as degradation (NRx) may occur which can be 

expressed as: 

I9R = +M0;MS;																																																																		(20) 

Where VB is the volume of the medium (m3) and ki is the reaction rate constant (h-1). Intermedia 

transport includes transport between media that is not due to advection such as diffusive 

processes. These may include evaporation, sorption (such as to particulate matter), desorption, 

diffusion within solid-phase media such as soils, or travel into various biotissue within 

organisms, such as into the blood from digestive lining. Diffusive transport can be described 

using Fick’s law of diffusion. At steady-state Fick’s law states:  

I = −UV∆0 ∆X																																																												(21) 

Where N is flux of chemical (mol·h-1), B is the diffusion coefficient (m2·h-1), A is area (m2), and 

∆Y is distance (m). For modelling purposes the diffusion coefficient and distance may be 

combined and defined as a mass transfer coefficient, kM, with units of m·h-1. 

SY = −U ∆X																																																															(22) 

I = SYV∆0																																																																(23) 

The rate of chemical transfer in mol·h-1 can then be set up as: 

.2Z[O	\,!O]<	3[Z^ = \,_]Z	3[Z^ − 2]Z_]Z	3[Z^ 																																		(24) 

 

Concentration-based bioaccumulation models 

Bioaccumulation, bioconcentration, and biomagnification can be modelled using a simple 

biouptake mass balance equation similar to Equation 24. For example, a simple bioconcentration 

model for a fish can be expressed as:2-3 
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0` Z = 0@S7 − 0`Sa																																																																(25) 

Where CF is fish concentration, t is time (h), k1 is the uptake rate constant (m3·m-3·h-1), and k2 is 

the rate constant for loss. This equation assumes uptake is by respiration only and that losses by 

biotransformation and growth are negligible; however these processes can be added. In order to 

solve Equation 25 the initial fish concentration must be known or assumed (usually an 

assumption of zero is made). This equation can be integrated to give a dynamic version, shown 

in Equation 26: 

0` = 0@ S7 Sa 1 − ^bcde 																																																				(26) 

Equations 25 and 26 are applicable to 1-compartment uptake models, implying that the organism 

is treated as a single ‘compartment’ composed of a single phase and therefore does not account 

for various tissues which may have differing partitioning properties nor does it treat time-

dependent distributions within the fish. 1-compartment bioaccumulation and bioconcentration 

models have mainly been developed for fish and other aquatic organisms.4-6 More complex 

multi-compartment models such as PBTK and PBPK models have been developed to predict 

absorption, distribution, metabolism, and excretion (ADME) processes for various organisms 

including fish7-8 and other aquatic organisms,9-10 mammals,11 and humans.12 These models can 

outperform single compartment models13 but they also require an increased number of input 

parameters, some of which might not be known or difficult to estimate. 1-compartment models 

usually suffice for predicting whole-body concentrations whereas multi-compartment models are 

generally used for predicting concentrations or toxicities in specific tissues or organs.13  
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2.3 Fugacity-based environmental fate models 

Fugacity-based relationships can be used to develop environmental fate models and are very 

useful for modeling transport processes because they show the equilibrium status of the chemical 

flow. Modelling equilibrium conditions can be done by simply using Equation 18, however most 

systems are not at equilibrium and require consideration of advection, chemical reactions, and 

intermedia transport. Level 3 or level 4 models are generally the most useful as they account for 

all of these processes.  

 

Transport processes in fugacity format are generally expressed using ‘D-values’, which have 

units of mol·Pa-1h-1. D-values and fugacities are calculated and the rate of transport for each 

process is: 

3[Z^ = fgM!M 	= 	N2O ∙ ℎb7																																																											(27) 

Where ‘j’ represents a given advective, reaction, or intermedia transport process and ‘B’ 

represents the medium from which there is chemical loss. For advection D-values can be 

calculated as 

fM = LM:M					23				f = i;MVM:M																																																					 28  

Where UiB is the rate constant for advective movement and AB is the surface area of the medium 

through which transport occurs. For advective transport into a medium from outside the system 

(such as inflow from a different lake) it may be more convenient to use Equation 19 since it is 

not particularly useful to estimate fugacities outside the system. For chemical reactions D-values 

are calculated as  

f9 = +MS;9:M																																																																			(29) 



	

	 20	

Where kR is the reaction rate constant. For intermedia transport, diffusive processes can be 

calculated as  

fj = SYVM:M																																																																						(30) 

Where kM is the diffusive mass transfer coefficient as defined in Equation 22. For other mass 

transport processes the general equation for the corresponding D-value is: 

f = SgVM:M																																																																						(31) 

Where kJ is the rate constant for the given transport process. Mass balance equations can be set 

up for each compartment and steady-state compartment fugacities calculated. Bioaccumulation 

models are set up in the same manner as chemical fate models with D-values calculated as 

fM;k = +lSg:l																																																																	(32) 

Where VC is the organism volume and ZC is the source Z-value which may include the diet, 

respiring medium, or organism itself. Dynamic versions of these equations can be set up for both 

fugacity and concentration versions such as the simple bioaccumulation model in Equation 26. 

These equations can be derived by integrating the corresponding mass balance steady-state 

equations.  

 

Many fugacity-based environmental fate models have been developed such as the four-

compartment EQC model14 and QWASI.15 Fugacity-based bioaccumulation models have also 

been developed for fish4, 8 and food webs models for both aquatic and terrestrial organisms 

including humans such as RAIDAR16-17 and RAIDAR-ICE.12 
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2.4 Advantages and disadvantages of using models 

There are many advantages to utilizing mass balance models, for example conducting sensitivity 

analyses of various parameters, which can reveal implications of environmental and chemical 

changes to the system. This process can be used to deduce the most important parameters for 

specific chemical types and specific environments; for example, Monte Carlo probabilistic 

simulations can be run in order to evaluate given model parameters. Models treat chemicals by 

taking relevant physical-chemical properties into account, making them a useful tool for 

predicting fate for chemicals with properties outside of the domain of applicability of bright-line 

criteria.  

 

While models can be incredibly useful, they also have several limitations. As with any set of 

equations there are assumptions and limitations and these should be both known and understood 

to modellers and to anyone who subsequently interprets these results. The system properties must 

be similar to the actual environment without becoming overly complicated or having too many 

parameters that are unknown/not well documented. Models may need to be used by scientists 

who are experienced or have been trained to use them. These situations run the risk of producing 

inaccurate results, or the ‘Garbage in, Garbage out’ concept that refers to using flawed or 

inaccurate input data in predictive models.  

 

2.5 Octanol as a surrogate for partition ratios 

Octanol is often used as a surrogate for organic matter such as lipid tissue, biota (such as aquatic 

animals or plants), and for substances with a significant amount of organic matter such as dust or 

other particulate matter. This assumption is based on pioneering work of Overton18 and Meyer19 
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who used olive oil/water solutions as a surrogate for studying partitioning tendencies in the body 

that were hypothesized to be due to hydrophobic properties of the chemical. It was demonstrated 

that baseline narcotics would induce narcosis at relatively constant concentrations. Subsequent 

work used octanol/water systems20 and octanol became accepted as a more reproducible standard 

descriptor of hydrophobicity. Some scientists have attempted to find better, more realistic 

descriptors; however octanol has remained the ‘gold standard’ as the generic descriptor of 

hydrophobicity and is often used to describe partitioning to any lipophilic phase. This is likely 

due in part to the extensive databases that are available for KOA and KOW values as well as many 

correlations to relevant bioaccumulation and environmental fate parameters, including a widely 

used correlation to the organic carbon partition ratio (KOC) where KOC=0.41KOW.1 The octanol 

surrogate approach is somewhat limited by the assumption that a chemical will only partition 

into lipid tissue, an assumption that is widely accepted and generally serves as a good first 

approximation but is not always accurate, as it has been observed that chemicals may partition 

into protein tissues as well.21 Pharmacokinetic models that predict distribution to various tissues 

often employ tissue-specific partition ratios; however 1-compartment models often use octanol-

based partition ratios that may be scaled, for example to account for lipid content. 

 

2.6 Experimental data uncertainty 

Environmental and bioaccumulation-related constants are important for assessment of chemical 

impact in a given environmental system. It has been observed that there is a great deal of 

variability, sometimes over orders of magnitude, reported by various studies for a single 

constant, including partition ratios, solubilities, vapour pressures, and other environmental 
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constants.22 Goss and Schwarzenbach23 found that reported organic carbon partition ratio values 

for atrazine (log KOC) ranged over two orders of magnitude, from 1.3 to 3.5. 

 

Substantial variability also exists for bioaccumulation data. BCF literature values reported for 

terrestrial plants often vary over an order of magnitude; this was believed to be mainly a result of 

differences in experimental approaches.24 There is also a lot of variability seen for data in aquatic 

systems.25-26 A review of reported bioconcentration data found that for aquatic systems 45% of 

BCF values are subject to at least one source of uncertainty.26 This suggests a need for a method 

of performing consistency checks by the experimental scientist. This may be achieved using 

simple chemical fate or bioaccumulation models, as will be discussed further in Chapters 3-6 of 

this thesis. 
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3.1 Abstract  

We outline the general conditions under which chemicals of high hydrophobicity or, more 

generally, high partition ratios (HPRs) in water or air, may experience unexpectedly long kinetic 

delays in approaching equilibrium conditions with organic media. Such a ‘hydrophobic delay’ in 

the case of KOW or an ‘aerophobic’ delay in the case of KOA, may be misinterpreted as being 

caused by a change in partitioning behavior or mechanism, resulting in development of non-

linear regression models describing inter-media partitioning. In fact, the partitioning is 

fundamentally linear but is distorted by a kinetic delay in partitioning. To illustrate this concept, 

we first compile the fundamental equations describing the diffusive equilibration processes, 

including a complementary transport mechanism termed a Parallel Particle Pathway (PPP). Such 

a mechanism may occur simultaneously, shortening the HPR delay, and complicating 

interpretation. Second, we describe five examples in which the HPR delay explains the observed 

and occasionally difficult-to-interpret environmental behavior of chemicals, namely studies of 

air-aerosol partitioning, chemical accumulation in indoor dust and surfaces, air-vegetation 

partitioning, internal transport in organisms, and fish bioaccumulation and toxicity. We believe 

that the general HPR delay and PPP issues deserve exposure as a commonly occurring and often 

under-appreciated process.  
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3.2 Introduction 

It is widely accepted that organic chemicals exhibiting very high partition ratios (HPR) or 

coefficients between organic phases and either water or air are of special concern. The reason is 

that the presence of even very low concentrations of such chemicals in water or air can result in 

high equilibrium concentrations in biotic phases, leading to high levels of exposure and the 

potential for adverse effects. In aqueous systems, these chemicals may be referred to as “super-

hydrophobic” and exhibit low aqueous solubilities and high octanol-water partition ratios (KOW). 

For example cyclic volatile siloxanes (cVMS) compounds such as D4, D5, and D6 are 

considered to be superhydrophobic compounds. Similarly, in atmospheric systems, many semi-

volatile organic chemicals (SVOCs) or by analog ‘aerophobic’ chemicals exhibit high octanol-air 

partition ratios (KOA) reflecting their low vapor pressures, such as pyrene or benzo(ghi)perylene. 

Often it is convenient to assume that equilibrium conditions apply when considering their 

environmental fate.  However, such an assumption may only be made following consideration of 

the rates of inter-media transport that control the proximity to equilibrium after typical exposure 

times.  

In this study, we review the intermedia transport of HPR substances, including aspects of their 

equilibration and kinetic behavior that may not always be fully appreciated. Specifically, there 

may be a significant and unexpected delay in achieving equilibrium that we term an ‘HPR 

delay’. Further, we discuss how a parallel transport process caused by deposition of small 

particles on or in which the chemical is sorbed can contribute to the transport process. We refer 

to this process as a ‘Parallel Particle Pathway’ (PPP), a process that may circumvent the kinetic 

delay and significantly complicate interpretation. There is, we believe, a widespread occurrence 

of these phenomena in different environmental contexts that merits greater appreciation. Our aim 
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here is to present examples of these concepts, acknowledging that while individual cases are 

already understood their commonalities may not be fully recognized or appreciated.  

We first set out the fundamental mass transfer equations for diffusive fluxes of HPR substances 

from solution in water or air to either a suspended particle or droplet and to a horizontal planar 

surface.  We demonstrate on theoretical grounds that high partition ratios can cause appreciable 

kinetic delays in the approach to thermodynamic equilibrium. We then present five examples 

drawn from the literature in which there is an HPR delay and a distinct parallel particle pathway 

that may occur in some cases in concert with the diffusive mechanism. Such a mechanistic 

scenario leads to a more complex transport regime that can be difficult to interpret. Finally, we 

suggest methods for identifying and quantifying these processes. 

 

3.3 Mechanistic models of HPR delays and PPP transport 

For simplicity, we treat transport in two simple geometries.  First, we consider transfer from a 

dilute solution of a chemical in air or water to a suspended sphere of organic matter that can be 

considered to be a mixture of hydrophobic (n-octanol) and inert material. Second, we treat 

transport from air to a planar surface coated with similar organic material. These derivations are 

similar to an existing comprehensive analysis by McLachlan1 who addressed uptake of SVOCs 

by foliage, and to Weschler and Nazaroff2 who developed equations describing the partitioning 

of SVOCs between an indoor gas phase, dust particles and plane surfaces.   
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3.3.1 Diffusion in spherical coordinates 

We consider a relatively small volume of an absorbing phase such as an oil or octanol particle or 

drop (phase ‘P’). It is present in a surrounding infinite volume of water or air (i.e., the medium, 

phase ‘M’) containing a low concentration of a hydrophobic or HPR chemical. The chemical will 

seek to establish equilibrium throughout the system. The ratio of the final equilibrium 

concentrations in the drop and the surrounding medium may be regressed with respect to a 

corresponding physico-chemical partition ratio such as KOW or KOA, usually depicted graphically 

on a log-log basis (see Figure 1 for example). 

The rate of transport from the medium to the particle can be expressed as follows:3  

!"#$" #% = '() $( − ($" ,"() 																																																															(33) 

Here VP is the particle or drop volume, CP and CM are the concentrations in the particle and 

medium, kM is a mass transfer coefficient or velocity, A is the interfacial area, KPM is the 

dimensionless particle-medium partition ratio and t is time. Integration from an initial condition 

CP of zero gives: 

$" = $(,"( 1 − 123 −'()% (!","() 																																																		(34) 

When equilibrium is reached, CP equals CMKPM. The characteristic time for this equation (τ) is 

VPKPM/kMA. At time τ there is a 1-e-1 or 63% approach to equilibrium. τ is sometimes used in 

fate modelling since uptake follows a first-order kinetic relationship and at 63% to equilibrium 

most of the uptake will have occurred. The notable feature of the time is that it is proportional to 

KPM. Thus, at large values of KPM the characteristic times for both uptake and loss are long. The 

group kMA is an effective volumetric flow rate of the medium, eg., cm3·h-1 and kMA/VP is an 

exchange rate constant (h-1) for uptake, both being largely independent of KPM. The group 
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kMA/VP is the number of drop volumes of the medium contacting the drop per unit time, eg., if 

VP is 1 cm3 and kMA is 1000, then the effective flow rates of the medium to and from the particle 

is 1000 cm3·h-1 and the rate constant for uptake is 0.001 h-1. The half-time for exchange is 0.693τ 

thus the characteristic time is a factor of 1.44 times the half-time and can be regarded as 

approximately a ‘two-thirds’ time.4 In the interest of simplicity it is convenient to assume that the 

drop is octanol and thus KPM equals KOW or KOA or a fraction of these quantities. 

A familiar version of this equation in the bioaccumulation literature is the rate constant format 

commonly applied to uptake of a chemical by a fish from water containing a dissolved 

concentration CW.  

#$5 #% = '6$7 − '8$5																																																																			(35) 

Here, CF is the chemical concentration in the fish, and k1 and k2 are the uptake and loss rate 

constants respectively. k2 can be estimated as k1/BCF where BCF is the equilibrium 

bioconcentration factor. The BCF is equal to CF/CW at equilibrium, and is often estimated as 

KOW·L, the product of the octanol-water partition ratio KOW and the fish fractional lipid content 

L. Equation 34 can be rewritten in terms of the loss rate constant: 

$" = $(,"( 1 − 123 −'8% 																																																						(36) 

Where k2 = kMA/(VP·KPM). For this system k1 is equal kMA/VP and τ is KPMVP/(kM·A) or 1/k2. 

The key point is that the long characteristic times to the approach of equilibrium and the resultant 

apparently slow rates of uptake or loss are not due to slower access of the medium to the particle, 

drop or the fish.  Rather, they are due to the large value of the partition ratio, in this case KPM or 

in the case of a fish KFW or KOW, implying that the drop or fish must contact of the order of KFW 

or KOW·L times its own volume to approach equilibrium. The investigator must then consider 
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how kMA/VP and the partition ratio, KPM, compare in magnitude. The former can vary greatly 

depending on the geometry of the surface. The latter can vary greatly depending on the chemical 

as shown in Weschler and Nazaroff2. It follows that HPR substances will experience long time 

delays when approaching equilibrium and correspondingly long times for loss during a 

depuration phase. This concept is consistent with Figure 5 of Weschler and Nazaroff2 that very 

hydrophobic chemicals partitioning to organic surfaces will take much longer to approach 

equilibrium the thicker the organic surface is, on the order of years. Note that a one log unit 

increase in KPM causes τ to increase by a factor of 10, thus the kinetic delay associated with a 

significant increase in log KPM will be profound. It may seem counter-intuitive that the uptake 

time depends on the loss rate constant k2 and not the uptake rate constant k1. In reality, k2 is 

k1/KPM. k1 is not a ‘real’ rate constant in a chemical reaction sense, it is a volume-specific flow 

rate of the medium to the target.  

 

3.3.2 Diffusion to a planar surface  

We now treat diffusion to a planar surface of area A cm2 covered with a thin layer of organic 

material of thickness h, possibly a small fraction of a mm in depth. An example is an oily film on 

glass. The volume V is thus A·h with units such as cm3. A mass transfer coefficient kM applies, 

and the corresponding uptake differential equation is:  

!#$; #% = '() $< − ($; ,;<)                                          (37) 

Here CS is the concentration in the surface layer, CA is the concentration in the air, and KSA is the 

partition ratio for this two-phase system. This equation is identical to Equation 33 in structure 

and can be solved from an initial condition of CS of zero to give the analog of Equation 34. The 
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characteristic time for uptake and release τ is VKSA/kMA or hKSA/kM and can be very long for 

high partition ratio substances. The initial flux to the surface is kMACA and is independent of 

KSA. Depending on the selected exposure time the layer may or may not approach equilibrium. 

Again, it is convenient to assume that the organic layer is octanol, thus KSA=KOA. 

 

3.3.3 Parallel particle pathway (PPP) 

For a planar surface there is a possibility of a PPP by deposition of particles that have achieved 

equilibrium with the medium, e.g., aerosol particles in a gaseous phase. If the concentration of 

these particles is expressed as a volume fraction vP akin to a mixing ratio, and the particles have 

the properties of octanol then the transport rate of chemical to the surface is UAvPKOACA, where 

U is a deposition velocity analogous to a mass transfer coefficient. The concentration in the 

depositing particles is KOACA (if equilibrium applies). U can vary greatly depending on particle 

size, e.g. 0.01 m/h for fine-mode particles up to 10 m/h for coarse-mode particles.3 The total flux 

to the surface is CAA(kM+UvPKOA), thus UvPKOA is essentially an additional particle-mediated 

mass transfer coefficient describing the PPP. It is probable, however, that the depositing particles 

will fail to achieve equilibrium and Equation 34 must be invoked to describe the lack of 

attainment of equilibrium. After a deposition time t the ratio of the concentration in the surface 

layer CS_Dep to CA attributable to the PP Pathway and assuming no loss of chemical by 

evaporation or degradation, will be given by Equation 38.  CS_Dep/CA increases linearly with 

time. In a plot of CS_Dep/CA vs KOA the slope is vPUt/h that becomes 1.0 on a log-log plot. As 

equilibrium is approached, net uptake likely slows as a result of evaporation from the surface.4 

$;_>?@ $< = ,A< BC" ) !; % = ,A< BC" ℎ %																																															(38) 
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The ratio of the PPP flux to the diffusive flux is initially UvPKOA /kM and it can be shown that it 

is very small when vPKOA is of the order of 0.1 or less and less than half of the chemical in the 

air phase is sorbed to particles because U and kM are comparable in magnitude for coarse-mode 

particles.3 The PPP flux dominates when vPKOA is large and much of the chemical is associated 

with particles in air. The surface orientation (horizontal, vertical, or angled) must also be 

considered.  

 

3.3.4 Graphical display of the equations  

These concepts can be illustrated graphically for hypothetical conditions using transport from air 

as an example, however, identical versions can be developed for chemical transfer from solution 

in water. The parameter values used in these illustrative examples are given in Table 2.  The 

mass transfer coefficient is estimated using the assumption that the Sherwood Number (kMd/B) is 

2.0, where d is the particle diameter and B is the chemical diffusion coefficient in air and an 

exposure time of 10 h is used. For a planar surface kM can be estimated from existing 

correlations. In this example, the particle diameter is approximately equal to the thickness of the 

organic layer on the plane surface and changing either of these values will affect the 

equilibration time, as pointed out in Weschler & Nazaroff.2 In this simulation we assume the 

particle is coarse-mode and that the planar surface horizontal. Modeling fine-mode particles or 

vertically-oriented surfaces may result in different transport rates and thus different results. 
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Table 2: Illustrative properties of air-suspended particle and plane surface, as well as air 

concentration (CA) used in simulations in Figures 1 to 4. 

Chemical Properties Value 

CA (ng m-2) 1 

KOA 1 x 1012 

Particle properties (Phase ‘P’) 

Diameter, d (m) 2x10-6 

Diffusion coefficient, B (m2 h-1) 0.01 

Sherwood Number 2 

Mass transfer coefficient, kM (m h-1) 1x104 

Area/Volume ratio m-1 (A/VP) 3x106 

Diffusive ‘film’ thickness (m) D/kM 1x10-6 

Uptake rate constant, k1 (h-1) 3x1010 

Characteristic time for uptake, t (h) 33.1 

Plane organic surface properties (Phase ‘S’) 

Area, A (m2) 1 

Organic layer thickness, h (m) 1x10-6 

Organic layer volume, VS (m3) 1x10-6 

Mass transfer coefficient kM (m h-1) 3 

Diffusive ‘film’ thickness (m) 3x10-3 

Uptake rate constant k1 (h-1) 3x106 

Characteristic time for uptake, t (h) 3.33x105 
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It is illuminating to illustrate how the ratio of concentrations of the chemicals in a small 

(typically micron-sized) droplet to air CP/CA from Equation 34 compares with the equilibrium 

value of KOA for high KOA chemicals for a fixed exposure time t when the droplet volume is 

small relative to the air volume and there is negligible depletion of the concentration in air. 

Figure 1 is a plot of log (CP/CA) as a function of log KOA for a range of partition ratios as log KOA 

increases, with exposure time as a parameter. This plot is perhaps more clearly expressed by 

plotting the same data as log (CP/CA) vs time of exposure or contact as in Figure 2. This shows 

that expected equilibrium is approached only after the contact time exceeds the characteristic 

time that is dependent on log KOA.   

 

Figure 1: Graph of log (CP/CA) vs log KOA for a range of KOA values, with CP calculated from 
Equation 34 for exposure times of 1h, 10h, 100h, and 1000h. 
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Figure 2: Particle concentrations log(CP/CA) as a function of time for the same data as in Figure 
1.  Characteristic uptake times are designated by a star and are 3h, 33h, and 333h for chemicals 
of log KOA 11, 12, and 13 respectively. 

The significant findings from Figures 1 and 2 are that log(CP/CA) is equal to log KOA 

(equilibrium applies) at low values of log KOA, but it levels off at high values of log KOA because 

of the term (1-exp(-kMAt/VPKOA)) or (1-exp(-k1t/KOA)), which quantifies the departure from 

equilibrium. The zone of inflection occurs around the characteristic time when kMAt/VPKOA or 

k1t/KOA is approximately 1.0, or when KOA approximates kMAt/VP or k1t. Clearly, increasing the 

exposure time or the mass transfer coefficient results in a closer approach to equilibrium. 

Expanding the exponential series shows that at very high values of KOA, the ultimate ‘level’ 

value of CP/CA in Figure 1 that may be monitored is kMAt/VP. This leads to a counter-intuitive 

observation that the observed ratio of concentrations CP/CA becomes independent of KOA. The 

partition ratio KOA in the equilibrium term and in the departure from equilibrium term then 

cancel. An increase in KOA increases the equilibrium term but this is exactly offset by a decrease 

in the departure from equilibrium term. 

Analogous plots may be compiled for diffusive transfer to a plane surface coated with a depth ‘h’ 

of organic matter equivalent to octanol using an assumed mass transfer coefficient. The point of 
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inflection occurs when KOA approximates kMt/h. A notable feature of Table 2 is that whereas kM 

to the small spherical particle is of the order of 104 m·h-1, kM to a plane surface is 3 m·h-1, 

specifically a factor of 3333 lower in this specific case. The ratio of organic layer thickness to 

particle diameter can profoundly influence this factor. This is because the effective boundary 

layer thicknesses are of the order of the particle diameter and a few mm for the plane surface. 

Transfer to a small particle is thus much more rapid and has a much shorter characteristic time. 

To quantify transfer to a surface, the exposure or contact times in Figure 2 must be increased by 

a factor of 3333. The times in Figure 1 must also be increased by this factor.  

Figure 3 shows the ratio of log (CS_Dep/CA) as a function of log KOA to illustrate the “parallel 

particle pathway” for net transfer from air to phase S using Equation 38 with a range of KOA 

values with other parameters defined in Table 2. Assuming the aerosol particles have similar 

properties as the sorbing phase, a conservative volume fraction of 1 x 10-12 or 1µg·m-3 as may be 

present in a clean, rural environment, and a deposition velocity of 10 m·h-1, the resulting graph is 

clearly linear with a slope of 1.0 on a log-log plot. Transfer by the PPP route is thus potentially 

much faster than direct diffusion from air to a plane surface but this occurs only when the group 

vPKOA is relatively large and most of the chemical in the air phase is sorbed to the particles. 
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Figure 3: Graph of log (CS_Dep/CA) vs log KOA for a range of KOA values. 

Summing the surface concentrations contributions from both diffusive transport and PPP 

transport results in Figure 4: 

 

Figure 4: Graph showing surface concentrations by vertical deposition (CS_Dep) of coarse-mode 
particles, by diffusion (CS_Diff) and the sum of these concentrations (CS_Total). These 
concentrations are displayed as log (CS/CA) vs. log KOA.  
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Figure 4 shows that, at very high KOA values, the relationship between the log concentration 

partitioned from the air and the log partition ratio ceases to be linear. This begins at log KOA of 6 

in this case. The relationship between the concentration on the particle and KOA remains linear, 

but at low values of KOA the concentration on the particles is less than that on the receiving phase 

and CS_Dep is masked by the larger CS_Diff. When both regimes apply the simulation yields a 

rather complex non-linear sigmoidal response that may be difficult to interpret from examination 

of monitoring data. At log KOA values of approximately 10 both mechanisms are comparable in 

rate. Eventually, at very large KOA values (>10) the concentration begins to increase linearly 

again due to the now dominant contribution from the PPP, CP.  

We now present five examples drawn from the literature on a diversity of environmental 

situations where this delay is observed.   

 

3.4 Examples of HPR Delays and Parallel Particle Pathways  

3.4.1 Example 1: Partitioning from air to aerosols 

Harner and Bidleman5 measured particle-gas partition ratios, expressed as KP for polyaromatic 

hydrocarbons (PAHs), polychlorinated biphenyls (PCBs), and polychlorinated naphthalenes 

(PCNs) following earlier studies by Yamasaki et al.6 They developed a model that successfully 

predicted KP based on KOA to describe the dependence of aerosol absorption on chemical 

properties. 

FGH," = FGH,A< + FGHJA( − 11.91																									(39) 
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Here fOM is the organic matter fraction in the aerosol. This equation applies at equilibrium and 

implies a linear relationship exists between log KP and log KOA. 

Li et al.7 obtained monitoring KP data for polybrominated diphenylethers (PBDEs) from various 

sites in Harbin, China and plotted them in an analog to Figure 4 versus KOA along with several 

predictive partition ratio equations, shown in Figure 5.  

 

 

Figure 5: A graph of log KP vs. Log KOA including monitoring data (KPM), Harner & 
Bidleman’s5 correlation shown in Equation 39 (KPE), a regression line based on the monitoring 
data (KPR) and KPS which was suggested by Li et al.7, shown in Equation 40. 

 

These monitoring data show a striking resemblance to Figure 1. The authors derived a novel 

correlation equation containing an additional term log α that includes a balance between uptake 

rate and aerosol lifetime as controlled by deposition processes, shown in Equation 40: 

FGH,"; = FGH," + FGHM																																																																	(40) 
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We view the fitted term, M, as accounting for the HPR delay. Clearly, the Harner-Bidleman 

correlation is successful when log KOA is less than about 11, but at higher values the correlation 

fails because of HPR delays and thus the monitored KP values approach constancy. The 

monitoring data shows that log KP is predicted to stop increasing after a threshold value of 

approximately log KOA = 11. We believe that the onset of the aerophobic delay occurs at log KOA 

~ 11 because the aerosol residence time is insufficient to achieve equilibrium. Chemical is 

deposited or removed before equilibrium is reached. Note that the absolute magnitude and units 

of KP and KOA differ because KP contains the measured Total Suspended Particulates (TSP) in 

the denominator. The constancy of KP above log KOA ~ 11 is essentially due to a balance 

between increased partitioning and an increasing departure from equilibrium term as discussed 

earlier, i.e., an HPR delay. An implication is that the sampled air is experiencing input of ‘clean’ 

particles that become deposited before they can achieve equilibrium with the gaseous phase. If 

this is the case, it has implications for the long range atmospheric transport of substances with 

high values of KOA.  Assumptions that particle-gas equilibrium applies may be erroneous. It is 

also possible that secondary organic aerosols (SOAs) may be present in a glassy, solid state, 

which would likely inhibit or slow down diffusion into these particles8. Alternatively, some 

aerosols have very short equilibration times, as noted by Saleh and colleagues9. 

 

3.4.2 Example 2: Partitioning from indoor air to dust and surfaces 

Weschler and colleagues have reported a number of studies and reviews on aspects of chemical 

fate and exposure in indoor air with a particular focus on suspended and settled dust and surfaces 

such as tabletops, window glass, and furniture fabrics10-11. Weschler and Nazaroff2, 10 critically 
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examined and modeled the equilibrium partitioning of SVOCs to dust. Their analysis, which is 

the basis of Equations 33 and 34, demonstrated algebraically and graphically that a kinetic delay 

is likely for substances with high KOA, or low vapor pressures. The implication is that for 

chemicals of large KOA and large dust particle size, characteristic times for equilibration can be 

over 10 h. Dust particles depositing on floors and surfaces constitute a complementary PPP. 

Characteristic times for air-to-surface diffusive transport can be very long because of the lower 

mass transfer coefficients as discussed earlier. A modeling study done by Liu et al.12 on SVOCs 

indoors concluded that particle deposition could increase the rate of transfer by up to 5 times 

compared to when this process is not present. Such aerophobic kinetic delays must be taken into 

consideration in estimates of SVOC fate and exposure indoors including the slow and continuing 

release of chemicals such as plasticizers from polymeric surfaces in furnishings. 

 

3.4.3 Example 3: Partitioning from air to foliage 

As emphasized earlier, these HPR delay and PPP concepts are not novel, indeed they have been 

appreciated, but only in limited specific conditions. About 20 years ago McLachlan1 proposed a 

model describing the partitioning of HPR chemicals from the atmosphere to foliage as shown in 

slightly modified form in Figure 6. The model suggests that up to a log KOA partition ratio of 8 

equilibrium partitioning explains the observations. Above a log KOA of 8 there is insufficient 

time to achieve equilibrium because of degrading reactions, as well as leaf growth and death.  At 

higher log partition ratios above 11 particle deposition controls the net uptake in competition 

with wash-off by rain, leaf growth and eventually leaf death. This model addresses the 
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equilibrium partitioning (EQP), HPR and PPP regimes directly. The McLachlan model is thus 

entirely consistent with Figure 4 presented earlier.  

 

Figure 6: Diagram showing the log of the ratio of vegetation concentration to gas-phase 
atmospheric concentration versus Log KOA (based on Figure 1 in McLachlan1). 

 

Doucette et al.13 recently reviewed bioaccumulation data for terrestrial plants and published a 

plot of the log of the ratio of plant to air concentrations vs. log KOA. It is apparent from this 

graph that for log KOA values greater than approximately 9 the measured data deviates from 

linearity as the HPR delay begins to occur. This group also plotted the EQP model, which is 

represented by the straight black line, as well as McLachlan’s partial model (EqP_Kin1) and 

McLachlan’s full model (EqP_Kin2), shown in Figure 7.  



	

	 47	

 

Figure 7: Graph showing monitoring data (squares, triangles, circles) and predictions made using 
EqP, EqP_Kin1, and EqP_Kin2 models Doucette et al.13  

 

Clearly the EQP (Equilibrium Partitioning) model fails to account for partitioning at high values 

of KOA and the more comprehensive model developed by McLachlan1 including HPR and PPP 

processes adequately fits the data. 

 

3.4.4 Example 4: Observed lack of bioaccumulation and toxicity of hydrophobic substances in 

aquatic organisms. 

In this case the receiving ‘droplet’ is a fish or a worm respiring water containing a solution of a 

hydrophobic chemical such as a PAH, PCB or a permethylcyclosiloxane. 

Early measurements of bioconcentration factors (BCFs) for hydrophobic chemicals frequently 

showed lower than expected BCFs at high KOW values. This phenomenon led to the suggestion 

that there may be a hydrophobicity ‘cutoff’ beyond which uptake was retarded or did not occur. 
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This was investigated experimentally by Jonker and Van der Heijden14 by exposing oligochaete 

worms to a range of PAHs under controlled conditions and systematically testing possible 

‘artifacts’ including reduced bioavailabilty attributable to sorption to a ‘third phase’ of dissolved 

organic matter and a kinetic (delay) effect caused by insufficient exposure time. They concluded 

that there was no ‘cut off’ and if the bioavailabilty was taken into account BCFs increased 

linearly with KOW but was subject to a hydrophobic or HPR delay. Arnot et al.15 critically 

reviewed a related issue, namely the suggestion that there was a molecular size ‘cut-off’ in which 

large molecules were subject to slow or no transport through membranes. The authors concluded 

that no such ‘cut-off’ exists and very large molecules exceeding a molar mass of several 

thousand could be absorbed through epithelial tissues, but slow uptake may occur if transport in 

the aqueous phase is rate-limiting and is subject to a hydrophobic delay. Essentially the authors 

identified a hydrophobic delay as discussed here.   

Aquatic toxicity tests may also be subject to an HPR delay. In a risk assessment of permethyl-

cyclosiloxanes D4, D5 and D6, Redman et al.16 showed that there was a lack of demonstrated 

toxicity in conventional aquatic toxicity tests such as OECD 20317. To explain these findings 

Mackay et al.18 compiled a mass-balance model (essentially Equation 34) describing the uptake 

process. These super-hydrophobic substances have very low aqueous solubilities (SW) and 

correspondingly large values of KOW; log KOW values are 6.98, 8.09, and 8.87 for D4, D5, and 

D6 respectively. SW (g·m-3) values for these chemicals are 0.056, 0.017, and 0.00515, and molar 

masses (g·mol-1) are 296.6, 370.8, 444.9 for D4, D5, and D6, respectively. The authors 

postulated that the chemicals are baseline narcotics and exert toxicity when the internal 

membrane concentration in lipids reaches about 40 mmol·kg-1 or 40 mol·m-3 lipid, or a Critical 

Body residue (CBR) of 2 mol·m-3 wet weight for a fish containing 5% lipid volume19. A typical 
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respiration uptake rate constant kR for a test fish of volume 1 cm3 is 100 h-1, i.e., the fish respires 

100 times its volume per hour. Siloxanes are sparingly soluble in water (for example 10-5 mol·m-

3). To achieve an internal concentration of 2 mol·m-3 requires that the fish respires of the order of 

200 000 m3 of water, which requires 2000 h. This time is well beyond the usual test times of up 

to 96 h, thus there is no prospect of reaching toxic conditions and the chemical will appear to be 

non-toxic. Only by testing D4 which is less hydrophobic and has a higher solubility (2x10-4 

mol·m-3) and using a smaller organism such as a Daphnid with a larger kR can a toxic threshold 

be reached. The lack of observed toxicity could be misinterpreted as an inherent lack of toxicity 

of the substance because baseline narcosis is believed to be a universal process of chemical 

partitioning into lipid membranes until the volume fraction of the chemical reaches perhaps 0.5% 

and membrane transport is disrupted.  An alternative testing strategy based on the parallel 

particle pathway (PPP) concept is to conduct a dietary test in which the fish is fed with chemical 

in the form of D5-laced pellets16, 20. Assuming that the D5 is absorbed from the gut it may then 

be possible to reach the CBR.  D5 is, however, subject to biotransformation (metabolism) thus 

the rate of increase in the body will be controlled by the relative rates of uptake and loss. By 

ingesting chemical in particles of food, the mass transfer resistance to uptake in the gills is by-

passed by the PPP of ingestion. In summary, the lack of demonstrated toxicity in aquatic toxicity 

tests is attributable to the hydrophobic or HPR delay, thus no correlation of toxicity with KOW 

using regression analysis will be meaningful. In real ecosystem conditions there is 

bioaccumulation and there could be toxicity because of the PPP of food ingestion, but this will 

depend on the concentrations in water and food items and the mitigating effects of 

biotransformation, growth dilution and possibly low assimilation efficiencies from both water 

and food.   
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The study concluded that for super-hydrophobic substances, organisms will likely not reach the 

CBR50 within the test duration because of the HPR delay and standard test protocols will fail to 

yield useful results. Specially designed test protocols must be implemented in which the PP 

Pathway of dietary uptake is used to bypass the HPR delay.  

 

3.4.5 Example 5: Physiological transport 

An HPR delay is expected to occur within the body of organisms such as fish, in the context of 

the distribution of a highly hydrophobic chemical between the gastrointestinal tract (GIT) 

contents, blood, and various tissues. Aqueous phase dissolved concentrations are likely to be 

very low because of the presence of bile-created micelles, lipids, and proteins such as albumin. 

These phases could be considered as ‘particles’ that can absorb much of the available chemical. 

Diffusive transport in the aqueous phase expressed as a mass-transfer velocity or permeability 

tends to be very slow thus transport may be facilitated by a PPP. Several groups have 

demonstrated the existence of this pathway. Kramer et al.21 determined pyrene uptake and found 

that adding the protein bovine serum albumin (BSA) to the diffusing medium facilitated the 

transport of pyrene through the medium, leading to postulated ‘facilitated transport’ pathway. 

Other groups have identified a biological pathway of uptake of hydrophobic substances by 

means of micellar transport. Westergaard and Dietschy22 demonstrated that more hydrophobic 

substances required the presence of bile acid micelles to explain uptake into mucosal cells. Kelly 

et al.23 reviewed models of intestinal absorption including a ‘micelle-mediated transport’ process 

that occurs in parallel to a passive diffusion absorption process. Mayer et al.24 modeled transport 

of aqueous substances through an ‘unstirred boundary layer’ and found that the presence of 

dissolved organic carbon (DOC) in a given medium could greatly enhance the diffusive mass 
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transfer of highly hydrophobic substances while water can act as a diffusive barrier. Drouillard et 

al.25 investigated dietary assimilation and fecal depuration of PCBs using a fugacity-based 

gastrointestinal magnification model for birds and fish. They found that chemical assimilation 

efficiencies from the gut to blood exceeded the reverse transfer from organism to feces, which 

they postulated contributes to biomagnification. Zhang and colleagues26 investigated the uptake 

of PAHs using an in-vitro digestive model. This group found that that the fraction of PAH’s that 

partitioned into the intestinal-wall-simulated-sink increased with increasing concentrations of 

bile acid, pH, and soybean oil representing dietary lipids.  

Although the diffusivity of the transporting particle may be orders of magnitude slower than 

chemical in solution in water, the concentration of a hydrophobic chemical may be orders of 

magnitude larger and the particle transport rate can be faster by a larger factor. Larisch and 

Goss27 recently extended a detailed physiologically-based pharmacokinetic model for fish to 

assess the diffusion of hydrophobic and super-hydrophobic chemicals from the GIT to the blood 

and to various organs. The assumption that the diffusive fluxes occurred only in the aqueous 

phase clearly underestimated the flux, which was because of the low aqueous phase 

concentration. Only by including a parallel pathway in which the chemical partitions into 

particles such as micelles, proteins, and lipids and subsequently diffuses can the observed fluxes 

be reproduced. A ratio of particle transport rate to aqueous diffusion rate was introduced to 

account for this ‘facilitation factor’. Suggested factors of 15 for the GIT and 6.4 in the blood for 

hexachlorobenzene and 450,000 for the highly hydrophobic Dechlorane Plus (log KOW=11.2) 

(Larisch & Goss27). As was outlined earlier, the ratio of PPP transport to diffusion in the aqueous 

phase is likely related to the fraction of the chemical in solution versus sorbed to particles and 
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the relative mass transfer velocities. This PPP phenomena is likely widespread for physiological 

transport systems of sparingly soluble chemicals in physiological systems.  

 

3.5 Discussion  

We suggest that a symptom of the HPR delay is often that regressions of environmental 

partitioning versus partition ratios are well behaved at relatively low values of the partition ratio 

KOW or KOA, for which the characteristic time is relatively short and equilibrium is approached or 

reached within the testing time period.  In contrast, at higher values of the partition ratio the data 

tend to fall below the equilibrium line because there is insufficient time for the system to reach 

equilibrium. In some instances, however, the HPR delay may be masked or overwhelmed by a 

PPP.  

We recommend a general approach for identifying and quantifying an HPR delay:  

1. Estimate the rate constant for medium to target contact, k1, possibly as (dC/dt)/C or for 

physical systems as kMA/V or kM/h.  

2. Obtain the equilibrium partition ratio, for example, as dependent on KOW or KOA. 

3. Estimate the loss rate constant k2 as k1 divided by the partition ratio. 

4. Calculate the characteristic time for uptake and loss τ as KOW/k1 or KOA/k1.  

5. Compare τ with likely exposure times tE. If tE >> τ equilibrium will be approached. If tE 

<< τ disequilibrium and an HPR delay is expected. A more quantitative measure of the 

departure from equilibrium is to calculate (1-exp(-t/τ)). The HPR kinetic delay is 

inversely proportional to this term.   
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6. Consider if there are other loss mechanisms, such as degradation, biotransformation or 

growth dilution. If so, these rate constants can be added to k2 giving a shorter τ and a 

lower effective equilibrium partition ratio. 

7. Consider if there are other parallel uptake or loss transport processes, (PPP) such as by 

particle deposition or food uptake and incorporate them as separate terms into the overall 

mass balance expression. 

Finally, we conclude that, when assessing the environmental transport of chemicals with 

extremely high partition ratios (exceeding log KOW of 7 or log KOA of 9), there is a real 

possibility of transport rates being significantly affected by HPR kinetic delays.  

 

3.6 Conclusions 

It has been demonstrated on a mechanistic basis that a kinetic delay may occur for high partition 

ratio substances when both diffusive processes and a PPP is considered. The kinetic delay has 

been observed in several environmental contexts including uptake to aerosols, foliage, aquatic 

organisms, and within the digestive tract, as demonstrated in the examples from the literature. It 

is suggested that when assessing environmental transport for HPR substances the steps outlined 

in the previous sections be followed in order to determine whether a kinetic delay may be 

present.  
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4.1 Abstract  

We present a modelling perspective on quantifying metrics of bio-uptake of organic chemicals in 

fish. The models can be in ‘concentration, partition ratio, rate constant’ (CKk) format, or 

‘fugacity, Z and D-value’ (fZD) format; both formats are shown to be exactly equivalent with 

each having it merits. For most purposes a simple, parameter-parsimonious one compartment 

steady-state model containing some 13 parameters is adequate for obtaining an appreciation of 

the uptake equilibria and kinetics for scientific and regulatory purposes. Such a model is first 

applied to the bioaccumulation of a series of hypothetical, non-biotransforming chemicals with 

Log KOW (octanol-water partition ratio) values of 4 to 8 in 10g fish ranging in lipid contents, to 

deduce wet-weight and lipid normalized concentrations, bioaccumulation and biomagnification 

factors. The sensitivity of biomagnification factors to relative lipid contents is discussed. Second, 

a hypothetical 5 species linear food chain is simulated to evaluate trophic magnification factors 

(TMFs) showing the critical roles of KOW and biotransformation rate. It is shown that lipid 

normalization of concentrations is most insightful for less hydrophobic chemicals (Log KOW < 5) 

when bio-uptake is largely controlled by respiratory intake and equilibrium (equi-fugacity) is 

approached. For more hydrophobic chemicals when dietary uptake kinetics dominate, wet weight 

concentrations and BMFs are more insightful. Finally, a preferred strategy is proposed to 

advance the science of bioaccumulation, using a combination of well-designed ecosystem 

monitoring, laboratory determinations and modelling to confirm that the perceived state of the 

science contained in the models is consistent with observations.  
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4.2 Introduction 

Bioaccumulation of organic substances is an important component of chemical risk assessment 

for both scientific and regulatory purposes. Chemical concentrations in biota that are orders of 

magnitude larger than those in water and air are important for several reasons. Such large 

concentrations may adversely affect the subject organisms if internal concentrations reach toxic 

levels. Predatory organisms that consume contaminated prey may be subject to biomagnification 

of the contaminant and this may propagate throughout food webs. Rather than measure the 

usually low concentrations in water or air it may be preferable to measure the relatively higher 

concentrations in biota resulting from bioaccumulation, but this requires information on the 

magnitude and determinants of these relative concentrations.  Studies of bioaccumulation fall 

generally into one of the following categories: ecosystem monitoring, laboratory tests under 

controlled conditions, mass balance modelling, and in vivo and in vitro ADME studies. In this 

contribution we address insights that can be gained from modelling, focusing primarily on 

aquatic organisms that respire in water and sediments, recognizing that similar principles apply 

to air-breathing mammals, birds and reptiles. In Table 2 we define the bio-uptake factors and 

terminology employed herein and widely used in modelling and monitoring studies.1-5 The BCF 

expresses the increase in concentration, but with little or no increase in fugacity as measured in 

tests such as OECD 305.6 The BAF includes a further concentration increase as well as a 

fugacity increase. It can be viewed as the product of the BCF and a ‘multiplier’ dependent on the 

BAF of the diet and the ratio of the rates of dietary uptake and respiratory uptake.7 The BMF is 

essentially the ratio of the BAFs of the predator and the prey and may involve an increase in both 

concentration and fugacity. The TMF as the slope of the log concentration vs trophic position is 

related to the mean BMF of the species comprising the food web. A considerable literature exists 
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on these factors and especially BMFs and TMFs, which may yield the highest concentrations and 

exposures.8-12 In the terminology of MacDonald et al.,13 a BCF represents solvent switching from 

water to lipid at a constant fugacity, while BAF, BMF and TMF represent additional solvent 

depletion as the ingested lipid solvent is hydrolyzed causing an increase in fugacity.  

These bio-uptake factors may apply to water concentrations of whole water or (as in this study) 

only truly dissolved chemical. Biotic concentrations may be expressed as wet weight or lipid 

normalized quantities or they may be specific to defined tissues. Trophic magnification factors 

are generally obtained from the slope of a plot of log lipid normalized concentrations versus 

trophic position or level, the latter being deduced from 15N measurements.8, 14-15 

It is obviously critical to define the concentration units derived from the mass balance equations 

for comparison with monitoring data. The most commonly used units are whole body (wet 

weight) CFW and lipid-normalized CFL concentrations where CFL equals CFW/L, where L is the 

lipid content. Here, subscript F refers to the organism (fish), W to wet weight and L to lipid 

normalized.  

Homogenizing the whole fish and using a standard method of lipid extraction may be used to 

determine these concentrations. It can be experimentally demanding to homogenize large fish, 

thus it may be convenient to analyse only part of the carcass, for example a fillet that is largely 

muscle and is preferred for human consumption. The concentration in a fillet can be significantly 

different from that of the whole fish and this difference also applies to lipid-normalized 

concentrations because the lipid content of the fillet is usually much lower than that of the whole 

fish. For example, Niimi and Oliver16 obtained such data for PCBs in rainbow trout and showed 

that for the more recalcitrant congeners (penta- to deca-chloro) the muscle concentrations CFM 

(ng/g ww) averaged a factor of 3.84 lower than that of the whole fish concentrations CFW (ng/g 
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ww). This is largely attributable to differences in the reported lipid content of 9.8% in the whole 

fish and 1.7% in muscle, a factor of 5.76. For example, if CFW is 100 ng/g ww then CFM may be 

approximately 100/3.84 or 26 ng/g ww. The corresponding lipid-normalized wet-weight and 

muscle concentration will be respectively 100/0.098 or 1020 ng/g lw and 26/0.017 or 1532 ng/g 

lw, a factor of 1.5 difference. Lipid-normalized muscle or fillet concentrations are thus likely to 

be significantly larger than lipid-normalized wet-weight concentrations for substances such as 

PCBs. 

Another complication is the simplifying assumption that hydrophobic chemicals partition only to 

lipids. It is generally accepted that there is appreciable partitioning into other non-lipid phases 

such as protein. For example, if the ratio of protein to lipid partition coefficients with respect to 

water is of the order of 0.031 then this implies that less chemical partitions into protein tissue 

compared with lipid. It follows, however, that if the fillet protein content is much higher than 

that of the lipid, a significant fraction of the solute will reside in the protein phase. The lipid-

normalized concentration would then be over-estimated. Finally, there can be concerns about the 

accuracy of lipid content measurements, especially at low lipid levels as may occur in planktonic 

organisms of low lipid content for which the lipid-normalized concentrations are much larger 

than wet weight concentrations and are very sensitive to errors in lipid measurement. Endo, Goss 

and Brown17-19 have demonstrated that partitioning to different biotic phases is more accurately 

evaluated using Abraham or poly-parameter LFER methods rather than simple octanol-water 

partitioning (KOW). We assume, however, that for the present screening-level purposes, the lipid-

water partition coefficient is approximately equal to the octanol-water partition coefficient KOW, 

recognizing that this is a significant simplification and does not apply to all chemicals, nor to all 

lipids. 
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Lipid-normalized concentrations prove to be very convenient when comparing concentrations 

between species in food webs, in part because they are proportional to fugacities, thus the 

equilibrium status of a chemical between water, sediment and organisms comprising food webs 

can be revealed by comparing lipid normalized or organic carbon normalized concentrations. 

Obviously, CFW for one fish should not be compared with CFL for another. This issue can become 

critical when calculating BMFs and TMFs that necessarily involve comparison of concentrations 

between prey and predator fish. Common practice is to measure and report both wet-weight and 

lipid-normalized concentrations along with the identity of the tissues analyzed and the measured 

lipid contents.    

 

4.3 Background 

4.3.1 Evolution of bio-uptake models 

Models of bioaccumulation have evolved considerably from the early bioconcentration work of 

Neely et al.20 More comprehensive dietary and respiratory uptake models such as that of 

Thomann21 address biomagnification, in which the predators achieve higher concentrations than 

their prey.1-2 An issue common to all environmental models is the optimal number of 

compartments. To achieve greater fidelity to reality, the number of compartments may be 

increased, but this requires additional parameters which comes at the expense of associated 

uncertainties, such as those controlling inter-compartment transport and partitioning. A balance 

is needed between complexity and parsimony as dictated by the nature of the application as 

discussed by several authors.22-23 The currently preferred strategy is to use as parsimonious a 

model as possible, consistent with satisfying the modelling objective.   
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It is common to refer to one-compartment models in which there is no attempt to describe 

differences in ‘internal distributions’. Rates of input by respiration and dietary uptake are defined 

using a gross input rate and uptake efficiencies. This implies the existence of an external 

compartment in which there is a split between absorbed and non-absorbed chemical. It can be 

argued that the simple one-compartment model actually contains three compartments in which 

only the splitting performance of the two external compartments is defined, thus simplifying the 

model. If the chemical is subject to biotransformation in the gut as described by Lo and Gobas10 

or the chemical properties change in response to pH variation during respiration as described by 

Erikson et al.,24-26 then it is essential to define the mass balances in these ‘external’ 

compartments. 

For toxicokinetic and toxicodynamic or PBPK models in which uptake or effects in a target 

organ are evaluated, it is essential to include that compartment explicitly.17, 27 An extreme 

example is the recent model by Larisch et al.28 that treats 10 internal organs and 3 external 

organs.      

 A consensus has, we believe, emerged that for many practical purposes a simple and parameter-

parsimonious one compartment steady-state model with chemical uptake efficiencies is adequate 

to obtain an inherent appreciation of the dynamic uptake and loss processes as shown in Figure 

8. Exceptions to these processes are likely to occur when fish forage in regions that have 

particularly high or low contaminant concentrations, when spawning, or when losing large 

amounts of body mass in the winter. 
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Figure 8: Chemical uptake and clearance mechanisms modelled in this study. CB is the 

concentration in the biota, CW is the water concentration, CD is the diet concentration, kr is the 

respiration rate constant, kD is the dietary uptake constant, kE is the egestion rate constant, kG is 

the growth rate constant, kMet is the metabolic biotransformation rate constant, and kV is the 

ventilation output rate constant. 

The primary compartment of concern is the body, the organs, and the tissues, but it is essential to 

address chemical transport ‘splitting’ in the gut and the gill cavity as separate absorption 

efficiencies. The processes corresponding to the arrows in Figure 8 can be expressed in 

conventional ‘concentration-partition ratio, rate constant’ (CKk) or in ‘fugacity, Z-value, D-

value’ (fZD) format, but they are (or should be) algebraically equivalent. 

The conventional differential and steady-state equations for uptake in CKk format are given in 

Equations 41 to 44, the various parameters being defined in Table 3.   

 The mass balance uptake differential equation in CKk format is: 

∆"#$/∆& = ()*"+ + )-"-) −	"#$ )1 + )2 + )345 + )6 										               (41) 

Integration from an initial fish concentration of zero and constant inputs yields Equation 42. At 

steady state this reduces to Equation 43 and the resulting BMF is given by Equation 44. 

kMetCB

kRCW
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"#$ = )*"$ + )-"- )7 × 1 − :;<=5 																																																				(42) 

Here kT is the sum of the rate constants for all loss processes, namely (kV+kE+kMet+kG). At 

steady-state when kTt >>1, CFW approaches (kRCW+kDCD)/kT and a bioaccumulation factor can 

be calculated as CFW/CW and a biomagnification factor as CFW/CD. 

@AB$ = CDE
CE

= <FCEG<HCH
CE<=

                                          (43) 

@IB$ = CDE
CH

= <FCEG<HCH
CH<=

                      (44) 

For hydrophobic chemicals when CD is large and kD >> kRCW/CD, BMFW approaches kD/kT . 

Further, for a slowly metabolized, hydrophobic chemical in a slow-growing fish kE >> 

(kV+kMet+kG), BMFW approaches kD/kE defined here as QC the ratio of dietary uptake and 

egestion rate constants. 

The analogous uptake equations in fZD format are as follows, where DT is the sum of the loss D-

values.  

1DJD∆KD
∆L

= M*N$ + M-N- − N# M1 + M2 + M3 + M6              (45) 

N# =
-FKEG-HKH

-OG-PG-QG-R
∗ 1 − exp	(−M7&/W#X#                (46) 

   When DTt/VFZF >>1 a steady state is approached, yielding Equation 47: 

N#~
-FKEG-HKH

-OG-PG-QG-R
= M*N$ + M-N- /M7          (47) 

For less hydrophobic chemicals when DR >>DD, fF approaches fW, equilibrium applies, BCFW, 

and BAFW approach ZF/ZW and are approximately equal to L·KOW where L is the fish lipid 

content. BMFW becomes less relevant because dietary uptake is unimportant. 
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On the contrary, for a persistent, hydrophobic chemical in a slow-growing fish with dietary 

uptake, DE>> (DV+DM+DG), fF approaches fD·DD/DE or fD·Qf where Qf is defined as the ratio of 

dietary uptake and egestion D-values. BAFW, CW and fW become less relevant because 

respiratory uptake is relatively unimportant. The lipid normalized uptake metric BMFL 

approaches Qf and is the ratio of the fish and diet fugacities. As before, the wet weight BMFW 

approaches QC and Qf·(ZF/ZD) or approximately Qf·(LF/LD). The two Q values are thus not equal 

and depend on the relative lipid contents of the fish (LF) and diet (LD). Qf directly expresses the 

increase in fugacity corresponding to biomagnification, while QC expresses the corresponding 

increase in concentration. 

Substitution of the various rate constants and D-values in Table 3 into Equations 43 and 47 

demonstrates the exact equivalence of the two formats for a chemical of moderate 

hydrophobicity. The steady-state equations 43 and 47 are most readily interpreted, and are of 

most interest for both scientific and regulatory purposes. It is relatively straightforward to apply 

the basic equations to multiple organisms in food webs with defined dietary preferences and to 

organisms that respire in sediments and the water column. The principal challenge is to obtain 

accurate values for the various equilibrium and rate parameters and dietary preferences.  
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Table 3: Definitions of Z and D values and relationships between the CKk and fDZ formats for a 

specimen calculation with a hypothetical relatively hydrophobic chemical of log KOW of 6.0. 

Quantity CKk format  (units) Value FDZ format Value 

Chemical molar mass MW  (kg·mol-1) 0.1 MW (kg·mol-1) 0.1 

Octanol water 

partition ratio 

KOW=CO/CW 1000000 KOW=ZO/ZW 1E6 

Fish size MF   (kg) 0.01 VF   (m3) 0.00001 

Lipid content of diet LD 0.05 LD 0.05 

Lipid content of fish LF 0.10 Lf 0.10 

Water Z-value - - ZW=1/H  

(mol·m-3·Pa-1) 

0.1 

Octanol Z-value - - ZO=ZW·KOW 100000 

Diet Z-value - - ZD=LD·ZO 5000 

Fish Z-value - - ZF=LF·ZO 10000 

Equilibrium BCF KOW·LF 100000 ZF/ZW 100000 

Net respiration rate GV   (L·day-1) 5 GV   (m3·day-1) 0.005 

Net feeding rate Gf   (L·day-1) 0.0006 Gf   (m3·day-1) 0.6E-6 

Transport 

parameters 

    

Q values  QC=kD/kE 6 Qf=DD/DE=QC·ZD/ZF 3 

Respiratory intake kR  (L·kg-1·day-1) 500 DR=GV·ZW 

(mol·h-1·Pa-1) 

0.0005 

Dietary intake kD  (L·kg-1·day-1) 0.06 DD=GF·ZD 0.003 

Respiratory loss kV=kR/BCF  (days-1) 0.005 DV=DR 0.0005 
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Egestion kE~kD/QC  (days-1) 0.01 DE=VF·ZF·kE 0.001 

Biotransformation kMet,  (days-1) 0.01 DM=VF·ZF·kMet 0.001 

Growth dilution kG,  (days-1) 0.0025 DG=VF·ZF·kG 0.00025 

Total loss rate  kT=kV+kE+kMet+kG 0.0275 DT=DV+DE+DM+DG 0.00275 

Exposure quantities     

Water concentration  CW  (mg·L-1 or g·m-3) 0.001 CW  (mol·m-3) 0.00001 

Diet/water fugacity 

ratio 

  fD/fw 1.5 

Diet concentration 

(wet weight) 

CDW (mg·kg-1, g·m-3) 75 CDW  (mol·m-3) 1.125 

Diet concentration 

(lipid weight)  

CDL  (mg·kg) 1500 CDL  (mol·m-3) 22.5 

Water fugacity  fW   (Pa)  fW=CW/ZW 0.0001 

Diet fugacity  fD  (Pa)  fD=CDW/ZD 0.00015 

Calculated quantities Equations 41-44  Equations 45-47  

Fish fugacity fF  0.00018 fF=CFW/ZF 0.000182 

Fish lipid fugacity fL   fL=CfL/ZL 0.000182 

Fish concentration ww CFW mg·kg-1  181.82 CFW=fF·ZF  (mol·m-3) 1.8182 

Fish concentration lw CFL =CFW/LF (mg·kg-

1)  

1818.2 CFL=fF·ZO  (mol·m-3) 18.182 

Bio-uptake factors     

Bioacc. factor BAFW BAFW=CfW/CW 181818.2 fF/fW 1.182 

Bioacc. factor BAFL BAFL=CfL/CW 1818182 fF/fW 1.182 

Biomag. factor BMFW BMFW=CfW/CDW 2.4242 fF/fD 1.2121 
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Biomag. factor BMFL BMFL=CFL/CDL 1.2121 fF/fD 1.2121 

Chem. quantity in fish CFW·MF  (mg) 1.82 V·ZF·fF   (mol) 1.82e-05 

Total uptake rate (mg·day-1) 0.05  (mol·day-1) 5e-7 

Half-time Ln2/kT (days)  25.2 Ln2·VF·ZF/DT 25.2 

 

For hydrophobic substances, the egestion loss rate constant and D value are particularly 

important, since as discussed later, egestion along with biotransformation play a critical role in 

determining the extent of biomagnification. The most rigorous approach is to define the input 

diet and output feces compositions and rates and as relative quantities of dietary components 

such as lipids and non-lipids (including protein, carbohydrate, inert fibrous material and water) 

and assign partition ratios relative to water for each component. An example is the AQUAWEB 

model of Arnot and Gobas1 model that treats three components, lipids, non-lipid organic matter 

(NLOM) and water in both diet and feces. Larisch et al.28 treat five components. The capacity of 

the feces to absorb and transport the chemical is inevitably lower than that of the ingested diet, 

typically by a factor ranging from 3 to 10.  This factor is primarily determined by the quantities 

of lipid transported in food and feces, thus a simple and very approximate approach is to suggest 

a multiple Q in the range 3 to 10 by which the egestion rate constant kE or D value DE is less than 

that for the food. Inspection of the steady-state equation shows that for a persistent hydrophobic 

chemical in a fish that is not growing, the BMF will approach Q. It is noteworthy that QC in the 

CKk format is generally not equal to Qf in the fZD format, thus the BMF expressed as a whole 

body or wet weight concentration ratio is generally unequal to the fugacity ratio. In principle, it 

is possible and potentially attractive to define a Q for each dietary component and calculate a 

lumped QC or Qf to deduce the egestion rate. 
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If there is no dietary uptake and the principal loss is by ventilation, a bioconcentration factor 

(BCF) can be calculated as kR/kV and equilibrium (equi-fugacity) is approached, which can be 

deduced from Equation 3. If the very simplistic assumption is made that octanol and lipids have 

similar solvent properties for the chemical and lipids are the only absorbing phase, this BCF can 

also be estimated as the product of the fish lipid content and the octanol-water partition 

coefficient, namely LF·KOW. If kR is known, kV can then be estimated as approximately kR/BCF 

or kR/(LF·KOW). This BCF is effectively a thermodynamic partition ratio; however, it may be 

affected by weight gain (growth) or loss. For screening level purposes, a lipid content L of 5% is 

often used and thus a BCF of 5000 corresponds to a KOW of 100,000 or log KOW of 5. We accept 

the simplistic nature of this approach in that it applies only to a subset of chemicals. Other 

chemicals partition to other phases by electrostatic interactions, protein binding, and covalent 

bonding.  

 

4.3.2 Relationships between the CKk and fDZ mass balance equation formats 

To illustrate the equivalence and relative merits of the two formats, a simple spreadsheet was 

compiled to calculate the bio-uptake quantities from selected input parameters for a specimen 

chemical of Log KOW of 6.0, Henry’s constant 10 Pa·m-3·mol-1 and molar mass 100 g·mol-1 in a 

10g fish of lipid content 10% with a growth rate constant of 0.0025 days-1. The fish is exposed to 

water at a concentration of 0.001 g·m-3 and a diet of lipid content 0.05 g·g-1 with a fugacity 1.5 

times that of the water. The chemical is subject to biotransformation with a rate constant of 0.01 

days-1. Respiratory and dietary uptake parameters were taken from allometric relationships used 

by Arnot and Gobas1 but quantities were rounded off to facilitate interpretation. 
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Calculations were done in both CKk and fZD formats independently and yielded identical results 

as shown in Table 3, namely a fish wet weight concentration CFW of 182 g·m-3 or 1.82 mol·m-3. 

The corresponding lipid normalized concentrations are a factor of 10 greater. The equilibrium 

BCF of the fish is 100,000, the BAFW is 181,800 and the BAFL is 1,818,000. The calculated 

BMFW is 2.42 and BMFL is 1.21. The fugacity of the chemical in water is 0.1 mPa, the diet is 

0.15 mPa and the fish is 0.18 mPa, thus the fish to diet fugacity ratio is 1.2, equal to the BMFL, 

showing modest biomagnification. 

 The uptake processes are: respiration 10% and diet 90%, with a total rate of 0.05 mg·day-1 i.e. 

0.5 umol·day-1. Loss process are: respiration 17%, egestion 41%, biotransformation 35% and 

growth dilution 8%. At steady state the body burden is 1.81 mg or 18.1 µmol. The half-lives for 

uptake and loss are both 25.2 days. The total input and loss rates are 0.05 mg·day-1, thus the 

residence time of the chemical in the fish is 36 days. 

It is notable that the assumed ratio of dietary uptake to egestion rate parameters QC for the CKk 

format is 6 while Qf for the fZD format is 3. This difference is attributable to the different lipid 

contents of the diet and fish because Qf is QC(LD/LF). QC and Qf represent limiting maximum 

BMFs on a concentration and fugacity or lipid normalized basis respectively as is apparent from 

Equations 44 and 48. For example, increasing log KOW to 8 and setting biotransformation and 

growth rates to zero result in a BMFW of 5.98, approaching QC of 6 and a BMFL of 2.99, 

approaching Qf of 3. These Q values are critical determinants of BMFs for very hydrophobic 

chemicals. As KOW increases, dietary uptake becomes the dominant input process and respiration 

becomes negligible. The fish is then unaffected by the concentration in water except that this 

water concentration controls concentrations at lower trophic levels. 
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Inspection of these results suggests that the CKk format is easier to understand and apply than 

fZD format. Concentration ratios can, however, become very large and difficult to interpret and 

relative concentrations between fish and diet items can be misleading because both wet weight 

and lipid normalized concentrations can be used. This format proves to be most preferred for 

conditions under kinetic control as applies to hydrophobic chemicals. 

The fZD format may be initially more difficult to apply compared to CKk format, but it can 

provide additional insights into the bio-uptake process by revealing the relative equilibrium 

status between water, sediment and various aquatic species. Bio-uptake metrics expressed as 

fugacity ratios generally lie in the range 1 to 10 and are more easily interpreted.  This format is 

most relevant when conditions are largely controlled by equilibrium processes, which applies to 

less hydrophobic chemicals. Because BMFL factors and fugacity ratios are equivalent, either can 

be used to characterize trophic magnification in food webs; however, this implies that all 

partitioning is into lipids and in this simple case that lipids are equivalent to octanol. 

Monitoring data by Connolly and Pederson29 first demonstrated this fugacity increase. This was 

followed by Gobas and colleagues30-31 who demonstrated experimentally that lipid digestion 

causes a fugacity increase in the digestive system and this elevated fugacity is transmitted into 

the body, causing biomagnification. As noted earlier, this process of fugacity increase can be 

viewed as being caused by ‘solvent depletion’.13 The fugacity format thus captures the 

fundamental cause of bioconcentration as being driven by differences in Z-values (i.e. the 

capacity to absorb the chemical, dependent on solubility) between water and the fish, the ratio of 

which is a partition ratio. It also addresses the fundamental cause of biomagnification reflecting a 

reduction in Z-value in ingested food during lipid digestion. Ultimately, since both formats yield 

identical results, either or both can be used.  
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4.4 Results 

4.4.1 Mass-balance equations applied to bioaccumulation in a simple predator-prey system 

We now discuss several implications of the models comprising these equations, especially the 

sensitivity of desired outcomes to the parameter values of the selected chemical. A significant 

advantage of having available a simple and robust validated model is that the implications of 

changes in parameters can be explored mathematically rather than by actual, demanding and 

expensive testing. To illustrate these implications we compile simple bioaccumulation models 

employing realistic ranges of properties of typical organisms and chemical parameters. The 

models are outlined in a recent study of TMFs to predict TMFs and BMFs.9 We suggest typical 

values for rate constants as a function of fish species and the chemical. Uptake and loss 

parameters are given in Table 4 for five species using allometric correlations suggested by Arnot 

and Gobas1 as a function of fish mass and temperature. These rate constants (days-1) are defined 

in Table 3. Typical numerical values are included and applied initially to a 10g fish i.e. smelt, 

namely kR (respiratory uptake) 470, kD (dietary uptake) 0.063, kG (growth dilution) 0.0025, and 

kE (egestion) 0.0105, conveniently estimated for screening level purposes as a factor Q of 6 less 

than kD. Dietary and respiratory assimilation efficiencies and the respiratory loss rate constant kV 

are KOW dependent and are estimated using parameters from the Arnot-Gobas model.1  Values of 

kMet are later selected arbitrarily.  
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Table 4: Characteristics of selected food web species. Dietary and respiratory assimilation 

efficiencies and the respiratory loss rate constant kV are KOW dependent, kV being estimated as 

kR/(L·KOW).  

Species Phytoplankton Zooplankton Mysis Smelt Trout 

Mass (g) Not required 0.0001 0.1 10 100 

L (g·g-1) 0.05 0.03 0.2 0.1 0.25 

QC = kD/kE  6 6 6 6 

GV (L·day-1)  0.0049 0.44 8.77 39.2 

GF (kg·day-1)  8.2E-08 2.9E-05 0.0015 0.010 

kR (days-1)  26660 2376 474 212 

kD (days-1)  0.348 0.124 0.062 0.044 

kG (days-1)  0.025 0.0063 0.0025 0.0005 

kE (days-1)  0.0581 0.0206 0.0103 0.0073 

 

We first model the simple bioaccumulation of a series of hypothetical, non-biotransforming 

chemicals with Log KOW values of 4, 5, 6 and 8 in three smelt of different lipid contents exposed 

to contaminant in the same diet and the same respired water. These predator smelt occupy a 

functional trophic level (TL) of 2.0 and are designated either as lean (L) with a lipid content of 

2%, mean (M) with 10%, and fat (F) with 20%. These rather extreme lipid contents are selected 

to facilitate interpretation of results. The water concentration is 1 mg·m-3, the diet has a lipid 

content of 10% and occupies a functional TL of 1.0 and is thus in equilibrium with the water as 

controlled by the lipid-water partition coefficient that is assumed to equal the octanol-water 

partition coefficient KOW. These dietary concentrations are designated CDW and CDL on a wet-

weight and lipid-weight basis respectively.  An arbitrary fugacity water Z-value, ZW, of 0.01 
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mol·m-3·Pa-1 in water is assumed corresponding to a Henry’s Law constant of 100 Pa·m3·mol-1 to 

enable fugacities to be calculated and compared for the water and fish. In each case the wet-

weight fish concentrations CFW and the lipid-normalized concentrations CFL i.e. CFW/L are 

deduced and compared. The bioaccumulation factors on a wet weight basis (BAFW) and on a 

lipid-weight basis (BAFL) are calculated as CFW/CW and CFL/CW respectively. The 

biomagnification factors on a wet-weight basis (BMFW) and on a lipid-weight basis (BMFL) are 

calculated as CFW/CDW and CFL/CDL respectively.  

Also calculated are the half time for uptake and the percentages of uptake for diet and respiration 

processes, as well as the percentages that each loss rate constant contributes to the total loss rate 

constant; thus  the dominant rate constant(s) can be readily identified.  

A selection of the results is given in Table 5 that gives calculated values of CFW and CFL for 

values of Log KOW of 4, 5, 6, and 8. In these simulations zero biotransformation is assumed i.e., 

kMet is zero, but is varied later. 



	 76	

Table 5: Results of bioaccumulation estimations of a series of chemicals in 3 predator smelt differing in lipid contents, namely ‘lean’, 1	

2%, ‘mean’ 10% and ‘fat’ 20% with properties given in Table 4. Note that BAFL equals fF/fW and BMFL equals fF/fD. The percentage 2	

contribution of each process to the overall loss rate constant kT and the uptake half times τ, days are included. 3	

 Log KOW = 4.0 

CDW = 1.0, CDL= 10.0 

Log KOW = 5.0 

CDW = 10.0, CDL= 100.0 

Log KOW = 6.0 

CDW = 100.0, CDL= 1000.0 

Log KOW = 8.0 

CDW = 10000, CDL= 100000 

Predator              Lean Mean Fat Lean Mean Fat Lean Mean Fat Lean Mean Fat 

CFW 0.23 1.10 2.15 4.43 18.31 30.12 182.5 379.6 438.9 32400 33471 33609 

CFL 11.3 11.0 10.8 221 183 151 9127 3796 2194 1.62E+06 3.35E+05 1.68E+05 

Diet % 11.9 11.87 11.87 57.17 57.17 57.17 92.89 92.89 92.89 99.75 99.75 99.75 

kT  2.36 0.48 0.25 0.25 0.06 0.04 0.036 0.018 0.015 0.0059 0.0057 0.0057 

kV % 99.5 97.30 94.74 94.78 78.42 64.50 64.89 26.99 15.60 4.00 0.83 0.41 

kE % 0.45 2.19 4.26 4.22 17.44 28.69 28.26 58.77 67.94 53.87 55.65 55.88 

kMet % 0 0 0 0 0 0 0 0 0 0 0 0 

kG % 0.11 0.52 1.01 1.00 4.14 6.81 6.84 14.23 16.45 42.14 43.53 43.71 

BAFW 226 1104 2150 4426 18307 30116 1.83E+05 3.80E+05 4.39E+05 3.24E+07 3.35E+07 3.36E+07 

BAFL, fF/fW 1.13E+04 1.10E+04 1.08E+04 2.21E+05 1.83E+05 1.51E+05 9.13E+06 3.80E+06 2.19E+06 1.62E+09 3.35E+08 1.68E+08 

BMFW 0.23 1.10 2.15 0.44 1.83 3.01 1.83 3.80 4.39 3.24 3.35 3.36 

BMFL, fF/fD 1.13 1.10 1.08 2.21 1.83 1.51 9.13 3.80 2.19 16.20 3.35 1.68 

τ, days 0.3 1.4 2.8 2.8 11.5 18.9 19.0 39.5 45.6 116.8 120.7 121.2 

4	
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The columns on the left (Log KOW of 4.0) show that the lipid normalized concentration CFL is 

fairly constant (10.8 to 11.3) as are values of BAFL, because the lipid is close to equilibrium with 

the water, but the wet weight concentrations CFW vary considerably (0.23 to 2.15) depending on 

the lipid content of the fish. The fish fugacities are directly proportional to values of BAFL. This 

proportionality applies only if lipid is the only sorbing phase. The ratio of fish to diet fugacity 

equals BMFL and varies from 1.08 to 1.13, indicating near-equilibrium and negligible 

biomagnification. The percentage chemical input from the diet is minimal (11.9%) because of 

the low concentration in the diet. The primary loss process is by ventilation (kV) (95 to 99%), 

which depends inversely on lipid content, thus the rate constant for total loss is smallest for the 

fat fish, but the absolute rates of input and loss are equal in all three cases. Bioaccumulation 

factors on a wet-weight basis (BAFW) range from 226 to 2150 reflecting the high variability in 

CFW.  Wet-weight biomagnification factors (BMFW) vary similarly from 0.23 to 2.15. The total 

rate constant for loss ranges from 2.4 to 0.25 days-1 corresponding to short uptake and loss times 

of 0.3 to 2.8 days. The fat fish is slower to approach steady state because of its greater capacity 

for chemical accumulation due to a greater amount of lipid tissue. In this case it is clearly 

preferable to interpret the bioaccumulation phenomena on an equilibrium basis using CFL or 

fugacity, as is normal practice recommended by Borga et al.8 and Burkhart et al.4 Use of wet-

weight parameters can obscure the interpretation. 

The columns in the center-left with a higher value of Log KOW of 5.0 show that CFL and CFW now 

both vary considerably. Input is from both diet (57%) and remaining input is from respiration, 

reflecting the higher concentration in the diet. The primary loss processes are by ventilation (kV) 

which depends inversely on lipid content, and egestion (kE) which is independent of lipid content 

because the absolute rate is CFW·kE.  The rate constant for total loss is now less sensitive to fish 
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lipid content and corresponds to uptake and loss half-times from 2.8 to 19 days. The ratio of fish 

to diet fugacities (BMFL) now ranges from 2.21 to 1.51 indicating a higher fugacity in the fish 

than that in the water in all cases and greater biomagnification. In this case either CFW or CFL, or 

both, can be employed to interpret the bioaccumulation and trophic magnification.  

 The columns on the centre right (Log KOW of 6.0) show that CFW now becomes more constant 

(182 to 440) and CFL is now more variable (9127 to 2194). Diet is now responsible for 93% of 

the input because of its high concentration. There is appreciable biomagnification with BMFW 

ranging from 1.8 to 4.4 while BMFL ranges from 9.1 to 2.2 i.e. the effect of lipid content reverses 

the BMF trend. The primary loss processes are by ventilation and egestion. The uptake and loss 

half-times range from 19 to 46 days. 

The columns on the right with log KOW of 8 represent an extreme condition of super-

hydrophobicity15, 32 in which the diet is responsible for 99.8% of the inputs. The wet-weight 

concentrations are now nearly constant and the lipid-weight concentrations are highly variable. 

The primary loss processes are now by egestion (kE) and growth (kG), which are independent of 

lipid content, thus the rate constant for total loss (~0.006 days-1) is also independent of lipid 

content and corresponds to a long half-time of 116 days. In this case it is clearly preferable to 

interpret the bioaccumulation phenomena using CFW rather than CFL because lipid normalization 

introduces an unnecessary variability. BMFW ranges narrowly from 3.24 to 3.35 to 3.36 but the 

trend reverses for BMFL with values of 16.2 to 3.35 to 1.68. CFL is now highly variable while 

CFW is fairly constant. For these conditions, it can be argued that it is preferable to use wet-

weight concentrations and ratios.  

These calculations illustrate several important features of BMFs and thus of TMFs. First, the 

wet-weight BMFW is CFW/CDW, while the lipid-weight BMFL is CFL/CDL, thus BMFL is 



	 79	

BMFW(LD/LF) where LD and LF are the lipid contents of the diet and fish respectively. When a 

fish consumes a lean diet and LD/LF is <1.0 then BMFW will exceed the BMFL. On the contrary, 

when the fish is leaner than its diet the opposite occurs.  Only when LF and LD are equal are the 

two BMFs equal as is apparent for the ‘mean lipid’ content fish. A BMFL exceeding 1.0 in a 

predator may be attributable, not to biomagnification, but to a lean diet. At high values of KOW 

lipid normalization distorts the predator prey relationships if lipid contents are variable. These 

results suggest that when interpreting biomagnification data, both BMFW and BMFL should be 

inspected with the expectation that BMFL will be more useful for less hydrophobic chemicals 

under equilibrium control and BMFW more useful for highly hydrophobic chemicals under 

kinetic control.  

Second, it may seem counter-intuitive that for highly hydrophobic substances lipid content is 

inconsequential because most of the chemical probably resides in the lipid phases. This 

insensitivity to lipid content arises because the fish concentration is controlled by the rate 

constant for loss kT, and the principal contributing rate constants are independent of lipid 

content. Only kV depends directly on lipid content, but it is small and insignificant, contributing 

less than 5% to the losses when log KOW is 8. 

Third, a common and correct justification for lipid normalization is that it reflects the fugacity of 

the fish relative to the fugacity of the water and the diet. For the data in Table 3 BMFL equals the 

ratio of the fish fugacity to that of the water and food.  This ratio is close to 1.0 for the left-hand 

columns, but there is an increase in fugacity for the middle columns reflecting the expected 

biomagnification. For the columns on the right the fugacities in the fish are highly variable, 

specifically 16.2 to 1.68 times that of the water and food. Fugacities thus vary greatly depending 

on lipid levels of the predator.  The biomagnification is not a result of thermodynamic 
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partitioning, it is caused by the kinetic effect of a low and fairly constant value of kT and the high 

and constant diet concentration that yield constant values of CFW but highly variable values of 

CFL. Fugacities then become less relevant indicators of bioaccumulation and biomagnification. 

Simple bioaccumulation with metabolic biotransformation 

To address biotransformation we again apply the simple bioaccumulation model to a series of 

chemicals with the same range of Log KOW values in the same 3 fish and again with the same 

water and diets, but biotransformation is introduced as an arbitrarily selected rate constant kMet of 

0.01 days-1 corresponding to a half-life of approximately 70 days. The importance of this half-

life has been reviewed by Arnot et al.33-34 and Goss et al.19 have suggested it as a direct metric of 

bioaccumulation potential. 
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Table 6: Bioaccumulation simulations similar to Table 5 but including biotransformation with a rate constant of 0.01 days-1 

corresponding to a half-life of approximately 70 days. The uptake half times τ, days are included. 

 Log KOW = 4.0 

CDW = 1.0, CDL= 10.0 

Log KOW = 5.0 

CDW = 10.0, CDL= 100.0 

Log KOW = 6.0 

CDW = 100.0, CDL= 1000.0 

Log KOW = 8.0 

CDW = 10000.0, CDL= 100000.0 

Predator Lean Mean Fat Lean Mean Fat Lean Mean Fat Lean Mean Fat 

CW 0.22 1.08 2.07 4.26 15.71 23.67 143.31 241.91 264.67 1.2E+04 1.2E+04 1.2E+04 

CL 11.24 10.82 10.33 212.76 157.07 118.35 7,166 2,419 1,323 6.0E+05 1.2E+05 6.1E+04 

Diet % 11.87 11.87 11.87 57.17 57.17 57.17 92.89 92.89 92.89 99.75 99.75 99.75 

kT  2.37 0.49 0.26 0.26 0.07 0.05 0.05 0.03 0.03 0.02 0.02 0.02 

kV % 99.03 95.32 91.07 91.14 67.28 50.69 50.95 17.20 9.41 1.49 0.30 0.15 

kE % 0.44 2.14 4.09 4.05 14.97 22.55 22.19 37.45 40.98 20.06 20.30 20.33 

kMet % 0.42 2.03 3.87 3.85 14.20 21.40 21.49 36.28 39.69 62.76 63.52 63.61 

kG % 0.11 0.51 0.97 0.96 3.55 5.35 5.37 9.07 9.92 15.69 15.88 15.90 

BAFW 2.2E+02 1.1E+03 2.1E+03 4.3E+03 1.6E+04 2.4E+04 1.4E+05 2.4E+05 2.6E+05 1.2E+07 1.2E+07 1.2E+07 

BAFL, fF/fW 1.1E+04 1.1E+04 1.0E+04 2.1E+05 1.6E+05 1.2E+05 7.2E+06 2.4E+06 1.3E+06 6.0E+08 1.2E+08 6.1E+07 

BMFW 0.22 1.08 2.07 0.43 1.57 2.37 1.43 2.42 2.65 1.21 1.22 1.22 

BMFL , fF/fD 1.12 1.08 1.03 2.13 1.57 1.18 7.17 2.42 1.32 6.03 1.22 0.61 

τ, days 0.3 1.4 2.7 2.7 9.8 14.8 14.9 25.1 27.5 43.5 44.0 44.1 
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The results in Table 6 are similar to those in Table 5 but biotransformation causes a reduction in 

all concentrations. The effect is greatest for the hydrophobic chemicals that have relatively slower 

non-biotransformation loss processes. Specifically, for Log KOW of 4 the fish concentrations are 

similar to those in Table 3. For log KOW of 5 and 6 the concentrations in the fat fish are lower by 

a factor of up to 2 because kMet contributes up to 40% of the losses. For log KOW of 8, kMet becomes 

the dominant (63%) loss rate constant and concentrations fall by nearly a factor of 3. These 

reductions in concentration are the direct result of kMet causing an increase in kT. 

 

For log KOW of 8 the BMFW values are all approximately 1.2 but the BMFL values vary from 6.0 

to 1.22 to 0.61 and are clearly being distorted by the varying lipid contents. The introduction of 

biotransformation as a significant loss process provides an additional incentive to avoid lipid 

normalization for very hydrophobic substances because the variation in CFW values is 

considerably less than those of CFL. Variation in lipid content for highly hydrophobic chemicals 

is inconsequential for steady state bioaccumulation and biomagnification, but it does affect the 

time required to reach steady state and this may be reflected in concentrations in ecosystems. It is 

thus interesting to explore how these assertions are reflected in food web simulations. 

 

4.4.2 Linear food chain model to determine the TMF with and without biotransformation  

A simple 5 species, 5 trophic level obligate food chain is defined in which the phytoplankton are 

assigned a TL of 1 while other species 2 to 5 have an exclusive diet of the species below (i.e. 

previous level in the food chain). The fish properties listed in Table 4 are deduced from Arnot-

Gobas1 correlations and are regarded as typical values for the masses of the specific species with 
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a Qc value i.e. kD/kE ratio of 6. The model was run as before for log KOW of 4, 5, 6 and 8 and the 

concentrations CFW and CFL were calculated. Logarithmic values of both concentrations were 

plotted and regressed against trophic level to obtain a slope (β). The TMF is then calculated 

using the conventional method, namely the TMF is the antilog of the regression slope, β, of log 

C on TL.8, 35-36 The results are presented in Fig 2 as a series of TMF plots using both log CFW and 

log CFL as a function of TL (lower and upper plots respectively) from which TMFW and TMFL 

can be obtained, expecting that because TMF is essentially an average BMF, the same general 

conclusions will apply as discussed earlier for the lean, mean and fat fish. 

There is a significant difference between wet-weight (CFW and TMFW) and lipid-normalized (CFL 

and TMFL) values. For less hydrophobic substances lipid normalization is clearly desirable 

because of the greater constancy of the CFL values.  As KOW increases, the lipid-normalized lines 

have increased slopes and become more variable, shown in Figure 9. In contrast, the wet-weight 

lines become less variable and approach straight lines indicating constancy in BMFW values. In 

contrast, for the more hydrophobic chemicals an improved regression is obtainable using TMFW. 

In general, the two TMF values are unequal. 
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Figure 9: Regression of log chemical concentrations (wet-weight and lipid-normalized) across a 
5 species obligate food chain. 

 

Part of the differences between the two TMFs arises because of systematic changes in lipid 

content (L) with TL. Generally, if L increases with TL the CFW and CFL lines tend to converge. 

Only if the lipid contents of all species are equal will the lines be parallel and TMFW and TMFL 

are equal. A simple numerical example illustrates this dependence of TMF on lipid variations. 

For a 4-species linear food chain with a constant BMFW of 3.0, the CFW values for a hypothetical 

example could be 1, 3, 9 and 27. If the lipid contents are equal, both TMFW and TMFL will be 

3.0. If the lipid contents increase from 0.05 at TL of 1 by multiples of 1.2 to 0.06, 0.072 and 

0.0864, the TMFW is unchanged at 3.0 but the TMFL decreases to 2.5 which is 3.0/1.2. Similarly, 

if the lipid contents decrease by a factor of 1.2, TMFL increases to 3.6. These results suggest that 

lipid normalization is desirable for species that are approaching equilibrium with water with 
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relatively insignificant dietary uptake, with fast respiratory exchange dominating. The opposite 

applies to hydrophobic chemicals that biomagnify appreciably. Lipid normalization can change 

the slope of the log CF on TL regression line, causing TMFW and TMFL to diverge. This effect is 

most important for substances that biomagnify and are likely subjects of regulatory TMF 

evaluations.  

We again suggest that both TMFW and TMFL be calculated from monitoring data. Their ratio is 

an indication of a systematic variation of L with TL.  This ratio can be regarded as a trophic 

dependence on lipid content (TDL).  If the ratio TMFL/TMFW and TDL is 1.0 there is no 

systematic dependence of TMF on L. A TDL< 1.0 indicates an increase in L with TL and a 

TDL> 1.0 indicates a decrease in L with increasing TL. An important implication is that if TMFs 

are to be used in a regulatory context it must be appreciated that TMFL is a function of both 

biomagnification and systematic changes in species lipid contents.  In practice, large values of 

both TMFs indicate appreciable biomagnification and either or both can be used. 

In the TMF figures above TMFW exceeds TMFL by a factor of approximately 1.6 indicating an 

increase in L with TL as is apparent from the lipid contents in Table 4. 

Effect of biotransformation on TMFs    

The simple food chain model was run for hydrophobic substances of varying biotransformation 

rate constants kMet, which was applied to all species.  Figure 10 is a plot of log CFW as a function 

of TL for kMet values ranging from 0 to 0.05 days-1. The corresponding TMFs are given. As 

expected, an increase in kMet reduces concentrations, BMFs and TMFs, especially at higher 

trophic levels. 
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It is notable that the slopes of the log CFW vs TL lines are most variable at high trophic levels. 

This is because the rate constants for other losses are slower for large fish thus the introduction 

of a specific kMet has a greater effect on kT and thus on the BMFW. Biotransformation is most 

influential for large fish that experience slower loss processes by other mechanisms. This raises 

an interesting possibility that TMFW data could be used to deduce biotransformation rate 

constants.  

 

Figure 10: Effect of biotransformation on log wet-weight fish concentration (CFW) in a food 
chain for selected values of biotransformation rate constants (kMet), specifically reading down: 0 
(blue), 0.01 (orange), 0.02 (grey) and 0.05 (yellow) days-1 . The corresponding wet-weight 
trophic magnification factor (TMFW) values are 3.21, 1.42, 0.95,and 0.49.   

 

4.4.3 The key role of dietary and respiratory uptake rates 

This analysis suggests that a major factor influencing bioaccumulation and biomagnification is 

the relative quantities of chemical taken up from water by respiration and from diet. Estimates of 

these rates require data on the volumetric or mass flows of water and food and the assimilation 
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efficiencies in the gills and GIT. Correlations and data37 are available for these processes but 

improved estimates would be invaluable. A related issue is the location of biotransformation as 

being either somatic or intestinal as discussed by Gobas and Lo.10, 31  In a simple one 

compartment model this may be of little importance but for more detailed multi-compartment 

models this can be critical, especially if QSARs are used to estimate biotransformation rate 

constants that differ in location and thus reactive environment within the fish. 

We believe that the three super-hydrophobic permethylcyclosiloxanes D4, D5 and D6 serve as 

good examples because they cover a range in hydrophobicity from log KOW of 6.98 for D4 to 

8.09 for D5 and 8.87 for D6. These chemicals have been extensively studied in recent years. For 

D4, D5 and D6 respiratory uptake and loss are negligible thus it can be argued that the chemical 

observed in high trophic level species such as trout reached their destination entirely by dietary 

uptake from lower trophic level (planktonic) species, with water playing a negligible role as a 

source. For D4 greater respiratory uptake is expected. This was tested using the model by setting 

the concentration in the plankton, then setting the water concentration as zero for all other 

species. As expected, this resulted in a negligible change in concentrations, BMFs and TMFs. A 

possible implication is that the source of these chemicals in lakes such as Lake Mjosa15 and 

marine ecosystems such as Tokyo Bay36 is not the dissolved chemical in water, it is the 

contaminated suspended biomass discharged from waste water treatment plants. Clearly more 

efficient contaminant removal is desirable because the discharged biomass is a direct source of 

diet to the resident biota. In the case of D5 this explains why contamination in fish is apparently 

not fully mitigated by the expected fast volatilization from the surfaces of these water bodies. 

Improved parameters for uptake from planktonic and other small organisms would be desirable 

because they play a critical role as the source of contamination. 
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4.5 Discussion 

We first discuss the issue of whether or not to lipid normalize. In 1995 Hebert and Keenleyside38 

published a paper aptly titled “To normalize or not to normalize? Fat is the question”. The 

authors acknowledged the value of lipid normalization when interpreting concentrations of 

hydrophobic contaminants in biota, but they pointed out that lipid normalization can lead to 

erroneous conclusions and that direct interpretation of whole-body or wet-weight concentrations 

may be preferable. They cited three examples: concentrations of PCBs in herring gull (Larus 

argentatus) eggs in the Great Lakes, concentrations of hexachlorobenzene in forage fish in the 

St. Clair and Detroit Rivers, and a hypothetical example of a hydrophobic contaminant in two 

species of fish. They concluded that both whole-body and lipid-normalized data should be 

examined and interpreted, as well as an alternative analysis of covariance (ANCOVA) approach. 

The paper has been cited over 100 times since 1995 testifying to its general acknowledgement. 

However, lipid normalization remains widely recommended and practiced, especially when 

assessing biomagnification and trophic magnification.8, 39 The results from the present 

simulations support their assertion that both wet weight and lipid normalized concentrations 

should be used. 

Second, the results presented here suggest that BMFs and TMFs of very hydrophobic chemicals 

subject to biotransformation are primarily dependent on KOW and biotransformation half-lives. 

This is entirely consistent with the findings by Walters et al.40 in their ‘global synthesis’ of over 

1500 TMF measurements, most of which used lipid-normalized data. We suggest, however, that 

TMFs may be best determined using both lipid normalized concentrations and whole fish (wet-

weight) concentrations.  A benefit of the latter approach is that it avoids problems of lipid 

determination, especially when the organism has a very low lipid content or when fillets or 
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muscle are the sampled media.  It also avoids the dependence of BMFs on relative lipid contents 

of the predator and prey. Regressions of log CFW vs TL may be more robust than those using CFL. 

An uncontentious conclusion is that it is desirable when processing monitoring data to obtain and 

evaluate both wet-weight and lipid normalized concentrations, because there is no added cost, 

indeed costs for lipid determination could be reduced.  

Inclusion of benthic organisms in food webs is often essential because the subject chemicals may 

have partitioned into sediments and persisted there for a prolonged period of time. Estimation of 

pore water concentrations and hence sediment and pore water fugacities is fraught with 

uncertainties. It is likely that in many cases the prevailing sediment fugacity exceeds the water 

column fugacity because of organic carbon mineralization, thus fugacities at low trophic levels 

may be uncertain.41 Models can be useful for exploring the effect of sediment/water fugacity 

ratios as discussed by Mackay et al.9 and Kim et al.35  

The deductions presented above assume that the basic uptake Equation 41 is correct and no other 

factors substantially influence the uptake.  The assumption that KOW equals the lipid-water 

partition coefficient is questionable but this should not affect the general conclusions concerning 

trends in hydrophobicity. Of course, real food webs are more complex and variable than those 

discussed here but we believe that the same principles may apply.  

It must be appreciated that TMFs will differ when using wet-weight and lipid normalized 

concentrations, especially if lipid contents vary throughout the food web. The differences in 

TMFs can be significant and in extreme cases one TMF may indicate trophic magnification 

whereas another TMF derived from the same data may indicate trophic dilution. This is most 

likely for hydrophobic chemicals that are appreciably biotransformed. In most cases, the two 

methods should yield similar, but unequal TMFs characterizing the extent of trophic 
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magnification. For highly hydrophobic substances the calculation and evaluation of fugacities 

can be fraught with difficulties because concentrations are not influenced by lipid content. It is 

believed that these principles may apply to numerous hydrophobic substances including 

permethylcyclosiloxanes, phthalate esters and halogenated hydrocarbons. Obviously when using 

BMFs and TMFs for regulatory purposes it is essential to appreciate the uncertainties introduced 

by these issues. 

Finally, we comment on a semantic issue that it may be asserted that some chemicals biomagnify 

whereas others do not. Inspection of the uptake equation suggests that ALL chemicals 

biomagnify because kD inevitably exceeds kE and their ratio approaches Q. The reason that 

relatively hydrophilic chemicals do not apparently biomagnify is that the increase in fugacity 

caused by lipid digestion is mitigated by the relatively fast losses by ventilation or 

biotransformation. The experimental determinations of increases in fugacity in the GIT resulting 

from ‘solvent depletion’ by Gobas and colleagues42  present a compelling case for the fugacity 

increase in the GIT that is inevitably transmitted into the body of the fish; however, that increase 

may be subsequently dissipated by loss processes from the body that restore the body fugacity to 

a lower value similar to that of the food or water. 

 

4.6 Conclusions 

In conclusion, we suggest that improvements in the science and modelling of bioaccumulation 

would benefit from advances in several subject areas. 

The model used in this study applies to 1-compartment bioaccumulation of nonionizing neutral 

organic chemicals; however, many potentially toxic chemicals may fall outside of this range of 
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applicability. Because bioconcentration is basically a partitioning phenomenon, there is a need 

for more data on partition ratios to all relevant tissues by experimental determinations, QSAR 

development and fundamental computational methods, including the influences of temperature 

and ionization especially for cations that can be highly toxic. Such developments would enhance 

the use of tissue-specific parameters in PBPK models. Partitioning from sediment solids and pore 

water into benthic organisms can have a high degree of uncertainty, especially when water 

column concentrations are responding to changes in chemical emission rates. It would be useful 

to document passive sampling and other methods of determining sediment/water fugacity 

ratios.41 

Chemical biotransformation or metabolism rates play a critical role in determining 

bioaccumulation, thus measurements and correlations need further improvement, including the 

differences between somatic (body) and gastrointestinal rates10 that occur in very different 

milieu. Because BMFs and TMFs can be highly dependent on biotransformation rates it should 

be interesting to explore if these rate constants can be deduced by ‘inverse modelling’ 

monitoring data.    

Determination of trophic magnification in ecosystems must consider the effects of spatial and 

temporal variability, sediment-water fugacity ratios, reproductive losses and changing diets with 

growth. 

There should be continuing consideration of the number and nature of fish compartments 

required for scientific and regulatory purposes, including consideration of the required accuracy 

and the degree of parsimony justified. The full implications of using steady state models as 

distinct from dynamic models also requires evaluation.   
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The various uptake and loss parameters are fundamentally linked to the organism’s 

bioenergetics, thus consistency between these variables should be sought. There is a need for 

improvements in estimation methods for processes such as dietary and respiratory assimilation 

efficiencies and extents of digestion of various food items. The definition of different Q values 

for each dietary component should be explored.  

As described here the model gives only point estimates of output quantities. There is an 

obligation for the modeler to quantify the perceived accuracy of the results, especially as being 

best qualified to identify important parameters and covariances. There is increasing emphasis on 

presenting probabilistic estimates of model output such as by using Monte Carlo approaches. A 

discussion of these methods, while beyond our scope here, deserves increased attention, 

especially when models are used for regulatory purposes. 

Overall, it seems likely that a preferred strategy to advance the science of bioaccumulation is to 

continue ecosystem monitoring, laboratory determinations of biouptake processes and model 

development, preferably in concert and undertaken to support regulatory incentives. It is obvious 

that quantitative estimations of bioconcentration, bioaccumulation, biomagnification and trophic 

magnification as used in regulatory programs are essential for exposure and risk assessment, 

especially for hydrophobic substances. Ultimately, regulatory decisions are best justified using 

data from well-designed and carefully interpreted monitoring programs, preferably using 

benchmark chemicals. Models can play an invaluable complementary role to monitoring by 

confirming that the perceived state of the science contained in the models is consistent with the 

ecosystem observations.  
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5.1 Abstract 

A one-compartment toxicokinetic model is used to characterize the ‘chemical exposure toxicity 

space’ (CETS), providing a novel graphical tool that can aid in the design of aquatic toxicity 

tests for fish and for interpreting their results. The graph depicts the solution to the differential 

equation describing the dynamic uptake kinetics of a chemical by a one-compartment modeled 

fish under conventional bioassay conditions. The model relates the exposure concentration in the 

water to a dimensionless time and the onset of toxicity as determined by an estimated or assumed 

critical body residue or incipient lethal aqueous concentration. These concentration graphs are 

specific to each chemical and exposure and organism parameters, and clearly demonstrate 

differences in toxicity between chemicals and how factors such as hydrophobicity influence the 

toxic endpoint. The CETS plots can also be used to assess bioconcentration test conditions to 

ensure that concentrations are well below toxic levels. Illustrative applications are presented 

using a recent set of high quality toxicity data. Conversion of concentrations to chemical 

activities in the plots enables results for different baseline toxicants to be superimposed. For 

chemicals that have different modes of toxic action, the increased toxicity then becomes 

apparent. Implications for design and interpretation of aquatic toxicity tests are discussed. This 

model, and pictorial visualization of the time-course of aquatic toxicity tests, may contribute to 

improvements in test design, implementation, and interpretation, and to reduced animal usage.  
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5.2 Introduction  

In conventional acute aquatic toxicity tests such as those prescribed by the Organization for 

Economic Cooperation and Development (OECD) 203 Test Guidelines1, test organisms (fish) are 

exposed to defined concentrations of the subject chemical in aqueous solution for a specified 

time, which is typically 96 h. The objective of the experiment is to establish the concentration 

that causes death of a defined percentage (usually 50%) of the fish at the conclusion of the test, 

namely the LC50. Alternatively, a potentially lethal concentration may be prescribed and the 

time-to-death of 50% of the fish is measured. Such tests have demanding requirements, 

especially if the results are to be used for regulatory purposes. Test conditions are normally 

tightly controlled in terms of concentration, temperature, oxygen saturation and number and 

condition of the test organisms, resulting in considerable expense. There is thus an incentive to 

avoid excessive and unproductive testing by careful experimental design and execution. Such 

design may be assisted by employing a predictive model of the uptake process, thus relating 

planned aqueous concentration to time and to a body burden or incipient lethal concentration that 

is postulated to result in lethality. The model need not be highly accurate, but even an 

approximate model can suggest if conditions are likely to be successful or not. The model can 

also contribute to the design of bioconcentration factor (BCF) tests in which the aim is to 

measure the uptake and accumulation of chemical from water, but under sub-lethal conditions. If 

there is insufficient time to achieve steady-state, a correction can be applied employing an 

estimate of the loss rate constant, i.e., using a ‘k1, k2 approach’ as described by Hendriks et al.2 

In a series of reviews of aquatic toxicity testing, McCarty et al.3 have pointed out that regulatory 

demands have increased while the quality of many data in well-accepted databases is often 

inadequate. This is because in the translation from conceptual models to operational testing 
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models not all important toxicity modifying factors influencing linkages between fundamental 

thermodynamics and kinetic processes and adverse toxic effects associated with conventional 

dose metrics are considered. 	

We present here a predictive model that employs equations and a graphical display to describe 

the dynamic uptake kinetics of a chemical by a fish under conventional bioassay conditions, thus 

relating exposure concentration in the water to time and the onset of toxicity. Further, the display 

and equations can be presented in terms of chemical activity, which has been shown to provide 

predictive capability for baseline non-polar narcotic substances, often referred to as having a 

toxic Mode of Action (MoA1) or, in the case of polar substances MoA2.4 One appealing feature 

of the model is that the results may be graphically presented to visualize the approximate 

relationship between the parameters and the outcomes. The corresponding set of equations can 

describe these relationships more accurately. Essentially the graph and model satisfy the need for 

an a priori assessment of the likely success of the proposed test design.   

 

5.3 Model and parameters 

To develop the model and the graphical display, we employ the conventional one-compartment 

first-order toxicokinetic model as described by Arnot and Gobas5 in their AQUAWEB model.  

This gives the equation for uptake from water by respiration as applies to standard short-term 

bioconcentration and toxicity tests such as OECD 3056 and OECD 2031 and are described in the 

text by Newman.7 

C" = C$ ∙ k' k( + k*+, ∙ 1 − exp − k( + k*+, t 																																			 48  
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Here CF is the concentration in the exposed aquatic organism (mol/m3 ww), and CW is the 

dissolved concentration in the water (mol/m3). kMet is the first-order rate constant for metabolism 

or biotransformation (h-1), and t is time. We estimate the respiratory uptake rate constant kR 

(m3·m-3·h-1 or h-1) as G·E, where G is the respiration rate (m3 water/m3 fish·h) and E is the 

chemical transfer efficiency estimated from the chemical's octanol-water partition coefficient 

(KOW).5,8 Conventionally kR is expressed in units such as mmol·kg-1·h-1 but the above units of h-1 

give identical numerical values assuming the fish density is equal to that of water, 1000 kg·m-3. 

The respiratory loss rate constant kV (h-1) is estimated as kR/(L·KOW) where L is the fractional 

lipid or effective octanol content of the fish. For a more rigorous treatment of biotransformation 

it may be necessary to apply Michaelis-Menten kinetics. Applying Equation 48 implies that the 

fish are not fed, thus there is no chemical intake in food, growth dilution is negligible and there 

are no losses by fecal egestion. When t >>1/(kV+kMet), a steady-state concentration CF 

corresponding to a bioconcentration factor (BCF; m3·m-3) is approached:  

C" C$ = BCF = k' k( + k*+, 																																																											 49  

When kMet approaches zero, CF approaches CW·(kR/kV) or CW·BCFE where BCFE is a steady-state 

and equilibrium BCF that can be estimated as L·KOW for many non-polar, neutral chemicals. If 

metabolism occurs, the lower steady-state but non-equilibrium bioconcentration factor BCFM is 

kR/(kV+kMet).  Alternatively, estimates can be made of kR and kV and their ratio equated to the 

BCF. The LC50 is assumed to occur when CF reaches a Critical Body Residue corresponding to 

an effect on 50% of the organisms (CBR50), usually in the range 2 to 8 mol·m-3 or equivalently 

mmol·kg-1 by assuming a fish density equaling that of water, 1000 kg·m-3. This range applies to 

CBRs for acute baseline neutral narcosis of hydrophobic chemicals in small aquatic organisms 
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with about 5% lipid content9 and is consistent with the Redman et al.10 or Di Toro et al.11 

analysis employing the Target Lipid Model. Biochemically reactive chemicals may exhibit 

specific modes of toxic action and have lower CBRs.4 

Rearranging Equation 48 to estimate the LC50 concentration CW that yields a CF or CBR50 at a 

defined exposure time t gives: 

C$ = LC50 mol ∙ m?@ = CBR50 (1 − exp − k( + k*+, t ∙ k' k( + k*+, ) 			 					 50  

where kR/(L·KOW) is equal to kV and the BCF is equal to L·KOW. If kMet is zero Equation 50 

simplifies to:  

C$ = LC50 mol ∙ m?@ = CBR50 1 − exp −kDt L ∙ KF$ ∙ L ∙ KF$ 																	 51  

It is convenient to define the group (1-exp(-(kV+ kMet)t) as Φ, the fractional approach to steady-

state or equilibrium. This group is routinely used to correct measured fish concentrations at near-

equilibrium conditions (t_NE) to estimates of steady-state concentrations (t_E), i.e. t_E is t_NE/Φ. 1,2 

At equilibrium and steady state, Φ is 1.0. When t is zero, Φ is also zero, thus Φ is essentially a 

dimensionless time that is dependent on both the organism and chemical. This gives an equation 

for LC50 as a function of CBR50, Φ, BCFE (for non-metabolizing chemicals) or with BCFM for 

metabolizing chemicals, and an equation for the ratio CBR50/BCF, which is designated here as 

the incipient lethal concentration (ILC50) as defined by Sprague12,13 or the threshold LC50 as 

defined by Wurhmann.14 The text by Newman7 describes this approach in more detail. 

Rearranging to express LC50 and Φ as a function of ILC50 gives:	

CBR50 BCF = ILC50 = LC50 ∙ Φ																																																										 52  
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Equation 52 suggests that the combined toxicity and bioconcentration of the substance can be 

conveniently expressed as CBR50/BCF or ILC50. The ILC50 is the concentration in water (mol· 

m-3) that results in the organism reaching its critical body residue at steady-state, as applies after 

long exposure times when Φ equals 1.0. It is thus the minimum aqueous concentration necessary 

to cause toxicity. The time to reach steady-state is determined by the chemical half-life in the 

fish, and is longer for more hydrophobic and more persistent chemicals because total elimination 

rates become slower, i.e., kV is reduced. When kMet > kV, the BCF (and hence the relationship 

between the external exposure concentration and the internal exposure concentration nearer the 

site of toxic action) can be lower than the thermodynamic equilibrium BCFE. 

These equations capture the expectation that the LC50 depends on the aqueous exposure 

concentration, time of exposure, and the toxicity of the substance expressed in the CBR. There is 

a hyperbolic relationship between exposure concentration (LC50) and time expressed by Φ, their 

product being the ILC50. 	

These algebraic concepts are relatively simple and transparent, but it can be difficult to visualize 

their relationships and significance.  Accordingly, there is an incentive to present them in 

graphical form in what we call a ‘Chemical Exposure Toxicity Space’ (CETS) plot analogous to 

the chemical partitioning space diagrams of KAW, KOW and KOA used to identify the likely multi-

media partitioning tendencies of chemicals.15 By presenting the concepts visually, such diagrams 

may convey the relationships between exposure concentration, time and toxicity more clearly.  

Here we display the concepts graphically, providing a method by which the problems associated 

with long uptake half-times of chemicals and chemicals of various hydrophobicity can be 

identified.  The basis of a CETS plot is Equation 52 in which the quantities determining toxicity, 

CBR and BCF or their ratio ILC50 are related to the product of CW (or the LC50) and exposure 
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time expressed as Φ.  This is graphically depicted by plotting ILC50 as a function of Φ (x-axis) 

and CW (y-axis), as illustrated in Figure 11. Φ ranges from zero to 1.0 and the corresponding 

times from zero to ∞. The half time for uptake occurs when kVt is 0.693 and Φ is 0.5. The locus 

of the intersections of the horizontal LC50 and vertical Φ values is a hyperbolic curve or 

boundary condition of constant ILC50 and represents the combinations of LC50s and times-to 

death that result in 50% or another defined percent mortality. Increasing the toxicity has the 

effect of reducing ILC50 and moving the curve closer to the origin, resulting in a reduction in 

LC50 or shorter times-to death, or both.	

To construct a CETS plot, the ILC50 is defined as the aqueous concentration at Φ=1 and the line 

corresponding to the hyperbolic boundary condition is established for CBR50/BCF by defining 

individual water concentrations (or LC50s) as ILC50/Φ. For a specified time of exposure (Φ), 

the LC50 is equal to CW at the intersection of Φ and the CBR50/BCF or LC50*Φ hyperbola.  

Conversely, the time to death for a specified LC50 is equal to Φ at the intersection of CW and Φ 

on the LC50*Φ hyperbola . If both exposure time and LC50 are known, the intersection of CW 

and Φ on the hyperbolic boundary condition defines the ILC50. It may be desirable to add a 

secondary scale giving time directly under the Φ axis. If the test yields time-to-death data for a 

single or specific fish the same relationships hold but the LC50 becomes an LC. The CBR and 

ILC can then be measured directly. 

We emphasize that this is a simple one-compartment model that does not treat the time-

dependent distribution of the chemical within the fish, nor in its present form does it address 

differences between partitioning to octanol and various lipid/hydrophobic phases, especially 

membranes that are the probable target site of neutral narcosis toxicity (MoA1 and MoA2). The 

assumption that BCF is L·KOW also becomes invalid for hydrophilic chemicals that partition 
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appreciably into aqueous phases in the fish. Our aim here is only to present the concept of the 

CETS in the expectation that future versions may include these refinements.    	

 

 5.3.1 Constraints 

A first obvious constraint for an aquatic bioassay is that the LC50 or CW must be less than the 

solubility of the test chemical. The area on the CETS plot where CW is greater than the solubility 

may thus be identified as being ‘out of bounds’ as depicted by the red zone in Figure 11. The 

minimum feasible LC50 for a test chemical may be estimated as the ILC50. For a test to be 

feasible, CW is thus limited to an upper limit of the solubility and a lower limit of the ILC50 

under typical conditions of exposure.	

A second constraint for an aquatic bioassay is that the maximum test time must be reasonable 

(due to feeding constraints, etc.). The area on the CETS plot where Φ is greater than the 

maximum test time may be identified as being ‘not experimentally feasible’ because of excessive 

test duration, as depicted by the blue zone in Figure 11. Only the remaining green region in Fig. 

1 represents a feasible combination of CW and test duration as specified by the two constraints 

and the ILC50 boundary condition. The time (h) corresponding to each Φ is -ln(1- Φ)/kV. 

In addition to these aquatic bioassay constraints we emphasize that the domain of applicability is 

a one-compartment approximation of multicompartment organisms where all kinetics are 

assumed to be first order, all compartments achieve a reasonable approximation of steady-state 

within the test duration, there is no significant biotransformation and only one mode of toxic 

action dominates the adverse effect associated with the response endpoint being employed. 
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5.3.2 Interpretations and implications of the CETS plot 

In the interest of simplicity we first discuss a series of conditions assuming kMet to be negligible. 

Increasing chemical hydrophobicity then has two effects and results in shrinking of the green 

zone for feasible test conditions (Figure 11). Specifically, if hydrophobicity (i.e. KOW) of the test 

chemical doubles it is likely that solubility of the test chemical is reduced by a factor of 2 and the 

horizontal solubility limit line falls (i.e. the area of the red zone increases). If a test duration such 

as 96h is prescribed then for a given kR for the test organism, kV falls by a factor of 2 and Φ is 

reduced by a similar factor and the vertical maximum test time decreases (i.e. the area of the blue 

zone increases). The ILC line also falls. The net effect is that the green zone of feasible test 

conditions shrinks and can approach a single point or even vanish when ILC50/Φ is equal to the 

chemical’s solubility. Figure 12 illustrates the condition that corresponds to an aquatic bioassay 

being conducted at the solubility of the solid or liquid state chemical as appropriate, and toxicity 

occurs at the prescribed test time.    

For some chemicals the green zone of feasible test conditions may not include the ILC50 

boundary condition, thus it is impossible to demonstrate a toxic effect because both constraints 

(i.e. low solubility and excessive exposure duration) apply, as shown by the purple zone in 

Figure 13.  The locations of the solubility and the ILC50 boundary condition are fixed by 

toxicity and BCF, as determined by KOW and lipid content L, respectively.  Thus, the only option 

for conducting a successful bioassay is to create a green zone by employing a smaller organism 

with larger values of kR and kV, the ratio of which (BCF) is constant and dictated by L and KOW. 

This effectively moves the ILC50 boundary condition to the left and thus closer to the origin. 	
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An obvious strategy when designing an aquatic toxicity test is to compile a CETS diagram 

similar to Figure 11 but for the intended organism and chemical of interest and determine the 

extent of the green zone and especially if it includes the ILC50 line, assuming first that the 

chemical is only a baseline toxicant (MoA1 or MoA2).  If a chemical is believed to have an 

additional mode of action, then the CBR and ILC50 can be reduced by the toxic ratio, which is 

defined as the magnitude of the differences between modes of action. 	

Chemicals with no ‘green zone’ are likely to be hydrophobic with low solubilities in water and 

low values of kV, necessitating long exposure times to achieve appreciable body burdens. 

Chemicals of this type include highly hydrophobic substances such as long-chain alkanes, 

chlorinated alkanes or paraffins, cyclic and linear permethyl siloxanes, and dyes. These 

constraints may also apply to certain highly hydrophobic aromatics such as PCBs, “dioxins” and 

brominated fire retardants but these substances may display other modes of toxic action.  

Experimental determination of the aquatic toxicity of these hydrophobic substances is thus 

fraught with difficulties relating to the necessarily low aqueous concentrations, possible losses 

by evaporation, decreased bioavailability in the water phase caused by the inevitable presence of 

organic matter and the excessively long exposure times, all of which prevent the organisms being 

maintained in reasonable condition. To achieve a toxic endpoint it may be necessary to feed the 

organisms with a diet of contaminated food similar in principle to that suggested in the modified 

OECD aqueous and dietary exposure bioaccumulation test.6 There are obvious economic, 

scientific, animal usage, and regulatory incentives to determine in advance the existence and area 

of the green zone thus avoiding non-productive tests.	

Although not considered in any detail herein, the domain of applicability of this model is not 

limited to hydrophobic chemicals. An examination of hydrophilic chemicals (log Kow <1) is 
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likely to suggest that standard fixed duration exposure testing such as 96 or 24 h may be 

excessively long for some chemicals and organisms. This is consistent with the long-standing 

advice of Sprague16,17 to conduct and report aquatic toxicity tests to incipient, threshold, or 

steady-state rather than at fixed exposure durations.	

When biotransformation occurs and kMet contributes to the overall chemical elimination rate 

constant and the metabolites are relatively non-toxic, this increases the total elimination rate 

constant (kV+kMet), reducing the BCF, increasing the ILC50, reducing Φ and the half time for 

uptake. If biotransformation rate constant estimates are available, e.g., from in vivo, in vitro or in 

silico methods, the estimates should be included to better characterize the range of experimental 

conditions.  

 

5.3.3 Logarithmic version 

The curvature of the ILC50 boundary condition in Figures 1,2 and 3 can be eliminated by taking 

logarithms of the x and y parameters in Equation 52 yielding Equation 53: 

log CBR50 BCF = log ILC50 = log LC50 + logΦ																																															 53  

This linearizes the ILC50 boundary condition on the CETS plot as shown in Figure 14. An 

attractive option is to draw this diagram with a series of parallel ILC50 lines of slope -1 

representing different CBRs or BCFs. The ILC50 can be determined by extrapolating the 

boundary condition to Φ of 1.0 or correspondingly to log Φ of zero. 
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Figure 11: Illustrative Chemical Exposure Toxicity Space (CETS) plot of concentration in water 
vs exposure duration, showing the region of feasible toxicity tests in green. The red and blue 
regions are experimentally inaccessible. An increase in chemical toxicity causes the incipient 
lethal concentration (ILC) line to drop vertically.	 
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Figure 12: Illustrative Chemical Exposure Toxicity Space (CETS) plot in which a toxicity test is 
feasible at only one set of test conditions, i.e., the locus of feasible test conditions is reduced to a 
single point corresponding to the solubility and the prescribed test time.	
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Figure 13: Illustrative Chemical Exposure Toxicity Space (CETS) plot as in Figure 11 and 12 but 
showing that lethal conditions are not achievable because of an excessively low solubility and 
the inadequate exposure duration, i.e., in the purple region both constraints apply. 
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Figure 14: Logarithmic Chemical Exposure Toxicity Space (CETS) plot of log water 
concentration (CW) versus log Φ showing that the hyperbolic incipient lethal concentration 
(ILC50) line is linearized and its slope is -1.0.  

 

5.4 Illustration 

To demonstrate the use and value of the CETS plot we reproduce the bioassay conditions 

described by van der Heidjen et al.18 who have reported a set of high quality toxicity tests for six 

organic chemicals conducted under carefully controlled conditions by using passive dosing from 

a polymer phase to establish and maintain constant water concentrations. Here we focus on their 

results for the guppy (Poecilia reticulata). The weight range was ~10g-110g; ~5% whole body 
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lipid; ~20°C. The chemicals, properties and selected test results are listed in Table 1, namely 

1,2,4-trichlorobenzene (124-TCB), 1,2,3,4-tetrachlorobenzene (1234-TeCB), pentylbenzene 

(QBenz), 2,3,4-trichloroaniline (234-TCA), 2,3,5,6-tetrachloroaniline (2356-TeCA) and 4-

chloro-3-methylphenol (4-Cl-3-MP). Biotransformation rates are assumed to be negligible in 

these calculations.  The solubility and KOW values used in this work were obtained from a 

Handbook 19 except for 234-TCA and 2356-TeCA, which were obtained from EPI Suite™.20 

They are slightly different from the solubility values reported by van der Heijden et al.,18 which 

were calculated using SPARC software.21 Table 7 also contains chemical properties including 

estimated Incipient Lethal Concentrations (ILC) and Incipient Lethal Activities (ILA). 
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Table 7: Chemicals tested by van der Heijden et al.18 namely 124-trichlorobenzene, 1234-

tetrachlorobenzene, pentylbenzene, 234-trichloroaniline, 2356-tetrachloroaniline, and 4-chloro-

3-methylphenol. Values for Log KOW and SW were taken from Mackay et al.19 if available, 

otherwise EPISuite20 was used, and values for lipid content (L) and CBR are from Heijden et 

al.18 Values for kR, kV, ILC, and ILA were calculated for each guppy trial reported by Heijden et 

al.18 and then an average value was calculated for each chemical (including low, medium, and 

high concentrations) and reported in this table. Ranges for values are in brackets.	

Chemical 124-TCB  1234-

TeCB 

QCB 234-TCA 2356-

TeCA 

4-Cl-3-

MP	

Log KOW 4.1 4.5 4.9 3.33 4.10 3.10 

SW (liquid state, 

mol·m-3) 

0.22 0.06 0.026 0.95 0.17 72.83 

SO =KOW*SW = 2 775 1 897 2 065 2 031 2 140 91 700 

BCF=L*KOW 629.5 1 581 3 972 106.9 629.45 62.95 

CBR (mmol/kg) 8.76 

(4.9-18.3) 

8.36 

(7.0-31.9) 

16.1 

(9.8-22.9) 

5.59 

(1.7-8.2) 

2.14 

(0.6-2.8) 

4.96 

(1.4-5.8) 

kR =kV*BCF (h-1) 36.37 

(24.1-57.9) 

62.72 

(40.9-132.1) 

73.04 

(39.2-97.7) 

31.19 

(3.9-80.7) 

34.23 

(10.0-70.2) 

7.47 

(1.0-17.2) 

kV =ln(1-Φ)/t (h-1) 0.0587 

(0.04-0.09) 

0.0397 

(0.03-0.08) 

0.0184 

(0.01-0.02) 

0.291 

(0.04-0.76) 

0.0544 

(0.02-0.11) 

0.119 

(0.02-0.27) 

ILC=CBR/BCF 

(mol·m-3) 

0.014 

(.008-.03) 

0.0055 

(.004-.007) 

0.0042 

(.002-.006) 

0.049 

(.016-.077) 

0.0032 

(.001-.004) 

0.066 

(.022-.093) 
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ILA=ILC/SW 

(unitless) 

0.064 

(.035-.132) 

0.092 

(.074-.124) 

0.16 

(.095-.222) 

0.052 

(.017-.081) 

0.018 

(.006-.026) 

0.0009 

(.0003-.001) 

 

Three water concentrations were prescribed (low, medium and high) at levels corresponding to 

chemical activities (ratios of concentration to water solubility of the liquid state chemical) of 

approximately 10 to 50%, thus toxicity was inevitable. The experimental technique was to 

measure the time-to-death of the fish at the 3 exposure levels at 20˚C. The exposure regimes 

used by van der Heijden et al.18 corresponded to moving the test condition point along the 

horizontal concentration line of a CETS plot until it reached the ILC boundary condition at 

which time death occurred. These times-to-death and resulting CBRs for individual fish were 

measured.  	

For a specific chemical with a known KOW, the BCF can be estimated as the product of lipid 

content (5%) and KOW, i.e. L·KOW, which is also kR/kV. At the time of death (t) the fish is under-

saturated with chemical i.e. CBR < CW·BCF and the fraction of equilibrium Φ is 

CBR/(CW·BCF). The ILC is, by definition, equal to both CBR/BCF and CW/Φ. The loss rate 

constant kV can then be calculated as -ln(1- Φ)/t and kR as kV·BCF. A kR can then be calculated 

for each data point and an average deduced for each of the low, medium, and high concentration 

data sets. Average values of CBR, kR, kV, ILC are calculated and are given in Table 1. An 

incipient lethal activity (ILA) is also calculated as ILC/SW where SW is the chemical’s (liquid or 

sub-cooled) solubility in water (mol·m-3) as discussed later. In practice, it is preferable to give 

greatest weight to points for which Φ is relatively small i.e. conditions that are most distant from 

equilibrium when kR can also be estimated as approximately CBR/(CW·t). It is expected that the 

chemical-to-chemical variation in ILA is smaller than that of the ILC. The reason is that ILCs are 
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CBR/BCF and can vary greatly because of differences in BCF as influenced by KOW. ILC is thus 

not a good metric for comparing relative toxicity of different chemicals. ILA is thus a better 

metric for comparing chemical toxicity than ILC. This is because ILA is ILC/SW and is thus 

CBR/(BCF·SW) or CBR/(L·KOW·SW). The group KOW·SW is an estimate of the solubility of the 

chemical in octanol, which according to the General Solubility Equation of Ran and 

Yalkowsky22 is fairly constant and approximately 3000 mol·m-3. Because KOW·SW is fairly 

constant, ILA is proportional to the lipid normalized CBR.  

 As CBR is also expected to be fairly constant for a group of chemicals with similar modes of 

toxic action, therefore ILA should also be fairly constant. This constancy in CBR is evident for 

the entire group, but not for ILA of 4-Cl-3-MP that displays apparently anomalous behavior with 

a much lower estimation of kR. The estimated solubilities in octanol SO range from 1900 to 2800 

mol·m-3 for the first 5 chemicals but a much larger value apparently applies to 4-Cl-3-MP of 

91,700 mol·m-3 because of the high solubility in water. Van der Heijden et al.18 give a lower 

value of SW by a factor of 2, which still gives a very high value of SO. This high solubility in 

water is reflected in a very low ILA. Ionization is not the cause of this high solubility because the 

pKa exceeds the experimental pH. Because 4-Cl-3-MP is more polar than the other chemicals in 

Table 1, this and physical and biological degradation issues may influence solubility estimation. 

It is believed that the chemical activity coefficient in water estimated from the solubility is not 

equal to the activity coefficient at dilute conditions as exist during the test and during 

measurements of KOW. A full discussion of the reasons for this apparently anomalous behavior is 

beyond our scope here but for less hydrophobic substances such as 4-Cl-3-MP care must then be 

taken when interpreting CBR, ILC, and ILA as predictive metrics of toxicity. 	
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5.4.1 Single chemical CETS plot  

Figure 15 gives the CETS plot for 1,2,4-trichlorobenzene. The solubility limit is depicted and the 

3 horizontal lines correspond to the low, medium, and high exposure concentrations. As the test 

exposure time increases the point corresponding to the exposure conditions moves along the 

horizontal line and approaches the blue ILC/Φ line (in this case ILC is calculated to be 0.014 

mmol/L), and death occurs close to the corresponding time (Φ). Because of natural variability in 

fish sensitivity and uptake rates the times to death vary as designated by the data points. The 

short vertical lines represent the average values of Φ for each test. To illustrate the sensitivity of 

the ILC line to Φ the gray and orange hyperbolic lines are estimates corresponding to 

approximate factors of 0.5 and 1.5 in the range of measured Φ. Figure 16 gives the same data in a 

logarithmic plot. Clearly, the model and diagram are successfully describing the general onset of 

toxicity as a function of time and concentration.  The logarithmic plot has the advantage that the 

data can be extrapolated to a value of Φ of 1.0 to give an estimate of the log ILC, namely -1.82 

mmol/L in this case.  
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Figure 15: Chemical Exposure Toxicity Space (CETS) concentration plot for the guppy and 
1,2,4-trichlorobenzene tested by van der Heijden et al.18 The upper red line demarcates the 
solubility and the three green horizontal lines represent the 3 exposure concentrations. The 
incipient lethal concentration (ILC) line is shown by the lower horizontal red line. The gray and 
orange lines are estimated limits for factors of 0.5 and 1.5 respectively in the time-to-death.  
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Figure 16: Logarithmic Chemical Exposure Toxicity Space (CETS) concentration plot for the 
data from Figure 15 that results in the curved incipient lethal concentration (ILC) line becoming 
linear facilitating extrapolation to the limit of Φ =1.0 or log Φ =0 when the water concentration 
(CW) equals the ILC.  

The ILC values are averages of CW/Φ and equivalently of CBR/BCF. On the logarithmic CETS 

plot the ILC/Φ line is linear and the data points straddle this line thus the ILC is essentially 

obtained by simple regression of the data points. If desired, a least squares regression could be 

done.  
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5.4.2 Multiple chemical CETS plots  

It is instructive to include in Figure 17 data for all the chemicals tested in a common CETS plot 

of the type shown in Figure 15. Clearly the chemicals differ considerably in lethal concentrations 

and times-to-death. The question then arises as to the causes of these differences. The ILC/Φ 

lines differ because the BCFs differ, being dependent on KOW. Clearly the two most polar 

chemicals corresponding to the upper lines, 2,3,4-trichloroaniline and 4-chloro-5-methylphenol, 

are behaving differently from the more hydrophobic chemicals because of the high solubility and 

different affinities for the assumed target site, i.e., KOW may not equal the membrane-water 

partition coefficient, and thus different CBRs and modes of toxic action may apply. These 

illustrations also ignore any influence of biotransformation.	
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Figure 17: Log Chemical Exposure Toxicity Space (CETS) concentration plots for the guppy and 
six chemicals tested by van der Heijden et al.18	

 

5.5 Interpretation using chemical activity 

Insight into differences in chemical toxicity can be obtained by converting the concentrations to 

chemical activity as discussed recently by Thomas et al.23 Concentrations of organic chemicals 

in water are readily converted to chemical activities by dividing by the appropriate liquid state 

water solubility, rendering the absolute values dimensionless. This conversion affects the y-axis 

concentrations on CETS plots and the ILC becomes an ‘incipient lethal activity’ (ILA). The x-

axis times and values of Φ are unaffected. The data from the CETS plot in Figure 17 are shown 
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in a CETS activity plot in Figure 18 on a linear activity basis and in Figure 19 on a logarithmic 

activity basis. 

 

Figure 18: Linear Chemical Exposure Toxicity Space (CETS) activity plot for the guppy and six 
chemicals tested by van der Heijden et al.18	
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Figure 19: Logarithmic Chemical Exposure Toxicity Space (CETS) activity plot for the van der 
Heijden et al.18 data for the guppy and six chemicals. The two most polar chemicals are now the 
two lower lines.	

Figure 19 provides a convenient method of obtaining the log ILA for each chemical (which have 

a common CBR) as the extrapolated value of activity at Φ equal to 1.0 or log Φ equal to zero. 

The upper lines suggest a log ILA ranging from -0.71 to -1.03 (ILA range 0.195-0.093) for all 

chemicals but lower values of -1.72 (ILA 0.019) for the chloroaniline and -3.04 (ILA 0.00091) 

for the chlorophenol. These activities are within the expected range for baseline narcotics. The 

chloroaniline and the chlorophenol have lower lethal activities of 0.019 and 0.0009 respectively 

because of the high solubilities. Van der Heijden et al.18 have discussed possible reasons for 

ambiguity in the relationship between CBR and time-to-death in cases of high exposure 

concentrations. The higher log ILA for QCB of about 0.2 may be suspect because it is the most 
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hydrophobic, has the longest uptake half-life and time to death requiring considerable 

extrapolation of Φ.	

 

5.6 Discussion  

The pictorial CETS plot clearly defines the concentration and exposure times required to achieve 

a toxic endpoint. Unrealistic conditions such as concentrations exceeding the water solubility and 

excessive test times become immediately apparent. The use of activity also shows the solubility 

limit directly. The plots can help identify cases in which it is difficult or even impossible to 

achieve a toxic endpoint. This is most likely to apply for very hydrophobic substances that have 

low solubility limits and long uptake half-times. Particularly difficult are symmetrical 

hydrophobic substances such as hexachlorobenzene and anthracene that have low solid-state 

solubilities because of their high melting points. A useful feature of the CETS plots is that they 

clearly identify potential experimental difficulties in testing hydrophobic chemicals by aqueous 

respiratory exposure. 

The CETS approach is particularly appropriate for assessing time-to-death data obtained at 

constant water concentrations as obtained in the tests designed by van der Heijden et al.18 Tests 

of this type are regarded as models for future bioassays. The nature of the increasing exposure 

with time is readily visualized from the plots as is the onset of time-to-death. In the van der 

Heijden et al. study18 two other organisms were tested (Lumbriculus variegatus and Hyalella 

azteca) and similar CETS plots can be obtained, but are not addressed here.  

The CETS plot example used in this paper employed experimental data for organism properties 

including CBRs, organism size, time-to-death, and lipid contents; however in the absence of this 
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data approximate values can be used, such as typical CBR ranges for a given MoA. This also 

applies to chemicals that have less well-documented physical-chemical properties in which case 

approximate or estimated values can be used for KOW or SW. In such cases when using 

approximate values to construct the CETS plot the results may be less accurate, however, even 

an approximate model can help in developing successful test conditions. 	

Converting the aqueous concentrations to chemical activities can provide additional insights into 

the test results. Chemicals with similar modes of toxic action will group together. However, 

general confounding influences, including bioavailability, metabolic degradation, and different 

modes of toxic action, must be considered. The plots thus have the potential to discriminate 

differences in mode of action that are not apparent from LC50 data. Toxic ratios24 can be read 

directly from the logarithmic activity plots analogous to Figure 19. Toxicity tests are feasible 

only if ILA50/Φ < 1.0 or ILA50 < Φ. The likely value of ILA50 can be estimated for baseline 

narcotics as 0.01 to 0.03.18 The implication is that Φ must exceed this range for a successful test. 

The corresponding range of exposure times can be estimated and compared with feasible values. 	

The general conclusion is that as hydrophobicity increases, testing aquatic toxicity by the 

respiratory route becomes more difficult until it ultimately becomes impossible, especially if it is 

not biotransformed. Other routes of exposure by diet are then necessary. More rigorous 

evaluation of the differences in toxicity of these and other chemicals requires careful 

consideration of solubilities, lipid contents, biotransformation rate constants, fish-specific values 

of kR and kV, KOW, and partition coefficients that are only approximately related to KOW. The 

most promising and rigorous approach for detailed interpretation of toxicity is to follow the 

approach of van der Heijden et al.18 and seek data on the partition coefficients of the chemical to 

the various sites of accumulation, including the target site of the toxic action. Partition 
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coefficients may be obtained using experimental data or using predictive methods such as 

Abraham-type poly-parameter linear free energy relationship or by fundamental quantum 

chemical-based estimation using approaches such as COSMO-RS. 	

	

5.7 Conclusions 

The CETS tool has been developed and presented as an aid in designing aquatic toxicity tests for 

fish and successfully applied to Poecilia reticulata in this study for six organic compounds. We 

also present the concept of the CETS plot as a step towards evaluation of chemical-specific 

toxicity. We believe the tool can be useful for predicting (even as a rough estimate) aquatic 

toxicities in order to estimate successful test conditions. Solubility and test duration are also 

important considerations and serve as boundary conditions. It is hoped that the CETS tool be 

used by aquatic toxicologists for example when performing regulatory OECD tests.1 The 

implication for effective and economic testing and minimizing animal usage are obvious.    
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6.1 Abstract 

The Chemical Exposure Toxicity Space (CETS) concept is a graphical representation of a simple 

mass balance model to aid the generation and assessment of experimental aquatic toxicity data. It 

presents the entire landscape of aqueous concentrations and exposure times to identify regions of 

varying toxicity. The CETS was earlier applied to a dataset for guppy (Poecilia reticulata) and is 

here extended to two additional aquatic organisms (Hyalella azteca and Lumbriculus variegatus). 

An improved method of determining key model parameters is developed, providing information 

on their relative contributions. The concept of expressing aquatic toxicity as a series of data 

points that comprise a line (with a defined range of variability) corresponding to a ‘toxicity 

hyperbola’ is described and is suggested as providing a more thorough description of 

toxicokinetics than the single LC50 value. The advantages of applying the chemical activity 

concept to toxicity evaluation is discussed both for test design and for interpretation of results, 

including elucidation of modes of toxic action. It is suggested that the approach of determining 

Times-to-Death or more generally, Time-to-Events, to toxicity testing of organic chemicals on 

aquatic organisms, including fish, is complementary to the use of standard fixed-duration 

exposure tests. In some circumstances time-to-event tests can be preferable because they provide 

additional toxicokinetic information, especially when passive dosing techniques are used to 

ensure constant exposure concentrations.  
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6.2 Introduction 

For regulatory purposes, aquatic toxicity tests are subject to guidelines such as the OECD 2031 

acute toxicity test for fish to obtain reproducible toxicity data. Various toxicity and 

bioconcentration test guidelines also exist for non-fish aquatic organisms including invertebrates 

such as Hyalella azteca2-3, Lumbriculus variegatus4 and for Daphnia magna.5 All such tests are 

experimentally demanding, expensive and require close control of parameters such as oxygen 

saturation, temperature, water quality, chemical concentrations in water, and the number and 

condition of test organisms. Because such tests result in the sacrifice of numerous organisms, 

there is an incentive to avoid unnecessary testing. One general strategy is to predict results in 

advance of testing in order to obtain approximate values and optimize test conditions, such as by 

using the CETS graphical tool.6 Two general test approaches may then be adopted. Most 

commonly, as in the OECD 203 test, a test duration such as 96 h is prescribed and chemical 

concentrations are varied to determine the concentration that will cause 50% lethality, i.e. the 

96h LC50. Interpolation may be required using, for example, the method suggested by Litchfield 

and Wilcoxon7. Alternatively, a ‘Time-to-Death’ (TTD) or Time-to-Event (TTE) approach may 

be adopted in which constant concentrations in water are prescribed and the time to reach 

lethality is measured.8-10 In both cases it is desirable to use a sufficient number of organisms to 

satisfy the required statistical criteria. The TTD/TTE approach generates useful data from every 

test, i.e., there are no unusable results, as are commonly obtained in the direct determination of 

the 96h LC50.  

The CETS model was initially designed for the TTD approach. It is based on a mass-balance 

model describing the chemical uptake kinetics. By using the model prior to and during testing, 

the user may gain insights into whether or not the test conditions are likely to be successful. 
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Further, the model may be used in concentration format or in chemical activity format. An 

advantage of the chemical activity format is that it has been shown to provide predictive 

capabilities for nonpolar baseline narcotics having a class 1 Mode of toxic Action (MoA1) and 

for polar baseline narcotics that have a class 2 mode of toxic action (MoA2)11. MoA1 chemicals 

typically induce toxicity when chemical activities (ratio of concentration to liquid state 

solubility) in the fish are in the range of 0.01 to 0.1, whereas chemicals with other biologically 

reactive modes of action typically cause toxicity at lower chemical activities12-13. By converting 

to chemical activity (a), toxic concentrations of different chemicals are normalized to the 

solubility limit and can be compared. 

In this study, we apply the CETS model to the full set of toxicity data reported by van der 

Heijden et al.14 for the fish Poecilia reticulata (guppy), Hyalella azteca (a shrimp-like 

amphipod) and the worm Lumbriculus variegatus. In that study, 6 organic chemicals were tested 

using passive dosing from a polymer source to obtain 3 prescribed constant concentrations in 

water. TTD values were recorded for each trial that resulted in lethality, all 6 of the tested 

chemicals causing lethality. Individual Critical Body Residues (CBRs) and average lipid contents 

were measured. At each dose there were ~10 trials in which individual organisms were exposed. 

In the previous CETS study6 only the guppy data were considered and the model parameters 

were obtained by a less rigorous method than is proposed here. The results are displayed by 

plotting the scaled TTD data on the x-axis and corresponding water concentration on the y-axis 

as shown in Figure 21A for the guppy data. Figure 21B shows the same data with scaled and 

dimensionless times as discussed later. Here we suggest an improved method of obtaining the 

parameters controlling exposure and toxicity, we discuss insights obtained from the data analysis 

and we describe how the model may be used to design effective test conditions. 
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6.2.1 CETS Model: Mathematical Basis  

Briefly, the CETS model is based on Equation 54 which describes the one-compartment, first-

order dynamic uptake of a chemical by a fish from water by respiration, as used by numerous 

authors including Arnot and Gobas in their AQUAWEB bioaccumulation model15.  

!" = !$ %& %' ∙ 1 − +,- −%'. 																																																												(54) 

Here, CF is the chemical concentration in the fish (mmol·kg-1), CW is concentration in the water 

(mmol·L-1, assuming a water density of 1 kg·L-1), kR is the respiratory uptake rate constant 

(kg·kg-1·h-1, or effectively h-1), kV is the depuration rate constant (h-1), and t is time (h). Equation 

54 assumes that the fish are not fed. Because the CETS tool applies to bioconcentration 

(respiratory uptake) tests which are short in duration we assume that kV expresses only chemical 

loss by respiration with other losses by growth dilution, fecal egestion, and biotransformation 

being negligible. Equation 54 may be parameterized to apply when CW is the lethal concentration 

(LC) causing CF to be the critical body residue or CBR. Measured CBR values are usually in the 

range of 2-8 mol·m3 for nonpolar baseline narcotics in small aquatic organisms with a lipid 

content of ~5%.16  

Rearranging Equation 54 to be a function of the water concentration required to achieve the CBR 

at a specified time results in Equation 55: 

!$ = (!45/4!7) 1 − +,- −%'. 								 																																															(55) 

The bioconcentration factor (BCF) equals the ratio of input to output rate constants kR/kV. The 

term (1-exp(-kVt)) is a dimensionless function of time that ranges from 0 to 1 that we define as Φ 

and expresses the fractional approach to steady-state. Substitution gives Equation 56 that 
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suggests a hyperbolic relationship between CW and Φ, with their product being the constant ILC, 

namely: 

!$ ∗ Φ = :;! = !45 4!7                                                       (56)  

When Φ equals 1.0, i.e., at infinite time when equilibrium is reached, the water concentration is 

the ‘incipient lethal concentration’ or ILC. Equation 56 can be plotted as CW vs Φ, resulting in a 

‘toxicity hyperbola’ that separates non-toxic conditions of low exposure (below the hyperbola) 

from toxic conditions (on and above the hyperbola). Note that the toxicity hyperbola is 

completely defined by the single value of ILC and the various values of Φ corresponding to 

normalized Times-to-Death. The ILC is regarded as the concentration below which toxicity will 

not occur within the time scale of interest. The CETS diagram in Figure 21B for the guppy and 

124-TCB is similar to Figure 21A but its x-axis scale is Φ instead of time. The TTD approach 

provides multiple data on toxicity as a function of time expressed as data points surrounding a 

fitted line rather than a single point and thus yields additional information on variability in 

toxicity response between individuals. Kwon et.al.17 have applied this uptake equation in 

modified form by including exponential growth to algae and invertebrates as well as fish. 

Importantly, this demonstrated that highly hydrophobic chemicals of low aqueous solubility may 

not achieve the required CBR because of a kinetic delay in uptake that may be interpreted 

incorrectly as a ‘toxicity cutoff’. Mathematically this is because the characteristic time for uptake 

and loss is 1/kV and is thus proportional to KOW. An implication is that algae with inherently 

large values of kR are preferred for short duration tests.  A similar conclusion was reached for 

aqueous toxicity tests of permethylcyclosiloxanes by Mackay et al18. The wider implications for 

kinetic or hydrophobic delays in other environmental contexts have been discussed by Mackay et 

al19.  
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6.3 Methods 

6.3.1 Parameter estimation 

To obtain the central fitted line regression requires measured or estimated values of CBR and 

CW, as well as fitted values of the 3 parameters kR, kV and BCF, i.e., kR/kV. Only 2 of these 

parameters are independent, kR and kV being preferred. We suggest that the most rigorous 

approach is to use all the concentration and TTD data and obtain optimal values of the 2 

parameters kR and kV that minimize the sum-of-squares error (SS) of all measured and calculated 

TTD data. For each experimental test result the model-estimated time-to-death (tM) can be 

calculated using Equation 57 which is a rearrangement of Equation 55.  

.< = −=> 1 − !45 ∗ %' !$ ∗ %& %' 																																													(57) 

The optimization approach is then to determine the minimum root mean square error (RMSE) 

value between model-estimated (tM) and actual (tE) TTD values. Optimization software such as 

Microsoft Excel Solver can be employed. In this case the Generalized Reduced Gradient (GRG) 

algorithm was used in Excel’s SOLVER to optimize the kR and kV values to give a predicted 

TTD with a minimized RMSE error. To obtain initial estimates of rate constants for setting 

search limits for the optimization, an estimate of kR was made by approximating 

kR~CBR/(tE*CW) for all high-concentration trials. BCF was estimated as L*KOW and kV was 

estimated as kR/BCF. This process was done for each combination of chemical and organism. 

The optimization is best performed using data for relatively low values of Φ when there is net 

uptake of chemical. Equation 57 shows that at high values of Φ the loss rate CBR*kV may 

inadvertently exceed the uptake rate CW*kR during optimization resulting in attempts to calculate 
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the logarithm of a negative number. This ‘log of a negative number’ problem can be solved by 

discarding the specific data point or by resetting the search limits of kR and kV.  

It is useful to inspect the experimental TTD data both as plots of measured CBR vs. TTD as in 

Figure 20 and CW vs. Φ as in Figure 21B. Figure 20 for the guppy shows that the concentration 

in the guppy increases linearly at relatively short times enabling kR to be estimated from the 

slope, as is expected from the uptake equation during the initial uptake phase when Φ �1, 

depuration is less significant, and kV is relatively unimportant.  

 

Figure 20: Plot of measured critical body residue (CBR) vs. time-to-death (TTD) for Poecilia 
and 124-TCB for high, medium, and low concentration trials showing the expected linearity at 
low values of TTD or Φ. 
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This shows that some individual fish die at short exposure times, but others exposed to the same 

aqueous concentration die at later times, by as much as a factor of 7. This individual variability is 

also clear from Figure 21.  For example, the TTDs for the medium exposure guppy data and 

1,2,4 TCB range from 1.88 to 6.27 hours, a factor of 3.3. Because there are typically 20 to 30 

tests for each fish-chemical combination, this range corresponds approximately to 95% limits. 

This variability in toxic response can be expressed as upper and lower toxicity hyperbolas. These 

lines are completely defined by each limiting value of ILC and by Φ, i.e. the line has the 

equation CW=ILC/Φ. The upper and lower lines can be determined by selection of the points 

corresponding to the highest and lowest deviations from the fitted average ILC line. In their 

critical review of aquatic toxicity Escher and Hermens20 confirm that the internal effect 

concentration can extend over an order of magnitude, in part because of differences in the lipid 

content between individuals but there are considerable susceptibility differences within 

populations of apparently identical organisms. This may be attributable to a stochastic effect or 

to internal toxicokinetic differences in blood flow between susceptible tissues (such as critical 

membrane lipids) and less susceptible tissues (such as storage lipids). 

The key point is that kR appears to be well estimated for the Poecilia data (as shown by the 

linearity of the CBR vs. TTD plot in Figure 20), but the CBRs and corresponding TTDs vary 

considerably. Although it is apparent that the high variability in CBR and TTD can be adequately 

characterized by variation in ILC values it is also possible that some of the variation is 

attributable to kV; however we believe that the primary source of variation is due to CBR, i.e. 

individual susceptibility.   
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Figure 21: (A) above Graph of water concentration vs. time for water concentration (CW) vs. 
time-to-death (TTD) for 124TCB and Poecilia using toxicity data from van der Heijden et al. (B) 
below CETS Exposure space plot for Poecilia and 1,2,4-trichlorobenzene (124-TCB) showing 
experimental data points, fitted toxicity hyperbola and its range of approximate 95% variability 
as shown by the dotted hyperbolas.   
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From optimal values of kR and kV, a single BCF and values of Φ can be calculated corresponding 

to each observed time-to death and the data points plotted as CW vs Φ as in Figure 21. For each 

test, an ILC can be calculated as CBR/BCF and an average ILC obtained corresponding to the 

central best fit ILC line. This average ILC anchors the toxicity hyperbola at Φ =1.0 and the full 

hyperbola can be plotted as CW vs Φ where Φ is (1-exp(-kVtE)). It may also prove insightful to 

prepare a contour diagram of kR vs. kV showing the optimal estimates of these parameters. 

The resulting graph shows the experimental data, represented as data points showing the water 

concentration and time-to-death (represented by Φ values), and the predicted LC values as a 

function of Φ, represented as a line on the graph. Chemical activity versions of the graphs can 

also be made by calculating chemical activities in the water as a = CW/SL where SL is the liquid-

state solubility, and an incipient lethal activity (ILA) calculated similarly to ILC. Logarithmic 

versions can also be prepared of the concentration or activity versus Φ graphs to facilitate 

extrapolation and regression because the hyperbola is converted to a straight line of slope -1. 

 

6.3.2 Application to 3 organisms and 6 chemicals 

The data for toxicity test results reported by van der Heijden and colleagues14 were compiled into 

a spreadsheet including the water concentration (CW), experimental time-to-death (tE), mass of 

organism, and measured critical body residue (CBR). Average measured lipid contents (L) were 

reported for each species. The test organisms are Poecilia, Hyalella, and Lumbriculus14. Six 

organic chemicals caused lethality in these trials namely 1,2,4-trichlorobenzene (124-TCB), 

2,3,4-trichloroaniline (234-TCA), 1,2,3,4-tetrachlorobenzene (1234-TeCB), pentylbenzene 

(Qbenz), 2,3,5,6-tetrachloroaniline (2356-TecA), and 4-chloro-3-methylphenol (4-Cl-3-MP). The 
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high concentration data for 4-Cl-3-MP applied to Lumbriculus was labelled as ‘unreliable value’ 

by the authors14 and was excluded. Physicochemical properties of each chemical, including 

aqueous solubility, melting point, and KOW were taken from Mackay and Shiu21 and are given in 

Table 8. The solubility (SW) of the solid- or liquid-state chemical at the test temperature was 

added on the y-axis showing the upper limit of water concentrations, above which 

supersaturation conditions occur and the test is invalid. For chemicals that are in the solid state at 

the test temperature, the larger corresponding liquid-state solubility was calculated from the 

melting point and an assumed entropy of fusion22 but saturation is dictated by the lower solid 

solubility.  

Three of the trials for Poecilia reticulata were excluded due to the ‘log of a negative number’ 

problem as discussed earlier. This indicates the limitations of approximately estimating kR as 

CBR/(TDD*CW) and kV as kR/BCF. Alternatively, this may result from experimental error.     

For Hyalella 7 of the 2356-TeCA trials, 6 of the 124-TCB trials and 2 of the 234-TCA trials were 

excluded again due to this problem. For Lumbriculus 8 of the 234-TCA and all of the 2356-

TeCA trials were excluded due to the problem.  

Using the optimized rate constants a model-estimated time of death (tM) was estimated using 

Equation 57. This data was compiled in a spreadsheet in Excel, and SS values were calculated 

for tE and tM. The ILC for a given chemical and organism was predicted as CBR/BCF for each 

trial, then averaged and plotted. Φ was then calculated for each trial as Φ=1-exp(-kVtE), and a 

graph of experimental and predicted CW vs Φ was constructed for each chemical and organism. 

ILC values were calculated as CW*Φ for each chemical and ILA values were calculated as 

ILC/SW. Logarithmic versions of both concentration and chemical activity were also made by 
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plotting the log of both concentration and activity versus Φ values. This results in a linear 

function with a slope of -1 rather than a hyperbola which is advantageous for the purposes of 

extrapolation and regression. 

 

6.4 Results  

Table 8 gives the complete numerical results for all six chemicals and three test organisms 

including the estimated values of kR and kV and the ILC and ILA estimates. Also included are 

relevant physicochemical properties. Plots were compiled for each organism of CW and chemical 

activity versus Φ as well as corresponding log-log plots as illustrated in Figures 22 to 24 for the 

guppy, Figures 25 to 28 for Hyallela, and Figures 29 to 32 for Lumbriculus. We suggest that the 

entire set of results be compiled as in Table 8 that contains the chemical property data as well as 

the toxicokinetic data. It is satisfying to note that the BCF calculated from the ratio of the fitted 

rate constants is similar to the equilibrium estimate as the product of KOW and lipid content.  
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Table 8: CBR, ILC, ILA, kR, kV, BCF, liquid solubility (SL), and solid solubility (SS) values from 

this study as well as SO the apparent solubility in octanol. Rate constant cells include 

corresponding standard deviations, ILCs and ILAs include range of values. 2356-TeCA for 

Hyalella and Lumbriculus only contained 2 trials with viable data so for these trials both values 

are listed. 
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 124-TCB 1234-TeCB QBenz 234-TCA 2356-TeCA 4-Cl-3-MP 

Guppy (Poecilia reticulata), lipid content L = 0.052 

Ave CBR 

(mmol·kg-1) 

8.51 8.67 16.49 5.36 1.99 4.17 

ILC 

(mmol·L-1) 

0.011 

(0.006-0.017) 

0.005 

(0.001-0.006) 

0.003 

(0.002-0.004) 

0.034 

(0.010-0.061) 

0.002 

(0.001-0.003) 

0.057 

(0.019-0.082) 

ILA 0.051 

(0.029-0.078) 

0.080 

(0.014-0.097) 

0.123 

(0.081-0.160) 

0.036 

(0.011-0.064) 

0.012 

(0.005-0.020) 

8.0E-4 

(3E-4-0.001) 

kR  (h-1) 34.75 ±7.43 58.64 

±14.61 

69.54 

±14.86 

22.45 

±11.32 

30.80 

±12.73 

7.35 ±5.23 

kV  (h-1) 0.047 

±0.013 

0.039 

±0.014 

0.014 

±0.003 

0.145 

±0.090 

0.033 

±0.013 

0.102 

±0.074 

BCF 

(L*KOW) 

657 1,650 4,145 112 657 66 

BCF (kR/kE) 739 1,498 4,967 155 933 72 

Amphipod (Hyalella azteca), L = 0.030 

Ave CBR  

(mmol·kg-1) 

11.36 6.36 12.18 4.71 3.45, 4.15 3.82 

ILC 

(mmol·L-1) 

0.022 

(0.010-0.033) 

0.006 

(0.002-0.010) 

0.004  

(0.002-0.008) 

0.055 

(0.026-0.103) 

0.006, 0.005 0.090 

(0.056-0.123) 

ILA 0.138 

(0.044-0.149) 

0.113 

(0.041-0.173) 

0.199 

(0.070-0.290) 

0.078 

(0.028-0.109) 

0.038, 0.028 1.4E-3 

(8E-4-0.002) 

kR  (h-1) 90.92 

±19.94 

49.85 

±14.97 

88.77 

±41.18 

36.76 

±11.38 

21.67, 46.27 4.81 ±4.13 

kV  (h-1) 0.187 

±0.087 

0.048 

±0.025 

0.031 

±0.015 

0.436 

±0.181 

0.040, 0.053 0.116 

±0.101 



 148 

 

 124-TCB 1234-TeCB QBenz 234-TCA 2356-TeCA 4-Cl-3-MP 

BCF 

(L*KOW) 

373 937 2,354 63 373 37 

BCF (kR/kV) 486 1,038 2,863 84 540, 867 41 

Aquatic worm (Lumbriculus variegatus), L = 0.023 

Ave CBR  

(mmol·kg-1) 

3.95 5.23 6.97 7.62 2.67, 2.31 3.24 

ILC 

(mmol·L-1) 

0.011 

(0.005-0.017) 

0.004 

(0.002-0.007) 

0.003 

(0.002-0.005) 

0.091  

(0.094-0.130) 

0.003, 0.003 0.075 

(0.032-0.148) 

ILA 0.051 

(0.024-0.079) 

0.072 

(0.033-0.122) 

0.118 

(0.075-0.176) 

0.096 

(0.099-0.137) 

0.015, 0.018 1.0E-3 

(4E-4-0.002) 

kR  (h-1) 50.56 ±9.00 72.92 

±13.96 

40.14 ±9.67 105.94 

±24.45 

11,93, 22.17 19.62 

±26.52 

kV  (h-1) 0.145 

±0.039 

0.064 

±0.031 

0.018 

±0.006 

1.55 ±0.350 0.012, 0.029 0.472 

±0.648 

BCF 

(L*KOW) 

289 723 1,816 49 288 29 

BCF (kR/kV) 349 1,139 2,230 68 1022, 758 42 

Non organism-specific properties 

SL (mmol·L-1) 0.2204 0.0600 0.0260 0.9471 0.1656 72.83 

SS (mmol·L-1) - 0.0361 - 0.3326 0.0411 27.98 

Log KOW 4.10 4.50 4.90 3.33 4.10 3.10 

SO = KOW*SL 

(mmol·L-1) 

2 775 1 897 2 065 2 025 2 085 91 688 
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Figure 22: Plot of chemical activities versus Φ showing experimental data (symbols) and fitted 
data (lines) for Poecilia demonstrating the variation in toxicities. 
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Figure 23: Log-log plots of water concentration against Φ showing experimental data (symbols) 
and fitted values (lines) for Poecilia showing the spread in toxicities expressed as ILCs. 
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Figure 24: Plot of log chemical activity versus log Φ showing experimental data (symbols) and 
fitted values (lines) for Poecilia and extrapolation to the incipient lethal activity (ILA) at Φ =1 
and log Φ =0. Note that the order of toxicities changes from those in Figure 23. 
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Figure 25: Plot of water concentration (CW) versus Φ showing experimental data (symbols) and 
fitted data (lines) for Hyallela demonstrating the variation in toxicities. 
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Figure 26: Log-log plots of water concentration (CW) against Φ showing experimental data 
(symbols) and fitted values (lines) for Hyallela showing the spread in toxicities and incipient 
lethal concentrations (ILCs). 
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Figure 27: Plot of chemical activities versus Φ showing experimental data (symbols) and fitted 
data (lines) for Hyallela demonstrating the variation in toxicities. 
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Figure 28: Plot of log chemical activity versus log Φ showing experimental data (symbols) and 
fitted values (lines) for Hyallela and extrapolation to the incipient lethal activity (ILA) at log Φ = 
0. 
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Figure 29: Figure 25: Plot of water concentration (CW) versus Φ showing experimental data 
(symbols) and fitted data (lines) for Lumbriculus demonstrating the variation in toxicities. 
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Figure 30: Log-log plots of water concentration (CW) against Φ showing experimental data 
(symbols) and fitted values (lines) for Lumbriculus showing the spread in toxicities and incipient 
lethal concentrations (ILCs). 
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Figure 31: Figure 27: Plot of chemical activities versus Φ showing experimental data (symbols) 
and fitted data (lines) for Lumbriculus demonstrating the variation in toxicities. 
 



 159 

 

Figure 32: Plot of log chemical activity versus log Φ showing experimental data (symbols) and 
fitted values (lines) for Lumbriculus and extrapolation to the incipient lethal activity (ILA) at log 
Φ = 0. 
 

 

6.4.1 Comparison of experimental and model-estimated TTDs  

Figure 33 is a plot of the experimental and model-estimated TTDs for Poecilia and is valuable as 

an indication of the applicability of the model with the fitted kR and kV parameters. Ideally the 

points should lie on the 45° diagonal. The chlorobenzenes and QBenz points lie close to the 

diagonal within a factor of 1.2 and indicate that the model with estimated values of kR and kV are 

reasonable. For the chlorobenzenes and QBenz the points lie close to the 1:1 line with a mean 

ratio of tM/tE of 1.04, indicating that the model satisfactorily quantifies the toxicity kinetics. The 
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anilines (orange diamonds) are consistently above or below the 1:1 line depending on the 

concentration used. For the high concentrations, a ratio of 1.30:1.00 is observed, medium 

concentrations have a ratio 1.03:1.00, and low is 0.39:1.00. The phenol data show a similar trend, 

with high concentrations showing a ratio of 1.84:1.00, medium of 0.70:1.00, and low of 

0.20:1.00. This may indicate a need to adjust parameters, especially kR. For the anilines the low-

concentration points for the guppy fall below the diagonal by a factor of approximately 2, i.e., 

the TTDs are underpredicted, especially at long exposure times. This can be interpreted as 

indicating greater chemical toxicity corresponding to a lower CBR and ILC or to a larger uptake 

rate constant kV or both. Clearly the rate constants kR and kV must be selected on a chemical-

specific basis. The low-concentration phenol data lie even farther from the diagonal line and 

show long experimental TTDs indicating that the simple uptake model is failing to capture the 

more complex toxicokinetics. Very short values of TTDs are likely subject to considerable 

experimental error and should be treated with caution. Test conditions are best designed to yield 

TTDs within 48h.14    
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Figure 33: Plot of model-predicted vs experimental log times-to-death (TTDs) for all benzenes 
(124-TCB, 1234-TeCB, QBenz), anilines, and the phenol for Poecilia. The black dashed line 
shows the perfect fit or 1:1 ratio.  
 

 

6.4.2 Comparison of TTD and 96 hour LC test results 

A question arises as to how the data inherent in the CETS diagram can be used to estimate 48h 

and 96h LC50s. This is easily accomplished as shown below. For 124-TCB and Poecilia kV is 

0.047, thus at 48 and 96h Φ is respectively 0.89 and 0.99.  The ILC is 0.011 thus the LC50s are 

respectively ILC/Φ, namely 48h LC50=2.29, and 96h LC=2.07 mg·L-1. These values can be 

compared with reported test data and with correlations. To illustrate this comparison, toxicity test 

data were obtained from the recently developed database Envirotox23 for the six chemicals and 
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Poecilia when available. When not available, values for Pimephales promelas were used. 

96hLC50 values were obtained for 1,2,4-trichlorobenzene, 1,2,3,4-tetrachlorobenzene, and 4-

chloro-3-methylphenol for Poecilia and pentylbenzene, 2,3,4-trichloroaniline, and 2,3,5,6-

tetrachloroaniline for Pimephales. Multiple values were averaged. Φ at 96h for Poecilia is 0.99; 

the water concentration corresponding to this time are very close to the ILC. CW values 

corresponding to this time were predicted and compared with the experimental LC values and the 

data are shown in Table 9. 
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Table 9: LC50 values for the six chemicals estimated in this study compared with reported 

LC50s, retrieved from the Envirotox database. 

Chemical Organism Experimental 

96h LC50 value 

(mg·L-1) 

LCW values 

predicted at 

96h in this 

study (mg·L-1) 

Factor 

difference 

(pred:exp) 

1,2,4-Trichlorobenzene Poecilia 

reticulata 

2.68 2.07 0.77 

1,2,3,4-

Tetrachlorobenzene 

Poecilia 

reticulata 

0.365 1.06 2.90 

Pentylbenzene Pimephales 

promelas 

1.71 0.65 0.38 

2,3,4-Trichloroaniline Pimephales 

promelas 

3.60 6.69 1.86 

2,3,5,6-

Tetrachloroaniline 

Pimephales 

promelas 

0.27 0.51 1.88 

4-Chloro-3-

methylphenol 

Poecilia 

reticulata 

4.46 8.22 1.84 

 

Table 9 shows that the estimates of toxicity are in all cases within a factor of 3 and in most cases 

within a factor of 2. An implication is that by using the TTD method results can be obtained 

more quickly, i.e., within 1 to 2 days rather than 4 days and depending on the test strategy fewer 
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animals can be used. This necessarily involves extrapolation and an inevitable uncertainty. 

Clearly both tests are measuring the same basic end point.  

 

6.5 Discussion 

The primary focus here has been on illustrating the application of the TTD-CETS approach and 

not the detailed toxicology of the subject chemicals. Previous studies have documented the 

LC50s and likely modes of toxic action. The results have been presented as specimens of how 

the TTD results can best be presented and interpreted. We categorize this discussion in the 

following 7 sections. 

 

6.5.1 Depicting the landscape of aqueous concentrations and exposure times 

The CETS/TTD diagram gives a quantitative description and depiction of the landscape of 

aqueous concentrations and exposure times resulting in toxic effects. It thus contains more 

information than numerical LC50 data, however, LC50 data can be extracted from the CETS 

diagram and have been shown to be consistent with reported values. 

The landscape depicted schematically in Figure 34 contains four regions designated by the fitted 

parameters kR, kV and the measured CBR and additionally displays solubilities of the solid or 

liquid state chemical. Region A is below the incipient lethal concentration or incipient lethal 

activity and there is no possibility of a toxic effect. Region B also displays no toxic effect but at 

longer exposures toxicity is possible. In region C toxicity is inevitable. Separating regions B and 

C is a band region D bounded by the upper and lower toxic hyperbolas, the lower hyperbola 
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indicating the onset of toxicity to at least to a fraction of the population and upper hyperbola 

indicates complete mortality. This band of toxicities has approximately 95% limits and range 

over a factor of about 3. 

 

Figure 34: Chemical Exposure Toxicity Space (CETS) diagram as is Figure 21 with defined 
regions A) underneath the dashed incipient lethal concentration (ILC) line where toxicity never 
occurs, B) the region inside the hyperbola; toxicity does not occur at that time C) region outside 
the hyperbola where toxicity occurs, and D) toxicity hyperbola band relating exposure 
concentration to time-to-death (TTD). 

 

The diagram depends on three parameters kR, kV and CBR values that can be obtained from the 

experimental results as shown earlier, but better methods may be possible, including the direct 
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measurement of kV from a depuration test. Simple fitting by ‘eye’ is also feasible. Displaying the 

liquid and possibly solid solubilities exposes and thus avoids the error of reporting a toxic 

concentration exceeding the solubility. The CETS concentration results can be usefully 

transformed into dimensionless chemical activities enabling the effects of hydrophobicity and 

aqueous solubility to be factored out.    

 

6.5.2 Application to a variety of aquatic organism and chemicals 

In this study, the CETS approach has been applied to 3 aquatic organisms and to 6 hydrophobic 

organic chemicals with a range of KOW from 3.1 to 4.8 and correspondingly to aqueous liquid 

state solubilities ranging from 3-65 mg·L-1 except the phenol (4-Cl-3-MP) having a much higher 

value at 3990 mg·L-1. The corresponding liquid-state solubilities of solids (SL) are all relatively 

low, less than 1 mmol·L-1, again with the exception of the phenol which has a high value of 73 

mmol·L-1.  As a consistency check on the values of KOW and SL their product is also calculated in 

Table 8 for the first 5 chemicals with values ranging from 1900 to 2800 mmol·L-1, but for the 

phenol this product is much higher at 91700 mmol·L-1 indicating a high affinity of the phenol for 

lipid phases. This product can be regarded as the solubility of the chemical in octanol as 

estimated from the General Solubility Equation (GSE) of Jain and Yalkowsky24. The GSE 

indicates that SL is expected to be approximately 3000 mmol·L-1 for organic chemicals. Clearly 

the phenol is anomalous. It is possible that this is an effect of the high solubility in water and the 

high solubility of water in the chemical as the onset of miscibility is approached, at which point 

solubilities become meaningless. If this is the case then compounds with solubilities in octanol 

considerably greater than 3000 mmol·L-1 may be problematic. In addition, the TTDs of the 
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phenol at high concentrations are very short and generally 1h or less. This raises a concern about 

the accuracy and relevance of such rapid toxic effects. As stated in the SI of the original paper14 

passive dosing could not be applied to the phenol. A similar but lesser concern exists for the 

aniline (234-TCA) at high concentrations in which the times are in the range 0.8 to 1.5h. It is 

thus desirable to examine the properties of the chemicals to reveal any likely difficulties 

associated with extreme values. It is also useful to use the reported value of KOW to estimate the 

BCF and kV and thus the characteristic time for uptake as 1/kV. This reveals if the test conditions 

are approaching or have reached equilibrium.  

 

6.5.3 Relative chemical toxicities and modes of toxic action 

 Plots such as Figures 22 and 24 clearly discriminate between substances with different toxicities 

and modes of toxic action in the form of differing values of ILC and especially ILA. The ILC 

values vary more than do the ILA values, indicating that chemical activity has more constant 

thresholds for onset of toxicity than concentrations, which agrees with observations reported by 

Thomas12. Reactive chemicals may require modification of the model because there is doubt that 

the simple one compartment model used here will be applicable.  

The results obtained here support the assertion that Time to Effect (TTE) tests can provide more 

information than traditional concentration-effect (eg. LC50) tests.8-9, 25 TTE data is collected for 

each individual instead of for proportions of individuals giving more data and thus higher 

statistical power. TTE models incorporating concentration which can greatly enhance ecological 

risk assessment.8 TTE tests also make it easier to study covariate effects (such as sex or weight) 

and therefore can be utilized for effect prediction. TTE models can be developed as accelerated 
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failure time models or proportional hazard models and fit to various distributions (e.g., log 

normal, log logistic, Weibull) and candidate models can be compared using log likelihood 

statistics25. 

The measured CBRs of the non-polar organics are in the range of ~5-22 mmol·kg-1 14 as is 

expected for MOA1 compounds. The uptake rate constant kR is generally in the range 50 to 100 

h-1, with little difference between chemicals suggesting similar uptake efficiencies. The time 

parameter Φ ranges from 0.1 to 0.5, thus uptake is largely under kinetic control.  

Across all organisms the ILCs (mmol·L-1) range from 0.001 to 0.033 for the non-polar organics 

(NPOs), from 0.001 to 0.130 for the anilines and 0.019 to 0.148 for the phenol. The 

corresponding ranges in ILA are 0.014 to 0.290 (NPOs), 0.005 to 0.137 for the anilines, and 

0.0003 to 0.002 for the phenol. A striking difference between ILC and ILA is that whereas the 

ILC gives an indication of the relative chemical concentrations in water that cause toxicity, the 

ILA gives a totally different order of toxicity because the ILA is ILC/SL and SL is inversely 

proportional to KOW. More hydrophobic chemicals of high KOW thus have lower values of SL and 

higher values of ILA. It can be argued that ILA is best regarded as a measure of the 

concentration in lipid that causes toxicity (likely to target lipid) and should be less variable than 

the corresponding ILC in water.  

 

6.5.4 Validity of the model estimates of TTD 

The plot of tE versus tM in Figure 33 shows good agreement for the MOA1 chemicals but for the 

anilines and phenol, the agreement is less satisfactory. The reason for this is believed to be that at 
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high concentrations the TTD is very short, and death occurs in the period up to 3 hours. At lower 

concentrations of MoA2 chemicals death is delayed and the organisms display a reduced uptake 

rate constant kR resulting from partial narcosis. This increases the survival time and assigning an 

average kR as is assumed in these figures, is suspect. Assigning a time-varying expression for the 

reduction in kR could raise the TTD points to lie on the 45o diagonal. This raises an issue that at 

low ecologically significant concentrations of narcotic substances the organisms may be 

experiencing partial narcosis and delayed death.  

 

6.5.5 Passive dosing 

All tests, including those described here require exposure to be kept constant during the entire 

test. This can be achieved by flow-through testing26, negligible-depletion testing27 or in this case 

by passive dosing.28-29 Passive dosing applies a polymer that is loaded with the test substance as 

a partitioning donor for establishing and maintaining constant exposure throughout the test. 

Since the partitioning is governed by the chemical activity of test chemical in the donor polymer, 

passive dosing can also be applied to link toxicity to chemical activity30-31. We believe that 

passive dosing provides a more reliable and constant concentration in water by automatically 

replenishing the chemical absorbed by the organism. There are, however, limits to the capacity 

of the polymer to deliver a steady equilibrium concentration in water, especially when the rates 

of chemical uptake into the organism are fast as occurs, for example early in the test. These rates 

should be checked experimentally. It is useful to check the half-time of the passing passive 

dosing system to reconstitute the concentration and compare it with their estimated half-time for 

uptake by the test organisms. In its present form the diagram is not applicable to ionizing 
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chemicals or mixtures. With suitable modification it may be applied to chemicals with extreme 

properties such as high volatility or high sorptive capacities.  

 

6.5.6 Melting point effect 

The solubility of a solid chemical SW may be related to melting point (TM) and system 

temperature (T) and the corresponding higher SL as SW=exp(6.78*(1-(TM/T)))SL.32 This equation 

essentially accounts for the influence of the Gibbs energy of fusion on the solubility of a 

chemical that is solid at the test temperature. Thus, as the melting point increases the solubility 

decreases, which in turn decreases the locus of feasible toxicity test conditions. This 

phenomenon has been observed and termed ‘the melting-point effect’32-33. An example of this 

effect, shown in Figure 35 is a comparison of 124-TCB and 1,2,3-trichlorobenzene (123-TCB), 

geometric isomers with significantly different melting points but essentially identical log KOW 

values of 4.10.34 As a result of the higher melting point, the water solubility decreases from 

0.2204 mmol·L-1 (124-TCB ) to 0.1157 mmol·L-1 (123-TCB). Note that, as expected, the 

subcooled liquid solubility for the solid chemical 123-TCB (assuming a test temperature of 

25°C) is calculated as 0.2033 mmol·L-1 by rearrangement of the equation for SW above, which is 

similar to the liquid solubility of the isomer 124-TCB.  

Thus, the higher melting point of the more symmetrical 123TCB (51.3°C) compared to 124-TCB 

(16.4°C) results in a lower solid-state aqueous solubility, which in turn decreases the locus of 

feasible test conditions. At higher melting points this phenomenon leads to a ‘melting-point 

cutoff’ in toxicity, beyond which the high melting point chemicals have insufficient solubility to 

cause toxicity30, 32. Such an effect corresponds to the solubility limit falling below the ILC under 
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standard test conditions. The lowered solubility limit implies that the chemical activity required 

to cause lethality (i.e., the activity at the ILC) will be higher and achieving lethality will require a 

higher concentration of the solute chemical.  

 

   

Figure 35: Chemical Exposure Toxicity Space (CETS) diagram for 1,2,4-trichlorobenzene (124-
TCB, left) and 1,2,3-trichlorobenzene (123-TCB, right) to show the difference in toxicity test 
conditions (section of hyperbola in contact with green area) for two similar chemicals with 
different melting points, i.e. ‘the melting point effect’. 

 

6.5.7 Limitations and applications of the CETS model 

The CETS model in its current format addresses aquatic toxicity tests when the organism is 

exposed to a single chemical in aqueous solution and currently does not address mixtures or 

sediment toxicity. The CETS tool therefore cannot presently be used for spiked sediment toxicity 

tests such as OECD Test 2254 or EPA’s test OPPTS 850.1735.2 It does not account for dietary 

exposure or loss processes such as biotransformation or dietary exposure. The model may not be 

applicable without modification to chemicals with relatively high aqueous solubilities and 
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relatively in low octanol water partition ratios. An example is the phenol and possibly anilines 

that have lower values of CBR. An indication of this inapplicability can possibly be obtained by 

testing the physical and chemical property data using the General Solubility Equation as outlined 

earlier. 

It is noteworthy that the 96h LC50 for a moderately hydrophobic chemical such as a 

tetrachlorobenzene kV is 0.04 h-1. A 96h exposure for this chemical corresponds to a Φ of 0.96, 

i.e., a 96% approach to equilibrium. In these TTD tests values of Φ are lower and in the range of 

0.1 to 0.4 as applies to the guppy and correspond to only 10 to 40% approach to equilibrium, 

thus the organism is being subjected to a high concentration as much as 2.5 to 10 times the ILC 

and is dying well before equilibrium is approached. The measured times to death for the TCBs 

are generally in the range of 6 to 10 hours confirming that conditions are far from those of the 

ILC. It may be misleading to employ concentration conditions so far above the ILC, because 

extrapolation to lower concentrations and the longer exposure times may be suspect. This is 

particularly important for hydrophobic chemicals such as QBenz with high values of BCF and 

low values of kV. A 96h exposure to a chemical with a lower kV value of 0.01 yields a Φ 

corresponding to a 62% approach to equilibrium. Increasing log KOW by one unit will result in 

only a 9% approach to equilibrium. The implication is that the conventional 96h exposure and 

the shorter time-to-death measurements can give quite different perspectives on the kinetics and 

equilibria existing for the test conditions. We conclude that both approaches have their merits 

and limitations. For less hydrophobic substances with a fast approach to equilibrium the simple 

96h test can be preferable, while for more hydrophobic substances the TTD approach may be 

preferred because it generates data that can be more reliably extrapolated to long exposure times 

as exist in real ecosystems. As discussed by Kwon et al.17, for very hydrophobic chemicals it 
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may be impossible to achieve toxicity by exposure from water alone. Tests involving smaller 

organisms such as algae or dietary intake of the chemical are then preferable and more closely 

simulate ecosystem conditions.6, 35-36. The dependence of the uptake rate constant on exposure 

time for the anilines and phenol is of concern because the toxicity test exposure conditions may 

profoundly affect the numerical estimates of toxicity for both fixed time and TTD approached. 

Regardless, we suggest that application of the CETS model and graphical display using estimates 

of the relevant parameters can be invaluable in the design of effective tests for both scientific and 

regulatory purposes. Kwon et al17 have also addressed this issue but algebraically. TTD tests that 

cause death in 1 to 2 hours represent conditions far from those that apply environmentally and 

suggest the need for lower exposures. In addition, the fast depletion of the water concentration 

may temporarily reduce the exposure. Fixed exposure tests can benefit from advance knowledge 

of the degree of approach to equilibrium as characterized by Φ. Regressions of LC50 data against 

chemical equilibrium properties such as KOW are expected to fail when non-equilibrium 

conditions prevail. 

 

6.6 Conclusions  

The CETS graphical tool has been applied to two aquatic non-fish organisms, Hyalella azteca 

and Lumbriculus variegatus in this study. Results are not as accurate for these organisms as they 

are for Poecilia reticulata for the anilines and the phenol; however the NPOs are predicted quite 

accurately. These estimations, especially for the NPO chemicals, could be used to determine 

approximate conditions for toxicity tests for both non-fish organisms and it is judged that the 
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CETS tool can serve as a valuable tool in aiding determination of toxicity test conditions for 

these organisms and possibly other aquatic invertebrates as well.  
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Chapter 7: General Discussion & Conclusions 

7.1 Study 1: Kinetic delay in partitioning and parallel particle pathways: underappreciated 

aspects of environmental transport 

When considering chemical fate in the environment it is common to assume that at low 

concentrations equilibrium conditions prevail. This has often proven to be true, as regressions of 

concentration ratios to partition ratios generally show a linear relationship.1-3 The creation and 

use of highly hydrophobic chemicals has resulted in monitoring data containing deviations from 

the expected linearity at very high partition ratio values. This deviation has prompted scientists 

to consider whether there is a deviation in expected partitioning behaviour or if this behaviour 

can be explained using the current fundamental understanding of mass transport. Results of this 

study indicate that the kinetic delay has a sound theoretical basis and that observations can be 

explained using current theory if both parallel particle pathways and diffusion pathways are 

considered. This agrees with analyses by McLachlan3 and Doucette et al.2 that chemicals with 

high KOA values will deposit onto organic-based substances (such as plants) mainly by particle 

deposition transfer processes. Kinetics delays have also been observed in air-aerosol systems1, 4 

(such as dust, smoke, and volcanic ash), water-organism systems when measuring BCFs,5 and 

within the digestive tract.6 Perceived toxicity cut-offs such as those that have been hypothesized 

to be correlated to increasing molecular weight (which corresponds to increasing 

hydrophobicity) may actually be due to kinetics delays.5, 7-8 Perceived deviations from expected 

partitioning behaviour at high partition ratios may also be due to HPR kinetic delays. The kinetic 

delay has thus been observed in a wide variety of environmental systems for chemicals with high 

partition ratios for octanol-water or octanol-air correlated systems. This highlights the 

importance of considering all possible transport pathways in a given system, particularly any 
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potential parallel particle pathways for highly hydrophobic (log KOW > 7) or aerophobic (log KOA 

> 9) compounds. It is recommended that when studying fate of HPR substances that the 

possibility of this delay be considered. If for the system in question a graph of concentration 

ratios vs. partition ratios is available the trend should be considered and if there appears to be a 

‘levelling off’ at higher partition ratios then an HPR kinetic delay may be present in the system.  

 

It is recommended that that characteristic uptake time, τ, be estimated in order to determine 

approximate uptake time and thus the required length of exposure or simulation time for the 

system to reach equilibrium. This has important implications for determining partitioning 

behaviour (such as in OECD Tests 107,9 117,10 and 12311) and half-lives used to evaluate 

persistence of chemicals in a given system, which may be underestimated if kinetic delays are 

not taken into account.  

 

7.2 Study 2: Bioconcentration, bioaccumulation, biomagnification, and trophic magnification: a 

modelling perspective 

This study demonstrated the difference in using wet weight and lipid normalized values for the 

calculation of bioconcentration, biomagnification, bioaccumulation, and trophic magnification 

factors. Hydrophobicity of the chemical is especially important and can result in inconsistencies 

in TMF values due to highly variable BMFs. For compounds with low hydrophobicity (log KOW 

< 6) more constancy was associated with BMFLW values (larger R2 values) which resulted in 

more consistent TMFLW values being calculated. For more hydrophobic compounds (log KOW > 

6), more constancy was associated with BMFWW values, which result in more consistent TMFWW 

values being calculated. The variability increases as the lipid content variability increases 
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between trophic level species in the food chain in each case. It is recommended that both 

TMFWW and TMFLW values be reported whenever possible. Table 5 gives results for different 

hydrophobicities and different predator lipid contents and the general trends are summarized as 

follows:  

• CFW increases with both predator lipid content and hydrophobicity 

• CFL decreases with lipid content but increases with hydrophobicity 

• Uptake rate constants from diet relative to respiration does not change with lipid content, 

but increases with KOW 

• The total loss and respiratory loss decreased with increased lipid content and also with 

increased KOW 

• The loss from egestion, growth, and biotransformation, increases with lipid content and 

hydrophobicity 

• BAFWW and BMFWW increases with lipid content and hydrophobicity 

• BAFLW and BMFLW decreases with lipid content but increases with hydrophobicity 

• Characteristic uptake time increases with lipid content and hydrophobicity 

• Biotransformation can have a very large influence on bioaccumulation and result in 

trophic dilution 

These correlations can be used to undertake consistency checks or to estimate values as pointed 

out in the study including 

• For very hydrophobic substances, dietary uptake will likely dominate and for non-

hydrophobic substances respiratory uptake will dominate 

• As equilibrium is approached and kTt � 1 BAFW can be calculated at CFW/CW and 

BMFW as CFW/CD 

• For hydrophobic chemicals when CD is large and uptake by diet dominates BMFW 

approaches kD/kT 

• For a slowly metabolized hydrophobic chemical in a slow-growing fish loss by egestion 

dominates and BMFW approaches kD/kE or QC. QC is useful for deducing egestion rate 

constants 
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• For less hydrophobic chemicals when respiratory uptake transport is much faster than 

dietary uptake, the fish fugacity approaches the water fugacity and equilibrium will apply 

at which point BCFW and BAFW approach ZF/ZW and L*KOW. 

• For a persistent hydrophobic chemical in a slow-growing fish with dietary uptake the 

implication is that the egestion loss will be much greater than all other losses combined 

and fF approaches fD*DD/DE or fD*Qf (units of Pa) and BMFL approaches Qf, BMFW 

approaches QC and Qf*(ZF/ZD) or approximately Qf*(LF/LD) 

• BCF can be estimated as L*KOW and can be used to estimate the respiration uptake or 

loss constant using BCF=kR/kV 

Consistency checks are useful to assess 1) the possibility of experimental error or uncertainty 

(such as lipid content determination), and 2) to ensure that the perceived state of the science is 

consistent with observations. As new practices emerge, such as switching to using lipid 

normalized concentrations, it is important to check with existing theory to reveal any new 

implications and verify assumptions. A key assumption made in lipid normalization is that all 

bioaccumulation occurs in lipid tissue, however it is likely that this is not always the case. If 

there is no relationship between lipid content and contaminant concentration, then lipid 

normalization may introduce unexplained variability.12 An approach such as using ANCOVA to 

analyze data for covariance can aid in deducing whether relationships between lipid content and 

contaminant concentration is significant. If the relationship is not significant, then wet-weight 

concentrations should be used and, ideally, effort should be made to understand other processes 

which may be influencing bioavailability. In reality, a chemical may partition into many different 

tissues with different sorption capacities and ideally fugacities or chemical activities should be 

used to calculate BMFs and TMFs as they explicitly take into account the sorptive capacities of 

storage lipids, membrane lipids, and proteins.13 Unfortunately, fugacity capacities are either not 

available for all tissues or have been derived using the lipid-octanol model. Ultimately, the 

relatively simple single compartment foodweb model presented here is sufficient for assessing 
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wet-weight versus lipid normalized bioaccumulation metrics for a food chain with fish of 

varying lipid contents and chemicals with varying hydrophobicities. Results from this study 

agree with other findings, including BMF and TMF dependence on lipid content12, 

hydrophobicity, and biotransformation half-lives.14 For a more in-depth analysis a more complex 

multicompartment model can be used such as the model presented by Larisch and colleagues.15 

If sufficient data were available model outputs can be rigorously assessed using probabilistic 

approaches such as Monte Carlo methods.  

 

These results have implications for bioaccumulation testing. It is advocated that both wet-weight 

and lipid-normalized concentrations be recorded when feasible. It is also recommended that, 

whenever feasible, consistency checks be done for relevant parameters such as rate constants, Q 

values, and bioaccumulation metrics. Finally, as a measure to ensure consistency and confidence 

in reported values, all relevant parameters and results should be reported such as individual 

BMFs, chemical identities, lipid contents, and test conditions. 

 

7.3 Studies 3 & 4: The chemical exposure toxicity space (CETS) model: displaying exposure 

time, aqueous and organic concentration, activity, and onset of toxicity; and further development 

and application to non-fish organisms and insights into aquatic toxicity testing 

Toxicity tests are an important part of regulatory testing as they are intended to determine 

adverse effects a chemical may have on the environment and organisms, including humans. 

There are important ethical considerations, however, when it comes to the decision to sacrifice 

animals and other organisms; the aim always being to sacrifice as few as possible. There have 

been many scientific advancements in an effort to achieve this aim, including development of 
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bioaccumulation and PBTK/PBPK models as well as a movement towards testing on 

invertebrates such as Lumbriculus variegatus16 or algae17. Bioaccumulation and toxicity tests are 

most commonly performed on fish and there are numerous studies that have published 

relationships between bioaccumulation and toxicity such as the widely used AQUAWEB 

model.18 These widely accepted correlations can be used to predict conditions necessary for 

successful toxicity tests in order to reduce wasted tests and thus wasted money, time, and 

needless sacrifice of fish and other aquatic organisms. In the second part of this study it was 

demonstrated that the Chemical Exposure Toxicity Space (CETS) tool is also applicable to 

Hyallela azteca and Lumbriculus variegatus. The CETS tool graphically links exposure 

concentration to time-to-death (TTD) with limits for solubility and maximum test duration, 

which may be dependent on organism and test type. In some cases, it may be impossible to reach 

the toxic endpoint for a given chemical and organism, which is also indicated. As more 

chemicals emerge with various and sometimes extreme chemical properties (such as 

superhydrophobicity, i.e. log KOW > 6) it becomes more important to take relevant chemical 

properties into account for test design. Accounting for the solubility limit prevents 

supersaturation of the solution and subsequent errors in recorded data and wasted tests. TTD 

tests are run until death occurs at which point TTD is recorded whereas LC50 tests are run for a 

set amount of time (typically 48h or 96h) and the test is successful if 50% of the organisms die, 

therefore there will likely be fewer wasted TTD and TTE tests compared to LC50 tests. TTD 

tests are also beneficial in that additional data such as rate constants and incipient lethal 

concentration (ILC) values can be obtained. Logarithmic versions of the plots can be set up 

which allows for extrapolation of ILC and ILA values, which can be particularly useful since 

toxicity tests should be conducted at low concentrations in order to prevent biological responses 
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and to ensure equilibrium concentrations are reached.19 Chemical activity versions of CETS can 

be used and may be useful as a tool for MOA analysis. Overall the CETS tool is not intended to 

be used as a predictive model but a tool to obtain rough approximations that take relevant test 

considerations into account. Therefore inputs that may not be known (such as body size, lipid 

contents, CBRs, and time to death) can be estimated. Alternatively, upper- and lower-limit 

estimations can be used (ex CBR MOA1 = 2-8 mmol/kg) and a toxicity ‘band’ can be estimated. 

In future studies, it may be worthwhile to explore whether the CETS tool can be applied to 

mixtures such as oil systems. 

 

We have introduced the CETS ‘toxicity hyperbola landscape’ which we hope will be useful for 

aquatic toxicity testing. It is hoped that the CETS tool will be useful in toxicity test design such 

as when performing standard aquatic toxicity tests such as bioconcentration tests (OECD 203) or 

bioaccumulation tests (OECD 305). If it is indicated that the chemical may be difficult-to-test 

substance such as due to very low solubility then it is recommended to follow the OECD Test 23 

guidelines for aquatic toxicity test for difficult test chemicals.20 
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7.4 Conclusions 

This thesis has provided a modeling perspective on relevant issues in connection with chemical 

fate, bioaccumulation and toxicity studies, which may be conducted as part of regulatory 

requirements for persistence, bioaccumulation, and toxicity bright-line criteria. Experimental 

data are preferred for these assessments and experimental laboratory procedures such as OECD 

20321 for acute toxicity to fish, OECD 30522 for bioaccumulation in fish, which recommends 

lipid normalization, or OECD 12311 for partition ratio determination, are usually followed in 

order to obtain data. Making relevant predictions beforehand can be beneficial for several 

reasons, including 1) accounting for chemical properties that may be unusual and which may 

affect the outcome of the results, 2) checking consistency of experimental and predicted results; 

discrepancies may indicate unaccounted-for variables, and 3) preventing wasted tests by 

predicting successful conditions beforehand. Using available data to perform consistency tests 

for related variables is advisable whenever feasible, as this helps to ensure that data are reliable 

and helps to determine the contexts (i.e., systems or variables) in which data may not be 

consistent or reliable. The large range in many reported environmental constants such as partition 

ratios, vapour pressures, solubilities, rate constants, and many others, indicates that some of these 

data may be unreliable. A large effort is currently being made to assess the reliability of 

published data, including reassessing regulatory data and assessing the confidence of reported 

constants.2, 23 It is recommended that in addition to laboratory experiments, scientists should use 

models to obtain estimates of results for the reasons discussed above. It is demonstrated in this 

thesis that simple models are generally sufficient for this purpose. As the state of the science 

becomes more sophisticated there is incentive to use more sophisticated methods such as 

environmental fate models to provide more insight into results than experiments alone. Doing so 
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can help prevent inaccurate data from being obtained, which may have regulatory implications 

and help prevent wasted tests, money, and unnecessary sacrifice of organisms.  

 

As stated in the abstract and in Chapter 1 the objective of this thesis is to develop and apply mass 

balance models describing the fate of chemicals in the environment and especially in aquatic 

systems including uptake and toxicity in fish and in food webs. The focus of these studies has 

been mainly on hydrophobic organic chemicals that have relatively low solubilities in water and 

display high partition ratios to lipid phases in fish from water that inevitably has a very low 

chemical concentration, usually well below the solubility limit. Apart from the general 

contribution to this aspect of environmental science, four more specific and detailed potential 

contributions are made to regulatory programs that seek to ‘manage’ in the environment.  

 

The study on kinetic delays discussed in Chapter 3 is the first to describe the importance of the 

slow approach to equilibrium experienced by highly hydrophobic and aerophobic substances. It 

shows the importance of treating both equilibrium and kinetic aspects of chemical transport. The 

regulatory community seeking to understand and quantify these transport processes must 

appreciate the importance of kinetic delays that can, for example, cause lower than expected 

bioaccumulation in organisms and the importance of normally slow and possibly neglected loss 

processes such as growth dilution and even slow metabolism or biotransformation. These effects 

can have profound effects on concentrations in biota and hence on toxic effects.  

 

The second study in Chapter 4 is on a comprehensive model of chemical bioaccumulation in a 

food web of highly hydrophobic chemicals, using cyclic methyl siloxanes (such as D5) as an 
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example. This study demonstrates the utility of trophic magnification factors, but also points out 

potential pitfalls that can occur during the interpretation of these quantities. It also demonstrates 

the importance of measuring fish lipid contents which can greatly affect bioaccumulation values 

depending on the hydrophobicity of the chemical. It is hoped that this study may serve as an 

example for further studies on bioaccumulation metrics with other chemicals with similar 

properties. 

 

The third and fourth studies in Chapters 5 and 6 describe a novel approach to aquatic toxicity 

testing using time-to-death (TTD) methods rather than fixed time toxicity tests as is conventional 

practice. The TTD approach provides valuable equilibrium and kinetic data into chemical uptake, 

an aspect that is frequently underestimated or even ignored in fixed time tests. It is hoped that 

this study will encourage aquatic toxicologists to investigate the TTD approach as a method of 

obtaining kinetic data, of encouraging mass balance modelling in test protocols and to reduce 

animal usage. The presentation of the ‘landscape’ of aquatic concentrations exposure times and 

toxic conditions will, it is hoped, be of value in quantifying the importance of both equilibrium 

and kinetic aspects in determining toxicity in fish and other aquatic organisms. It is hoped that it 

will play a role in both chemical regulation and pedagogically in educating about the principles 

of toxicology in an easily assimilable pictorial/diagrammatic format. The extent to which this 

concept will be incorporated into regulations and into educational practices remains to be seen. 

 

As the state of science increases further, it is hoped that predictive models will contribute to 

more effective experimental testing in the future. While we acknowledge that that day is not yet 

upon us, we do believe that models can and should currently be used to assist in interpreting 
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results and for understanding system processes. It is hoped that this thesis will serve to move the 

mindset of scientists and regulators alike in that direction. 
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