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Abstract 

Ecologists studying acid-damaged zooplankton communities have often documented a time lag in 

recovery following pH increases. While previous work has provided a solid understanding of the local 

factors that may delay recovery (e.g. competition), less is known about the role of dispersal. The work in 

this thesis was conducted to test the hypothesis that dispersal limitation contributes to delays in the 

recovery of acid-damaged zooplankton communities. To assess the role of dispersal during recovery I 

pursued three objectives: 1) To measure dispersal in the field and determine the relative importance of 

various dispersal vectors for contributing acid-sensitive colonists to lakes; 2) to determine if spatial 

structure in recovering zooplankton communities exists across the landscape independent of 

environmental gradients; and 3) to determine if an interaction between dispersal and local environmental 

variables could influence recovery.  

Data collected for Objective 1 demonstrated that overland dispersal rates for acid-sensitive species in 

Killarney Park were relatively low, but some species were found emerging from the diapausing egg bank 

or dispersing through streams to recovering lakes. Spatial modeling and variation partitioning analyses for 

Objective 2 revealed spatial patterns indicative of dispersal limitation in recovering Killarney Park 

zooplankton communities. Enclosure experiments conducted for Objective 3 suggested that the 

colonization of the acid-sensitive copepod Epischura lacustris may be influenced by an interaction 

between dispersal levels and pH, such that higher dispersal levels may be required for establishment in 

lakes that are early in the process of pH recovery. Enclosure experiments also indicated that community 

resistance and low dispersal levels might hinder the reestablishment of the acid-sensitive copepod 

Skistodiaptomus oregonensis.  

Taken together, my results strongly suggest that dispersal limitation could contribute to delays in 

zooplankton community recovery. The recovery of acid-sensitive copepod species may be particularly 

difficult, as their reestablishment in recovering lakes appears to be influenced by Allee effects, 

community resistance, and an interaction between pH and dispersal levels. While dispersal rates could be 
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artificially increased by human intervention, this would carry the risk of introducing invasive species. As 

a result, patience and continued monitoring of recovering lakes may be the best management approaches 

at this time. 
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Chapter 1 

General Introduction 
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Introduction 

The acidification and ongoing recovery of lakes throughout eastern North America and Europe is a well-

studied example of the impacts of environmental change on aquatic communities (Schindler 1988, 

Nyberg et al. 2001, Snucins 2003). Populations of fish, macroinvertebrates, zooplankton, and 

phytoplankton were damaged in affected lakes (Schindler 1988, Brett 1989, Findlay 2003). Fortunately, 

pH levels have increased in acidified lakes during the last two decades as more stringent emissions 

standards have been enacted (Stoddard et al. 1999, Driscoll et al. 2001, Vestreng et al. 2007). To measure 

the degree and extent of biological recovery following pH increases, many studies have assessed changes 

occurring in acid-damaged zooplankton communities (Keller and Yan 1998, Holt and Yan 2003, Yan et 

al. 2004). Results from these studies have documented promising signs of recovery in many lakes; 

however, biological recovery has often lagged behind chemical recovery and is not yet complete in many 

systems (Yan et al. 2003; Yan et al. 2004; Arnott et al. 2006; Nedbalová et al. 2006; Masters et al. 2007). 

Delays in the recovery of acid-damaged zooplankton communities have been attributed mainly to local 

factors, such as insufficient pH recovery and the resistance of acid-structured communities to colonization 

by acid-sensitive species (Gray and Arnott 2009). However, with the emergence of the metacommunity 

concept during the last decade, recent studies have also started to explore the impact of organism 

dispersal on community recovery (Gray and Arnott 2009).  

Previous generations of ecologists searched for the determinants of community structure by 

focusing primarily on local environmental variables and species interactions (e.g. competition; Ricklefs 

1987). However, recent studies suggest that regional factors, including dispersal levels, and the spatial 

arrangement of habitats, can significantly impact the distribution and abundance of species across the 

landscape (Cottenie et al. 2003, Leibold et al. 2004, Beisner et al. 2006). As a result, communities are no 

longer perceived as isolated systems, but as large metacommunities connected by the dispersal of 

organisms (Leibold et al. 2004). Despite this paradigm shift, aquatic ecologists investigating the 

determinants of biological recovery following the removal of stressors have remained focused 
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predominantly on local factors (but see Binks et al. 2005, Valois et al. 2010). The paucity of studies 

focused on the contribution of regional factors to community recovery is puzzling for two reasons. First, 

the dispersal of organisms is a prerequisite for the reestablishment of populations driven to local 

extinction by changes in the environment (Keller and Yan 1998). Second, regional stressors such as 

anthropogenic acidification can negatively impact species richness over a wide area (e.g. Holt and Yan 

2003), potentially reducing the number of acid-sensitive species found in the regional species pool. If few 

acid-sensitive species remain in the regional pool then the recovery of local zooplankton communities 

may need to be driven by slower processes such as long distance dispersal. 

In this thesis I describe research that aims to fill gaps in the literature regarding the role of 

dispersal as zooplankton communities respond to disturbance. More specifically, the overall goal of my 

thesis research was to determine if dispersal processes could impact the recovery of acid-damaged 

zooplankton communities. To achieve this goal I had three main objectives: 

1) To measure dispersal in the field and determine the relative importance of various 

dispersal vectors for contributing acid-sensitive colonists to recovering lakes 

2) To determine if spatial structure in recovering zooplankton communities exists 

independent of environmental gradients 

3) To determine if an interaction between dispersal and local environmental variables could 

influence recovery 

To achieve objective 1, I collected empirical data on organism dispersal in the field and used it to make 

inferences about dispersal limitation for acid-sensitive species as they recolonize recovering lakes. 

Objective 2 called for analyses that could disentangle the influence of local environmental factors and the 

spatial arrangement of lakes as zooplankton communities recover from acidification. This required the use 

of zooplankton community and environmental data from a group of 45 lakes distributed across the 

landscape of Killarney Provincial Park. While objectives 1 and 2 focused on determining if dispersal 

could play a role independent of environmental variables, objective 3 was explicitly aimed at looking for 
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interactions between dispersal and local conditions as acid-sensitive species colonize recovering lakes. To 

achieve this objective I ran manipulative field experiments using zooplankton communities that had been 

impacted by acidification.  

Below I have provided a brief introduction and summary for each chapter in this thesis. Chapter 2 

provides a review of the literature relevant to this thesis. The research for objectives 1 and 2 is presented 

in Chapter 3, while that for objective 3 is described in chapters 4 and 5. Chapter 6 provides a general 

discussion and directions for future research. 

     

Chapter 2 

Acidification of lakes and streams has been particularly acute in eastern North America, and in Northern 

and Central Europe (Stoddard et al. 1999). As a result, most studies documenting the impacts of 

acidification and subsequent recovery have been conducted in these three regions. Despite intense 

international cooperation to document the impacts of acidification (e.g. Gunn and Sandøy 2001), the 

recent literature regarding biological recovery remains largely separated along these regional lines. While 

preparing my thesis proposal I was able to find many studies documenting the recovery of zooplankton 

communities in specific lakes or regions, but an overall synthesis was lacking.  

In chapter 2 I bring together information on zooplankton recovery from eastern North America, 

Norway, Sweden, and Central Europe to provide a more complete picture of the current status of 

communities in acidified regions. This chapter includes a review and synthesis of background material 

crucial to my thesis including: (1) a critical review of the various methods available for assessing 

zooplankton community recovery; (2) a summary of the evidence for zooplankton recovery in regions 

historically impacted by acidification; and (3) a discussion of the factors that influence zooplankton 

community recovery.  

My review indicated that the metrics used to assess zooplankton recovery were not consistent 

throughout the literature, making comparisons among studies difficult. Although multivariate metrics of 
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recovery have many advantages over univariate metrics, most investigators have used univariate metrics 

such as species richness and species diversity. Based on the information available in the literature, the 

recovery of acid-damaged zooplankton communities appears to be far from complete in most regions. The 

relative importance of the factors that limit zooplankton recovery differed among and within regions, 

suggesting that overarching generalizations about the relative importance of these factors might not be 

possible.  

 

Chapter 3 

The importance of dispersal for structuring freshwater zooplankton communities has been hotly debated 

in the literature. One side of the debate contends that dispersal is frequent and colonization of new 

habitats occurs rapidly (Cohen and Shurin 2003, Havel and Shurin 2004, Louette and De Meester 2005, 

Vanschoenwinkel et al. 2008). If this is the case then community membership may be determined largely 

by a harmonization between species physiological/ecological tolerances and local environmental and 

community variables. However, many studies have suggested that colonization of new habitats occurs 

relatively slowly, and that dispersal distances may be limited (Jenkins 1995, Jenkins and Underwood 

1998, Cáceres and Soluk 2002, Allen 2007). Under conditions of low dispersal the spatial arrangement of 

lakes becomes an important determinant of community structure, and the response of communities to 

regional environmental change may be hindered (Cottenie  & De Meester 2004). 

For chapter 3, I conducted a study that investigated the role of dispersal during the recovery of 

acid-damaged zooplankton communities. This study focused on lakes in Killarney Provincial Park, 

Ontario, an area that has been affected by acidification due to the deposition of sulphur dioxides and 

nitrogen oxides from nearby metal smelters in Sudbury, Ontario (Figure 1.1). The richness and diversity 

of zooplankton significantly decreased in affected lakes, but there has been evidence of slow recovery 

during the last two decades as more stringent emissions standards have been enacted (Shead 2007). To 

determine the role of dispersal during recovery, I collected empirical data in the field and conducted 



 

6 

 

spatial modeling and variation partitioning analyses. My four month long field study measured dispersal 

of zooplankton to four lakes recovering from acidification. My spatial modeling and variation partitioning 

analyses used physical-chemical data from 45 park lakes collected over three decades, allowing me to 

quantify the impact of local environmental variables and dispersal on the park’s zooplankton 

communities. My results demonstrated that dispersal limitation is a significant determinant of 

zooplankton community structure, and that low dispersal levels likely contribute to the slow recovery of 

damaged communities. This conclusion is significant because it suggests that expectations for recovery 

should be adjusted to account for dispersal of zooplankton to recovering lakes, and that the fruits of 

emissions reduction legislation may ripen more slowly than initially anticipated. 

 

Chapter 4 

Most studies attempting to predict the establishment or extinction of small introduced populations have 

focused on the independent contributions of propagule pressure (number of individuals introduced) and 

local environmental characteristics. However, three recent studies with invasive plants suggest that 

propagule pressure can interact with local variables in some instances to determine the success of 

introduced populations (Thomsen et al. 2006, Britton-Simmons and Abott 2008, Eschtruth and Battles 

2009). These studies demonstrate that the effect of propagule pressure on establishment success can be 

dependent on local environmental conditions. Although these studies focused on the establishment of 

invading species, a propagule pressure by environment interaction could theoretically be present under 

any circumstance where both the incoming propagule load and environmental conditions differ among 

habitat patches.  

The recovery of acid-damaged zooplankton communities is dependent on both the levels of 

dispersal to recovering lakes as well as the degree of pH recovery that has occurred in a given lake (Keller 

and Yan 1998). Given the difficulty of finding mates at low population densities, and the sensitivity of 
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many zooplankton species to low pH levels, I hypothesized that a propagule pressure by pH interaction 

may influence the recovery of sexual zooplankton species in lakes recovering from acidification. 

In chapter 4 I present the results of a study that used a factorial design field experiment to test the 

independent and interactive effects of pH and initial organism densities on the per capita population 

growth (r) of the sexual copepod Epischura lacustris and the seasonally parthenogenetic cladoceran 

Daphnia mendotae. The results of my field experiment demonstrated that local environmental conditions 

can moderate the impacts of Allee effects for E. lacustris: Populations introduced at low densities had a 

significantly lower r at pH 6 than at pH 7. In contrast, r did not differ between pH 6 and 7 environments 

when E. lacustris populations were introduced at high densities. D. mendotae was affected by pH levels, 

but not by initial organism densities. Population growth simulations that used r values obtained from my 

experiments indicated that E. lacustris populations introduced at low densities to pH 6 conditions would 

have a higher probability of extinction than those introduced at low densities to a pH 7 environment. This 

indicates that environmental conditions and mate limitation can interact to determine the fate of small 

populations of sexually reproducing zooplankton species. The interaction between pH and propagule 

pressure is important from a management standpoint because it suggests that the augmentation of 

dispersal levels might be most effective during the early phases of pH recovery when sexually 

reproducing species can potentially survive in their new habitat but cannot overcome Allee effects. 

 

Chapter 5 

Aquatic communities in acid-damaged lakes differ from those found in neutral lakes in several respects 

thought to be important for understanding patterns of biological recovery. The loss of fish in many acid-

damaged lakes can lead to high abundances of invertebrate predators such as the phantom midge larvae 

Chaoborus and water beetles such as Dystiicidae and Gyrinidae (Yan et al. 1991, Arnott et al. 2006). 

High abundances of invertebrate predators and low pH levels combine to reduce the richness and 

diversity of resident zooplankton communities. The ultimate result of acidification in many Boreal Shield 
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lakes is a zooplankton community numerically dominated by the acid-tolerant calanoid copepod 

Leptodiaptomus minutus (Shead 2007). Past studies have suggested that the peculiarities of acid-damaged 

lakes may hinder their recovery by lowering the colonization success of acid-sensitive species (Binks et 

al. 2005, Arnott et al. 2006). Community resistance may stem from inter-specific interactions such as 

predation and competition that result in lower growth rates for acid-sensitive colonists (Keller and Yan 

1998, Binks et al. 2005).  

In chapter 5 I present a study conducted to determine if dispersal levels, Allee effects, and biotic 

interactions could influence the recovery of acid-damaged zooplankton communities. For this study, I 

conducted a field experiment that involved the introduction of four acid-sensitive colonist species 

(Daphnia retrocurva, Skistodiaptomus oregonensis, Epischura lacustris, and Tropocyclops extensus) into 

enclosures stocked with recipient communities. The experiment was a factorial design with colonists 

introduced at three starting densities (low, medium, and high) and enclosures being stocked with either 

diverse communities typical of neutral lakes or relatively depauperate communities dominated by the 

acid-tolerant copepod Leptodiaptomus minutus. Per capita growth rates (r) for colonist species were 

measured by sampling communities in enclosures over a 10 week period. Factorial ANOVAs were 

conducted to determine if r differed according to starting densities, recipient community type, or their 

interaction. My results indicated that r for the copepods E. lacustris and S. oregonensis were greater when 

introduced at high initial densities, suggesting an Allee effect based on mate limitation. In addition, r for 

S. oregonensis was lower when introduced to acid-structured communities suggesting biotic interactions 

with the resident community were important for this species. Per capita growth rates for T. extensus and 

D. retrocurva did not differ among treatments.  

These results have important implications for understanding community responses to 

environmental change. They suggest that the ability of communities to track local environmental 

conditions can be influenced by many factors, including dispersal levels, mate-limitation, and community 
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interactions. As a result, investigators attempting to make predictions regarding the recovery of 

zooplankton communities from acidification or other stressors should take these factors into account.  
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Figure 1.1. Map of Killarney Provincial Park, Ontario, Canada. Shaded lakes represent those surveyed 

for zooplankton and environmental data in 2005 (Shead 2007). Data from the survyed lakes were used in 

analyses for chapters 3 and 4. 
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Chapter 2 

Recovery of acid-damaged zooplankton communities: measurement, extent, 

and limiting factors 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Published in:  

Environmental Reviews 17: 81-89 



 

12 

 

Abstract 

Anthropogenic acidification has affected biota in thousands of lakes in eastern North America and 

Europe. To measure the degree and extent of biological recovery following pH recovery in acidified 

lakes, many studies have assessed changes occurring in acid-damaged zooplankton communities. In this 

review we synthesize studies of zooplankton recovery from regions severely affected by acidification. In 

doing so, we provide a critical overview of: 1) the design of studies used to detect recovery; 2) the status 

of communities in acidified regions; and 3) our current understanding of the factors that limit recovery. 

 The design of most studies assessing zooplankton recovery fall into three categories based on 

their selection of data to be used for recovery benchmarks: 1) historical; 2) reference-lakes; and 3) 

temporal. Within these study designs, the most commonly used metrics include species richness, indicator 

species, and relative species abundances. Many studies have used species richness as the sole indicator of 

recovery; however, we argue that additional metrics should be considered in analyses to make 

conclusions more robust. Studies conducted in eastern North America and Northern Europe have 

demonstrated significant, though often incomplete, recovery of zooplankton communities in lakes that 

reach a pH > 6.0. Data collected in central Europe indicate little recovery in the heavily impacted 

Bohemian Forest lakes, but complete recovery of species richness in the moderately acidified Tatra 

Mountain lakes. Factors limiting biological recovery, including slow chemical recovery, dispersal 

limitation, and community resistance, vary in importance among and within regions, suggesting that 

region and lake specific management approaches may be required.  

 

Introduction 

Thousands of lakes and streams in North America and Europe have been impacted by acidification due to 

anthropogenic sulfur dioxide (SO2) and nitrogen oxide (NOx) emissions (Schindler 1988; Driscoll et al. 

2001). Deposition of sulfur and nitrogen oxides in acidic rain water has also recently emerged as an 

environmental concern in developing countries such as China, where rapid industrial growth has led to 
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increases in acidifying emissions (Larssen et al. 2006). Acidification of freshwater ecosystems can have a 

negative impact on fish, waterfowl, zooplankton, benthic invertebrate and algal populations in affected 

areas (Schindler 1988; Brett 1989; Nyberg et al. 2001; Findlay 2003; Snucins 2003). Legislation and 

international treaties developed throughout the 1970s and 1980s mandated emissions reductions that have 

led to increased pH levels for precipitation and surface water in many regions of North America and 

Europe (Stoddard et al. 1999; Driscoll et al. 2001; Vestreng et al. 2007). Consequently, the chemistry of 

some affected lakes has recovered to pre-acidification conditions, and biota reduced or extirpated from 

acidified systems are starting to recover (Yan et al. 2004; Hynynen and Merilainen 2005; Monteith et al. 

2005; Skjelkvåle et al. 2007). Despite promising signs of recovery in some regions, several studies have 

concluded that biological recovery lags behind chemical recovery, and is not yet complete in many 

systems (Yan et al. 2003; Yan et al. 2004; Arnott et al. 2006; Nedbalová et al. 2006; Masters et al. 2007).  

Among the aims of most emissions reduction agreements, including the 1985 Helsinki Protocol, 

the 1991 U.S.-Canada Air Quality Accord, the 1994 Oslo Protocol, and the 1999 Gothenburg Protocol, is 

the reversal of environmental damage caused by acidification (Menz and Seip 2004). Therefore, in order 

to evaluate the effectiveness of these emissions reductions agreements, it is necessary to evaluate water 

chemistry and biological communities for responses to reduced emissions. While it is important to study 

the response of a broad range of organisms, planktonic communities (zooplankton, phytoplankton) have 

often been selected because they have several characteristics that make them ideal for measuring changes 

associated with pH recovery: 1) community composition is altered by pH changes and communities were 

significantly damaged in many acidified lakes (Keller et al. 2002; Findlay 2003); 2) species-specific 

responses to pH levels can allow for the use of indicator species (Marmorek and Korman 1993; Walseng 

et al. 2001b; Walseng et al. 2003; Graham et al. 2007); 3) high species richness and relatively high 

species abundances allow for effective use of multivariate statistical techniques (e.g. Yan et al. 1996b); 

and 4) sampling methods for plankton are relatively simple and rapid compared to those for larger, more 
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mobile organisms. Our focus for this review will be the zooplankton, which we consider to include 

rotifers, and both pelagic and littoral crustaceans.  

Yan et al. (2003) suggested that the factors limiting recovery of zooplankton communities from 

acidification could be separated into three categories: 1) water quality; 2) dispersal limitation; and 3) 

community-level barriers. Within the first category, several authors have hypothesized that continued 

chemical stress due to low pH and episodes of re-acidification caused by drought may preclude survival 

of acid-sensitive species (Arnott and Yan 2002; Kowalik et al. 2007). Synoptic surveys and laboratory 

experiments indicate that lake pH values of ~6.0 are required for the return of the most acid sensitive 

species; however more tolerant species may begin to return at lower pH thresholds (Keller et al. 1990; 

Havens et al. 1993; Keller and Yan 1998; Holt and Yan 2003). This suggests that water chemistry is an 

important barrier to recovery in lakes that remain at a pH < 6.0. Other water quality factors, including 

calcium limitation, metal contamination, and increased ultraviolet light penetration may also slow or limit 

biological recovery of zooplankton communities (Yan et al. 1996a; Keller et al. 2001; Jeziorski et al. 

2008). The second category proposed by Yan et al. (2003) highlights the need for colonists to disperse to 

acidified lakes. Isolated lakes may have low immigration rates, slowing the recolonization of acid-

sensitive zooplankton (Binks et al. 2005; Masters et al. 2007). The third category includes community-

level impediments to biological recovery. Experiments conducted in lake mesocosms have demonstrated 

that community resistance from acid-structured communities may prevent acid-sensitive species from 

recolonizing damaged lakes (Arnott et al. 2006; Frost et al. 2006). Predation from recovering fish 

populations (Nilssen and Wærvågen 2002b) and the colonization of invasive species, such as the 

predatory zooplankter Bythotrephes longimanus (Strecker and Arnott 2005), are further examples of 

potential community level barriers. 

 While there are many studies documenting the recovery of zooplankton communities in specific 

lakes (MacIsaac et al. 1986; Yan et al. 2004) or regions (Keller et al. 2002; Nilssen and Wærvågen 2003; 

Wærvågen and Nilssen 2003; Weeber et al. 2004; Nedbalová et al. 2006), an overall synthesis is lacking. 
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By bringing together information on zooplankton recovery from several affected regions, we try to 

provide a more complete picture of the current status of communities in acidified regions. Our purpose in 

this review is threefold: 1) To critically review the various methods available for assessing zooplankton 

community recovery; 2) to summarize the evidence for zooplankton recovery in regions historically 

impacted by acidification; and 3) to review our current understanding of the factors that influence 

zooplankton community recovery. 

 

Measuring recovery of zooplankton communities 

In order to assess whether or not zooplankton communities are recovering from acidification, it is 

necessary to: 1) select the appropriate study design and benchmarks for recovery; and 2) select 

community or population metrics suitable for measuring recovery. Published studies vary widely in study 

design and their selection of community metrics; therefore we briefly review these topics here before 

proceeding to a summary of zooplankton community recovery in acidified regions.   

 

Study design.  

In order to evaluate the recovery of zooplankton populations from acidification, it is necessary to 

choose a study design that will provide some type of benchmark and/or estimate the rate of recovery. The 

most obvious approach is to compare current zooplankton community metrics with historical records that 

include data from the pre-acidification period (Vrba et al. 2003; Nedbalová et al. 2006). Pre-acidification 

data can then be used as a benchmark against which to measure the current status of the zooplankton 

community (Vrba et al. 2003). However, pre-acidification data are often not available, except in the case 

of intentionally manipulated lakes (Findlay and Kasian 1996; Hann and Turner 2000; Frost et al. 2006). 

Where historical data are lacking, some studies have used paleolimnological techniques to gather pre-

disturbance data for zooplankton communities (e.g. Schartau et al. 2007). While paleolimnological data 

can provide accurate background data for groups that leave chitinous remains (e.g. Cladocera), they are 
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less reliable for soft-bodied organisms such as copepods and rotifers (Leavitt et al. 1994). In addition, the 

taxonomic resolution of paleolimnological data is often low compared with data collected from the 

identification of live specimens. For example, bosminids are often separated into Bosmina spp. and 

Eubosmina spp., while daphniids are often identified as belonging to the Daphnia pulex complex, the 

Daphnia ambigua complex, or the Daphnia retrocurva group (e.g. Korosi et al. 2008). 

As an alternative to using historical or paleolimnological data, some studies have adopted the 

reference lake approach (Yan et al.1996b; Keller et al. 2002). Using this method, current zooplankton 

data gathered from recovering lakes can be compared with data gathered from a group of reference lakes 

in the same region that have not been affected by acidification (Yan et al. 1996b). If zooplankton 

communities in acidified and reference lakes differ substantially then it is assumed that recovery is not yet 

complete (Yan et al. 1996b). Finally, biological recovery can also be assessed by conducting field surveys 

of zooplankton populations through time as study lakes undergo chemical recovery (temporal sampling 

approach; Keller and Yan 1991; Locke et al. 1994). If the process of biological recovery is underway, 

then a change in community and/or population metrics should be evident through time. For example, 

increases in species richness, species diversity, and the return of acid-sensitive species are expected 

through time as pH increases. Many studies have combined the temporal approach with the historical or 

reference lake approaches to gain an appreciation of the current status of recovery as well as the rate of 

recovery of zooplankton populations (Keller et al. 2002; Nedbalová et al. 2006). 

Given a choice among the historical, reference lake, and temporal sampling study designs, which 

provides the most realistic benchmarks for measuring recovery? Each study design has some strengths 

and weaknesses. Historical data are valuable because they can provide concrete evidence, rather than 

statistical probability, that acid-sensitive species inhabited a lake prior to acidification (e.g. Vrba et al. 

2003). Historical data also provide information on the pre-disturbance community that incorporates the 

influence of unique physical, chemical, and biological variables experienced in a particular lake. 

However, the availability of historical data is often limited. Moreover, studies within the last decade have 
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made it apparent that the recovery of zooplankton communities should be analyzed in the context of a 

multiple-stressors framework (Keller 2007; Yan et al. 2008). Stressors other than acidification, including 

anthropogenic climate change, calcium limitation, and invasive species introductions, can alter the 

structure of zooplankton communities found in a region (Keller 2007, Yan et al. 2008). The effects of 

these stressors can be non-additive, leading to a high degree of uncertainty when trying to make 

predictions about their ultimate impacts on zooplankton communities (Christensen et al. 2006). Therefore, 

recovery benchmarks may actually be moving targets, rather than the fixed standards suggested by the 

historical approach. 

When historical data are lacking, the reference lake approach offers an alternative method to 

assess recovery. An obvious advantage of the reference lake approach is that it can incorporate the 

influence of environmental variation and multiple-stressors on zooplankton communities by providing a 

current dataset for comparison. In theory, the zooplankton communities that contribute to this up-to-date 

dataset will have integrated the influence of natural and anthropogenic variables, thereby allowing for the 

separation of the influence of confounding variables from those of interest (Yan et al. 1996b). However, 

this approach has a few limitations. First, a current dataset is necessary if the reference group is to 

accurately reflect current environmental conditions and stressors that are affecting zooplankton 

communities. However, an up-to-date dataset may not be available as a reference either because a suitable 

group of reference lakes is not available for comparison, or simply because data has not been collected 

recently (e.g., Yan et al. 1996b). In order to provide current reference data, investigators may sample 

reference lakes as part of their study, however, the collection and processing of zooplankton samples from 

a large group of lakes can be both expensive and time consuming. As an alternative to sampling over a 

wide spatial scale some studies have selected a smaller number of reference lakes and then conducted 

periodic sampling of zooplankton through time in the selected lakes (Keller et al. 1992; Keller et al. 

1999). This temporal sampling of reference lakes decreases the spatial scale over which samples must be 

collected, but still provides enough data points for statistical comparisons with recovering zooplankton 
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communities. However, since zooplankton are collected from reference lakes on multiple sampling dates 

the total number of samples that require processing may not be significantly lower than studies conducted 

at wider spatial scales. In addition to time and cost constraints, another disadvantage of the reference lake 

approach is that comparing communities in recovering lakes with those in a reference dataset is a 

statistical exercise that sets broad benchmarks for recovery, rather than specific expectations. For 

example, Keller et al. (2002) took two approaches to assessing recovery in two Sudbury area lakes using a 

reference dataset. First, they compared species richness in the two recovering Sudbury lakes with the 

average values ± 2 standard deviations for a set of 47 reference lakes in the nearby Dorset area (Keller et 

al. 2002). Second, they used multivariate methods to assess if communities in recovering lakes were more 

similar to those in acidic (pH<6.0) or circumneutral (pH>6.0) Dorset reference lakes (Keller et al. 2002). 

Both of these methods set broad benchmarks for recovery based on statistical averages for a group of 

lakes, rather than specific benchmarks (e.g. definite species richness) set out by the historical approach.  

In addition to the historical and reference lake approaches, the temporal sampling approach can 

also offer insights into biological recovery. Sampling through time can allow investigators to track 

changes in community or population metrics that are expected to change with increasing pH levels (Table 

2.1). Temporal sampling allows for an estimation of the rate of recovery; however, a significant weakness 

of this approach is that it does not provide recovery benchmarks. Therefore it is best to pair this approach 

with the historical or reference lake designs (Keller and Yan 1991; Yan et al. 1996b; Keller et al. 2002). 

Given the strengths and weaknesses of all three study designs, we recommend incorporating two 

approaches into an individual study. For example, using the historical and temporal approaches would 

allow investigators to set benchmarks for recovery and estimate a rate of change in the zooplankton 

community. Ignoring financial constraints and time limitations, an ideal study design would include all 

three approaches. Historical data and reference data could provide two independent methods for setting 

benchmarks for recovery, while temporal data would allow investigators to assess the rate of recovery.  
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Metrics to assess recovery 

 An overview of zooplankton metrics used to assess recovery is given in Table 2.1. Species 

richness and species diversity of crustacean and rotifer communities consistently decline during 

acidification, therefore increases in these metrics are expected as biological recovery takes place 

(Marmorek and Korman 1993). Evenness is also expected to increase during biological recovery as the 

community shifts from one dominated by a small number of acidophilic species (Keller and Pitblado 

1984) to one that has a more balanced distribution of species abundances. Several authors have also 

suggested that the presence/absence or relative abundance of acid-sensitive or acid-tolerant species should 

be used as a measure of acidification and recovery (Marmorek and Korman 1993; Walseng and Schartau 

2001; Walseng et al. 2003). This method is promising since zooplankton assemblages appear to respond 

in a predictable manner to acidification, resulting in similar zooplankton assemblages in affected lakes. In 

general, acidified North American lakes are dominated by the rotifer Keratella taurocephala, the 

cladocerans Bosmina longirostris and Diaphanosoma, and the calanoid copepod Leptodiaptomus minutus 

(MacIsaac et al. 1986, Marmorek and Korman 1993). In acidic European lakes the typical zooplankters 

include the rotifers Polyarthra remata, Keratella serrulata, and K. cochlearis, the calanoid copepod 

Eudiaptomus gracilis and the cladocerans Bosmina longispina, B. coregoni, Diaphanosoma brachyurum, 

and Holopedium gibberum (Berzins and Pejler 1987; Morling and Pejler 1990; Hörnström et al. 1993). 

Acid sensitive species frequently absent in acidified North American lakes include the rotifers Conochilus 

unicornis and Asplanchna priodonta, the cladocerans Daphnia mendotae, D. pulex, and D. retrocurva 

and the copepods Epischura lacustris and Tropocyclops extensus (MacIsaac et al. 1986; Havens et al. 

1993; Marmorek and Korman 1993; Gonzalez and Frost 1994). Acid sensitive zooplankters in Europe 

include several Daphnia species and the copepods Heterocope appendiculata, Thermocyclops oithonoides 

and Cyclops scutifer (Nilssen et al. 1984; Nilssen and Wærvågen 2002a Nilssen and Wærvågen, 2003).  

 Although the indicator species mentioned in the previous paragraph are primarily pelagic, several 

studies have also employed littoral crustaceans as indicators of acidification and recovery (Walseng and 
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Karlsen 2001; Walseng et al. 2001a; Walseng et al. 2003). Littoral crustaceans can account for more than 

two-thirds of the crustacean species richness in some regions (Walseng et al. 2006). However, many 

ecologists have excluded littoral species from acidification studies due to a belief that high seasonal and 

spatial variability, as well as difficult taxonomy, would complicate their work (Walseng et al. 2003). 

Walseng et al. (2003) argue that these problems are not insurmountable, and that data on littoral taxa can 

make valuable contributions to studies of zooplankton recovery. For example, Walseng (2002) 

demonstrated a higher correlation between species composition and an acidification gradient when using 

both littoral and pelagic species as compared to using pelagic species alone. Therefore, he argues that the 

inclusion of littoral species should be more reliable than strictly relying on pelagic species as a measure of 

recovery (Walseng 2002). However, the importance of including littoral species may differ depending on 

the region studied. Walseng (2002) suggests that the inclusion of littoral species has the most pronounced 

effect in analyses of Norwegian lakes that are relatively species-poor compared with those in Killarney 

Provincial Park, Ontario that generally have higher species richness. Some examples of littoral species 

that may be used as indicators in Canadian Shield lakes include Acanthocycops vernalis (pH < 6), 

Sinobosmina sp., (pH > 4.8). Tropocyclops extensus, Mesocyclops edax, and Sida crystallina (all at pH > 

5), and Chydorus. faviformis (pH > 5.9) (Walseng et al. 2003). Examples from Norwegian lakes include 

Alona rustica and Acantholeberis curvirostris for acidic lakes, and Daphnia longispina, D. cristata and 

Ceriodaphnia pulchella for neutral lakes (Walseng and Karlsen 2001). 

 In addition to the univariate techniques discussed above, many studies have employed 

multivariate techniques such as Principal Components Analysis (PCA) or Correspondence Analysis (CA) 

using species abundance data (Locke et al. 1994; Keller et al. 2002; Holt and Yan 2003; Yan et al. 2004). 

These ordination techniques allow for a visualization of the differences among communities along the 

most variable axes. Thus, it is possible to determine if communities in recovering lakes are more similar 

to communities from circumneutral or acidic lakes (Yan et al. 1996b). Statistical tests using PCA or CA 

scores have also been used to provide a statistical, rather than visual, measure of recovery status (Holt and 
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Yan 2003). Other multivariate analyses, such as Redundancy Analysis (RDA) or Canonical 

Correspondence Analysis (CCA), have been used to relate species composition or species 

presence/absence to environmental variables (Schartau et al. 2001; Walseng et al. 2001a). However, these 

studies primarily focused on identifying species as indicators of acidification, rather than comparing 

community structure among lakes (Schartau et al. 2001; Walseng et al. 2001a).  

Yan et al. (1996b) assessed the ability of the metrics listed in Table 2.1, excluding the indicator 

species approach, to detect changes associated with acidification and recovery in three study lakes. They 

suggested that multivariate methods using relative abundances of species performed best, followed by the 

univariate measures of species richness or diversity, and evenness (Yan et al. 1996b). They attribute the 

higher sensitivity of multivariate methods to the fact that they are based on interspecific covariation 

patterns as opposed to univariate metrics which ignore species interrelationships (Yan et al. 1996b). In 

addition to increased sensitivity, the inclusion of species interrelationships in multivariate measures also 

minimizes the chance of making false inferences about recovery that can occur with univariate measures. 

For example, during the early stages of recovery many studies have noted an increase in species richness 

of zooplankton in the pelagic zone due to littoral species temporarily expanding to fill empty niches 

usually occupied by acid-sensitive pelagic species (Keller and Yan 1991; Keller and Yan 1998). With 

time, these littoral species are replaced by typical pelagic species, indicating that these early increases in 

species richness represent a temporary, transitional state (Keller and Yan 1998). Similarly, functional 

species compensation in acidified lakes can result in increases in abundance of acid-tolerant species that 

were formerly found at low densities when acid-sensitive species with similar ecological roles were 

abundant (Fischer et al. 2001). Studies that focus strictly on species richness or diversity as a measure of 

recovery could falsely infer that changes due to the expansion of littoral species, or functional species 

compensation, represent early signs of recovery rather than a temporary transitional state. A further 

weakness of relying solely on changes in species richness as a measure of recovery is that conclusions 

reached using this metric do not always agree with those suggested by other measures. For example, 
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increasing species richness values in Sans Chambre Lake near Sudbury, Ontario suggested recovery of 

zooplankton communities (Keller et al. 2002). However, little recovery was indicated in the results of a 

Correspondence Analysis for the same community (Keller et al. 2002). 

Although multivariate methods are probably the most sensitive and accurate measure of 

community recovery, multivariate techniques will not work for all types of datasets. Multivariate analyses 

work best when a large dataset of lakes is available for comparison (e.g. Holt and Yan 2003), while 

univariate measures can be used with datasets of all sizes (e.g. Keller and Yan 1991). However, we 

recommend that investigators use several different community and population metrics where possible. 

Past studies have shown a preference for the use of species richness as a measurement of recovery to the 

exclusion of multivariate and other univariate measures. For example, of the 21 regional surveys included 

in this review (Table 2.2), 100% assessed species richness, 48% assessed the presence or absence of 

indicator species, and 24% included multivariate comparisons of relative species abundances. Only one 

study included measures of community evenness and diversity (Shead 2007). However, relying solely on 

species richness as a measure of recovery is fraught with complications. The first is that investigators may 

have differing interpretations of the definition of richness, making comparisons among studies difficult. 

For example, some studies have used standardized counts of a certain number of individuals per sample to 

determine species richness (Keller and Yan 1991; Keller et al. 2002), while others identify all individuals 

in a sample to species (Nyberg 1998; Nedbalová 2006; Shead 2007). The frequency of sampling may also 

differ among studies, with some studies collecting samples monthly over several years (Keller and Yan 

1991; Keller et al. 2002) while others collect them annually or sporadically (Nyberg 1998; Nedbalová et 

al. 2006; Shead 2007). Difficulties in making comparisons among studies arise since the number of 

samples analyzed is strongly correlated with the total number of species identified (Arnott et al. 1998; 

Muirhead et al. 2006). In order to allow for direct comparisons, we suggest that all studies should 

standardize species richness as the average number of species collected per individual sample. Another 

complication with using species richness is that it does not account for differences in species abundances 
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as do measures of species diversity or community evenness. This makes it impossible to differentiate a 

community dominated by one species, but that includes several rare species, from a circumneutral 

community with a more balanced distribution of species abundances. This complication is an important 

consideration in acidified lakes since the calanoid copepods Leptodiaptomus minutus (North America) 

and Eudiaptomus gracilis (Europe) tend to dominate acidified zooplankton communities (Keller et al. 

1990; Walseng and Schartau 2001; Nilssen and Wærvågen 2002a). Inclusion of measures of community 

evenness and diversity, in addition to species richness, would allow for a more critical appraisal of 

community recovery.  

Before making a final decision on the selection of a study design and recovery metrics, it is 

important to realize that these considerations will establish the definition of “recovery” that will be used 

for the subsequent study. For example, pairing the historical study design with species richness as the 

metric automatically defines recovery as a return to historical species richness values. Similarly, the 

selection of the reference-lake study design coupled with comparisons of relative species abundances 

(multivariate methods) would define recovery of the acidified community as a similarity in species 

composition and relative species abundances with communities in circumneutral reference lakes. As these 

two examples illustrate, the definition of recovery can vary significantly depending on the choices made 

by investigators. For this reason, we have attempted to provide information on the study design and 

metrics used for the studies referenced throughout this review. 

As a final note regarding selection of recovery metrics, we suggest that future studies should not 

be limited to using the metrics discussed above. The exploration and testing of alternative community 

metrics such as zooplankton biomass, biovolume, and functional measures of recovery (e.g. secondary 

production) could provide additional information and might allow for a more accurate assessment of the 

recovery status of damaged zooplankton communities. 
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Review of regions affected and biological recovery documented 

Lakes that have suffered the most severe impacts from acidification are found in Eastern North America 

and Western, Central, and Northern Europe. Table 2.2 includes a list of published studies that have 

assessed zooplankton recovery in these regions, excluding Western Europe due to a lack of data. We were 

predominately interested in gaining an appreciation for the amount of recovery documented at a regional 

scale (i.e. across several lakes in a region). Therefore, we excluded studies with data from only one lake 

(e.g. Yan et al. 2004), as these were usually aimed at elucidating the mechanisms of recovery, rather than 

assessing regional recovery status. 

 

Eastern North America  

Sudbury, ON, Canada.  

Lakes around the city of Sudbury, Ontario began to acidify as early as the 1920s and acidification 

peaked in the 1960s and 1970s (Dixit et al. 1992) causing significant damage to crustacean zooplankton 

communities (Keller and Pitblado 1984; Keller and Yan. 1991). In addition to decreasing pH levels, lakes 

within 20-30 km of Sudbury smelters were exposed to high levels of toxic metals such as Cu and Ni 

(Keller et al. 2007). Reduced emissions have led to a decrease in metal concentrations and a steady 

increase in pH for many lakes; however, the pH of >85% of acidified long term monitoring lakes remains 

< 6.0 (Keller et al. 2007).  

Keller and Yan (1991) conducted one of the first surveys to assess recovery in multiple lakes in 

the Sudbury area. They demonstrated improvements to crustacean zooplankton communities in 7 area 

lakes from 1973 to 1986: As pH increased and trace metal concentrations dropped, significant increases in 

species richness (standardized to 250 individual counts per sample) were observed (Keller and Yan 1991). 

A more expansive survey conducted by Locke et al. (1994) also detected increases in species richness of 

crustacean zooplankton in 80 Sudbury area and Killarney Park lakes, although species richness remained 

low compared to that in circumneutral lakes. A study of two Sudbury lakes by Havas et al. (1995) 
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documented an increase in species richness of rotifers and crustacean zooplankton from 4 to 14 and 6 to 

14 species, respectively, in Baby and Alice Lakes over a 22 year time period. A more recent study of 

White Pine and Sans Chambre lakes by Keller et al. (2002) found that although there is evidence for some 

recovery in the crustacean zooplankton community of these lakes, multivariate comparisons with 

reference lakes in Dorset, Ontario, suggest that they have not fully recovered. They suggested that more 

time may be required for these lakes since they maintained a pH>6.0 only during the last 2 years of their 

study (Keller et al. 2002). Zooplankton and water chemistry samples collected by Keller et al. (2004) for 

32 Sudbury lakes in 1990 and 2003 demonstrate that despite increases in water pH for 66% of lakes, there 

was not a significant response in crustacean zooplankton species richness. The average number of species 

in the 32 lakes was 7.16 in 1990 versus 7.47 in 2003 (Keller et al. 2004). A multivariate comparison of 

relative species abundances from this study with 22 reference lakes near Dorset, Ontario that were not 

exposed to acidification indicates that although copepod communities in some Sudbury lakes are similar 

to those in unaffected reference lakes, cladoceran communities have yet to fully recover (Keller et al. 

2004).  

 

Killarney Provincial Park, ON, Canada. 

Lakes in the nearby Killarney Provincial Park were also severely impacted by emissions from 

Sudbury area smelters (Beamish and Harvey 1972). Dozens of lakes within the park acidified, causing the 

extirpation of several acid-sensitive zooplankton species (Snucins et al. 2001). Following emissions 

reductions from Sudbury smelters, the pH of many lakes has increased, and some have recovered to their 

diatom-inferred pre-industrial levels (Keller et al. 2003). Evidence for recovery of crustacean zooplankton 

populations in the park includes a survey of 80 Sudbury and Killarney lakes by Locke et al. (1994). They 

noted increases in species richness in acidified lakes, but species richness remained low compared to 

circumneutral lakes (Locke et al. 1994). A study by Snucins et al. (2001) of eight recovering lakes within 

the park ranging in pH from ~4.8 to ~6.0 indicated that species richness values had reached levels that 
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were not significantly different from a reference group that had not acidified. However, statistical power 

was likely low for this study as there were only eight recovering lakes and three reference lakes used to 

assess differences in species richness (Snucins et al. 2001). A study of 46 Killarney lakes by Holt and Yan 

(2003) found that lakes that had recovered to a pH >6.0 had communities similar to lakes in the park that 

had never acidified, based on multivariate comparisons of species abundance data.  However, species 

richness values for lakes with a pH >6.0 did not show signs of recovery (Holt and Yan 2003). A more 

recent survey by Shead (2007) demonstrated increases in several acid-sensitive species within 45 

Killarney lakes. In addition, multivariate analyses indicated that lakes that had increased in pH above 6.0 

had communities similar to circumneutral lakes that had never acidified. Nevertheless, univariate metrics 

including evenness, species diversity, and total abundance showed little overall evidence of recovery 

(Shead 2007).  

  

Northern Europe 

Norway 

Thousands of lakes in southern Norway were affected by acid deposition, leading to impacts on 

phytoplankton, zooplankton, benthic invertebrates, and fish communities (Nilssen 1980; Raddum and 

Fjellheim 1995). Recent data demonstrate that many sensitive Norwegian lakes are undergoing natural 

chemical recovery (Skjelkvåle et al. 2007). In addition, a liming program has been conducted in Norway 

to improve water quality in thousands of lakes and rivers (Sandoy and Romundstad 1995). 

 There have been a limited number of Norwegian studies on zooplankton communities in 

recovering lakes, however they have been focused more on examining the ecological aspects of recovery 

(Walseng and Karlsen 2001; Nilssen and Wærvågen 2002b, Nilssen and Wærvågen 2003), or the 

development of recovery indices (Walseng and Karlsen 2001; Walseng and Schartau 2001), rather than 

assessing the recovery status of zooplankton communities across the affected region.  In their study of 28 

acid-stressed lakes in southern Norway, Wærvågen and Nilssen (2003) and Nilssen and Wærvågen (2003) 
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observed relatively quick recovery of rotifer and copepod populations, respectively, in lakes undergoing 

chemical recovery after liming. However, recovery appeared to occur slower in lakes rendered fishless 

due to acidification (Nilssen and Wærvågen 2003; see “factors limiting recovery” below). Additional 

evidence of recovery was found in a small number of limed lakes studied by Walseng et al. (2001a) and 

Walseng and Karlsen (2001) where cladoceran and copepod populations were studied over a seven year 

period. Communities of littoral and pelagic crustaceans in limed lakes gradually became more similar to 

circumneutral lakes in their species composition over the course of the study (Walseng et al. 2001a; 

Walseng and Karlsen 2001).  

 While the aforementioned Norwegian studies focused on limed lakes, a recent government report 

on the effects of long range transboundary air pollution (SFT 2008) provides data for 20 lakes undergoing 

natural chemical recovery. Data from these monitoring lakes demonstrate that the average annual richness 

of cladoceran and copepod species has risen from ~19 species per lake in 2000 to ~24 species in 2007 

(SFT 2008). In addition, the percentage of acid sensitive species found in the zooplankton assemblages of 

these lakes rose from ~14% to ~19% from 2000 to 2007 (SFT 2008). Despite these slight improvements, 

many lakes are still too acidic to allow for complete recovery of zooplankton communities; long-term 

data from Norwegian monitoring lakes indicates that only ~17% with a pH < 6.0 in 1986 underwent 

natural chemical recovery to surpass this value by 2006 (Brit Lisa Skjelkvåle, Norwegian Institute for 

Water Research, unpublished data). 

 

Sweden 

More than 40% of Swedish lakes have been affected by acidification, leading to decreases in 

species richness of both crustacean zooplankton and rotifers (Henrikson and Brodin 1995). Of the 

approximately 16000 lakes affected, 8000 have been treated with limestone to improve water quality 

(Nyberg 1998). Although zooplankton recovery has been studied in detail for several of these limed lakes 

(Stenson and Svensson 1994; Edberg et al. 2001; Svensson and Stenson 2002), there are few regional 
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assessments of recovery (i.e. studies with multiple surveyed lakes). In one of the earliest Swedish studies 

to include post-liming zooplankton data, Eriksson et al. (1983) found increases in the abundance and 

richness of crustacean zooplankton and rotifers in their 13 study lakes four years after liming. They 

suggested that the recovered community composition was similar to that of non-acidified reference lakes 

(Eriksson et al. 1983). Hörnström et al. (1993) documented increases in rotifer and crustacean 

zooplankton species richness in six limed lakes on the west coast of Sweden over a 4 year study period. 

Species richness in non-acidified reference lakes averaged 16.4 species, while limed lakes 1-2 years and 

3-4 years after liming averaged 13.7 species and 18.2 species, respectively (Hörnström et al. 1993). 

Nyberg (1998) demonstrated recovery of crustacean zooplankton species richness by 4-5 years after the 

liming of ten lakes in southern Sweden. His data suggested that presence of reproducing fish populations 

was an important prerequisite for full zooplankton recovery in these lakes (Nyberg 1998). A long term 

study of nine limed lakes by Persson (2008) demonstrated increases in rotifer and crustacean zooplankton 

species richness from 10.3 prior to liming to 18.3 <5 years after the lakes were treated. Moreover, the 

number of species present in the limed lakes was comparable to that in a group of circumneutral (pH>6.0) 

reference lakes (Persson 2008).  

 

Central Europe 

Bohemian Forest Lakes, Czech Republic – German – Austrian border 

The acidification and recovery of eight Bohemian Forest lakes along the German-Austrian border 

has been studied extensively. The region was exposed to high levels of S and N emissions from the mid-

1940s until the 1980s, resulting in large declines in lake pH and acid neutralizing capacity (Kopáček et al. 

2001; Kopáček et al. 2002). Many species of crustacean zooplankton were extirpated or decreased in 

abundance during the 1980s (Fott et al. 1994; Vrba et al. 2003). Although there has been significant 

variation in the rate of pH increase among lakes, steady chemical recovery has been occurring since the 
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1980s (Kopáček et al. 2003). A recent survey by Nedbalová et al. (2006) reveals that pH values in the 

Bohemian Forest lakes range from 4.68 to 6.22, with most (6 of 8) lakes still having pH values below 6.0. 

Despite ongoing chemical recovery of Bohemian Forest Lakes, unequivocal evidence for 

zooplankton recovery is lacking. Although zooplankton data are available dating back over 100 years 

(Nedbalová et al. 2006), it is difficult to compare species richness estimates among studies due to 

differences in sampling methodology. To circumvent this issue, Vrba et al. (2003) compiled a list of the 

seven most conspicuous (easily identifiable and difficult to overlook) crustacean zooplankton species and 

compared their current and past occurrence in each lake. Pre-acidification surveys recorded an average of 

2.6 of the 7 conspicuous species in the eight lakes, while a more recent survey indicates an average of 1.3 

out of the 7 (Vrba et al. 2003). While these data do not give an indication as to the pace of recovery, they 

do suggest that further improvements in the richness of the zooplankton will be required to reach pre-

acidification levels. Nedbalová et al. (2006) argue that the return of the cladoceran Ceriodaphnia 

quadrangular to Černé Lake, as well as an increase in the abundance of pelagic rotifers in Plešné Lake 

(from 30-180 ind. m
-3

 in 1990-1992 to 11000-37000 ind. m
-3

 in 1997-1999) may represent early signs of 

zooplankton recovery. However, it is easier to argue that little recovery of zooplankton community has 

occurred despite increasing water pH. For example, Grosser Arbersee has returned to a pH>6.0, but is still 

missing several conspicuous species that were historically present, including the cladocerans Bosmina 

longispina, Daphnia longispina, and the copepod Acanthodiaptomus denticornis (Vrba et al. 2003). 

Moreover, a recent study by Nedbalová et al. (2006) on all eight lakes failed to note any increasing trends 

in overall zooplankton species richness through time that would suggest recovery.  

 

Tatra Mountain Lakes, Slovak-Polish border 

Lakes in the Tatra Mountains are predominantly located in the western and central portion of the 

range, often referred to as the West Tatra Mountains (20 lakes) and the High Tatra Mountains (>100 

lakes), respectively (Kopáček et al. 2006). Similar to Bohemian Forest Lakes, those of the Tatra 
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Mountains were exposed to high levels of S and N emissions beginning in the 1950s and peaking in the 

1980s (Kopáček et al. 2001). Of 46 lakes studied at peak acidification in the 1980s, 5 lakes had a pH <5.0, 

11 had a pH between 5 and 6, while 30 had a pH>6.0 (Sacherova et al. 2006). Of the 16 lakes that had a 

pH < 6.0 in 1980s, 10 had increased to a pH > 6.0 when surveyed in 2004 by Kopáček et al. (2006). Most 

species of littoral cladocera disappeared from the 16 lakes that dropped below pH 6.0 during peak 

acidification in the 1980s (Fott et al. 1994; Sacherova et al. 2006).  

Few studies of zooplankton recovery have been conducted in the region; however, Sacherova et 

al. (2006) provide a summary of littoral cladoceran responses during chemical recovery of their 46 study 

lakes. Of the 11 species identified by Sacherova et al. (2006), Chydorus sphaericus was the lone survivor 

in most of the lakes during peak acidification in the 1980s. However, samples collected in 1992 indicate 

that most species had already returned to the lakes where they were found prior to acidification, 

producing a near complete recovery of species richness (Sacherova et al. 2006).   

 

Comparison of recovery among regions 

To summarize, the most recent studies in the Sudbury region suggest that zooplankton 

communities are recovering as water chemistry improves, but species richness values of crustacean 

zooplankton in chemically recovered lakes (pH>6.0) have still not reached those present in circumneutral 

lakes (Keller et al. 2004). Recent studies in Killarney Provincial Park have had mixed results. 

Multivariate comparisons by Holt and Yan (2003) and Shead (2007) demonstrate that chemically 

recovered lakes (pH>6.0) have crustacean zooplankton communities similar to circumneutral reference 

lakes. However, univariate measures of recovery, such as species richness, do not show convincing signs 

of recovery in the same lakes (Holt and Yan 2003, Shead 2007). The limited number of studies that have 

been conducted in Norway and Sweden suggest that their liming programs are having some success. 

Species richness of crustacean zooplankton has recovered in most limed lakes; however, those rendered 

fishless by acidification have yet to fully recover (Hörnström et al. 1993; Nyberg 1998; Nilssen and 
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Wærvågen 2003; Wærvågen and Nilssen 2003). Recent studies of Bohemian Forest lakes suggest a lack 

of significant rotifer and crustacean zooplankton recovery (Vrba et al. 2003, Nedbalová et al. 2006). In 

contrast, species richness of littoral Cladocera appears to have fully recovered in lakes in the Tatra 

Mountains (Sacherova et al. 2006). 

Although we sought to identify simple explanations for differences in recovery patterns among 

regions, we could not achieve this goal with the data available to us. For example, we considered the 

suggestion by Keller and Yan (1998) that the duration and severity of acidification could account for 

differences in the rate of community recovery among different lakes. Unfortunately, we could not find a 

straightforward method to determine the duration of acidification in each region. As an estimate, we 

searched the literature for studies of water chemistry, paleolimnological investigations, and historical 

observations to determine the approximate onset of acidification in each region (Table 2.3). Assuming 

that lakes remained acidified from the date of onset until emissions controls were enacted in the 1970s 

and 1980s, it was possible to make a rough estimate of the number of years that a region was subject to 

acidification. There are several shortcomings to this approach. First, water chemistry and 

paleolimnological data are only available for a small number of lakes in some affected regions (Dixit et 

al. 1992; Fott et al. 1994; Kopáček et al. 2001; Dixit et al. 2002). Therefore, it is probably not realistic to 

extrapolate this limited information to represent entire regions. Second, the pH of lakes in affected 

regions has not necessarily increased in concert across all regions as emissions controls were enacted 

(Stoddard et al. 1999), making a date for the beginning of chemical recovery totally arbitrary (e.g. 1970s -

1980s). Finally, the general patterns at this coarse scale do not allow for precise differentiation of the 

duration of acid stress among regions, and effects can be very lake-specific. Those caveats aside, most 

areas appear to have started to acidify in the 1920s-1930s, while central European lakes probably endured 

acid stress for a decade or two less than lakes in other regions (Table 2.3). Given the contrasting patterns 

of recovery in the Bohemian Forest and the Tatra Mountains, it seems that duration of acid stress alone 

offers little help in explaining regional patterns of recovery.  
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We considered defining severity of acidification according to the percentage of lakes acidified in 

a region during peak acidification, or the average pH of acidified lakes in a region. Unfortunately, we 

could not obtain this data for all regions. Without high quality paleolimnological or chemical data, it is 

difficult to speculate on the importance of the severity of acidification stress in explaining general 

recovery patterns. Paleolimnological data were particularly scarce for European regions affected by 

acidification; additional studies documenting the pH history of lakes in the Bohemian Forest, the Tatra 

Mountains, and over a wider area of Norway and Sweden would be helpful. Although it was not possible 

to explain recovery patterns using simple explanations such as duration or severity of disturbance for this 

review, we believe that differences among regions are probably better explained by a suite of interacting 

factors discussed in detail below (see “factors limiting recovery”).  

In addition to the lack of comprehensive paleolimnological and water chemistry data to test 

hypotheses about regional recovery, there is also a paucity of basic zooplankton data for many areas 

affected by acidification. For example, many lakes in the United Kingdom and Finland were severely 

affected by acidification (Skjelkvåle et al. 2001; Monteith et al. 2005), yet we could find no published 

data on the responses of zooplankton communities to the initial acidification or subsequent chemical 

recovery. For other affected regions, including the Adirondack Lakes in New York, United States and 

lakes in Atlantic Canada, we found published data documenting the affects of acidification on 

zooplankton communities (Carter et al. 1986; Siegfried 1991; Siegfried and Sutherland 1992), but could 

not find follow up studies to determine their current status.  

 

Factors limiting recovery 

Our review of zooplankton recovery in acidified regions indicates that recovery of affected communities 

is still not complete, even for lakes that have chemically recovered. Although adequate water quality is 

vital for community recovery, long-term studies have detected a delay in zooplankton recovery for 3-10 

years, even after water quality has reached acceptable levels (pH>6.0; Keller and Yan 1998; Yan et al. 
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2003; Frost et al. 2006). Additional factors responsible for delays in recovery fall under the categories of 

dispersal limitation and community-level barriers such as predation and competition (Keller and Yan 

1998; Yan et al. 2003). Here we review the recent literature for evidence that water quality, dispersal 

limitation, and community-level barriers are affecting the recovery of zooplankton communities in the 

regions discussed above. Figure 2.1 provides a summary of the factors discussed below that could affect 

the rate and trajectory of community recovery. 

 

Water quality 

Water quality conducive to the survival and reproduction of colonizing individuals is an 

important prerequisite for biological recovery. Elevated concentrations of hydrogen ions (lowered pH) 

resulting from acid deposition can lead to increased membrane permeability, causing osmoregulatory 

difficulties for many zooplankters (Locke 1991). Increased pH may differentially affect species with 

higher levels of permeability (higher net osmotic flux), since they are more prone to Na loss (Nilssen et 

al. 1984). Several studies have identified interspecific differences in acid tolerance that are often reflected 

in species distributions in acidified regions (Keller et al. 1990; Havens et al. 1993; Marmorek and 

Korman 1993; Nilssen and Wærvågen 2002a). These interspecific differences have allowed investigators 

to rank species according to acid tolerance (Havens et al. 1993), and to use zooplankton assemblages as 

indicators of acidification and recovery (Walseng et al. 2001a). This variation in acid tolerance among 

species implies that recolonization and reproduction may be possible for certain species earlier in the 

process of chemical recovery (i.e. at lower pH levels), making the selection of a pH target for community 

recovery difficult and somewhat arbitrary. Nevertheless, several studies suggest that most acid-sensitive 

species can return to a lake once the pH recovers to ~6.0 (Keller et al. 1990; Havens et al. 1993; Keller 

and Yan 1998; Holt and Yan 2003).  

 Assuming that a pH of approximately 6.0 is an appropriate threshold for zooplankton recovery, 

data indicate that lake acidity remains a serious limitation to biological recovery in the regions reviewed 
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in this paper. Lake pH levels are most restrictive in the Sudbury area, the Bohemian Forest, and Killarney 

Park; only a small percentage of acidic monitoring lakes have recovered to a pH > 6.0 in these three areas 

(Table 2.3). In Norway and Sweden, the importance of pH recovery is complicated by large scale 

government funded liming programs (Sandoy and Romundstad 1995; Svenson et al. 1995; Nyberg 1998). 

Thousands of lakes have been treated in both countries, with nearly 20% and 50% of acidified Norwegian 

and Swedish lakes, respectively, receiving lime (Nyberg 1998; Svarte 2004). As a result, pH recovery in 

Scandinavia is only limited by the scope and funding of government liming projects. Due to the large 

percentage of Swedish lakes that have been treated, lake pH is probably less restrictive for zooplankton 

recovery in this country. However, just 20% of Norwegian lakes have been limed, and only a small 

percentage of affected lakes have recovered naturally (Table 2.3). Therefore, low pH is likely to remain 

an important factor limiting biological recovery in Norwegian lakes. Conversely, pH levels are probably 

of less overall importance for lakes in the Tatra Mountains where over 60% of formerly acidic lakes have 

risen above pH 6.0 (Table 2.3). To summarize, low pH will most hinder recovery of zooplankton 

populations in the Sudbury area, followed by the Bohemian Forest, Killarney Park, and Norway. 

Conversely, the relatively rapid pH recovery of Tatra Mountain lakes and the extensive liming program in 

Sweden make water acidity less important in these areas.  

 Although steady pH recovery has occurred in most lakes in North America and Europe following 

emissions declines (Stoddard et al. 1999), there have been temporary reversals in some water bodies due 

to episodes of reacidification. Episodes of reacidification follow drought conditions that dry catchment 

soils and expose shoreline sediments to the atmosphere (Yan et al. 1996a; Arnott et al. 2001). Reduced 

sulphur present in saturated soils and littoral sediments from earlier industrial acid deposition can then be 

reoxidized, allowing for mobilization of acid into lake water during subsequent rain events (Yan et al. 

1996a). The sudden decrease in pH levels caused by reacidification events can negatively impact the 

recovery of zooplankton communities by eliminating or reducing the abundance of sensitive species 

(Arnott et al. 2001). In addition, episodes of reacidification can lead to increases in water clarity, 
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profundal temperature, and oxygen levels near lake sediments, triggering the emergence of zooplankton 

from resting egg banks (Arnott and Yan 2002). Increased hatching during reacidification can deplete the 

historically deposited resting egg bank and could reduce the number of potential colonists available when 

water quality eventually improves (Arnott and Yan 2002).  

 Along with pH decreases during acidification, there are often measurable increases in lake water 

metal concentrations due to watershed leaching and atmospheric deposition (Almer et al. 1974; Keller and 

Pitblado 1986). Leaching of Al from watershed soils and sediments into lakes occurs as a result of its 

increased solubility with decreasing pH levels (Cronan and Schofield 1979). Elevated Al concentrations 

appear to negatively affect many zooplankton species. For example, increased Al levels have caused 

reductions in zooplankton abundance in experimental mesocosm studies (Havens and DeCosta 1987; 

Havens and Heath 1989). In addition, laboratory assays indicate that high Al levels are toxic to some 

species (Havens 1991, 1993). However, many species that are resistant to decreased pH levels also appear 

to tolerate elevated Al levels (e.g. Bosmina longirostris and Chydorus sphaericus; Havens and Heath 

1989; Havens 1991). Havens and DeCosta (1987) speculate that effects of Al on zooplankters may not be 

limited to direct toxicity, but could be mediated through food supply since decreases in chlorophyll a and 

algal biomass often occur under elevated Al levels. If this is the case, then laboratory toxicity studies may 

underestimate the impact of Al levels on zooplankton communities.  

Along with watershed leaching, direct atmospheric deposition represents another source of metal 

contamination. Elevated levels of Cu, Zn, and Ni have been noted for lakes in close proximity to smelting 

operations (Almer et al. 1974; Keller et al. 2007). This phenomenon is clearly demonstrated in the 

Sudbury area where many lakes located <20km from metal smelters have Cu and Ni levels that greatly 

exceed government water quality objectives for protection of aquatic life (Keller et al. 2007). It is likely 

that high concentrations of these metals could negatively affect zooplankton recovery; however, little 

research has been conducted to quantify their impact at the community level. More research is required to 



 

36 

 

determine if elevated metal concentrations represent a significant impediment independent of lake water 

pH levels.      

An increase in UV light penetration is another water quality factor that may affect the recovery of 

zooplankton communities. Acidification and short-term droughts can cause a decrease in dissolved 

organic carbon (DOC) levels, resulting in increased UV-B penetration (Schindler et al. 1996; Yan et al. 

1996a). Recent studies have demonstrated that zooplankton will avoid surface waters to escape UV 

radiation (Alonso et al. 2004), and that increases in UV-B penetration can have effects on vertical 

migration and habitat use, forcing some zooplankton species to live in suboptimal habitats (Cooke et al. 

2008). More importantly, there is evidence that increases in the amount of DOC and decreased UV 

penetration may differentially affect zooplankton species, benefiting Daphnia and negatively affecting 

calanoid copepods (Cooke et al. 2006). One reason for this relationship may be the relatively higher 

sensitivity of cladocerans to UV radiation compared to copepods (Leech et al. 2005). This relationship is 

especially interesting in the context of acidification since Daphnia have been extirpated from many 

acidified lakes, while the calanoid copepods Leptodiaptomus minutus (North America) and Eudiaptomus 

gracilis (Europe) dominate acidified zooplankton communities (Keller et al. 1990; Walseng and Schartau 

2001; Nilssen and Wærvågen 2002a). It is unclear if UV-B penetration will remain an important issue for 

recovering lakes in the future as increasing trends in DOC levels have recently been documented for lakes 

near Sudbury and Dorset, Ontario (Keller et al. 2008). 

Finally, calcium limitation is another important water quality factor that could hinder zooplankton 

community recovery. Acidification and forest harvesting have depleted calcium levels in watershed soils 

on the Canadian Shield, leading to an average decrease in lake calcium levels of approximately 45% in 

the Sudbury area (Keller et al. 2001).Taking into account current Ca weathering rates, Ca concentrations 

are predicted to drop a further 10-40% from current levels in some parts of the Canadian Shield 

(Watmough and Aherne 2008). Calcium levels are thought to be most important for Daphnia species, 

since their exoskeltons are sclerotized and calcified (Stevenson 1985) and they obtain most of their 
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calcium from surrounding water, rather than from dietary intake (Jeziorski and Yan 2006). Recent studies 

demonstrate that Daphnia species have calcium demands independent of the environment in which they 

live, suggesting that they may have difficulty adapting to lowered calcium levels (Jeziorski and Yan 

2006). In addition, the minimum calcium concentration needed for Daphnia survival is increased by 

climate change related stressors, including higher water temperatures and decreased food availability 

(Ashforth and Yan 2008). For example, under optimal temperature and food regimes, D. pulex can 

survive at concentrations as low as 0.5 mg Ca L
-1

; however with increasing temperature and reduced food 

availability, 1.5 mg Ca L
-1 

may be necessary for persistence (Ashforth and Yan 2008). Of 770 Ontario 

lakes studied by Jeziorski et al. (2008), 35% have already dropped below the 1.5 mg Ca L
-1 

threshold 

required for Daphnia persistence. Moreover, in a 43 lake subset of this data for which sedimentary 

cladoceran remains were studied, the relative abundance of daphniids dropped by 60% in lakes with Ca 

levels < 1.5 mg L
-1

 (Jeziorski et al. 2008). For the regions reviewed in this paper, calcium limitation is 

likely to be a factor for naturally recovering lakes in Eastern North America and Europe, but less 

important for limed lakes in Northern Europe since calcium levels increase after neutralization with 

limestone powder (CaCO3) or dolomite powder (CaMg(CO3)2) (Goransson et al. 2006).  

 

 Dispersal limitation 

The role of dispersal in the recovery of acidified zooplankton communities is one of the least 

studied aspects of the recovery process. Zooplankton could potentially recolonize recovering lakes via 

overland dispersal through wind, rain, and animal movement (Cohen and Shurin 2003). In addition, 

extirpated species could recolonize lakes via historically deposited resting eggs in sediments (Binks et al. 

2005), or through stream connections to circumneutral lakes (Keller and Yan 1998). The relative 

importance of these dispersal mechanisms is unknown (Keller and Yan 1998). 

There is conflicting evidence regarding the importance of dispersal limitation for zooplankton 

recovery. Studies by Yan et al. (2004) and Keller et al. (2002) have concluded that dispersal limitation 
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was not responsible for slowing recovery in some Sudbury lakes since time series analysis of zooplankton 

in recovering lakes revealed the presence of colonizing individuals in plankton hauls. In their study of 

community recovery in Middle Lake near Sudbury, Ontario, Yan et al. (2004) documented 6 failed 

colonizations over 3 decades. The species that briefly appeared in zooplankton assemblages included the 

cladocerans Holopedium gibberum, Eubosmina tubicen, Daphnia dubia, D. longiremis, D. pulex, and D. 

retrocurva. Similarly, Keller et al. (2002) documented a number of failed colonizations by acid sensitive 

species in their 2 decade study of White Pine and Sans Chambre lakes near Sudbury.  Species that 

appeared briefly but never reached high densities included the cladocerans D. mendotae and D. 

retrocurva, and the copepod Skistodiaptomus oregonensis. The brief appearance of colonists in the 

recovering lakes studied by Yan et al. (2004) and Keller et al. (2002) suggests that dispersal may not be a 

limiting factor for some species, and that local factors such as water quality, competition, and predation 

may be more important.  

However, there are other lines of evidence that point to the importance of dispersal during the 

recovery process. Experiments that have artificially increased dispersal into mesocosms in chemically 

recovered (pH>6.0) Sudbury area and Killarney Park lakes have demonstrated high survivorship for 

species yet to establish in the lakes themselves (Binks et al. 2005; Derry and Arnott 2007). This suggests 

that dispersal might be a factor limiting their establishment in recovering lakes in this region. However, 

survival for these species was somewhat lower when the resident community was included in the 

mesocosms (Binks et al. 2005; Derry and Arnott 2007), suggesting that community resistance may also 

play a role. A more direct test of dispersal limitation conducted by Kohout and Fott (2006) demonstrated 

the importance of dispersal for the recovery of the copepod Cyclops abyssorum in Lake Plešné, in the 

Bohemian Forest. Cyclops abyssorum was extirpated from Lake Plešné during peak acidification in the 

1980s (Kohout and Fott 2006). However, once the pH rose above 5.0 in the early 2000s, Kohout and Fott 

(2006) conducted a reintroduction of the species along with another extirpated zooplankter, Daphnia 

longispina. Although the introduction of D. longispina appeared to fail, Kohout and Fott (2006) 
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confirmed a successful introduction of C. abyssorum the following year when offspring of their original 

introduction were found at 4 ind. m
-3

. The successful introduction of C. abyssorum suggests that dispersal 

was the primary factor limiting its recolonization of Plešné Lake. 

 Regional zooplankton surveys also suggest that dispersal can be a limiting factor for some 

species. Combining data from multiple studies, Keller and Yan (1998) found that the hypolimnetic 

species Daphnia longiremis and Cyclops scutifer failed to recolonize chemically recovered lakes in the 

Sudbury area, despite the reappearance of many other extirpated species. Dispersal limitation for C. 

scutifer has also been documented by Nilssen and Wærvågen (2003) for recovering lakes in Norway. 

Several other species termed “glacial opportunists” are also thought to have limited dispersal abilities 

since their distribution was largely determined during the last ice age. These species include Senecella 

calanoides, Limnocalanus macrurus, Leptodiaptomus sicilis, and Diaptomus ashlandi (Keller and Yan 

1998).  

 Dispersal limitation may not be as significant for some zooplankters if they are capable of 

producing diapausing eggs. Diapausing eggs remain viable for decades in the sediment (Hairston et al. 

1995), allowing species that inhabited a lake prior to acidification to recolonize from the historically 

deposited egg bank once conditions are adequate for survival (Binks et al. 2005). Binks et al. (2005) 

assessed the contribution of colonists from the diapausing egg bank in recovering lakes in Killarney Park, 

Ontario, using emergence traps to capture hatching zooplankton. During their experiments several species 

emerged that were not present in the zooplankton assemblage of the lake, suggesting that the diapausing 

egg bank can play a important role in providing colonists during recovery (Binks et al. 2005). Nilssen and 

Wærvågen (2002a) also argue that the diapausing egg bank was responsible for the recovery of Daphnia 

longispina populations in acidified Norwegian Lakes since the widespread and simultaneous appearance 

of populations could not be adequately explained by another vector.  

However, there may be limitations to the amount of recovery that can solely be attributed to the 

egg bank. Some common species expected to hatch during experiments by Binks et al. (2005) failed to 
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appear in emergence traps, suggesting they would have to colonize the lakes by some other vector. In 

addition, a genetic study by Pollard et al. (2003) suggested that the Daphnia population in Hannah Lake, 

Sudbury, ON, recolonized via overland dispersal, rather than from the egg bank. Diapausing eggs of D. 

pulicaria were present in the sediments; however the population that had recolonized the lake was 

identified as D. mendotae (Pollard et al. 2003). Episodes of reacidification experienced in some Ontario 

lakes may also limit the contribution of diapausing egg banks in affected lakes by promoting hatching 

during periods of poor water quality (see “water quality” above; Arnott and Yan 2002). Limitations of the 

egg bank have also been documented for acidified lakes in the Bohemian Forest where Daphnia 

longispina was extirpated from several lakes (Faustova et al. 2004). Less than 1% of D. longispina 

ephippia collected from sediments in Černé Lake, Čertovo Lake and Plešné Lake were intact, and none of 

the intact eggs hatched during laboratory viability trials (Faustova et al. 2004).  Additional factors that 

could influence recovery of populations via the diapausing egg bank include the rate of sediment 

deposition and the length of time a lake has experienced acid stress. Sediment deposition rates are 

important since it is often necessary for eggs to receive cues before terminating diapause. These hatching 

cues can include variables such as temperature, oxygen, and light exposure (Brendonck and De Meester 

2003, Gyllstrom 2004). Eggs buried deeper in the sediment are less likely to receive cues to terminate 

diapause, leaving eggs in the top 10cm as the likely candidates to hatch (Brendonck and De Meester 

2003). The length of time a lake has been under acid stress is also significant because it relates to the age 

of eggs present in the egg bank. Several studies have documented a decrease in viability of older eggs 

found at greater depths in the egg bank (Herzig 1985; Hairston and Van Brunt 1994; Hairston et al. 1995). 

Therefore, the longer acid stress continues, the less likely autochthonous recovery of zooplankton species 

becomes. Sarnelle and Knapp (2004) suggests that recovery of extirpated populations from the egg bank 

may be particularly difficult for sexual species (e.g. copepods), as too few colonists may emerge in a 

season, leading to mate limitation.  
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 Due to the paucity of research on zooplankton dispersal to recovering lakes, it is difficult to 

speculate on what factors could influence the importance of dispersal for recovery. Keller et al. (1998) 

suggest that the size of recovering lakes, as well as their degree of isolation could determine the 

importance of dispersal limitation. Following the principles of Island Biogeography, larger lakes situated 

closer to colonist sources are likely to have a higher immigration rate (MacArthur and Wilson 1967). In 

addition, the forces constraining the establishment of colonists such as competition and predation may be 

more intense in smaller/shallower lakes with less space for refuges (Keller and Conlon 1994). Other 

relevant factors could include the status of resting egg banks, as well as the condition of the regional 

species pool (depleted vs. intact). Egg banks containing a high diversity of species, such as those found in 

some Killarney Park lakes (Binks et al. 2005), could reduce dispersal limitation by providing colonists 

during chemical recovery. Similarly, a diverse regional species pool that has not been entirely depleted by 

acidification could provide a larger pool of colonists for recovering lakes. 

 

Community level barriers 

Acidification can significantly alter food web interactions in affected lakes, forming barriers to 

the recovery of zooplankton communities. Food web changes appear to be primarily related to the decline 

and eventual loss of fish species below a critical pH level. For example, populations of lake char 

(Salvelinus namaycush) and smallmouth bass (Micropterus dolomieui) are typically lost below a pH of 

~5.5, while yellow perch (Perca flavescens) disappear below a pH of ~4.8 (Helfman 2007). The 

disappearance of planktivorous fish populations can lead to a system dominated by invertebrate predators 

such as phantom midge larvae (Chaoborus spp.), waterboatmen (Corixidae) and predaceous water beetles 

(e.g. Gradopherus liberus) (Stenson et al. 1993; Arnott et al. 2006). Dominance by invertebrate predators 

can then alter the zooplankton community by exerting strong predation pressure on select species. For 

example, mesocosm experiments conducted in Swan Lake, near Sudbury, found that the predaceous 

beetle G. liberus could suppress densities of several species, including Leptodiaptomus minutus, 
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Diaphanosoma birgei, Bosmina spp., and calanoid copepodids (Arnott et al. 2006). Moreover, a survey of 

29 Sudbury area and Killarney lakes found a negative correlation between fish presence and occurrence 

of G. liberus (Arnott et al. 2006). These results suggest that predation by G. liberus could be an important 

impediment to recovery of zooplankton communities in fishless lakes.  

In acidified Swedish lakes predation by Chaoborus has been identified as an important factor 

limiting the recovery of cladoceran assemblages (Stenson et al. 1993; Stenson and Svensson 1994). 

Reintroduction or recovery of residual fish populations in Scandinavian lakes is thought to lower the 

density of invertebrate predators, decreasing predation pressure on zooplankton (Nilssen and Wærvågen 

2002b, 2003; Wærvågen and Nilssen 2003). However, the role of Chaoborus is less clear for North 

American lakes. Experiments conducted by Yan et al. (1991) suggest that predation by Chaoborus was 

responsible for the low abundance of crustacean zooplankton in Swan Lake, near Sudbury. In particular, 

the rate of production of the major cladoceran in the lake, Bosmina longirostris, was lower than the rate of 

consumption by Chaoborus, leaving the community dominated by rotifers (Yan et al. 1991). However, 

several long-term studies in other North American lakes have excluded Chaoborus predation as a 

significant impediment to recovery (Keller and Yan 1991; Yan et al. 2004; Frost et al. 2006). Wærvågen 

and Nilssen (2003) suggest that the differing impact of Chaoborus on zooplankton communities in 

Scandinavia and North America may relate to differences in the zooplankton communities and trophic 

structure between the two regions: In North America, the most important crustaceans in acidic lakes are 

small filter feeders such as Bosmina longirostris and Leptodiaptomus minutus, while in Scandinavia, 

larger carnivorous or omnivorous species such as Heteroscope saliens and Eudiaptomus gracilis, and the 

large filter-feeder Bosmina longispina dominate (Wærvågen and Nilssen 2003). Alternatively, we 

speculate that the apparent differences in the importance of Chaoborus may stem from the specific types 

of lakes investigated in North America versus those in Norway and Sweden. Most studies in North 

America have been conducted on large, unproductive lakes with residual fish populations; however when 

smaller lakes have been investigated (e.g. Sans Chambre Lake, Sudbury, ON) strong Chaoborus effects 
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similar to those reported for Scandinavian lakes have been noted (Keller et al. 2002; Bill Keller, Ontario 

Ministry of the Environment, personal communication).  

 In addition to the indirect impacts of fish on zooplankton that are mediated through invertebrate 

predators, some studies have identified direct predation by fish as a factor that could slow zooplankton 

recovery. Vinebrooke et al. (2001) evaluated the impact of cyprinid predation on recovering littoral 

zooplankton populations using enclosures in experimentally acidified Lake 302S in the Experimental 

Lakes Area. Their results indicated that cyprinids suppressed zooplankton biomass and altered 

community composition by disproportionately reducing large daphniids and chydorids (Vinebrooke et al. 

2001). Indirect evidence, based on decreased body size of Daphnia in the lake, as well as a high 

abundance of yellow perch, led Yan et al. (2004) to suggest that high fish planktivory could be preventing 

the recovery of cladocerans in Middle Lake, near Sudbury. Long term studies of acidified lakes in 

southern Norway also suggest that fish predation could be an obstacle to recovery (Nilssen and 

Wærvågen 2002b). According to Nilssen and Wærvågen (2002a, b), overstocking and improved natural 

reproduction of fish after liming can lead to high planktivory, reducing cladoceran populations. For 

example, data collected during recovery of the zooplankter Daphnia longispina demonstrated that lakes 

with a high density of Eurasian Perch (Perca fluviatilis) had low abundances or were devoid of D. 

longispina (Nilssen and Wærvågen 2002a).  

 Two additional community impediments to recovery deserve mention here. The first is 

community resistance from acid structured zooplankton communities. Mesocosm-based studies suggest 

that interactions with resident zooplankton species (e.g. competition) can reduce colonization success of 

immigrants (Binks et. al 2005). In addition, poor survival of colonists may be exacerbated in recovering 

lakes since species with adaptable acid tolerances can survive through acidification and chemical 

recovery (Derry and Arnott 2007). The continuing presence of acid-tolerant species in these lakes could 

allow them to monopolize resources, reducing survival of new colonists (Derry and Arnott 2007). The 

second emerging factor that may influence zooplankton recovery is the invasion of Canadian Shield lakes 



 

44 

 

by the predatory cladoceran Bythotrephes longimanus. The species preys primarily on crustacean 

zooplankton, and has spread to more than 100 inland lakes in Ontario (Ontario Federation of Anglers and 

Hunters, unpublished data). A mesocosm experiment conducted in Killarney Park, Ontario by Strecker 

and Arnott (2005) found decreased species richness in a recovered community after invasion by 

Bythotrephes, and reduced abundance of some species in an acidified community. In addition, a recent 

study of 10 Ontario Shield Lakes invaded by Bythotrephes demonstrated decreases in abundance, 

richness, and diversity of crustacean zooplankton compared to reference lakes that did not contain the 

predator (Strecker et al. 2006). This suggests that despite improving water chemistry, zooplankton 

communities invaded by Bythotrephes may never reach species richness values that existed prior to 

acidification. 

 Community level barriers are likely to be least important in Tatra Mountain lakes, as most are 

naturally fishless (Kopáček et al. 2006). The majority of North American studies have not identified fish 

absence, or the resulting invertebrate predation, as significant obstacles to recovery (Keller and Yan 1991; 

Yan et al. 2004; Frost et al. 2006; but see Arnott et al. 2006). Norwegian and Swedish studies suggest that 

fish presence is important for overcoming community barriers in limed Scandinavian lakes. Although it is 

difficult to find data on the number of fishless acidified lakes in those countries, Tammi et al. (2003) 

estimate that 16% and 6% of brown trout (Salmo trutta) and 15% and 3% of Eurasian perch populations 

in Norway and Sweden, respectively, have been lost due to acidification (Tammi et al. 2003). Ecologists 

studying lakes in the Bohemian Forest speculate that Chaoborus may be an important limiting factor; 

however, they have not collected quantitative data on its abundance or impact on zooplankton (Nedbalová 

et al. 2006) 

 

Conclusions 

 Many studies have focused on species richness as the sole indicator of zooplankton community 

recovery. However, we believe that relying on a single measure of recovery could lead to false inferences 
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about the true status of recovering communities. Species richness values alone provide no information on 

the relative abundances of species, and the conclusions reached using this metric may differ from those 

reached using alternative measures (e.g. Keller et al. 2002). Therefore, we encourage investigators to 

include additional metrics in their studies, such as multivariate analyses, community evenness, and 

species diversity.   

Given adequate time, zooplankton communities in all regions appear to be at least partially 

recovering in chemically recovered lakes with pH values above 6.0. However, water quality in most 

acidified lakes has not yet reached this threshold (Table 2.3). Even for lakes that have adequate water 

quality, few studies have documented complete recovery of species richness or community composition. 

This suggests that other factors, including dispersal limitation and biological resistance may be limiting 

zooplankton recovery. Unfortunately, it is not yet possible to quantify the importance of these factors. As 

a result, models of zooplankton recovery have been forced to be overly simplistic, relying strictly on 

water chemistry and species pH tolerances (Doka et al. 2003). To build more realistic models, and to 

provide a more thorough understanding of the recovery process, we suggest that future studies should 

attempt to quantify the influence of some of the limiting factors discussed in our review.    

Overall, our review suggests that attainment of adequate water quality is probably the most 

important factor limiting zooplankton recovery for lakes in the Sudbury area, Bohemian Forest, Killarney 

Park, and Norway. Dispersal limitation is likely to slow recolonization of lakes in the Bohemian Forest, 

Norway and Sweden, and possibly in isolated headwater lakes in the Sudbury area and in Killarney Park. 

Community impediments to recovery, including predation by invertebrate predators due to lack of fish, 

are important for Norwegian and Swedish lakes. Invertebrate predation, particularly by the predaceous 

beetle Gradopherus liberus and Chaoborus, may influence recovery for some lakes in Sudbury and 

Killarney Park that lack planktivorous fish. Given our current understanding of the recovery process, the 

aforementioned factors appear to offer the best explanations for slow recovery of zooplankton 

populations. However, we expect that future studies could reveal additional impediments to recovery. In 
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particular, most studies have neglected to consider bottom-up factors such as algal food quality that could 

provide further insights into the recovery process. 

 Given the information available for this review, it appears that the importance of water quality, 

dispersal, and community-level impediments may differ among regions. This suggests that region-specific 

management approaches may need to be implemented to assist with recovery of zooplankton 

communities. However, an important caveat is that we are basing our conclusions on surveys available 

from the literature that might not fairly reflect differences among regions. Instead, these regional 

differences may largely be due to differences in the individual lakes selected for study in each region. 

Unfortunately, studies aimed at elucidating the mechanisms of recovery in each region were not 

statistically designed to allow for extrapolation to the whole region.  This caveat aside, we argue that 

further reductions in sulphur emissions or a longer recovery period for chemical recovery appears to be 

needed before zooplankton communities in most Sudbury, Killarney, Bohemian Forest, and Norwegian 

lakes reach their full potential. Manipulation of dispersal levels may be required to reestablish some 

species in the Bohemian Forest Lakes, and for isolated lakes in other regions. Reintroductions of 

planktivorous fish are particularly important for the recovery of zooplankton communities in acidified 

Norwegian and Swedish lakes, but may also be needed in some Sudbury and Killarney Park lakes.  
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Table 2.1. Metrics commonly used to assess biological recovery of zooplankton communities. 

 

Metric Indication of recovery 

Univariate  

Species richness Increase 

Species diversity Increase 

Evenness Increase (become more even) 

Indicator species Increase in abundance of acid-sensitive species / decrease in 

abundance of acidophilic species 

Multivariate  

Principal Components Analysis or 

Correspondence Analysis using 

species abundance data 

Grouping of communities from recovered lakes with those 

from circumneutral lakes (similar axis values) 
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Table 2.2. Regional surveys evaluating biological recovery of zooplankton arranged by region and listed chronologically. Overall study 

conclusions: – no evidence for recovery; + data suggests some amount of recovery (see details in text); / no data available. 

 

Region Study Number 

of lakes 

studied 

Species 

richness 

Multivariate Indicator 

species 

Eastern North America      

Sudbury, ON, Canada Keller and Yan (1991) 8 + / / 

 Havas et al. (1995) 2 + / / 

 Keller et al. (2002) 2 + + / 

 Keller et al. (2004) 32 - +/-
*
 / 

Killarney Park, ON, Canada Snucins and Gunn (2001) 8 +
†
 / / 

 Holt and Yan (2003) 46 - + / 

 Shead (2007) 45 / + + 

Sudbury, ON and Killarney Park Locke et al. (1994) 80 + + / 

      

Northern Europe      

Norway Walseng et al. (2001a) 10 / / + 

 Walseng and Karlsen (2001) 15 / / + 
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 Nilssen and Wærvågen (2002a) 28 / / + 

 Nilssen and Wærvågen (2003) 12 / / + 

 Wærvågen and  Nilssen (2003) 28 + / / 

 SFT (2008) 20 + / + 

Sweden Eriksson et al. (1983) 13 + / / 

 Hörnström et al. (1993) 6 + / + 

 Nyberg (1998) 10 + / / 

 Persson (2008) 15 + / + 

Central Europe      

Bohemian Forest Lakes, 

Austria/Czech Republic/Germany 

Vrba et al. (2003) 8 / / - 

 Nedbalová et al. (2006) 8 - / + 

      

Tatra Mountain Lakes, 

Poland/Slovakia 

Sacherova et al. (2006) 46 + / / 

*
Copepods demonstrated recovery, cladocerans did not; † Increased in acidic lakes. 
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Table 2.3. Main mode of chemical recovery and estimated percentage of lakes that have reached a pH > 

6.0. Percentage of lakes with a pH> 6.0 was estimated using data from long-term monitoring lakes or 

obtained directly from the literature. Dates for onset of acidification were obtained from water chemistry 

data, paleolimnological studies, and historical observations contained in the literature.  

Study Area Main mode 

of chemical 

recovery 

Est. % acidified 

lakes recovered 

to pH > 6.0 

Approx. date 

for onset of 

acidification 

Sources 

Sudbury 

Region, ON, 

Canada 

Natural 14 1920s-1930s Dixit et al. (1992); Keller et al. 

(2007) 

Killarney 

Park, ON, 

Canada 

Natural 39 1920s-1930s Dixit et al. (1992); Dixit et al. 

(2002); Shead (2007)  

Norway Liming 

Natural 

20 

17 

1930s Wærvågen and Nilssen (2003); 

Svarte (2004); Brit Lisa Skjelkvåle, 

Norwegian Institute for Water 

Research, unpub. data 

Sweden Liming 50 

 

1930s-1940s Renberg et al. (1993); Nyberg 

(1998) 

Bohemian 

Forest 

Natural 25 1950s Fott et al. (1994); Kohout and Fott 

(2006) 

Tatra 

Mountains 

Natural 63 1950s Kopáček et al. (2001);  Kopáček et 

al. (2006);  Sacherova et al. (2006) 
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Figure 2.1. Factors influencing the recovery of acid-damaged zooplankton communities.  
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Chapter 3 

Does dispersal limitation impact the recovery of zooplankton communities 

damaged by a regional stressor 
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Abstract 

The acidification and ongoing pH recovery of lakes in Killarney Provincial Park, Canada, provide a 

unique opportunity to increase our understanding of the role of dispersal as communities respond to 

environmental change. Time lags in community recovery following pH increases in acidified lakes have 

typically been attributed to local factors; however, no studies have been conducted to determine if 

colonist availability could also play a role. Moreover, the rates and mechanisms of dispersal to recovering 

lakes are poorly understood. In this study, we sought to determine if dispersal limitation could impede the 

recovery of zooplankton communities affected by a regional stressor. To achieve this objective, we used a 

combination of empirical data collection along with spatial modeling and variation partitioning 

techniques. Data were collected by measuring dispersal to four recovering lakes in Killarney Park. 

Dispersal traps were placed next to lakes to measure immigration overland, drift nets were used to 

measure immigration via streams, and in-situ emergence traps were used to quantify immigration from 

historically deposited resting eggs. Documented dispersal levels were then compared with the theoretical 

critical density required for reproduction (NC) to determine if adequate numbers were dispersing to 

establish populations of acid-sensitive species in recovering lakes. Spatial modeling and variation 

partitioning were conducted using community and physical/chemical data for 45 park lakes that were 

collected in 1972-73, 1990, and 2005. Field data demonstrated that  a variety of zooplankton species were 

dispersing to recovering lakes through streams and the egg bank, but few individuals were collected 

dispersing overland. Although we identified 24 species of zooplankton dispersing, only six species absent 

from the communities of our study lakes were identified from our traps, and two of these species did not 

disperse in high enough numbers to surpass NC. Local environmental variables explained the largest 

proportion of the variation in zooplankton communities (18-37%); however, spatial variables were also 

important (7-18%). The significant spatial patterns we found in the park’s zooplankton communities 

combined with the low overland dispersal levels we documented suggest that dispersal limitation may be 

a more important impediment to recovery than was previously thought.  
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Introduction 

The structure of biological communities is determined by both local and regional factors. 

Dispersal from the regional species pool provides colonists to local communities, while local factors, such 

as water quality and community interactions, can affect the survival and reproduction of individuals once 

they reach new habitat (Shurin and Allen 2001, Beisner et al. 2006, Louette et al. 2006). Understanding 

the relative contribution of regional and local variables toward explaining community structure is an 

important goal in community ecology (Ricklefs 1987, Beisner et al. 2006, Vanormelingen et al. 2008, 

Verleyen et al. 2009). Regional factors are expected to explain a significant proportion of variation in 

communities when dispersal levels are either high or low (Leibold et al. 2004). Low dispersal levels limit 

the ability of a species to move among habitat patches in a region, resulting in a “clumped” distribution 

(spatial autocorrelation; Shurin et al. 2009), while high dispersal levels may maintain populations in 

environmentally unsuitable patches where they would otherwise not persist (mass effects; Leibold et al. 

2004, Ng et al. 2009). In contrast, under intermediate levels of dispersal community membership is not 

limited by the ability of individuals to move among patches, nor is it influenced by mass effects. Instead, 

local environmental and community characteristics are expected to be the primary determinants of 

community membership (species sorting; Leibold et al. 2004). In the case of either high or low dispersal 

the spatial arrangement of habitat patches is expected to explain a significant proportion of the variance in 

community structure across a region (Ng et al. 2009). At intermediate levels of dispersal the spatial 

arrangement of habitat patches is not expected to be a significant determinant of community structure 

(Leibold et al. 2004, Ng et al. 2009).  

The impact of dispersal on the structure of freshwater zooplankton communities is a subject that 

has generated much debate in the literature. Most studies aimed at quantifying the dispersal of 

zooplankton have done so by observing the colonization of sterile environments in the field. Several of 

these field studies have provided evidence for rapid colonization by a wide range of species (Cohen and 

Shurin 2003, Havel and Shurin 2004, Louette and De Meester 2005, Vanschoenwinkel et al. 2008). 

However, other investigations have suggested that colonization of new habitats occurs relatively slowly, 
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and that dispersal distances may be limited (Jenkins 1995, Jenkins and Underwood 1998, Cáceres and 

Soluk 2002, Allen 2007). These two divergent viewpoints regarding the dispersal ability of zooplankton 

have also been expressed in literature reviews on the subject (Bilton et al. 2001, Bohonak and Jenkins 

2003). As an alternative to field colonization studies, several investigators have sought to identify spatial 

patterns in community structure that would indicate a role for dispersal in determining community 

structure. A recent meta-analysis conducted by Shurin et al. (2009) found a relatively small amount of 

spatial autocorrelation for zooplankton communities compared to fish, suggesting that dispersal does not 

significantly limit the distributions of zooplankton species. However, the analysis of large datasets using 

spatial modeling and variation partitioning techniques have consistently found that the spatial 

arrangement of lakes explains a significant amount of variation in zooplankton communities (20%-23%), 

suggesting that dispersal limitation could be an important determinant of community structure (Cottenie 

et al. 2003, Beisner et al. 2006, Strecker et al. 2008).  

Dispersal can play an important role in determining how communities respond to regional 

environmental change (Berg et al. 2010, Westley 2010).  The acidification of lakes and streams represents 

one example of environmental change that has affected biological communities in Eastern North America 

and Western Europe (Schindler 1988, Nyberg et al. 2001, Snucins 2003). Decreases in lake water pH can 

significantly alter fish, macroinvertebrate, phytoplankton, and zooplankton communities (Schindler 1988, 

Brett 1989, Findlay 2003). Responses of zooplankton communities to decreasing pH levels are 

remarkably consistent: As pH levels drop, species richness and species diversity decline (Marmorek and 

Korman 1993). The decline and eventual loss of acid-sensitive species during acidification leads to 

diminished communities dominated by a few acid-tolerant species (Keller and Pitblado 1984). 

International treaties and domestic legislation developed beginning in the late 1960s forced reductions in 

emissions of sulpher dioxide and nitrogen oxides (Menz and Seip 2004). As a result of reduced emissions, 

the pH levels of many damaged systems have increased, with some water bodies recovering to pre-

acidification pH values (Stoddard et al. 1999, Driscoll et al. 2001, Vestreng et al. 2007). Increased pH 

levels have provided the opportunity for biological recovery to occur. Zooplankton species eliminated 
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from acidified lakes have started to recolonize, and the structure of some damaged communities has 

shifted toward that typical of circumneutral lakes that never experienced pH decreases (Yan et al. 2004, 

Monteith et al. 2005, Arnott et al. 2006).  

The recovery of water chemistry in acidified lakes provides a unique opportunity to examine the 

relative contributions of local environmental variables and dispersal during the recovery of damaged 

communities. Past studies have focused on local environmental and biotic variables as the primary 

determinants of community recovery (e.g. Keller and Yan 1991). However, recovery is a two stage 

process requiring that colonists first disperse to a recovering community, after which they must survive 

and reproduce (Gray and Arnott 2009). Throughout this paper we use the term “colonist” to refer to acid-

sensitive species that have the potential to immigrate to lakes that are recovering from acidification. The 

availability of colonists could be affected by two factors: 1) the dispersal ability of zooplankton; and 2) 

the availability of acid-sensitive species in the regional species pool (Gray and Arnott 2009). Given that 

acidification has damaged zooplankton communities over a wide scale in some regions, the availability of 

colonists from the regional species pool may be reduced (Keller and Yan 1998). Past studies provide 

conflicting evidence regarding the availability of colonists during community recovery. Time series 

analysis of zooplankton communities in recovering lakes has revealed failed colonization attempts by 

some species, suggesting that the availability of colonists may not be a limiting factor (Keller et al. 2002, 

Yan et al. 2004). However, studies that have manipulated dispersal rates to mesocosms on recovering 

lakes have found high survivorship for species yet to establish in the lakes themselves (Binks et al. 2005, 

Derry and Arnott 2007). This suggests that local environmental conditions are adequate for survival, and 

that dispersal was the primary factor preventing those species from reestablishing (Binks et al. 2005, 

Derry and Arnott 2007). 

This study was conducted to fill gaps in our knowledge concerning the role of dispersal during 

community recovery. Our main objective was to determine if dispersal limitation could impede the 

recovery of zooplankton communities affected by a regional stressor. To achieve this objective we used a 

mixture of empirical data collection, spatial modeling, and variation partitioning analyses to describe 
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patterns of dispersal and recovery for zooplankton in a region severely impacted by anthropogenic 

acidification.  

 

Methods 

To determine if dispersal limitation could impede the recovery of zooplankton communities in 

acidified lakes we conducted three analyses explained in detail in subsequent paragraphs. First, we 

collected data in the field that measured the dispersal of zooplankton to recovering lakes in Killarney Park 

via overland dispersal, stream dispersal, and emergence from historically deposited eggs. Second, we 

compared the dispersal data collected in the field to the theoretical critical densities required for the 

reproduction and establishment of zooplankton species (Gerritsen 1980, Drake 2004). Comparing our 

field data with critical density estimates allowed us to determine if dispersal was in the range necessary to 

establish viable populations in recovering lakes. Third, we used spatial modeling and variation 

partitioning techniques to determine the relative importance of spatial relationships versus environmental 

variables for explaining variation in zooplankton communities in Killarney Park lakes. Spatial structure in 

communities independent of environmental variables indicates a role for dispersal (Cottenie et al. 2003, 

Ng et al. 2009). Therefore, this analysis allowed us to determine if dispersal exerts any influence on the 

structure of recovering zooplankton communities.  

 

Rate of arrival of colonists via three main dispersal vectors 

Several mechanisms for zooplankton dispersal have been proposed, including passive movement 

through interconnected waterways, overland transfer by wind or wildlife, and dispersal through time via 

the diapausing egg bank (Bilton et al. 2001, Cáceres and Soluk 2002, Cohen and Shurin 2003). To 

quantify the movement of zooplankton via overland dispersal, stream dispersal, and emergence from 

historically deposited eggs, we measured dispersal to four easily accessible lakes in Killarney Provincial 

Park (Table 3.1). A comparison of pH values for these lakes in 1972 with historical, pre-industrial pH 

estimates obtained from paleolimnological evidence suggests that these lakes were heavily impacted by 



 

 58 

acidification (Table 3.1). Recent survey data indicates that pH levels in Acid, George, and Lumsden lakes 

have recovered to pre-industrial levels while the pH of O.S.A. has changed little over three decades 

(Table 3.1). Dispersal from the egg bank was measured using in-situ emergence traps placed in our study 

lakes, while dispersal through streams was measured using drift nets to capture zooplankton in flowing 

waters. Overland dispersal was measured using Rubbermaid bins placed beside our study lakes. For all 

three methods of dispersal we scaled up the level of dispersal estimated by our traps to that expected for 

the entire study lake (see methods in subsequent paragraphs). 

To measure the emergence of zooplankton colonists from historically-deposited resting eggs, 12 

emergence traps were deployed in the near shore areas of each lake where zooplankton emergence was 

considered most likely to occur (Cáceres 1998). Emergence traps were designed to capture hatching 

zooplankton, allowing for an estimate of the number of individuals and number of species contributed by 

the egg bank. Emergence traps were constructed from 20L clear, plastic bottles (see Arnott and Yan 2002 

for details). Three holes were drilled in the side of each trap and the holes were covered with 60µm mesh 

to allow for water and oxygen exchange. A removable sample bottle was installed at the top of each trap 

to allow for easy collection of hatched animals. Due to the patchy distribution of diapausing eggs in 

sediments, we collected sediment from several nearshore locations and thoroughly homogenized it before 

it was distributed into the emergence traps. Sediment was added to each emergence trap until a layer 

~10cm deep was present. A sediment layer of this depth was chosen because eggs present in sediments 

<10cm are those that are considered most likely to hatch due to their exposure to appropriate hatching 

cues (e.g. light; Brendonck and De Meester 2003). We used nearshore sediments in our traps for similar 

reasons. Eggs present in shallower water are more likely to receive the cues necessary to hatch (Destasio 

1989), and would therefore contribute the most toward recovery. It is possible that there are higher 

densities of diapausing eggs for some species in offshore sediments (e.g. Yurista 1997), but this would 

likely be compensated for by the reduction in hatching with depth (Destasio 1989; see next paragraph). 

Emergence traps were deployed on May 1
st
 for O.S.A. Lake, May 3

rd
 for George Lake, and May 4th for 

Acid and Lumsden lakes. Hatching zooplankton were collected every 10 days, preserved in ethanol, and 
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identified to the lowest taxonomic level possible in the laboratory. Several in-situ studies of diapausing 

egg emergence have demonstrated that most hatching occurs in shallow nearshore sediments (Destasio 

1989, Wolf and Carvalho 1989, Cáceres 1998; but see Hairston et al. 2000), with the result that nearshore 

sediments may contribute more individuals compared to sediments further offshore (Destasio 1989). We 

deployed three replicate emergence traps at 1m, 6m, 10m, and 14m depth in each of our four study lakes 

to determine the relationship of hatching with depth in our study lakes. Data collected from our 

emergence traps indicated that although significantly more individuals hatched in the 1m emergence traps 

compared to the other treatments, there were no significant differences in hatching among the 6m, 10m, 

and 14m traps (One-way ANOVA followed by Tukey HSD tests; p<0.05 for pairwise comparisons with 

1m traps, p>0.05 for all other pairwise comparisons). Therefore, we divided the surface area of lake 

sediments into two categories: nearshore (<6m depth) and offshore (≥6m depth). Hatching data from our 

1m traps were then used to calculate the contribution from nearshore sediments, while data from the 6m, 

10m, and 14m traps were used to estimate the offshore contribution. The total contribution from each 

category was calculated by multiplying the total number of hatched individuals/m
2
 from May until the 

end of August by the surface area of sediment in that depth category. Summation of the nearshore and 

offshore estimates yielded the total number of individuals hatching per season for each lake. 

To determine dispersal probabilities of zooplankton from upstream lakes, 50 µm mesh drift nets 

(16.5cm x 16.5cm opening) were secured in streams entering each study lake for ~8 hours every 10 days: 

4 hours during daylight, 4 hours during the night. To avoid capturing animals from the study lakes 

themselves drift nets were placed approximately 2-5m upstream of the mouth of each stream. Contents of 

these nets were concentrated and preserved in ethanol for later identification. The number of zooplankton 

drifting downstream per 100m
3
 of water was calculated according to Smock (1996): 

              
        

              
 

Where N is the number of zooplankton in the sample; t is the time the drift net was in the stream (h); W is 

the net width; H is the mean height of water at the mouth of the net; and V is the velocity of water at the 
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mouth of the net (m/s). Stream discharge was measured every 10 days using the methods prescribed by 

Gore (1996). Drift density (number of individuals dispersing per cubic meter) was multiplied by stream 

discharge (cubic meters per 10 days) to estimate the total number of animals dispersing via streams into 

each lake during each 10 day sampling period.  

 To assess dispersal by wind and animal vectors, 15 overland dispersal traps (0.085m
2
 surface 

area for each) were set up around the perimeter of our four study lakes. White, 12L Rubbermaid bins 

measuring 32cm x 26.5cm x 14cm (LxWxH) were used as dispersal traps. Each trap was filled with ~5L 

of lake water that was twice filtered through a 30µm mesh to remove crustacean zooplankton and 

rotifers.  Dispersal traps were sampled every 10 days starting May 11
th
 and ending August 22

nd
, 2008, for 

a total of 660 samples (15 traps per lake x 4 study lakes x 11 sample dates). At each sampling date, the 

water within the traps was filtered through a 50µm mesh and the filtrate was preserved in 95% ethanol. Of 

the 660 samples, we were not able to collect 13 due to destruction of the bins by animals (broken with 

teeth marks) or difficulty locating certain bins on some sample dates. To calculate dispersal rates of 

zooplankton to our study lakes, we considered only species that were not already present in the local 

zooplankton communities of the respective lakes. This allowed us to avoid the confounding problem of 

detecting outward dispersal of zooplankton from populations that have already established in the study 

lakes themselves.  

To determine which species were present in our four study lakes we collected a vertical 

zooplankton haul from the deepest point of each study lake every 20 days during our study and preserved 

the contents in 95% ethanol. Species saturation curves were constructed from these samples by taking 

several sequential subsamples (typically 6-8) and identifying the contents of each subsample to the lowest 

taxonomic level possible. Subsamples were processed until the number of new species identified by 

processing an additional subsample plateaued. Historical data on the species present in our study lakes 

were also obtained from surveys conducted by Sprules (1975), Locke et al. (1994), Holt and Yan (2003), 

and Shead (2007). Samples collected from overland dispersal traps, stream drift nets, and emergence traps 

were examined in the lab under a dissecting microscope (~25-40X magnification) to identify dispersing 
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animals and diapausing eggs collected. When necessary, individual zooplankton were mounted on slides 

and identified with the aid of a compound microscope. Ephippia found in our samples were opened to 

determine the number of eggs contained within. Preservation of our samples in the field prohibited the 

incubation, hatching, and identification of diapausing eggs to the species level. 

 

Comparison of dispersal levels of colonist species with the theoretical critical density required for 

establishment (NC) 

To determine if dispersal rates to recovering lakes were in the range sufficient to overcome Allee 

effects we estimated the critical density required for sexual reproduction using mate limitation models. 

For obligate sexual species that experience multiple mating encounters (calanoid copepods) we used the 

model developed by Gerritsen (1980): 
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where NC is the critical density (number individuals per m
3
), R is the finite population growth rate on a 

daily basis, t is the length of the breeding season (d), v is the swimming velocity (m d
-1

), and d is the 

encounter radius (m). For obligate sexual species that have the ability to store sperm from a single 

copulation (cyclopoid copepods) we calculated the critical density using the approach suggested by 

Gerritsen (1980). For species that store sperm the realized finite population growth rate (R’) is  

              
   

R is the finite population growth rate, Z is the mate encounter rate (encounters d
-1

; see next paragraph), 

and t is the length of the breeding season (d). To calculate the critical density R’ is set equal to 1 and the 

equation is solved numerically for the encounter rate and the corresponding density of animals 

representative of the critical density (Gerritsen 1980). For seasonally parthenogenetic species 

(cladocerans) we used the model developed by Drake (2004): 
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where c is the clutch size, e is the probability of emergence from diapausing eggs, λ is the instantaneous 

birth rate, μ is the instantaneous death rate, p is the duration of parthenogenetic reproduction (d), and τ is 

the duration of sexual reproduction (d). Sensitivity analyses were conducted for the two models used to 

calculate critical densities for obligate sexual species (multiple mating encounters and sperm storage; 

Appendix 1). A sensitivity analysis for the model used for seasonally parthenogenetic species can be 

found in Drake (2004). Appendix 2 lists the values of the parameters used to calculate critical densities 

for colonists. We provide high and low critical density estimates by using a range of parameter values 

obtained from literature sources (see Appendix 2). 

 In developing the mate limitation models above, Gerritsen (1980) and Drake (2004) assumed that 

animals were distributed homogeneously within a lake throughout the period of sexual reproduction. 

However, several of the species we identified as potential colonists, including Holopedium gibberum and 

Skistodiaptomus oregonensis are known to form aggregations or swarms (Malone and McQueen 1983, 

Tessier 1983; Table 3.5). When individuals initially hatch from the egg bank or disperse from overland 

sources, it is likely that they will arrive at random locations throughout a lake. However, as time passes, 

these individuals could gradually form aggregations with conspecifics. We were concerned that the 

formation of these aggregations might affect the rate of mate encounter (Z): 

  
  

 
    ,    

where d is the detection radius, n is the density of animals (or groups), and v is the average swimming 

speed (Drake 2004). To determine the effects of aggregation formation on Z we conducted computer 

simulations in the R programming language. Our simulations mimicked the process of forming 

aggregations: as time progresses and groups form, the density of individual entities in the lake decreases 

(n), but the detection volume of aggregations of animals increases dependent on group size (see Appendix 

3 for details). In addition to the effects of aggregation formation on encounter rates, the formation and 
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maintenance of groups will also alter future mating opportunities. If a female remains within a group after 

its initial formation, the probability that she will encounter a mate in the future will increase significantly. 

If group membership guarantees a probability of mating of 1 for each female (in the most extreme case) a 

female must find a group only once, analogous to the case of sperm storage where females need only 

encounter a mate once to produce multiple clutches. Therefore, to provide an estimate of the most 

extreme effects of aggregation behavior, we have calculated the critical density for each species using the 

methods described above for species capable of sperm storage (Gerritsen 1980; see Appendix 3 for 

details). As with the calculation of critical densities for homogeneously distributed animals above, we 

provide both high and low estimates of NC using a range of parameter values obtained from the literature 

(Appendix 2).  

For obligate sexual species to establish in recovering lakes the number of individuals arriving 

must be sufficient to produce the required critical density. To determine if this was the case for the 

colonists we identified, we used our dispersal data along with the volume of water representing the 

species preferred habitat to calculate the approximate density the colonist species could attain in our study 

lakes. In theory, a single parthenogenetic female could establish a new population. However, in temperate 

lakes most cladoceran species overwinter as sexually produced diapausing eggs. Therefore, for an 

introduced population to persist, it must reach the critical threshold required for sexual reproduction 

before the onset of winter (Drake 2004). Based on our dispersal estimates for potential colonists for the 

entire summer, we modeled the probability of seasonally parthenogenetic species reaching its critical 

density following the methods in Drake (2004). The size of the initial population of colonists was taken 

from our dispersal data and the growth of the population was modeled using an algorithm described by 

Renshaw (1991, p.38) that simulates stochastic population growth. Using code written for the R 

programming language (R Development Core Team 2009), we ran simulations that assumed exponential 

population growth over a 60 day period of asexual reproduction, designed to simulate growth from mid-

summer until fall. To determine how the growth rate of the introduced population could affect the chance 

of establishment, our simulations were run with three different daily population growth rates (r): 0.04, 
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0.08, and 0.12. Population growth rates were chosen arbitrarily in an effort to determine the minimum rate 

needed to reach NC. One hundred bootstrap iterations were conducted for each r value and the mean 

population size and the 95% confidence interval were calculated for each day (1-60). As with the sexual 

species above, the volume of water representing a species preferred habitat was used to estimate the total 

population size necessary to reach NC. Simulations were run for two of the three species of seasonally 

parthenogenetic colonists we identified: Diaphanosoma birgei and Holopedium gibberum. Simulations 

were not conducted for the third, Polyphemus pediculus, because we could not obtain adequate 

information from the literature in order to estimate the parameters needed to calculate NC.  

 

Relative role of spatial configuration of lakes and environmental conditions 

 We developed three spatial models that differed in their assumption of the process by which 

zooplankton disperse among lakes. The first model created spatial variables based on linear overland 

distances among lakes. This model represents movement of zooplankton via wind and is a simple proxy 

for phoretic dispersal. The second model used watercourse distances among lakes when creating spatial 

variables. This model assumed that movement of zooplankton occurred via stream connections. The last 

model we developed used linear overland distances among lakes, but assumed movement of zooplankton 

only in the predominant spring/summer wind direction. Unlike the first model that assumes symmetric 

connections among lakes, dispersal in this model was asymmetric (i.e. zooplankton could only disperse in 

the predominant wind direction). 

To create spatial variables for the first and second models, based on linear overland distances and 

watercourse distances, respectively, we conducted spatial modelling according to Borcard and Legendre 

(2002), Dray et al. (2006) and Griffith and Peres-Neto (2006), using the program R (R Development Core 

Team 2009). Spatial variables were created for each dataset in five steps that are explained in detail in 

Appendix 4. First, two pairwise distance matrices were constructed based on the 45 lakes in the dataset. 

The first distance matrix was based on direct overland distances between lakes and was used to assess the 

role of overland dispersal, while the other used actual watercourse distances between lakes to consider the 
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role of stream dispersal. Second, the two pairwise distance matrices were transformed to create weighting 

matrices based on three monotonically decreasing functions suggested by Dray et al. (2006). The distance 

matrices were transformed into weighting matrices to increase the realism of the models since lakes that 

are closer together are expected to have higher ecological similarity (Dray et al. 2006). Third, 

connectivity matrices were constructed to define how lakes are connected to one another using five 

standard connection schemes (Delaunay triangulation, Gabriel graph, relative neighbour, sphere of 

influence, and distance threshold) plus one based on stream connections. Fourth, spatial weighting 

matrices were created by calculating the Hadamard product (pairwise product) of the weighting matrix by 

the connectivity matrix. Finally, a series of eigenvectors was created from each spatial weighting matrix 

and was used in ordinations to assess which model provided the most explanatory power. 

To create spatial variables for the third model that considered overland dispersal via the 

predominant wind direction, we used the methods developed by Blanchet et al. (2008) that consider 

directional spatial processes. First, a matrix was created that describes how the 45 lakes in our datasets 

were connected to one another. These connections were based on the predominant winds in the Sudbury 

area, which originate from the southwest during spring and summer. For each lake, we compared the 

latitude and longitude with all others in the dataset to determine which lakes were located within a 90 

degree arc north and east of the geographic center of the lake. Lakes that fell within this arc were given a 

value of 1 in the connection matrix (termed a sites-by-edges matrix in Blanchet et al. 2008), while those 

that did not were given a value of 0 (not connected). Next, a Euclidean distance matrix was constructed 

representing the distance among the lakes in our dataset. Third, a Hadamard product (pair-wise product) 

of the connection matrix by the Euclidean distance matrix was calculated to obtain a spatial weighting 

matrix. Finally, a series of eigenvectors was obtained from the spatial weighting matrix using the program 

AEM in the R programming language (Blanchet et al. 2008). 

To determine which spatial model explained the most variation in zooplankton communities, a 

suite of nine redundancy analyses (RDA) were conducted using the three sets of spatial variables obtained 

from our three spatial models (symmetric overland dispersal, stream dispersal, asymmetric overland 
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dispersal via wind) combined with three zooplankton community and physical/chemical datasets collected 

in 1972-73 (Sprules 1975), 1990 (Locke et al. 1994), and 2005 (Shead 2007). Hellinger-transformed 

zooplankton species abundances, environmental variables (pH, elevation, maximum depth, and total 

phosphorus) and the generated series of spatial variables were included in each analysis. RDA was 

appropriate because gradient lengths were short (<2.0) (ter Braak and Šmilauer 1998). Species occurring 

in 5% of lakes sampled were considered rare (detected in < 3 lakes) and were removed from ordination 

analyses (Leps and Šmilauer 2003). Samples were centered and standardized to adjust for differences in 

measurement units of environmental variables (Lepš and Šmilauer 2003). Spatial and environmental 

variables were forward-selected by Monte Carlo permutation tests at p<0.05 with 999 iterations.  Total 

variation in each of the three datasets (1972-73, 1990, and 2005) was partitioned into fractions which 

comprised of: 1) purely spatial; 2) spatially-structured environmental; and 3) purely environmental.  

Variation partitioning was conducted according to Peres-Neto et al. (2006). 

 

Results 

Rate of arrival of colonists via the three main dispersal vectors 

Eleven cladoceran taxa, excluding unidentified Chydoridae and Macrothricidae, and ten copepod 

taxa, excluding unidentified Harpacticoida, nauplii and copepodites were collected from emergence traps 

designed to capture individuals hatching from the diapausing egg bank (Table 3.2). Approximately 87% 

of individuals that hatched from the egg bank did so during the first three sampling dates from May 11
th
 

to June 3
rd

 (Figure 3.1). Of the 22 taxa collected, only two cladoceran and one copepod species were 

identified as potential colonists from the diapausing egg bank (Table 3.2).  

 George Lake received the most water from upstream lakes, with an average of ~1.2 million m
3
 in 

10 days, followed by Acid Lake (average ~100 000 m
3
/10 days) and O.S.A. Lake (average ~3700 m

3
/10 

days) (Figure 3.2). The inflow of water via streams appeared to follow a seasonal pattern with maximum 

discharge during the spring melt in May and decreased discharge through June and July (Figure 3.2). 

Discharge peaked again near the middle of August when the area received >100mm of rain between 
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August 1-10 (Figure 3.2; Environment Canada 2008). Six cladoceran taxa, excluding unidentified 

Chydoridae and Macrothricidae and nine copepod taxa, excluding unidentified Harpacticoida, nauplii and 

copepodites, were collected from stream drift nets (Table 3.3). The estimated total number of zooplankton 

transported via streams per ten days followed the same general pattern as stream discharge, with George 

Lake receiving the most zooplankton through streams (average ~45 000 individuals / 10 days), followed 

by Acid Lake (average ~26 000 individuals / 10 days) and O.S.A. Lake (average ~ 70 individuals / 10 

days) (Figure 3.2). Of the 19 taxa collected, three potential colonist species were collected in stream drift 

nets (Table 3.3). 

Three cladoceran species and two copepod species were found in overland dispersal traps (Table 

3.4). For the entire 110 day sample period a total of 5, 13, 7, and 8 individuals were collected from 

overland traps beside Acid, George, Lumsden, and O.S.A. lakes, respectively (Table 3.4). We did not find 

any potential colonist species in the overland dispersal traps for the four study lakes.  

 The diapausing egg bank contributed a higher proportion of individuals to lake populations in our 

study lakes, as well as a higher number of individuals per colonist species, compared with stream 

dispersal (Figure 3.3a, 3b).  The mean number of species (Figure 3.3c) and the mean number of colonist 

species (3d) was similar for the diapausing egg bank and stream dispersal, but both were lower for 

overland dispersal. 

 

Comparison of dispersal levels of colonist species with the theoretical critical density required for 

establishment (NC) 

Three of the potential colonist species we identified were copepods that must reproduce sexually 

(Table 3.5). Two of these species were collected in stream drift nets but their arrival rates were 

insufficient to produce densities that would surpass our minimum estimates for NC (Table 3.5). The third 

copepod species, Skistodiaptomus oregonensis, hatched from the diapausing egg bank in O.S.A. Lake in 

numbers that could produce a density reaching the minimum NC (Table 3.5). 
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 We identified two seasonally parthenogenetic colonists in samples collected from emergence 

traps (Diaphansoma birgei and Holopedium gibberum; Table 3.5). Given their rate of emergence during 

June and July, our estimates suggest that these two species could have surpassed our minimum critical 

density (NC) estimates without parthenogenetic population growth. In addition, our simulations suggest 

that modest population growth rates (daily r > 0.08), would allow these species to surpass our high 

estimates for NC within a 60 day time frame (Appendix 5). A third parthenogenetic species, Polyphemus 

pediculus, was collected from stream drift nets, but we could not calculate NC for this species due to the 

poor availability of data required to estimate life history parameters for the model. 

 

Relative role of spatial configuration of lakes and environmental conditions 

Results of variation partitioning indicate that regardless of the model chosen, both spatial and 

environmental variables explained a significant proportion of the variation in zooplankton communities 

(Table 3.6). For models based on symmetric overland dispersal and stream dispersal, spatially structured 

environmental variables explained a large percentage of the variance in zooplankton communities in 1972 

(Table 3.6). However, as chemical recovery of the lakes occurred through time, the amount of variation 

explained by spatially structured environmental variables decreased and the importance of pure 

environmental variables increased (Table 3.6). The amount of variation explained by pure spatial 

variables decreased through time for the models based on symmetric overland dispersal and stream 

dispersal, but increased through time for the model based on asymmetric dispersal via the predominant 

wind direction (Table 3.6). 

Environmental variables explained a higher percentage of variation in Killarney Park zooplankton 

communities when compared with spatial variables (Table 3.6).   

 

Discussion 

 Results obtained from spatial modeling and variation partitioning strongly suggest that dispersal 

plays an important role in structuring zooplankton communities in Killarney Park. Depending on the 
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spatial model chosen, the spatial arrangement of lakes on the landscape explained ~20-32%, ~18-34%, 

and ~20-32% of the total explained variation for 1972, 1990, and 2005 datasets, respectively. Our results 

also indicate an important role for local environmental variables. The combined effects of pH, elevation, 

maximum depth, and total phosphorus explained more of the variation in zooplankton communities 

compared with spatial variables for all three datasets (1972, 1990, and 2005). These results suggest that 

both local environmental variables and dispersal processes act jointly to influence community structure, 

and are in agreement with several past studies that have demonstrated the importance of both local 

conditions and dispersal (Cottenie et al. 2003, Beisner et al. 2006, Strecker et al. 2008). However, the 

dominant role of environmental variables in this study suggests that while dispersal appears to play a role 

in structuring zooplankton communities, local water conditions are the final arbiter determining which 

species will survive in a particular habitat.  

 Our empirical measurements of dispersal to four lakes in Killarney Park demonstrated a high 

diversity and abundance of zooplankton immigrating to recovering communities (Tables 3.2 and 3.3). 

However, despite the high number of immigrants, the availability of colonist species appeared to be 

limited for two reasons. First, most species collected in our traps were already present in the communities 

of our study lakes; only six of the species collected during the 110 day field study were identified as 

potential colonists (Table 3.5). Second, comparisons of the number of individual colonists of each species 

that were arriving with the theoretical critical density required for reproduction (NC) revealed that two of 

the six colonist species (Mesocyclops edax and Tropocyclops extensus) were not introduced in numbers 

large enough to surpass our minimum estimate for NC. These two copepod species were captured 

dispersing via streams, suggesting that the presence of potential colonist species in an upstream lake does 

not necessarily guarantee that an adequate number will disperse to allow for its reestablishment in the 

community located downstream. Past field studies have demonstrated that sexual zooplankton species are 

less likely to reestablish populations in recovering lakes following the removal of a stressor due to 

difficulty in finding mates at low population densities (Knapp and Sarnelle 2008, Kramer et al. 2008). 

The two copepod colonists in this study provide an example of the role Allee effects might play when 
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animals are dispersing through stream connections. The four remaining colonist species we identified may 

not have been limited by dispersal, but by local environmental or community impediments. For example, 

the acid-sensitive copepod Skistodiaptomus oregonensis was captured hatching from the diapausing egg 

bank in O.S.A. Lake, but would be unlikely to survive at the lake’s current pH of 5.1 (Havens 1993). The 

hatching of this species in O.S.A. Lake despite the inhospitable conditions is interesting because it 

suggests that the diapausing egg bank could be slowly depleted through time, diminishing the probability 

of colonists hatching from the egg bank once pH levels recover to pre-industrial levels (see Arnott and 

Yan 2002). 

The spatial structure detected in our models suggests that dispersal plays an important role during 

the recovery of damaged zooplankton communities. The results of our spatial modelling alone do not 

allow us to determine if these patterns are the result of high dispersal rates that are causing mass effects, 

or low dispersal rates that are contributing to dispersal limited species distributions (Ng et al. 2009).  

However, we believe that the latter is more likely for several reasons. First, mass effects are most likely to 

play a role when aquatic habitats have strong connections to one another through interconnecting 

waterways (e.g. Cottenie et al. 2003). However, of the 990 possible stream connections among the 45 

lakes in our datasets (45
2 
- 45 / 2), only 31 direct connections exist (D. Gray, unpublished data). Second, 

the dispersal data we collected in the field suggest very low overland dispersal rates. Only 33 animals 

were collected in the 60 overland traps placed beside our four study lakes over the 110 day field study. 

Because the overland traps were placed ~10m from each study lake and there were no colonist species 

found in them, we believe that these 33 individuals likely dispersed from the study lakes themselves, 

rather than from surrounding lakes which were located >200m away. Finally, solid evidence for dispersal 

limitation during the recovery of zooplankton communities in this region can be been found in studies 

that have undertaken manipulative experiments (Binks et al. 2005, Derry and Arnott 2007) and regional 

zooplankton surveys (Keller and Yan 1998). 

Each of the three spatial models we constructed explained a significant amount of variation in 

Killarney Park zooplankton communities. This suggests that stream dispersal, wind dispersal, and 
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symmetric overland dispersal via wind or animals probably all contribute to the recovery of damaged 

communities. Interestingly, results from our spatial modeling indicate that a model based on asymmetric 

overland dispersal explains progressively more variation in zooplankton communities through time while 

those based on symmetric overland dispersal and stream dispersal show the opposite trend. We expected 

to see the latter pattern over the course of several decades because, even with low dispersal rates, many 

acid-sensitive species would eventually have an opportunity to disperse to recovering lakes. Over the long 

term, this would theoretically cause a shift away from dispersal limitation toward a set of communities 

structured by local conditions (Jenkins 2006). The reasons for the increased importance of wind dispersal 

through time are unclear; however, we speculate that it could reflect changes occurring on the landscape 

as lakes were recovering from acidification.  Studies in the nearby Sudbury area have documented 

decreases in wind speed associated with the regrowth of forest following severe damage due to 

acidification (Tanentzap et al. 2007). Decreases in wind speed could potentially cause decreased 

zooplankton dispersal, leading to an increased probability of dispersal limitation. There is no evidence 

that acid deposition caused denuding of the landscape in Killarney Park; however, extensive logging was 

conducted within park boundaries up until the mid-1950s, with virtually the entire area being cut over at 

least once (MacDonald 1973). Of particular interest to loggers were the largest, mature specimens of pine 

(Pinus strobus, P. resinosa), although there was also a general harvest of many other hardwood and 

softwood species (MacDonald 1973). The logging was curtailed after the area was designated as a 

primitive park in 1964 (MacDonald 1973). If the gradual regrowth of the forest in the park had a similar 

effect on wind speeds to that found by Tanentzap et al. (2007), it is possible that wind speeds have 

decreased, and the increasing importance of space in our model reflects the decreasing probability of 

dispersal via wind. Unfortunately, we do not have any wind speed data from the park during the last four 

decades, so it is not possible to test this hypothesis.  

In addition to the changes in the importance of pure spatial variables mentioned previously, there 

have also been significant changes in the relative importance of environmental and spatially structured 

environmental variables. For the spatial models based on symmetric overland dispersal and stream 
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dispersal, the percentage of variation in zooplankton communities explained by spatially structured 

environmental variables decreased significantly from 1972-1990 and from 1990-2005 (Table 3.6). This 

shift coincided with an increase in the percentage of variation explained by pure environmental variables 

(Table 3.6). The shift in importance from spatially structured environmental variables to pure 

environmental variables during this time reflects the ongoing chemical recovery of Killarney Park lakes 

from the early 1970s to 2005 (Shead 2007). The spatially structured environmental variation found in the 

early 1970s was likely a result of the spatial patterns of acidification in the park caused by differences in 

bedrock weathering rate and pH buffering capacities (Snucins and Gunn 1998). As pH levels have 

recovered over the past four decades this spatially structured environmental variation has been gradually 

erased. 

Data collected from our emergence traps suggest that the diapausing egg bank could play an 

important role during the recovery of acid-damaged communities. It is important to note that the recovery 

of communities via the egg bank may complicate the interpretation of our spatial models. Prior to 

acidification, the egg banks in Killarney Park lakes were formed by the communities present in each lake, 

which in turn were shaped by both spatial and environmental variables acting on those communities. 

Consequently, the composition of the egg bank within each lake should reflect the historical influence of 

space (dispersal) on the park’s zooplankton communities. As a result, the composition of recovering 

zooplankton communities represents both a long-term spatial signal that was present prior to acidification, 

as well as a more recent spatial component reflective of overland and stream dispersal that has occurred 

during the last several decades during recovery from acidification. The degree to which temporal 

recolonization via the diapausing egg bank could affect the interpretation of our spatial models is difficult 

to assess. However, there are at least two reasons to believe that dispersal processes occurring during the 

last several decades of recovery are responsible for a significant component of the current spatial structure 

in the park’s zooplankton communities. First, some groups, such as the cyclopoid copepods, do not 

produce diapausing eggs (Thorp and Covich 1991. Second, several studies have found limitations to the 

egg bank for a variety of other cladoceran and copepod species (reviewed in Gray and Arnott 2009). 
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While contributions from the egg bank are potentially important, the arguments above suggest that many 

species will have to colonize lakes by some other means. As a consequence, we believe that communities 

in recovering lakes today reflect spatial processes acting over both the long term (prior to acidification) 

and over the past several decades as pH in the park’s lakes have recovered.    

The small number of zooplankton collected in our overland dispersal traps contrasts with the 

results of a similar study conducted by Allen (2007). Allen (2007) placed 32 dispersal traps at 10, 30, and 

60m from the shoreline of a pond in Urbana, Illinois, and collected 615 cladocerans and 247 copepods 

over a 3 month period (traps were of similar size to those used for our study). This indicates that rates of 

dispersal from our four study lakes in Killarney Park were probably much lower than those experienced at 

the field site chosen by Allen (2007). Comparison of our results with other studies is difficult because 

most have focused on documenting the colonization of new habitats, rather than directly quantifying 

dispersal rates (Cáceres and Soluk 2002, Cohen and Shurin 2003, Louette and De Meester 2005). Data 

from studies documenting the colonization of new habitats is difficult to interpret since community 

assembly is dictated not only by the availability of colonists, but by local factors such as water quality and 

inter-specific interactions, as well. As a result, we could not make direct comparisons with these studies 

regarding the quantity of individuals dispersing through time. A comparison of the percentage of species 

that dispersed from the total regional species pool is possible; however the fact that these studies were 

conducted on different temporal and spatial scales likely affects interpretation of the results. Previous 

studies have found 65% (Cáceres and Soluk 2002), 76-79% (Cohen and Shurin 2003), and 40% (Louette 

and De Meester 2005) of the available species dispersing into new habitats. In this study, five species 

were captured in our overland dispersal traps from a total of eleven pelagic species that have been 

documented in our four study lakes (Shead 2007, D. Gray, unpublished data). Therefore, we documented 

the dispersal of ~45% of the available crustacean zooplankton species, which is at the low end of the 

range found in previous studies. 

 The results of our study suggest that both dispersal and local environmental conditions have an 

impact on the recovery of Killarney Park zooplankton communities. Measurements of dispersal to 
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recovering lakes in the park suggest that the return of acid-sensitive species following pH increases may 

occur relatively quickly for those species that have the capability and/or opportunity to hatch from the 

diapausing egg bank or disperse through stream connections (but see Sarnelle and Knapp 2004). 

Conversely, the small number of animals captured in overland dispersal traps located just 10m from 

shoreline of our study lakes suggests that reestablishment may occur much slower for species that need to 

disperse overland via wind or animal vectors. The important role for dispersal that is suggested from our 

spatial models indicates that biological recovery may take much longer than previously assumed, as 

species may not be able to immediately colonize recovering lakes following water quality improvements. 

Ultimately, our results indicate that expectations regarding the rate of community recovery should be 

adjusted to account for dispersal limitation (Bohonak and Jenkins 2003). Manipulation of dispersal rates 

could increase the rate of community recovery, but it could also increase the risk of introducing 

nonindigenous species, such as the spiny waterflea (Bythotrephes longimanus), to uninvaded lakes within 

the Park. Therefore, patience, and continued monitoring of recovering zooplankton communities, are 

probably the most prudent management approaches to take at this time. 
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Table 3.1. The four lakes selected for measuring the rate of arrival of colonists. Data are from Sprules (1975), Locke et al. (1994), Snucins et al. 

(2001), and Shead (2007).  

 

Lake Location Stream 

connections to 

other lakes (#) 

Diatom-inferred 

pre-industrial 

pH 

pH 1972 pH 1990 pH 2005 

Acid N46°02’01’’ W81°26’38’’ 1 5.2-5.6 4.8 5.1 5.3 

George N46°01’28’’ W81°24’19’’ 5 6.0-6.1 4.9 6.3 6.6 

Lumsden N46°01’23’’ W81°25’59’’ 1 5.3 4.4 5.2 5.6 

O.S.A. N46°03’07’’ W81°24’18’’ 1 6.9 4.8 5.1 5.1 
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Table 3.2. List of species that were collected from emergence traps deployed in the four study lakes. X – 

Species was collected from emergence traps; O – species was not collected. Potential colonists are 

identified in bold. 

Group Species Acid George Lumsden O.S.A 

Cladocera Acantholeberis curvirostris O X O X 

 Alona sp. X X X X 

 Bosmina freyi O X O O 

 Ceriodaphnia sp. O X O O 

 Daphnia mendotae O X O O 

 Diaphanosoma birgei O X X X 

 Holopedium gibberum O X X O 

 Latona setifera* O X X X 

 Ophryoxus gracilis* X O X X 

 Sida crystallina* O X O X 

 Simocephalus vetulus* X X O X 

 Unidentified Chydoridae* X X X O 

 Unidentified Macrothricidae* X X X X 

Copepoda Diacyclops bicuspidatus thomasi X X X X 

 Eucyclops prionophorus* X X X X 

 Immature calanoid copepod X X X O 

 Immature cyclopoid copepod X X X X 

 Leptodiaptomus minutus X X X X 

 Macrocyclops albidus X X X X 

 Mesocyclops edax O X O X 

 Microcyclops varicans* X X O X 
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 Paracyclops affinis* X X X X 

 Paracyclops poppei* O X O X 

 Skistodiaptomus oregonensis O O O X 

 Tropocyclops extensus O X O O 

 Unidentified copepod nauplii X X X X 

 Unidentified Harpacticoid X X X X 

*Primarily littoral or benthic species. Since this study and past surveys have focused on planktonic 

species we cannot determine if these are potential colonists. 
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Table 3.3. Zooplankton species captured in stream drift nets. X – species was found in drift nets installed 

in streams flowing into the lake; O – species was not collected. Potential colonists are identified in bold. 

Group Species Acid George O.S.A. 

Cladocera Alona sp. X X O 

 Bosmina spp. X X O 

 Ceriodaphnia lacustris O X O 

 Daphnia ephippia O X O 

 Diaphanosoma birgei X X O 

 Polyphemus pediculus X X O 

 Simocephalus vetulus* O X O 

 Unidentified chydorid* X O O 

 Unidentified macrothricidae* X X O 

Copepoda Diacyclops bicuspidatus thomasi X X O 

 Eucyclops prionophorus* X X O 

 Immature calanoid X X O 

 Immature cyclopoid X X X 

 Leptodiaptomus minutus X X O 

 Macrocyclops albidus X X X 

 Mescocylops edax X X O 

 Microcyclops sp. O X O 

 Microcyclops varicans* O X X 

 Paracyclops poppei* X X X 

 Tropocyclops extensus O X O 

 Unidentified harpacticoid* X X X 

 Unidentified nauplii X X X 
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*Primarily littoral or benthic species. Since this study and past surveys have focused on planktonic 

species we cannot determine if these are potential colonists. 
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Table 3.4. Species recovered from overland dispersal traps. Values indicate the total number of 

individuals collected in 647 samples over 110 days. None of the species collected were identified as 

potential colonists. 

 

Species Acid George O.S.A. Lumsden 

Copepod nauplii - 2 - 2 

Daphnia mendotae - 4 2 - 

Leptodiaptomus minutus 5 3 5 4 

Macrocyclops albidus - - - 2 

Polyphemus pediculus - 2 - - 

Simocephalus vetulus - 2 - - 
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Table 3.5. Species identified as potential colonists for our four study lakes. Included are the recipient lakes, the dispersal vector, the range of 

critical densities required for establishment, and the estimated density of colonists based on our field data. The critical density calculated without 

aggregation assumes a homogeneous distribution of animals within a lake, while that calculated with aggregation assumes that individuals will 

gradually form groups, resulting in an increased probability of mating for group members. See methods for information on calculation of critical 

density and density of colonists. 

Species Lake Vector 

Critical density (#/m
3
) 

without aggregation 

Critical density (#/m
3
) 

with aggregation Density of 

colonists (# /m
3
) Low High Low High 

Diaphanosoma birgei Lumsden Egg bank 3.1 x 10
-4

 7.6 x 10
-1

 5.5 x 10
-7

 1.3 x 10
-3

 4.7 x 10
-2

 

Holopedium gibberum Acid Egg bank 6.6 x 10
-8

 2.9 x 10
-1

 1.2 x 10
-10

 6.6 x 10
-4

 8.7 x 10
-3

 

Mesocyclops edax Acid Stream 2.9 x 10
-1

 1.5 x 10
-1

 9.4 x 10
-2

 1.2 x 10
-1

 3.9 x 10
-3

 

Polyphemus pediculus Acid Stream - - - - 1.0 x 10
-3

 

Skistodiaptomus oregonensis O.S.A. Egg bank 5.3 10.9 3.7 x 10
-2

 5.5 x 10
-2

 5.3 

Tropocyclops extensus George Stream 1.2 x 10
-1

 2.3 5.1 x 10
-2

 1.0 3.7 x 10
-4
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Table 3.6. Results of spatial modeling and variation partitioning using zooplankton community and 

physical/chemical datasets from 1972-73, 1990, and 2005. Results of variation partitioning indicate the 

percentage of variation in zooplankton communities that can be attributed to pure environmental variables 

(E), pure spatial variables (S), and spatially structured environmental variables (ExS). SOI – sphere of 

influence; DM – distance model; REL – relative neighbourhood. See Appendix 4 for more information on 

methods. 

Model Year 

% Explained variation Residual 

variation 

Connection 

scheme 

Weighting 

function E S E x S 

1. Symmetric 

overland 

dispersal 

1972 19** 12* 21 48 SOI Linear 

1990 18** 7* 10 65 SOI Linear 

2005 33** 9
†
 2 56 SOI Linear 

2. Stream 

dispersal 

1972 24** 17** 12 47 - Concave down 

1990 20** 11** 8 61 - Concave down 

2005 30** 13** 1 56 - Concave down 

3. Asymmetric 

overland 

dispersal 

1972 41** 10** 0 49 DM - 

1990 28** 15** 1 56 REL - 

2005 37** 18** 1 44 DM - 

*p<0.05, **p<0.002, 
†
p=0.061 
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Figure 3.1. Estimated number of individuals hatching from the resting egg bank per 10 days from May 

1st until August 22
nd

, 2008 (+ standard error). Diamonds – Acid Lake; squares – Lumsden Lake; triangles 

– O.S.A. Lake; circles – George Lake. 
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Figure 3.2. Estimated number of zooplankton dispersing through streams every 10 days (open circles) 

and estimated river discharge per 10 days (asterisks) into Acid (a), George (b), and O.S.A. (c) lakes. Data 

points for stream discharge were connected with lines to increase clarity.  
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Figure 3.3. Contributions of the three main dispersal vectors toward population dynamics in recovering 

lakes (a, c) and for providing colonists to recovering communities (b, d). Error bars represent the standard 

error of the mean. *Assuming all individuals captured in overland dispersal traps originated from 

surrounding lakes and were dispersing into our study lakes. 
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Chapter 4 

The interplay between environmental conditions and Allee effects during the 

recovery of stressed zooplankton communities 
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Abstract 

Many important ecological phenomena depend on the success or failure of small introduced populations. 

Several factors are thought to influence the fate of small populations, including resource and habitat 

availability, dispersal levels, interspecific interactions, mate limitation, and demographic stochasticity. 

Recent field studies suggest that Allee effects resulting from mate limitation can prevent the 

reestablishment of sexual zooplankton species following a disturbance. In this study we explore the 

interplay between Allee effects and local environmental conditions in determining the population growth 

and establishment of two acid-sensitive zooplankton species that have been impacted by regional 

anthropogenic acidification. We conducted a factorial design field experiment to test the impact of pH and 

initial organism densities on the per capita population growth (r) of the sexual copepod Epischura 

lacustris and the seasonally parthenogenetic cladoceran Daphnia mendotae. In addition, we conducted 

computer simulations using r values obtained from our experiments to determine the probability of 

extinction for small populations of acid-sensitive colonists that are in the process of colonizing recovering 

lakes. The results of our field experiment demonstrated that local environmental conditions can moderate 

the impacts of Allee effects for E. lacustris: Populations introduced at low densities had a significantly 

lower r at pH 6 than at pH 7. In contrast, r did not differ between pH 6 and 7 environments when E. 

lacustris populations were introduced at high densities. D. mendotae was affected by pH levels, but not 

by initial organism densities. Results from our population growth simulations indicated that E. lacustris 

populations introduced at low densities to pH 6 conditions had a higher probability of extinction than 

those introduced at low densities to a pH 7 environment. Our study indicates that environmental 

conditions and mate limitation can interact to determine the fate of small populations of sexually 

reproducing zooplankton species. If a more rapid recovery of acid-damaged zooplankton communities is 
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desired, augmentation of dispersal levels may be needed during the early phases of pH recovery in order 

to increase the probability of establishment for mate-limited zooplankton species.   

 

Introduction 

Many interesting phenomena in ecology, including the establishment of invasive species, the colonization 

of virgin environments, and the recolonization of habitat by extirpated species, depend on the success or 

failure of small populations (Grevstad 1999, Taylor and Hastings 2005, Knapp and Sarnelle 2008). 

Consequently, understanding the factors that influence the growth or extinction of small populations is an 

important goal in ecology (Grevstad 1999, Kramer et al. 2009). The growth of natural populations can be 

regulated by a variety of environmental and biological factors including resource and habitat availability, 

interspecific interactions such as competition and predation, and intraspecific interactions such as mating 

(Begon et al. 2006). The growth of small populations can also be significantly affected by Allee effects 

(Allee 1931).  

The Allee effect is defined as “a positive relationship between any component of individual 

fitness and either numbers or density of conspecifics” (Stephens 1999). The component of fitness referred 

to in this definition must be measurable, for example, as a change in survival or reproductive rate of an 

organism with population size or density (Stephens 1999). There are many proposed mechanisms behind 

the Allee effect including difficulty finding mates at low population densities, predator dilution, 

antipredator vigilance, cooperative predation, and social thermoregulation, to name only a few 

(Courchamp et al. 1999). A recent review indicates that there is evidence of Allee effects in natural 

populations for at least 59 different species (Kramer et al. 2009). 

In addition to the constraints imposed by Allee effects, the growth of small populations can also 

be significantly impacted by demographic stochasticity (Richter-Dyn and Goel 1972, Dennis 2002). 
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Demographic stochasticity is not typically classified as an Allee effect because it does not directly impact 

individual fitness (Stephens 1999). Instead, demographic stochasticity works at the population level by 

increasing extinction risk (Lande et al. 2003).  Demographic stochasticity operates in populations both 

large and small, but fluctuations in population density are expected to scale inversely with the square root 

of population numbers, making smaller populations more susceptible (May 1973, Griffen and Drake 

2008). 

As a result of the combined influence of Allee effects and demographic stochasticity, the 

probability of establishment for a small population colonizing new habitat tends to increase as the initial 

number of individuals in a population increases (Dennis 2002). This relationship has been adopted as a 

general principle in invasion biology, with the introduction of the term “propagule pressure” to be used 

when referring to the number of individuals introduced and/or the number of introduction events that have 

occurred (Colautti et al. 2006). In addition to propagule pressure, environmental conditions and species-

specific traits are also thought to contribute to the success or failure of introduced species (Kolar and 

Lodge 2002). The effects of propagule pressure and local environmental variables are often evaluated 

independently; however, recent studies of invasive plants suggest that propagule pressure can interact 

with local variables to determine the success of introduced populations (Thomsen et al. 2006, Britton-

Simmons and Abott 2008, Eschtruth and Battles 2009). The interaction effects found in these studies 

suggest that decreased abiotic resistance, reflected as disturbance or increased water availability, can 

amplify the effect of propagule pressure, leading to an interaction between propagule pressure and local 

environmental variables (Thomsen et al. 2006, Britton-Simmons and Abott 2008, Eschtruth and Battles 

2009). 

Both local and regional variables can impact how communities respond to regional environmental 

change (Berg et al. 2010, Westley et al. 2010). The acidification of lakes and streams in portions of 



 

 

 90 

eastern North America and central and northern Europe represents a well-studied example of regional 

environmental change that has occurred as a result of human activities (Schindler 1988). Decreased pH 

levels in affected systems caused decreases in species richness and species diversity of zooplankton 

communities (Keller and Pitblado 1984, Marmorek and Korman 1993). Fortunately, the reduction of 

sulphur dioxide and nitrogen oxide emissions throughout the 1960s and 1970s has allowed for pH 

increases in affected systems (Stoddard et al. 1999, Driscoll et al. 2001, Vestreng et al. 2007). As a result, 

zooplankton communities damaged by acidification have started to recover (Yan et al. 2004, Monteith et 

al. 2005, Arnott et al. 2006). Despite pH increases, however, the rate of zooplankton community recovery 

has been slower than expected (Yan et al. 2003; Yan et al. 2004; Arnott et al. 2006; Nedbalová et al. 

2006; Masters et al. 2007). Local factors, including water pH and community resistance, and regional 

factors (dispersal) are thought to contribute to the slow recovery of zooplankton communities (Gray and 

Arnott 2009). 

A recent study by Gray and Arnott (2011a) indicates that the spatial arrangement of lakes on the 

landscape of Killarney Provincial Park is an important predictor of the structure of recovering 

zooplankton communities. This suggests that dispersal levels may vary among lakes within the park, 

producing detectable spatial patterns within the park’s zooplankton communities (Gray and Arnott 

2011a). In addition to variation in dispersal levels, there is also variation in pH levels of the park’s lakes 

due to differences in the extent of the original damage and the rate of pH recovery (Shead 2007). Given 

the difficulty of finding mates at low population densities (Gerritsen 1980), and the sensitivity of many 

zooplankton species to low pH levels, it is reasonable to ask if there is a potential for propagule pressure 

and pH levels to interact in determining the population growth and reestablishment of acid-sensitive 

zooplankton populations within the park.  A population introduced to optimal pH conditions could 

theoretically experience a higher per capita growth rate (r) than a population introduced to suboptimal pH 
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due to pH related differences in birth and death rates (Rundle 1993, Vijverberg et al. 1996, Yin and Niu 

2008). Allee effects could act to exaggerate pH-related differences in r when populations are introduced 

at low initial densities, but would have little effect on r when populations start at high initial densities 

(Figure 4.4.1). The potential for this type of interaction has typically been overlooked by ecologists 

studying the recovery of damaged communities, as well as by invasion biologists that are studying the 

determinants of invasion success for animal species. For this study, we performed field experiments 

coupled with computer simulations to determine if an interaction between local variables and dispersal 

could influence the population growth and establishment of a colonizing species.   

 

Methods 

Enclosure experiments 

To determine if propagule pressure and pH could interact to determine the colonization success of 

acid-sensitive zooplankton populations we conducted an enclosure experiment that simulated the 

recolonization of recovering lakes by two acid-sensitive colonists: the copepod Epischura lacustris and 

the cladoceran Daphnia mendotae. These two species were chosen to represent different life history 

strategies. D. mendotae can reproduce asexually and therefore would be subject to demographic 

stochasticity, but not Allee effects resulting from mate limitation. In contrast, E. lacustris is an obligate 

sexual species vulnerable to both demographic stochasticity and mate limitation.  

 Experiments were conducted using floating enclosures on Carlyle Lake (N46º03’, W81º 17’) in 

Killarney Provincial Park, between July 1
st
 and August 26

th
, 2009. Enclosures were constructed following 

the methodology of Arnott and Vanni (1993). Each enclosure consisted of a 1m diameter cylindrical 

polyethylene tube that was closed off from the lake at the bottom and suspended ~30cm above the water 

surface with a floating wooden frame. Each tube was approximately 1.8m in length and was filled with 
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lake water to a depth of 1.5m (1178L volume). The depth of water in enclosures was selected in order to 

provide a refuge from ultraviolet light penetration. Given dissolved organic carbon levels in Carlyle Lake 

of 3.6mg/L (Shead 2007), the 95% UV attenuation depth should be approximately 0.5m (Williamson et 

al. 1996). Lake water added to enclosures was filtered consecutively through an 80µm and then 50µm 

mesh to remove crustacean zooplankton. Enclosures were covered with tulle fabric (~1.2mm mesh size) 

to prevent contamination from diapausing eggs transported by waterbirds and to prevent the colonization 

of large aquatic insects. 

In order to test for an interaction between pH and propagule pressure, our experiment employed a 

3x3 factorial design: pH (5, 6, 7) and propagule pressure (low, medium, high). The three pH levels were 

chosen to span the variation in lake water pH in acidified lakes (e.g. Shead 2007). A treatment of pH 6 

was desirable due to strong evidence for a threshold of community change at this pH (Holt and Yan 

2003). To produce the three pH levels needed for the experiments, sulphuric acid or sodium bicarbonate 

slurry was added to decrease or increase the pH levels in each enclosure. The amount of acid or base to 

add to the enclosures was determined by titration and the pH levels in enclosures were subsequently 

measured every 14 days to ensure that they stayed within ±0.2 units of the desired pH. 

In choosing the number of individuals to add for each of the three propagule pressure treatments 

we wanted to use starting population densities low enough to cause Allee effects, but high enough to 

avoid extinction within the timeframe of our experiment. To get a rough estimate of the threshold density 

between extinction and population growth for E. lacustris we calculated the critical density required for 

sexual reproduction (NC) based on the mate finding model by Gerritsen (1980): 
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where R is the finite population growth rate on a daily basis, t is the length of the breeding season (d), v is 

the swimming velocity (m d
-1

), and d is the encounter radius (m). The NC values produced by the model 

are in number of individuals m
-3

, and in theory, the density of individuals introduced must exceed NC to 

avoid extinction (Gerritsen 1980). We calculated high and low critical densities for E. lacustris using two 

different values for R (1.05 and 1.5) and the following parameter values: t=56, v=259 (Wong and Sprules 

1986), and d=3.6x10
-3 

(based on adult body length; Gerritsen 1980, Balcer et al. 1984). R values of 1.05 

and 1.5 were chosen to represent low and high population growth rates since this parameter could vary 

widely depending on environmental conditions. The length of breeding season corresponds to the length 

of the experiment. Given these parameter estimates, the critical density of E. lacustris is expected to fall 

between ~3 and ~8 individuals m
-3

. To include propagule pressure treatments within and above the range 

of NC, 4, 14, and 30 individuals were introduced to 1.5m
3
 mesocosms to produce densities of 3.4, 11.9, 

and 25.5 individuals m
-3

 in low, medium, and high propagule pressure treatments, respectively. The 

experimental design included three replicates for each propagule pressure x pH treatment combination 

and three replicate controls to which no animals were introduced. It should be noted that errors in 

parameter value estimates for swimming speed, detection radius and length of the breeding season could 

lead to overestimates or underestimates of NC (see Gray and Arnott 2011a for a sensitivity analysis of this 

model). In addition, past studies indicate that E. lacustris can produce up to four clutches from a single 

mating (Chow-Fraser and Maly 1988). The number of eggs produced appears to decline significantly with 

each clutch subsequent to the first (Chow-Fraser and Maly 1988), however the production of multiple 

clutches means that Gerritsen’s (1980) model likely overestimates NC for this species. As a result, our 

calculated NC values should only be viewed as a rough estimate. 

Epischura lacustris and Daphnia mendotae used in experiments were collected from McFarlane 

Lake, Sudbury, Ontario (N46º25’, W80º57’). The zooplankton community was sampled on June 30
th
, 



 

 

 94 

2009 using an 80µm conical zooplankton net and live samples were transported to the laboratory for 

sorting. In the laboratory, D. mendotae and E. lacustris individuals were extracted from petri dishes using 

disposable plastic pipettes, and individuals were placed on glass microscope slides in a drop of water. 

Identification of the two species was then confirmed by examination under a dissecting microscope and 

individuals were transferred into 250mL sample containers that had been previously filled with filtered 

(50µm) McFarlane Lake water. To correspond with the three propagule pressure treatments, 4, 14, or 30, 

individuals were placed into the 250mL sample containers during sorting. For E. lacustris, equal numbers 

of males and females were placed in each sample container, while only non-ovigerous female D. 

mendotae were included. D. mendotae that happened to get stuck in the surface tension of the water 

during sorting were pushed down gently with a probe to submerge them, or were replaced if they could 

not be freed.  

 To avoid complications due to inter-species competition, D. mendotae and E. lacustris did not 

share enclosures. As a result, 27 enclosures were required for each of D. mendotae and E. lacustris, while 

3 additional enclosures were used as controls that received no colonists (=57 enclosures total). Enclosures 

were numbered from 1 to 57 and each pH x propagule pressure treatment combination for the two species 

was assigned to an enclosure using a random number generator. D. mendotae and E. lacustris were 

introduced to their enclosures on July 1
st
, 2009 by submerging and opening the 250mL sample containers 

within their assigned enclosures.  

 To determine the impact of propagule pressure and pH on the colonization success of D. 

mendotae and E. lacustris we measured the growth of the introduced populations through time by 

sampling our enclosures after 4, 6, and 8 weeks. No sampling occurred during the first four weeks to 

allow for the reproduction of introduced individuals before harvesting. Sampling at weeks 4 and 6 

consisted of a single vertical haul from the bottom to top of each enclosure using a 30cm diameter 
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zooplankton net. At week 8 we sampled more extensively by taking thirteen, 1.5m vertical hauls from 

each enclosure with a 30cm diameter zooplankton net. Based on the volume of water sampled with our 

nets, and the percentage of the population remaining in the enclosures after each net haul, 12% of the 

existing zooplankton population was sampled at weeks 4 and 6, while 82% was sampled at week 8. 

Estimated population sizes for each enclosure at each sampling date were calculated by dividing the total 

number of individuals captured by the proportion of the water in each enclosure that was sampled with 

our zooplankton nets.  

The per-capita population growth rate (r) of individuals in each of the 54 stocked enclosures was 

determined by calculating the natural logarithm of the estimated population size at each time interval 

(weeks 0, 4, 6, and 8) and fitting a least-squares linear regression model to determine the slope of the line. 

The slope of the semi-logarithmic plot of population size versus time represents r (Gotelli 2001). Zeros 

for weeks 4 and 6 were excluded when fitting the regressions because the natural logarithm of 0 could not 

be calculated. In addition, the failure to collect individuals at weeks 4 and 6 was assumed to be a 

reflection of the low probability of detection with one vertical net tow since individuals were often 

collected from the same enclosures at subsequent sampling dates. As a consequence of excluding zero 

values at week 4 and 6, overall r for some enclosures was estimated based on the starting population size 

and the abundance estimates at 1 or 2 collection dates rather than 3. To meet the assumptions of normality 

for planned statistical tests, the datasets of r values for D. mendotae and E. lacustris were square root +1 

transformed (lilliefors tests; p-values>0.05 after transformation). Both datasets were also tested for 

homogeneity of variances using Levene’s test (p>0.05 in both cases). A factorial analysis of variance 

(ANOVA) was then conducted separately for each species to determine if r differed significantly among 

propagule pressure treatments or pH treatments, and if variation among treatments was based on an 
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interaction between propagule pressure and pH. ANOVAs were followed by post-hoc Tukey Honestly 

Significant Different (HSD) tests to determine where significant differences existed.  

 

Modeling the effects of mate limitation and environmental conditions on r 

To assist with the interpretation of the results from our enclosure experiment, we explored the 

combined impacts of environmental conditions and mate limitation on the growth of introduced 

populations using a mate limitation model developed by Gerritsen (1980): 

  
  

 
    ,  

where Z is the rate of mate encounter, d is the encounter radius (m), n is the density of individuals in the 

environment (number m
-3

), and v is the swimming velocity of the animals (m d
-1

). The probability of an 

individual mating (P) can then be described by the asymptotic function   

P = 1-e
-Zt 

,
 

where t is time in days (Gerritsen 1980). The model assumes that animals are homogeneously distributed 

and swim randomly in the water column to find mates. Given the above model, the per capita growth rate 

(r) at each time step can be calculated as 

           

where β is the per capita birth rate and δ is the per capita death rate. Note that Pt changes through time as 

the size of the population increases or decreases. Population growth was modeled using the discrete-time 

analog of the logistic model: 

           [ (  
  

 
)] 

N is the population size at time t, r is the per capita growth rate, and K is the carrying capacity. The 

parameter values for the mate finding model match those we used for calculating critical densities for E. 

lacustris above (d=3.6x10
-3

, v=259).  
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Using the model described in the previous paragraph it is possible to explore the combined effects 

of environmental conditions and mate limitation on population growth by assuming that birth rates (β) 

and death rates (δ) differ dependent on the environment inhabited by an introduced population. This 

assumption is justified for environments with differing pH levels because previous studies have 

demonstrated that pH levels can influence both β and δ, especially for acid-sensitive species (Keller et al. 

1990, Locke 1991, Havens 1993, Rundle 1993, Vijverberg et al. 1996, de Eyto and Irvine 2001,Yin and 

Niu 2008). Our goal was to determine if the results of our enclosure experiments could be mirrored in our 

simulations given realistic parameter values for β and δ. To achieve this goal, we matched all parameters 

in our model to those in our enclosures including the starting population sizes for each treatment (4, 14, 

and 28) and the volume of the habitat (enclosures=1.5m
3
). We then determined the relationship between r 

and time given values of β between 1 and 7 for mated females assuming a δ of 0.05. In addition, we 

determined the relationship between r and time given values of δ between 0.01 and 0.1 assuming a β of 3 

for mated females. We assumed that the population growth in enclosures followed the standard logistic 

model with carrying capacities (K) set at 150, 500, or 1000 individuals per enclosure. These carrying 

capacities were selected to represent the range of densities of E. lacustris found in a recent survey of 

zooplankton communities in Killarney Park (Shead 2007). The range of β values was chosen based on 

cumulative egg production estimates in a laboratory study that suggested β for E. lacustris could range 

between 0.05 and 7 (Schulze and Folt 1990). The range of δ values was based on survivorship of E. 

lacustris in laboratory experiments that suggested δ can vary between roughly 0.06 and 0.1 (Chen and 

Folt 1993). For each combination of β and δ our simulated communities were “sampled” by determining 

the projected population sizes at 4, 6, and 8 weeks. We calculated the realized r values from our 

simulations using the same method described for our enclosure experiments to determine which values of 

β, δ, and K could produce results similar to those found in our enclosure experiments. It is important to 
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note that errors in parameter value estimates for swimming speed and the detection radius in our model 

can lead to inaccuracies in the estimates of β, δ, and K experienced by populations in our enclosures. 

Therefore, the parameter values for β, δ, and K that best reflect the results of our enclosure experiments 

should only be viewed as rough estimates of the true population parameters. 

 

Simulating growth and extinction of mate-limited populations 

 To determine the possible consequences of the differing per-capita population growth rates for E. 

lacustris that were found in our enclosure experiments, we ran simulations using the R programming 

language (R Development Core Team 2009). While our enclosure experiments were designed to test the 

combined impacts of pH and propagule pressure at the individual level through changes to r, this 

simulation was designed to explore how differences in r combined with stochastic population growth 

could influence the probability of extinction at the population level. These simulations were designed to 

determine the probability of extinction for a population of four individuals introduced into a lake of pH 5, 

6, or 7 based on the r values obtained from the low propagule pressure treatments in our experiments. The 

program simulated stochastic exponential population growth over a 90 day reproductive season using an 

algorithm from Renshaw (1991, p.38). Although the simulations were run for 90 days, the highest 

probability of extinction occurred at the beginning of the simulations when population sizes were small. 

Once the population size surpassed approximately 90 individuals the probability of extinction was <1% 

(D. Gray, unpublished data). Because E. lacustris females do not carry their eggs, we were not able to 

estimate birth (β) and death rates (δ) from our experiments using the egg ratio method (Paloheimo 1974). 

Therefore, when running our simulations we used combinations of β and δ that produced the r values 

obtained in our experiments (β-δ=r). Death rates used ranged from 0.05 to 0.9. Simulations were repeated 

1000 times for each δ, and the percentage of populations reaching extinction was calculated. These 
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simulations allowed us to establish a relationship between r, δ, and the probability of extinction for a 

small population of E. lacustris introduced into a lake with a pH of 5, 6, or 7. 

 

Colonization patterns of zooplankton in Killarney Park 

 To determine if seasonally parthenogenetic species might recolonize recovering lakes faster than 

sexual species we analyzed changes in planktonic zooplankton species richness for 45 lakes in Killarney 

Provincial Park by comparing datasets collected near the peak of acidification in 1972-73 (Sprules 1975) 

and during chemical recovery in 2005 (Shead 2007). The average change in species richness per lake was 

calculated for cladocerans and copepods, as well as for calanoid and cyclopoid copepods separately. To 

determine if differences in recovery patterns among groups could be caused by differences in the number 

of species in each group, or the relative rarity of the species in each group, the total number of species 

present in the 45 lakes for each group, and the average percentage of the 45 lakes occupied by each 

species in each group, were also calculated.  

 

Results 

Enclosure experiments 

 Samples collected at the end of our eight week experiment revealed that Daphnia mendotae and 

Epischura lacustris individuals were present in 25 of 27 and 24 of 27 enclosures, respectively. The five 

enclosures that did not contain introduced populations at the end of the experiment were replicates of the 

low propagule pressure pH 5 treatment combination. Populations introduced into pH 5 enclosures 

declined in size over the course of the experiment and showed no evidence of reproduction, while those in 

pH 6 and 7 enclosures increased through time (Figure 4.4.2). Rotifers and small copepods (Microcyclops 

sp.) were detected in control enclosures from the first sampling period onward. These small taxa likely 
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passed through filter mesh when enclosures were initially filled. D. mendotae and E. lacustris were not 

detected in control enclosures throughout the course of the experiment. 

 Results of a factorial analysis of variance for introduced D. mendotae populations revealed a 

main effect based on pH (Table 4.1; Figure 4.4.3a). Follow-up Tukey HSD tests revealed that r was 

significantly lower for populations introduced into pH 5 enclosures compared to those in pH 6 and 7 

enclosures, but there was not a significant difference in r between pH 6 and pH 7 treatments. Results of a 

factorial analysis of variance for E. lacustris populations revealed significant main effects of pH and 

propagule pressure, as well as a pH x propagule pressure interaction effect (Table 4.1; Figure 4.4.3b). The 

presence of an interaction indicates that r for E. lacustris populations differed among pH treatments 

dependent on the level of propagule pressure. Follow up Tukey HSD tests indicated that there were no 

significant differences in r among E. lacustris populations introduced to pH 6 and 7 enclosures at medium 

and high propagule pressure (p-values>0.05). However, for E. lacustris populations colonizing pH 6 

enclosures, those introduced at low propagule pressure had a significantly lower r compared to those 

introduced at medium and high propagule pressure (p-values<0.05). For E. lacustris populations 

colonizing pH 7 enclosures, those introduced at low propagule pressure had significantly lower r values 

compared to those that were introduced at high propagule pressure (p<0.05), but the difference was not 

significant when comparing populations introduced at low and medium propagule pressure (p>0.05). 

Populations introduced into pH 5 enclosures at all propagule pressure levels had a significantly lower r 

compared to those introduced into pH 6 and 7 enclosures (p-values <0.05), but there were no significant 

differences among populations introduced to pH 5 enclosures based on propagule pressure (p-

values>0.05). 
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Modeling the effects of mate limitation and environmental conditions on r 

Results from our modeling exercise that explored the combined impacts of environmental 

conditions and mate limitation on the growth of introduced populations revealed that the results of our 

enclosure experiments for E. lacustris could be obtained using realistic per capita birth (β) and death (δ) 

rates. One set of parameters that produced results similar to those in Figure 4.4.3 were as follows: A 

carrying capacity of 150 individuals per enclosure, β= 0, 2, and 2, and δ= 0.0467, 0.0467, and 0.0410 for 

pH 5, 6, and 7 treatments, respectively. Similar results were obtained if δ remained constant and we 

introduced small differences in β between pH 6 and 7 treatments (results not presented). Note that the 

carrying capacity we selected matches the maximum population size for E.lacustris found in our 

enclosures (Figure 4.4.2). The model results indicate that small differences in the per capita birth or death 

rate can dramatically change the length of time required for a sparse population to overcome Allee effects 

and reach the maximum r (Figure 4.4a vs. 4b). Conversely, small differences in δ or β have little effect on 

the trajectory of r when populations are stocked at higher initial densities (Figure 4.4a vs. 4b). As a result, 

r values could be similar when comparing dense populations introduced to pH 6 versus pH 7 conditions, 

but significantly different when conducting the same comparison for sparse populations (Figure 4.4).  

 

Simulating growth and extinction of mate-limited populations 

 Results of population growth simulations using r values obtained from our experiments indicate 

that populations of four individuals introduced into a pH 5 or 6 environment had a higher probability of 

extinction than those introduced into an environment with a pH of 7 (Figure 4.5). At a daily per capita 

death rate (d) of 0.05, the percentage of populations reaching extinction was 25 percentage points higher 

for those introduced to pH 6 conditions compared to those introduced to a pH 7 environment (Figure 4.5). 

However, differences in the percentage of populations reaching extinction decreased with increasing d, 
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such that when d=0.9 the percentage of populations reaching extinction was only 3 percentage points 

higher for populations introduced to pH 6 conditions compared to those introduced to an environment at a 

pH of 7 (Figure 4.5). The results of this simulation mirror the extinction probabilities calculated using the 

analytical solution provided by Gotelli (2001, pg. 19). 

 

Colonization patterns of zooplankton in Killarney Park 

 Our analysis of changes in species richness in Killarney Park lakes between 1972-73 and 2005 

revealed that the average increase in the number of species per lake was higher for Cladocera than for 

Copepoda (Table 4.2). The increase in the average number of species per lake was 2.7 times higher for 

Cladocera than for Copepoda, while there were only 1.4 times as many cladoceran species in the park as 

copepod species (Table 4.2). The species richness of Cyclopoida increased between 1972-73 and 2005, 

while the species richness of Calanoida decreased. The average percentage of the 45 survey lakes 

occupied by species in each of the four groups was similar, ranging from 23.5-28.4% (Table 4.2). 

 

Discussion 

 The results of our enclosure experiment suggest that an interaction between propagule pressure 

and local environmental conditions can influence the population growth of a sexual species that is 

colonizing new habitat. Epischura lacustris populations introduced at low propagule pressure had a 

significantly lower r compared to those introduced at higher propagule pressures, suggesting that an Allee 

effect caused by mate limitation likely occurred in our experiment. The detection of an Allee effect alone 

is not surprising, as it has been documented in other copepod species (Sarnelle and Knapp 2004, Kramer 

et al. 2008). However, we also detected an interaction between pH and propagule pressure when 

comparing r values amongst E. lacustris populations. This interaction between propagule pressure and a 
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local variable has not been previously documented for zooplankton species, and it indicates that the 

magnitude of the Allee effect observed in our experiments depended on the pH of the recipient 

enclosures.    

The propagule pressure x pH interaction detected in our enclosure experiments for E. lacustris 

indicated that there was a disproportionate effect of propagule pressure on r in the pH 6 treatment 

compared with the pH 7 treatment. This relationship could be explained if the per capita birth (β) or death 

(δ) rates were directly or indirectly influenced by the pH levels in our enclosures. There is evidence in the 

literature that pH levels can affect egg viability (Vijverberg et al. 1996, Yin and Niu 2008), clutch size 

(Rundle 1993), egg development time (de Eyto and Irvine 2001) and overall population growth rate 

(Hooper et al. 2008, Yin and Niu 2008) for various zooplankton species. Changes to any of these 

parameters could potentially affect β. There is also a preponderance of evidence indicating that pH levels 

can affect δ, especially for acid-sensitive species (Keller et al. 1990, Locke 1991, Havens 1993). The 

effects of pH on β or δ would not have to be large, as our modeling exercise indicated that small 

differences in β or δ can cause dramatic differences in r when a sexually reproducing population is 

introduced at low density (Figure 4.4). It is unclear from our experiments whether the interaction between 

pH and propagule pressure that we detected was a result of changes to the birth rate, death rate, or both. 

However, E. lacustris was selected for our experiments because it is a considered to be sensitive to 

acidification and is typically absent from acidified lakes (Gray and Arnott 2009). Therefore, it is likely 

that low pH levels would have some impact on demographic parameters for this species.  

 For populations of Daphnia mendotae introduced to our enclosures, r differed significantly 

according to the pH treatment, but not according to propagule pressure treatment. This was not surprising, 

as this species has been found to be particularly sensitive to acidic conditions in both field and laboratory 

studies (Keller et al. 1990, Havens 1993), and there were no a-priori reasons to expect that the density of 
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D. mendotae populations would influence per capita population growth rates. These results suggest that in 

systems where dispersal may be limited, such as Killarney Park (Gray and Arnott 2011a), the 

reestablishment of seasonally parthenogenetic species should occur more rapidly than for sexual species 

that need to locate mates. Although seasonal parthenogens may be limited by the need to produce sexual 

resting eggs to overwinter successfully, asexual reproduction after initial colonization increases the 

likelihood that they will surpass the critical density required for sexual reproduction before inhospitable 

conditions set in (Drake 2004). Our comparison of changes in species richness for 45 lakes in Killarney 

Provincial Park provides some anecdotal evidence that recovery may occur more slowly for copepods 

than for cladocerans. Nearly one additional cladoceran species on average colonized the 45 survey lakes 

between 1972-73 and 2005, but only 0.35 additional copepod species were added to each lake (Table 4.2). 

Furthermore, an average of 0.42 cyclopoid species was added to each of the 45 lakes, while calanoid 

species richness actually decreased slightly (Table 4.2). The average percentage of the 45 lakes occupied 

by each species in the four groups (copepods, cladocerans, cyclopoids, calanoids) was similar, suggesting 

that relative rarity was not responsible for the differences among groups (Table 4.2). The fact that 

cyclopoid species richness increased while calanoid species richness did not is an important observation 

because cyclopoids are capable of sperm storage (Thorp and Covich 1991), and therefore may be less 

affected by difficulties related to mate acquisition. It is important to stress that we do not really know 

what factors are driving these patterns. It is possible that calanoid copepods may be poor dispersers 

compared with cladocerans and cyclopoids (Cáceres and Soluk 2002, Allen 2007, Frisch and Green 

2007). Their establishment may also be hindered by simple Allee effects rather than a complex interaction 

between propagule pressure and pH levels. Nevertheless, the results of our enclosure experiment, our 

simulations, and the patterns of recovery in Killarney Park, all suggest that the recovery of calanoid 

copepod populations in acid-damaged lakes may be particularly difficult. 
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 Although our enclosure experiments focused on the combined influence of pH and propagule 

pressure at the individual (per capita) level, our stochastic population growth simulations demonstrate that 

differences in r caused by this interaction translate into differences in the probability of establishment at 

the population level. The results of our simulations aimed at determining the probability of extinction for 

Epischura lacustris introduced at low propagule pressure to pH 5, 6, and 7 conditions suggests that a 

population introduced to pH 5 or 6 water is more likely to go extinct than a population introduced to pH 7 

water (Figure 4.5). This relationship occurs because Allee effects can exaggerate small differences in r 

between different environments when populations are introduced at low densities (Figure 4.4). 

Differences in r can then have significant impacts on the probability of extinction since higher r values 

allow for a faster escape from low population sizes that leave a population vulnerable to extinction caused 

by demographic stochasticity (Grevstad 1999). Since this simulation used growth rates calculated from 

our enclosure experiment, the specific probabilities of extinction are probably only relevant to those 

conditions found in our enclosures. For example, nutrient concentrations, food quality and quantity, 

competition, predation, and other local environmental variables will influence r (Kilham et al. 1997, 

Makino et al. 2002). Nevertheless, these simulations suggest that, in general, a higher number of 

individuals may be required at pH 6 to produce the same probability of establishment as a smaller 

population at pH 7. 

Based on the results of our enclosure experiments, we propose that an Allee effect resulting from 

mate limitation is the likely mechanism behind the propagule pressure x pH interaction detected in our 

enclosure experiments. The interaction we have proposed works at the individual level by affecting per 

capita growth rates. However, it is important to point out that the relationship between r and the 

probability of extinction discussed in the previous paragraph is applicable to populations undergoing 

either sexual or parthenogenetic reproduction. Populations with higher r values are less likely to reach 
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extinction caused by demographic stochasticity compared with those that have lower r values, regardless 

of the mating system (Grevstad 1999). Therefore, it is likely that propagule pressure x environmental 

variable interactions also occur for parthenogenetic species. Instead of occurring at the individual level 

with mate limitation as the mechanism, and r as the response variable, this interaction could occur at the 

population level with demographic stochasticity as the mechanism, and the probability of extinction as the 

response variable. Because demographic stochasticity is the expected driver of extinction in an asexual 

population the probability of extinction would decrease exponentially with increasing population size as 

opposed to in a sigmoidal manner as occurs in mate-limited populations (Dennis 2002, Kramer and Drake 

2010). This type of interaction can be explored using computer simulations, but would be more difficult 

to test in the laboratory or field due to the large number of replicate populations required to accurately 

measure extinction probabilities. 

Our enclosure experiment combined with our population growth simulations suggest that the 

probability of an acid-sensitive calanoid copepod establishing in a recovering lake is influenced by both 

dispersal levels and water pH. This indicates that it would be unlikely for a calanoid copepod species to 

establish in an isolated lake that is early in the process of chemical recovery (i.e. crossing the pH 6 

threshold) if both dispersal and pH levels are suboptimal. As the pH of this hypothetical isolated lake 

increases, the probability of establishment would also increase until at some threshold pH, r will be 

positive, and establishment will be possible (Figure 4.4.1). If this scenario does in fact reflect reality then 

it is tantalizing to speculate that the extra time required for pH levels to increase from those adequate for 

survival (~6.0 for many species; Holt and Yan 2003) to those needed to overcome Allee effects, could be 

responsible for the time lag in community recovery documented in many studies (Keller and Yan 1998). 

However, the time lags observed in past studies have included the entire zooplankton community, not just 

copepods (Keller and Yan 1998), and therefore it is likely that a number of variables, including low 
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overall dispersal levels, contribute to this phenomenon. From a management perspective, our results 

suggest that augmentation of dispersal levels could expedite the recovery of calanoid copepod populations 

damaged by a press-type stressor (Sarnelle and Knapp 2004, Kramer et al. 2008).  Given the interaction 

between propagule pressure and pH for E. lacustris, our results also suggest that the augmentation of 

dispersal is needed most during the early phases of pH recovery when pH has increased to a level 

adequate for survival, but the probability of establishment for a small calanoid copepod population is low. 

Unfortunately, human-mediated dispersal would carry the risk of increasing dispersal rates for invasive 

species, such as Bythotrephes longimanus, that have already invaded many recovering lakes (Strecker and 

Arnott 2005). Further reductions in acidifying emissions would also increase the rate of recovery for acid-

sensitive species as it would allow the pH levels in affected lakes to increase more rapidly. The recovery 

of damaged communities in some lakes may be entirely dependent on future emissions, as critical loads 

are still exceeded for hundreds of lakes in eastern North America and current acid deposition reduction 

scenarios suggest that the pH and acid neutralizing capacity of many lakes will not fully recover by 2030 

(Clair et al. 2007). 

Throughout this study we have focused on the importance of zooplankton dispersal that occurs 

across the landscape; however, there is evidence that many species can also “disperse” through time via 

the diapausing egg bank (Binks et al. 2005, Gray and Arnott 2009). Calanoid copepods can produce 

diapausing eggs that remain viable for decades in lake sediments (Hairston et al. 1995). Therefore, the 

recolonization of acid-damaged lakes may occur from both internal and external sources (Keller and Yan 

1998). In the case of long-term disturbances, such as acidification, hatching may be limited due to egg 

burial or low egg viability (reviewed in Gray and Arnott 2009). However, individuals that do hatch from 

the egg bank would likely combine with those entering recovering lakes via overland dispersal. As a 

result, it is not necessarily true that an isolated lake will receive few colonists if hatching rates for 
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diapausing eggs are high. Depending on the density of animals achieved with contributions from the egg 

bank and overland dispersal, we expect that population growth rates and extinction probabilities for the 

resulting populations will be influenced by the same propagule pressure x pH interaction we detected in 

our enclosure experiments.  

 Although our study focused on the reestablishment of a zooplankton species following the 

recovery of acid-damaged lakes, we believe that our results may apply to the introduction and 

establishment of species in general. Several studies with plants have identified an interaction between 

propagule pressure and a local environmental variable in determining the establishment success of an 

introduced species (Thomsen et al. 2006, Britton-Simmons and Abott 2008, Eschtruth and Battles 2009). 

We could find no animal studies that have documented this type of interaction at the individual level, 

however, we believe that it is likely to occur when there is high variation in a particular environmental 

variable among systems, and that environmental variable is correlated with r. Examples that may or may 

not warrant study include Dreissenid mussels and calcium concentrations (Hincks and Mackie 1997) and 

the introduced amphipod Echinogammarus ischnus and conductivity (Kestrup and Ricciardi 2010), 

among many others. We are aware that the relationships we describe in this paper between organism 

density and mating success, environmental variables and r, and r and the probability of extinction, all 

derive from well known, very basic ecological models. However, we could find no studies that 

documented the consequences of these relationships in terms of the potential interaction between 

environmental variables and dispersal. We hope that the evidence from our enclosure experiments 

coupled with the results of our simple simulations will encourage other researchers to look for similar 

patterns in other introduced populations. Ultimately, understanding the interplay between propagule 

pressure and local environmental variables could improve modelling and management efforts for both 

native and introduced populations.  



 

 

 109 

Table 4.1. Results of a factorial analysis of variance conducted to determine if per capita growth rate 

differed significantly among pH and propagule pressure treatments in an eight week enclosure 

experiment. The per capita growth rate was calculated using population data collected at weeks 0, 4, 6, 

and 8 of the experiment (see methods for more information). 

 

Dependent 

variable 

Source Degrees of 

freedom 

Sum of 

squares 

Mean 

square 

F-value p-value 

Per capita 

growth rate of 

D. mendotae 

pH 2 0.0051 0.0025 69.2 <0.001 

Propagule pressure 2 0.0002 0.0001 2.8 0.085 

pH x propagule 

pressure 

4 0.0001 0.00003 0.8 0.544 

Error 18 0.0006 0.00004   

Per capita 

growth rate of 

E. lacustris 

pH 2 0.0052 0.0026 302.5 <0.001 

Propagule pressure 2 0.0002 0.0001 15.7 <0.001 

pH x propagule 

pressure 

4 0.0005 0.0001 14.5 <0.001 

Error 18 0.0001 0.00001   
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Table 4.2. Patterns of planktonic zooplankton recovery in Killarney Provincial Park. The average change 

in species richness per lake for each group was calculated using zooplankton data for 45 lakes collected in 

1972-73 and 2005.  The average percentage of lakes occupied by each species was based on data from the 

2005 survey. 

Attribute Copepoda Cladocera Cyclopoida Calanoida 

Avg. change in richness per lake 72-05 0.35 0.95 0.42 -0.07 

Total number of species (both surveys) 15 17 7 8 

Avg. % of lakes occupied by each species 26.1 24.4 28.4 23.5 
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Figure 4.1. Conceptual model showing how an interaction between propagule pressure and pH could 

affect the per capita growth rate (r) of an acid-sensitive species. Dashed line – pH 5, solid line - pH 6, 

dotted line - pH 7. Differences in r among pH levels are exaggerated at low propagule pressure due to 

Allee effects, but these differences diminish as the density of an introduced population increases.   
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Figure 4.2. Growth of Daphnia mendotae (a) and Epischura lacustris (b) populations introduced to water 

of pH 5 (dashed line), 6 (solid line), or 7 (dotted line), during an eight week enclosure experiment. 

Populations were sampled at weeks 4, 6, and 8 of the experiment. Population sizes represent averages of 

the three propagule pressure treatments. Error bars represent the standard error of the mean. 
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Figure 4.3. Daily per capita growth rates (r) for Daphnia mendotae (a) and Epischura lacustris (b) 

populations introduced to pH 5, 6, or 7 water at low, medium, or high propagule pressure (± standard 

error). Low, medium and high propagule pressure treatments started with densities of 3.4, 11.9, and 25.5 

individuals m
-3

, respectively.  
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Figure 4.4. Results of a modeling exercise conducted to determine the combined impacts of pH and 

propagule pressure on per capita growth rates (r d
-1

). Panel (a) shows the change in r through time for 

populations introduced at low (filled circles), medium (crosses) and high (open circles) propagule 

pressure to pH 6 conditions (β=2, δ=0.0467). Panel (b) shows the change in r through time for 

populations introduced to pH 7 conditions (β=2, δ=0.0410). The β and δ values used here produce results 

similar to those found in the enclosure experiment. 
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Figure 4.5. Results of a simulation conducted to determine the probability of extinction for Epischura 

lacustris when introduced into water of pH 5 (dashed line), 6 (solid black line), or 7 (dotted line) at a 

density of 3.4 individuals m
-3

. See methods for a description of simulations.  
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Chapter 5 

The role of dispersal levels, Allee effects, and community resistance as 

zooplankton communities respond to environmental change 
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Summary 

1. Worldwide, freshwater zooplankton communities have been subjected to multiple environmental 

stressors including acidification, invasive species introductions, habitat alteration, and climate 

change. Understanding the factors that affect zooplankton community responses in the face of 

environmental change is an important goal if ecologists expect to make predictions regarding the 

impact of current and future stressors. The acidification and recovery of lakes provides a well-

studied example of the impacts of environmental change.  

2. For this study, we conducted field enclosure experiments using zooplankton communities that are 

recovering from the effects of acidification in order to determine if dispersal levels, Allee effects, 

and biotic interactions could influence community responses as pH levels increase. The 

experiment involved the introduction of four acid-sensitive colonist species (Daphnia retrocurva, 

Skistodiaptomus oregonensis, Epischura lacustris, and Tropocyclops extensus) into enclosures 

stocked with recipient communities. The experiment was a factorial design with colonists 

introduced at three starting densities (low, medium, and high) and enclosures being stocked with 

either diverse communities typical of neutral lakes or relatively depauperate communities 

dominated by the acid-tolerant copepod Leptodiaptomus minutus. Per capita growth rates (r) for 

colonist species were measured by sampling communities in enclosures over a 10 week period. 

Factorial ANOVAs were conducted to determine if r differed according to starting densities, 

recipient community type, or their interaction.   

3. Our results indicated that r for the copepods E. lacustris and S. oregonensis were greater when 

introduced at high initial densities, suggesting an Allee effect based on mate limitation. In 

addition, r for S. oregonensis was lower when introduced to acid communities suggesting biotic 
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interactions with the resident community were important for this species. Per capita growth rates 

for T. extensus and D. retrocurva did not differ among treatments.  

4. Synthesis and applications. These results suggest that community response to environmental 

change can be influenced by dispersal, Allee effects, and community interactions. Studies 

evaluating the ongoing recovery of zooplankton communities from acidification, or their response 

to other stressors, should take these factors into account. If rapid community responses are 

desired, dispersal rates for sexual zooplankton species (copepods) may need to be artificially 

increased.  

 

Introduction 

The response of aquatic communities to environmental change can be influenced by both local and 

regional variables (Berg et al. 2010, Westley et al. 2010). Changes to local abiotic conditions, such as 

temperature or water pH, may alter community structure by causing shifts in relative species abundances 

or changes in species composition based on physiological tolerances (Keller and Yan 1998, Cottenie and 

De Meester 2004). Community changes driven by abiotic factors may eventually lead to altered 

competition and predation regimes, resulting in further shifts in community composition attributable to 

ecological processes (Shurin 2000, Cottenie et al. 2003). Regional variables that impact dispersal rates, 

such as habitat connectivity and the vagility of species in the regional species pool, may also be important 

since they can influence the capacity for communities to respond to environmental change (Shurin 2000, 

Shurin and Allen 2001, Cottenie  and De Meester 2004). Low dispersal levels may hinder the ability of 

communities to adapt to changing conditions, while high dispersal levels allow communities to better 

track local conditions (Cottenie and De Meester 2004, Leibold et al. 2004).  
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Dispersal processes are key to providing the “building blocks” of a community for local selective 

forces to act upon (Cottenie and De Meester 2004). However, to gain a better understanding of the true 

contribution of metacommunity processes during environmental change it is necessary to couple 

knowledge of dispersal rates with local population dynamics (e.g. Gray and Arnott 2011b). After 

dispersing to a new environment, the growth and establishment of small introduced populations can be 

affected by both Allee effects and demographic stochasticity (Allee 1931, Grevstad 1999). Allee effects 

occur when there is “a positive relationship between any component of fitness and numbers or density of 

conspecifics” (Stephens et al. 1999). For example, in sexual species reproductive output may depend on 

the availability of suitable mates (Stephens et al. 1999). Demographic stochasticity may also be important 

for small populations as stochastic fluctuations in survival and reproductive rates can increase extinction 

probabilities (Richter-Dyn and Goel 1972, Dennis 2002). While both Allee effects and demographic 

stochasticity are important for sexual zooplankton species, seasonally parthenogenetic species may be 

impacted less by mate limitation due to the opportunity for bouts of asexual reproduction before the 

production of sexual resting eggs (Drake 2004). 

Gaining an understanding of the factors that influence the response of communities to 

environmental change is an important prerequisite to making informed management decisions and 

predictions regarding the impacts of future environmental stressors. The acidification and subsequent pH 

recovery of lakes in the area surrounding Sudbury, Ontario, Canada, provides an ideal system with which 

to evaluate the role of dispersal and local variables as communities respond to a changing environment 

(Gray and Arnott 2011a). Decreased pH levels in many lakes caused decreases in species richness and 

species diversity of zooplankton communities (Marmorek and Korman 1993). Acid-sensitive zooplankton 

species such as Daphnia mendotae, Epischura lacustris, and Skistodiaptomus oregonensis are typically 

absent from acidified lakes (Keller and Yan 1998). Instead, acidic lakes are numerically dominated by the 
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acid-tolerant calanoid copepod Leptodiaptomus minutus (Keller and Yan 1998). Fortunately, reductions in 

sulphur dioxide and nitrogen oxide emissions beginning in the 1950s and 1960s has allowed for pH 

recovery in many lakes (Stoddard et al. 1999). As pH levels have increased ecologists have studied the 

recovery of zooplankton communities intensively (Yan et al. 2004, Monteith et al. 2005, Arnott et al. 

2006).  

Most studies on acidified lakes have found a noticeable time lag in the response of zooplankton 

communities after pH levels have increased (Gray and Arnott 2009). Field experiments have suggested 

that these time lags may occur due to a variety of local factors, including community resistance by acid-

structured zooplankton communities (community resistance hypothesis; Binks et al. 2005). Recent studies 

have also documented spatial structure in recovering zooplankton communities across the landscape, 

suggesting that dispersal could play a role as pH levels change (Valois et al. 2010, Gray and Arnott 

2011a). A recent study by Gray et al. (2011b) also documented Allee effects for the acid-sensitive 

calanoid copepod Epischura lacustris. While these studies provide evidence that both local factors and 

dispersal can influence community change in response to a stressor, they had several limitations. Binks et 

al. (2005) tested community resistance using only one acid-structured recipient community (Swan Lake, 

Sudbury, Ontario), making it difficult to generalize about the importance of this factor. Gray and Arnott 

(2011b) described Allee effects for only one copepod species (E. lacustris), leaving questions about 

whether other acid-sensitive copepod species respond similarly, or if other species might have noticeably 

different Allee thresholds (Gerritsen 1980).  Moreover, Gray and Arnott (2011b) did not provide an 

assessment of how likely Allee effects were to occur given levels of zooplankton dispersal to acidified 

lakes. Finally, past studies were not able to examine the effects of dispersal and community resistance 

together, making it difficult to determine if there could be cumulative or interactive effects of these two 

factors. 
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For this study we conducted a field experiment to test if dispersal levels, community resistance, 

and their interaction could influence the growth and establishment of colonists introduced to communities 

that are responding to environmental changes associated with recovery from regional acidification. This 

study was designed to address some of the shortcomings of past research described in the previous 

paragraph. In order to test the generality of the community resistance hypothesis (Binks et al. 2005), we 

collected four acid-structured and four neutral-structured zooplankton communities from eight different 

lakes for use as recipient communities in experiments. In addition, the influence of Allee effects was 

tested for two additional acid-sensitive copepod species in addition to the previously studied Epischura 

lacustris. Furthermore, the experiment was a full factorial design allowing for an examination of the 

potential cumulative or interactive effects of dispersal and community resistance on the growth and 

establishment of introduced colonists.  Lastly, experimental results were coupled with field data collected 

by Gray and Arnott (2011a) to assess whether dispersal levels measured in the field are likely to lead to 

Allee effects for copepod populations colonizing new habitat. 

 

Methods 

Field enclosure experiments 

To determine if dispersal levels, community resistance, and their interaction could influence the 

growth and establishment of acid-sensitive zooplankton populations we conducted a factorial design field 

enclosure experiment. The experiment involved the introduction of four acid-sensitive species into 

enclosures stocked with recipient communities. There were two recipient community types (acid, neutral) 

and three colonist propagule pressure levels (low, medium, and high). Community types were replicated 

at the lake level by collecting four acid-structured and four neutral-structured recipient communities from 

eight different lakes. In summary, there were 2 community types x 3 propagule pressure levels x 4 
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replicates per community, for a total of 24 experimental enclosures.  A control enclosure was also 

included that contained only filtered lake water. This enclosure allowed us to assess whether 

contamination had occurred during the course of the experiment. Enclosures were numbered from 1 to 25 

and each community type by propagule pressure treatment combination was assigned to an enclosure 

using a random number generator. 

Enclosure experiments were run in Killarney Provincial Park, Ontario. Zooplankton communities 

in many of the park’s lakes were damaged as a result of acidification caused by SO2 and NOx emissions 

from nearby industrial activity (Holt and Yan 2003). Four acid-sensitive species native to the region were 

selected as colonists: Daphnia retrocurva, Epischura lacustris, Skistodiaptomus oregonensis, and 

Tropocyclops extensus (Keller and Yan 1998). D. retrocurva is a cladoceran zooplankton that can 

reproduce parthenogenetically, and therefore would not be hindered by mate availability during 

introduction events. E. lacustris, S. oregonensis, and T. extensus are copepod zooplankton that must 

reproduce sexually, and therefore could be affected by mate limitation when introduced at low densities.  

To select recipient communities representative of those found under acid and neutral conditions, 

we referred to the results of a principal components analysis (PCA) conducted by Gray et al. (In press) 

using data from 45 Killarney Park lakes collected in 2005. The analysis indicated a separation of 

zooplankton communities along PCA axis 1, with most acidic lakes having high axis 1 values and most 

neutral communities having low axis 1 values. Acid communities were dominated by the calanoid 

copepod Leptodiaptomus minutus, while neutral communities had a more even mix of species (Gray et al., 

In press). We selected four lakes with low PCA axis 1 scores (neutral communities) and four with high 

PCA axis 1 scores (acidic communities) for use as recipient communities in our experiments (Table 1). 

Zooplankton community data collected in 1990, 2000, and 2005, suggested that our four colonist species 
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were not present in the eight study lakes we selected (Sprules 1975, Holt and Yan 2003, Gray et al., In 

press). 

Experiments were conducted using floating enclosures on Carlyle Lake (N46º03’, W81º 17’) in 

Killarney Provincial Park, between June 3
rd

 and August 5
th
, 2010. Enclosures were constructed following 

the methodology of Arnott and Vanni (1993). Each enclosure consisted of a 1m diameter cylindrical 

polyethylene tube that was closed off from the lake at the bottom and suspended ~30cm above the water 

surface with a floating wooden frame. Each tube was approximately 1.8m in length and was filled with 

lake water to a depth of 1.5m (1178L volume). Lake water added to enclosures was filtered consecutively 

through an 80µm and then 50µm mesh to remove crustacean zooplankton. Enclosures were covered with 

tulle fabric (~1.2mm mesh size) to prevent contamination from diapausing eggs transported by waterbirds 

and large insects. 

Recipient communities were collected from 8 lakes (4 acid-structured and 4 neutral-structured; 

Table 1) and added to enclosures on May 26
th
 and 27

th
. Three vertical zooplankton hauls (one for each 

propagule pressure treatment) were collected from each lake using a 35cm diameter, 50µm, mesh size 

zooplankton net. In order to stock the enclosures with an ambient density of zooplankton, each net haul 

was pulled from 16m depth so as to sample ~1.5m
3
 of water. Zooplankton collected from each haul were 

placed in ~2L of lake water in a Nalgene container for transport to enclosures on Carlyle Lake. Recipient 

communities were released into their assigned enclosures by partially submerging the Nalgene containers 

and opening them at the air:water interface.  

When introducing colonist species to our enclosures, we aimed to choose population sizes that 

were low enough that sexual species might experience Allee effects but high enough to avoid extinction. 

To calculate a rough approximation of the density of individuals required to meet this goal we calculated 

critical densities using a mate finding model from Gerritsen (1980) that is described in Appendix 6. 
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Estimated critical densities ranged between ~2-6, ~3-9, and ~6-245 m
-3

 for E. lacustris, S. oregonensis, 

and T. extensus, respectively. The wide range for T. extensus resulted from uncertainty regarding its 

swimming speed (see Appendix 6). To achieve densities within the calculated range for these species, we 

introduced 4, 8, and 16 individuals to our low, medium, and high propagule pressure treatments, 

respectively. Given that each mesocosm contained ~1.5m
-3

 of water, this resulted in initial densities of 

3.4, 6.8, and 13.6 individuals per cubic meter, for low, medium, and high treatments, respectively. It is 

important to note that NC values calculated using this method should be viewed only as very rough 

estimates since behavioural and physiological processes can significantly alter estimates of critical density 

(Kramer et al. 2011).  

Colonist species used for experiments were collected from nearby lakes where they had been 

found during past surveys. Daphnia retrocurva was collected from Richard Lake (N46º26’, W80º55’), 

and E. lacustris, S. oregonensis, and T. extensus were collected from Tyson Lake (N46º07’, W 81º07’). 

The zooplankton communities of both lakes were sampled on June 2
nd

, 2010 using an 80µm conical 

zooplankton net and live samples were transported to the laboratory for sorting. In the laboratory, colonist 

species were extracted from petri dishes using pipettes, placed on glass microscope slides in drops of 

water, identified under a dissecting microscope, and transferred into 250mL sample containers that had 

been previously filled with filtered (50µm) lake water. To correspond with the three propagule pressure 

treatments, 4, 8, or 16, individuals were placed into the 250mL sample containers during sorting. For E. 

lacustris and S. oregonensis, equal numbers of males and females were placed in each sample container. 

Due to their speed and small size, individual T. extensus could not be sexed, and were therefore placed in 

containers at the existing sex ratio. Ovigerous female D. retrocurva were excluded. E. lacustris, S. 

oregonensis, and T. extensus were added to enclosures on June 2
nd

, while D retrocurva individuals were 

introduced on June 3
rd

.  
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The growth of the introduced colonist populations was monitored through time by sampling our 

enclosures after 4, 6, 8, and 10 weeks. No sampling occurred during the first four weeks to allow for the 

reproduction of introduced colonists. Sampling at weeks 4, 6, and 8 consisted of a single vertical haul 

from the bottom to top of each enclosure using a 30cm diameter 80µm zooplankton net. More extensive 

sampling was conducted at week 10 by taking thirteen, 1.5m vertical hauls from each enclosure with a 

30cm diameter 80µm zooplankton net. Given this sampling scheme, approximately 12% of the existing 

zooplankton population was sampled at weeks 4, 6, and 8, while 82% was sampled at week 8.  

 

Data analysis 

The per-capita population growth rate (r) of colonists species in each of the 27 stocked enclosures 

was determined by calculating the natural logarithm of the estimated population size at each time interval 

(weeks 0, 4, 6, 8, and 10) and fitting a least-squares linear regression model to determine the slope of the 

line. The slope of a semi-logarithmic plot of population size versus time represents r (Gotelli 2001). Zeros 

for weeks 4, 6, and 8 were excluded when fitting the regressions since the failure to collect individuals on 

those dates was assumed to be a reflection of the low probability of detection with one vertical net tow 

(individuals were often collected from the same enclosures at subsequent sampling dates).  

To analyze the structure of the recipient zooplankton communities added to our enclosures, and to 

ensure that recipient communities did not contain colonist species before the start of the experiment, 

zooplankton samples were collected from enclosures before the start of the experiment (June 1
st
) using a 

15cm diameter zooplankton net. Community structure was analyzed using principal components analysis 

(PCA). PCA is a linear ordination technique that allows for the visualization of the differences among 

communities along the most variable axes. The data used for the PCA included a survey of 45 lakes 

conducted in 2005 (Gray et al. In press), as well as the data that were collected from the eight 
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communities introduced to our enclosures. Species abundances were Hellinger-transformed to reduce the 

influence of rare species (Legendre and Gallagher 2001). The PCA was conducted on the species 

covariance matrix using the pca function in the labdsv package for R (Roberts 2010). To aid with the 

interpretation of the PCA biplot, lakes were divided into three categories based on their acidification 

histories and current pH levels as determined by water chemistry data collected in 1972-73 and 2005 

(Gray et al., In press): 1) Circumneutral lakes have always had a pH >6; 2) Recovered lakes dropped to 

<6 during acidification but have subsequently recovered; 3) Acidic lakes currently remain at pH levels < 

6.   

A factorial analysis of variance (ANOVA) was conducted separately for each of the four colonist 

species to determine if r differed significantly among propagule pressure treatments or between 

community types, and if variation among treatments was based on an interaction between propagule 

pressure and community type. ANOVAs were followed by post-hoc Tukey Honestly Significant Different 

(HSD) tests to determine where significant differences existed. Assumptions of normality were violated 

for r in D. retrocurva, S. oregonensis, and T. extensus (Shapiro-Wilk’s Test, p-values>0.05) and 

transformation of r for each species failed to yield a normal distribution. Since ANOVA is robust to 

violations of normality when sample sizes are equal we chose to present the factorial ANOVA results for 

these species. However, we also conducted permutation tests intended for factorial ANOVA designs that 

do not require the assumption of normality. The test recommended by Manly (2007) allows for the 

unrestricted permutation of data over all cells in the experimental design. The permutation procedure was 

repeated 5000 times for each species to provide a distribution of F-values that could occur under the null 

hypothesis. The F-value calculated from our experimental data (Fexp) was then compared with the F-

distribution obtained from the resampling approach to determine the percentage of replications under 

which the resampled F exceeded Fexp. The percentage of replications that exceed Fexp represents the 
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probability of obtaining Fexp assuming that the null hypothesis is true (similar to the p-value in a 

conventional ANOVA). The assumption of homogeneity of variances for r was met for all four colonist 

species (Levene’s test, p-values>0.05). 

 

Measured dispersal levels and the potential for Allee effects 

 Although our enclosure experiments provided the opportunity to document Allee effects and 

estimate Allee thresholds, this information alone does not allow for a determination of whether Allee 

effects are likely to occur given natural dispersal rates. To assess the likelihood that our study species 

might experience Allee effects during the colonization of new habitat, we used dispersal data collected by 

Gray and Arnott (2011a). In this previous study we measured overland dispersal of zooplankton to four 

lakes in Killarney Provincial Park from May-August 2009. Fifteen small (0.85m
2 
surface area) plastic 

bins were placed ~10m from the shoreline of each of the study lakes and were sampled every 10 days to 

collect incoming zooplankton. Over 110 days we collected only 19 adult copepods (Leptodiaptomus 

minutus and Macrocyclops albidus) and 2 unidentified copepod nauplii (Gray and Arnott 2011a). 

However, given the small surface area of the plastic bins it is likely that other species were dispersing 

across the landscape but were not sampled. In order to determine the probability that our study species 

were dispersing at high enough levels to overcome Allee effects, but were not captured by the traps due to 

their small surface area, we made two simplifying assumptions: 1) zooplankton dispersing across the 

landscape rain down uniformly on the surface of recipient lakes; 2) the arrival of individuals through time 

follows a Poisson distribution, 

     
     

  
 

where p(x) is the probability of x occurrences in a particular time frame given an expected number of 

occurrences, λ. The expected number of occurrences per season was determined by calculating the 
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number of individuals that would need to rain down on each of the four study lakes used by Gray and 

Arnott (2011a) in order to achieve densities ranging from 1 to 15 individuals m
-3 

in the epilimnion and 

then scaling this down to the surface area of the 15 bins used at each lake. Using the dpois{stats} function 

in R, we then calculated the probability of zero occurrences per season of our study species (x=0) in all 15 

traps used at each lake assuming that individuals were raining down at the expected number of 

occurrences (dispersal rates) required to achieve the aforementioned densities (1-15 individuals m
3
). 

Although these calculations rely on a simplistic conception of overland dispersal, this method allowed us 

to assess if Allee effects might be a common or rare phenomenon for our study species in Killarney Park.   

 

Results 

Samples collected from our enclosures prior to the introduction of colonists revealed that the recipient 

communities within our enclosures were representative of acid-structured and neutral-structured 

communities found in Killarney Park (Fig. 1). Acid communities were dominated by Leptodiaptomus 

minutus, while neutral communities had a variety of acid-sensitive species (Fig. 1). Epischura lacustris 

was found in the recipient communities collected from George Lake, and therefore the E. lacustris data 

obtained from the three enclosures that contained this community were not used in analyses. None of the 

four colonist species were found in our control enclosure consisting of filtered lake water. 

Over the course of the experiment E. lacustris, S. oregonensis, and T. extensus populations 

experienced positive growth rates, while D. retrocurva populations experienced negative growth rates 

(Fig. 2). Of the 24 introduced populations for each species, there were 6, 0, 5, and 17 extinctions for E. 

lacustris, S. oregonensis, T. extensus, and D. retrocurva, respectively. All extinctions for E. lacustris 

occurred in the low propagule pressure treatments, while no consistent patterns of extinction occurred for 

T. extensus and D. retrocurva.     
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 Results of the factorial ANOVAs using data on per-capita growth rates for each species found 

significant main effects for E. lacustris and S. oregonensis (Table 2). For E. lacustris, r differed 

significantly among propagule pressure treatments, but not according to community type (Table 2). 

Follow-up Tukey HSD tests indicated that r was significantly higher for E. lacustris in the high propagule 

pressure treatment compared with the low propagule pressure treatment (p<0.05), but differences between 

low and medium and medium and high propagule pressure were not significant (p>0.05). For S. 

oregonensis, r differed according to both propagule pressure and community type (Table 2). Follow-up 

Tukey HSD tests indicated that r was significantly higher in medium and high propagule pressure 

treatments than in low propagule pressure treatments (p-values<0.05), but r did not differ significantly 

between medium and high propagule pressure treatments (p>0.05). For T. extensus and D. retrocurva 

there were no significant differences in r based on either community type or propagule pressure (Table 2). 

Results of permutation tests designed for factorial experiments mirrored the results found in our 

parametric ANOVAs (Table 2). 

 Calculations using data from Gray and Arnott (2011a) indicated that it was unlikely that E. 

lacustris, S. oregonensis and T. extensus were dispersing to the four study lakes examined by Gray and 

Arnott (2011a) at rates required to achieve densities between 1 and 15 individuals m
-3

 in the epilimnion. 

For all four study lakes examined, the probabilities that our study species were arriving at rates required 

to reach even 1 individual m
-3

, but were not sampled by the overland dispersal traps used by Gray and 

Arnott (2011a), were less than 0.001.   

 

Discussion 

This study provides further evidence of the potential importance of dispersal limitation as communities 

respond to environmental change. In our experiments, per capita growth rates for both Epischura lacustris 
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and Skistodiaptomus oregonensis were higher when populations were introduced at high density than at 

low density, suggesting an Allee effect. Given the environmental conditions in our enclosures, the Allee 

threshold between growth and extinction occurred somewhere between 3.4 and 6.8 individuals m
-3

 for E. 

lacustris, and was <3.4 individuals m
-3

 for S. oregonensis. To achieve the threshold required for E. 

lacustris would require relatively high dispersal rates. For example, in order to reach a density of ~3.4 

individuals m
-3

 in a hypothetical 10ha lake that is 10m deep, 3.4 x 10
6
 individuals would need to disperse 

and survive to reproduce during the ice-free season. Given the low overland dispersal rates measured by 

Gray and Arnott (2011a) for Killarney Park lakes, the arrival of this many E. lacustris individuals seems 

unlikely. During a 110 day study, E. lacustris was not found in 60 overland dispersal traps that were 

placed around the circumference of four Killarney lakes (Gray and Arnott 2011a). Furthermore, our 

calculations based on data from Gray and Arnott (2011a) indicated that it was unlikely that E. lacustris 

was dispersing at rates high enough to exceed Allee thresholds, but was missed by dispersal traps placed 

around their four study lakes. Unfortunately, our data do not allow us to estimate an Allee threshold for S. 

oregonensis since growth rates were positive even in our low propagule pressure treatment. However, no 

S. oregonensis were collected in the overland dispersal traps used by Gray and Arnott (2011a), and 

distributional data collected by Stemberger (1995) suggests that the species might be a poor disperser 

since there is little evidence that it has spread beyond its postglacial distribution. Recolonization of S. 

oregonensis and E. lacustris from the diapausing egg bank may be possible, but the contribution of the 

egg bank in some lakes could be limited due to burial, ageing, and Allee effects (Sarnelle and Knapp 

2004, Gray and Arnott 2009). Dispersal through stream connections may also provide an opportunity for 

recolonization, but would require the presence of a neutral upstream lake. Due to the regional nature of 

acidification, very few stream connections exist between neutral lakes and acidified lakes in Killarney 

Park (Gray and Arnott 2011a). Taken together, our results suggest that the addition of copepod species to 
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zooplankton communities recovering from acidification may be hindered by a combination of dispersal 

limitation and Allee effects.  

 Our results add to a growing body of evidence suggesting that dispersal processes and Allee 

effects can play an important role in determining the distribution of zooplankton species. The current 

study along with Valois et al. 2010, Gray and Arnott (2011a, 2011b) and Gray et al. (In press) provide 

evidence for the importance of dispersal limitation and Allee effects during recovery from acidification, 

while Sarnelle and Knapp (2004), Knapp and Sarnelle (2008), and Kramer et al. (2008) have documented 

the impacts of dispersal and Allee effects for copepods recolonizing alpine lakes after removal of an 

introduced predator. Interestingly, while these recovery studies seem to highlight the importance of 

dispersal limitation, conclusions from more general studies of zooplankton colonization and dispersal are 

mixed. Some studies that have observed the colonization of sterile habitats have concluded that 

colonization occurs rapidly and therefore dispersal is unlikely to be a limiting factor (Cohen and Shurin 

2003, Louette and De Meester 2005, Vanschoenwinkel et al.2008), while others conclude the exact 

opposite (Jenkins 1995, Jenkins and Underwood 1998, Cáceres and Soluk 2002, Allen 2007). Analyses 

using large datasets also come to contrasting conclusions regarding the importance of dispersal processes 

(Beisner et al. 2006, Shurin et al. 2009). The wide range of results obtained by the aforementioned studies 

may stem from regional differences in factors that could affect dispersal rates such as landscape structure, 

the availability of dispersal vectors, or some other unmeasured variable (Bohonak and Jenkins 2003, 

Allen 2007, Gray et al. 2011a). More study is needed to determine the factors responsible for this 

variation and to determine under what circumstances dispersal limitation can be expected to be an 

important determinant of zooplankton species distributions.  

 Our results also provide evidence that community interactions, such as competition, may play a 

role as communities respond to changing environmental conditions. Per capita growth rates for S. 
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oregonensis were higher when introduced into neutral communities than when they were introduced into 

acid-structured communities dominated by Leptodiaptomus minutus. Experiments conducted by Binks et 

al. (2005) found similar results: S. oregonensis populations introduced into an acid-structured community 

had lower establishment success compared with those introduced to enclosures that contained only 

filtered lake water. While Binks et al. (2005) did not have replicate acid-structured communities for their 

experiment, the present studied involved the use of four acid-structured and four neutral-structured 

communities, suggesting that community resistance may be a general phenomenon during recovery from 

acidification. The reasons that S. oregonensis appeared to be more successful when introduced to neutral-

structured communities are unclear; however, S. oregonensis is herbivorous, leading Binks et al. (2005) to 

speculate that community resistance might occur due to competition for algal resources. Many past 

studies have also documented evidence of community resistance in zooplankton resulting from priority 

effects and alternate stable states (Moquet et al. 2003, Louette et al. 2008, Allen et al. 2011). The 

mechanisms behind priority effects can be complex, including joint effects of resource depletion, 

competition, and predation (Price and Morin 2004, Gerla et al. 2009). Therefore, a more detailed study of 

potential interactions between acid-structured communities and S. oregonensis is needed before proposing 

a definitive explanation for our results.  

 It is important to note that community resistance and Allee effects may not play a role during 

colonization for some species. In this study, r for E. lacustris did not appear to be influenced by the 

recipient community. We speculate that the omnivorous feeding behaviour of this species (Chow-Fraser 

et al. 1986) may have relieved it from competition for algal resources. Tropocyclops extensus did not 

appear to be influenced by community resistance or Allee effects. We expected that T. extensus might not 

be as sensitive to initial organism densities as the calanoid species used in our experiments because many 

cyclopoids are capable of sperm storage (Thorp and Covich 1991), and therefore females of this species 
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may have been able to produce multiple clutches if they had mated prior to their collection. 

Unfortunately, per capita growth rates for introduced T. extensus populations were highly variable within 

treatments, making it difficult to discern if our results stem from methodological issues or are a true 

reflection of the impacts of our treatments. This variability might have occurred because colonists for this 

species could not be sexed before introduction or it might possibly reflect variable mortality prior to their 

introduction to enclosures. It was also difficult to discern any patterns for introduced Daphnia retrocurva 

populations since the majority went extinct. We speculate that there was some impediment to their 

survival that was independent of the treatments we set up. One possibility is that the concentration of 

calcium (Ca) in Carlyle Lake (1.6mg L
-1

; Gray et al., In press) was suboptimal for this species. 

Unfortunately, we are not aware of any laboratory assays that have tested the Ca tolerances of D. 

retrocurva; however, 1.6 mg L
-1

 is within the suboptimal range for some Daphnia species (Cairns and 

Yan 2009).  

 The results of this study have practical implications in terms of setting expectations for the 

recovery of zooplankton communities from acidification, and for understanding the factors that may 

hinder zooplankton community responses in the face of environmental change. One of the main goals 

behind emissions reductions agreements was the recovery of biota damaged by acid deposition (Menz and 

Seip 2004). As a result, aquatic ecologists have extensively studied acidified zooplankton communities 

looking for signs of recovery (Gray and Arnott 2009). The results of this study indicate that dispersal 

limitation and community interactions may significantly delay the recovery of copepod communities, and 

that short-term expectations should be adjusted to account for these processes. Our results also indicate 

that mate limitation and community interactions can hinder the response of communities to environmental 

change by affecting the colonization/extinction dynamics of species that might be better suited to current 

environmental conditions. Cottenie and De Meester (2004) describe dispersal processes as “fuel” burned 



 

 

 134 

by local selective forces as they shape communities to correspond with changing environmental 

conditions. Unfortunately, our results suggest that mate limitation may quell the fire lit by dispersal 

processes, resulting in slower rates of community change and less predictability in the face of changing 

environmental conditions.  
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Table 5.1. Location of Killarney Park lakes from which recipient communities were collected for 

enclosure experiments. Recent pH measurements and the type of community structure based on results of 

a principle components analysis are also indicated (see Methods).  

Lake 

Latitude 

(N) 

Longitude 

(W) 

pH* Community 

structure 

Acid 46° 02' 81° 26' 5.3 Acid 

Bell 46° 07' 81° 12' 6.6 Neutral 

Clearsilver 46° 07' 81° 15' 5.2 Acid 

George 46° 01' 81° 24' 6.6 Neutral 

Great Mountain 46° 09' 81° 21' 6.0 Neutral 

Johnnie 46° 05' 81° 14' 6.2 Neutral 

Lumsden 46° 01' 81° 25' 5.6 Acid 

O.S.A. 46° 03' 81° 23' 5.1 Acid 

*Data from Gray et al. (In press)  
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Table 5.2. Results of factorial ANOVAs conducted to determine if per capita growth rates for four 

introduced colonist species differed significantly based on propagule pressure and community resistance 

treatments. Results of the additional analyses based on permutation tests are also included. 

Dependent 

variable 

Source Degrees 

of 

freedom 

Sum of 

squares 

Mean 

square 

F-value p-value Permutation 

test p-value 

Per capita 

growth rate 

of D. 

retrocurva 

Community 1 0.0017 0.0017 1.6 0.212 

 

0.240 

Propagule 

pressure 

2 0.0003 0.0001 0.1 0.858 

 

0.854 

Community 

x propagule 

pressure 

2 0.0009 0.0004 0.4 0.643 

 

0.652 

Error 18 0.0193 0.0010    

Per capita 

growth rate 

of E. 

lacustris 

Community 1 1.02 x 10
-7

 1.02 x 10
-7

 0.0003 0.984 0.984 

Propagule 

pressure 

2 0.0053 0.0026 8.1 0.004 0.007 

Community 

x propagule 

pressure 

2 0.0001 7.1x10
-5

 0.2 0.806 0.810 

Error 15 

 

0.0049 0.0003    

Per capita Community 1 0.0006 0.0006 8.5 0.009 0.009 
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growth rate 

of S. 

oregonensis 

Propagule 

pressure 

2 0.0015 0.0007 9.5 0.001 0.001 

Community 

x propagule 

pressure 

2 2.5 x 10
-5

 1.3 x 10
-5

 0.1 0.855 0.857 

Error 18 0.0014 8 x 10
-5

    

Per capita 

growth rate 

of T. 

extensus 

Community 1 0.0002 0.0002 0.3 0.590  

Propagule 

pressure 

2 

 

0.0009 0.0004 0.5 0.598  

Community 

x propagule 

pressure 

2 0.0012 0.0006 0.6 0.519  

Error 18 0.0160 0.0008    
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Figure 5.1. Principal components analysis of zooplankton communities for 45 lakes in Killarney Park 

collected in 2005. Squares= recovered lakes, circles=acidic lakes, triangles=circumneutral lakes. 

Communities sampled from enclosures representing neutral and acidic communities were also included in 

the PCA (asterisks).  
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Figure 5.2. Daily per capita population growth rates versus propagule pressure and community type for 

four species colonizing acid structured (filled bars) and neutral structured (open bars) zooplankton 

communities (± standard error). (A)= Daphnia retrocurva; (B)= Epischura lacustris; (C)= 

Skistodiaptomus oregonensis; (D)= Tropocyclops extensus. Low, medium, and high propagule pressure 

treatments consisted of individuals introduced at 3.4, 6.8, and 13.6 individuals per cubic meter, 

respectively. 
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Chapter 6 

General Discussion and Future Directions 
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General discussion 

During the last three decades there has been a growing recognition of the importance of connections 

among populations and communities (Ricklefs 1987, Bohonak and Jenkins 2003). Communities are no 

longer perceived as isolated systems structured exclusively by internal dynamics, but as members of a 

larger metacommunity linked to surrounding communities by dispersal (Leibold et al. 2004). This 

paradigm shift in ecology has improved our understanding of the factors that structure aquatic 

communities (Leibold et al. 2010, Allen et al. 2011, Calcagno et al. 2011) and has the potential to offer 

important insights into community responses to stressors (Westley et al. 2010). While past research on 

acid-damaged zooplankton communities acknowledged that there might be a role for dispersal during 

recovery (e.g. Keller et al. 2002), few studies have been conducted to test this proposition. The research 

described in this thesis provides strong evidence that dispersal processes can have a significant impact as 

zooplankton communities recover from acidification. 

In chapter 3 I described field surveys carried out to measure the dispersal of zooplankton to lakes 

recovering from acidification. These surveys measured the arrival of colonists to recovering lakes from 

overland dispersal, stream dispersal, and the diapausing egg bank. While there was evidence that stream 

dispersal and the diapausing egg bank were potential colonization pathways for some acid-sensitive 

colonists, many common species were not found in our samples. In addition, of the six potential colonist 

species we identified dispersing through streams and hatching from diapausing eggs, two were not 

arriving in numbers sufficient to surpass the critical density required for sexual reproduction. These 

results indicate that the return of many acid-sensitive species to recovering lakes may depend on overland 

dispersal from surrounding neutral lakes. Based on the low overland dispersal levels I measured in the 

field, recovery driven by this type of dispersal would likely take much longer than colonization through 

streams or the egg bank.  
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The work conducted for chapter 3 also revealed the existence of spatial structure in zooplankton 

communities across the landscape of Killarney Park. Although some of this structure was driven by 

spatially-structured environmental variables (0-21%), a significant proportion of it existed independent of 

environmental gradients (7-18%). It is important to acknowledge that local environmental variables still 

explained more than twice as much of the variation in zooplankton communities (18-37%). However, the 

presence of spatial structure across the landscape provides another line of evidence pointing to a role for 

dispersal during recovery. It also provides further support to the contention that dispersal limitation can be 

an important determinant of the distribution and abundance of zooplankton species (Cottenie et al. 2003, 

Beisner et al. 2006, Strecker et al. 2008). 

Quantifying zooplankton dispersal in the field provides some insight into the potential for acid-

sensitive species to colonize recovering lakes; however, dispersal is only the first step in the recovery 

process (Yan et al. 2003). After arrival at a recovering lake a species must compete with local residents, 

avoid predation, and survive long enough to reproduce (Keller and Yan 1998). For sexual species (i.e. 

copepods), finding a suitable mate could also be a significant hurdle to establishment. For example, 

Sarnelle and Knapp (2004) and Knapp et al. (2008) demonstrated that Allee effects were inhibiting the 

recovery of copepod populations after an introduced predator was removed from alpine lakes. Given the 

possibility of mate limitation, it is difficult to predict the potential for recolonization based solely on the 

collection of a few dispersing copepods. Instead, it is important to evaluate what levels of dispersal might 

be necessary to allow for the reestablishment of acid-sensitive copepods. Unfortunately, estimating the 

level of dispersal required for successful reestablishment may not be a straightforward exercise. The 

experiments I described in Chapter 4 demonstrated that growth rates for introduced copepods could be 

influenced by an interaction between dispersal levels and water pH. Small populations of the copepod 

Epischura lacustris that were introduced to pH 7.0 water had higher per capita growth rates (r) than 
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populations of the same size introduced to pH 6.0 water. At higher dispersal levels r did not significantly 

differ between pH 6.0 and 7.0 treatments. Simulations using data from these experiments indicated that 

extinction probabilities for small populations of E. lacustris would be higher in pH 6.0 water than in pH 

7.0 water. Taken together, these results suggest that in order to overcome mate-limitation, dispersal levels 

for copepods might actually need to be higher for lakes that are early in the process of pH recovery.  

While the study outlined in the previous paragraph provides clear evidence that interactions 

between local environmental variables and dispersal may influence the success of acid-sensitive colonists, 

experiments that tested for an interaction between dispersal and local biotic conditions failed to produce 

similar results. In chapter 5 I described a study that tested if local community structure (acid-structured 

vs. neutral communities) could interact with dispersal levels (low, medium, and high) to influence the per-

capita growth rates of four acid-sensitive zooplankton species. The species used for the study included the 

three copepods Epischura lacustris, Tropocyclops extensus, and Skistodiaptomus oregonensis, and the 

cladoceran Daphnia retrocurva. Community structure was selected as a variable of interest because data 

from a previous study indicated that resistance from acid-structured communities could be an impediment 

to colonization by some acid-sensitive species (Binks et al. 2005). While significant main effects were 

found for two of the four study species, a significant interaction between dispersal and community 

structure was not. Nevertheless, this experiment showed that dispersal levels could be important for two 

acid-sensitive copepod species – E. lacustris and S. oregonensis – and it also demonstrated that 

community resistance may be an important impediment for S. oregonensis as this species recolonizes 

recovering lakes.  

An explanation for the differing results when using pH versus community structure as the local 

variable in my experiments is not easily forthcoming. However, it is possible that the starting densities for 

the colonists used in the dispersal by community structure experiments were not optimal for detecting an 
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interaction. For an interaction to occur via the mechanism I proposed in Chapter 4, two preconditions are 

necessary. First, growth rates of the colonist species must be influenced by the local variable in question. 

Second, populations must be introduced at a level that will lead to significant mate limitation, but not 

extinction. For the pH by dispersal experiment, both of these requirements were met for E. lacustris. 

However, this was not the case for the pH by community resistance experiment. Only one of the four 

colonist species used in this experiment had lower growth rates in acid-structured communities (S. 

oregonensis). While this species had the potential to respond to an interaction between dispersal and 

community resistance, per capita growth rates were high (r=0.18d
-1

) even at the lowest starting density. 

These relatively high growth rates mean that the population as a whole would have quickly reached 

densities that would eliminate the problem of mate limitation. Rather than languishing at low densities for 

an extended period of time as E. lacustris might have in the dispersal by pH experiments, S. oregonensis 

populations likely spent little time suffering this malaise. 

In summary, the work described in this thesis demonstrates that ecologists studying the response 

of communities to environmental stressors should consider both local factors and regional factors in their 

analyses. The low dispersal levels documented in the field and the spatial structure in Killarney Park 

zooplankton communities suggest that dispersal rates to recovering lakes may be relatively low. Low 

overland dispersal rates, Allee effects, a pH x dispersal interaction, and community resistance, may all 

contribute to the lag in zooplankton recovery observed in past studies (Frost et al. 2006). Given the long 

list of impediments to successful colonization by acid-sensitive species, it appears that recovery of acid-

damaged zooplankton communities in Killarney Park will be a longer process than originally thought. 
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Future Directions 

There are several interesting avenues of investigation related to the work in this thesis that should be 

pursued. While low dispersal levels seem to play an important role in structuring zooplankton 

communities in Killarney Park, studies in some other regions have concluded that dispersal rates are high 

enough to avoid dispersal limitation (Cohen and Shurin 2003, Havel and Shurin 2004, Louette and De 

Meester 2005, Vanschoenwinkel et al. 2008). It is unclear what factors drive differences in dispersal rates 

among regions. Potential research projects might include studying how regional differences in landscape 

structure, such as the spacing of lakes, stream connectivity, or topology of the landscape, influence 

dispersal and connectivity among water bodies. A mechanistic approach that attempts to measure the 

relative importance of different types of wildlife for dispersing diapausing eggs and live adults might also 

be fruitful. Documenting the influence of human activities such as boating and fishing on dispersal of 

native species might also help to explain regional differences in dispersal levels. 

 A more thorough analysis of how Allee effects impact the distribution and abundance of copepod 

species is also needed. For example, information on critical densities, dispersal rates, and local 

environmental conditions could be used to develop Environmental Niche Models using modeling 

approaches such as the Genetic Algorithm for Rule Set Production (GARP) method (e.g. Herborg et al. 

2007). In order to pursue this line of research better estimates of dispersal rates and critical densities are 

needed. Intensive field data collection will be required to improve estimates of dispersal rates, while 

better estimates of critical density will require accurate measurements of the parameters used in 

Gerritsen’s (1980) mate-finding model. A recent study suggests that estimates of swimming speed and 

detection radius are particularly crucial for calculating accurate critical densities (Kramer et al. 2011). 

Therefore, a first step in this research might be to measure these parameters in the laboratory using high-

speed cameras and behavioural observations. 
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 While the material in this thesis makes a small contribution toward understanding the importance 

of dispersal as zooplankton communities face environmental change, there is still much to learn in this 

area. The ability of zooplankton communities to track changing environmental conditions relies on the 

dispersal of well-adapted colonists to lakes (Cottenie and De Meester 2004). For communities recovering 

from acidification, acid-sensitive colonists can arrive from nearby neutral lakes or through the emergence 

of individuals from the diapausing egg bank (Chapter 3). However, in the case of climate warming, the 

source for well-adapted colonists may be more distant. For alpine lakes, species will likely disperse from 

lower altitudes (Strecker et al. 2004); however communities on the Boreal Shield will have to rely on the 

gradual northward expansion of species that are more common in southern Canada (see Patalas 1990). 

Given these differences in the sources of colonists, and the potential impacts of climate change on Boreal 

lakes (Keller 2007), a critical examination of the potential for dispersal to drive community change under 

future climate change scenarios is needed.  

Finally, it is crucially important for ecologists to dedicate the effort needed to measure dispersal 

under natural conditions. Manipulative studies that assess the response of communities to environmental 

change are commonplace in the ecological literature. Often these studies are designed to assess how 

dispersal and connectivity might influence the response of communities to environmental change 

(Holzapfel and Vinebrooke 2005, Thompson and Shurin 2011). Unfortunately, most studies that evaluate 

community responses to warming temperatures and other stressors do not use realistic dispersal levels. 

Ecologists often make arbitrary choices when defining the regional species pool to be used in these 

experiments (Holzapfel and Vinebrooke 2005, Thompson and Shurin 2011). Should species used in 

dispersal treatments be sampled from a 1km radius or a 100km radius? The only way to objectively 

choose a cutoff for the regional species pool would be to fit a dispersal kernel to field data (e.g. Allen 

2007). Similarly, dispersal rates used in most experiments are selected without any reference to actual 
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dispersal rates in the field (Holzapfel and Vinebrooke 2005, Thompson and Shurin 2011). I would argue 

that it is difficult to make inferences about the importance of dispersal for alpine zooplankton 

communities facing increasing temperatures, for example, if we lack even the most basic data on the rate 

of arrival of colonists to these lakes. While collecting data on dispersal levels is difficult and time-

consuming, accurate estimates would be extremely helpful when attempting to understand community 

responses to environmental change.  

 

Summary 

1) Overland dispersal rates for acid-sensitive species in Killarney Park appear to be relatively low. 

Dispersal traps placed next to recovering lakes over a three month period failed to capture any 

acid-sensitive colonist species.  

2) Some acid-sensitive colonists were found hatching from historically deposited diapausing eggs or 

were captured dispersing through stream connections. However, many common acid-sensitive 

species were not found in emergence traps or stream drift nets. This indicates that the 

reestablishment of many acid-sensitive species in damaged Killarney Park lakes will depend on 

overland dispersal.  

3) Spatial modeling and variation partitioning identified spatial patterns in crustacean zooplankton 

communities across the landscape of Killarney Park. A significant proportion of this spatial 

structure occurred independent of environmental gradients. This provides another line of evidence 

to support the hypothesis that dispersal limitation can influence the distribution and abundance of 

zooplankton species. 

4) The colonization of some acid-sensitive species may be influenced by an interaction between pH 

levels in recovering lakes and dispersal levels. Per capita growth rates for small populations of the 
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copepod Epischura lacustris were higher when introduced to pH 7.0 water versus pH 6.0 water. 

Growth rates did not differ between pH 6.0 and 7.0 treatments for larger populations of this 

species (representing higher dispersal levels). This indicates that copepod populations colonizing 

lakes that are earlier in the process of pH recovery may be particularly affected by low dispersal 

levels. 

5) The reestablishment of some acid-sensitive copepod species may be influenced by Allee effects 

and community resistance. When small populations of the copepod Skistodiaptomus oregonensis 

were introduced to either acid-structured or neutral communities, those introduced to acid-

structured communities had lower per-capita growth rates. In addition, when E. lacustris and S. 

oregonensis populations were introduced at low versus high initial densities, those introduced at 

high densities experienced higher per-capita growth rates.  

6) The structure of the recipient community did not interact with dispersal levels to influence the 

growth of acid-sensitive species in my experiments. The failure to detect an interaction could 

stem from methodological issues, but more likely reflects the inability of community resistance to 

influence the growth rates of colonizing species. Only one of the four acid-sensitive species used 

for my experiments showed lower growth rates when introduced to acid-structured communities.  
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Appendix 1. Sensitivity analyses conducted for models of critical density used for sexual species.  

Sensitivity analyses were conducted over a range of feasible life history parameter values. 

Parameters examined include the population growth rate, length of the reproductive season, swimming 

speed, and detection radius (Fig. A1.1). For sexual species that experience repeated mating encounters, 

Gerritsen’s (1980) model was most sensitive to changes in swimming speed and detection radius, 

although population growth rate and length of the reproductive season also had a noticeable impact on 

critical densities (Fig. A1.1). A sensitivity analysis conducted for the model describing sperm storage 

(individuals need only mate once) revealed similar results. The model was most sensitive to changes in 

the detection radius, but variation in other parameters also had a noticeable impact (Fig. A1.2).  

The sensitivity of these models to parameter values could have some implications for our results. 

While the length of the reproductive season is probably accurate, the population growth rates, swimming 

velocity and detection radius values we used in calculating critical densities are rough estimates. 

Population growth rates were estimated from literature sources and can obviously change depending on 

local environmental conditions. Detection radii were calculated based on relationships from Gerritsen 

(1980) that suggest a detection radius of 1.5 times body length for cladocerans and 2 times body length 

for copepods. Swimming velocities for Diaphanosoma birgei, Mesocyclops edax, and Skistodiaptomus 

oregonensis were obtained from measurements available in the literature, but were estimated for 

Tropocyclops extensus and Holopedium gibberum based on 2-5 times adult body length (Tiselius and 

Jonsson 1990), and 0.5 times adult body length (Sundby and Fossum 1990), respectively. To account for 

the uncertainty surrounding these parameters, we calculated critical densities using a range of values 

obtained from literature sources (Appendix 2). As a result, we believe that our estimates of critical density 

(Table 3.5) probably incorporate much of the error associated with our parameter estimates. 
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Fig. A1.1. Sensitivity analysis conducted for sexual species that experience multiple mating encounters. 

See methods section for details on the model. 
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Fig. A1.2. Sensitivity analysis conducted for sexual species with the ability to store sperm. See methods 

section for details on the model. 
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Appendix 2. Parameters used to calculate critical density values. See methods for information on the calculation of critical densities. 

Table A2.1. Parameters used for seasonally parthenogenetic species.  

Parameter Diaphanosoma 

birgei 

(high, low) 

Holopedium 

gibberum (high, 

low) 

References / Notes 

Egg development 

time (days) 

5, 3 6, 3 Sipauba-Tavares and Bachion (2002) 

Intrinsic growth rate 

(r) 

0.100, 0.200 0.l00, 0.300 Allan (1973), Jana and Pal (1984), Sipauba-Tavares and 

Bachion (2002), Feniova and Budaev (2006) 

Instantaneous death 

rate (daily) 

0.039, 0.166 0.131, 0.393 Calculated as birth rate – r. 

Instantaneous birth 

rate (daily) 

0.139, 0.366 0.231, 0.693 Calculated according to Paloheimo (1974) 

Clutch size 1, 2 3, 7 Korovchinsky and Boikova (1996), Nandinia and 

Sarmab (2006) 

Probability of 0.200, 0.600 0.050, 0.750 Smyly (1977) 
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emergence  

Duration of 

parthenogenetic 

reproduction (days) 

60 60  

Detection radius (m) 0.002 0.004 Based on adult body length (Gerritsen 1980) 

Swimming speed 

(m/h) 

5.4 3.6 Calculated as 0.5 x body length following Sundby and 

Fossum (1990).  

Duration of mating 

(days) 

15 15  

 

Table A2.2. Parameters used for obligate sexual species.  

Parameter Mesocyclops edax 

(low, high) 

Skistodiaptomus 

oregonensis (low, high) 

Tropocyclops extensus 

(low, high) 

References / Notes 

Length of breeding 

season (days) 

120 120 120  
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Swimming speed 

(m/day) 

86, 130 150 43, 620 M. edax based on Williamson (1981);  S. 

orgegonensis from Ramcharan and Sprules 

(1989); T. extensus from Tiselius and Jonsson 

(1990) 

Encounter radius 

(m) 

0.002 0.002 0.001 Based on adult body length (Gerritsen 1980) 

Finite population 

growth rate 

1.05, 1.11 1.1, 1.25 1.05, 1.11 Estimated from zooplankton samples 

collected from the four Killarney Park study 

lakes for this study (D. Gray, unpublished 

data) 
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Appendix 3. Methods used to calculate critical densities based on aggregation of zooplankton 

Aggregation simulations 

Aggregation simulations were conducted in the R programming language with the goal of 

determining the relationship of the probability of mating (Pm) with the density of individuals in a lake (n). 

Simulations were conducted with starting population densities (n) ranging from 0-400 individuals/L. 

Simulations were repeated 1000 times for each value of n. The following steps outline the methods used 

for the simulations: 

1. At time t=0 all individuals in the population were assumed to be randomly distributed within 

a volume of water. From this starting point, we modeled the gradual formation of swarms 

through time. Each time interval in our simulations represented 3 hours. 

2. During the first time interval individuals are assumed to collide according to a mate 

encounter rate (Z) 

  
  

 
    , 

where d is the detection radius of an individual animal, v is the swimming speed, and n is the 

density of animals in the lake (Drake 2004). The probability of mating/joining an aggregation 

(Pm) was then calculated as  

Pm = 1-e
-aZt  

(equation A3.1),
 

where t is time and a is the time interval (Gerritsen 1980). This model, typically used for 

species capable of sperm storage, assumes that individuals need only mate once to produce 

multiple clutches. For our purposes, this model is appropriate because animals only need to 

join an aggregation once, after which there will be ready supply of mating partners. We make 

the assumption that once an individual joins an aggregation the probability of mating in 

subsequent attempts is 1. 
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3. Starting with the second time interval, the population consisted of both individuals that failed 

to join a group during the first time interval and groups of individuals that had formed during 

the first time interval. Therefore, from the second time interval on, two entities (individuals or 

groups) were randomly chosen from the population and the probability of them colliding to 

form a group was calculated for each pair until all individuals in the population have had a 

chance to encounter other individuals or groups. The encounter rate for each pair of entities 

was calculated as    
  

 
    , where D is a multiplier such that the detection volume of 

an aggregation increases with the number of individuals present in that group. D=N1+N2, 

where N is the number of individuals in a group. This calculation of the encounter rate is 

modified from Drake (2004) only by the addition of the multiplier term. Note that as 

aggregations formed, n decreased due to a decrease in the number of entities (individuals 

and/or groups) present in the lake, and the detection volume of groups increased dependent 

on group size. The probability of mating /joining an aggregation through time was then 

calculated according to equation A3.1 above. 

4. Simulations allowed individuals to mate/join an aggregation over a 24 hour period. The daily 

probability of mating was determined by calculating the number of individuals that had 

mated/joined an aggregation within the time limits of the simulation. Males were assumed to 

be capable of mating with more than one female. For example, in an aggregation with 3 

females and 1 male, all three females were assumed to have mated successfully. Individuals 

within aggregations comprised wholly of females or males were not considered to have mated 

successfully. 

5. When simulations were finished a table of results was produced showing the probability of 

mating (Pm) versus population density (n). To describe the relationship between Pm and n for 
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the calculation of critical densities, an asymptotic function Pm = (1-e
-Zk

) was then fit to the 

data using least squares nonlinear regression (e.g. Fig. A3.1).  

 

Fig. A3.1. Relationship between population density (number individuals m
-3

) and the probability of 

mating with a detection radius of 0.004 m and a swimming velocity of 160 m d
-1

. Square markers 

represent the results of our aggregation simulations while circles represent predictions of the standard 

model that considers a homogeneous distribution of individuals. The equation of the fitted line is Pm=1-e
-n 

x 0.009440
. 

 

Calculation of critical densities 

For seasonally parthenogenetic species the probability of mating (Pm) was used in Drake’s (2004) 

model for inter-annual population growth: 

                  -μ)t . 
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In this model ni is the peak density of animals in the current year, ni-1 is the peak density in the previous 

year, e is the proportion of resting eggs that emerge, c is the average clutch size produced, λ is the 

instantaneous birth rate, µ is the instantaneous death rate, and t is the duration of parthenogenetic 

reproduction. To obtain critical density estimates we solved for the nonzero equilibrium using parameter 

estimates derived from the literature. We searched for the probability of mating (Pm) that resulted in a 

nonzero equilibrium between ni and ni-1 by solving the equation for inter-annual population growth 

numerically. The probability of mating that produced this equilibrium for each species was associated 

with a particular density of organisms from our aggregation simulations, which was taken as the critical 

density (NC). We calculated NC for two of the three seasonally parthenogenetic colonists: Diaphanosoma 

birgei and Holopedium gibberum. The critical density was not calculated for the third, Polyphemus 

pediculus, because we could not gather adequate information on the parameters we needed from literature 

sources.  

For obligate sexual species we calculated the critical density using the approach suggested by 

Gerritsen (1980) for species capable of sperm storage. In this model a female need only encounter a mate 

once to produce multiple clutches. Using this model, we assume that once females encounter an 

aggregation they will remain a member and will be guaranteed access to mates in subsequent mating 

attempts. The realized finite population growth rate (R’) is  

              
   

R is the finite population growth rate, Z is the mate encounter rate (encounters d
-1

), and t is the length of 

the breeding season (d). To calculate the critical encounter rate R’ is set equal to 1 and the equation is 

solved numerically (Gerritsen 1980). The density of animals required to produce the critical encounter 

rate is NC (Gerritsen 1980). To determine NC, we compared the critical encounter rate with the 

relationships between population density and encounter rates obtained from our aggregation simulations.  
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The effects of aggregation on critical density estimates 

Aggregation behaviour decreases the probability of mating compared to the standard model of 

homogenously distributed individuals (Fig. C3). However, given that individuals need to find an 

aggregation only once to guarantee future mating success, the overall probability of mating increases 

through time (Fig. C4). The net result is that NC estimates that take into account aggregation behaviour 

are lower than those based on homogenously distributed populations (Table 5 in the main text). 

 

Fig. A3.2. The probability of mating through time for a model assuming the need to find mates repeatedly 

(circles,            and a model that assumes individuals only need to find a mate once (squares, 

          
). Encounter rate (Z) of 0.1 was used for this example. Models are from Gerritsen (1980). 
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Appendix 4. Creation of spatial variables. 

Step 1:  

To construct a Euclidean distance matrix based on direct overland distances, GPS coordinates of the 

approximate center point of the 45 study lakes were converted to UTM (Universal Transverse Mercator) 

coordinates, and the UTM coordinates were then fed into the spdep package in the R programming 

language (Bivand 2009). The distance matrix based on actual watercourse distances among lakes was 

constructed manually by measuring stream lengths with a string and ruler on a 1:50 000 scale topographic 

map of the park. 

  

Step 2: 

Since sites that are closer together are assumed to have higher ecological similarity, Dray et al. (2006) 

suggested that adding weights to connections between lakes using monotonic decreasing functions could 

make models more realistic. Therefore, after we obtained the two distance matrices we constructed 

weighting matrices based on three functions suggested by Dray et al. (2006): 1) linear (f1 = 1-dij/max(dij)); 

2) concave down (f2 = 1 – (dij/max(dij))
α
 ; and 3) concave-up (f3 = 1/d

β
ij). A sequence of integers between 

2 and 20 was considered for both α and β and the best parameters were chosen based on the resulting 

explanatory power of the generated spatial variables as indicated by the Akaike information criterion 

(AICC) (Dray et al. 2006). For the model based on stream connections the resulting weighting matrices 

assume that lakes separated by shorter stream connections have a higher ecological similarity, while the 

weighting matrices for the model based on symmetric overland dispersal assume that lakes with shorter 

linear overland distances separating them are more ecologically similar. 

 

Step 3: 
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After creating the weighting matrices we used the spdep package in the R programming language (Bivand 

2008), to generate connectivity matrices based on the UTM coordinates.  For analyses that considered 

overland dispersal, connectivity matrices were constructed based on five standard models with varying 

amounts of connectivity: Delaunay triangulation, Gabriel graph, relative neighbour, sphere of influence, 

and distance threshold (Legendre and Legendre 1998). The distance threshold approach allows for the 

selection of a distance within which all points are connected to one another. For these analyses we tested 

distance thresholds between 2m and 20000m and chose the threshold that produced the lowest AICC 

(18560m). Analyses that considered stream dispersal used a connection scheme defined solely by existing 

watercourse connections rather than one defined by the standard models (i.e. they were either connected 

by a stream or they were not). Connectivity matrices for analyses based on stream connections were 

created manually. 

 

Step 4: 

We constructed the spatial weighting matrices by calculating the pair-wise product of the connectivity 

matrices and the weighting matrices that were produced.  

 

Step 5: 

In building our models we aimed to select the combination of connectivity matrices and weighting 

matrices that would produce spatial variables with the most explanatory power. We did not attempt to 

interpret why a specific connectivity scheme or weighting matrix was better than another; we were only 

interested in selecting the combination that would explain the maximum amount of variation in 

zooplankton communities. Therefore, for the model based on symmetric overland dispersal we generated 

spatial variables from the best spatial weighting matrix (lowest AICC) for each of the five connection 
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schemes we tested (Delaunay triangulation, Gabriel graph, relative neighbour, sphere of influence, and 

distance threshold) using the R program SpacemakeR (Dray 2006). Redundancy analyses and variation 

partitioning analyses were then run using the spatial variables created from the best spatial weighting 

matrix for each of the five connection schemes. For example, the best spatial weighting matrix generated 

for the symmetric overland dispersal model for 1972 was based on a linear weighting function and a 

sphere of influence connection scheme (Table 6 in the main text). A redundancy analysis and a variation 

partitioning analysis were then run using the variables created from the best spatial weighting matrix. 

Finally, the model with the lowest amount of residual variation (most explanatory power) out of the five 

produced was selected to represent the relationships between spatial variables, environmental variables, 

and zooplankton communities for that time period.  For the model based on stream dispersal there was 

only one connection scheme (watercourse connections), and therefore only one set of generated spatial 

variables for each time period. 
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Appendix 5. Simulated population growth for Diaphanosoma birgei (A) and Holopedium gibberum (B) 

that hatched from the egg banks in Lumsden and Acid lakes, respectively. 

Starting population size was estimated using data collected from emergence traps. NC =the critical density 

required for sexual reproduction. Grey fill represents the 95% confidence interval. For comparison, Allan 

(1973) estimated that r for H. gibberum ranged from -0.15-0.20 in the field and Sipauba-Tavares and 

Bachion (2002) estimated that r for D. birgei ranged between 0.37-0.57 in the laboratory. 
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Appendix 6. Calculation of critical densities for colonist species. 

 

Critical densities were calculated according to the mate finding model from Gerritsen (1980): 

,
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where R is the finite population growth rate on a daily basis, t is the length of the breeding season (d), v is the swimming velocity (m d
-1

), and d is 

the encounter radius (m). It is important to note that errors in model parameters can lead to inaccuracies in critical density (NC) estimates. See Gray 

and Arnott (2011) for a sensitivity analysis of the model. High and low estimates of NC were calculated for each species based on a range of 

parameter estimates (Table A6.1). Population growth rates of 1.05 and 1.5 were arbitrarily chosen to represent low and high population growth 

rates since this parameter could vary widely depending on environmental conditions. The length of the breeding season corresponded to the length 

of the experiment. Detection radii were calculated based on relationships from Gerritsen (1980) that suggest a detection radius of 2 times body 

length for copepods. Swimming velocities for Skistodiaptomus oregonensis and Epischura lacustris were obtained from measurements available in 

the literature, but were estimated for Tropocyclops extensus based on data for other copepod species (0.5-7.2 mm s
-1

; Tiselius and Jonsson 1990). 

Due to uncertainty regarding the swimming speed for T. extensus, there is a large difference in the high and low estimates of NC for this species. 
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Table A6.1. Information on parameter values used to calculate NC and the calculated NC values for each species.  

Parameter Epischura 

lacustris (low, 

high) 

Skistodiaptomus 

oregonensis (low, high) 

Tropocyclops extensus 

(low, high) 

References / Notes 

Length of breeding 

season (days) 

70 70 70 Represents the length of the experiment (10 

weeks) 

Swimming speed 

(m/day) 

259 150 43, 620 E. lacustris based on Wong and Sprules 

(1986);  S. orgegonensis from Ramcharan and 

Sprules (1989); T. extensus from Tiselius and 

Jonsson (1990) 

Encounter radius 

(m) 

0.002 0.002 0.001 Based on adult body length (Gerritsen 1980) 

Finite population 

growth rate 

1.05, 1.5 1.05, 1.5 1.05, 1.5  

Calculated Critical 

Density 

2.2, 6.2 3.4, 9.5 6.1, 245.3  
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