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Abstract 

Alkylated polycyclic aromatic hydrocarbons (alkyl-PAHs) are major constituents of 

crude oil, and the 3-5 ringed alkyl-PAHs have been identified as the main components 

chronically toxic to fish. While chysene homologues have higher cytochrome P4501A (CYP1A) 

induction potencies than alkyl-phenanthrenes, there is little characterization of toxicity for 4-

ringed alkyl PAHs. This study measured the chronic toxicity of chrysene, benz[α]anthracene, and 

some alkylated congeners to the embryos of Japanese medaka (Oryzias latipes) using the 

partition-controlled delivery method (PCD) of exposure. This exposure method relies on the 

partitioning of chemicals from polydimethylsiloxane (PDMS) films, loaded with various 

concentrations of test chemical, to embryo rearing solutions. The objectives of this thesis were: 

(1) to further characterize the PCD method with a series of 4-ringed PAHs; (2) to evaluate the 

effects of different chemical structures on the toxicity of test compounds; and (3) to extend 

structure toxicity relationships from alkyl-phenanthrenes. The PCD method generated a gradient 

of aqueous concentrations for test compounds, and these exposure concentrations were 

maintained constant for the 17-day period. Benz[α]anthracene showed higher toxicity than 

chrysene. Toxicity increased with the degree of alkylation on the ring structures, except that 2-

methylbenz[α]anthracene was less toxic than the unsubstituted benz[α]anthracene. Substitutions 

at the middle region contributed to a higher toxicity than substitutions at the distal region. While 

actual mechanisms for these compounds to cause toxicity are unknown, the narcotic mode of 

action seems to be not involved due to the lack of mortality. Within the range of test 

concentrations, the chronic sublethal toxicity was limited by the low solubility of the test 

compounds. A structure toxicity relationship was illustrated by the regression between log 

EC50s and log Kow values. In addition to hydrophobicity represented by log Kow, structural 
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dissimilarities between compounds and physical characteristics such as aqueous solubility limits 

should be taken into account in toxicity assessments with alkyl-PAHs. This research is the first 

toxicological assessment of alkyl-chrysenes and benz[α]anthracenes which is essential for a 

better understanding of structure toxicity relationships of alkyl-PAHs, and will contribute to 

more accurate ecological risk assessments of PAH contamination.  
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Chapter 1 

General Introduction and Literature Review 

1.1 Polycyclic Aromatic Hydrocarbons (PAHs) 

Polycyclic aromatic hydrocarbons (PAHs) (also known as polyarenes) and their 

derivatives represent one of the major classes of organic molecules. They are lipophilic 

environmental contaminants that are characterized by the presence of two or more fused 

aromatic rings. Their unique chemical properties and the nature of their aromaticity have 

contributed to many environmental and health concerns. They are formed whenever organic 

substances are exposed to high temperatures and are released into the environment through 

natural and anthropogenic inputs. Natural sources include forest fires, oil seeps, and volcanic 

activities, while man-made sources can be from automobile exhaust, production of coke and 

charcoal, metal smelting, charbroiled meat, oil spills, the burning of fossil fuels, and incomplete 

combustion of coal, tobacco, and garbage (Rand et al., 1995). Typically, PAHs are hydrophobic, 

semi-volatile, fluorophores, and can partition between air, water, soil or sediments (Dabestani 

and Ivanov, 1999). In highly populated and industrialized urban areas, vehicle emissions usually 

make a major contribution to the total PAH emission. Deposition of PAHs in surface and ground 

waters can be from airborne PAHs, wastewater discharge, effluents from wood treatment plants, 

oil spills, and other industry activities (Dabestani and Ivanov, 1999). Polycyclic aromatic 

hydrocarbons can partition between gas and suspended particulate phases (Hamer and Bidleman, 

1998; Vardar et al., 1997), and through the air/water interface (Pankow, 1997), the 

water/sediment interface (Gustafsson, and Gschwend, 1997; Herbes, 1997; Kayal and Connel, 

1990; McGroddy and Farrington, 1995), and the air/soil interface (Hippelein and McLachlan, 
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1998). In biomass terms, the lipophilic nature of PAHs facilitates their partitioning to non-polar 

body tissues of organisms. 

The compounds in the family of PAH may be classified as alternant or nonalternant 

(Harvey, 1997). Alternant PAHs have common fused aromatic ring systems containing only 

benzenoid or fused-benzenoid rings. The chemical reactivities and other properties of the 

alternant PAHs are in good agreement with perturbational molecular orbital theory (Dewar and 

Dougherty, 1975). Conversely, the nonalternant PAHs contain odd-numbered rings and are not 

well characterized by simply the molecular orbital method. Sixteen unsubstituted PAHs have 

been designated as priority air pollutants by the United States Environmental Protection Agency 

(US-EPA) in the Clean Air Act. However, the PAH family is diverse, with more than 100 unique 

members based on ring structure. Substitutions on the ring system (e.g. alkylation, 

hydroxylation, sulfuration, nitrogenation) further expand the breadth of this family. These 

compounds can be classified into subclasses based on the number of rings, degree of substitution, 

identity of substituents, and other physicochemical characteristics. Alkyl substituted PAHs are 

compounds with various numbers of alkyl substituents, such as methyl, ethyl, and propyl groups. 

The substituents are usually denoted as C1, C2 etc. to designate the number of carbon atoms 

substituted at different locations on the ring system.  

1.2 Metabolism of PAHs 

Polycyclic aromatic hydrocarbons are hydrophobic and the amount absorbed by aquatic 

organisms is determined by their lipid-water partitioning kinetics. In vertebrates, especially fish, 

PAHs are absorbed across the lipid membranes of gills, skin, and digestive tract (Di Giulio et al., 

1995). Following absorption, the fate and effects of PAHs largely depend on their propensities 
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for biotransformation. Biotransformation consists of two phases: phase I and phase II. Phase I 

consists of a serious of oxidation processes where a hydroxyl group is introduced into the 

lipophilic xenobiotic to make it hydrophilic (Di Giulio et al., 1995). In phase II, the oxygenated 

metabolites produced in phase I are covalently conjugated to an endogenous water-soluble small 

molecule in the cell, such as a sugar derivative, a peptide, or sulfate (Boelsterli, 2002; Di Giulio 

et al., 1995). The final metabolites from the biotransformation processes are more water-soluble 

and easier to eliminate than the unsubstituted congeners (Di Giulio et al., 1995). 

Biotransformation and excretion are generally regarded as a detoxification process, but these 

enzymatic transformations have also been associated with enhanced toxicity (including 

carcinogenicity) (Di Giulio et al., 1995).  

Bioaccumulation affects the capability of a chemical to elicit toxic effects. Many 

lipophilic compounds would accumulate indefinitely if the exposed organism cannot perform 

biotransformation. The relative bioaccumulation potential of PAHs is a good example of the 

influence of biotransformation on bioaccumulation. Fish have an efficient set of phase I and 

phase II enzymes located in the liver and other organs (Buhler and Williams, 1989; Foureman, 

1989). Therefore, fish can rapidly metabolize PAHs into water-soluble metabolites capable of 

being excreted. In contrast to fish, the activities of biotransformation enzymes in mollusks are 

low, and compounds tend to accumulate to higher concentrations in mollusks than in fish (James 

1989a; Lu et al., 1977). Biotransformation is generally regarded as a protective mechanism to 

reduce the accumulation of toxicants. However, some biotransformation products from the 

detoxification processes are more toxic than the parent toxicant (Guengerich and Liebler, 1985). 

Metabolism of benz[α]pyrene by the cytochrome P450 monooxygenase system yields a variety 
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of metabolites, including a benz[α]pyrene diol epoxide, which is a potent carcinogenic derivative 

of this PAH (Gelboin, 1980; Pearlman, 2010).   

1.2.1 Phase I Metabolism 

The primary monooxygenases involved in phase I metabolism are a family of cytochrome 

P450 enzymes (Black and Coon, 1987; Buhler and Williams, 1989; Stegeman, 1989). More than 

100 of these enzymes are present in all eukaryotes and some prokaryotes (Boelsterli, 2002; 

Nebert et al., 1991). In addition to hydroxylation, these enzymes also catalyze epoxidation, 

dealkylation, deamination, sulfoxidation, and desulfuration; this family of enzymes is involved in 

the metabolism of both xenobiotic compounds and many endogenous compounds (e.g. steroid 

hormones, prostaglandins, bile salts, and fatty acids) (Di Giulio et al., 1995). Several 

components are necessary for the P450-catalyzed reactions, including NADPH (the reduced form 

of nicotinamide adenine dinucleotide phosphate), phospholipid, oxygen, and two primary 

enzymes (cytochrome P450 and NADPH-cytochrome P450 reductase) (Di Giulio et al., 1995). 

The NADPH-cytochrome P450 reductase transfers electrons from NADPH to cytochrome P450. 

Collectively, all the components insert one or more oxygen atoms into the double bond of a 

xenobiotic, and as a result, the foreign compound becomes more polar and thus more water 

soluble. The water soluble products include quinones, phenols, diols, tetrols or epoxides (Lee et 

al., 2003; Neilson, 2000). 

Cytochrome P450 enzymes are membrane-bound and located primarily in the smooth 

endoplasmic reticulum where xenobiotics first enter an organism (Boelsterli, 2002). In 

vertebrates, cytochrome P450s are most abundant in the liver, but also present in some 

extrahepatic tissues (Stegeman et al., 1979). The presence of cytochrome P450 enzymes in gills 
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and intestine, which are involved in the xenobiotic uptake, may be of particular importance 

(Miller et al., 1989; Van Veld, 1990). Cytochrome P450 is present primarily in the 

hepatopancreas of crustaceans and in the digestive gland of mollusks (James, 1989b; Livingstone 

et al., 1989). Compared to fish, the concentration and activity of cytochrome P450s in 

invertebrates particularly mollusks, are lower (James 1989a; Livingstone et al., 1989).  

1.2.2 Phase II Metabolism 

Phase II metabolism conjugates the metabolites produced during phase I to an 

endogenous organic ligand, which generates metabolites with greatly increased polarity and 

water solubility; these water-soluable metabolites facilitate the xenobiotic elimination from an 

organism (Boelsterli, 2002). Glutathione S-transferases, UDP-glucuronosyltransferases, and 

sulfotransferases are the main phase II enzymes (Di Giulio et al., 1995).  

1.2.3 Factors Affecting Biotransformation 

In mammals, there is an increase in the rate of protein synthesis of biotransformation 

enzymes following exposure to specific inducing agents, which results in enhanced effects 

caused by the inducing agents (Lu, 1979; Whitlock, 1986). Exposures to benz[α]pyrene, 

phenobarbital, polychlorinated biphenyls (PCBs), polychlorinated dibenzo-ρ-dioxins (PCDDs), 

and polychlorinated dibenzofurans have been related to the increased synthesis of specific phase 

I and phase II enzymes. Exposure of fish to halogenated aromatics like 2,3,7,8-

tetrachlorodibenzo-ρ-dioxin (TCDD) or to unhalogenated aromatic hydrocarbons such as 

benzo(α)pyrene or 7-isopropyl-1-methylphenanthrene (retene) will result in induction of 

cytochrome P4501A (CYP1A), a specific form of P450 active in biotransformation (Billiard et 

al., 2002; Fragoso et al., 1998; Hankinson, 1995; Sandvik et al., 1997). The CYP1A protein is 
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the major PAH-inducible form in mammals (Stegeman, 1989). The induction of CYP1A starts 

by the binding of ligands such as benz[α]pyrene to the aryl hydrocarbon receptor protein (AHR), 

which is a soluble ligand-activated transcription factor present in cells at a low concentration (Di 

Giulio et al., 1995; Hankinson, 1995). Zebrafish have three AHR homologs, AHR1A, AHR1B, 

and AHR2 (Andreasen et al., 2002a; Karchner et al., 2005; Tanguay et al., 1999). Only AHR2 

has been associated with TCDD-mediated toxicity in zebrafish (Andreasen et al., 2002b). 

Following the binding, the receptor-inducer complex binds to a translocating protein, which 

allows the complex to enter the nucleus. The complex attaches to the promoter or enhancer 

regions on DNA, distorting the DNA chain and resulting in transcription of CYP1A mRNA (Di 

Giulio et al., 1995; Wilson, 1998). The mRNA is subsequently translated into new CYP1A 

protein. The induction of CYP1A is rapid and can be measured within a few hours by three 

primary methods: catalytic assays such as aryl hydrocarbon hydroxylase (AHH) and 

ethoxyresorufin O-deethylase (EROD) activities (Burke and Mayer, 1974; Dehnen et al., 1973; 

Klotz et al., 1984), immunodetection methods such as Western blot and enzyme-linked 

immunosorbent assay (ELISA) (Goksøyr, 1985; Stegeman, 1989), and detection of mRNA 

synthesis using cDNA (Haasch et al., 1989; Kloepper-Sams and Stegeman, 1989). Activities of 

CYP1A in exposed species can be more than 100 times the activity in uninduced species (Payne 

et al., 1987). Induction causes a tremendous increase in biotransformation rates because of 

higher concentrations of the enzyme present to interact with PAH entering the organism.  

In addition to enzyme induction, there are several other factors that affect 

biotransformation processes. The basal level of enzyme activity or the sensitivity to enzyme 

induction is species specific. For example, Atlantic cod (Gadus morhua) and rainbow trout 

(Salmo gairdneri) show species differences in the levels of constitutive activities, enzyme 
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induction, regioselectivity of phenanthrene oxidation, and androstenedione metabolism (Goksøyr 

et al., 1987). Environmental factors, such as temperature, can affect the rate of 

biotransformation. Reductions in temperature can increase the quantity of polysaturated fatty 

acids in the hepatic membrane (Hazel, 1979), which induces an alteration in membrane lipid 

composition. Given that the lipid composition of membranes is associated with microsomal 

NADPH-cytochrome c reductase activity, which is an important component in the cytochrome 

P450 metabolism (Strobe1 et al., 1970), the lipid composition of membrane is therefore related 

to cytochrome P450 activities. Therefore, changes in temperature can cause alterations in 

cytochrome P450 activities, and thus influence biotransformation processes. Diet is also counted 

as one of the factors influencing biotransformation. Starvation can inhibit enzyme activities (Van 

Veld et al., 1988), and dietary fat can reduce the availability of lipophilic toxicants to the 

enzymes involved in biotransformation (Van Veld et al., 1987).  

1.3 Toxicity of PAHs 

Crude oil is a complex mixture of hydrocarbon compounds, particularly straight-chain 

alkanes, aromatic hydrocarbons (including unsubstituted and alkyl-substituted aromatics), resins 

and asphaltenes. Following the Exxon Valdez oil spill, a series of studies examined oil-related 

toxic injuries to the early life stages of fish. Oil products can be acutely toxic during a short-term 

exposure and can reduce growth and affect metabolism in a chronic exposure. Those impacts of 

oil products on aquatic organisms can vary considerably based on different oil compositions and 

the durations of exposure. Long duration but low-concentration exposures of pink salmon 

embryos to artificially weathered oil revealed distinct abnormalities and reduced survival (Heintz 

et al., 1999). Chronic exposures of fish embryos to crude oil and its fractions (mixtures of 

polycyclic aromatic hydrocarbons) resulted in mortality, developmental problems and edemas 
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(Barron et al., 2003; Barron et al., 2004; Rice, 1987). In addition, as a consequence of 

bioaccumulation, finely dispersed particles of oil products can be incorporated into organisms, 

which will negatively affect organs and systems of the exposed organism (Woodward et al., 

1983; Lockhart et al., 1996). Another study by Kazlauskiene et al (2008) on the acute and 

chronic effects to rainbow trout in early life stages documented a significant increase in larval 

mortality in the acute test while sublethal concentrations induced significant alterations in the 

cardio-respiratory system of embryos and larvae.  

The constituents of oil causing acute lethality are low molecular weight compounds, 

typified by mono-aromatics such as benzene, toluene, ethylbenzene and xylene (BTEX), low 

molecular weight alkanes, and alkyl naphthalenes. Conversely, alkyl polycyclic aromatic 

hydrocarbons with three or more benzene rings and one to four carbon atoms in substituents are 

more closely associated with chronic toxicity (Marty et al., 1997). Moreover, those alkyl 

compounds cause a common syndrome of toxicity in fish embryos known as blue sac disease 

(BSD). 

1.3.1 Blue Sac Disease 

Blue sac disease is a non-contagious and irreversible disease found in early life stages of 

fish. BSD was first observed in rainbow trout exposed to ammonia and urea in stagnant water 

systems (Wolf, 1975). Fish embryos exposed to crude oil showed concentration-dependent 

increases in a variety of signs that included increased activity of CYP1A enzyme (particularly in 

liver), yolk sac and pericardial edema, hemorrhaging, craniofacial deformities, and fin erosion 

(Anderson et al. 2009; Carls and Thedingo 2010; Carls et al. 2008; Khan 2007). Exposures of 

fish embryos to PAHs also resulted in those signs associated with oil toxicity (Bauder et al. 

2005; Billiard et al. 1999; Incardona et al. 2004; Kiparissis et al. 2003; Turcotte et al. 2011b). 
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Mortality ultimately followed BSD which caused circulatory problems, starvation from the 

inability to swim and to catch food, and failure to evade predators (Heintz et al., 2000). BSD 

caused by the excessive accumulation of metabolic wastes (e.g. ammonia and urea) can be 

distinguished from that caused by oil or PAHs by the prevalence of CYP1A induction. Some 

potent aryl hydrocarbon receptor ligands, such as TCDD (Hornung et al., 1999), polychlorinated 

biphenyls (PCBs) (Walker et al., 1996), and retene (Billiard et al., 1999), can also cause an 

increased prevalence of BSD.  

1.3.2 Other Toxic Effects 

Besides obvious fish kills and the morphological effects typified by BSD, genetic damage 

also occurs in early life stages of fish exposed to mixtures of PAH. Anaphase aberration rate, 

which measures chromosome/chromatid breaks and bridges during the later stages of mitosis, 

was significantly correlated to the total PAH concentration in exposure media (Carls et al., 

1999). Moreover, carcinogenesis is another important endpoint in the risk assessment related to 

the impacts of PAHs. Some PAHs can act as tumor initiators or pro-carcinogens (Pitot and 

Yvonne, 2001). Pre-mature mortality and reduced fish abundance would be the major 

consequences of carcinogenesis.  

1.4 PAH Mechanisms of Toxicity  

The mode of toxic action of PAHs is complicated and varies among different 

unsubstituted and alkyl substituted PAHs. There is evidence of toxicity mediated through the 

interaction of PAH with the AHR, cytochrome P450 enzymes, and cardiac receptors. Toxicity 

may be also due to the metabolites of PAH, phototoxicity, and narcosis.  
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1.4.1 Receptor Mediated Toxicity  

Some PAHs such as retene, can cause embryotoxic effects that are similar to the effects 

caused by planar halogenated hydrocarbons such as TCDD (Billiard et al., 1999). As with 

TCDD, the toxicity of those PAHs is mediated by the AHR and the toxic potency is related to 

their AHR binding affinity and CYP1A induction potency (Billiard et al., 2002). Following 

binding with the AHR, the receptor-ligand complex associates with a specific promotor region 

on the cyp1a gene called the dioxin responsive element (DRE), which subsequently induces 

transcription of downstream genes like cyp1a gene (Voelker et al., 2007); CYP1A protein is 

substantially induced. The binding affinity of PAHs to the AHR can therefore predict the 

potency for CYP1A induction (Billiard et al., 2002). Synthesis of CYP1A enzymes is one of the 

mechanisms needed for excretion of xenobiotics. However, expression of the cyp1a gene at an 

inappropriate time during embryo development can exert unwanted biologic effects; over 

expression of CYP1A enzymes has been associated with a series of toxic effects including yolk 

sac and pericardial edema, spinal and craniofacial deformity, and cardiac defects (Rifkind, 2006).  

Hydroxylation reactions mediated by cytochrome P450 introduce oxygen to the organic 

substrate, and as a result of this catalyzed reaction, some unwanted by-products are produced. 

The toxicity of PAHs can be enhanced due to the presence of these by-products, especially 

reactive oxygen species (ROS). The ROS include hydroxyl radicals (∙OH), superoxide radicals 

(O2
-
), and hydrogen peroxide (H2O2). The accumulation of ROS can trigger oxidative stress, 

causing lipid membrane damage, DNA oxidation, and protein and polysaccharide degradation 

(Di Giulio et al., 1995; Turrens, 2003). Oxidative stress has been associated with many 

morphological abnormalities including edemas, deformities, hemorrhaging, and circulatory 

failure. When the concentrations of tissue antioxidants are lower, fish embryos exposed to PAH 

that induce oxidative stress, tend to have a higher prevalence of morphological abnormalities. 
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Co-exposure of fish embryos to retene and an antioxidant such as vitamin E inhibits the 

prevalence of morphological deformities; in the meantime, the activity level of CYP1A is not 

affected (Bauder et al., 2005).  

A recent study by Scott et al (2011) found an alternative AHR-mediated mechanism of 

toxicity that targets the cardiovascular system. The exposure of zebrafish embryos to retene 

caused cardiovascular dysfunction along with edemas and deformities; the mechanism of retene 

cardiotoxicity was AHR2 mediated but CYP1A independent (Scott et al., 2011). The specific 

role of AHR2 in retene-induced cardiovascular toxicity is still to be investigated. These findings 

are consistent with the mechanism reported for TCDD (Antkiewicz et al., 2006; Carney et al., 

2004; Dong et al., 2004; Prasch et al., 2003). Unsubstituted phenanthrene does not bind to the 

AHR, induce CYP1A or cause BSD (Turcotte et al., 2011b), but exposures of zebrafish embryos 

to phenanthrene caused atrioventricular conduction block independent of AHR2 (Incardona et 

al., 2004). Compared to retene, the addition of substituents alters the mechanism of 

embryotoxicity.  

The toxic pathways of some four-ring PAHs are differentially dependent on tissue-

specific activation of AHR isoforms or CYP1A metabolism (Incardona et al., 2006). The defects 

in cardiac function and morphogenesis caused by benz[α]anthracene are attributed to the AHR2-

dependent and CYP1A-independent mechanism, which is similar to TCDD; the toxic effects of 

pyrene could be caused by the hepatic CYP1A metabolism or an altered liver function which is 

secondary to the CYP1A mediated hepatotoxicity (Incardona et al., 2006). For some five-ring 

PAHs, the cardiac toxicity is also differentially dependent on the AHR isoforms (Incardona et 

al., 2011). Benz[α]pyrene shows AHR2 dependent pericardial edema and myocardial CYP1A 

induction; benzo[k]fluoranthene shows more severe pericardial edema, and cardiac dysfunction 
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through the AHR2 independent pathway; benzo[e]pyrene causes a low level of CYP1A activity 

in the vascular endothelium of the head and trunk, and it does not cause severe toxic effects on 

cardiac function or morphogenesis (Incardona et al., 2011).  

These findings provide a more complete picture of how individual PAHs may cause the 

toxic injuries, and suggest there may be complex interactions or relationships between different 

AHR isoforms and cytochrome P450 enzymes. Nevertheless, these findings further challenge the 

understanding of the mechanism of PAH toxicity, and suggest that more studies are needed to 

further discover the toxic mechanism of more PAHs.  

1.4.2 Metabolites-Enhanced Toxicity  

The metabolism of alkyl-PAHs creates ring and chain hydroxylated derivatives, which 

contribute to the formation of phenols and benzylic alcohols, respectively (Tabash, 2002). These 

derivatives may undergo further metabolism to cause toxicity through the excessive 

accumulation of reactive oxygen species, or may cause a direct receptor mediated toxicity.  

Previous studies on the toxicity of alkyl-phenanthrenes suggest that the by-products of 

metabolism such as reactive oxygen species are not the only contributors to the toxicity of alkyl-

phenanthrenes. The prevalence of toxicity is not consistently proportional to the rate of alkyl-

phenanthrene metabolism and ROS formation (Tabash, 2002). The toxicity of alkyl-

phenanthrenes is more likely to be metabolite-mediated, and the prevalence of toxicity can be 

linked to the formation of particular classes of metabolites. Hodson et al. (2007a) found 

inhibition of retene hydroxylation and toxicity by α-naphthoflavone (ANF), which suggested that 

toxicity of retene was caused by specific metabolites instead of the unsubstituted congener. 

Fallahtafti et al. (2012) found that ring hydroxylated 1-methylphenanthrene congeners that are 

likely to form para-quinones were more toxic than congeners without para-substitution. This 
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result proposes a mechanism for PAH toxicity which is associated with the capacity of the 

compound to undergo oxygenation and to form para-quinones.  

Benz[α]pyrene is well known as a procarcinogen, i. e., a compound that can become 

carcinogenic after activation to a highly reactive diol-epoxide by CYP1A (Sims et al., 1974). 

Following the activation, the diol-epoxide can bind to nucleotide bases and cause permanent 

changes to DNA structure, which results in tumorigenesis (Gelboin, 1969). Procarcinogen 

activation can occur not only at the aromatic ring, but also at the alkyl chains. A hydroxyl with a 

sulphate group can be conjugated to alkylated benz[α]pyrenes after oxygenation by CYP1A. 

Thereafter, an electrophilic benzylic carbocation intermediate will form to react with nucleophile 

macromolecules such as DNA and proteins in the cells (Banoglu, 2000). In rodents and humans, 

these metabolite-DNA adducts will generate an increased cell proliferation, and further develop 

into cancer (Banoglu, 2000). The relatively higher toxicity of PAH metabolites relative to their 

non-metabolized congeners may be explained by the toxic pathway of procarcinogen activation, 

which is through the CYP1A metabolism.   

1.4.3 Phototoxicity 

PAH phototoxicity is caused by UV photochemical activation (Boelsterli, 2002). Some 

PAHs, such as anthracene, benz[α]anthracene, pyrene, and benz[α]pyrene, can exert photo-

induced toxicity (Oris and Giesy, 1987). A quantitative structure activity relationship (QSAR) 

study on phototoxicity of alkyl-PAHs by Veith et al (1995) used the Highest Occupied 

Molecular Orbital and the Lowest Unoccupied Molecular Orbital (HOMO-LUMO) gap as the 

molecular descriptor to distinguish phototoxic alkyl-PAHs from non-phototoxic ones. Alkylated 

PAHs that are phototoxic tend to have HOMO-LUMO gap energies that fall in the range of 6.7 
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to 7.5 eV, and these compounds are likely to be phototoxic only if their unsubstituted congener is 

phototoxic (Veith et al., 1995). One accepted mechanism of PAH phototoxicity is through the 

UV activation of PAH to a triplet state (Bowling et al., 1983; Fasnacht and Blough, 2003). The 

activated PAH transfers energy to a ground state oxygen molecule to form singlet oxygen (i.e. 

reactive oxygen species) (Boelsterli, 2002). The reactive oxygen species can lead to lipid 

peroxidation and cell membrane disruption (McDonald and Chapman, 2002).  

Without phototransformation, neither unsubstituted nor alkyl substituted anthracenes can 

induce CYP1A, and narcosis seems to be the primary mechanism of toxicity of those compounds 

(Turcotte, 2008). When exposed to light, alkyl-anthracenes cause signs of embryotoxicity which 

are similar to those of alkyl-phenanthrenes exposure; however, alkyl anthracenes after 

phototransformation still does not cause CYP1A induction. Therefore, a different mechanism 

other than AHR mediated toxicity has contributed to the adverse effects. Anthracene degrades 

rapidly after exposure to UV radiation (Mallakin et al., 2000). Phototransformation of anthracene 

and alkyl-anthracenes produces many radical species in cells (Yu, 2002), and subsequently 

enhances their toxicity. In addition, the toxicity of anthracene is not enhanced when the 

compound is exposed to UV radiation prior to biological exposure (Bowling et al., 1983). In this 

situation, the molecules of anthracene are modified through photodegradation before exposure, 

and the residual photoproducts in the water are not as toxic as the UV-induced ROS in tissues; 

consequently, toxicity is not enhanced (Bowling et al., 1983).  

Another mechanism for PAH phototoxicity does not involve molecular oxygen. The 

absorbed energy from the UV radiation transforms PAH to reactive intermediates, which can 

interact with DNA, forming adducts and leading to genotoxicity (Pelletier et al., 1997). 

Anthracene can also form DNA adducts when exposed to UV light (Sinha and Chignell, 1983).  
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1.4.4 Narcosis 

Narcosis is a non-specific, reversible, and anesthetic-like effect caused by the partitioning 

of hydrophobic chemicals into cell membranes (Incardona et al., 2006). The potency of narcotics 

depends solely on their ability to bioconcentrate in lipids, and this ability can be predicted by 

their octanol-water partition coefficient (Incardona et al., 2006). There are two different types of 

narcotics. Type I is classified as non-polar narcotics without specific receptor interactions, while 

type II is defined as polar narcotics which also do not interact with specific receptor (Verhaar et 

al., 1992). Type I narcotics are toxic through hydrophobic bonding of the compound to enzymes 

or membranes; the toxic syndrome caused by type II narcotics may be through hydrophilic 

bonding due to the presence of a strong hydrogen bonding group on the molecular structure 

(Veith and Broderius, 1990). Two to four, as well as some five-ring PAHs without functional 

groups, are generally type I narcotics. Tissue doses causing narcosis are generally higher than 

those causing BSD; BSD has been associated with reduced tissue doses, increased synthesis of 

metabolite and rates of excretion (Hawkins et al., 2002).  

There are several models developed to predict the narcosis of PAHs in aquatic organisms. 

In the critical body burden model, PAH compounds with a log kow value greater than 5.6 are 

predicted to be not toxic because of limited bioconcentration due to their insolubility at aqueous 

phase (Di Toro et al., 2000). This model is dependent on bioconcentration factors which are 

species specific. Another model, the target lipid model (TLM), relates narcosis of a compound 

with the concentration at the site of action. The TLM assumes that mortality occurs once the 

dose in the target lipid reaches a critical threshold which is species-specific (Di Toro et al., 

2000).  
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1.5 Structure-Toxicity Relationships 

There are a large number of alkylated congeners of each unsubstituted PAH. For 

example, there are over 500 possible C1 to C4 alkyl congeners of phenanthrene. The 

development of structure-toxicity relationships based on some model compounds is quite crucial 

to the estimation of mixture toxicity for ecological risk assessments. Alkylations at the bay (a 

concave area of the periphery of PAHs) or k region (the area opposite to the bay region) of the 

ring system have been associated with an enhanced PAH toxicity (Turcotte et al. 2011a; Turcotte 

et al. 2011b; Fallahtafti et al. 2012). The toxicity of waterborne PAH increases with molecular 

size to a cut-off, beyond which toxicity decreases, likely due to steric hindrance or limited 

aqueous solubility. Alkyl-phenanthrenes are more toxic to medaka embryos than the 

unsubstituted phenanthrene (Turcotte et al., 2011b). Structural features such as the size and the 

position of the alkyl substituents on the benzene ring make a difference in the severity of toxicity 

of alkyl-phenanthrenes (Turcotte et al., 2011b). For example, 1, 7-dimethylphenanthrene was 

slightly less toxic than 2, 7-dimethylphenanthrene or 2-ethylphenanthrene; alkyl phenanthrenes 

with substituents in position 9 or 10 (on the middle ring) are less toxic than the congeners that 

have alkyl groups in position 1, 2 or 7 (on the outer rings). The more the structure of alkyl-

substituted phenanthrenes resembles retene (7-isopropyl-1-methylphenanthrene), the more toxic 

to medaka embryos (Turcotte et al., 2011b).  

In 24h light assays without prior photodegradation and in 24h dark assays, the toxicity of 

1-methylanthracene was higher than 9-methylanthracene; within the solubility limit, the 

unsubstituted anthracene was less toxic than 1-methylanthracene, 9-methylanthracene, or 9, 10-

dimethylanthracene; 9, 10-dimethylanthracene was more toxic than either 1-methylanthracene or 

9-methylanthracene (Turcotte et al., 2011a). Generally, the toxicity of alkyl-anthracenes 

increased with the number of alkylations on the molecule (Turcotte et al., 2011a). However, not 
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enough alkyl-anthracenes were tested to determine if the size of alkyl groups could affect 

toxicity.  

Structure-toxicity relationships for PAH metabolites were recently studied by Fallahtafti 

et al. (2012) by testing hydroxylated congeners of 1-methylphenanthrene. Ring hydroxylation 

increased toxicity while chain hydroxylation lowered the toxicity, as some phenol congeners of 

1-methylphenanthrene were more toxic than 1-methylphenanthrene and its benzylic alcohol 

congeners (Fallahtafti et al., 2012). Additionally, the compound with a hydroxyl group 

substituted at position 7 or 8 lead to a higher toxicity than the one substituted at other positions 

(Fallahtafti et al., 2012). 1-methyl-7-hydroxyphenanthrene and 1-methyl-8-hydroxyphenanthrene 

can be para-hydroxylated to generate diols and then diones, which are associated with the 

formation of para-quinone. Therefore, the toxicity of alkyl-phenanthrene metabolites may be 

dependent on their capacity to undergo oxygenation and to form para-quinone (Fallahtafti et al., 

2012).  

1.6 Exposure Systems 

There are many different exposure protocols for fish embryo toxicity tests, such as static 

(nonrenewal), semi-static (mostly daily renewal), flow-through, topical application exposure, 

direct injection, and partition-controlled delivery. An important requirement for accurate toxicity 

tests is to provide constant concentrations of each test compound.  

1.6.1 Static and Semi-Static Systems 

Exposure solutions are not changed during tests with static exposures, while solutions are 

changed daily during a semi-static assay. These exposure methods do not require specialized 

instrumentation and there is little disturbance of fish embryos during observations. However, 

either in static assays or between additions of fresh solution in semi-static assays, concentrations 
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decline with degradation or adsorption. Hydrophobic test compounds can be absorbed by the test 

organism or by the test container, and they are susceptible to biodegradation, hydrolysis and 

volatilization (Rand et al., 1995). In a semi-static assay, the concentration of test PAH can 

decline to 5% of its initial concentration (Basu et al., 2001). The compound loss during the 

exposure causes difficulties in maintaining the desired aqueous concentrations. In addition, tissue 

doses of test compounds were usually not measured in most of the toxicity studies with these 

exposure methods. Consequently, there are differences between the actual and nominal exposure 

concentrations, and toxicity end-points may be inaccurate when estimated from the nominal 

rather than the actual concentrations (Billiard et al., 1999; Hamm and Hinton, 2000; Harris et al., 

1994; Wisk and Cooper, 1990).  

1.6.2 Flow-Through System  

A flow-through water system is a more suitable method for toxicity tests with 

hydrophobic compounds. A common method is to dissolve the test chemicals in a stock solution, 

followed by continuous additions of an appropriate amount of diluents (Ouyang et al., 2006; 

Shurmer and Pawliszyn, 2000). The stock solution may be prepared once at the beginning of the 

test, or fresh stock solutions may be added to test containers daily (Rand et al. 1995). Through 

these processes, test solutions are continuously refreshed and replaced to maintain the desired 

concentrations over time. The change of concentrations of naphthalene, acenaphthene, and 

fluorene in a 20-month experiment (Ouyang et al., 2006) using a flow-through system was about 

15%. In addition, the flow-through system also provides exposure water of good quality by 

removing metabolic wastes and sustaining sufficient oxygen (Rand et al., 1995).  
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One of the concerns about this exposure system is the control over the concentrations 

over time. The target concentrations may not be easy to meet and maintained. Moreover, the 

large amount of compound required for this method, especially in a chronic exposure assay, is 

another important concern. Alkyl-PAHs are expensive to purchase, or to synthesize. Also, the 

large volumes of toxic waste produced from flow-through systems may be a safety issue with 

handling, especially when using some untested compounds. It will also cost a lot to deal with the 

large volume of toxic waste.   

1.6.3 Topical Application and Injection Exposure 

To overcome the uncertainty of actual concentration in the aqueous phase, chemicals 

dissolved in solvents are deposited topically on the exterior of fish embryos and the partitioning 

of test compounds is dependent on the egg chorion permeability (Helmstetter and Alden, 1995). 

With injection methods, chemicals dissolved in a carrier solvent, most commonly 

dimethylsulfoxide (DMSO) or saline solution, is injected directly into the perivitelline space or 

yolk sac of fish embryos (Metcalfe and Sonstegard, 1984; Black et al., 1985). In these protocols, 

embryos are exposed to known doses of chemicals. Rather than an inferred toxicity, the toxic 

threshold can be determined based on true dose response data. However, the direct injection 

method could result in the loss of treatment material and a high rate of control mortality due to 

the trauma from the injection procedures (Helmstetter and Alden, 1995). In the microinjection 

assay of benz[α]pyrene solution to rainbow trout sac-fry, benz[α]pyrene was lost through direct 

movement out of the yolk and excretion following metabolism; about 85% of the initial dose 

entered each sac-fry (Metcalfe et al., 1988). The injection protocol requires sophisticated 

instruments and experienced personnel (Metcalfe et al., 1988; Papoulias et al., 1999). Both of the 
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topical treatment and the injection method are based on the dose received, which provide little 

information on the consequence of continuous exposures from water. 

1.6.4 Partition-Controlled Delivery  

An alternative method to provide desired aqueous concentrations for embryos exposure, 

the partition-controlled delivery (PCD), has been developed based on the use of 

polydimethylsiloxane (PDMS) films (Brown et al., 2001; Kiparissis et al., 2003). From the 

PDMS films loaded with the test chemical, PAHs are delivered to aqueous solutions at or below 

their solubility limits by equilibrium partitioning. The desired concentrations are maintained for 

a period of time while using a small amount of test compound. Test compounds can be lost from 

the aqueous solution as described in Section1.6.1, but partitioning from the PDMS film 

compensates for the loss to maintain a stable concentration for the duration of exposure tests. 

Compared to other conventional exposure systems such as the static and semi-static methods or 

the flow-through protocol, this PCD system is convenient and cost efficient to prepare and 

maintain; less test compound is needed; there is less waste, and hazardous materials are retained 

in the test vials. In practice, concentrations of test compound did not decrease by more than 15% 

from their initial values; the decline of concentrations was slow before embryos hatching and 

was relatively accelerated after the hatch (Kiparissis et al., 2003).  

1.7 Methods of PAH Detection 

There are various analytical methods for quantifying PAHs in different media, but none 

of the procedures is universally applicable. Depending on the nature of the sample, such as 

volatility, molecular weight, presence of heteroatoms, and isomerism of compounds, a variety of 

analytical methods may be applied, either alone or in combination. Sensitivity, resolution, 
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precision, and time for analysis, as well as the simplicity of the methods should be taken into 

account when determining which method to use.  

Since late 1950s, the separation of smaller aromatic hydrocarbons has been commonly 

achieved using gas chromatography (GC) (Lee et al., 1981). Gas chromatography-mass 

spectrometry (GC-MS) is the method commonly used to analyze unsubstituted, alkylated, and 

heterocyclic PAHs (Alzaga et al., 2004; Means, 1998). The compound-specific analysis of these 

PAHs in aqueous phase or in tissues has applied either scanning or selected-ion monitoring 

mode; analyses of sea water samples show adequate accuracy (8% mean difference at the 5 ppt 

level) and the method detection limits are in the parts-per-trillion range (Means, 1998). The PAH 

metabolites with polar groups on the ring system, are usually derivatized before the GC-MS 

analysis; the derivatization on the polar groups includes esterification, acetylation and silanation 

(Lee et al., 2003). The purpose of the derivatization process is to ensure the metabolites are 

volatile enough to elute without a thermal decomposition.  

High-performance liquid chromatograph coupled to either a fluorescence detection 

(HPLC-F) (Jonsson et al., 2003) or a mass spectrometer (Kerns et al., 1997) is more effective 

than GC-MS for analyzing -OH derivatives of PAH. Compared to GC-MS, recoveries of test 

compounds are generally higher for HPLC-F due to a less complicated sample preparation 

because the sample preparation would cause accumulative loss of compound; the detection limit 

of HPLC-F is improved with increasing molecular size while the trend is opposite  for GC-MS 

(Jonsson et al., 2003). Another advantage of the HPLC-F method is that this technique does not 

require derivatization, which significantly simplifies procedures (Kerns et al., 1997).  
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Fluorescence spectroscopy is another convenient method to determine the concentration 

of single PAHs or even to detect PAH in complex mixtures by direct selective methods. In 

conventional fluorometry, the fluorescence (emission) intensity, which is correlated to the 

compound concentration, is recorded while the excitation wavelength is held at a constant value. 

The time-programmed selection of emission and excitation wavelengths is utilized to optimize 

the detection when analyzing a PAH mixture (Wang et al., 2005; Williams et al., 1994). 

Synchronous fluorescence scanning (SFS) is a method adapted from the conventional 

fluorescence spectroscopy, but it has a better selectivity. With SFS, the emission and excitation 

wavelengths vary during the analysis; the difference between the excitation and emission 

wavelengths remains constant throughout the scanning (Inman et al., 1982). The synchronous 

fluorescence method was introduced by Lloyd and has been applied to the characterization of 

PAH mixtures (Lloyd, 1974; John and Soutar, 1976).  

1.8 Risk Assessment Methods 

Following a petroleum spill, the identity and the prevalence of PAHs have been used to 

evaluate the present and potential environmental damages. Following major spill incidents, such 

as the Exxon Valdez, the Cosco Busan, and the Deepwater Horizon oil spills, environmental risk 

assessment efforts have been focused on the effects of PAHs as the most important constituents 

in oil (Carls et al., 1999; Diercks et al., 2010; Incardona et al., 2008). Documented data on the 

toxicity of PAHs are often limited, and currently there is no standardized method for the use of 

this information in risk assessment. Current risk assessment approaches can be summarized as: 

the total PAH method, the toxic equivalency factors method, the octanol-water partition 

coefficient method, and the toxic potential and toxic unit method.  
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1.8.1 Total PAH  

The total PAH (tPAH) method is typically used in the initial steps of a risk assessment 

which indicates the presence and abundance of PAHs. However, tPAH is the sum of 

concentrations of all PAH present without regard to the identities of those PAHs. It is not able to 

differentiate among PAHs, and the comparison of critical concentrations is impossible. The use 

of total hydrocarbon or tPAH to assess toxicity assumes all PAHs have identical effects and the 

effects can be additive. As known, the toxicity depends significantly on the composition of the 

PAHs in the mixture and many PAHs exhibit unique toxicity (Incardona et al., 2004, 2006, 2011; 

Turcotte et al., 2011a,b). Di Toro et al (2007) suggested that tPAH concentration should not be 

used to quantify the toxicity of a PAH mixture. 

1.8.2 Toxic Equivalency Factors 

In the toxic equivalency factors (TEF) approach, the most potent (or toxic) and 

previously well characterized chemical is selected as the reference compound for all remaining 

compounds. The toxicity of each compound is expressed as the ratio to the toxicity of the 

reference compound (TEF=1.0). One limitation of this approach is that it requires the toxic 

effects of all other members in the class must be similar to the surrogate compound, and the toxic 

effects of all compounds in the mixture must be additive (Nisbet and LaGoy, 1992). However, 

PAHs usually occur at contaminated sites as complex mixtures of various components with 

widely varying toxic potencies (Santodonato et al., 1981). For the toxic equivalency factors 

approach, the primary application is for estimating carcinogenicity of mixtures of PAH. 

Benz[α]pyrene, which has been well characterized toxicologically, is used as the reference 

compound due to its greater carcinogenic potency. All remaining PAHs are divided into two 

subclasses, carcinogenic and non-carcinogenic. The carcinogenicity of different PAHs will be 
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compared to the referenced severity and ranked from zero to one, as non-carcinogenic is 

assigned as zero (Nisbet and LaGoy, 1992).  

Rather than carcinogenesis, many chronically toxic PAHs will cause developmental and 

reproductive problems. The induction equivalents (IEQ) approach allows for the equivalency 

factors to be utilized to assess endpoints such as CYP1A enzyme induction (Parrott et al., 1995). 

Induction equivalency factor is a very useful risk assessment approach to exam the potency of 

mixtures for inducing metabolism and excretion of PAH. However, due to the limited amount of 

mechanistic toxicity information and non-additive toxic effects of mixtures, the applicability and 

prevalence of this method may be limited.  

1.8.3 Octanol-Water Partition Coefficient 

Aquatic organisms can be modelled as membrane-delimited sacs containing water and 

lipid (Spacie et al., 1995). Most PAHs are toxic through narcosis, which is a non-specific mode 

of action and involves cell membrane phospholipids. The potency of narcotics depends solely on 

their capability to bioconcentrate which is related to their hydrophobicity. Measures of 

compound hydrophobicity such as the octanol-water partition coefficient (Kow) can therefore be 

used to predict the degree of exposure (Di Toro et al., 2000). Octanol-water partition coefficient 

illustrates the association between the solubility of a PAH in n-octanol and water, defined as log 

Kow= log 
         

       
. In current risk assessment models, n-octanol acts as a surrogate for cell 

membrane lipids, and the relationship between the species-specific threshold concentration and 

the octanol water partition coefficient has been developed to predict narcotic toxicity (Black et 

al., 1983). A target lipid model has successfully predicted both the acute and chronic toxicity of 

many PAHs as a single compound and in mixtures (McGrath and Di Toro, 2009).  
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However, there are some limitations for the use of Kow to predict toxic effects. Octanol 

water partition coefficient is not an accurate method to measure hydrophobicity for polar 

compounds. Experimental values for Kow are not available for many emerging toxic compounds 

and the estimated values rely heavily on computer modeling software. However, it is difficult for 

computer software to distinguish some PAH congeners that have the same molecular weight but 

dissimilar structures (e.g., alkyl groups are in different positions on the PAH ring structure). In 

addition, the complexity of toxic mechanisms hinders the use of this model; the use of this model 

may oversimplify the toxicity of PAH mixtures (Incardona et al., 2006).   

1.8.4 Toxic Potential and Toxic Unit 

Toxic potential, first introduced by Bobra et al (1983), integrates the toxicity of 

individual components of oil with their aqueous solubility, representing an ecologically relevant 

aquatic toxicity. Toxic potential is defined as the toxicity of that component at its aqueous 

solubility limit (Bobra et al., 1983). The maximum concentration of dissolved chemical used for 

the toxic potential implies a maximum toxicity that compound can exert. Toxic units (TUs) are 

used to compare the toxic potentials of different chemicals. A toxic unit represents the ratio of 

the aqueous concentration of the compound (Cw) and the critical concentration for the endpoint 

effects (Cw*), or TU=
  

   
 (Di Toro et al., 2007). The toxicity of oils can therefore be estimated 

by the toxicity of individual components at their water solubility. This method takes ecological 

factors into account, such as salinity, temperature, and weathering. When applying this method 

to assess the toxicity of PAHs in the mixture, it requires a good understanding of individual 

toxicity at the respective solubility limit. For most of the PAH congeners, the toxicity at a given 

aqueous concentration is still not well understood.  
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1.9 Thesis Objectives 

There is limited knowledge on the embryo toxicity of alkyl-PAHs. A recent study to 

compare the embryo toxicity of chrysene and benz[α]anthracene demonstrated 

benz[α]anthracene to be more toxic, even though both have a similar structure and 

hydrophobicity (Incardona et al., 2006). Alkyl congeners of these two unsubstituted compounds 

have been associated with the embryo toxicity of crude oil (Hodson et al., 2007b), but the 

embryo toxicity of individual alkyl-congeners has never been studied. In the toxicity assessment 

of oil components, chrysene and benz[α]anthracene, as well as their alkyl-congeners, are usually 

reported as a single class. However, if they show a significant difference in toxicity, it is critical 

to have a structure toxicity model developed to favour the risk assessment.  

The objectives of this thesis were to evaluate the chronic toxicity of a series of alkyl-

congeners of chrysene and benz[α]anthracene to medaka embryos, and to further characterize the 

PCD method of exposure. The toxicity of alkyl-phenanthrenes to early life stages of fish is 

higher than their non-alkylated homologue (Turcotte et al., 2011b), and a structure-toxicity 

model for alkyl-phenanthrenes has been developed by Turcotte et al (2011b). This research will 

extend findings on alkyl-phenanthrene to the alkyl-congeners of chrysene and benz[α]anthracene 

to determine if structure-activity relationships can provide a predictive basis for ecological risk 

assessments. The results of this research will contribute to a better understanding of the toxicity 

of alkyl-PAHs. It can also support ecological risk assessment on oil spills based on the observed 

toxic effects on fish embryos and on the measured concentrations of PAHs.  

I investigated the chronic toxicity of unpurified retene  (reference compound), chrysene, 

1-methylchrysene (1-MC), 6-methylchrysene (6-MC), 2- methylbenz[α]anthracene (2-MB), and 
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2, 3-dimethylbenz[α]anthracene (2, 3-DMB). These results were integrated with the toxicity data 

of benz[α]anthracene (B[α]A) and 7-methylbenz[α]anthracene (7-MB) from Morandi (2013). 

The following null hypotheses were tested: (1) alkylation does not increase the toxicity of 

chrysene and benz[α]anthracene; (2) there are no differences in the toxicity between 2, 3-DMB 

and 2-MB or 7-MB; (3) there are no differences in the toxicities of different C-1 

benz[α]anthracenes or C-1 chrysenes; (4) there is no relationship between estimates of Kow and 

the toxicity of alkyl-substituted congeners of chrysene and benz[α]anthracene.  
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Chapter 2 

Quantitative structure activity relationships for chronic toxicity of alkyl-

chrysenes and alkyl-benz[α]anthracenes to Japanese medaka embryos 

(Oryzias latipes) 
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Abstract 

Alkylated polycyclic aromatic hydrocarbons (PAHs) are a suite of compounds 

predominating in crude oils and are the main constituents responsible for the chronic toxicity of 

oil to fish.  Alkylation at different locations of the benzene rings changes the size and shape of 

PAH molecules, which could result in different interactions with tissue receptors and different 

severities of toxicity. This project assessed the toxicity of chrysene, benz[α]anthracene, and 

several alkylated congeners to the embryos of Japanese medaka (Oryzias latipes) using the 

partition controlled delivery (PCD) method of exposure. With PCD, desired exposure 

concentrations were maintained by equilibrium partitioning of the test compound from 

polydimethylsiloxane (PDMS) films, and test concentrations declined by only 13% over a period 

of 17 days. Occurrences of blue sac disease (BSD) were recorded and severities were scored to 

estimate median effective concentrations (EC50s) that represent toxicity of test compounds. 

Benz[α]anthracene was more toxic than chrysene. Alkylation generally increased toxicity, except 

for alkylation at position 2 of benz[α]anthracene. Alkyl-congeners substituted at the middle 

region had a lower EC50 than the ones substituted at the distal region. These compounds did not 

induce acute lethality and therefore, narcosis was not likely to contribute to their toxicity. Except 

for benz[α]anthracene and 7-methylbenz[α]anthracene, estimated EC50 values of other test 

compounds were higher than their solubility limits, which resulted in limited toxicity within the 

ranges of test concentrations. The regression between log EC50s and log Kow values provided a 

rough estimation of structure-toxicity relationships for alkyl-PAHs. This research contributes to a 

better understanding of structure-toxicity relationships for alkyl-PAHs.  
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2.1 Introduction 

Crude oil is a complex mixture of hydrocarbon compounds, comprised of saturates, 

aromatic hydrocarbons, resins, and asphaltenes (SARA). There has been a lot of research on 

crude oil. Prompted by the 1989 Exxon Valdez crude oil spill at Prince William Sound, Alaska, 

research focused on oil-related toxic injuries to the early life stages of fish and identification of 

causative components (Carls et al., 1999; Murphy et al., 1999). Oil products can be acutely toxic 

during a short-term exposure, causing obvious fish kills. In a long-term exposure, spilled oil can 

reduce growth and impair the metabolism of aquatic organisms. The impacts of oil products on 

aquatic organisms can vary considerably based on different oil compositions and durations of 

exposure. The constituents of oil causing acute lethality are mostly low molecular weight 

compounds, typified by mono-aromatics such as benzene, toluene, ethylbenzene, and xylene 

(BTEX), low molecular weight alkanes, and alkyl naphthalenes. Those oil components are toxic 

through a general mode of action termed narcosis, a non-specific, reversible, and anesthetic-like 

effect caused by the bioaccumulation of hydrophobic chemicals in cell membranes (Incardona et 

al., 2006). Adverse effects result from accumulation of toxic compounds and the Kow of a 

compound represents its hydrophobicity and predicts its quantity reaching internal target sites 

(Spacie et al., 1995). Positive linear regression relationships between bioconcentration factor 

(BCF) and Kow have been developed (Mackay, 1982; Veith and Kosian, 1982) to predict 

bioconcentration of chemicals in exposed organisms. The potency of narcotics depends solely on 

their ability to bioconcentrate in lipids, and therefore, the acute lethality can be modeled and 

predicted from Kow (McGrath and DiToro, 2009).  

The chronic toxicity of oil to early life stages of fish is one of the most severe impacts of 

marine and freshwater oil spills. The oil components most closely associated with chronic 

toxicity are alkylated polycyclic aromatic hydrocarbons with three or more benzene rings and 
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one to four carbon atoms in substituents (Hodson et al., 2007). In an effects-driven chemical 

analysis of Alaska North Slope crude (ANSC) and Scotian light crude oils (SCOT), the 3-4 rings 

alkyl-PAHs were identified as the components responsible for cytochrome P450 1A (CYP1A)  

induction in exposed fish (Khan, 2007; Saravanabhavan, 2007). These 3-4 rings alkyl-PAHs also 

cause a syndrome called blue sac disease (BSD) in early life stages of fish, which is a non-

contagious and irreversible disease and expressed as a variety of signs that include increased 

activity of CYP1A enzymes (particularly in liver), yolk sac and pericardial edema, 

hemorrhaging, craniofacial deformities, and mortality before swim up (Bauder et al., 2005; 

Billiard et al., 1999; Marty et al., 1997).  

The mechanisms of chronic toxicity vary among different unsubstituted and alkyl 

substituted PAHs. Toxicity could be mediated through the interaction of PAH with the aryl 

hydrocarbon receptor (AHR) protein (Billiard et al., 2002; Scott et al., 2011), cytochrome P450 

enzymes (Bauder et al., 2005; Hawkins et al., 2002), and cardiac receptors (Incardona et al., 

2006, 2011). Toxicity may also be due to the metabolites of PAH (Fallahtafti et al., 2012), 

phototoxicity (Oris and Giesy, 1987; Turcotte et al., 2011a), and narcosis (Verhaar et al., 1992, 

Turcotte et al., 2011a,b).  

There are a large number of alkylated congeners for each parent PAH. For example, there 

are more than 500 congeners of C1 to C4 alkyl phenanthrenes. Given that individual alkyl-PAHs 

even with similar structures demonstrate significant variations in embryo toxicity, the 

development of structure-toxicity relationships based on model compounds is quite important for 

estimating the toxicity of mixtures for ecological risk assessments.  
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Alkyl-phenanthrenes are more toxic to medaka embryos than unsubstituted phenanthrene 

(Turcotte et al., 2011b). The non-linear arrangement of the ring system, namely the presence of a 

bay and a k region, has been associated with an enhanced toxicity; alkylations at the bay or k 

region increase the embryo toxicity of alkyl-anthracenes and alkyl-phenanthrenes (Turcotte et al. 

2011a; Turcotte et al. 2011b; Fallahtafti et al. 2012). Toxicity increases with molecular size to a 

cut-off, beyond which toxicity decreases, likely due to steric hindrance or limited aqueous 

solubility. Structural features such as the size and position of the alkyl substituents on the 

benzene ring affect the toxicity of alkyl-phenanthrenes (Turcotte et al., 2011b). For example, 

alkyl phenanthrenes with substituents in position 9 or 10 are less toxic than the congeners that 

have alkyl groups in position 1, 2 or 7; thus alkyl substituents in the distal regions of molecules 

lead to a higher toxicity than those in the mid-regions (Turcotte et al., 2011b). Turcotte et al 

(2011b) also proposed an association between the chemical structure and an enhanced toxicity; 

the more the structure of alkyl-substituted phenanthrenes resembles retene (7-isopropyl-1-

methylphenanthrene), the more toxic to fish they were.  

Ring hydroxylation of 1-methylphenanthrene can also increase toxicity while chain 

hydroxylation will lower the toxicity, because phenol derivatives of 1-methylphenanthrene are 

more toxic than 1-methylphenanthrene and its benzylic alcohol derivatives (Fallahtafti et al., 

2012). Moreover, the toxicity of alkyl-phenanthrenes could be dependent on their capacity to 

undergo oxygenation and to form para-quinone (Fallahtafti et al., 2012), or is perhaps dependent 

on the binding affinity for specific protein receptors (e.g. the AHR) (Billiard et al., 2002).  

In current risk assessment models, n-octanol acts as a surrogate for cell membrane lipids, 

and the relationship between the species-specific threshold concentration and the octanol-water 

partition coefficient (Kow) has been developed to predict narcotic toxicity (Black et al., 1983). 
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This Kow model has also successfully predicted the chronic toxicity of many PAHs as single 

compounds or in mixtures (McGrath and Di Toro, 2009), for example, the chronic toxicity of 

alkyl-phenanthrenes (Turcotte et al., 2011b). In general, the chronic toxicity of alkyl-

phenanthrenes increases with the log Kow values (Turcotte et al., 2011b). Knowledge of 

bioaccumulation processes, which can be illustrated by Kow, is vital to understanding toxicity by 

revealing toxicokinetics. The concentration of chemical in exposure water is a surrogate for the 

concentration in the body of the exposed organism (Spacie et al., 1995); by applying Kow, the 

quantity of chemical reaching internal target sites can be predicted. After chemicals reach target 

sites, other factors such as chemical structure could affect interactions with xenobiotic receptors 

and lead to various toxic effects. Therefore, while Kow may predict exposure through PAH 

partitioning, it seems to have no relationship to the actual mechanism of chronic toxicity.  

There are many different exposure protocols for chronic toxicity tests with fish embryos. 

Most conventional methods of exposure are not appropriate for an accurate toxicity test with 

hydrophobic compounds like PAHs. A static exposure system has no change of exposure 

solution during the test, while a semi-static assay generally changes the solution daily. During an 

exposure test, hydrophobic test compounds (e.g. PAHs) can be absorbed by the test organism or 

by the test container, and they are susceptible to biodegradation, hydrolysis, and volatilization 

(Rand et al., 1995). For example, in a semi-static assay with juvenile fish, concentrations of test 

PAH declined to 5% of their initial concentrations (Basu et al., 2001). The compound loss during 

the exposure causes difficulties in maintaining the desired aqueous concentrations. Given that 

toxicity is often estimated from the nominal rather than the actual concentrations, the difference 

between the actual and nominal exposure concentrations will consequently lead to a wrong 

estimation of toxicity (Billiard et al., 1999; Hamm and Hinton, 2000). The key requirement for 
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an accurate toxicity test is to maintain constant concentrations of test substances during the test 

period.  

A new method of exposure, the partition-controlled delivery (PCD) of compounds from a 

thin polydimethylsiloxane (PDMS) film to aqueous solutions, has been developed to overcome 

the problems of testing alkyl-PAHs with traditional test systems (Brown et al., 2001; Kiparissis 

et al., 2003). With PCD, desired concentrations at or below the solubility limit of test compounds 

are maintained for a prolonged period of time while using a small amount of test compound. Test 

compounds can be lost from the aqueous solution whereas the PDMS can rapidly compensate for 

the loss to maintain a stable concentration for exposure tests. It is cost efficient to prepare and to 

maintain, and it reduces the potential exposure of lab personnel to test compounds. However, the 

PCD method has not been applied to the tests with four-ringed alkylated PAHs and its ability to 

maintain a constant aqueous concentration should be evaluated before toxicity testing. 

There is limited knowledge on the embryo toxicity of four rings PAHs, especially the 

alkylated congeners. A recent comparison of the embryo toxicity of chrysene and 

benz[α]anthracene demonstrated benz[α]anthracene to be more toxic, despite similar chemical 

structures and hydrophobicity (Incardona et al., 2006). While alkyl congeners of these two 

unsubstituted compounds have been associated with the embryo toxicity of crude oil (Hodson et 

al., 2007), there is little knowledge of the embryo toxicity of individual alkyl-congeners. In gas 

chromatography/mass spectrometer (GC/MS) analyses, chrysene and benz[α]anthracene, as well 

as their alkyl-congeners, are usually reported as a single class. However, if they show significant 

differences in toxicity, it is critical to treat them as separate compounds in the analytical analysis, 

and to have a structure toxicity model developed to improve risk assessments.  
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The objectives of this thesis were to evaluate the chronic toxicity of a series of alkyl-

congeners of chrysene and benz[α]anthracene (1-methylchrysene (1-MC), 6-methylchrysene (6-

MC), 2- methylbenz[α]anthracene (2-MB), and 2, 3-dimethylbenz[α]anthracene (2, 3-DMB)) to 

medaka embryos by using the PCD method of exposure. A characterization of the adapted PCD 

method was completed for each chemical before actual bioassays with medaka embryos. From 

the characterization, solubility limits of test compounds were determined and the capacity of 

PDMS films to compensate for compound loss was evaluated. Medaka embryos were exposed to 

desired aqueous concentrations of test compounds using PCD, and observed daily to identify 

abnormalities; the aqueous concentrations were measured by fluorescence spectrometry. Median 

effective concentrations (EC50s) were calculated for indices of toxicity (i.e., percent affected 

fish, severity index and BSD index). Results from this study were integrated with the toxicity 

data of benz[α]anthracene (B[α]A) and 7-methylbenz[α]anthracene (7-MB) from Morandi 

(2013), and the chemical data set was used to study structure-toxicity relationships. This study 

was proposed to provide a better understanding of the toxicity of alkyl-PAHs. More importantly, 

it may determine if structure-activity relationships can be extended beyond phenanthrene to 

provide a predictive basis for ecological risk assessments.  
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2.2 Material and Methods 

2.2.1 Experimental Design  

The chronic toxicity of chrysene, its alkylated congeners, and alkylated 

benz(α)anthracenes to Japanese medaka embryos was assessed by partition controlled delivery of 

chemicals to test solutions. Prior to toxicity tests, PDMS films were characterized by measuring 

their ability to deliver exposure concentrations up to the aqueous solubility limit of each test 

chemical, film:solution partition coefficient (Kfs), and the time to steady state concentrations 

(TSS). Most water samples were analyzed by solid phase extraction (SPE), followed by 

fluorescence spectroscopy to determine the aqueous concentrations of each test chemical. 

Emission and excitation wavelengths were optimized for each chemical prior to the 

spectrophotometry scanning. Medaka embryos were exposed from two hours post fertilization to 

hatch. EC50s determined for binary endpoints, including the rate of abnormality and mortality, 

were compared with the values calculated for non-binary endpoints, namely the severity index 

and the BSD index. 
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Table 2.1 Molecular structures of tested compounds. Retene is 7-isopropyl-1-

methylphenanthrene (positive control).  

retene chrysene 
CH3

H3C

H3C  
 

1-MC 6-MC 

 
 

CH3

 
2-MB 2,3-DMB 

CH3

 

CH3

CH3

 
 

2.2.2 Chemicals and Reagents 

Medaka embryos were exposed to un-substituted chrysene, each of two alkyl-congeners: 

1-methylchrysene and 6-methylchrysene, and each of two alkyl-benz[α]anthracenes: 2-

methylbenz[α]anthracene and 2, 3-dimethylbenz[α]anthracene (Table 2.1). 

Test compounds, 1-methylchrysene (1-MC) and 6-methylchrysene (6-MC), were 

synthesized by Dr. Kåre Jørgensen’s group, University of Stavanger, Stavanger, Norway. 2- 

methylbenz[α]anthracene (2-MB) and 2, 3-dimethylbenz[α]anthracene (2, 3-DMB) were 
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synthesized by Dr. Victor Snieckus’s group, Queen’s University, Kingston, ON, Canada. 

Chrysene was purchased from Sigma-Aldrich (Bellefonte, PA, USA) and unpurified retene was 

obtained from MP Biomedicals LLC (Illkirch, France). Retene without any further analytical 

purification was chosen to establish standard operating procedures for different tests, and used as 

a positive control in the exposure tests with 2-MB and 2,3-DMB. Polydimethylsiloxane (PDMS) 

aquarium sealant was ordered from Marineland (Blacksburg, VA, USA). Embryo rearing 

solution (ERS) (1 ml of 10 % NaCl, 1 ml of 0.3 % KCl, 1 ml of 0.4 % CaCl2•2H2O, 1 ml of 1.63 % 

MgSO4•7H2O, and 95 ml of double-distilled water) was prepared with standard reagents at their 

best purity available. Double-distilled water was prepared using the ELGA PURELAB
®
 Ultra 

water system (Siemens Water Technologies, Mississauga, ON, Canada). HPLC-grade acetone, 

hexane, and dichloromethane (DCM) were purchased from Fisher Scientific (New Jersey, USA). 

Anhydrous ethanol was obtained from GreenField Ethanol Inc (Brampton, ON, Canada). 

Tricaine methane sulfonate (MS-222; Sigma-Aldrich, Oakville, ON) was used as a fish 

anaesthetic during hatchling observation. 

2.2.3 Medaka Culture and Egg Collection  

The fish culture was maintained at a temperature of 25 to 27 °C with a 16L : 8D 

photoperiod as suggested in Kirchen and West (1999). Female and male fish were cohabiting at a 

ratio of 3:2, as recommended by Denny et al (1991). Adult medaka were fed with brine shrimp 

nauplii (Artemia sp.) 2 to 3 times a day during the light period to ensure continuous oogenesis. 

Eggs were collected manually from the female’s vent where the eggs were attached by chorionic 

filaments. After collection, fertilized embryos were separated from unfertilized eggs using 

dissecting needles, and the fertilized embryos were kept in a Petri dish containing ERS until the 

toxicity tests were initiated.   
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2.2.4 Preparation and Characterization of the PCD Assay 

Preloaded PDMS films better accommodate larger hydrophobic molecules and have a 

higher capacity than postloaded films (Brown et al., 2001). Therefore, the preloading method 

was used to prepare the PCD bioassay test vials, modified from Turcotte et al (2011) and 

Kiparissis et al (2003). A series of 6 mg/mL PDMS solutions that contained various 

concentrations of the test compound was prepared by dissolving aquarium sealant and the 

chemical in a DCM : hexane mixture (15% : 85%). There was one exception made for retene, 

where the pure HPLC-grade hexane was used to prepare the PDMS solution. The method is 

illustrated using 2-MB: A 2-MB stock solution (0.1 mg/mL in 15% DCM) was prepared and 

diluted to 1, 1.8, 3.2, 5.6, 10, and 18 µg/mL. These diluted 2-MB solutions were mixed with 

aquarium sealant (6 mg of aquarium sealant: 1mL of 2-MB solution) by vortex to make the 6 

mg/mL of PDMS solutions. A volume of 600 µL of the PDMS solution was deposited on the 

side of 20 mL scintillation vials. The vials were wrapped with aluminum foil, and placed in 

wood holders held at 45° (See Appendix A). After the evaporation of solvent, the vials were 

filled with 15 mL of ERS and placed on a standard orbital shaker (VWR International, Radnor, 

PA, USA) at 700-900 rpm to establish equilibrium concentrations between the PDMS films and 

the ERS. Dilution schemes for preparing PDMS solutions of other test chemicals were presented 

in Appendix B. 

The partitioning rates of test PAHs from the prepared PDMS film to the aqueous solution 

were measured by repeated samplings over time at room temperature (19.5°C); each experiment 

was completed with triplicate measurements; samplings of each test chemical (except for 

chrysene) were conducted only at the two highest chemical loaded films based on a sampling 

scheme described in Appendix C; the time to equilibrium of the two highest concentrations was 
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assumed to be representative of other test concentrations. Chrysene concentrations established by 

six different loaded films were all measured within 24 hours (See Appendix C). The experiment 

testing the time for chrysene to reach partitioning equilibrium was conducted with increased 

number of sampling time points to thoroughly identify the increasing trend of the aqueous 

concentrations. In contrast, the sampling duration for other test PAHs was changed to 5 days 

without multiple samplings within each day; the purpose was to ensure the concentration of 

dissolved chemicals had reached the true equilibrium while reducing the effort for preliminary 

experiments.  

After the equilibrium was ensured, aqueous concentrations of all treatments were 

measured to infer the solubility of each chemical. Aqueous concentrations of PAH increased 

linearly with film concentrations; after aqueous concentrations reached the plateau, they stayed 

consistent thereafter. After generating the relationship between the aqueous concentrations and 

film concentrations, the solubility limit was calculated as the average of the aqueous 

concentrations at the plateau portion of the curve. Estimated solubility limits were also compared 

to literature values where available. Analysis of the correlation between the aqueous and film 

concentrations was applied to determine an appropriate range of film loadings which could 

establish a gradient of exposure concentrations at and below the aqueous solubility limit of each 

test PAH. After the logarithmic transformation of both aqueous and film concentrations, the 

intercepts of the initial linear part of the regression lines represented the log Kfs values. The 

linear regressions, as well as the R
2 

values
 
and the regression equations were calculated by 

GraphPad Prism 6.  
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2.2.5 Analytical Procedures 

The concentrations of PAH in water samples were measured by scanning fluorescence 

spectrophotometer (Quanta-Master QM1, Photon Technology International Ltd., London, ON, 

Canada). FelixGX software version 4.1.2 (PTI Ltd.) was used to collect fluorescence profiles for 

standard curves and water samples. Samples of 2.5 mL of each test solution were mixed with 

equal parts of water miscible solvent (absolute ethanol as the solvent for retene samples, and a 

solvent mixture of 20% acetone with 80% ethanol for the other test PAHs). The samples were 

prepared in 7 mL glass scintillation vials with foil-lined lids, and stored in the dark at 4 °C.  

A majority of the aqueous concentrations of test PAHs (except for retene and chrysene) 

were close to the detection limit of spectroflurometer; these PAH solutions were concentrated by 

solid phase extraction (SPE) prior to the fluorescence analysis. C18 columns (UCTEEC18156, 

Chromatographic Specialties Inc.) containing octadecyl carbon chain (C18)-bonded silica are 

used to extract hydrophobic compounds. These columns were conditioned and subsequently used 

to filter water samples. The compound extracted by C18 columns was eluted with acetone. The 

eluate was concentrated to dryness under a gentle stream of nitrogen, and the precipitated 

compound was re-dissolved in a solvent/water mixture which was appropriate for fluorescence 

analysis of the eluted compound. Solvent recovery of the compound was followed by 

fluorescence analysis. The detailed standard operating procedures of SPE are presented in 

Appendix D.  

After the concentration enhancement by SPE, the fluorescent signals of water samples 

were quantified by scanning spectrofluorometer. The excitation and emission wavelength were 

optimized for each test PAH, and the optimal excitation wavelengths ranged from 302 to 347 nm 

(Table 2.1); for each PAH, the emission wavelength was offset from the excitation wavelength 
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by about 150 nm. Each standard curve was a linear regression represented by a plot of peak areas 

and standard concentrations of pure chemical dissolved in an appropriate solvent, and diluted 

into a gradient of concentration standards. The standard curve for each chemical was produced 

by plotting fluorescence profiles (i.e. peak areas of all standards) against the respective 

concentration. Concentrations of PAH in water samples were determined using the standard 

curve made for each compound. See Appendix E for the detailed protocol for fluorescence 

analysis of water samples. 

The method detection limit (MDL) of this fluorescence spectrophotometer was calculated 

according to USEPA, 40 CFR 136, Appendix B, revision 1.11 using one of the test compounds, 

2, 3-DMB. Seven aliquots of the 0.1 µg/L 2, 3-DMB standard were analyzed; the excitation and 

emission slits were set to 4 and 6 nm band-pass. The measured MDL with 95% CI was 0.107 

µg/L (0.068 – 0.235) when the bandwidth was set to 4 nm, and 0.044 µg/L (0.028 – 0.097) with 

a bandwidth of 6 nm (Appendix F). 

2.2.6 Chronic Toxicity Bioassays  

Separate exposure vials were prepared for embryo exposures and to characterize 

exposure concentrations. Two fertilized medaka eggs were added to each exposure vial for a 17-

day exposure test (Set-up in Appendix A), and there were ten vials for each treatment (Total 

number of eggs per treatment was 20). For each chemical, there were another 10 vials with 

embryos added as a negative control without PDMS film. In 2-MB and 2, 3-DMB tests, 

unpurified retene (Cf=4 mg/g) was used as a positive control because it was known to cause blue 

sac disease and mortality in Japanese medaka embryos (Turcotte et al., 2011). For each treatment, 

the number of vials monitored for concentration varied from 6 to 40, depending on the volume 

required for SPE (Table D-1 in Appendix D). Exposure vials were kept at a 45° angle in wood 
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holders so that embryos were not in contact with the PDMS film. Water temperature was 

monitored daily (Appendix G) and maintained at about 27 °C as suggested by Benoit et al (1991). 

During the 17-day exposure, vials were opened daily and agitated to ensure adequate dissolved 

oxygen in the exposure solution. As well, hatchling success was checked, morphological 

abnormalities were observed under a dissecting microscope, and dead embryos were removed. 

For vials without embryos, concentrations were measured in triplicate on days 1 and 17. For a 

treatment at a chemical’s solubility limit, its concentrations were also measured on days 3, 6, 9, 

12, and 15 in triplicate. For exposure vials containing embryos, concentrations were measured in 

triplicate at the end of the test, and the initial concentrations before adding embryos were 

assumed to be the same as the measurements from vials without embryos; on days 3, 6, 9, 12, 

and 15, concentrations of the monitored treatment were measured without replicates due to the 

limited volume of water samples for fluorescence analysis. 

2.2.7 Embryo Observation and EC50 Determination  

Pathology was scored blind, i.e., without knowing the exposure concentration, to 

minimize bias. Pericardial (PE) and yolk sac edema (YE) were identified as enlargement of the 

pericardial and yolk sac, respectively, caused by fluid accumulation. Spinal deformity (SD) was 

identified by curvature of the vertebral column. Craniofacial deformity (CD) included a gaping 

jaw and an exaggerated dome shape of the cranium region. Absence of swim bladder (SB), 

which was due to the failure in swim bladder inflation, was observed. Tube heart (TH) was 

assessed as elongation of the heart to resemble a tube. Fin rot (FR) was identified as erosion of 

the caudal fin (See Appendix H for illustrations of BSD signs). Spinal deformity, craniofacial 

deformity, fin rot, and absence of swim bladder were scored based on presence/absence (0-1). 

Pericardial edema and yolk sac edema were scored based on the volume of accumulated fluid in 
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the respective compartment (0-3). Tube heart was scored based on the severity of the 

malformation; a score of 1 indicated an initial impairment of cardiac looping to create a normal 

heart, and a score of 2 indicated a fully stretched heart. Mortality was also recorded. After 

embryos hatched, they were anaesthetized in 100 mg/L of MS-222, and examined and assigned 

scores for each of the signs. The maximum sum of all scores was 12, and the score for mortality 

was set to be 0.5 units greater than the most severe case of abnormalities. For each treatment, 

toxicity scores were used to generate a percentage of affected fish that had at least one sign of 

toxicity. The sum of the scores for all the individual signs per embryo was also used to calculate 

a severity index (SI), which illustrated overall toxicity including mortality, and a BSD index, 

which excluded mortality but highlighted the prevalence of individual signs of toxicity.  

The severity index summarized the overall toxicity into a 0-1 scale. The SI calculation 

below was modified from Villalobos et al (2000), and was the sum of the individual BSD scores 

and the BSD scores for dead embryos per treatment, divided by the maximum score for the 

treatment.  

i j k l m
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Where Ei, Ej, Ek, El, Em, Eo, and Ep were the BSD scores for the signs of PE, YE, SB, 

TH, SD, CD, and FR, respectively. The ED equaled the number of dead embryos. 

The calculation of the BSD index was similar to the method for the SI. Individual BSD 

scores within a treatment were summed and divided by the maximum possible score to generate 

the BSD index for each treatment.  
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Median effective concentrations (EC50s) were derived from the toxicity data of percent 

affected, SI, and BSD index by using a logistic regression program and a probit regression 

program. The logistic regression program (GraphPad Prism Ver.6, GraphPad Software Inc., San 

Diego, CA, USA) applied a sigmoidal dose-response equation expressed as: Y = Bottom + (Top-

Bottom)/(1 + 10^[(LogEC50-X)·HillSlope]). EC50s calculated by GraphPad Prism 6 (see 

Appendix I for the protocol) were compared to the values calculated by the other two probit 

regression programs, namely the Probit program (US EPA) and the LC50 program (US EPA). 

Both the logistic and probit methods were appropriate for binomial data. However, the LC50 

program excluded responses from the negative control.  

2.2.8 Determination of Log Kow 

The ALOGPS 2.1 program from the Virtual Computational Chemistry Laboratory (Tetko, 

2005, Tetko et al., 2005) was used to predict the log Kow values of the tested compounds. The 

calculation tool in the ALOGPS 2.1 program, XLOGP3, was chosen because it predicted values 

that were the most similar to the experimental log Kow values for other PAHs determined in our 

lab (data not shown).  

2.2.9 Correlations between EC50s and the Properties of PAHs 

Calculated log EC50s from the present study were compared with log Kow values. Data 

for alkyl-phenanthrenes (1-methylphenanthrene, 2-ethylphenanthrene, 2, 7-

dimethylphenanthrene, 1, 7-dimethylphenanthrene and pure retene) from Turcotte et al. (2011), 

and data for benz[α]anthracene and 7-methylbenz[α]anthracene from Morandi (2013)  were 

integrated into this log EC50 vs. log Kow model relating toxicity to hydrophobicity. 
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2.2.10 Statistics 

Statistical analysis in this study was conducted with Microsoft Excel and GraphPad Prism 

Ver.6. 

 

2.3 Results 

2.3.1 Reproducibility of Standard Curves for Fluorescence Spectrometry Analysis 

The R
2
 of the standard curve for each tested compound was consistently above 0.98, 

which indicated a stable reproducibility for the fluorescence spectrometry analysis (Table 2.2). 

Optimal excitation and emission wavelengths are also presented in Table 2.2. Ranges of 

emission wavelengths were generally selected to be 150 nm to cover the fluorescence peaks for 

each chemical on spectrum.   
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Table 2.2 Fitting parameters of standard curves along with optimal wavelength selection of each 

tested PAH for fluorescence spectrometry analysis.  

Test 

chemical 

Optimal Ex. 

Wavelength 

(nm) 

Range of Em. 

Wavelength 

(nm) 

# of 

standard 

curves 

Mean Slope 

(95%C.I.) 

Mean 

Intercept 

(95%C.I.) 

Mean R
2 

(95%C.I.) 

Retene 302 315 - 460 7 

1.72E+05 

(1.69E+05-

1.75E+05) 

7.84E+06 

(5.95E+06-

9.73E+06) 

0.985 

(0.984-

0.986) 

Chrysene 321 335 - 485 9 

2.65E+06 

(2.39E+06-

2.91E+06) 

1.75E+07 

(1.39E+07-

2.11E+07) 

0.999 

(0.997-

1.000) 

1-MC 325 340 - 490 8 

2.13E+06 

(2.09E+06-

2.16E+06) 

1.31E+07 

(1.19E+07-

1.44E+07) 

0.996 

(0.991-

1.000) 

6-MC 324 340 - 490 7 

3.57E+06 

(3.13E+06-

4.01E+06) 

1.83E+07 

(1.60E+07-

2.06E+07) 

0.992 

(0.990-

0.995) 

2-MB 344 360 - 510 10 

3.03E+06 

(2.81E+06-

3.26E+06) 

5.29E+06 

(4.37E+06-

6.21E+06) 

0.998 

(0.997-

0.998) 

2,3-DMB 347 360 - 510 9 

3.13E+06 

(2.91E+06-

3.36E+06) 

4.22E+06 

(3.42E+06-

5.03E+06) 

0.996 

(0.990-

1.000) 

 

2.3.2 Characterization of PCD Method 

Prior to the chronic toxicity tests for this series of compounds, a characterization of the 

actual exposure regime of PCD was performed. Preloaded PDMS films delivered PAHs into 

aqueous solution (ERS) at and below their solubility limits. For each PAH, aqueous 

concentrations increased linearly with film concentrations and reached a plateau, which provided 

an approximation of the solubility limit (Figure 2.1). The lowest tested film concentration of 

chrysene reached the solubility limit; therefore, there was no range of aqueous concentrations on 

the plot of chrysene (Figure 2.2). Of the tested film concentrations of chrysene, all consistently 

delivered sufficient chemical into the ERS, which resulted in the saturation of chrysene in the 

aqueous phase. The solubility limit for purified retene (16 µg/L), cited in the literature, was 11-

fold lower than the value determined experimentally using unpurified retene (176 µg/L) (Table 
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2.3).  The solubility limit of chrysene from the literature was similar to the experimental value. 

For the other compounds tested, literature values for the water solubility limits were not found.  

The intercept of the linear regression representing log film:solution partition constant (log 

Kfs) was determined from a plot of the log (aqueous concentration) vs log (film concentration) 

(Figure 2.2).  The log Kfs values were not linearly correlated (r =0.005) to log Kow values (Table 

2.3).  
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Figure 2.1 Measured aqueous concentration of 2-methylbenz[α]anthracene (A) based on a series 

of compound loadings in the PDMS film at 27°C. Symbols represent average concentrations 

(n=3) with 95% confidence interval. For some data points, the 95% confidence interval is too 

small to be visible. The experimental solubility limit is indicated by the plateau of the curve. The 

plateau was determined by the average of the two highest aqueous concentrations and the curve 

was drawn by hand. The linear regression (B) was calculated in the initial ascending portion of 

the curve (filled symbols); the regression equation along with the R
2
 value are indicated on graph 

(B). The outlined symbol on graph (A) was not in the linear part of the curve and not included in 

the regression on graph (B). 

 

(A) 

(B) 
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Figure 2.2 Measured aqueous concentrations of the test PAHs at equilibrium with the PDMS 

films at 27°C. Symbols represent average concentrations (n=3 for most PAHs except for 1-MC 

and 6-MC, where n=2) with 95% confidence intervals. For most of the data points, the 95% 

confidence interval is too small to be visible. The linear regressions (except for chrysene) were 

calculated in the initial ascending portion of the curves (filled symbols); the regression equation 

of each PAH along with their sample size and R
2
 value are indicated on the graph. The intercept 

of the regression lines represent the log Kfs values. The outlined symbols were not in the linear 

part of the curves and not included in the regressions. 
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Table 2.3 Experimental and literature values for aqueous solubility, log Kow, and log Kfs for each 

compound tested at 27 °C. Experimental solubility limits were calculated from the plateau 

portion in Figure 2.2 and the predicted solubility limits were from the literature, although most of 

them are currently not available. Log Kow values were from ALOGPS 2.1 while the log Kfs 

values were from the intercept of the initial linear part of the curves presented on Figure 2.2. 

Retene in the present study was unpurified.  

 
Molecular 

weight 

(g/mol) 

Experimental 

aqueous solubility 

(µg/L) 

Literature 

aqueous solubility 

(µg/L) 

LogKow log Kfs 

Retene 234.3 7.51E-07 6.83E-08
a
 6.45 3.40 

Chrysene 228.3 1.13E-08 0.88E-08
b
 5.73 N.A. 

1-MC 242.3 0.52E-08 N.A. 6.37 6.31 

6-MC 242.3 1.06E-08 N.A. 6.04 5.57 

2-MB 242.3 3.48E-08 N.A. 6.40 2.29 

2,3-DMB 256.3 0.25E-08 N.A. 6.90 5.04 

B[α]A 228.3 5.34E-08
d
 5.47E-08

c
 5.79 6.70

d
 

7-MB 242.3 1.45E-08
d
 N.A. 6.32 7.39

d
 

a
 Billiard et at. 1999. 

b
 Mackay and Shiu. 1977. 

c
 Henny et al. 1998. 

d
 Morandi. 2013. 
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Table 2.4 EC50 values for each compound tested at 27 °C. EC50s were calculated from percent 

affected. Graphic EC50s were estimated from Figure 2.6 and Figure L-1 (in Appendix L). Other 

EC50s were calculated by using a logistic regression, as described in Appendix I (GraphPad 

Prism 6) and using probit calculation programs (US-EPA “LC50” and “Probit” program). The 

LC50 program does not take the control into account, while the Probit program does consider the 

response from control. Retene was unpurified.  

 “GraphPad” EC50 

(95% C. I.) 

mol/L 

“LC50” EC50 

(95% C. I.) 

mol/L 

“Probit” EC50 

(95% C. I.) 

mol/L 

Graphic 

EC50 

mol/L 

Retene 
2.62E-07 

(2.30E-07-2.98E-07) 

1.57E-07 

(1.04E-07-2.13E-07) 

2.23E-07 

(1.67E-07- 2.87E-07) 
2.24E-07 

Chrysene > 1.13E-08 > 1.13E-08 > 1.13E-08 >1.13E-08 

1-MC 
5.70E-08 

(7.84E-09-4.18E-07) 

4.50E-08 

(4.95E-09-infinity) 
N.A. 1.78E-08 

6-MC 
3.22E-08 

(1.65E-08-6.19E-08) 

1.03E-08 

(1.65E-09-2.97E-08) 
N.A. 1.12E-08 

2-MB 
5.41E-08 

(3.59E-08-8.13E-08) 

3.63E-08 

(1.44E-08-4.52E-05) 
N.A. 3.55E-08 

2,3-DMB 
0.31E-08 

(6.09E-09-6.63E-09) 

0.23E-08 

(1.56E-09-3.2E-08) 
N.A. 0.25E-08 

B[α]A 
3.33E-08 

(2.37E-08-4.69E-08)
a
 

2.50E-08 

(1.75E-08-4.25E-08)
a
 

3.33E-08 

(2.54E-08-6.66E-08)
a
 

N.A. 

7-MB 
1.03E-08 

(5.37E-09-2.06E-08)
a
 

9.49E-09 

(2.89E-09-1.36E-08)
a
 

1.16E-08 

(8.25E-09-6.27E-08)
a
 

N.A. 

a
Morandi. 2013. 

 

 

2.3.3 Time to Steady State 

A more thorough experiment with an increased number of time points was conducted at 

19.5°C (water temperature in the dry lab) to study the time required for chrysene, delivered from 

PDMS film, to reach steady state in an aqueous phase.  It is apparent from Figure 2.3 that the 

aqueous concentration increased rapidly between 10 and 100 minutes, after which the 

concentration  slowly increased  toward equilibrium concentration, which was the eventual 

solubility of chrysene. The approximate time for chrysene to reach a steady state was 400 

minutes.  
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For the other alkyl-PAHs, sampling schemes of the TSS experiments were done on a 

daily basis. However, the steady state of each compound could still be identified from the plots 

(Appendix J). Although most of these compounds required approximately one day to reach the 

equilibrium, they were fully equilibrated between the prepared PDMS film and the aqueous 

solution after five days.  

 

Figure 2.3 Release of chrysene from preloaded PDMS films in 20 mL scintillation vials on an 

orbital shaker (600-900 rpm) at 19.5°C. Symbols represent average values using six film 

loadings (2.63E-05, 5.25E-05, 1.05E-04, 2.10E-04, 4.20E-04, and 8.41E-04 mol/L) (n=6). Error 

bars represent 95% confidence interval of each averaged value. The curve was drawn to aid the 

identification of the equilibrium concentration.  

2.3.4 Compensation of Chemical from PDMS Film for Compound Loss 

For most of the film loadings, the mean measured concentrations of 2-MB in control vials 

without eggs decreased by the end of the 17-day toxicity test (Figure 2.4); using the second 

highest film concentration as an example, the aqueous concentration  at day 17 was significantly 

lower than its initial value (p=0.05). The measured concentrations were consistently higher in 

vials containing eggs compared to those without eggs; also using the second highest film 

concentration as an example, the aqueous concentration at the end of the test was significantly 
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higher in vials with embryos compared to the measurement from vials without embryos (p=0.05). 

This trend was representative of all compounds tested. 
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Figure 2.4 Aqueous concentrations of 2-methylbenz[α]anthracene plotted as a function of the 

film concentrations at 27°C before the exposure bioassay (n=3), at the end of the exposure in 

vials without eggs (n=3), and in vials with eggs (n=3). Each symbol represents the average of 

aqueous concentrations at the respective film loading; the error bars represent 95% confidence 

interval. This graph is representative of all the tested chemicals. 

The linear regression for the 17-day 2-methylbenz[α]anthracene exposure vials without 

eggs had a slope of -0.066, which was significantly different from zero (p=0.05) (Table 2.5). 

Therefore, the measured concentrations in vials without eggs decreased gradually over time, 

resulting in a 13.6% overall reduction in concentration (Figure 2.5). Measured concentrations in 

vials with eggs were different from those measured in vials without eggs. The linear regression 

for the vials with eggs before hatch, which covered the dates from day 0 to day 9, had a slope of 

-0.112. However, this slope was not significantly different from zero, which implied that the 

measured concentrations in vials with eggs did not change significantly before hatch. After 

embryos hatched, measured concentrations in vials with eggs gradually increased with a slope of 
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0.1 for the linear regression (p=0.05). On day 17, the measured concentration from the vials 

which contained hatched eggs reached 1.03 times the expected exposure concentration 

(7.81µg/L). Overall, these changes were relatively small and the aqueous concentrations were 

kept adequately constant and at equilibrium for up to 17 days.  

This trend was representative of all other compounds tested, as shown in Appendix K; 

but there was one exception with un-substituted chrysene. From day 0 to day 8, measured 

concentrations in vials with embryos decreased significantly with a slope of -0.133 for the linear 

regression (p=0.05) (Table J-1 in Appendix K). There was no graph representing 2, 3-DMB 

concentrations measured every three days throughout the exposure. 2, 3-DMB required a large 

volume of exposure solution to meet the criteria of a concentration measurement (as explained in 

Appendix D), and therefore, the concentration of 2, 3-DMB during the exposure period was not 

measured regularly. Instead, measured concentrations of 2, 3-DMB before and at the end of 

exposure were compared to illustrate the stability of its exposure concentration (Figure J-4 in 

Appendix K). In vials without embryos, the differences of measured concentrations before and at 

the end of the exposure were only pronounced at the two highest film loadings (0.53 and 0.93 

mg/g), which decreased by 33% on average. However, it is apparent from Figure 2-4 that the 95% 

confidence interval for the two highest concentration measurements from vials without eggs was 

relatively wider than the 95% confidence interval for lower concentrations, which implied a 

higher measuring error associated with the two highest concentrations. Comparing the end-of-

exposure concentrations of 2, 3-DMB solution in vials with eggs to those measured 

concentrations before exposure, there was a general increase by 66% on average.   
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2.3.5 UV Absorbance Measurement  

Ultraviolet absorbance of control samples in 2-MB exposure was measured in five 

replicates at 295 nm. Each control sample contained two hatched embryos, and the samples 

showed a UV absorbance that was significantly different from the blank (ERS without embryos); 

the average absorbance was 0.0397 with a 95% confidence interval between 0.0089 and 0.1762. 

This result implied that a certain amount of dissolved organic carbon was released into the 

exposure solution by hatched embryos.  
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Figure 2.5 Aqueous concentration of 2-methylbenz[α]anthracene measured in vials without eggs 

(3 vials), in vials with eggs before or after hatch (1 vial, 2 eggs per vial). Each egg weighed 1 mg 

on average. Each black circle represents the average concentration on that day; n=3 or 1 

depending on the series. The error bars represent the 95% confidence interval. This series of 

measurements was based on a film loading of 1.67mg/g, and the expected concentration was 

7.81µg/L (calculated as the average of measured concentrations from the vials without eggs). 

The dashed regression line represents the change of concentration in vials without embryos while 

the solid regression line represents the variation of concentration in vials that contained hatched 

embryos. The regression line representing vials with eggs before hatch was not shown because 

the slope was not statistically different from zero. Statistical analysis of these linear regressions 

was presented in Table 2.5. The vertical dashed line indicates the day that embryos started to 

hatch.  
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Table 2.5 Linear regressions for the concentration changes of 2-methylbenz[α]anthracene as 

shown in the Figure 2.5.  

 
Regression 

equation 
R

2
 

P-value 

of slope 

Is slope significantly 

non-zero? 
95% C.I. of slope 

without 

eggs 
y = -0.066x + 8.39 0.65 < 0.0001 Significant -0.089 to -0.043 

eggs before 

hatch 
y = -0.112x + 8.135 0.65 0.1942 Not Significant -0.361 to 0.138 

eggs after 

hatch 
y = 0.1x + 6.28 0.91 0.0487 Significant 0.001 to 0.199 

 

2.3.6 Toxicity Assay Using PCD of PAHs with Medaka Embryos 

Unpurified retene was used to establish the standard operating procedure for exposure 

tests, and was also used as a positive control in 2-MB and 2, 3-DMB exposures. The response of 

medaka embryos to retene exposure was compared by four different evaluation methods 

(Appendix L). A concentration-related increase in percent mortality, percent affected fish, 

severity index, and BSD index was observed. From the BSD index for individual signs of BSD, 

yolk sac edema, pericardial edema, absence of swim bladder, and craniofacial deformity were 

relatively more prevalent, and these signs were also pronounced in exposure tests of the other 

compounds. The EC50 values predicted by the severity index and the BSD index method were 

all higher than the value predicted by the percent affected method (Table K-1 in Appendix L). 

Specifically, the EC50 based on the BSD index method was 16 times that based on the percent 

affected method.  

Mortalities caused by the test chemicals were mostly equivalent to the mortality caused 

by the negative control (Appendix M). There were no positive exposure-response relationships 

between mortality and PAH concentrations. Retene, used as a positive control in the 2-MB and 2, 

3-DMB tests, caused a mortality of 20% and 21%, respectively. The mortality rates that occurred 
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in the positive control were both higher than the maximum mortality caused by 2-MB and 2, 3-

DMB. 

In this series of PAH exposures, the prevalence of affected fish was concentration-

dependent (Figure 2.6). An exposure-response relationship between exposure concentration and 

percent of affected fish was noticeable in most of the exposures, except for the chrysene test 

where there was no difference in the exposure concentration. In the chrysene test, the group of 

exposure concentrations, which fluctuated around the aqueous solubility limit, did not show a 

distinguishable effect on embryos compared to the negative control. Retene used as a positive 

control in the 2-MB test caused effects in 55% of exposed fish and 58% in the 2, 3-DMB test, 

both of which were similar to the expected response.   

By using the data for percent affected fish, EC50s estimated by different calculation 

programs were compared (Table 2.4). In terms of the EC50 of retene, the value calculated with 

the Probit program (52.3 µg/L) exceeded the value calculated with the LC50 program (36.7 

µg/L). Both these two programs used the probit model. However, the LC50 program excludes 

any response from negative controls. The Probit program could not calculate EC50s for the other 

tested compounds, which might be due to the relatively lower values of affected embryos in 

these tests. A logistic approach running by GraphPad Prism takes the exposure control into 

account, and EC50s calculated by GraphPad Prism are more similar to the graphical values. 

Therefore, GraphPad Prism was used instead to estimate EC50s in this study. There was no 

concentration gradient in the chrysene exposure and the exposure concentrations at the solubility 

limit did not cause effects in 50% of total exposed embryos. The EC50 of chrysene, therefore, 

has been estimated to be higher than its aqueous solubility limit (2.58 µg/L). Because the 

responses in the chrysene test were equivalent to its negative control, chrysene was not toxic 



 

 

72 

 

within this test range. For alkyl-chrysenes, 6-MC had a lower EC50 than 1-MC (Table 2.4). The 

rank order of EC50s of alkyl-benz[α]anthracenes (lowest to highest) was: 2, 3-DMB (0.8 µg/L), 

7-MB (2.5 µg/L), B[α]A (7.6 µg/L), 2-MB (13.1 µg/L). However, within their solubility limits, 

chrysene, 1-MC, 6-MC, 2-MB and 2, 3-DMB did not cause more than a 50% response of 

exposed embryos.  

Severity indices of tested compounds at varying exposure concentrations were very close 

to the value of their respective negative control (Appendix N). EC50s calculated from those SI 

data were significantly higher than the EC50s estimated based on percent affected (Table M-1 in 

Appendix N, and Table 2.2). 
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Figure 2.6 Frequency of abnormal medaka embryos after a 17-day exposure to varying 

concentrations of PAHs. Concentrations were measured in vials without eggs on day 0 and 17. 

Grey bands represent the 95% confidence interval for averaged percent abnormal of negative 

controls. The vertical line on each panel represents the solubility limit of each tested compound. 

The solid regression lines were generated using a logistic regression expression as described in 

Appendix I. 1-MC is 1-methylchrysene; 6-MC is 6-methylchrysene; 2-MB is 2- 

methylbenz[α]anthracene; 2,3-DMB is 2,3-dimethylbenz[α]anthracene. Retene (film loading of 4 

mg/g) was used as positive control in both 2-MB and 2,3-DMB exposures; in retene exposure, 

the treatment with film loading of 4 mg/g showed 53% affected fish (Figure L-1 in Appendix L). 
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2.3.7 Structure-Toxicity Relationships 

Structure activity relationships can be illustrated by a plot of log EC50 versus log Kow 

(Figure 2.7). Data from Turcotte et al (2011) and Morandi (2013) were pooled into this 

correlation model. In Figure 2.7, EC50 values were transformed logarithmically and graphed as a 

function of log Kow. Generally, toxicity increased with log Kow, but some compounds with 

different log Kow values caused the same severity of toxicity (i.e., B[α]A and 6-MC). There were 

some compounds with higher log Kow values that showed a lower level of toxicity. For example, 

1-MC has a methyl group at the outer ring, and was less toxic than its congener, 6-MC, which 

has a substituent at the middle ring. Given a larger Kow, 2-MB was expected to be more toxic 

than 7-MB based on the relative Kow; however, 2-MB was actually less toxic than 7-MB from 

the exposure tests. Comparing the toxicity of compounds with a different degree of alkylation, 

the alkyl-benz[α]anthracene with two methyl groups (2, 3-DMB) was more toxic than the mono-

alkylated benz[α]anthracenes (2-MB or 7-MB). Chrysene was not shown in Figure 2.7 because 

its EC50 could not be calculated; it was not toxic within its solubility limit. Both 1-MC and 6-

MC were, therefore, more toxic than the un-substituted chrysene. The 7-

methylbenz[α]anthracene was more toxic than the un-substituted benz[α]anthracene, but the 2-

MB was slightly less toxic than benz[α]anthracene.  

The EC50s of 1-MC, 6-MC, 2-MB and 2, 3-DMB were all close to or higher than their 

estimated solubility limits. The comparisons of toxicity in Figure 2.7 represented the theoretical 

ranking which has been limited by the experimental conditions (i.e., the effects in exposed 

embryos were limited by the low aqueous solubility).  Regardless of the limits of aqueous 

solubility, alkyl-chrysenes and alkyl-benz[α]anthracenes were more toxic than alkyl-

phenanthrenes with the same degree of alkylation.  
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Figure 2.7 Relationship between log EC50 and log Kow for the tested PAHs using EC50 values 

estimated by GraphPad Prism 6. Data of 1-MP, 2-EP, 2,7-DMP, 1,7-DMP and pure retene (the 

outlined circles) were from Turcotte et al. (2011). Data of B[α]A and 7-MB (the outlined 

triangles) were from Morandi (2013). Chrysene is not included in the model because it was not 

toxic within the limit of its solubility and its EC50 could not be calculated. 1-MP is 1-

methylphenanthrene; 2-EP is 2-ethylphenanthrene; 2,7-DMP is 2,7-dimethylphenanthrene; 1,7-

DMP is 1,7-dimethylphenanthrene; 1-MC is 1-methylchrysene; 6-MC is 6-methylchrysene; 2-

MB is 2- methylbenz[α]anthracene; 2,3-DMB is 2,3-dimethylbenz[α]anthracene; B[α]A is 

benz[α]anthracene; 7-MB is 7-methylbenz[α]anthracene. 

 

 

2.4 Discussion  

2.4.1 Characterization of the PCD Method of Exposure 

The PCD method delivered a consistent and linear gradient of exposure concentrations 

for all test chemicals except for chrysene, at and below their solubility limits. After the 

equilibrated water concentration reached the aqueous solubility, the water concentrations for 

most of the test compounds stayed constant while the film concentrations increased. However, in 

the PCD test, the aqueous concentration of 2-MB which corresponded to the highest chemical 

loading in the PDMS film, was lower than the aqueous solubility. This may be due to analytical 
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error, or perhaps the presence of small chemical crystals on the overloaded films that inhibited 

the diffusion of the compound into the aqueous phase. This assumption can be further 

investigated by quickly flushing the overloaded film by hexane, and comparing the aqueous 

concentration generated by the rinsed film to the initial value; if the aqueous concentration after 

the hexane flushing is significantly higher than its initial value, the assumption could be 

supported. In addition, the inhibition of chemical partitioning by the chemical crystals on the 

PDMS film was consistent with the effects of the chemical crystals on the variations of aqueous 

concentrations, suggested by Kiparissis et al. (2003).  

The solubility limit of the unpurified retene (176 µg/L) in the present study was eleven 

times higher than the value reported for pure retene (16 µg/L; Billiard et al., 1999). The 

measured value was also about 28% higher than an earlier measurement of the solubility of 

unpurified retene (125 µg/L; Turcotte, 2008). Retene before analytical purification was a mixture 

of related alkyl-phenanthrenes which was measured at the same fluorescence wavelength as a 

retene, and these compounds may have contributed to the apparent elevated solubility. Between 

the present study and Turcotte’s findings, different compositions of the impurity may have 

contributed to the difference in the solubility of unpurified retene. The experimental solubility of 

chrysene (2.58 µg/L) was 22% higher than the literature value (2.0 µg/L). Variations in 

experimental temperatures may explain this difference; the published solubility was for 25 °C, 

while the present study was performed at 27 °C. This temperature increase should cause a further 

elevation in solubility. The solubility limits of the other test compounds are not available in the 

literature, thus revealing the difficulty in comparing the present data to previous research.  

In the present study, solubility limits of test compounds were associated with differences 

in their structures. The lower solubility limits of C1 or C2 alkyl-PAHs relative to those of 
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unsubstituted compounds suggest inhibition of dissolution by alkyl substitution on the aromatic 

ring; a higher degree of alkylation, which is associated with a higher molecular weight, lowered 

the solubility. The effects of alkylation on solubility limits is consistent with that on the 

solubility limits of unsubstituted and alkyl substituted phenanthrenes determined by Turcotte 

(2008). This result is also supported by Neff (1979) who reported the negative correlation 

between the degree of alkylation and solubility of PAHs. Further, variations of solubility among 

different C1 compounds could be explained by the effects of varied structures caused by 

alkylations at different locations of the aromatic ring.  

Turcotte (2008) found a linear relationship between the log Kfs and log Kow for alkyl 

congeners of phenanthrene. Calculated log Kfs values in the present study did not fit well with 

this published model for alkyl-phenanthrenes; the log Kfs values were not linearly correlated to 

the log Kow values. The partitioning of compounds from film to water was likely affected by 

steric interactions with the highly cross-linked polymer network of PDMS (Brown et al., 2001). 

The diffusive property that differs from those alkyl-phenanthrenes may have affected the ability 

to partition from the PDMS film, and therefore resulted in this difference. In addition, different 

PDMS properties such as density and chemical composition could influence the Kfs values 

(Turcotte, 2008). 

2.4.2 Time to Steady State 

Time to steady state describes the ability of PDMS films to compensate dynamically for 

the loss of chemicals from solution over time. Brown et al. (2001) found the time for anthracene 

to reach the equilibrium between the film and the aqueous phase was around 45 minutes; 

Turcotte (2008) reported 1.5 to 2 hours required for alkyl-phenanthrenes to reach the 

concentration equilibrium. The time required for chrysene (between 7 to 10 hours) was longer 
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than those three-ringed PAHs. Compared to smaller molecules, the partitioning rate for larger 

molecules was relatively slower (Brown et al., 2001). Since molecular size increases in close 

correlation with Kow, an increase in Kow was correlated to an inhibition of chemical partitioning 

(Brown et al., 2001). This explained the longer time needed for chrysene to reach the 

concentration equilibrium. As reported by Doong et al. (2000), an increased temperature can 

significantly facilitate the diffusivities of PAHs, and at the same time, decrease their partition 

coefficients. In the present study, the equilibrium test for chrysene was performed at a lower 

temperature (19.5 °C) than in previous studies, and it may have caused a resistance to diffusion 

which accounted for the longer period for compound partitioning. For chrysene, there was an 

initial overshoot of the dissolved concentration, followed by a relaxation toward the equilibrium 

concentration. Regardless of the longer time to achieve the equilibrated concentration, this trend 

of concentration changes was consistent with the trend reported for anthracene (Brown et al., 

2001). To better allocate efforts on experiments, the TSS of the other test compounds was not 

determined precisely. However, it was estimated that five days was sufficient for the compounds 

to be fully equilibrated between the film and the ERS. This duration was used thereafter as a 

minimum time in the preparation of PDMS films for the other PAHs for exposure tests; films for 

exposure tests should be prepared longer than five days prior to the exposure tests of alkylated 

compounds.  

Nominally the equilibrium time should be concentration independent. The rate of release 

of a compound from the film is proportional to its concentration, but the total amount that must 

be released to reach the equilibrium is also proportional to concentration. Therefore, when the 

film concentration is changed, both the rate of release and the total amount to release are likely to 

be affected equally. However, the undissolved compounds (i.e., chemical crystals) on overloaded 
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films may limit their release to the aqueous phase. However, the difference in the TSS time 

among treatments was not pronounced in this study. The film with the highest chemical loading 

was included in the TSS experiment for each test compound, to safely estimate the maximum 

time for equilibrium.  

Another interesting observation was the difference of measured aqueous concentrations 

between the TSS studies (at 19.5 °C) and the exposure tests (at 27 °C). A reduction of aqueous 

solubility could be seen at a lower temperature. This result can be supported by Ai (1997) where 

the diffusion ability of high molecular weight PAHs increased with temperature.  

2.4.3 Stability of Exposure Concentrations through Time 

In the exposure test with 2-MB, the overall concentration decrease measured in the vials 

without fish embryos was 13%, suggesting that the film was able to compensate for most of the 

loss processes, such as adsorption on the glass, and biological or chemical degradation. In the 

vials with fish embryos, the concentration of 2-MB did not decrease significantly before hatch. 

The concentration on day 9 was 86% of the initial exposure concentration, suggesting that the 

presence of eggs did not markedly influence the capacity of the films to maintain stable 

concentrations. This was similar to the 15% loss of 1-methylphenanthrene in the rearing solution 

with the presence of eggs (Turcotte, 2008), demonstrating the adaptability of PDMS films to the 

variety of PAH exposure tests.  

With the presence of fish embryos in the exposure solution, the change of measured 

concentrations was different before and after embryos hatched. The dissolved compound in the 

rearing solution was primarily taken up by the exposed embryos, and the mechanism for 

compound uptake varied after hatch. Before hatch, uptake was limited by chorion permeability. 

Chemical could be taken up more rapidly by hatchlings because tissue membranes are more 
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permeable than egg chorions. Moreover, after hatch, the discarded egg shells could continue to 

adsorb the PAH from the exposure solution. In a similar study, measured concentrations of alkyl-

phenanthrenes decreased more rapidly after embryos hatched (Turcotte, 2008). This phenomenon 

was not observed in present study. There were different changes in the measured concentrations 

before and after hatch, but the concentrations after hatch did not decrease significantly. Instead, 

there was an increasing trend of measured concentrations. By the end of the exposure period, the 

measured concentration in the vials with fish hatchlings was even higher than the measured value 

from the vials without fish. Furthermore, for most of the compounds tests, those end-of-exposure 

concentrations exceeded their solubility limits.  

With the PCD method of exposure, PDMS films cannot generate aqueous concentrations 

that are higher than the solubility limit of the test compound. There are many reasons that could 

explain the increase in the apparent PAH concentrations in the aqueous phase. One hypothesis 

proposed by Turcotte (2008) was based on the analytical method required for the concentration 

measurement. In the processes of film preparation, some chemical crystals were left over on the 

surface of the PDMS films. These crystals could not fully dissolve in the ERS, but the addition 

of ethanol, or a mixture of acetone and ethanol, which was required for the fluorescence analysis, 

dissolved the crystals in the analytical sample. As a result, the measured concentrations appeared 

higher than the solubility limit, even though the aqueous concentration in the test vials was 

actually at or below the solubility limit. To avoid the interference of the chemical crystals in 

future research, water samples could be centrifuged and filtered prior to the addition of solvent, 

so that small crystals won’t be introduced to the analytical sample.  

Hatching enzymes for medaka, such as the high choriolytic enzyme and low choriolytic 

enzyme, are secreted by unicellular hatching glands at the end of embryonic development to 
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digest the egg shell (Inohaya et al., 1995). Thus egg detritus may also contribute to particulates 

and dissolved organic carbon (DOC) in the ERS. The presence of soluble proteins such as these 

hatching enzymes would increase the DOC concentration and may also explain the increase in 

apparent concentrations of dissolved PAH. Dissolved organic carbon molecules were able to 

bind with hydrocarbons (Williamson et al., 1999), such as the PAH in the rearing solution. The 

DOC-bound PAH would not be freely dissolved but would still be measurable by fluorescence. 

The analytical method used in the concentration determination does not distinguish between free 

and bound PAH, and would indicate an increase of the apparent aqueous concentrations. In the 

UV absorbance test for 2-MB exposure solution, the absorbency was significantly higher than 

zero, consistent with the presence of DOC in the rearing solution. This result supports the idea 

that DOC binds PAH and causes an anomalous increase of PAH concentrations. There might be 

some other factors contributing to the concentration increase, which require further 

investigations.  

It is interesting to note that the interference by DOC-bound PAH was more pronounced 

among the test compounds with lower solubility limits. In particular, the apparent concentration 

of 2, 3-DMB with hatchlings on day 17 was 1.4 times the aqueous solubility. To calculate 

toxicity (i.e., EC50s), only the measured concentrations from the vials without embryos were 

used. Overall, the PDMS films of 2-MB maintained controlled concentrations for the 17 days 

period, and the final concentration (measured from the vials without embryos) was 87% of its 

initial value. This concentration variation is representative for the other test compounds in this 

study. The capability of the PDMS films to compensate for the loss of compounds by adsorption, 

uptake and degradation, was consistent with previous studies. By using PDMS films, the final 

concentration of 1-methylphenanthrene was 66% of its original value (Turcotte, 2008), and the 
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concentration of benz[α]anthracene declined by less than 33% over 17 days (Morandi, 2013). In 

addition, it should be noted that the concentration profile in this study is more stable than the 

concentrations in the semi-static 24-h renewal and static nonrenewal tests (Kiparissis et al., 

2003). 

2.4.4 Toxicity Assays with Medaka Embryos 

Japanese medaka was chosen as the species for this study because of its rapid egg 

production, small body size, and a transparent chorion convenient for observation of embryos 

during development. Among the compounds tested, the prevalent signs of toxicity were 

consistently yolk sac edema, pericardial edema, absence of swim bladder, and craniofacial 

deformity; this suggested a similar toxic pathway for the compounds tested. In the present study, 

toxicity of each compound was concentration dependent (Figure 2.6). In a previous study, EC50 

values of alkyl-phenanthrenes estimated by either a logistic or a probit regression model were 

generally similar (Turcotte, 2008). However, the probit regression method was not applied to the 

majority of this group of PAHs due to the limited range of responses (lower than 50% were 

affected) caused by these PAHs.  

Due to the lack of acute mortality caused by the test compounds, narcosis was not likely 

to contribute to the toxic mechanism for this group of PAHs. The actual mechanism of toxicity 

for each test compound may vary based on their different physicochemical properties. As 

reported by Incardona (2006), exposure to chrysene resulted in strong CYP1A induction in the 

epidermis covering the entire hatchling and in the endothelium of the major blood vessels in the 

head and trunk. Despite this robust CYP1A induction, chrysene, however, had no obvious toxic 

effects in early-life-stages of zebrafish (Incardona, 2006). This is consistent with the present 

study in which the medaka embryos exposed to chrysene did not show measurable responses. 
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Similar research by Butler et al (2012) also demonstrated a lack of toxic responses of zebrafish 

embryos exposed to chrysene, while Engraff et al (2011) found that chrysene caused only a 

limited lethality of amphipods.  

Ring alkylation on chrysene increased chronic toxicity, as both 1-MC and 6-MC caused 

more severe responses. This result is consistent with the enhanced toxicity of alkyl-

phenanthrenes relative to the unsubstituted phenanthrene (Turcotte et al., 2011b). Alkylation also 

increased the toxicity of alkyl-congeners of benz[α]anthracene relative to unsubstituted 

benz[α]anthracene, but the methyl substitution in position 2 did not increase toxicity. This result 

also suggests that the severities of toxicity are not uniform among closely related structures. 

Thus the pattern of alkyl substitution on the ring system helps to determine toxicity. However, by 

comparing the 95% confidence intervals of EC50 between 2-MB and B[α]A, the toxicity of 2-

MB could be similar or even higher than B[α]A (Table 2.4). There were variations in predicted 

EC50s, which raised up difficulties in toxicity comparisons. These variations also imply that the 

toxicity comparisons based on the calculated average values might not be highly accurate.  

For both alkyl-substituted chrysenes and benz[α]anthracenes, the congeners substituted at 

the middle region had a lower EC50 than the ones substituted at the distal region. This result is 

completely opposite to the structure-toxicity relationships found with alkyl-phenanthrenes; alkyl- 

phenanthrenes with alkyl groups at the middle ring had higher EC50 values than their congeners 

with substituents at the outer rings (Turcotte, 2008). 2, 3-dimethylbenz[α]anthracene had a lower 

EC50 than 2-MB, which is consistent with the findings from Turcotte (2008) that a higher degree 

of alkylation increased the toxicity. In some toxicity assessments of PAH mixtures, the toxicity 

of chryene and benz[α]anthracene was not differentiated. However, these two compounds, as 

well as their alkylated congeners with similar structures, have showed variations in toxicity 
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values. The EC50 of 6-MC was three times the value of 7-MB, while the EC50 of 1-MC was 

only slightly higher than the value of 2-MB. In addition, the unsubstituted benz[α]anthracene  

was more toxic than chrysene, which is generally consistent with another study  in which the 

CYP1A induction potency in zebrafish exposed to benz[α]anthracene was 5 times that of 

chrysene (Incardona et al., 2006).  

The ability of alkyl-phenanthrenes to bind to the AHR could direct the severity of chronic 

toxicity (Scott et al., 2010; Turcotte, 2008), which may also apply to alkyl-chrysenes and alkyl-

benz[α]anthracenes. Since the AHR contains rather promiscuous ligand binding sites (Denison 

and Nagy, 2003), the isomeric alkyl-chrysenes or alkyl-benz[α]anthracenes may have different 

binding affinities with the AHR due to the various interactions between the molecular structures 

and the binding sites. This may explain the varied EC50 values among the alkyl congeners of 

chrysene and benz[α]anthracene.  

Fallahtafti et al. (2012) proposed that the variability of toxicity observed among a group 

of alkyl-phenanthrenes metabolites was not only a function of hydrophobicity, but also related to 

the preferential formation of para-quinone. The potential for 1-MC to form para-quinone through 

CYP1A metabolism is lower than 6-MC because one of the para-hydroxy positions for 1-MC is 

blocked by its methyl substituent. This reduced preference to form para-quinone might explain 

the lower toxicity of 1-MC compared to 6-MC. However, 2-MB potentially is more likely to 

form para-quinone than 7-MB because one of the potential para-hydroxy positions for 7-MB is 

occupied by the methyl group at position 7; 7-MB still showed a higher toxicity than 2-MB. 

Toxic mechanisms of alkylated chrysenes and benz[α]anthracenes are still little studied. For 

example, the metabolites they will form following the CYP1A pathway are still unknown. By 

comparing the structure of test compounds to their metabolites, insights would be gained into 
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which structures of test compounds are most likely to form particular metabolites to increase 

toxicity. Particular metabolites other than para-quinone might explain the variability of toxicity 

in these test compounds.  

The comparisons of PAH toxicity above were based on the estimated EC50 values. 

However, by comparing the extremely low solubility limits to the calculated EC50 values of test 

compounds, these compounds were not highly toxic within the ranges of test concentrations. 

Exceptions found in B[α]A and 7-MB, of which the EC50 values were lower than corresponding 

solubility limits (Morandi, 2013). This result suggests that B[α]A and 7-MB were more toxic 

than the other test compounds within the solubility limit. Structural effects as previously 

discussed might have contributed to this result. These PAHs are usually present in the 

environment in mixtures, and a risk assessment solely focused on single compounds could lead 

to an underestimation of the actual toxic effects. The detrimental effects of PAH mixtures can be 

higher than the effects caused by single compounds only. The joint toxicity of chemicals in 

mixtures could be concentration additive, and this phenomenon enhances the toxicity of 

combinations of those chemicals; in particular, if those compounds have common toxic actions, 

their combined effects are very likely in the direction of concentration addition (Hermens et al., 

1985; Mayer and Reichenberg, 2006; McCarty and MacKay, 1993). Chemical activity, which is 

used not only to quantify the concentration of a compound, but also to represent the potential for 

partitioning of the compound into the organism, was used to explain the toxicity cutoff of solid 

organic chemicals when tested individually (Mayer and Holmstrup, 2008). Since the solubility of 

those solid chemicals is approximately additive in a mixture (Banerjee, 1984), they contributed 

to the higher toxicity of a complex mixture (Mayer and Holmstrup, 2008). For instance, in a 

toxicity test on a benthic amphipod species (Orchomonella pinguis), a PAH mixture was toxic 
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even though the individual components showed limited or no toxicity at their aqueous solubility 

limits (Engraff et al., 2011). Therefore, it is indeed important to measure the toxicity of 

individual PAHs in assessing potential environmental effects, but it could be more important to 

assess the toxicity of the PAH mixture as a whole, to clarify the toxicity of PAHs in the 

environment is a consequence of mixtures rather than single components. The toxicities of the 

compounds tested were limited by their aqueous solubilities. Nonetheless, these compounds 

could contribute to the toxicity as a mixture and cause a more severe effect.     

Compared to the toxicities of alkyl-phenanthrenes measured by Turcotte (2008), the 

toxicities of the compounds tested within the solubility limits in present study were relatively 

low. As emphasized by Jager and Kooijman (2009), bioconcentration kinetics play a crucial role 

in toxicity and the variation of kinetics should be taken into account in toxicity test. In a 9-day 

exposure of  a benthic amphipod species (O. pinguis) to a series of PAHs, fluoranthene showed a 

delayed toxicity compared with other test compounds of similar chemical activity but with a 

higher rate of bioconcentration kinetics (Engraff et al., 2011). Higher molecular-weight PAHs 

took longer to reach an equilibrium between the exposure solution and the organic tissue, which 

consequently delayed the expected toxicity (Neff, 1979).  However, toxicity is a function of not 

only concentration and duration of exposure, but also the life stage exposed. For exposures 

longer than 24 hours, young embryos of herring that were less than 1 day old were most sensitive 

to oil, and the age of embryos was negatively correlated with their sensitivity (McIntosh et al., 

2010). In the present study, medaka embryos were exposed continually to test compounds for 17 

days. Kinetics of test compounds were not likely to be an issue in this study, and the delayed 

toxicity suggested by Neff (1979) is not a good explanation of the limited toxicity of test 

compounds relative to alkyl-phenanthrenes. Nevertheless, it would be ideal to measure the 
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internal PAH concentration to ensure that an equilibrium between water and organism was in 

fact reached.  

When modelling toxicity, variations caused by different sensitivities among populations 

and between species should also be taken into account. Biological differences and adaptations 

are crucial to the ability of organisms to withstand similar contaminants. The toxicity of the test 

compounds to Japanese medaka was limited, but the same exposure compounds may exert a 

higher toxicity on other fish species. As concluded by Lassiter and Hallam (1990), variations in 

lipid content can account for much of the variation in the sensitivity of individuals to the 

exposure chemical; for similarly exposed organisms, the organism with the highest lipid content 

survives the longest due to the slowest response to the toxicants. Also, as suggested by Engraff et 

al. (2011), kinetics could explain the sensitivity differences; a higher biomass could slow the 

PAH kinetics and result in less sensitivity to the same exposure chemicals.  

Structure toxicity relationships of the compounds tested can be roughly illustrated using a 

plot of log EC50 and log Kow. According to this plot, test PAHs with a similar log Kow value are 

expected to have a similar toxicity. However, some compounds sharing a rather similar log Kow 

value did not exert the same level of toxicity. It is possible that the difference was caused by the 

errors in calculating the log Kow and EC50 values. It may also imply that even for the compounds 

sharing the same log Kow, structural features such as the position and the number of the alkyl 

groups on the ring system could affect the toxicity, as discussed previously. Those estimated Kow 

values are primarily based on the presence of particular fragments; a relatively small contribution 

would be made to the overall estimated value when dealing with compounds with subtle 

structural differences (Meylan and Howard, 2000). Studies of a variety of species have indicated 

that PAH toxicity increases with increasing lipophilicity expressed by the log Kow values; 
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however, toxicity peaks at the cutoff, after which it declines due to the limits of water solubility 

and bioavailability (Sverdrup et al., 2002). As suggested by Incardona et al (2004), this toxicity-

lipophilicity relationship may be applicable for compounds with log Kow values between 2 and 5. 

Most of the test compounds in this study have been associated with log Kow values that were 

higher than 6, which implies the poor applicability of this log EC50 and log Kow model for the 

test compounds. Furthermore, Kow  reflects capacity to dissolve in lipid membranes and the 

toxicity-Kow model represents exposure relationships through waterborne PAH partitioning to 

lipid membrane. Differences in toxicity due to alkyl substitutions were explained by different 

potencies caused by structure. Errors in predicted toxicity values by the Kow model reveal its 

limited applicability. 
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2.5 Summary and Conclusions 

The lack of mortalities of medaka embryos following exposure to alkyl chrysenes and 

benz[α]anthracenes suggests that narcosis is not responsible for the toxic mechanism of these test 

compounds. The chronic toxicity of these PAHs to medaka embryos was determined using the 

PCD method of exposure. With PCD, the EC50 values were closer to normal environmental 

situations (i.e. aqueous concentrations of PAHs) (Kiparissis et al., 2003). The ring alkylation on 

chrysene and benz[α]anthracene increased the toxicity, except for 2-MB. The position of alkyl 

groups on the ring system was responsible for the toxicity; based on the calculated EC50 values, 

the isomeric congeners substituted at the middle regions were more toxic than those substituted 

at the distal regions. Integrated with the toxicity data of alkyl-phenanthrenes, the regression 

between the log EC50 data and log Kow values provides a rough estimation of the theoretical 

toxicity (regardless of solubility limits). In dealing with structurally-similar compounds, the Kow 

method creates a risk of oversimplifying the steric and conformational effects. The actual 

toxicities of test compounds were limited by their aqueous solubility limits; most of the 

estimated EC50 values were higher than their respective solubility limits. The compounds tested 

in the present study were not quite toxic to medaka embryos at the concentrations equal to or 

below their solubility limits. Ecological aspects, such as aqueous solubility limits and the 

enhanced toxicity of mixtures, should be considered in assessing toxic effects of alkylated PAHs, 

especially for highly hydrophobic ones.  
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Chapter 3 

General Discussion and Summary 

3.1 Overview 

The purpose of this thesis was to better understand the chronic toxicity of a series of 

alkyl-PAHs to fish embryos and to provide useful information for quantitative structure activity 

relationship models. The toxicity of unsubstituted chrysene and benz[α]anthracene, as well as 

their alkyl-congeners, was assessed with medaka embryos using the PCD method of exposure. 

The PCD method of exposure has not previously been applied to tests of four-ringed alkylated 

PAHs, and it was first characterized with a series of alkylchrysenes and benz[α]anthracenes in 

the present study. Aqueous solubility limit, film:solution partition coefficient (Kfs), and the 

capacity of films to compensate for compound loss were determined for each test compound. 

Differences of toxicity caused by varied alkyl-substitution on the ring structure were 

investigated, and the structure toxicity relationships of test compounds were illustrated by the 

toxicity-kow plot.  

The following null hypotheses were tested in the present study: (1) alkylation did not 

increase the toxicity of chrysene and benz(α)anthracene; (2) there are no differences in toxicity 

among 2, 3-DiMeBaA and 2-MeBaA or 7-MeBaA; (3) there are no differences in the toxicities 

of different C-1 benz(α)anthracenes or C-1 chrysenes; (4) there is no relationship between 

estimates of Kow and the toxicity of alkyl-substituted congeners of chrysene and alkyl-

benzo(α)anthracene.  
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3.2 Summary of Findings 

3.2.1 The PCD Method of Exposure 

This method delivered test compound from a high concentration in the PDMS film to 

ERS. For each toxicity test, a gradient of concentrations was generated and maintained at and 

below the solubility limit of the test compound. 2-MB was used as representative to characterize 

this method; the average aqueous concentration of 2-MB equilibrated from the highest 

compound-loading films was lower than the one established by the films containing the second 

highest compound loading. This phenomenon was also found in a previous study by Kiparissis et 

al. (2003), in which chemical crystals present on the overloaded films were proposed to cause 

the inhibition of compound diffusion. In the present study, temperature affected the aqueous 

solubility of test compounds delivered from PDMS films; higher temperatures were associated 

with elevated aqueous solubilities. A variation of solubility limits was found in the present study 

among the test compounds with different alkylations. A higher degree of alkylation on the ring 

structure may have inhibited the dissolution of test compounds, and the structural dissimilarity 

may have contributed to the different solubility limits among the compounds with a same degree 

of alkylation. Calculated log Kfs values in the present study were not linearly correlated to the log 

Kow values. As suggested by Brown et al. (2001), steric interactions with the highly cross-linked 

polymer network of PDMS may affect the partitioning of compounds from film to water. 

Compounds with the same Kow but dissimilar structures could have different partitioning 

capacities, which may have caused the difficulty in predicting Kfs based on the Kow value. In the 

TSS experiment with chrysene, the dissolved concentration increased rapidly during the first 100 

minutes, and then slowly increased toward the equilibrium concentration. Time to steady state 

for these 4-ringed test compounds was generally longer than that of some 3-ringed PAHs, such 
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as anthracene (Brown et al., 2001) and alkyl-phenanthrenes (Turcotte et al., 2011a). The 

relatively larger molecular size and the lower temperature could explain the longer time to reach 

the concentration equilibrium between film and water.  

2-MB was used as a representative compound to evaluate the stability of exposure 

concentrations established by the PCD method. Without the interference of fish eggs, 

concentrations measured at the end of the exposure test were 87% on average of the initial 

values. Compared to the 34% compound loss with 1-methylphenanthrene (Turcotte et al., 2011a) 

and a concentration decline by less than 33% with benz[α]anthracene (Morandi, 2013), desired 

and constant concentrations of test compounds were generally maintained with the PCD method 

throughout the exposure period, and this illustrates the adequate applicability of the PCD method 

in toxicity tests with these four-ringed alkyl-PAHs. With the presence of fish embryos, measured 

concentrations particularly after hatch increased dramatically, and some measured values even 

exceeded the solubility limit. With the PCD method of exposure, PDMS films cannot generate 

aqueous concentrations that are higher than the solubility limit of the test compound. This 

dramatic increase in measured concentrations may be explained by the presence of DOC in the 

ERS which was released during the embryonic development (e.g. hatching enzymes and egg 

detritus). The analytical method used in the concentration determination does not distinguish 

between free and bound PAH, and would result in an increase of the apparent aqueous 

concentrations. There might be some factors other than hatching enzymes that contributed to the 

increase in apparent concentrations. Future studies are required to have a better understanding. 

3.2.2 Toxicity of Alkyl-PAHs 

The PCD method of exposure provides a more reliable evaluation of toxicity than other 

conventional methods, in which toxicity was estimated based on actual exposure concentrations 
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rather than nominal values. Retene, in a static and a semi-static exposure assay, was associated 

with an EC50 value of 2500 and 150 µg/L, respectively (Kiparissis et al., 2003). The EC50 of 

the unpurified retene in the present study using the PCD method of exposure was lower than 

either of the values above. This can be interpreted by the stable exposure concentration generated 

by the PCD method, which contributed to a higher degree of exposure relative to the other 

conventional methods where exposure concentrations were not maintained through time. The 

EC50 of retene in another study with the PCD method of exposure (Turcotte, 2008) was 15% of 

the unpurified one in present study. This can be explained by the inhibitory effects of the 

impurities in the unpurified retene used in the present study. Further, the excessively high 

measured concentrations of unpurified retene, caused by interference in the analytical method by 

the impuries, could also explain the relatively high EC50 of retene in the present study.  

Embryos exposed to chrysene did not show measurable responses, which is consistent 

with the lack of toxic responses of zebrafish embryos exposed to chrysene (Butler et al., 2012; 

Incardona et al., 2006). Benz[α]anthracene was more chronically toxic than chrysene but without 

obvious mortality (Morandi, 2013). This is different from the toxicity of phenanthrene and 

anthracene without photoactivation, which were both dominated by narcosis (Turcotte et al., 

2011a,b). Compared to chrysene, the enhanced toxicity caused by benz[α]anthracene could be 

due to the dissimilarity of ring structures between them. The toxicity of benz[α]anthracene is 

AHR2-dependent and CYP1A-independent (Incardona et al., 2006). When comparing 

benz[α]anthracene to phenanthrene and anthracene, the shift from AHR2-mediated chronic 

toxicity to narcosis may be explained by different mechanisms of toxicity that were at work.  

Alkyl-PAHs tested in the present study caused similar signs of BSD, which suggests a 

similar mode of action among these compounds. In addition, due to the lack of acute mortality, 
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narcosis was not likely to contribute to the toxicity of compounds tested. However, there is little 

knowledge of the true mechanisms for alkyl-congeners of chrysene and benz[α]anthracene. 

Alkyl-substitution on the ring structure of chrysene and benz[α]anthracene increased the toxicity, 

except for the methyl substitution in position 2 of benz[α]anthracene which might have reduced 

the toxicity. However, the overlap of 95% confidence interval of benz[α]anthracene and 2-MB 

suggests that their toxicity could be equivalent instead. This result is mostly consistent with the 

enhanced toxicity of alkyl-phenanthrenes relative to the unsubstituted phenanthrene (Turcotte et 

al., 2011b). 2, 3-dimethylbenz[α]anthracene had a lower EC50 than 2-MB, which is also 

consistent with the findings from Turcotte et al. (2011a) that a higher degree of alkylation was 

associated with an elevated toxicity. For both alkyl-substituted chrysenes and 

benz[α]anthracenes, the congeners substituted at the middle region had a lower EC50 than the 

ones substituted at the distal region. This result is completely opposite to the structure-toxicity 

relationships for alkyl-phenanthrenes, where alkyl-substitution at the middle ring exhibited 

higher EC50 values than at the outer rings (Turcotte et al., 2011a). Particular metabolites other 

than para-quinone might explain the variability of toxicity related to the alkylation at different 

locations. Future studies into toxic mechanisms of this group of PAHs are needed to have a 

better understanding of the association between the varied toxicity of test compounds and their 

preference to form particular metabolites during biotransformation processes. The ability of 

alkyl-phenanthrenes to bind to the AHR could control the severity of chronic toxicity (Scott et 

al., 2010; Turcotte, 2008), which may also apply to alkyl-chrysenes and alkyl-

benz[α]anthracenes. AHR contains rather promiscuous ligand binding sites (Denison and Nagy, 

2003). Steric differences among test alkyl compounds, due to different locations of alkyl 

substituent, may contribute to various interactions between the molecular structures and the 
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binding sites, which may subsequently result in varied binding affinities of test compounds with 

the AHR.  

Many high molecular weight PAHs are carcinogenic, and there are some interesting 

similarities between the mechanism of carcinogenesis and the development of morphological 

effects in embryos. In rodents and human, 1-methylpyrene exposure was associated with 

increased cell proliferation activity which was mediated through the formation of carbocation 

intermediates; the electrophilic benzylic carbocation intermediate is formed through the 

oxygenation of 1-methylpyrene by CYP1A (Banoglu, 2000). The increased cell proliferation 

activity could eventually result in tumorigenesis. Banoglu (2000) also found that the highly 

reactive carbocation intermediates could react with lipids, proteins, and DNA. It is possible that 

the BSD-causing alkyl-PAHs are also toxic through the formation of carbocation intermediates, 

which further react with lipids and proteins to cause the weakening of cell membranes. A 

tumorigenicity study by Hecht et al. (1985) demonstrated that methylation on the bay region of 

PAHs enhanced tumorigenicity because of the chemical structure that contributes to a high 

reactivity with DNA and the exceptional tumorigenicity of a dihydrodiol epoxide metabolite. A 

similar study by Hoffmann et al. (1974) indicated that methylation in position 5 (at the middle 

ring) changed the electron distribution or conformation of the chrysene ring system, which in 

turn favored carcinogenicity. The carcinogenic activity favored by methylation at certain 

positions of the benzene ring was in close agreement with one main finding in the present study, 

where the alkylated compounds substituted at the middle rings were more embryo toxic than the 

isomeric compounds substituted at the outer rings. These findings all collectively emphasized the 

importance of structural changes to the observed effects.  
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Structure toxicity relationships, which are illustrated by a regression plot of log EC50 and 

log Kow, were extended from that of alkyl-phenanthrenes obtained from Turcotte et al. (2011a). 

However, there are limitations for using this Kow model, such as dealing with alkyl-PAHs with 

similar Kow values but different structural features. The position and the number of the alkyl 

groups on the ring system could result in variations in toxicity, while the variations were not 

predictable by the Kow model. Rather than predicting toxicity, Kow illustrates bioaccumulation 

processes. Furthermore, this toxicity-Kow model was based on average EC50s and excluded 

ranges of actual EC50s (i.e., the 95% confidence intervals of average EC50s), which 

oversimplified toxicity comparisons.  

The comparisons of toxicity among the test alkyl compounds were based on the estimated 

EC50 values. Due to the extremely low solubility limits, most of the test compounds, however, 

were actually not highly toxic to medaka embryos within the ranges of test concentrations.  

 

 

3.3 Significance of Findings and Future Work 

The results of this research have provided new information to better estimate risk of 

alkyl-PAHs. It demonstrated that the traditional classification of chrysene and 

benz[α]anthracene, as well as their alkyl-congeners, as a class of compounds in the analysis of 

oil toxicity, may lead to a wrong representation of their toxicity. Additionally, ecological aspects 

(i.e. aqueous solubility limit) should be considered in the toxicity assessment for PAHs.  



 

 

103 

 

This study demonstrated that the alkyl congeners of chrysene and benz[α]anthracenes 

were not highly toxic to fish embryos at ecologically relevant concentration, i.e. at 

concentrations equal to or below their solubility limit. However, these PAHs are usually present 

in the environment in mixtures. The detrimental effects of PAH mixtures can be higher than the 

effects caused by single compounds alone. In future studies, the toxicity of mixtures that consist 

of these compounds can be tested to assess the combined effects. The individual and combined 

effects together could better contribute to the ecological risk assessment.  

There are also questions that arose from this study and that remain to be addressed. Some 

structure-toxicity relationships were developed for alkyl-PAHs, but more alkyl compounds 

remain to be tested to generate a better model. Mechanisms contributing to the toxicity of these 

compounds should be studied in future work to gain insights into connections of those varied 

toxicity. Risk assessments in the toxicity of alkyl-PAHs would benefit from considering specific 

biological activities. The Kow model has shown many limitations in predicting chronic toxicity 

for alkyl-PAHs, thus a better predicting model should be developed in further work to contribute 

to the QSAR studies.  
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3.4 Summary of Findings 

1. The PCD method provided desired and constant aqueous concentrations for the 

toxicity tests with chrysene, B[α]A, and their alkyl-congeners. 

2. Benz[α]anthracene was more toxic to medaka embryos than chrysene. 

3. Alkylation on ring structure increased toxicity, except for 2-MB which was less toxic 

than B[α]A. 

4. A higher degree of alkylation was associated with a higher toxicity. 

5. The location of the methyl substituent made a difference in toxicity; the alkyl 

congeners substituted at the middle region had a lower EC50 than the ones substituted at the 

distal region.     

6. The toxicity of test compounds was not consistent with a narcotic mode of action. 

7. Except for B[α]A and 7-MB, other test compounds were not highly toxic within the 

ranges of test concentrations.  

8. The regression between the log EC50 and log Kow provided a rough estimation of 

structure-toxicity relationships for alkyl-PAHs.  
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Appendix A 

Set-up for the PCD Method of Exposure 

 

 

Figure A-1 Experimental set-up for the partition controlled delivery (PCD) exposure method. 

 

 

 

 

 

 

 

 

 

 

 

 

medaka embryos 

PDMS film 

containing the 

test chemical 

 

15 mL ERS 

20 mL 

scintillation vial 

wood holder 



 

 

108 

 

Appendix B 

Dilution Scheme for the Film Preparations in PCD Assays 

Table B-1 Dilution series for the film preparations in partition controlled delivery (PCD) assays. A stock solution was prepared first, 

followed by the solvent dilutions to different concentrations as indicated in the table below. The zero concentration represented the 

negative control for each test chemical. 

 

Order of 

dilutions 

retene loading 

in PDMS film 

(µmol/L) 

chrysene loading 

in PDMS film 

(µmol/L) 

1-MC loading 

in PDMS film 

(µmol/L) 

6-MC loading 

in PDMS film 

(µmol/L) 

2-MB loading 

in PDMS film 

(µmol/L) 

2,3-DMB loading 

in PDMS film 

(µmol/L) 

stock 4267 876 412.69 412.69 412.66 390.11 

1 26 26 0.004 0.004 4.13 1.25 

2 51 53 0.04 0.04 7.43 2.18 

3 102 105 0.41 0.41 13.21 3.90 

4 205 210 4.13 4.13 23.11 7.02 

5 410 420 41.27 41.27 41.27 12.48 

6 819 841 412.69 412.69 74.28 21.85 

7 1639 0 0 0 0 0 

8 0 N/A N/A N/A N/A N/A 
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Appendix C 

Protocol for Time to Steady State (TSS) Tests 

Table C-1 Sampling scheme for testing the time to establish the concentration equilibrium 

between the PDMS film and the aqueous solution.  

 

sampling 

sampling 

time (mins) 

for 

chrysene 

sampling 

time (days) 

for 1-MC 

sampling 

time (days) 

for 6-MC 

sampling 

time (days) 

for 2-MB 

sampling 

time (days) 

for 2,3-

DMB 

#1 10 1 1 1 1 

#2 20 2 3 3 3 

#3 30 3 5 5 5 

#4 40 5 N/A N/A N/A 

#5 50 N/A N/A N/A N/A 

#6 100 N/A N/A N/A N/A 

#7 200 N/A N/A N/A N/A 

#8 400 N/A N/A N/A N/A 

#9 1440 (1 day) N/A N/A N/A N/A 
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Appendix D 

Standard Operating Procedure – Process Water Samples with the Method 

of Solid Phase Extraction (SPE) 

(1). SPE Procedures  

I. Condition 

Attach C18 columns (UCTEEC18156, Chromatographic Specialties Inc.) to the port 

valves (Figure -6-1). Connect the Visiprep
TM 

SPE Vacuum Manifold (67030-U, Sigma-Aldrich 

Co. LLC.) to the bench top vacuum. Keep the inner air pressure below 20” Hg. Solvate the C18 

bonded phase with 10 mL of HPLC-grade acetone, then immediately flush the cartridge with 6 

mL of double-distilled water. 

II. Sample Loading 

Don’t let the cartridge dry out. Slowly force the water sample (for volume, see Table -6-1) 

through the SPE column at the filtering speed of 1-2 drops per second. Do not allow the C18 

cartridge to dry out after sample loading.  

III. Wash 

Wash off unwanted components with 2 mL of double-distilled water. Apply a vacuum for 

10 minutes to get rid of water residuals in the cartridge. 

IV. Elution 

Elute the cartridge with 2 x 5 mL of acetone into a 20 mL glass scintillation vial. 

V. Solvent Evaporation and Recovery 

Attach the Visidry
TM

 Drying Attachment (57100-U, Sigma-Aldrich Co. LLC.) to the 

vaccum manifold (Figure -6-2). Run nitrogen gas through the vacuum manifold to blow down 

the acetone in the glass vial. After the acetone evaporates completely, add 2.5 mL of the acetone : 

ethanol (20% : 80%) mixture. Vortex the solution before adding another 2.5 mL of ERS to create 

a sample containing equal parts of solvent and ERS. This sample is then ready for the 

fluorescence analysis.  
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Table D-1 The series of volumes of water samples that should be filtered with the analytical 

method of SPE prior to the fluorescence analysis. The required volumes varied due to the 

difference in the aqueous concentrations which were established by the respective PDMS film. 

The zero volume means that the concentrations established by those PDMS films were detectable 

without the SPE enhancement. Retene and chrysene were not included in this table because the 

concentration of their exposure solutions could be measured by the fluorescence 

spectrophotometer without the SPE procedures. 

1-MC 6-MB 2-MB 2,3-DMB 

film conc. 

(µmol/L) 

filtered 

vol. 

(mL) 

film conc. 

(µmol/L) 

filtered 

vol. 

(mL) 

film conc. 

(µmol/L) 

filtere

d vol. 

(mL) 

film conc. 

(µmol/L) 

filtered 

vol. 

(mL) 

0.004 100 0.004 100 4.13 25 1.25 50 

0.04 50 0.04 100 7.43 25 2.18 40 

0.41 25 0.41 40 13.21 20 3.90 25 

4.13 0 4.13 20 23.11 10 7.02 25 

41.27 0 41.27 0 41.27 0 12.48 25 

412.69 0 412.69 0 74.28 0 21.85 25 

 

(2). Recovery Rates of filtered PAH  

Chrysene was used to test the recovery rate of filtered PAH. Chrysene solutions with a 

gradient of concentrations below the solubility limit were used in this test. The average recovery 

rates of this series of solutions were all close to 100% (Table -6-2); one value went beyond 100% 

could be due to the measuring error. The success of chrysene recovery was assumed to be 

representative of other tested PAHs where this SPE method was also applied to. The filtered 

volumes appropriate for the series of exposure solutions in different PAH tests (as shown in 

Figure D-1. The setup of SPE for the 

processes of conditioning, sample loading, 

washing, and solvent recovery. 

Figure D-2. The setup of SPE for the 

process of solvent evaporation. 
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Table -6-1) were determined based on two criteria: 1). The enhanced concentration should show 

distinct fluorescence peaks. 2). The volume should be achieved at the limit of total sample 

volume in different PAH tests. A higher filtration volume required more time and efforts to 

proceed. Therefore, time and effort should be taken into account as well.   

 

Table D-2 The average recovery rate of chrysene concentrations (1.57, 0.78, and 0.39 µg/L) 

after SPE procedures. Recovery rates based on different volumes of filtered water sample were 

presented. The highest expected concentration (1.57 µg/L) was the aqueous solubility limit of 

chrysene at 19.5 °C; the 0.78 and 0.39 µg/L were ½ and ¼ of the solubility limit, respectively.  

Filtered 

volume (mL) 

Recovery rate of 

1.57 µg/L (%) 

Recovery rate of 

0.78 µg/L (%) 

Recovery rate of 

0.39 µg/L (%) 

Averaged 

recovery (%) 

15 95.3 99.1 105.3 99.9 

30 99.0 89.0 88.9 92.3 

50 100.4 105.1 104.0 103.2 

100 91.6 95.6 96.7 94.6 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



 

 

113 

 

Appendix E 

Standard Operating Procedure – Analysis of ERS Samples Containing PAH 

by Fluorescence Spectrophotometer 

Modified from Adams (2013) 

 

1. Water Sample Collection  

a. Collect 2.5 mL water samples from exposure solutions and add to equal parts of acetone and 

ethanol mixture (20% : 80%) in pre-labeled 7 mL glass scintillation vials; for retene samples, an 

absolute ethanol was used instead of the mixture solvent.   

b. Samples can be stored up to 1 month. If solvent has evaporated in samples with known initial 

volume, the volume of evaporated ethanol can be added to the vial prior to analysis.  

 

2. Wavelength Optimization  

a. Monochromator bandwidth affects the precision of fluorescent absorbance. A wider slit gives 

a higher signal-to-noise ratio, but peak shape might be distorted. An appropriate bandwidth from 

preliminary tests was 4 nm for retene samples and 6 nm for other tested four-ring PAHs.  

b. Water samples containing different types of PAH require separate wavelength optimization, 

because PAHs differ in chemical structure and have different optimum wavelengths.  

c. Prepare a high concentration PAH standard solution to determine the optimal excitation and 

emission wavelengths for the emission scan. In this experiment, 500 ppb of retene standard was 

used to optimize wavelengths while the 100 ppb standard was used for other tested PAHs to run 

the optimization.  

d. Prior to put a sample in the fluorescence spectrofluorometer, make sure that the lamp is 

warmed up and set to 75 watts.  

e. In “Setup”, open the “Emission scan”. Enter an excitation wavelength around 300 nm, this 

range is a good starting point for most 3-4 ring PAH (Apicella et al. 2004; Dabestani and Ivanov 

1999; Mahanama et al. 1994). The emission wavelength range should be around 150 nm with the 

lower wavelength offset from the excitation wavelength by at least 5 nm. The offset in excitation 

and emission scan wavelengths is to avoid capturing excitation light reflecting or scattering. For 

example, an emission scan with excitation wavelength at 300 nm, would have emission 

wavelength range from 305-455 nm.  

f. Change the step size to 1 nm. Type in the slit width for both emission and excitation scan (slit 

widths for both emission and excitation were set as 6 nm for tested four-ring PAHs while 4 nm 

was applied to retene).  

g. Press “Accept” on the Emission Scan dialogue box, and then “Acquire”. You will hear 

clicking sounds as the monochromators are set to the selected wavelengths.  

h. Press “Start”.  

i. After the scan is complete, record the wavelength at which the maximum peak occurred by 

placing the cursor on the peak (the x- and y-coordinates of your cursor will appear beside it;  

x corresponds to the wavelength). 

j. In “Setup”, open an “Excitation scan”. The recorded peak wavelength from the previous step is 

the emission wavelength. The excitation range should be around 150 nm, and the highest 
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wavelength in this range must be at least 5 nm lower than the emission wavelength as mentioned 

above. Change the step size to 1 nm. 

k. Press “Accept” on the Excitation Scan dialogue box, and then “Acquire” at the lower tool bar. 

You will hear some clicking sounds as the monochromators set to the wavelengths you selected.  

l. Press “Start”.  

m. After the scan is complete, record the wavelength at which the maximum peak occurs. If this 

peak excitation is different from the excitation wavelength used in the first emission scan, use 

this new peak excitation wavelength for a new emission scan. The resulting curve should lie 

higher than the initial emission scan as you are approaching the optimal wavelength range.  

m. Repeat this process of using peak wavelengths to run Excitation and Emission scans in 

tandem until the peak wavelengths do not differ from previous scans. Note: The maximum peaks 

from both the optimal Excitation and Emission scans should be about the same height and the 

curves will look roughly symmetrical.  

 

Table E-1 Optimal wavelengths for emission scans of test PAHs. 

Test chemical 

Optimal Ex. 

Wavelength 

(nm) 

Range of Em. 

Wavelength 

(nm) 

Retene 302 315 - 460 

Chrysene 321 335 - 485 

1-MC 325 340 - 490 

6-MC 324 340 - 490 

2-MB 344 360 - 510 

2,3-DMB 347 360 - 510 

 

 

3. PAH Standard Curves  

a. In “Setup”, open an “Emission scan”. Plug in the excitation wavelength, and the range of 

emission wavelengths produced in the wavelength optimization step.  

b. Before running the water samples run a solvent control, a ERS control and a 50:50 

(solvent:ERS) solution.  

c. Make sure that the cuvette is cleaned well with 20% acetone, and if necessary use a cotton 

tipped applicator to wipe the inner walls.  

d. Prepare standards in 20 mL glass scintillation vials with caps lined with Teflon or aluminum.  

e. Remember to vortex solutions before dilutions and analysis of fluorescence.  

f. Standard solutions should be prepared using a serial dilution. See below:  

 

[i]. retene standards  

1. Stock 100 ppm 

Weigh 5 mg of retene and mix it with 50 mL of absolute ethanol. Vortex really well! 

2. 10 ppm 

1 mL of stock 100 ppm + 5 mL of ERS + 4 mL of absolute ethanol  

3. 5 ppm 

5 mL of 10 ppm + 2.5 mL of ERS + 2.5 mL of absolute ethanol  

4. 1 ppm 

1 mL of 10 ppm + 4.5 mL of ERS + 4.5 mL of absolute ethanol 
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5. 500 ppb 

1 mL of 5 ppm + 4.5 mL of ERS + 4.5 mL of absolute ethanol 

6. 100 ppb 

1 mL of 1 ppm + 4.5 mL of ERS + 4.5 mL of absolute ethanol 

7. 50 ppb 

1 mL of 500 ppb + 4.5 mL of ERS + 4.5 mL of absolute ethanol 

8. 10 ppb 

1 mL of 100 ppb + 4.5 mL of ERS + 4.5 mL of absolute ethanol 

9. 5 ppb 

1 mL of 50 ppb + 4.5 mL of ERS + 4.5 mL of absolute ethanol 

10. 1 ppb 

1 mL of 10 ppb + 4.5 mL of ERS + 4.5 mL of absolute ethanol 

 

Start the fluorescence measurements with the 500 ppb sample and work down through the 

standards.  

 

[ii]. chrysene standards 

1. Stock 100 ppm 

Weigh 5 mg of chrysene and mix it with 50 mL of 20% acetone. Vortex really well! 

2. 1 ppm 

100 µL of stock 100 ppm + 5 mL of ERS + 4.9 mL of 20% acetone 

3. 100 ppb 

1 mL of 1 ppm + 4.5 mL of ERS + 4.5 mL of 20% acetone 

4. 20 ppb 

200 µL of 1 ppm + 4.9 mL of ERS + 4.9 mL of 20% acetone 

5. 10 ppb 

1 mL of 100 ppb + 4.5 mL of ERS + 4.5 mL of 20% acetone 

6. 5 ppb 

5 mL of 10 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

7. 2.5 ppb 

5 mL of 5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

8. 1.25 ppb 

5 mL of 2.5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

9. 0.625 ppb 

5 mL of 1.25 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

10. 0.3125 ppb 

5 mL of 0.625 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

 

Start the fluorescence measurements with the 20 ppb sample and work down through the 

standards.  

 

[iii]. 1-methylchrysene standards 

1. Stock 100 ppm 

Weigh 5 mg of 1-methylchrysene and mix it with 50 mL of 20% acetone. Vortex really well! 

2. 1 ppm 

100 µL of stock 100 ppm + 5 mL of ERS + 4.9 mL of 20% acetone 
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3. 100 ppb 

1 mL of 1 ppm + 4.5 mL of ERS + 4.5 mL of 20% acetone 

4. 20 ppb 

200 µL of 1 ppm + 4.9 mL of ERS + 4.9 mL of 20% acetone 

5. 10 ppb 

1 mL of 100 ppb + 4.5 mL of ERS + 4.5 mL of 20% acetone 

6. 5 ppb 

5 mL of 10 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

7. 2.5 ppb 

5 mL of 5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

8. 1.25 ppb 

5 mL of 2.5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

9. 0.625 ppb 

5 mL of 1.25 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

10. 0.3125 ppb 

5 mL of 0.625 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

11. 0.1 ppb 

100 µL of 10 ppb + 4.95 mL of ERS + 4.95 mL of 20% acetone 

 

Start the fluorescence measurements with the 20 ppb sample and work down through the 

standards.  

 

[iv]. 6-methylchrysene standards 

1. Stock 100 ppm 

Weigh 5 mg of 6-methylchrysene and mix it with 50 mL of 20% acetone. Vortex really well! 

2. 1 ppm 

100 µL of stock 100 ppm + 5 mL of ERS + 4.9 mL of 20% acetone 

3. 100 ppb 

1 mL of 1 ppm + 4.5 mL of ERS + 4.5 mL of 20% acetone 

4. 20 ppb 

200 µL of 1 ppm + 4.9 mL of ERS + 4.9 mL of 20% acetone 

5. 10 ppb 

1 mL of 100 ppb + 4.5 mL of ERS + 4.5 mL of 20% acetone 

6. 5 ppb 

5 mL of 10 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

7. 2.5 ppb 

5 mL of 5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

8. 1.25 ppb 

5 mL of 2.5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

9. 0.625 ppb 

5 mL of 1.25 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

10. 0.3125 ppb 

5 mL of 0.625 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

11. 0.1 ppb 

100 µL of 10 ppb + 4.95 mL of ERS + 4.95 mL of 20% acetone 
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Start the fluorescence measurements with the 20 ppb sample and work down through the 

standards.  

 

[v]. 2-methylbenz[α]anthracene standards 

1. Stock 50 ppm 

Weigh 4.5 mg of 6-methylchrysene and mix it with 90 mL of 20% acetone. Vortex really well! 

2. 500 ppb 

100 µL of stock 50 ppm + 5 mL of ERS + 4.9 mL of 20% acetone 

3. 100 ppb 

2 mL of 500 ppb + 4 mL of ERS + 4 mL of 20% acetone 

4. 10 ppb 

1 mL of 100 ppb + 4.5 mL of ERS + 4.5 mL of 20% acetone 

5. 5ppb 

5 mL of 10 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

6. 2.5 ppb 

5 mL of 5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

7. 1.25 ppb 

5 mL of 2.5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

8. 0.625 ppb 

5 mL of 1.25 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

9. 0.3125 ppb 

5 mL of 0.625 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

 

Start the fluorescence measurements with the 10 ppb sample and work down through the 

standards.  

 

[vi]. 2,3-dimethylbenz[α]anthracene standards 

1. Stock 50 ppm 

Weigh 4.5 mg of 2,3-dimethylbenz[α]anthracene and mix it with 90 mL of 20% acetone. Vortex 

really well! 

2. 500 ppb 

100 µL of stock 50 ppm + 5 mL of ERS + 4.9 mL of 20% acetone 

3. 100 ppb 

2 mL of 500 ppb + 4 mL of ERS + 4 mL of 20% acetone 

4. 10 ppb 

1 mL of 100 ppb + 4.5 mL of ERS + 4.5 mL of 20% acetone 

5. 5ppb 

5 mL of 10 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

6. 2.5 ppb 

5 mL of 5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

7. 1.25 ppb 

5 mL of 2.5 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

8. 0.625 ppb 

5 mL of 1.25 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 

9. 0.3125 ppb 

5 mL of 0.625 ppb + 2.5 mL of ERS + 2.5 mL of 20% acetone 
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10. 0.1 ppb 

100 µL of 10 ppb + 4.95 mL of ERS + 4.95 mL of 20% acetone 

 

Start the fluorescence measurements with the 5 ppb sample and work down through the 

standards.  

 

4. Running Water Samples 

a. Take a sample and vortex on the Fisher hand vortex genie for at least 3 seconds. 

b. Sonicate for 3 minutes. Make sure that the sonicator heater option is not on. When water 

samples are not in the sonicator make sure they are in the dark and keep them in the fridge as 

much as possible. 

c. Place the sample into a clean cuvette by pouring it in, or use a glass Pasteur pipette. 

d. Find the mark 3 on the front of the cuvette, wipe the cuvette on all sides with a kim wipe, and 

place into the spectrofluorometer in the slot furthest away from you 

with the 3 facing towards you.  

 

e. Open an “Emission Scan” and plug in the excitation and 

emission wavelengths. (Don’t forget to change the step size to 1 

nm) 

f. Press “Acquire”, then “Start” 

g. When the sample is done the emission scan will read ‘Acquire’ 

again. 

h. Repeat the process with the next sample. 

i. After running about 30 samples (about 2 hour) run the 50/50 

background again. 

 

5. Determining the Measured Concentration from Standard Curves  

a. The standard curve is a plot of peak areas vs. standard concentrations. The relationship should 

be linear and can be described statistically by a linear regression (the R
2
 should be higher than 

0.95). The linear regression formula is: peak area = slope * concentration + intercept. 

b. Re-arrange the formula to become: concentration = (peak area – intercept) / slope 

c. In this version of FelixGX (4.1.2 for Windows) you need to manually extract the data. 

d. To find the peak area of the sample – Under “Math”, select “Integrate”, type in the range of 

emission wavelengths that can cover peaks and press “Execute”. The total and peak area are 

reported in the dialogue box. Take the peak area and plug into your standard curve equation. 

e. Plug the peak area into the rearranged formula above to calculate the measured concentration. 

If the analyzed sample was not processed by Solid Phase Extraction (SPE) before the 

fluorescence analysis, multiply the measured concentration from the output by 2 to get the final 

measured concentration (due to 50:50 dilution of water sample with 20% acetone). If the sample 

was processed prior to the fluorescence analysis, the final measured concentration should be the 

measured concentration from the output divided by the concentration ratio from the SPE 

enhancement.  
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Figure E-1 Standard curve of 2-methylbenz[α]anthracene for calculation of the concentration of 

fluorescent 2-MB in exposure solutions (Excitation 344 nm and emission 360 – 510 nm). 
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Appendix F 

The Method Detection Limit (MDL) of the Fluorescence Spectrophotometer 

The spectroflurometer method detection limit (MDL) was calculated according to USEPA, 40 

CFR 136, Appendix B, revision 1.11. 

MDL = T (n-1, 1-α=0.99) * S 

Where: 

MDL = the method detection limit 

T (n-1, 1-α=0.99) = the students’ t value appropriate for a 99% confidence level  

S = standard deviation of the replicate analyses 

 

Table F-1 Method detection limits of the PTI spectroflurometer at the setup of 4 and 6 nm for 

the bandwidth. The standard deviation of fluorescence measurements were measured from 7 

aliquots of 2,3-DMB standard at 0.1 µg/L; the MDL values in the case of different bandwidths 

were calculated based on the equation above. 

Bandwidth (nm) T (n-1, 0.99) Standard deviation MDL (95% C.I.) (µg/L) 

4 3.143 0.03397 0.107 (0.068 – 0.235) 

6 3.143 0.01398 0.044 (0.028 – 0.097) 

 

 

 

 

 

 

 

 

 

 



 

 

121 

 

Appendix G 

Daily Temperature Logs for Each Toxicity Test 

Table G-1 Daily water temperature (T) for each PAH exposure. 1-MC is 1-methylchrysene; 6-

MC is 6-methylchrysene; 2-MB is 2- methylbenz[α]anthracene; 2, 3-DMB is 2,3-

dimethylbenz[α]anthracene. 

R
et

en
e
 

Date T. (°C) 

C
h

ry
se

n
e
 

Date T. (°C) 

1
-M

C
 

Date T. (°C) 

29/06/2012 27.0 03/08/2012 27.0 25/03/2013 27.0 
30/06/2012 26.0 04/08/2012 27.0 26/03/2013 27.0 
01/07/2012 26.5 05/08/2012 27.5 27/03/2013 27.0 
02/07/2012 27.0 06/08/2012 26.5 28/03/2013 27.0 
03/07/2012 27.0 07/08/2012 27.0 29/03/2013 27.0 
04/07/2012 26.0 08/08/2012 27.0 30/03/2013 27.0 
05/07/2012 27.0 09/08/2012 27.0 31/03/2013 27.0 
06/07/2012 27.0 10/08/2012 27.0 01/04/2013 27.0 
07/07/2012 26.0 11/08/2012 26.0 02/04/2013 27.0 
08/07/2012 26.0 12/08/2012 26.0 03/04/2013 27.0 
09/07/2012 26.0 13/08/2012 26.5 04/04/2013 27.0 
10/07/2012 27.0 14/08/2012 27.0 05/04/2013 27.0 
11/07/2012 27.0 15/08/2012 27.0 06/04/2013 27.0 
12/07/2012 27.0 16/08/2012 27.0 07/04/2013 27.0 
13/07/2012 27.0 17/08/2012 27.0 08/04/2013 27.0 
14/07/2012 27.0 18/08/2012 27.0 09/04/2013 27.0 
15/07/2012 27.0 19/08/2012 27.0 10/04/2013 27.0 

6
-M

C
 

Date T. (°C) 

2
-M

B
 

Date T. (°C) 

2
,3

-D
M

B
 

Date T. (°C) 

17/04/2013 27.0 18/06/2013 27.0 13/06/2013 27.0 
18/04/2013 28.0 19/06/2013 27.0 14/06/2013 27.0 
19/04/2013 27.0 20/06/2013 27.0 15/06/2013 27.0 
20/04/2013 27.0 21/06/2013 27.0 16/06/2013 27.0 
21/04/2013 26.5 22/06/2013 27.5 17/06/2013 27.0 
22/04/2013 27.0 23/06/2013 27.0 18/06/2013 27.0 
23/04/2013 26.5 24/06/2013 27.0 19/06/2013 27.0 
24/04/2013 27.0 25/06/2013 27.0 20/06/2013 27.0 
25/04/2013 26.5 26/06/2013 27.5 21/06/2013 27.0 
26/04/2013 27.0 27/06/2013 27.0 22/06/2013 27.5 
27/04/2013 27.0 28/06/2013 26.0 23/06/2013 27.0 
28/04/2013 27.0 29/06/2013 26.0 24/06/2013 27.0 
29/04/2013 27.0 30/06/2013 26.5 25/06/2013 27.0 
30/04/2013 27.0 01/07/2013 26.0 26/06/2013 27.5 
01/05/2013 27.0 02/07/2013 26.0 27/06/2013 27.0 
02/05/2013 27.0 03/07/2013 27.0 28/06/2013 26.0 
03/05/2013 28.0 04/07/2013 27.0 29/06/2013 26.0 
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Appendix H 

Signs of BSD Observed in Exposed Fish 

 

 

 

 

Figure H-1. (A) Normal hatchling; (B) pericardial edema (PE), yolk sac edema (YE), 

craniofacial deformity (CD), absence of swim bladder (SB), and tube heart (TH) were observed 

in embryos exposed to unpurified retene (film loading of 32 mg/g); (C) spinal deformity (SD) 

was observed in embryos exposed to unpurified retene (film loading of 32 mg/g); (D) fin rot 

(FR) was observed in embryos exposed to unpurified retene (film loading of 64 mg/g).  

(A) 

(B) 

(C) 

(D) 
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Appendix I 

SOP to Generate the Sigmoid Dose-Response Regression in GraphPad Prism 6 

GraphPad Prism 6 used a logistic regression as shown below to estimate the EC50 values.  

Y=Bottom + (Top-Bottom)/(1+10^((LogEC50-X)*HillSlope)) 

1). Logarithmically transformed X values, which was the measured concentrations.  

2). Selected Analyze/ Nonlinear regression (curve fit)/ Sigmoidal dose-response (variable slope). 

3). On the page of Options for parameters, constrain the bottom to the average negative control 

and the top to 100% (or 1).  

4). Hit Okay to get the estimated EC50 and other parameters for the logistic regression. 

 

Figure I-1 Fitting parameters used to estimate EC50 values derived from the % affected by 

GraphPad Prism 6. The constrained value for bottom, which was determined from the average of 

percent affected from negative controls. 

Test PAH 
%Affected of 

negative control 
Top Bottom HillSlope (95% C. I.) 

Retene 11 100 15 2.019 (1.368 - 2.670) 

Chrysene 15 100 15 N.A. 

1-MC 20 100 15 0.422 (0.155-0.690) 

6-MC 15 100 15 0.184 (0.149-1.170) 

2-MB 15 100 15 0.703 (0.504-0.903) 

2,3-DMB 15 100 15 1.263 (0.073-2.453) 

 

Figure I-2 Fitting parameters used to estimate EC50 values derived from the SI by GraphPad 

Prism 6. The constrained value for bottom, which was determined from the average of percent 

affected from negative controls. 

Test PAH 
SI of negative 

control 
Top Bottom HillSlope (95% C. I.) 

Retene 0.01 1 0.032 2.608 (1.620 – 3.596) 

Chrysene 0.03 1 0.032 N.A. 

1-MC 0.07 1 0.032 N.A. 

6-MC 0.01 1 0.032 1.587 (-5.044-8.218) 

2-MB 0.06 1 0.032 0.376 (-0.122-0.874) 

2,3-DMB 0.01 1 0.032 N.A. 
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Appendix J 

Release of 1-MC, 6-MC, 2-MB, and 2,3-DMB from Preloaded PDMS Films to 

ERS Over Various Durations of Test Periods 

  

Figure J-1. Release of 1-methylchrysene from preloaded PDMS films in 20 mL scintillation 

vials on an orbital shaker (600-900 rpm) at 19.5°C. Symbols represent average values using film 

loadings of 4.13E-05 and 4.13E-04 mol/L (n=6). Error bars represent the 95% confidence 

interval of each averaged value. Dots were connected to aid the identification of the equilibrium 

concentration.  

  

Figure J-2. Release of 6-methylchrysene from preloaded PDMS films in 20 mL scintillation 

vials on an orbital shaker (600-900 rpm) at 19.5°C. Symbols represent average values using film 

loadings of 4.13E-05 and 4.13E-04 mol/L (n=6). Error bars represent the 95% confidence 

interval of each averaged value. Dots were connected to aid the identification of the equilibrium 

concentration.  
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Figure J-3. Release of 2-methylbenz(α)anthracene from preloaded PDMS films in 20 mL 

scintillation vials on an orbital shaker (600-900 rpm) at 19.5°C. Symbols represent average 

values using film loadings of 4.13E-05 and 7.43E-05 mol/L (n=6). Error bars represent the 95% 

confidence interval of each averaged value. Dots were connected to aid the identification of the 

equilibrium concentration. 

 

Figure J-4. Release of 2, 3-dimethylbenz(α)anthracene from preloaded PDMS films in 20 mL 

scintillation vials on an orbital shaker (600-900 rpm) at 19.5°C. Symbols represent average 

values using film loadings of 1.25E-05 and 2.18E-05 mol/L (n=6). Error bars represent the 95% 

confidence interval of each averaged value. Dots were connected to aid the identification of the 

equilibrium concentration. 
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Appendix K 

Variations of the Aqueous Concentration of Chrysene, 1-MC, 6-MC, and 

2,3-DMB Over the 17-Day Toxicity Tests 
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Figure K-1. Aqueous concentrations of chrysene measured in vials without eggs (3 vials), and in 

vials with eggs, before or after hatch (1 vial, 2 eggs per vial). Each egg weighed 1 mg on average. 

Each black circle represents the average concentration on that day (n=3 or 1 depending on the 

series). The error bars represent the 95% confidence intervals. This series of measurements was 

based on a film loading of 16 mg/g, and the expected concentration was 2.17 µg/L (calculated as 

the average measured concentration from the vials without eggs). The dashed regression line 

represents the change of concentration in vials without eggs throughout exposure. The 

descending solid regression line represents the variation of concentration in vials with embryos 

before hatch while the ascending one is for vials that contained hatched embryos. Statistical 

analysis of these linear regressions is presented in Table 2-1. The vertical dashed line indicates 

the day that embryos started to hatch. 

Table K-1 Linear regressions for the concentration changes of chrysene as shown in the Figure 

2.5. All statistics were calculated with GraphPad Prism 6. 

 
Regression 

equation 
R

2
 

P-value 

of slope 

Is slope significantly 

non-zero? 

95% C.I. of 

slope 

without 

eggs 
y = -0.037x + 2.502 0.71 < 0.0001 Significant -0.049 to -0.026 

eggs before 

hatch 
y = -0.133x + 2.821 0.91 < 0.0001 Significant -0.163 to -0.103 

eggs after 

hatch 
y = 0.135x + 0.347 0.96 < 0.0001 Significant 0.115 to 0.154 
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Figure K-2. Aqueous concentrations of 1-methylchrysene measured in vials without eggs (3 

vials), and in vials with eggs, before or after hatch (1 vial, 2 eggs per vial). Each egg weighed 1 

mg on average. Each black circle symbol represents the average concentration on that day (n=3 

or 1 depending on the series). The error bars represent the 95% confidence intervals. This series 

of measurements was based on film loading of 1.67 mg/g, and the expected concentration was 

0.97 µg/L (calculated as the average measured concentration from the vials without eggs). The 

dashed regression line represents the change of concentration in vials without embryos while the 

solid regression line represents the variation of concentration in vials that contained hatched 

embryos. The regression line representing vials with eggs before hatch was not shown on this 

graph because the slope was not statistically different from zero. Statistical analysis of these 

linear regressions is presented in Table 2-2. The vertical dashed line indicates the day that 

embryos started to hatch. 

 

 

Table K-2 Linear regressions for the concentration changes of 1-methylchrysene as shown in the 

Figure 2.5. All statistics were calculated with GraphPad Prism 6. 

 Regression equation R
2
 

P-value 

of slope 

Is slope significantly 

non-zero? 
95% C.I. of slope 

without 

eggs 
y = -0.004x + 1.001 0.73 < 0.0001 Significant -0.005 to -0.003 

eggs before 

hatch 
y = -0.00003x + 0.984 0.0008 0.9722 Not Significant -0.0037 to 0.0036 

eggs after 

hatch 
y = 0.047x + 0.563 0.98 0.0106 Significant 0.026 to 0.068 
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Figure K-3. Aqueous concentration of 6-methylchrysene measured in vials without eggs (3 

vials), and in vials with eggs, before or after hatch (1 vial, 2 eggs per vial). Each egg weighed 1 

mg on average. Each black circle symbol represents the average concentration on that day (n=3 

or 1 depending on the series). The error bars represent the 95% confidence intervals. This series 

of measurements was based on film loading of 1.67 mg/g, and the expected concentration was 

2.40 µg/L (calculated as the average measured concentration from the vials without eggs). The 

dashed regression line represents the change of concentration in vials without embryos while the 

solid regression line represents the variation of concentration in vials that contained hatched 

embryos. The regression line representing vials with eggs before hatch was not shown on this 

graph because the slope was not statistically different from zero. Statistical analysis of these 

linear regressions is presented in Table 2-3. The vertical dashed line indicates the day that 

embryos started to hatch. 

 

 

Table K-3 Linear regressions for the concentration changes of 6-methylchrysene as shown in the 

Figure 2.5. All statistics were calculated with GraphPad Prism 6. 

 Regression equation R
2
 

P-value 

of slope 

Is slope significantly 

non-zero? 
95% C.I. of slope 

without 

eggs 
y = -0.008x + 2.477 0.23 0.0291 Significant -0.0158 to -0.0009 

eggs before 

hatch 
y = -0.04x + 2.57 0.98 0.0913 Not Significant -0.113 to 0.033 

eggs after 

hatch 
y = 0.057x + 2.039 0.82 0.0336 Significant 0.008 to 0.105 
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Figure K-4. Aqueous concentrations of 2,3-dimethylbenz[α]anthracene plotted as a function of 

the film concentrations at 27°C before the exposure bioassay (n=3), at the end of the exposure in 

vials without eggs (n=3) and in vials with eggs (n=3). Each symbol represents the averaged 

aqueous concentration of each film loading and the error bars represent the 95% confidence 

interval. 
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Appendix L 

Severity of the Toxicity of Unpurified Retene to Medaka Embryos, 

Expressed as Different Indices of Toxicity 
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Figure L-1 The response of medaka embryos (n=140) to a 17-day exposure to unpurified retene, 

expressed as (A) % mortality, (B) % affected, (C) severity index, (D) BSD index , and (E) BSD 

index of individual sign. Grey bands represent the 95% confidence intervals for response of 

negative controls. Because there was one negative control for each BSD sign, it was not able to 

show multiple control responses simultaneously on one graph. Therefore, there is no grey band 

represent the response of control on panel E. A sigmoid regression curve associated with R
2
 

value and number of treatments is presented on each panel. The vertical line on each panel 

represents the solubility limit of unpurified retene. On panel E, YE is yolk sac edema; PE is 

pericardial edema; SB is absence of swim bladder; TH is tube heart; SD is spinal deformity; CD 

is craniofacial deformity; FR is fin rot. 

(A) (B) 

(C) (D) 

(E) 
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Table L-1 Median lethal (LC50) and median effective concentrations (EC50s) for Janpanese 

medaka embryos exposed to unpurified retene for 17 days. These toxicity values were calculated 

by using a probit calculation program (US-EPA). Concentrations used in this toxicity calculation 

were measured from vials without eggs on day 0 and 17. 

Test 

PAH 

LC50  
(95% C. I.) 

(µg/L) 

EC50%Affected  

(95% C. I.) 

(µg/L) 

EC50SI  

(95% C. I.) 

(µg/L) 

EC50BSD Index  

(95% C. I.) 

(µg/L) 

Retene 
90.77 

(71.41 – 114.52) 

52.27 

(39.19 – 67.28) 

77.43 

(60.22 – 97.52) 

842.42 

(279.68 – 1.81E+10) 
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Appendix M 

Frequency of Embryo Mortality Occurred in the Toxicity Tests 

 of Test Compounds 
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Figure M-1 Frequency of dead medaka embryos after a 17-day exposure to varying 

concentrations of PAHs. Grey bands represent the 95% confidence intervals for mortality of 

negative controls. The vertical line on each panel represents the solubility limit of each tested 

compound. 1-MC is 1-methylchrysene; 6-MC is 6-methylchrysene; 2-MB is 2- 

methylbenz[α]anthracene; 2, 3-DMB is 2, 3-dimethylbenz[α]anthracene. The unpurified retene 

(film loading of 4mg/g) was used as positive control in both 2-MB and 2, 3-DMB exposure, 

which was expected to show 16% of mortality (obtained from the retene test). 
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Appendix N 

Severity Indices Calculated for Test Chemicals and Estimated EC50s  

Based on the Severity Indices 
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Figure N-1 Severity index of newly hatched fish after a 17-day exposure to varying 

concentrations of PAHs. Concentrations were measured in vials without eggs on day 0 and 17. 

Grey bands represent the 95% confidence interval of averaged severity index of negative 

controls. The vertical line on each panel represents the solubility limit of each tested compound. 

The solid regression lines were generated using a logistic regression expression running by 

GraphPad Prism 6. There is no regression curve for 1-MC and 2, 3-DMB since the logistic 

regression did not apply to their data. 1-MC is 1-methylchrysene; 6-MC is 6-methylchrysene; 2-

MB is 2- methylbenz[α]anthracene; 2, 3-DMB is 2, 3-dimethylbenz[α]anthracene. The 

unpurified retene (film loading of 4mg/g) was used as positive control in both 2-MB and 2, 3-

DMB exposure, which was expected to show a severity index of 0.25 (obtained from the retene 

test).  
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Table N-1 EC50s were calculated from severity index data by using a logistic regression, as 

described in Appendix I (GraphPad Prism 6). 

Test PAH 
EC50SI (95% C. I.) 

(µg/L) 

Chrysene > 2.58 

1-MC > 1.26 

6-MC 11.0 (0.02-6423.6) 

2-MB 252.3 (0.05-1195413.9) 

2,3-DMB > 0.63 

 

 

 

 

 


