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Abstract 

Mercury (Hg) is a global pollutant, yet Hg biomagnification, the increase in Hg 

with trophic level, remains poorly characterized in many regions, especially at 

subtropical latitudes. The present study assessed subtropical reservoirs of eastern China, 

which provided an opportunity to quantify Hg biomagnification under highly altered 

conditions that included high atmospheric Hg deposition, use of reservoirs for fisheries, 

manipulation of food webs through stocking and high fishing pressure, and increasing 

eutrophication. Despite China’s Hg emission and deposition rates that are among the 

highest worldwide, low fish Hg concentrations and Hg biomagnification rates were 

found; this was explained by food web structure and fish species characteristics. Stocked 

species occupied lower trophic levels and had significantly lower Hg concentrations 

relative to wild fishes. Evidence of decreased Hg concentrations with eutrophication (as 

indicated by chlorophyll-a) was observed, suggesting algal biodilution and/or somatic 

growth dilution. Relative to temperate lakes, zooplankton density dilution may also be 

causing reduced Hg concentrations in subtropical biota. Hydrogeomorphic features, such 

as water retention time and percent crop cover, explained Hg bioaccumulation factors and 

Hg concentrations at the base of the food web. Eutrophication and hydrogeomorphic 

features also influenced the bioavailability of selenium, which can protect against the 

toxicity of Hg at adequate concentrations, and the concentration of eicosapentaenoic acid, 

a beneficial fatty acid, in the planktivorous Bighead Carp (Hypophthalmichthys nobilis). 

This may indicate that the risk of exposure to the neurotoxicant methylmercury relative to 

benefits of fish consumption may increase with eutrophication in some fish species. 
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Overall, the findings of this study suggest food web structure, eutrophication, and 

hydrogeomorphic features together explain low Hg concentrations in anthropogenically 

modified subtropical reservoirs in eastern China. 
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Chapter 1 

Introduction 

1.1 Mercury: a global pollutant 

Mercury (Hg), a naturally occurring trace metal, has increased in the global 

environment by ~ 3 fold over the last century (Lindberg et al. 2007). This exponential 

increase is a direct result of human activities, predominantly fossil fuel combustion and 

gold mining (UNEP 2013). Elevated Hg concentrations in the environment are of concern 

because of the toxicity of Hg, especially in its organic form as methylmercury (MeHg). 

Through a complex biogeochemical cycle, Hg emitted into the atmosphere can lead to 

MeHg accumulation in fish. The high MeHg content in top predators relative to water is a 

result of the process of Hg biomagnification through food webs, currently assessed in 

aquatic ecosystems by use of stable isotopes of carbon and nitrogen (e.g. Campbell et al. 

2005). Elevated MeHg content in fish has profound implications for human and 

ecosystem health. This is because fish, a primary source of dietary protein, vitamins and 

essential fatty acids to higher trophic level organisms (Arts et al. 2001; Kainz and Fisk 

2009) confer benefits that are offset by MeHg toxicity.  

On October 10th 2013, the ‘Minamata Convention on Mercury’ was adopted and 

has since been signed by 97 countries in recognition of the harmful effects of this 

pollutant and to impose legally binding actions to curb mercury emissions across the 

globe (UNEP 2013). This involves phasing out products by 2020 that contain Hg (e.g. 
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batteries and compact fluorescent lamps) and decreasing Hg emissions from artisanal and 

small-scale gold mining, as well as coal-fired power plants, smelting facilities and waste 

incinerators. Such efforts are needed to sustain future healthy aquatic resources for all 

living organisms. However, reducing emissions cannot always explain spatial and 

temporal patterns of Hg concentrations in fish. For example, in the Laurentian Great 

Lakes where Hg research has been ongoing for over 30 years, reductions in Hg emissions 

beginning in the 1980s were mirrored in reductions in fish Hg concentrations. 

Nevertheless, in the last decade or so, Hg concentrations have again started increasing in 

certain species from some lakes (e.g. Walleye (Sander vitreus) in Lake Ontario; Monson 

et al. 2011). The difficulty in interpreting these results illustrates the complexity of the 

Hg biogeochemical cycle and the need for continued basic research to understand factors 

that affect Hg availability and uptake through food webs, especially in understudied parts 

of the globe.  

 

1.1.1 Methylmercury toxicity to humans and wildlife 

Research on Hg toxicity has focussed mostly on its effect on the human body. 

Though all forms of Hg are potentially toxic, of particularly concern is the damage 

caused by MeHg on the brain and nervous system, especially when exposure is in the 

early stages of development (Mergler et al. 2007). Symptoms of MeHg poisoning, 

referred to as Minamata disease, include distal sensory disturbances, vision and auditory 

problems, ataxia, dysarthria (difficult articulation of speech) and tremor (Harada 1995, 

Clarkson et al. 2003). The toxicity of MeHg arises because of the ability of MeHg to 
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cross the blood-brain barrier. Once in the brain, MeHg causes impairment of intracellular 

calcium homeostasis, glutamate homeostasis and increased oxidative stress (Farina et al. 

2011). For example, MeHg interferes with the glutathione antioxidant system by binding 

to the thiol group of glutathione (Ballatori and Clarkson 1982). The subsequent decrease 

in glutathione reduces the ability of this antioxidant to eliminate harmful reactive oxygen 

species (e.g. hydrogen peroxide, nitric oxide; Farina et al. 2011). Moreover, MeHg 

increases the extracellular levels of glutamate. While glutamate is the major excitatory 

neurotransmitter in the mammalian nervous system and is responsible for development, 

learning, memory and response to injury (Featherstone 2010), excessive glutamate at the 

synaptic cleft acts as a toxin and results in neuronal injury and death (Ozawa et al. 1998).  

Today, acute MeHg poisoning is a low risk for most of the general population 

around the world but chronic exposure to MeHg remains a public health concern (UNEP 

2013). Conclusive evidence linking chronic exposure to cardiovascular disease in adults 

is still debated (Virtanen et al. 2007). Chronic Hg exposure is also strongly linked to 

learning difficulties in children (Mergler et al. 2007). Confidence that loss of overall 

intelligence at the population level is due to chronic MeHg exposure is such that the costs 

of IQ loss have been incorporated into economic analyses of Hg emission reduction 

efforts (Spadaro and Rabl 2008).  

 Unlike humans who can follow consumption advisories to avoid excessive intake 

of MeHg through fish consumption, wildlife cannot alter their diet to avoid MeHg 

toxicity. The findings of expanding research on the effects of Hg to wildlife are alarming 

(National Wildlife Federation 2006, Depew et al. 2012a). In fish, MeHg correlates with 
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lower reproductive success (Friedmann et al. 2002), increased vulnerability to predation 

(e.g. difficulty schooling; Webber and Haines 2003) and reduced juvenile growth rates 

(Friedmann et al. 1996). Adverse impacts on growth, behaviour and reproduction are 

expected at dietary threshold concentrations of 2.5, 0.5, and < 0.2 µg/g ww, respectively 

(Depew et al. 2012a). In aquatic birds, reproductive failures (Burgess and Meyers 2008), 

behavioural abnormalities (Bouton et al. 1999) and neurological and physiological 

problems (Heath and Frederick 2005) are also observed. Threshold concentrations for 

impaired reproduction and reproductive failure in the Common Loon (Gavia immer) have 

been established at 0.18 and 0.4 µg/g ww MeHg in prey fish, while adverse impacts on 

behaviour are expected at prey concentrations of 0.1 µg/g ww (Depew et al. 2012b). At 

extremely high concentrations, exposure to MeHg results in death in fish, aquatic birds 

and mammals (National Wildlife Federation 2006). The observation that MeHg 

concentrations are of concern in a large number of invertivores that also exploit terrestrial 

and aquatic resources, such as songbirds and bats, suggests MeHg toxicity interferes with 

ecosystem functioning in terrestrial as well as aquatic environments (Evers et al. 2012).   

 

1.1.2 Assessing the risks versus benefits of fish consumption 

Fish contain omega-3 essential fatty acids (EFA) that upper trophic level 

consumers cannot synthesize in amounts necessary to maintain optimal health and 

development (Arts et al. 2001). Essential fatty acids found in fish include the omega-3 

fatty acids eicosapentaenoic acid (EPA) and docosahexaenoic acid (DHA); furthermore 

fish contain an appropriate ratio of omega-3 to omega-6 (n-3:n-6) fatty acids. 
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Cardiovascular health and fetal development are thought to be dependent on adequate 

amounts of these EFA in the diet (NAS/NRC 2006), and MeHg threatens to negate the 

benefits of fish consumption (Mahaffey et al. 2011). Risk-benefit calculations that 

consider the relative amount of EFA vs. MeHg concentrations in fish are expected to 

provide the best information on how to maximize the nutritional benefits of fish 

consumption (Gladyshev et al. 2009, FAO/WHO 2011).  

Some of the harmful effects of MeHg may be mitigated by the presence of 

selenium (Se), a nonmetal for which Hg has a high affinity. Methylmercury binds to the 

thiol (-SH) groups in molecules, but has a million times higher affinity for Se (Dryssen 

and Wedborg 1991), and so will preferentially bind with selenoproteins such as the 

selenol (-SeH) in selenocysteine, a protein involved in redox reactions (Ralston 2008). 

When the molar ratio of Se to Hg (Se:Hg) exceeds 1, protective benefits against Hg 

toxicity are expected (Ralston 2008). Fish were found to have lower levels of 

metallothionein, a biomarker of metal exposure, with greater tissue Se concentrations 

(Sørmo et al. 2011). Human diets rich in Se also appear to offset Hg toxicity in 

populations exposed to high Hg in the Amazon (Lemire et al. 2011). This remains an 

active area of research, as there are still large gaps in knowledge about the Se and Hg 

interaction (Burger and Gochfeld 2012). Risk-benefit calculations based on Se:Hg may 

provide a more accurate estimate of potential MeHg toxicity than fish MeHg 

concentrations alone.  
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1.1.3 The mercury cycle 

To understand what leads to the contamination of fish by MeHg requires an 

understanding of the Hg cycle and the process of Hg biomagnification in aquatic food 

webs. Mercury emissions into the atmosphere that deposit onto aquatic ecosystems will 

directly result in increased Hg concentrations in fish, a conclusive finding of a watershed 

Hg isotope tracer study at the Experimental Lakes Area in Ontario, Canada (Harris et al. 

2007). Mercury is emitted into the atmosphere in several different forms, largely as 

gaseous elemental Hg (Hg0) but also as gaseous mercuric (HgII) compounds and as 

particulate Hg. These forms travel at varying distances in the atmosphere from their 

emission sources, with particulate Hg falling out closest to the source and Hg0 capable of 

global transport with 0.5 – 1.5 years residence time in the atmosphere (AMAP/UNEP 

2008). Mercury emitted into the air reaches surface waters through wet and dry 

deposition. Runoff and groundwater flow are also sources to surface waters (Driscoll et 

al. 2007).  

Once in a waterbody, Hg becomes available for microorganisms to catalyze 

reactions transforming Hg among its various forms. In the water, the primary forms of Hg 

are dissolved Hg0, HgII complexes with inorganic and organic ligands, and organic Hg 

forms, such as MeHg and dimethlymercury (Ullrich et al. 2001). The most important 

reaction is between HgII and MeHg, facilitated primarily by sulfate-reducing bacteria in 

anoxic conditions (Gilmour et al. 1992). The process of MeHg formation occurs 

intracellularly; methylation is governed by a two-gene cluster that encodes for a corrinoid 

protein and a ferrodoxin to serve as methyl carrier and electron donor, respectively (Parks 
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et al. 2013). Once MeHg is produced and excreted by sulfate-reducing bacteria, MeHg 

attaches to various ligands that readily cross the membrane into the algal cytoplasm 

(Mason et al. 1996).  

The ratio of mercury in an organism relative to water is termed bioaccumulation 

factor (BAF). The log BAF of seston (a mixture of phytoplankton and zooplankton) in 

temperate systems is reported between 5.2 – 5.7 (Bowles et al. 2001). Primary to tertiary 

aquatic consumers are exposed to HgII and MeHg through their diet and water, with 

exposure via diet (as opposed to via water) increasing with increasing trophic level. 

Mercury concentrations are greater in consumers relative to their prey because of the 

efficient trophic transfer of MeHg (Mason et al. 1996, Watras et al. 1998) resulting in Hg 

biomagnification. The biomagnification factor (BMF) is the ratio of Hg concentrations in 

a predator versus its prey, and typically BMF range between 2 and 10 for freshwater 

plankton and fish (Watras et al. 1998, Kidd et al. 2012).  

 Given that MeHg is the form of Hg that biomagnifies, factors that affect the 

bioavailability and speciation of Hg in surface waters are also important to determining 

Hg concentrations in fish. For example, lower pH is consistently associated with higher 

fish THg concentrations, in part due to elevated Hg methylation in lake water with 

increasing acidity (Ullrich et al. 2001). Dissolved organic matter can result in decreased 

Hg availability by binding inorganic Hg, rendering it less available for methylation 

(Ravichandran 2004); however, the presence of dissolved organic matter can facilitate 

oxidation of Hg0 to HgII, that can provide increased Hg availability for methylation 

(Zhang and Lindberg 2001).  
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Other factors inherent to fish biology also affect fish Hg accumulation. The most 

important of these is diet (Harris and Bodaly 1998). Carbon stable isotopes act as tracers 

of carbon source in the diet of organisms. This is because the ratio of the heavier isotope 

to the lighter isotope 13C/12C (expressed as δ13C) differs for various food sources, such as 

planktonic vs. benthic algae (France 1995), but the ratio does not change from one 

trophic level to another. Other factors that affect Hg accumulation include the exposure 

time of fish to MeHg, i.e. fish age which are a surrogate for total exposure (Evans et al. 

2005). Bioenergetic processes, such as feeding, growth and metabolic rates are needed to 

explain Hg accumulation in fish in addition to exposure time (Trudel and Rasmussen 

2006).  

 

1.1.4 Mercury biomagnification studies 

Measures of Hg biomagnification across the entire food web are facilitated by the 

use of stable isotopes of nitrogen, because of predictable isotopic change as it is 

processed by consumers (Cabana and Rasmussen 1994, Post 2002). The heavier isotope 

15N is enriched in consumers relative to their diet, such that ratios of 15N/14N (expressed 

as δ15N) denote the trophic position of a consumer on a continuous scale. The slope of the 

regression of log-transformed Hg vs. δ15N is a measure of the Hg biomagnification rate 

across the entire food web (the average increase in Hg concentration per mil, or ‰, of 

δ15N). The average increase per trophic level through the food web (referred to as the 

trophic magnification factor, TMF) can also be calculated by converting δ15N to trophic 

level using a baseline species (Jardine et al. 2006). An estimate of the difference between 
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isotopic ratios of a consumer and its diet, called the discrimination factor, is needed to 

calculate TMF. Discrimination factors range between 2.5 and 3.4‰ and average ~2.8‰ 

(Caut et al. 2009). The biomagnification rate provides information on the rate of Hg 

increase per trophic level and influences the concentration of Hg in organisms at the top 

of the food chain. If Hg availability at the base of the food web is similar, then a higher 

biomagnification rate will ultimately lead to a higher concentration of Hg in top 

predators. However, different concentrations in top predators can be observed even with 

similar biomagnification rates if food chain length differs (Cabana et al. 1994) or if 

MeHg at the base of the food web varies (Wyn et al. 2009).  

Studies of Hg biomagnification have taken place in tropical (Campbell et al. 

2008) to Arctic (Campbell et al. 2005) regions, with Hg biomagnification increasing with 

higher latitudes (Lavoie et al. 2013). Despite the broad latitudinal range, studies on Hg 

biomagnification remain biased to the temperate zones relative to the tropics, and are not 

common in the subtropics (Chumchal and Hambright 2009). The subtropics are distinct 

from the tropics because the former can experience greater seasonality, with temperatures 

reaching near or below the freezing point (the northern limit of subtropics can be defined 

by the coldest month mean temperature, ranging from -3 °C to 6 °C depending on the 

definition, Corlett 2013). In the most comprehensive meta-analysis of Hg 

biomagnification studies to date, only 4 food webs had associated THg biomagnification 

rates in the subtropics, compared to 31 for tropical and 65 for temperate regions (Lavoie 

et al. 2013). This demonstrates that our understanding of how Hg biomagnifies is largely 

biased to studies at temperate latitudes, which have different food web structures and 
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slower fish growth rates compared to tropical and most subtropical systems. Aquatic 

environments at subtropical latitudes may have food web characteristics that are different 

from tropical and temperate food webs and deserve further study. 

 

1.2 Motivation for study 

Reservoirs of eastern China provide a very different scenario of Hg 

bioaccumulation and biomagnification than is typical of temperate lake ecosystems, and 

even most tropical systems, where the majority of Hg studies were conducted to date. 

Specifically, factors known to affect MeHg availability and MeHg trophic transfer occur 

at a much greater magnitude in China than seen elsewhere, and human activities in China 

may influence Hg biomagnification in opposing ways (factors summarized in Figure 1.1). 

This dissertation on Hg biomagnification in such highly altered ecosystems provides data 

to form a more comprehensive picture of Hg dynamics in aquatic systems and adds a 

biogeographic perspective that is currently lacking with the global picture of Hg 

biomagnification.   

 

China’s Hg emission and deposition rates are among the highest worldwide  

Currently global emission maps show several Hg hotspots, of which China is 

currently the largest (UNEP 2013). As a result of having the highest coal use of any other 

nation (Jiang et al. 2006), China’s contribution is estimated to be about one-third of the 

total global emissions (UNEP 2013). This results in local Hg deposition rates up to 2 

times higher in rural areas and 1 – 2 orders of magnitude higher in urban areas compared 
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to North America and Europe (Fu et al. 2012). However, Hg content in aquatic products 

was until very recently largely unstudied (Jiang et al. 2006). Thus China provides the 

opportunity to study Hg biomagnification under the more elevated ranges of global Hg 

deposition, akin to providing a ‘high exposure’ treatment in an experiment.  

The majority of research that exists on Hg concentrations in Chinese fish is from 

Guizhou Province in western China (Liu et al. 2012), where 70 % of geological Hg 

deposits in the country occur (Jiang et al. 2006). Paradoxically, though deposition rates 

are very high, Hg concentrations in fish are consistently low (Yan et al. 2010), perhaps 

because the most abundant species occupy low trophic levels and belong to short food 

chains (Lin et al. 2012). While there is an increasing frequency of studies on Hg 

concentrations in other regions of China (Li et al. 2009, Wang et al. 2012) research is not 

yet proportional to fish consumption patterns: in eastern China, the per capita aquatic 

product consumption in a survey of rural households was more than double (9.85 kg) the 

intake in central and northeastern China (4.64 kg and 4.23 kg, respectively), and more 

than six times than in the western region (1.60 kg; China Statistical Yearbook 2011). 

Thus Hg studies are lacking in areas of the highest fish consumption in China, and the 

risk to local fish consumers is not adequately assessed. The present work fills not only an 

important gap in spatial understanding of fish Hg concentrations in China, but a gap in 

our understanding of Hg concentrations in fish and Hg biomagnification rates in a global 

Hg depositional hotspot.  
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China’s aquatic ecosystems are experiencing rapid eutrophication 

This study took place in a subtropical ecoregion (Zhou and Zheng 2008) where 

many lakes are hypereutrophic due to very high population densities and rapid economic 

development that have contaminated waters with sewage, agricultural runoff and 

industrial effluents (Jin 2003). Cultural eutrophication resulting from nutrient enrichment 

due to human activity causes excessive plant growth in aquatic ecosystems. The 

percentage of lakes in this ecoregion considered eutrophic or hypereutrophic has 

increased from 50 % to 85 % over the course of 5 years in a total of 26 lakes monitored 

by the government (Zhou and Zheng 2008).  

 Eutrophication can affect the availability of Hg to food webs in opposite ways. 

The production of MeHg can be enhanced under eutrophic conditions through increased 

availability of dissolved nutrients, organic matter, and anoxic conditions that promote 

methylation (Ullrich et al. 2001, Gray and Hines 2009). However, eutrophic conditions 

also lead to increased algal density which can reduce the transfer of Hg to higher trophic 

levels through a process referred to as algal biodilution (Chen and Folt 2005). This is 

observed as a negative correlation between chlorophyll-a (chl-a) and Hg concentrations 

in fishes, both in the field (Lange et al. 1993, Allen et al. 2005) and in laboratory studies 

(Pickhardt et al. 2002). Another consequence of higher productivity is that the growth 

rate of organisms at all levels of the food web can increase, thus leading to a process 

referred to as somatic growth dilution. Reduced Hg availability in fishes due to growth 

dilution was observed in field studies (Simoneau et al. 2005) and controlled experiments 

(Karimi et al. 2007). Lastly, in addition to other factors (e.g. morphometry, hydrology, 
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and fishing pressure) increases in trophic status cause increases in community fish 

biomass (Kalff 2002). Thus biomass dilution of Hg is expected at the level of community 

in enriched ecosystems.  

Eutrophication is also likely to influence the risk and benefits of fish 

consumption. Primary producers are critical in the synthesis and/or bioavailability of 

various compounds in aquatic food webs. For example, algae are the main synthesizers of 

EFA. Furthermore, algae bioconcentrate Hg (104 to 105; Pickhardt and Fisher 2007) and 

Se (up to 106; Baines and Fisher 2001) from water. Studies are needed to test how 

eutrophication affects the amounts of EFA and Se relative to MeHg. 

Though information on water quality in reservoirs of eastern China is not readily 

available in the literature, a review of reservoirs countrywide suggests that inputs of 

nutrients from domestic and industrial wastewater, agriculture and aquaculture have 

resulted in increasing nutrient enrichment of reservoirs and algal blooms (Liu et al. 2007, 

Guo et al. 2012). The primary demands placed on reservoirs for drinking water and/or 

irrigation reduce water quantity and further intensify eutrophication problems. This work 

contributes to our understanding of the effect of eutrophication on Hg bioaccumulation 

and biomagnification in subtropical reservoir environments experiencing rapid 

eutrophication.  

 

China uses reservoirs for fish production 

China relies increasingly on reservoirs for fish production due to the problems 

with the cultural eutrophication (anthropogenic inputs of nutrients) of lakes and 
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overfishing in rivers (Guo et al. 2012). Since 1949, over 80 000 reservoirs, artificially 

created lakes, were established in China (Guo et al. 2012). These reservoirs are used for 

power generation, flood control, irrigation and industry, sanitary and cooling water, and 

as a source of drinking water.  

Use of reservoirs for fish production is a concern because reservoirs are often 

identified as Hg hotspots in the landscape (Evers et al. 2007, 2011a). Reservoirs typically 

display higher Hg availability to food web biota in the first years after impoundment (St. 

Louis et al. 2004, Bodaly et al. 2007). When an area is flooded, Hg within terrestrial 

vegetation and soil is released into the water (Mailman and Bodaly 2005) and the 

decaying vegetation provides organic matter that creates anoxic conditions promoting Hg 

methylation by sulphate-reducing bacteria (Kelly et al. 1997). The increased production 

of MeHg is observed initially in water MeHg concentrations, and fish Hg concentrations 

can reflect that spike for up to three decades (Bodaly et al. 2007). This initial spike after 

impoundment is known as the reservoir effect. However, Hg concentrations in fish and 

aquatic birds are elevated in reservoirs that experience large water level fluctuations (> 3 

m; Evers et al. 2007, Evers et al. 2011a). This suggests that reservoirs can continue to 

show elevated methylation and thus MeHg availability even after the reservoir effect 

should have ceased. In China, reservoirs experience fluctuating water levels due to their 

primary uses, but these can be especially large in eastern China due to flooding and 

drought events that are characteristic of humid subtropical regions (Zhai et al. 2005).  

Given the increasing use of these aquatic ecosystems for fisheries in China and in 

other subtropical and tropical regions around the world (FAO 2013), quantifying Hg 
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concentrations and biomagnification in these ecosystems that may be prone to elevated 

MeHg availability remains a research priority.  

 

China’s reservoir food webs are altered due to stocking practices  

At low latitudes and warmer temperatures fishes typically experience faster 

growth rates and belong to more complex food webs than in temperate regions (Moyle 

and Cech 2004). Higher food ingestion rates in tropical fish results in rapid growth that 

can significantly reduce fish MeHg concentrations by somatic growth dilution (Wang and 

Wang 2012). In addition to these inherent differences, China’s reservoir food webs are 

heavily modified by human activity through the stocking of planktivores and omnivores. 

This differs from temperate stocking practices that most often stock predatory fishes (Eby 

et al. 2006). Stocking alters food webs by introducing a new species or greater biomass of 

certain species, and can affect fish Hg accumulation by changing diets and subsequent 

growth rates in reservoir fish (Lepak et al. 2012). In China, the two main species of 

planktivorous carp include the Bighead Carp (Hypophthalmichthys nobilis) and Silver 

Carp (Hypophthalmichthys molitrix; Guo et al. 2012). Both species eat phytoplankton and 

zooplankton, and when stocked at high densities can prevent reoccurring algal blooms 

(Liu et al. 2007). Stocked fishes are typically released as fingerlings, feed on natural 

resources within the reservoir, and grow quickly (Li and Xu 1995). Other species can also 

be stocked, including herbivores such as Grass Carp (Ctenopharyngodon idella) and 

omnivores such as Common Carp (Cyprinus carpio carpio) and Golden Carp (C. 

auratus; Li and Xu 1995). The abundance of wild fish decreases with reservoir creation, 



 

 

16 

but they remain in lower numbers, while top predators are often actively removed in 

Chinese reservoirs to reduce predation on stocked species (Li and Xu 1995). Increased 

fish growth rate observed after removal of top predators (Sharma et al. 2008) and high 

fishing pressure (Surette et al. 2006) are associated with decreased Hg accumulation in 

fish. Thus the stocking and fishing in reservoir food webs in China are expected to have 

an important effect on fish Hg concentrations by modifying food web structure and fish 

Hg accumulation rates. Measuring Hg biomagnification under these stocking practices is 

important to study because it differs substantially from the practice of stocking top 

predators in more well-studied temperate regions (Eby et al. 2006).  

 

1.3 Objectives 

The overall goal of this dissertation is to measure Hg dynamics in highly altered 

aquatic ecosystems. Factors that can promote Hg availability and that exist in the region 

where these reservoirs were sampled include high Hg deposition, high eutrophication, 

and high modification of food webs (Figure 1.1). Reservoirs of eastern China thus 

provide an opportunity to test whether existing models of Hg transfer in temperate 

aquatic ecosystems can explain patterns of Hg biomagnification in subtropical reservoirs.  

 

Objective 1  

  It is expected that higher Hg emissions will result in higher Hg deposition to 

aquatic water bodies and their catchments, which will translate to more Hg0 and thus 

inorganic Hg available for methylation by microorganisms to MeHg, increasing the flux 
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of MeHg and thus potential for MeHg to bioaccumulate (Figure 1.1). Reservoir 

environments are expected to promote Hg methylation and thus also increase the 

potential for MeHg to bioaccumulate (Figure 1.1). This leads to the expectation that 

higher Hg deposition and reservoir use in China will increase Hg concentrations in fish 

relative to temperate reservoirs or non-reservoir environments.   

Specific objectives – To test this model, seven reservoirs in eastern China were sampled 

to: 

1. Quantify Hg concentrations in a large number of reservoir fish species (Chapter 2, 3) 

2. Quantify Hg concentrations in water and in zooplankton, a critical point for MeHg 

bioaccumulation at the base of the food web (Chapter 3) 

3. Compare Hg concentrations in fish between subtropical and temperate reservoirs 

(Chapter 2, 4) 

 

Objective 2 

It is expected that the widespread stocking of low trophic level fishes to reservoirs 

of eastern China will result in a different food web structure (characterized through use of 

δ15N and δ13C) compared to temperate reservoirs that stock top predators. This should 

affect the Hg biomagnification rate, because organismal properties, such as energy 

requirements, size, and age structure of fish can affect the slope (i.e. rate) of the Hg 

concentration vs. δ15N regression (Borgå et al. 2012). The characteristics of these stocked 

species include fast growth rates, high food consumption rates, and capture at a young 

age (Figure 1.1). Stocking of low trophic level fish should reduce the rate of Hg 
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biomagnification because these fish characteristics that decrease overall tissue Hg 

concentrations.  

Specific objectives – To assess whether stocking of omnivorous fish to subtropical 

reservoirs in China affected food web structure and Hg accumulation by reservoir fish, 

this study: 

1. Characterized the food web structure of a subtropical reservoir with typical stocking 

practices (Chapter 2) 

2. Provided the first measures of Hg biomagnification rates in reservoirs of eastern China 

(Chapter 2, 3) and compared them to Hg biomagnification rates at higher latitudes 

(Chapter 2) 

 

Objective 3 

 Subtropical reservoirs in China are characterized by high nutrient inputs and 

eutrophication from waste and agricultural land use practices. It is uncertain how 

eutrophication will affect Hg concentrations in fish, although eutrophication can enhance 

methylation resulting in higher production of MeHg (Figure 1.1). Increased MeHg 

production from eutrophication in concert with higher Hg deposition may increase the 

pool of bioavailable MeHg and outweigh possible biomass or growth dilution that can 

reduce the apparent extent of Hg biomagnification (Figure 1.1). Thus, Hg concentrations 

in biota should reflect the balance between increased MeHg production induced by 

eutrophication and growth dilution that reduces Hg concentrations in fish tissues.  
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Specific objectives – To determine whether eutrophication affects Hg contamination of 

fish, the present study: 

1. Measured changes in Hg concentrations in water, zooplankton and fish across a 

gradient of eutrophication, as indicated by total phosphorous (TP), chl-a and 

zooplankton density in seven different reservoirs (Chapter 3) 

2.  Measured changes in Hg bioaccumulation with eutrophication, as assessed by the ratio 

between Hg concentrations in biota relative to the Hg concentrations in water (i.e. 

BAF),  (Chapter 3) 

3. Measured changes in Hg biomagnification with eutrophication, as assessed by the 

biomagnification of Hg between a predator-prey pair (Bighead Carp-zooplankton) 

and through the food web (trophic magnification factor, TMF), (Chapter 3) 

4. Compared how hydrogeomorphic (HGM) features that can control reservoir trophic 

status to Hg concentrations in water and biota (Chapter 3) 

 

Objective 4 

It is expected that phytoplankton biomass and species composition will differ with 

eutrophication. Increasing plankton density should reduce Hg and the EFA 

concentrations of primary consumers (via algal biodilution), while Se and fatty acid 

concentrations should vary with algal species composition. These changes should be 

reflected in the Se:Hg molar ratios and fatty acid concentrations in a planktivore such as 

the Bighead Carp.  



 

 

20 

Specific objectives – To assess whether the overall risks of Hg toxicity and nutritional 

benefits to human consumers of fish change with eutrophication, this study: 

1. Quantified THg and MeHg, Se and fatty acids in Bighead Carp from reservoirs along a 

gradient of eutrophication, as indicated by TP, chl-a, and phytoplankton species 

composition (Chapter 4) 

2. Quantified changes with eutrophication in Se:Hg molar ratios and a hazard quotient 

(HQEFA) for human consumers based on MeHg concentrations relative to the 

EFA, eicosapentaenoic acid (Chapter 4) 

3. Assessed risk to human consumers of Bighead Carp using Hg consumption guidelines 

alone and tolerable weekly intake, Se:Hg molar ratios and HQEFA (Chapter 4) 

 

Many of the reservoirs studied here have had only limited limnological study, and 

understanding of factors such as reservoir morphology, stratification, magnitude of water 

level fluctuations, effect of land use, and suspended vs. dissolved solids are not well 

characterized. Overall, this research provides insight into the effect of high Hg emissions 

on Hg accumulation in fish from subtropical reservoirs of eastern China by considering 

food web structure, reservoir trophic status, and HGM features. This dissertation 

interprets how these factors interact to affect Hg concentrations in fish and identifies 

important data gaps that limit the understanding of Hg dynamics in subtropical reservoirs 

and that should be the focus of future studies.  
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Figure 1.1 Conceptual model modified from Driscoll et al. (2012) showing factors affecting mercury (Hg) and methylmercury 
(MeHg) availability and accumulation in fish from reservoirs of eastern China. Boxes outlined in red indicate which factors are highly 
modified in this study system. Black arrows indicate an increase and dashed arrows indicate a decrease. 
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Chapter 2 

  Mercury  biomagnification  in  subtropical  reservoir  fishes  of  eastern  

China 

2.1 Abstract 

Little is known about mercury (Hg) biomagnification in the subtropics, aquatic 

systems with high species diversity resulting in complex food webs. High atmospheric 

Hg emissions and ubiquitous reservoir fisheries may lead to elevated Hg bioaccumulation 

in Chinese freshwater fishes. However, stocking practices using fast-growing species can 

result in low fish total Hg (THg) concentrations. Here, we describe Hg transfer within the 

fish  food  web  of  a  large  subtropical  reservoir,  Qiandao  Hu  (Xin’anjiang reservoir) 

situated in eastern China. We measured food web Hg biomagnification and total Hg 

concentrations in 33 species of stocked and wild fishes. Mercury concentrations in most 

fishes were low, though we also found high Hg concentrations in wild top predators. The 

food web structure, assessed using stable isotopes of carbon (G13C) and nitrogen (G15N), 

demonstrated a high degree of omnivory and a long food chain. Total Hg concentrations 

were highly correlated with fish G15N values. The regression of log THg against G15N 

revealed the overall Hg biomagnification rate was low. This study shows that where long 

food chains exist in subtropical reservoirs, elevated Hg accumulation in top predators can 

occur despite a low Hg biomagnification rate. 
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2.2 Introduction 

 Mercury (Hg) contamination of fish threatens ecosystem health and fisheries 

worldwide. Local and regional anthropogenic Hg sources (e.g. coal combustion, metal 

smelting and cement production) can account for the majority of atmospheric Hg 

deposition to waterbodies (Bookman et al. 2008). Once in the aquatic environment, 

methylmercury (MeHg), a neurotoxicant, is produced and biomagnifies through food 

webs to fish, reaching concentrations harmful to both humans and wildlife (UNEP 2013).  

 Reservoirs are used globally as a fisheries resource, but in many temperate regions 

these artificial ecosystems are often Hg hotspots in the landscape (Kamman et al. 2005; 

Evers et al. 2007). Flooding of terrestrial vegetation for reservoir creation causes an 

initial increase in MeHg concentrations in water (Kelly et al. 1997). This is followed by a 

peak in fish MeHg concentrations, often subsiding to background concentrations 10-30 

years after dam construction (Bodaly et al. 2007). However, if reservoir water level 

fluctuations are large (e.g. > 3 m) MeHg production persists and is continuously available 

to biota (Evers et al. 2007). This is expected to be an important consideration in 

subtropical regions that experience large seasonal water level fluctuations.   

 Mercury biomagnification, characterized using the stable isotope of nitrogen, is 

documented globally in Arctic marine (Campbell et al. 2005) to tropical freshwater food 

webs (Campbell et al. 2006; Jardine et al. 2012). Mercury biomagnification rates (the 

slope of the log total Hg (THg; or MeHg) vs. δ15N regression) may explain Hg 

concentrations in fish (Kidd et al. 2012). Few studies have measured Hg biomagnification 

in the subtropics (Chumchal and Hambright 2009), thus further work in these regions of 
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the world is needed to provide a complete global picture of what factors influence Hg 

biomagnification. 

 In subtropical regions of China, freshwater fisheries are susceptible to Hg 

contamination because atmospheric Hg emissions and deposition rates are the highest 

worldwide (Wu et al. 2006; Pirrone et al. 2010; Fu et al. 2012), and reservoir use for fish 

production is substantial and rising (Guo et al. 2012). Chinese reservoirs undergo water 

level fluctuations due to their active use for flood control, irrigation and hydropower (Li 

and Xu 1995). Furthermore, Chinese reservoirs may show continued MeHg production 

over time due to their propensity to accumulate organic matter (Feng et al. 2009). 

Combined, these factors point to the potential risk of high fish Hg concentrations from 

reservoirs in China. 

 However, in the same way that higher plankton densities reduce Hg 

biomagnification via biodilution (Chen and Folt 2005), the stocking of low trophic level 

fish in Chinese reservoirs may lower overall food web Hg transfer. Indeed, reports to date 

document very low Hg concentrations in subtropical Chinese fish. In the Hg mining 

region of southwestern China (Guizhou Province), reservoir fish were found to have very 

low Hg concentrations, even in carnivorous species (Liu et al. 2012). Low Hg 

concentrations in fish from reservoirs and other aquatic systems in China are thought to 

result from short aquatic food chains, and stocking of low trophic feeding carp with rapid 

growth rates, that are raised on aquaculture diets and captured at a young age (Li et al. 

2010; Lin et al. 2012). Specifically, large numbers of planktivorous fish such as Bighead 

Carp (Hypophthalmichthys nobilis) and Silver Carp (Hypophthalmichthys molitrix) are 
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stocked at around 13 cm, and then exploit natural food resources. Herbivorous and 

omnivorous carp species are also commonly stocked. Co-existing within the reservoir are 

‘wild’ (i.e. species that spawn naturally) omnivorous and predatory fishes, although 

predators are often removed to improve yield of economically valuable stocked species 

(Li and Xu 1995). Though reservoirs are distributed across China (Guo et al. 2012), few 

studies are conducted in reservoirs outside Guizhou Province, where geologically-

associated alkaline conditions may inhibit Hg methylation (Lin et al. 2012).  

 Here, we assess food web Hg biomagnification in a large subtropical reservoir of 

eastern China. No studies to date have reported biomagnification rates in subtropical 

Chinese reservoirs, but low rates were found in an aquaculture pond (slope = 0.09; Cheng 

et al. 2011) and a hyper-eutrophic lake (slope = 0.05; Wang et al. 2012). We selected a 

large reservoir with a food web composed of both stocked and wild fish species (Liu et 

al. 2007). Stocked fish are reared on aquaculture diets and released as fingerlings into the 

reservoir once of sufficient size. Wild fishes are native species that reproduce naturally in 

the reservoir, are also managed for capture and human consumption, and coexist with 

stocked fish species. We sampled in eastern China (Zhejiang Province) where 

consumption of aquatic products is reported to be more than three times the national 

average (China Statistical Yearbook 2011). In this paper, we characterize feeding 

relationships and food chain length using stable isotopes of carbon (δ13C) and nitrogen 

(δ15N), determine predictors of fish Hg concentrations by management type (i.e. stocked 

vs. wild species), test for an effect of season on stable isotope ratios and THg 

concentrations, and report the first Hg biomagnification rate for a reservoir in this region. 
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2.3 Materials and Methods 

2.3.1 Study site 

 Xin’anjiang reservoir, commonly known as Qiandao Hu (and used hereafter), was 

completed in 1959, and is one of the largest reservoirs in China (surface area ~ 573 km2), 

located in Chun’an County, Zhejiang Province (29˚22’- 29˚50’ N, 118˚34’- 119˚15’E, 

Figure A1). Qiandao Hu, with 83 species of fish from 13 families (Jin 1995), has stocked 

low trophic level feeding carp and self-sustaining populations of wild fish species (Li and 

Xu 1995) that support a large fishing industry, especially for the stocked Bighead Carp. 

Information on the ratio of stocked to wild fishes was unavailable to us, but previously 

the Bighead and Silver Carp fishery were reported to represent 80 % of pelagic fish 

production (Liu et al. 2007). Bighead and Silver Carp are stocked annually as fingerlings 

because they do not spawn in lentic environments; other stocked species that may 

reproduce naturally are also stocked as fingerlings to sustain intensive culture because 

protection of spawning grounds and appropriate hydrological conditions are difficult to 

maintain (Li and Xu 1995). As a typical river-valley reservoir, Qiandao Hu is deep (mean 

depth = 37 m; max depth = 90 m) and has a limited littoral zone as frequent water level 

fluctuations prevent establishment of macrophytes. Qiandao Hu has a forested catchment 

(area = 10 480 km2) located on carbonate and siliceous rocks. The reservoir is oligo-

mesotrophic, with no large-scale cyanobacteria blooms recorded since stocking of 

Bighead and Silver carp began in 2000 (Liu et al. 2007). There are 4 distinct seasons in 

Qiandao Hu, with summer (May – September) and winter (November – March) seasons 
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typically longer than spring (March – May) and fall (September – November). The 

climate is representative of the humid subtropics and monsoonal climate (average annual 

air temperature about 17 ºC, average annual rainfall ~1400 and 1900 mm in low and high 

water years, respectively) with up to 260 frost-free days (Jin 1995). The rising frequency 

of extreme precipitation events in the region (Zhai et al. 2005) also leads to substantial 

water level fluctuations. 

 Qiandao Hu is about 180 km southwest of the capital city of Hangzhou and 350 km 

from the Municipality of Shanghai; both of which are highly populated and developed 

economic regions of China. As a result, atmospheric Hg deposition is of concern (Fu et 

al. 2012); Zhejiang Province experienced the largest increase (6.3 %) in Hg emissions 

compared to all other provinces in eastern China between 1995 and 2003 (Wu et al. 

2006). Other potential Hg sources include the main incoming tributary (Xin’anjiang, 

accounting for 60 % of inflows) and historically contaminated sediments (Jin 1995). 

Qiandao Hu receives inputs from many industries and municipal sources (Jin 1995), 

though general pollution control measures have been in place since the late 1980s.  

 

2.3.2 Sample collection 

 We sampled 33 fish species (n = 284) in two seasons, the fall (October 2008) and 

summer (May 2009 and June 2011) from fishermen and markets in Chun’an and Jiande, 

Zhejiang Province, China. Fish species were selected according to their management 

status (i.e. stocked or wild) and to represent a broad range of feeding preferences and 

trophic positions (Li and Xu 1995). Farmed fish (i.e. reared only on artificial feed) are 
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also cultured in Qiandao Hu but were not sampled because they do not belong to the lake-

wide food web. Fish species were categorized based on their putative feeding guild 

(herbivore, planktivore, algivore/detritivore, non-carnivorous omnivore, carnivorous 

omnivore, or carnivore) and habitat preference (benthic, benthopelagic or pelagic; Table 

2.1). Individual fish weights and total lengths were measured (Table 2.2) and fish dorsal 

muscle tissues were removed in the field, transported on ice and frozen at facilities at 

Fudan University (Shanghai, China) prior to analyses in Canada. Tissues were then dried 

at 60 ˚C for 48 hours for THg and stable isotope analyses in a Hg-free oven at Queen’s 

University (Kingston, Ontario, Canada). Total Hg analyses were done under the 

assumption that Hg in fish dorsal tissues is mostly MeHg (> 90 % MeHg; Bloom 1992). 

Fish ageing analyses were not logistically feasible for the present study.    

 

2.3.3 Stable isotope analyses 

 A portion of the dried samples were ground using a stainless steel ball and mill 

grinder (Mixer Mill MM200, Retsch GmbH & Co KG, Haan, Germany), and then 

weighed into tin capsules (~1.2 mg) using a calibrated semi-micro balance. Stable isotope 

analyses of carbon and nitrogen were carried out at the Stable Isotope Facility at the 

University of California, Davis by a PDZ Europa ANCA-GSL elemental analyzer 

interfaced to a PDZ Europa 20-20 isotope ratio mass spectrometer (Sercon Ltd., 

Cheshire, United Kingdom). Samples were interspersed with blanks and standards 

(standard deviation (SD) δ13C 0.2 ‰; SD δ15N 0.3 ‰) previously calibrated against 

National Institute of Standards and Technology reference materials. Triplicates of in-
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house defatted Atlantic Salmon (Salmo salar; mean δ13C = -18.9 ‰, mean δ15N = 8.3 ‰) 

and farmed Tilapia (Oreochromis niloticus; mean δ13C = -21.1 ‰, mean δ15N = 5.6 ‰) 

standards were placed in each run; all SD were less than 0.1 ‰. A duplicate of a fish 

sample was run every ten samples as a control on consistency (mean % coefficient of 

variation for δ13C = 1.6, δ15N = 3.7). Delta values of carbon and nitrogen were calculated 

with the equation δHX = ([Rsample/Rstandard] – 1)*1000, where H = heaviest isotope in 

element X, and R is the ratio of the heavy element to the light one (i.e. 13C/12C and 

15N/14N). The δ values are expressed in permil (‰) deviation from international standards 

(Vienna PeeDee Belemnite and Air).  

 

2.3.4 Total mercury analyses 

 Stocked (n = 96) and wild (n = 176) fish were analyzed for THg at Queen’s 

University using cold vapor atomic fluorescence spectrophotometry (Tekran 2600 Total 

Hg Analyzer, Tekran Instruments, Toronto, Ontario, Canada). All equipment and 

glassware used were washed in ultra purified trace-metal quality water (EMD Millipore 

Corporation, Billerica, Massachusetts, USA), placed in an acid bath for a minimum of 12 

hours, and rinsed again in Millipore water. Oven-dried fish tissue (~25 mg) were weighed 

into Teflon vessels, then digested in trace metal grade acid (5 ml nitric acid) and 

hydrogen peroxide (5 ml hydrogen peroxide) in a Microwave Accelerated Reaction 

System (CEM Corporation, Matthews, North Carolina, USA) at 200 ˚C for 15 mins. 

Samples were diluted using Millipore water, preserved at 0.5 % bromine monochloride, 

and refrigerated at 4 ˚C for 24 hours prior to analyses. Total Hg analyses were run 
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following the US EPA (2001a) Appendix to Method 1631. Quality control was assessed 

by analyses of certified reference materials from the National Research Council Canada - 

Conseil national de recherches Canada, DORM-3 (fish protein) and DOLT-4 (dogfish 

liver). Concentration of THg for DORM-3 (n = 4) was 411 ± 45 ng/g Hg dw (recovery = 

99 – 115 %) and DOLT-4 (n = 13) was 2694 ± 144 ng/g Hg dw (recovery = 95 – 104 %). 

The method detection limit (based on 3 standard deviations of 10 blanks) was 0.02 ng/L 

and reagent blank values were all below 0.4 ng/L. Thirty samples spiked with 0.4 ng Hg 

resulted in a mean spike recovery (70 %) and spike precision (15 %) that met quality 

control acceptance criteria listed in the US EPA (2001a) Appendix to Method 1631.  

 

2.3.5 Data analyses 

 All analyses were performed using the statistical software JMP (Version 10.0; SAS 

Institute Inc., Cary, North Carolina, USA). Data were checked for normality using the 

Shapiro-Wilk test (normally distributed data) or the Kolmogorov’s D test (log-normally 

distributed data). Total Hg concentrations were log-transformed for all statistical tests, 

but fish total length and δ15N did not meet assumptions of normality using log 

transformations. As a result, nonparametric tests (e.g Kruskal-Wallis, K-W) were used 

and significance level set at p < 0.05. An exception was made to report the parametric 

linear regression of log THg concentration vs. δ15N to allow for comparisons with 

equations found in the literature. Analyses were done on THg concentrations in dry 

weight (dw) and were converted to wet weight (ww) to compare with consumption 

guidelines concentrations assuming 80 % water content. Stable isotope bi-plot diagrams 
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were plotted using mean δ15N versus δ13C (±1 SD). As discriminant function analysis is 

robust against skewed data (Tabachnick and Fidell 1996), it was used to check the 

assigned putative feeding guilds based on δ15N, δ13C (Table 2.2) and carbon:nitrogen 

values (ratios given in Table A1). Omnivory was assessed as being important for a 

species when the δ15N range of all sampled individuals of that species exceeded 2.8 ‰, 

representing one trophic level as in Jepsen and Winemiller (2002). A discrimination 

factor between prey and predator of 2.8 ‰, intermediate between commonly used values 

of 3.4 ‰ (Vander Zanden and Rasmussen 1996) and 2.54 ‰ (Vanderklift and Ponsard 

2003) was deemed appropriate for this food web because it represents an adjusted value 

for tropical fishes (Jepsen and Winemiller 2002). To determine the presence of a trend 

with size across the food web as in Layman et al. (2005), Spearman’s ρ was used to test 

the correlation between mean trophic position and mean total length using all species. 

Fish δ15N values were converted to trophic position by taking the difference in fish δ15N 

from the baseline taxa (representing trophic level 2) while accounting for a fractionation 

of 2.8 ‰ per trophic level. We chose the herbivore Grass Carp (Ctenopharyngodon 

idella) as the baseline taxon, with a mean δ15N of 7.0. Herbivorous fish are often used to 

estimate baselines in tropical systems, because they spatially and temporally integrate 

resources and thus better represent energy sources available to other fish (Layman et al. 

2005b). The species with the highest mean trophic position was used to estimate food 

chain length.  

 For seasonal comparisons, data from summer 2009 and summer 2011 were pooled 

for species (with n ≥ 3) that showed no significant difference in total length (Table A2) 
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after a K-W test. Hereafter ‘summer’ refers to this combined dataset. Then, species 

sampled in both fall and summer with an n ≥ 3 were tested for a size difference using K-

W (with Steel-Dwass all-pairs test); species with significantly different total lengths 

between seasons were not included in the seasonal analyses (Table A2). For the 

remaining subset of fishes sampled in both seasons with no size differences, K-W (with 

Steel-Dwass all-pairs test) was used to test for an effect of season on carbon and nitrogen 

isotopic values for all fishes combined, and within management type (i.e. stocked and 

wild). 

 Mercury biomagnification was assessed by linear regression of log THg values of 

each individual sample versus their associated δ15N value (all samples from fall and 

summer combined). Individual δ15N, δ13C, and log-transformed total length were plotted 

against THg concentrations to determine which predictor explained the most variation in 

THg concentrations (most significant correlation using Spearman’s ρ). A K-W (with 

Steel-Dwass all-pairs test) was used to test whether THg concentrations differed within 

management type. We followed Burger and Gochfeld (2011) discussion on guidance 

levels to designate concentrations between 0.3 and 0.5 µg/g ww as ‘high’ based on the 

US EPA (2001b) criterion to protect all exposed populations. We followed the World 

Health Organization (WHO) guidelines to designate concentrations above 0.5 and 1.0 

µg/g ww as ‘exceed WHO limits for non-predatory fish’ and ‘exceed WHO limits for 

predatory fish’ (FAO/WHO 2007). In China, the same guidelines exist for MeHg (0.5 

µg/g ww for non-piscivores, 1.0 µg/g ww for piscivores; Ministry of Health of the 

People’s Republic of China 2012).  
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 A seasonal comparison of THg concentrations (in all species and by management 

type) was assessed using a K-W (with Steel-Dwass all-pairs test) in the same subset of 

samples that were found not to be of significantly different sizes between seasons (Table 

A2). Mercury biomagnification rates were also reported by season, but size adjustments 

were not made largely because most sample sizes per species did not allow for testing of 

linear relationships between Hg and length.  

 

2.4 Results 

2.4.1 Food web description 

 A high degree of overlap in niche space (δ15N – δ13C biplot space) characterized the 

Qiandao Hu food web (Figure 2.1). The discriminant function analysis re-classification 

success was poor (31.1 %), demonstrating the large overlap in stable isotope signatures 

among fishes, and that the use of putative feeding guilds (e.g. Table 2.1) to categorize 

Qiandao Hu fishes would be inaccurate. There was no correlation between mean trophic 

position and mean total length across the food web (Spearman’s ρ, p > 0.05). There was 

an 8.1 ‰ difference in mean δ15N between the lowest trophic level herbivore Grass Carp 

(C. idella; stocked) and the highest trophic level carnivore, the perch Coreoperca 

whiteheadi (wild; Table 2.2). This represents almost 3 trophic levels if using a 

discrimination factor of 2.8 ‰ (using mean δ15N we approximate trophic level 2 = 7.0 – 

9.8 ‰; trophic level 3 = 9.8 – 12.6 ‰ and trophic level 4 = 12.6 – 15.4 ‰). Sixteen out 

of 33 species sampled had mean δ15N values of what would approximate the third trophic 

level (Table 2.2). However, 10/16 species had minimum δ15N values that overlapped with 
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the second trophic level and 11/16 species had maximum δ15N values that overlapped 

with the fourth trophic level. In total, 20 fishes had δ15N values ranges (Figure 2.1, Table 

2.2) that exceeded the “2.8 ‰” omnivory criteria (Jepsen and Winemiller 2002) as 

outlined in the Methods section.  

 Regardless of season, wild fishes had significantly higher δ15N values compared to 

stocked fishes (K-W, χ2 = 27.4, p < 0.0001, n = 283) despite the significantly larger size 

of stocked fishes compared to wild ones (K-W, χ2 = 11.8, p = 0.0006, n = 284). A large 

number of wild fishes (11/23) had mean δ15N values in the highest trophic level. In 

contrast, there was only one stocked species, the carnivorous omnivore Largemouth Bass 

(Micropterus salmoides) that had high mean δ15N values placing it among other wild 

fishes in the highest trophic level. Stocked Grass Carp (C. idella, Figure 2.1, Table 2.2) 

had the lowest mean δ15N value (7.0 ‰). The highest mean trophic position for the perch 

C. whiteheadi (Table A1) resulted in a food chain length of 4.9. The next highest trophic 

positions were 4.6 and 4.7 for the predatory carp species Chanodichthys mongolicus and 

Chanodichthys dabryi, respectively (Table A1). There was no significant difference in 

δ13C values between wild and stocked species (K-W, p > 0.05).  

 Using a subset of data that were not found to have significant differences in size 

between seasons, we tested for seasonal differences in stable isotope values. There was a 

significant shift to lower δ13C values in the same species collected in the summer 

compared to the previous fall (K-W, χ2 = 15.8, p < 0.0001, n = 101). These trends of 

decreasing δ13C were maintained when summer seasons where analyzed separately (i.e. 

fall 2008 vs. summer 2009, fall 2008 vs. summer 2011). Within management type, δ13C 
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also decreased significantly from fall to summer in stocked fishes (K-W, χ2  = 7.6, p = 

0.006, n = 51) and wild fishes alone (K-W, χ2  = 9.6, p = 0.002, n = 50). Significantly 

higher δ15N values were found in summer compared to fall for all fishes grouped together 

(K-W, χ2 = 11.9, p < 0.0001, n = 101) despite no significant size differences between 

seasons. Within management type, only wild fishes had significantly higher δ15N values 

in summer compared to fall (K-W, χ2 = 10.3, p = 0.001, n = 50).  

 

2.4.2 THg results 

 The regression of log THg on δ15N resulted in the linear equation log THg (ng/g 

dw) = 1.30 + 0.11*δ15N, R2 = 0.29, p < 0.0001, n = 274, indicating Hg biomagnification 

in the Qiandao Hu food web (Figure 2.2). The mean biomagnification slope was higher in 

the fall (0.13) compared to the summer (0.10) but had overlapping confidence intervals 

(Table 2.3). Total Hg concentrations were significantly correlated to δ15N (Spearman’s ρ, 

ρ = 0.56, p < 0.0001) and had a weaker but significant correlation with total length 

(Spearman’s ρ, ρ = 0.13, p = 0.04). No correlation was found between THg 

concentrations and δ13C values (p > 0.05). The importance of δ15N as an explanatory 

variable is evident from the differences observed between stocked and wild fishes. As 

mentioned above, even though wild fishes as a group were significantly smaller than 

stocked fishes, wild fishes had significantly higher δ15N values resulting in significantly 

higher THg concentrations as a group (K-W, χ2 = 28.5, p < 0.0001, n = 275). Season had 

no significant effect on THg concentrations for the subset of fishes collected in the same 
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season combined or by management type (K-W, p > 0.05).  

 None of the mean THg concentrations exceeded 0.5 µg/g ww, the WHO limit for 

THg concentrations in non-predatory fish. However, individual maximum THg 

concentrations (Figure 2.3) exceeded the 0.5 µg/g ww limit in 5 species (CA, ED, EI, SA, 

SC see Table 2.1 for species codes) and WHO limit of 1.0 µg/g ww in 1 species (SC; 

Figure 2.3). Mean THg concentrations of three species (ED, SA, SC; Table 2.2) and 

maximum THg concentrations in 10/33 species exceeded 0.3 µg/g ww (Figure 2.3). 

Overall, 20/275 individual fish exceeded 0.3 µg/g THg ww, or 7 % of fish analyzed for 

THg.     

 

2.5 Discussion 

 Our food web Hg biomagnification study of a stocked subtropical reservoir reveals 

that a diverse and omnivorous fish community is associated with a low Hg 

biomagnification rate. The high degree of omnivory is apparent in both stocked and wild 

fishes by the large variation and overlap in isotope values (Table 2.2, Figure 2.1). Fishes 

could not be statistically characterized by feeding guilds using stable isotope ratios, as in 

tropical/subtropical systems elsewhere (Burress et al. 2013; Kwon et al. 2012).  

The non-linear structure of this food web (i.e. multiple energy sources and predators for a 

given prey) is suggested by the fact that fish length was not a significant predictor of 

trophic position, similar to previous observations in diverse tropical food webs containing 

primary consumers with large ranges in body size (Layman et al. 2005). The high degree 

of omnivory in the Qiandao Hu food web appears to support a long food chain (4.9 in the 
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fish-only food web measured here). This is consistent with a static mass-balance model of 

Qiandao Hu that also described both high system omnivory and a long food chain (seven 

trophic levels from detritus to top predator; Liu et al. 2007). Reservoirs tend to have 

longer food chains (e.g. 4.3 – 4.4 in tropical and temperate Brazil) because phytoplankton 

are often the most important basal carbon source in reservoirs, and food webs based on 

pelagic pathways are longer than those based on detritus or algae (Hoeinghaus et al. 

2008). Qiandao Hu’s small littoral zone (20 % of surface area) and large volume suggest 

a limited introduction of energy from the detrital pathway, yet a static mass-balance 

model found the detrital pathway to be an important energy source in Qiandao Hu (Liu et 

al. 2007). In our study, the wide range in fish δ13C values suggests both pathways are 

important, but the δ13C values of primary producers are needed to fully discriminate 

carbon sources and their contribution to consumers. Overall, these food web 

characteristics strongly influence the trophic transfer of Hg to fish, as δ15N values were 

the best predictor of fish THg concentrations.  

 The regression of THg (or MeHg) versus δ15N is used worldwide to characterize 

Hg biomagnification. Relative to the range reported for freshwater systems globally, the 

Qiandao Hu Hg biomagnification rate of 0.11 is low. This is consistent with other low 

rates (0.08 – 0.15) found in tropical systems (e.g. Ugandan crater lakes in Campbell et al. 

2006; Ethiopian lake in Tadiso et al. 2011; Andean stream in Venezuela in Kwon et al. 

2012; rivers of the Bolivian Amazon in Pouilly et al. 2013); though some tropical studies 

reported higher THg biomagnification rates more similar to temperate regions between 

0.16 and 0.28 (e.g. Papua New Guinean lake in Bowles et al. 2001; East African lakes in 
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Kidd et al. 2003 and Campbell et al. 2008). In the sparser literature on Hg 

biomagnification in the subtropics, published rates range from some of the lowest 

reported to date in a Nepalese lake (0.04; Sharma et al. 2013) to rates more consistent 

with those found in temperate zones in a reservoir in the USA (0.19 – 0.24; Chumchal 

and Hambright 2009). To our knowledge, only two studies to date have reported Hg 

biomagnification rates in subtropical China. Low rates (~0.09) were reported in an 

aquaculture pond in the Pearl River Delta, which was attributed to low species diversity 

and a short food chain (Cheng et al. 2011). A very low rate (0.05) was also observed in 

Lake Taihu, which was found to result from hyper-eutrophic conditions inhibiting MeHg 

transfer to seston (Wang et al. 2012). The Hg biomagnification rates measured here and 

previously suggest a low biomagnification rate may characterize the subtropical fish 

assemblages found in China.  

 Several processes could account for the low Hg biomagnification rate observed in 

Qiandao Hu. Besides the reticulate nature of the food web as described above, stocking 

practices may result in low Hg accumulation in fish tissues. It is possible that low 

proportions of MeHg to THg (% MeHg) in fish tissues result from the Chinese stocking 

practices of selecting fast growing carp, under high fishing pressure (Li and Xu 1995). 

Low % MeHg in basal species were also hypothesized to explain the low 

biomagnification rate of 0.10 in a tropical stream fish assemblage (Kwon et al. 2012). 

Accelerating fish growth under high fishing pressure (Healey 1980) can lower Hg uptake 

in fish through growth dilution (Essington and Houser 2003). In several studies, % MeHg 

reported for Chinese carp show a larger range and minimum % MeHg than typically 
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assumed for fish (Fu et al. 2010; Liu et al. 2012; Zhu et al., 2012). For example, Bighead 

Carp from Lake Taihu were reported to have between 21 and 93 % MeHg (Wang et al. 

2012), an unexpected high variability that requires further investigation. If differences in 

% MeHg between low trophic level species and top predators exist, this should also result 

in higher observed biomagnification rates. Lastly, it is possible that the large proportion 

of stocked Bighead and Silver Carp act to lower overall Hg biomagnification across the 

food web, in the same way that increased plankton productivity decreases Hg 

biomagnification via the process of biodilution (Chen and Folt 2005). A future study 

could test this hypothesis within reservoirs of the same trophic status (i.e. to control for 

plankton density dilution effects) but that have different stocking densities of Bighead 

and Silver Carp.   

 A seasonal effect on stable isotope ratios of fishes was found despite no significant 

differences in fish size between years and seasons. Seasonal inputs of nutrients during the 

growing season can occur through heavy rainfall and soil erosion in the watershed (Li et 

al. 2012) or through greater nutrient runoff from agricultural activity (Zhang et al. 2009) 

which could explain the higher summer δ15N values of fishes. Higher phytoplankton 

growth often results from the higher nutrient inputs or during the summer months when 

reservoir water levels are lowered as a flood control measure (Li et al. 2012). The more 

negative fish δ13C values suggest a greater reliance on pelagic carbon sources in the 

summer, as seasonal variations in seston δ13C were found to be reflected in δ13C values of 

Silver and Bighead Carp (Zhou et al. 2009). This could cause differences in Hg 

biomagnification rates between seasons, as energy transfer through pelagic food webs can 
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be less efficient (e.g. Hecky and Hesslein 1995; Vander Zanden et al. 2006). The effects 

of seasonal shifts in resource use on fish THg concentrations are unclear. In the present 

study we find that despite seasonal shifts in resource use, fish THg concentrations do not 

change. A similar result was obtained in a neotropical stream (Kwon et al. 2012) that 

found no effect of the wet and dry seasons on fish THg concentrations. In contrast, Zhang 

et al. (2012a) observed seasonal variations in Hg concentrations and biomagnification 

rates observed in temperate Lake Ontario fishes.  

 Fish Hg concentrations are best predicted by δ15N. We find low Hg concentrations 

in stocked fish consistent with previous reports (Cheng and Hu 2012). Stocked fish in 

Qiandao Hu almost exclusively have low δ15N values. Many wild omnivores and 

algivores/detritivores have similarly low Hg concentrations, because they exploit the 

same resources as many stocked species (Figure 2.1). Low fish Hg concentrations are 

reported from China for several reasons (e.g., occupy low trophic levels, are fast-

growing, exploit short food chains) extensively reviewed elsewhere (Li et al. 2010; Yan 

et al. 2010; Lin et al. 2012b). In Qiandao Hu, low fish Hg concentrations may also result 

from high fishing pressure resulting in the capture of predominantly young fish. Age is 

often a strong predictor of fish tissue Hg concentrations (Trudel and Rasmussen 2006). 

Future studies assessing fish stocks (i.e. length-frequency distributions) or Hg 

accumulation and fish age would be beneficial in Qiandao Hu.  

 Despite the generally low concentrations, we also find mean THg concentrations in 

three wild top predators considered high for all exposed populations ( > 0.3 µg/g ww; 

Figure 2.3). This result is uncommon in Chinese reservoirs, but is congruent with our 
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finding of a long food chain, a strong predictor of high fish Hg concentrations (Cabana et 

al. 1994). Other Chinese reservoirs may report short food chains because predators are 

often removed, as they are perceived to deplete the stocked fish populations (Li and Xu 

1995). In general, larger reservoirs sustain greater numbers of species (Li and Xu 1995), 

thus Qiandao Hu’s large surface area may account for the presence of a higher abundance 

of wild top predators. In addition, even with an active fishery in Qiandao Hu, the 

reservoir’s large size may permit some individuals to live longer before they are caught. 

We were unable to assess fish age for this study but we expect that the low trophic 

feeding individuals found to have high Hg concentrations (> 0.3 µg/g ww) were older 

fish. While no species had mean concentrations exceeding the 0.5 µg/g ww WHO limit, 

maximum concentrations did in both stocked and wild individuals indicating that 

regardless of management type accumulation above guidelines can occur. For example, 

high maximum concentrations detected in the carnivorous Channel Catfish (Ictalurus 

punctatus) and the omnivorous Golden Carp (Carassius auratus auratus) illustrate that 

stocked species will not always have low Hg concentrations in Chinese reservoirs if they 

occupy a high trophic position or if they reach older ages.  

 The Hg concentrations we report are comparable to concentrations found in other 

Chinese reservoirs from the Hg-mining region (southwestern Guizhou Province), where 

most of the reports of Hg concentrations in reservoir fish currently exist for China. All 

the herbivorous and planktivorous carp from a review of six reservoirs in Guizhou 

Province (Yan et al. 2010) and from our Qiandao Hu study, had mean concentrations 

below 0.07 µg/g ww (Yan et al. 2010; Table 2.4).  However, there is some indication that 
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maximum concentrations can be high in omnivorous species (> 0.3 µg/g ww). For 

example, Common Carp (Cyprinus carpio carpio) and Golden Carp (C. auratus) reached 

maximum concentrations of 0.32 and 0.58 µg/g ww in Guizhou Province reservoirs and 

Qiandao Hu, respectively (Table 2.4). While piscivorous fish species from Qiandao Hu 

such as Amur Catfish (Silurus asotus) and Predatory Carp (Chanodichthys erythropterus) 

tended to have higher Hg concentrations than their counterparts in Guizhou Province, 

other predatory species such as Opsariichthys bidens exhibited similar concentrations in 

both regions (Table 2.4). Yan et al. (2010) suggested O. bidens be used as an indicator 

species of Hg accumulation, as they are a widely distributed top predator and not actively 

managed. Based on the limited data available here, reservoir ecosystems (i.e. Guizhou 

reservoirs and Qiandao Hu) relative to a pre-impoundment river suggest a continued 

effect of reservoir creation to top predators such as O. bidens, as mean concentrations 

effectively doubled (Table 2.4). Li et al. (2013) recently confirmed evidence for the 

reservoir effect on fish tissue Hg concentrations. Relative to their pre-impoundment 

values (Li et al. 2009), Hg concentrations in O. bidens increased by a factor of 4.7 (Li et 

al. 2013). Overall, our findings suggest that older reservoirs (> 30 years), despite 

geographic differences, exhibit more similarity compared to high nutrient lakes (Table 

2.4). The mean Hg concentrations in top predators (e.g. Channa argus argus, C. 

mongolicus) reported for hyper-eutrophic Lake Taihu were 3-6 fold lower than the mean 

concentrations for the same species in Qiandao Hu (Wang et al. 2012; Table 2.4), 

consistent with the Hg biodilution hypothesis (Chen and Folt 2005).  

 Risk posed to human health through fish consumption is a complex issue that needs 
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to be balanced with knowledge of the health benefits of fish consumption (Mozaffarian 

and Rimm 2006) and an understanding of local diets that can mitigate the availability of 

Hg in the human body (e.g. tropical fruit consumption, Passos et al. 2003). Hair samples 

from women in the Qiandao Hu area did not indicate elevated Hg concentrations (Fang et 

al. 2012). Additional study of sectors of the population that regularly consume higher 

quantities of fish, or regularly consume carnivorous species, may be considered.  

 

2.6 Conclusions 

 This study measured Hg biomagnification in a stocked reservoir of eastern China. 

We find evidence suggesting diverse food webs containing highly omnivorous species 

will result in a low Hg biomagnification rate in subtropical regions. We hypothesize this 

is due to Chinese stocking practices that result in low Hg accumulation in low trophic 

level fish and food web structure decreasing trophic transfer efficiency of Hg. Reservoir 

fish THg concentrations are related to fish δ15N values that are indicative of trophic level, 

with stocked and wild species generally occupying bottom and top positions, 

respectively. Our evidence is in agreement with previous reports of low THg 

concentrations in reservoir fish from other regions of China. However, unlike previous 

studies, we find high concentrations in a small proportion of fish sampled. This includes 

high mean concentrations (> 0.3 µg/g ww) in three species of wild top predators, and 

maximum concentrations that exceed the WHO limit (0.5 µg/g ww) in individuals from 

both stocked and wild species. Higher concentrations observed here likely result from the 

long food chain and large size of Qiandao Hu supporting a greater number of top 
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predators and older individuals. Future work should focus on quantifying Hg sources to 

this reservoir food web as it represents a valuable fish resource in eastern China.  
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Table 2.1 Fish species name, assigned code, feeding guild, general habitat (benthic – B, benthopelagic – M or pelagic – P), 
management type and putative diet items, as published in Mao and Xu (1991). 
 

Type Feeding guild Species code Scientific Name Habitat Major diet items 

Stocked Herbivores CI Ctenopharyngodon idella  B Macrophytes 

 Planktivores AN Hypophthalmichthys nobilis  M Zoop- and phytoplankton 

  HM Hypophthalmichthys molitrix  M Phyto- and zooplankton 

 Non- CA Carassius auratus auratus M Phyto- and zooplankton and detritus  

 carnivorous  CC Cyprinus carpio carpio M Macrophytes, mollusks and insects  

 omnivores MA Megalobrama amblycephala M Macrophytes, zooplankton, detritus 

 Carnivorous  IP Ictalurus punctatus  M Zooplankton, benthos, detritus and fish 

 omnivores LM Lepomis macrochirus  M Insects, crustaceans, mollusks and small fish 

  MS Micropterus salmoides  M Fish, insects, crustaceans, worms, fish eggs, macrophytes 

  PF Tachysurus fulvidraco  B Mollusks, insect larvae, spiders, small shrimp and fish, macrophytes and detritus 

Wild  Algivores/ DT Distoechodon tumirostris  M Epilithic periphyton 

 Detritivores HBM Hemibarbus maculatus  B Benthos 

  PM Plagiognathops microlepis  M Algae, plant detritus, organic humus, zooplankton and benthos 

  SI Sarcocheilichthys sinensis sinensis  M Benthos, algae and organic sediment 

  SP Sarcocheilichthys parvus  M Algae and insect larvae  

  ZP Zacco platypus  M Insects, insect larvae, epiphytic algae and organic humus 

 Non-  HB Hemiculter bleekeri  M Insects, insect eggs and larvae, detritus, zoop- and phytoplankton 

 carnivorous  HL Hemiculter leucisculus  M Zooplankton, insects, crustaceans, algae and detritus 
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Table 2.1 continued 
Type Feeding guild Species code Scientific Name Habitat Major diet items 

 omnivores SS Spinibarbus sinensis  M Detritus, benthic algae and macrophytes and insects  

  XA Xenocypris macrolepis  M Epilithic periphyton, detritus, organic sediment, zooplankton, insect larvae 

 Carnivorous  AC Acanthorhodeus macropterus M Phytoplankton and zooplankton, detritus and juvenile of small fish 

 omnivores ED Chanodichthys dabryi M HL, AN, HM, and small fish and shrimp, insects, zooplankton 

  EI Chanodichthys erythropterus M HL, AN, HM, and small fish and shrimp, insects, zooplankton 

  EM Chanodichthys mongolicus M HL, AN, HM, and small fish and shrimp, insects, zooplankton 

  OU Opsariichthys bidens  M Small fish and shrimp, benthos 

  PS Pseudolaubuca sinensis  P Small fish and shrimps, zooplankton, insects, detritus and algae 

  SA Silurus asotus B Small fish, shrimp and insect larvae 

  SM Sinibrama macrops  M Epilithic periphyton, small fish, detritus 

 Carnivores OA Channa argus argus  B Fish, shrimp, frogs 

  SC Siniperca chuatsi  M Shrimp, fish (such as HL). Note: Exhibit cannibalism at all life stages. 

  SK Siniperca knerii  M Same as SC 

  SW Coreoperca whiteheadi  M Fish, shrimp 

  SZ Siniperca scherzeri  M Fish, shrimp  
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Table 2.2 Species sample sizes (n), mean ± standard deviation and ranges of species total length (cm), stable isotopes ratios (G13C and 
G15N;;  ‰)  and  muscle  total  mercury  (THg;;  μg/g  ww)  concentrations.  See  Table  2.1 for species codes. 
 

Type Species code n Total length (cm) Total weight (kg) G13C  (‰) G15N  (‰) THg  (μg/g  ww) 

Stocked CI  6 39.4 ± 16.2 

19.5 to 56.0 

0.83 ± 0.66 

0.12 to 1.68 

-20.9 ± 2.5 

-23.9 to -17.6 

7.0 ± 0.8 

5.7 to 7.9 

0.02 ± 0.01 

0.00 to 0.04 

 AN  18 63.2 ± 26.4 

27.8 to 102.0 

5.22 ± 5.92 

0.24 to 23.0 

-23.3 ± 2.7 

-27.0 to -17.9 

11.5 ± 1.8 

7.5 to 14.0  

0.05 ± 0.03 

0.00 to 0.09 

 HM  7 70.4 ± 11.4 

55.2 to 83.0 

4.05 ± 2.04 

1.82 to 6.96 

-27.0 ± 1.6 

-29.6 to -25.5 

11.6 ± 1.1 

9.3 to 12.7 

0.07 ± 0.05 

0.05 to 0.18 

 CA  14 25.0 ± 4.0 

19.2 to 32.5 

0.26 ± 0.12 

0.11 to 0.44 

-22.2 ± 1.0 

-24.2 to -20.4 

8.7 ± 2.3 

6.5 to 13.3 

0.11 ± 0.17 

0.01 to 0.58 

 CC  9 44.4 ± 16.7 

23.0 to 70.5 

1.57 ± 1.33 

0.21 to 3.95 

-23.2 ± 1.9 

-25.7 to -20.2 

11.2 ± 1.2 

8.3 to 12.7 

0.10 ± 0.04 

0.04 to 0.17 

 MA  4 38.0 ± 5.3 

32.0 to 44.6 

0.80 ± 0.35 

0.42 to 1.26 

-23.5 ± 1.2 

-25.2 to -22.4 

12.4 ± 3.4 

7.1 to 14.9 

0.04 ± 0.02 

0.01 to 0.06 

 IP  10 28.7 ± 6.8 

16.9 to 42.0 

0.27 ± 0.19 

0.05 to 0.69 

-22.6 ± 1.2 

-24.5 to -20.7 

11.4 ± 2.6 

7.9 to 14.6 

0.13 ± 0.14 

0.02 to 0.42 

 LM  6 16.8 ± 3.6 

13.3 to 23.4  

0.11 ± 0.07 

0.06 to 0.26 

-19.5 ± 1.6 

-21.2 to -16.8 

10.7 ± 1.4 

9.4 to 13.1 

0.04 ± 0.01 

0.03 to 0.06 
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Table 2.2 continued 
Type Species code n Total length (cm) Total weight (kg) G13C  (‰) G15N  (‰) THg  (μg/g  ww) 

Stocked MS  6 28.4 ± 4.2 

23.4 to 35.3 

0.33 ± 0.09 

0.17 to 0.45 

-16.8 ± 0.2 

-17.1 to -16.6 

12.9 ± 0.5 

12.4 to 13.7 

0.04 ± 0.01  

0.03 to 0.06 

 PF  17 19.2 ± 4.7 

12.8 to 25.7 

0.10 ± 0.07 

0.02 to 0.20 

-22.2 ± 1.9 

-26.9 to -19.7 

11.5 ± 2.7 

7.4 to 14.7 

0.10 ± 0.11 

0.02 to 0.47 

Wild DT  5 25.6 ± 2.1  

24.0 to 29.0  

0.15 ± 0.04 

0.12 to 0.22 

-18.2 ± 0.8 

-19.2 to -17.2 

8.7 ± 0.5 

8.4 to 9.5 

0.02 ± 0.00 

0.01 to 0.03 

 HBM  8 26.7 ± 4.2 

21.5 to 35.3 

0.24 ± 0.12 

0.14 to 0.48 

-22.0 ± 1.5 

-23.9 to -20.0 

11.9 ± 2.4 

8.8 to 15.2 

0.09 ± 0.11 

0.02 to 0.35 

 PM  10 29.1 ± 3.6 

21.5 to 33.9 

0.22 ± 0.10 

0.07 to 0.40 

-23.4 ± 3.3 

-27.2 to -17.9 

11.4 ± 0.9 

10.1 to 13.2 

0.04 ± 0.01 

0.03 to 0.05 

 SI   5 17.9 ± 4.4 

14.2 to 23.4 

0.11 ± 0.05 

0.08 to 0.18 

-21.1 ± 0.5 

-21.7 to -20.5  

13.1 ± 1.1 

11.9 to 14.3 

0.08 ± 0.05  

0.02 to 0.16 

 SP  8 17.1 ± 2.2 

14.0 to 20.2 

0.09 ± 0.01 

0.07 to 0.11 

-20.2 ± 1.1 

-21.9 to -19.0  

12.7 ± 0.7 

11.4 to 13.8 

0.11 ± 0.05 

0.07 to 0.16 

 ZP  1 14.8 0.03 -26.3 12.9 0.04 

 HB  4 16.4 ± 1.7 

14.1 to 18.0 

0.06 ± 0.01 

0.05 to 0.07 

-24.8 ± 1.2 

-26.2 to -23.3 

12.5 ± 0.9 

11.3 to 13.3 

0.04 ± 0.01  

0.03 to 0.05 
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Table 2.2 continued 
Type Species code n Total length (cm) Total weight (kg) G13C  (‰) G15N  (‰) THg  (μg/g  ww) 

Wild HL  11 14.2 ± 4.6 

9.2 to 22.7 

0.03 ± 0.02 

0.00 to 0.08 

-21.5 ± 0.8 

-22.4 to -20.1 

9.7 ± 1.3 

8.1 to 11.3 

0.05 ± 0.02  

0.02 to 0.08 

 SS  3 48.1 ± 4.0 

45.2 to 52.7 

1.64 ± 0.40 

1.36 to 2.10 

-24.6 ± 2.4 

-27.0 to -22.3  

8.9 ± 1.7 

7.0 to 10.1 

0.01 ± 0.00 

0.01 to 0.01 

 XA  3 18.3 ± 0.8 

17.4 to 18.8 

0.05 ± 0.01 

0.04 to 0.06 

-25.8 ± 2.5 

-27.6 to -22.9  

12.1 ± 0.6 

11.4 to 12.4 

0.06 ± 0.01 

0.05 to 0.07 

 AC 1 11.5 0.02 -21.7 11.4 0.09 

 ED  2 29.5 to 42.3 0.19 to 0.63 -24.9 to -24.6 14.5 to 14.7 0.25 to 0.40 

 EI  10 55.5 ± 14.8  

30.3 to 85.0 

1.42 ± 1.28  

0.20 to 4.67 

-22.7 ± 1.2 

-24.7 to -20.1 

13.6 ± 1.6 

9.8 to 14.9 

0.15 ± 0.17 

0.03 to 0.60 

 EM  17 42.6 ± 7.9 

34.5 to 68.0 

0.72 ± 0.63 

0.28 to 3.01 

-22.9 ± 1.0 

-24.2 to -20.7 

14.2 ± 0.7 

13.0 to 15.4 

0.15 ± 0.04  

0.10 to 0.25 

 OU 10 15.9 ± 1.7 

13.4 to 18.8 

0.06 ± 0.01 

0.05 to 0.08 

-24.1 ± 1.3 

-26.7 to -22.5 

11.0 ± 2.7 

7.4 to 14.3 

0.12 ± 0.06 

0.06 to 0.21 

 PS  14 24.3 ± 3.0 

19.7 to 30.0 

0.08 ± 0.04 

0.03 to 0.16 

-25.5 ± 0.9 

-27.1 to -24.0 

13.1 ± 0.7 

12.2 to 14.3 

0.10 ± 0.04 

0.05 to 0.20 
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Table 2.2 continued 
Type Species code n Total length (cm) Total weight (kg) G13C  (‰) G15N  (‰) THg  (μg/g  ww) 

Wild SA 9 35.2 ± 11.3 

18.1 to 52.0 

0.31 ± 0.21 

0.06 to 0.76 

-21.7 ± 1.6 

-24.2 to -18.9 

12.3 ± 2.6 

6.8 to 14.7 

0.35 ± 0.31 

0.00 to 0.82 

 SM  10 18.1 ± 2.6 

12.3 to 20.9 

0.08 ± 0.04 

0.04 to 0.13 

-25.6 ±1.5 

-27.2 to -22.1 

12.3 ± 0.9 

11.1 to 14.1 

0.07 ± 0.02 

0.03 to 0.10 

 OA  14 32.9 ± 10.9 

18.7 to 58.5 

0.44 ± 0.51 

0.09 to 2.04 

-20.3 ± 1.5 

-22.9 to -18.3 

13.4 ± 0.8 

12.1 to 14.9 

0.25 ± 0.20  

0.05 to 0.71 

 SC  15 30.3 ± 8.7 

17.2 to 45.2 

0.54 ± 0.50 

0.06 to 1.95 

-22.3 ± 2.4 

-25.3 to -17.9  

11.5 ± 2.2 

8.0 to 14.3 

0.38 ± 0.49 

0.04 to 1.78 

 SK  17 23.7 ± 4.2 

16.4 to 30.5 

0.20 ± 0.11 

0.04 to 0.45 

-22.7 ± 2.4 

-26.9 to -18.6  

13.8 ± 0.9 

11.8 to 15.2 

0.15 ± 0.10 

0.06 to 0.47 

 SW  5 13.6 ± 0.9  

12.6 to 14.8 

0.05 ± 0.01 

0.05 to 0.06 

-23.6 ± 0.5 

-24.1 to -23.0  

15.1 ± 0.4 

14.5 to 15.4 

0.09 ± 0.03 

0.07 to 0.13 

 SZ  5 25.2 ± 6.5 

15.4 to 32.4 

0.26 ± 0.16 

0.06 to 0.45 

-23.9 ± 1.3 

-25.6 to -22.2  

12.8 ± 1.8 

10.6 to 15.3 

0.19 ± 0.07 

0.09 to 0.27 
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Table 2.3 Linear regression of log total mercury (THg; ng/g dw) versus G15N  (‰)  overall  
and by season.  
 

Season THg vs. G15N R2 n 

Slope (95% CI) Intercept (95% CI)  

overall 0.11 (0.09 – 0.13) 1.30 (1.06 – 1.54) 0.29 274 

fall 0.13 (0.10 – 0.17) 1.03 (0.61 – 1.44) 0.40 81 

summer  0.10 (0.07 – 0.12) 1.41 (1.11 – 1.71) 0.24 193 

 

 

 

 

 

 

 

 

 

 

 

 



 

 

52 

Table 2.4 Mercury concentrations (µg/g ww) from published reports of fish from reservoirs (Yan et al. 2010) and a river (Li et al. 
2009) of western China, Guizhou Province (PR), and from eastern Lake Taihu (Wang et al. 2012) compared to the eastern reservoir 
(Qiandao Hu) studied here. 
 

Species Reservoirs Guizhou PR* River Guizhou PR Lake Taihu  Qiandao Hu 

 Mean (n) Range Mean (n) Range Mean (n) Range Mean (n) Range 

Ctenopharyngodon idella 0.01 (23) 0.00 – 0.02   0.01 (2) 0.01 – 0.01 0.02 (6) 0.00 – 0.04 

Hypophthalmichthys nobilisa 0.07 (22) 0.01 – 0.32   0.01 (26) 0.00 – 0.02 0.05 (18) 0.00 – 0.09 

Hypophthalmichthys molitrix 0.02 (2) 0.01 – 0.04   0.01 (1)  0.07 (7) 0.05 – 0.18 

Carassius auratus auratus   0.08 (7) 0.06 – 0.12 0.02 (16) 0.01 – 0.07 0.11 (14) 0.01 – 0.58 

Cyprinus carpio carpio 0.05 (94) 0.00 – 0.32   0.01 (22) 0.00 – 0.02 0.10 (9) 0.04 – 0.17 

Megalobrama amblycephala 0.01 (6) 0.00 – 0.02     0.04 (4) 0.01 – 0.06 

Micropterus salmoides 0.04 (3) 0.03 – 0.07     0.04 (6) 0.03 – 0.06 

Zacco platypus   0.07 (11) 0.06 – 0.09   0.04 (1)  

Hemiculter bleekerib 0.31 (1)      0.04 (4) 0.03 – 0.05 

Hemiculter leucisculus   0.07 (15) 0.02 – 0.09   0.05 (11) 0.02 – 0.08 

Spinibarbus sinensis    0.07 (13) 0.01 – 0.15   0.01 (3) 0.01 – 0.01 

Chanodichthys erythropterusc 0.13 (10) 0.05 – 0.23   0.04 (20) 0.02 – 0.10 0.15 (10) 0.03 – 0.60 

Chanodichthys mongolicusd     0.03 (5) 0.01 – 0.04 0.15 (17) 0.10 – 0.25 

Opsariichthys bidens 0.11 (13) 0.03 – 0.35 0.05 (5) N/A   0.12 (10) 0.06 – 0.21 
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Table 2.4 continued 
Species Reservoirs Guizhou PR* River Guizhou PR Lake Taihu  Qiandao Hu 

 Mean (n) Range Mean (n) Range Mean (n) Range Mean (n) Range 

Pseudolaubuca sinensis   0.03 (2) N/A   0.10 (14) 0.05 – 0.20 

Channa argus arguse     0.05 (3) 0.03 – 0.08 0.25 (14) 0.05 – 0.71 

Silurus asotusf 0.12 (28) 0.01 – 0.45 0.02 (4) 0.02 – 0.03 0.07 (1)  0.35 (9) 0.00 – 0.82 

Siniperca kneri   0.06 (8) 0.03 – 0.10   0.15 (17) 0.06 – 0.47 
* Reservoirs in Yan et al. 2010 range in age from < 30 to > 30 years old.  
a Scientific name Aristichthys nobilis used in Yan et al. (2010) and Wang et al. (2012) 
b Scientific name Hemiculter bleekeri bleekeri used in Yan et al. (2010) 
c Scientific name Erythroculter ilishaeformis used in Wang et al. (2012) 
d Scientific name Erythroculter mongolicus used in Wang et al. (2012) 
e Scientific name Ophiocephalus argus cantor used in Wang et al. (2012) 
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Figure 2.1 Isotope bi-plot diagram of stocked (closed circles) and wild (open circles) 
fishes from Qiandao Hu (Zhejiang Province, China). Values are means of G15N and G13C 
±  one  standard  deviation  (‰).  Species  codes  are  given  in  Table  2.1. 
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Figure 2.2 Linear regression of log total mercury (THg; ng/g dw) versus G15N  (‰)  in  
stocked (closed circles) and wild (open circles) fishes from Qiandao Hu (Zhejiang 
Province, China). The regression equation was calculated using individual values and 
means ± standard deviation only shown here for clarity 
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Figure 2.3 Species mean (grey bars) ± standard deviation and maximum (white bars) 
total mercury (THg) concentrations for stocked (A) and wild (B) fishes. Species codes are 
given in Table 2.1
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Chapter 3 

 Effect of eutrophication on Hg dynamics in subtropical reservoirs from 

a high Hg deposition ecoregion  

3.1 Abstract 

Eutrophication can have opposite effects on mercury (Hg) bioavailability in 

aquatic systems, by increasing methylmercury (MeHg) production but reducing Hg 

biomagnification. Globally, the effect of eutrophication on Hg dynamics remains largely 

untested at lower latitudes such as eastern China, a productive subtropical ecoregion with 

Hg emission and deposition rates that are among the highest worldwide. Here we 

quantify Hg (both MeHg and total Hg, THg) concentrations, Hg bioaccumulation and Hg 

biomagnification rates in reservoir food webs across a gradient of eutrophication as 

indicated by chlorophyll-a (chl-a), zooplankton density and total phosphorous (TP). We 

also assess the effect of hydrogeomorphic (HGM) features on Hg concentrations in water 

and biota. Water THg concentrations were strongly correlated with TP and were greater 

in reservoirs at higher elevations with short water retention times (WRT). Chlorophyll-a 

was negatively correlated with THg concentrations in zooplankton and top predators, 

suggesting algal biodilution; evidence for zooplankton density dilution was also found 

when subtropical reservoirs were compared at a global scale with temperate lakes. 

Mercury bioaccumulation and biomagnification factors (BAF and BMF, respectively) did 

not correlate with increasing chl-a or zooplankton density suggesting no effect of 

plankton density on Hg trophic transfer. In subtropical reservoirs, eutrophication is 
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associated with lower Hg concentrations in biota but does not explain Hg 

biomagnification; HGM features (i.e. elevation, WRT) and land use (i.e. % crop) appear 

to also influence Hg concentrations and bioaccumulation in reservoir food webs.  

 

3.2 Introduction 

Mercury (Hg) is a pollutant that threatens global fisheries due to the toxicity of its 

organic form, methylmercury (MeHg). Aquatic ecosystems are sites of MeHg production 

due to geochemical conditions that increase biological methylation by sulphate-reducing 

bacteria (Lin et al. 2012a). From tropical to Arctic latitudes, the process of MeHg transfer 

across trophic levels depends on food web structure (Lavoie et al. 2013). Through 

changes in water geochemistry and increases in primary productivity, cultural (i.e. 

anthropogenic) eutrophication alters food web structure and has the potential to 

significantly change MeHg bioavailability and biomagnification (Smith and Schindler 

2009). Conditions characteristic of eutrophication, such as low hypolimnetic dissolved 

oxygen concentrations and high dissolved nutrients and sediment organic matter content, 

are suitable for increased in situ production of MeHg (Gray and Hines 2009). However, 

the visible hallmark of eutrophication, increased algal growth, leads to decreases in 

MeHg biomagnification through phytoplankton or zooplankton density dilution (Chen 

and Folt 2005). There remain important questions about what determines the outcome of 

eutrophication and Hg dynamics. It is also not clear how the changes in MeHg 

bioavailability and increases in plankton densities may affect the process and rate of Hg 

transfer between trophic levels and through the food web. Furthermore, most field studies 
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that have measured the effect of eutrophication on Hg dynamics have focused on 

temperate lakes. This represents a global gap in knowledge regarding the fate of Hg with 

eutrophication at lower, more productive latitudes such as the subtropics.  

Eutrophication is often assessed either by the concentrations of total phosphorous 

(TP) or chlorophyll-a (chl-a) in the water column. Using these indicators of 

eutrophication to categorize waterbodies as eutrophic or oligotrophic, authors have 

documented confounding patterns in MeHg production and Hg bioaccumulation with 

eutrophication. In temperate and subtropical freshwater systems, rates of Hg methylation 

were higher in more eutrophic reservoirs, increasing the flux of MeHg to the water 

column (Gray and Hines 2009, Meng et al. 2010). Despite the possibility for enhanced 

MeHg availability in water, in natural and experimentally enriched systems Hg 

concentrations in fish were significantly lower than in oligotrophic lakes (Essington and 

Houser 2003, Chen and Folt 2005). These lower Hg concentrations in upper trophic level 

organisms are most often attributed to algal biodilution, the partitioning of Hg into a 

greater amount of biomass, as suggested by negative correlations between Hg 

concentrations in biota and chl-a (Pickhardt et al. 2002, Chen and Folt 2005). Higher 

zooplankton densities can also decrease Hg transfer to fish through zooplankton density 

dilution (Chen and Folt 2005). Other possible mechanisms that can lower fish Hg 

concentrations in eutrophic systems include shifts in algal cell size (Pickhardt and Fisher 

2007) and growth dilution in zooplankton and fish (Simoneau et al. 2005; Karimi et al. 

2007). However, lower fish Hg concentrations with eutrophication are not always 

observed, as evidenced by higher Hg concentrations in top predators from temperate 
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eutrophic reservoirs (Gilmour et al. 2008, Stone et al. 2011). Using indicators of 

eutrophication to predict how nutrient enrichment will impact Hg dynamics is a critical 

research need to identify fisheries that are at risk of Hg contamination.  

It is important to assess not only the effect of eutrophication on Hg concentrations 

but also their impact on Hg biomagnification between trophic levels (i.e. predator-prey 

pairs) and across the food web because these processes ultimately determine Hg transfer 

and can be used for bioaccumulation assessments (Arnot and Gobas 2006, Jardine et al. 

2013). Whether or not increases or decreases in Hg concentrations, Hg bioaccumulation 

and Hg biomagnification rates are expected under scenarios of greater eutrophication 

remains unclear. This question is especially important in reservoirs that differ markedly 

from lakes, for example through water level fluctuations that can increase MeHg 

bioavailability (Evers et al. 2007) and external nutrient loading (Wetzel 1990). Lower 

latitudes also deserve attention due to differences in productivity and food web structure 

compared to temperate regions. For example, in reservoirs of eastern China, intensive 

stocking of planktivorous Bighead Carp (Hypophthalmichthys nobilis) and Silver Carp 

(H. molitrix) can have substantial impacts on plankton density and species composition, 

and indirectly affect trophic status of a waterbody (Li and Xu 1995; Jia et al. 2013). 

In this study, we take a broad-scale, multi-reservoir approach to examine the link 

between Hg dynamics and eutrophication in subtropical reservoirs of eastern China. 

China has among the highest Hg emission and atmospheric deposition rates in the world 

(Fu et al. 2012). The present study is thus akin to a natural ‘high exposure’ treatment 

relative to studies in other parts of the world where this question has been previously 
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addressed. We assess if measures of eutrophication suggested by Chen and Folt (2005), 

namely phytoplankton and zooplankton density, could be used to predict Hg 

concentrations in subtropical reservoirs. We test the predictive ability of indicators of 

eutrophication (chl-a, zooplankton density and TP) to explain Hg (THg and MeHg) 

concentrations in the food web, represented by zooplankton, Bighead Carp and top 

predatory fishes. Similarly, we ask whether those indicators predict derived variables 

describing Hg bioaccumulation and biomagnification (i.e. bioaccumulation factor, BAF 

or biomagnification factor, BMF) or Hg biomagnification rates (i.e. slope of the log Hg 

vs. δ15N regression). Finally, we examine how landscape features, such as 

hydogeomorphic (HGM) characteristics at the basin and catchment scale, and land use 

cover, predict Hg concentrations in water, zooplankton and top predators in these 

subtropical reservoir ecosystems. Our hypotheses regarding the direction of these effects 

are presented in Table 3.1. 

 
3.3 Materials and Methods 

3.3.1 Reservoir descriptions  

All 7 reservoirs in this study (Figure 3.1) were located within the same humid to 

semi-humid low-altitude (< 1000 m) ecoregion in eastern China (Zhou and Zheng 2008). 

This ecoregion has very high population densities and rapid development that have 

increased nutrient transport to aquatic ecosystems and resulted in the eutrophication of 85 

% of monitored lakes by 1996 (Zhou and Zheng 2008). The difficulties of managing 

fisheries in the many hyper-eutrophic lakes in the region have shifted the focus of fish 

production to reservoirs, largely because of their oligotrophic to mesotrophic statuses. To 
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ensure that sampling did not occur during the initial period after impoundment when fish 

Hg concentrations are known to be most elevated (Bodaly et al. 2007), all selected 

reservoirs for this study were over 30 years old at the time of sampling (construction 

completed in 1954 – 1969). Reservoirs ranged in morphology from deep river – valley 

(e.g. F, M; Figure 3.1 and Table 3.2) to shallow lake-plain types (e.g. S, T; Li and Xu 

1995) and spanned a wide gradient of surface areas and catchment area to surface area 

ratios (CA:SA; Table 3.2). The percent of the catchment covered by forests vs. crops was 

determined using Geographic Information System (ArcGIS Version 10.1, Redlands, 

California). Base maps of watersheds were obtained from BaseCamp 4.1.2 (Garmin 

International, Inc., Olathe, Kansas, U.S.A.) and Garmin China City Navigator NT 2012 

20 TDEM maps to locate the approximate study areas.  Freely available global digital 

elevation tiles at 20 M resolution were downloaded from (ASTER GDEM Version 2 

http://asterweb.jpl.nasa.gov/gdem.asp) and used to delineate the accurate basin areas of 

reservoirs using hydrological functions in ArcGIS. Land cover data was downloaded 

from Finer Resolution Observation and Monitoring-Global Land Cover (FROM-GLC) 

(http://data.ess.tsinghua.edu.cn/) using the Landsat Path list option. This dataset was the 

first 30 m resolution global land cover maps produced using Landsat Thematic Mapper 

(TM) and Enhanced Thematic Mapper Plus (ETM+) data (Gong et al. 2013). The land 

cover of each reservoir basin was obtained by clipping the corresponding land cover title 

with the basin boundary of the reservoir. Percent crop and percent forest cover were 

summed relative to total land cover. Only in one reservoir (L) was the land cover data 

assessed as forest when the land cover map indicated water (land cover data was taken in 
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January), we assumed this to be an error as land cover immediately adjacent was 

displayed as forested. Land use cover ranged from highly forested (e.g. F, 85.4 % forest 

cover) to primarily agricultural (e.g. T, 46.8 % crop cover; Figure 3.1 and Table 3.2).  

Water and zooplankton sampling were done in the open water zone of the 

reservoir in front of the dam. Water was collected for total nitrogen (TN), TP and 

chemical oxygen demand (COD) using a 1-L Van Dorn water sampler at 1m below the 

water surface. Samples for TN, TP and COD were dispensed into acid-cleaned Nalgene 

bottles and frozen until analyses. Nutrient analyses were carried out by the Shanghai 

Environmental Monitoring Center (http://www.semc.gov.cn/home/english.aspx 

Shanghai, China). Total nitrogen concentrations were measured according to the alkaline 

potassium persulfate digestion method (State Environmental Protection of China 1990a) 

and TP according to the ammonium molybdenum spectrophotometric method with UV 

spectrophotometry following a potassium persulfate digestion (State Environmental 

Protection of China 1990b), and COD was determined using the permanganate index 

(ISO 8467:1986). Water samples for phytoplankton chl-a pigments were dispensed into 

opaque Nalgene bottles, and 500 ml were filtered in duplicate through 0.45 µm GF/C 

filters and stored frozen in tin foil. Chlorophyll-a analyses were completed at McMaster 

University (Hamilton, Ontario, Canada) following previously published methods (Chow-

Fraser 2006). 

Unfiltered surface water (1 m) samples for field blanks and THg and MeHg 

analyses were taken by use of trace metal clean techniques. These concentrations 

represent an important, but preliminary assessment: we placed most of our effort into 
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quantifying the fish food web, and due to restrictions on access to reservoirs in the field, 

we were unable to characterize temporal and spatial variability in water Hg 

concentrations. The decision to take unfiltered surface waters as done previously by 

others (Chen et al. 2000, Rolfhus et al. 2011) was largely due to lack of access to 

appropriate ultra-trace filtration equipment. Prior to field sampling, Teflon bottles were 

acid cleaned with concentrated nitric acid, dilute hydrochloric acid (10 %) and stored in 

nitric acid (10 %). Bottles were dipped below the surface and the “clean hands/dirty 

hands” technique (US EPA 1996) was employed during sampling to minimize potential 

for contamination. All water samples for Hg analyses were frozen immediately in the 

field; those for MeHg analyses were preserved with pure hydrochloric acid prior to 

freezing.  

Zooplankton were collected with a cone net (202 µm nylon mesh; 3 tows at 7 – 20 

m, from 1 m above the bottom to the surface, with care taken to avoid collecting 

sediment). The size fraction for zooplankton was selected to allow comparison with 

previously published results (Chen and Folt 2005; published data extracted using 

DigitizeIt 2.0.4, http//www.digitizeit.de). Zooplankton samples for enumeration (i.e. 

zooplankton density) were preserved in 95 % alcohol, diluted to a volume of 100 ml, then 

subsampled and counted (up to 250 individuals per replicate). Zooplankton biomass was 

calculated on 3 additional zooplankton tows following Chen and Folt (2005); samples 

were filtered onto pre-weighed Whatman filters and then dried at 60°C and weighed. 

Separate zooplankton samples were collected for THg and MeHg analyses; samples were 

rinsed with ultra-clean water and frozen in Teflon bottles in the field (bottles were pre-
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rinsed in acid as described above for water samples). Zooplankton samples were freeze-

dried (Stewart et al. 2008), homogenized, and split into subsamples for Hg and stable 

isotope analyses.  

 We sampled fish from all trophic levels and targeted the same species at all sites. 

Stocked fish (i.e., raised in ponds and hatcheries to a certain length and released into the 

reservoir as fingerlings) and wild fish were sampled, but farmed fish were not included as 

those are exclusively fed with fish food in various types of enclosures and thus do not 

represent the reservoir-wide food web. With the guidance of local fisheries managers 

who were very familiar with both fish management and fish vendors at each reservoir, we 

sampled fish from individual fishermen and private fishing enterprises, as well as specific 

vendors that sold exclusively live fish from the reservoir at local markets. Individual fish 

weights and total length ranges were measured (Table B1) and fish dorsal muscle tissues 

were removed in the field, transported on ice and frozen at facilities at Fudan University 

prior to analyses in Canada. Tissues were then dried at a low temperature (between 50 – 

60 ˚C) for 48 h for Hg and stable isotope analyses in a Hg-free oven (no Hg 

thermometers were ever used and the oven was periodically brought to 180°C to remove 

residual Hg) at Queen’s University (Kingston, Ontario, Canada). Dried fish tissues were 

required for the digestion method (see below) and oven drying caused the lowest Hg 

losses relative to other drying methods (Ortiz et al. 2002).   
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3.3.2 Stable isotope analyses 

A portion of each dried muscle sample was homogenized finely using stainless 

steel jars and balls on a Mixer Mill MM200 (Retsch GmbH & Co KG, Haan, Germany), 

and then weighed into tin capsules (~1.2 mg) using a calibrated semi-micro balance 

(Sartorius AG Inc., Goettingen, Germany). Stable isotopes of nitrogen were analyzed at 

the Stable Isotope Facility at the University of California, Davis by a PDZ Europa 

ANCA-GSL elemental analyzer interfaced to a PDZ Europa 20-20 isotope ratio mass 

spectrometer (Sercon Ltd., Cheshire, United Kingdom). Samples were interspersed with 

blanks and standards (SD δ15N 0.3 ‰); the standards were previously calibrated against 

National Institute of Standards and Technology reference materials. Triplicates of in-

house standard materials, defatted Atlantic Salmon (mean δ15N = 8.8 ‰, n = 12) and 

farmed Tilapia (mean δ15N = 6.1 ‰, n = 12) were included in each run; SD were less 

than 0.1 ‰. A duplicate of a fish sample was run every ten samples as a check on 

consistency (coefficient of variation: δ15N = 0.8 %). Delta values of nitrogen were 

calculated with the equation δ15N = ([15N/14N sample/15N/14N standard] – 1)*1000. The δ 

values are expressed in per mil (‰) deviation from international standards (i.e. Air). 

 

3.3.3 Mercury analyses 

Unfiltered water samples and zooplankton samples were analyzed for THg and 

MeHg by the LANSET research facility at the University of Ottawa (Ottawa, Ontario). 

Total Hg concentrations in water samples were analyzed by cold vapour atomic 

fluorescence spectrometry using US EPA Method 1631 (US EPA 2002). The reporting 
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limit (lowest point in calibration curve) for THg in water was 0.2 ng/L. Total Hg 

concentrations for freeze-dried zooplankton were measured using a direct thermal 

decomposition Hg analyzer, with a method detection limit of 0.012 ng/g. Quality 

assurance for zooplankton included National Research Council of Canada certified 

reference materials (CRM) DORM-4 (fish protein; 92.7 – 101.2 % recovery, n = 2), 

TORT-2 (lobster hepatopancreas; 115.6 % recovery, n = 1) and the National Institute of 

Standards and Technology standard reference material NIST-1566B (oyster tissue, 84.0 – 

85.7 % recovery, n = 2). Methylmercury in water was analyzed by capillary gas 

chromatography coupled with cold vapour atomic fluorescence spectrometry (Cai et al. 

1996). Zooplankton MeHg was extracted into dichloromethane and subsequently 

analyzed by gas chromatography coupled with cold vapour atomic fluorescence 

spectrometry (Cai et al. 1997). Recovery of CRM for MeHg was 89.5 – 94.9 % for 

DORM-4 (n = 2) and 97.4 – 98.1 % for TORT-2 (n = 2). The method detection limit for 

MeHg in water and solids was 0.002 ng/L and 0.016 ng/g, respectively. Recovery of 

MeHg in spiked water samples was 91.5 ± 2.7% (n = 4). Field blanks (0.2 ±0.1 ng/L, n = 

4 for THg; 0.009 ng/L (n = 1) for MeHg) and procedural blanks revealed no 

contamination during sampling and analyses.  

All fish THg analyses were carried out at Queen’s University using cold vapor 

atomic fluorescence spectrophotometry (Tekran 2600 Total Hg Analyzer, Tekran 

Instruments, Toronto, Ontario, Canada) following US EPA Appendix to Method 1631 

(US EPA 2001a). All equipment and glassware used were washed in ultra-purified trace-

metal quality water (EMD Millipore Corporation, Billerica, Massachusetts, USA), placed 
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in an acid bath for a minimum of 12 h, and rinsed again in Millipore water. Oven dried 

fish tissue (~25 mg) was weighed into Teflon vessels, and digested at 200 ˚C for 15 mins 

in trace metal grade acid (5 ml nitric acid) and hydrogen peroxide (5 ml hydrogen 

peroxide) in a Microwave Accelerated Reaction System (CEM Corporation, Matthews, 

North Carolina, USA). Samples were diluted using Millipore water, preserved using 

0.5% bromine monochloride, and refrigerated at 4 ˚C for at least 24 h prior to analyses. 

Quality control was assessed by analyses of CRM: DORM-3, TORT-2 and DOLT-4 

(dogfish liver, National Research Council Canada - Conseil national de recherches 

Canada). Recovery of THg for DORM-3 was 109.4 ± 6.9 % (mean ± SD, n = 22), for 

TORT-2 was 113.1 ± 5.1 % (n = 13) and DOLT-4 was 104.5 ± 4.6 % (n = 12). The 

reporting limit was 0.05 ng/L and blank values were all below 0.4 ng. Samples (n = 33) 

spiked with 0.4 ng Hg resulted in a mean spike recovery (88 %) and spike precision (13 

%) that met quality control acceptance criteria (US EPA 2001a).   

 

3.3.4 Statistical analyses 

Effect of eutrophication 

We used chl-a, zooplankton density and TP as indicators of eutrophication, as 

reported commonly to characterize lake trophic status. These indicators of eutrophication 

were used as predictor variables of Hg concentrations, Hg bioaccumulation and Hg 

biomagnification. As little is known about what limits algal growth within these 

reservoirs, we used Carlson’s (1977) method to determine trophic state index (TSI) that 

can be calculated based on chl-a (TSIChl-a), TP (TSITP), TN (TSITN) or Secchi depth 
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(TSISD). Trophic state indices were not used as predictor variables but provided insight 

into the importance of nutrient limitation on algal growth. Primary limitations on algal 

growth can be inferred based on the deviations of TSIs from TSIChl-a (i.e. subtracting 

TSITP, TSITN, or TSISD from TSIChl-a; Matthews et al. 2002). The equations to calculate 

TSIs are as follows:  

TSIChl-a = 30.6 + 9.81ln(Chl-a, µg/L) 

TSITP = 4.15 + 14.42ln(TP, µg/L) 

TSITN = 54.45 + 14.43ln(TN, mg/L) 

TSISD = 60 – 14.42ln(Secchi Depth, m) 

Linear regressions were used to test for an effect of eutrophication; Model II 

slopes are shown to account for error in the predictor variables. All variables were log-

transformed where necessary to meet assumptions of normality. Indicators of 

eutrophication (i.e. chl-a, zooplankton density and TP) were used as independent 

variables to predict Hg concentrations in zooplankton, Bighead Carp and top predators 

and derived variables that describe Hg bioaccumulation and Hg biomagnification. The 

derived variables included the bioaccumulation factor (BAF), biomagnification factor 

(BMF) and trophic magnification factor (TMF) and were calculated as follows:  

BAF (L/Kg) = Biota THg or MeHg / Water THg or MeHg 

where biota = zooplankton or fish (Bighead Carp or top predator) 

BMF = Bighead Carp THg or MeHg / Zooplankton THg or MeHg 

TMF = 10m 
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where m equals the rate of food web Hg biomagnification by trophic level (see below for 

equation). BAF values were calculated on zooplankton Hg concentrations in dry weight 

(dw) and on fish Hg concentrations in wet weight (ww); BAF values were log-

transformed. To derive the BMF, we assumed that Bighead Carp feed 100% on 

zooplankton. In reality the diet of Bighead Carp can be comprised of both phytoplankton 

and zooplankton, though most studies assume the largest fraction of Bighead Carp diet is 

from zooplankton (Zhou et al. 2009). Zooplankton Hg concentrations were measured in 

dw so BMF values were also expressed on a dw basis. Bighead Carp were of significantly 

different total lengths among reservoirs, but small sample sizes within each reservoir 

resulted in insignificant regressions of log THg versus log total length. Bighead Carp 

THg concentrations were significantly and positively correlated with log total length 

across reservoirs if an outlier (F) was excluded, but using the size-adjusted Bighead Carp 

in the remaining reservoirs (n = 6) did not change the outcome of the Bighead Carp vs. 

eutrophication comparisons. Therefore Bighead Carp from all reservoirs were included 

without any size adjustments. Top predators were selected as the species with the highest 

δ15N within each reservoir; all top predators that met this criteria belonged to the same 

genus (i.e. Chanodichthys, see Table B1 for the top predator selected by reservoir). This 

was expected based on previous research of their feeding habits and trophic position in 

Qiandao Hu (Chapter 2), a subtropical reservoir (Q) also included in the present study. 

However, a significant difference in total length in Chanodichthys among reservoirs was 

found using analysis of variance (ANOVA, R2 = 0.53, F = 4.60, p = 0.003, n = 31). Since 

sample sizes were too small to test for a linear relationship between log THg and log 
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length for individual Chanodichthys species within reservoirs, all the top predators were 

combined to test for total length as a covariate. Log Hg concentrations increased with log 

fish total length (linear regression analysis, R2 = 0.40, F = 17.71, p = 0.0002, n = 31). 

Therefore we size-adjusted Hg concentrations in top predators using analysis of 

covariance (ANCOVA). To run the ANCOVA, sample sizes of top predators had to be 

increased for some reservoirs. The additional top predators were selected based on the 

species with the next highest mean δ15N value (Table B1). In only one reservoir (S), we 

added a similar predatory species Siniperca chuatsi  (n = 1; Table B1) to make size-

adjustment possible. The combination of fish species was necessary to determine the Hg 

concentrations at the highest possible level of the fish food web (see similar method 

employed in Chen and Folt 2005). The ANCOVA was first run with an interaction term 

(log total length*reservoir). No significant effect of the interaction term was found (p > 

0.05), so the ANCOVA was re-run assuming homogeneity of slopes. The ANCOVA was 

significant (ANCOVA, R2 = 0.62, F = 9.59, p = 0.0001); LS Means were used to 

represent size-adjusted Hg concentrations for top predators (mean total length = 30.9 cm 

across all reservoirs, antilog THg concentrations presented in Table 3.3).  

Mercury biomagnification 

The Hg biomagnification rate was assessed by the slope from the regression of 

log THg vs. δ15N using all fish sampled (i.e. individual concentrations) at each reservoir 

(Figure B2). The Model I slope was selected for consistency with the literature although 

it assumes no error in the predictor variable. The slope was multiplied by 2.8, the average 

increase in δ15N per trophic level for a tropical fish assemblage (Jepsen and Winemiller 
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2002) to obtain the final TMF. An ANCOVA was used to test for differences in Hg 

biomagnification rates among all reservoirs using log THg as the dependent variable, 

δ15N as the covariate and reservoir as an independent categorical variable. A significant 

interaction term indicated a significant difference among slopes. Separate ANCOVA 

were run between reservoirs to determine which slopes were significantly different.  

Effect of HGM features and land use 

We tested for an effect of HGM features (at the catchment and basin scale) and 

land use on Hg concentrations in water, zooplankton and top predators (Table 3.1). We 

conducted multiple linear regressions for each response variable (Hgwater and Hgzooplankton 

or Hgtop predator) using only predictors from a single category at a time (land use, 

HGM:catchment or HGM:basin). We then conducted multiple linear regression models 

that combined the predictor variables that were significant (p < 0.05) from all the 

categories, including significant predictors from the trophic status category (i.e. 

indicators of eutrophication). Only the most significant models are reported. All 

statistical analyses were done using JMP 10.0 (SAS Institute Inc., Cary, North Carolina, 

USA). 

 
3.4 Results 

3.4.1 Trophic status 

Chlorophyll-a concentrations were not significantly correlated with TP or TN 

concentrations in water (p > 0.05). Trophic state indices (Table 3.4) suggested that 

several of these reservoirs were likely not nutrient limited at the time of sampling. 
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Phosphorous limitation, indicated by TSIChl-a – TSITP > 0 and TSITN > TSITP was found in 

3/7 reservoirs (L, S and T; Table 3.4). Partial evidence of nitrogen limitation, indicated 

by TSIChl-a – TSITN > 0 and TSITN < TSITP, was found in 1/7 reservoirs (T, but TSITN > 

TSITP; Table 3.4). Limitation by non-algal turbidity (i.e light), indicated by TSIChl-a – 

TSISD  < 0 was found in 5/7 reservoirs and the remaining 2 reservoirs had values close to 

zero (Table 3.4; Matthews et al. 2002). Using TSIChl-a most reservoirs (4/7) classify as 

oligotrophic (TSI < 45, Table 3.4; Matthews et al. 2002). Alternatively, using TP 

concentrations alone (Environment Canada 2004) reservoirs classify as mesotrophic (4/7, 

criteria = 10 – 20 µg/L TP) or eutrophic (3/7; criteria = 35 – 100 µg/L TP; Table 3.2). 

 

3.4.2 Effect of eutrophication 

Mercury concentrations at different levels of the food web were significantly 

negatively correlated with chl-a (Figure 3.2) but no significant correlations were found 

for the other two indicators of eutrophication (i.e., zooplankton density and TP). We 

found that increasing densities of phytoplankton, as indicated by higher chl-a values, 

predicted lower THg concentrations in zooplankton (Figure 3.2, R2
adj = 0.54, p = 0.037, n 

= 7) and top predators (Figure 3.2, R2
adj = 0.50, p = 0.046, n = 7). No significant 

relationship was found between THg concentrations in Bighead Carp and chl-a, or with 

MeHg and %MeHg concentrations in zooplankton or Bighead Carp and chl-a (p > 0.05). 

Mercury bioaccumulation values, as indicated by BAF values, were also only 

significantly correlated with one indicator of eutrophication (i.e. TP). Increasing 

concentrations of TP predicted significantly lower THg log BAF in zooplankton (Figure 
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3.3A, R2
adj = 0.86, p = 0.002, n = 7), Bighead Carp (R2

adj = 0.80, p = 0.004, n = 7, not 

shown) and top predators (R2
adj = 0.78, p = 0.005, n = 7, not shown). There was a clear 

separation of the reservoirs based on TP concentrations (Figure 3.3A) that drove the 

strong linear relationship whether in zooplankton, Bighead Carp or top predators. Since 

TP separated the reservoirs into groups, we performed an ANOVA using TP as a 

categorical variable. We found the same results: TP as a categorical independent variable 

did not predict Hg concentrations, but did predict BAF values in zooplankton, Bighead 

Carp and top predators (ANOVA, p < 0.05). Since the results were not different, we 

present TP as a continuous variable as originally intended. No significant regressions 

were found using BAF calculated with MeHg concentrations in zooplankton or fish (p > 

0.05). High TP reservoirs also had high THg concentrations in water (Figure 3.3B; R2
adj = 

0.91, p = 0.0006, n = 7) providing evidence as to what may underlie the BAF – TP 

relationship (see discussion below).  

Mercury biomagnification, as indicated by the THg or MeHg BMF between 

Bighead Carp and zooplankton, was not significantly predicted by any of the indicators of 

eutrophication (e.g. Figure 3.4, BMF versus chl-a, p > 0.05). Furthermore, the rates of Hg 

biomagnification across the food web, measured using TMF, were also not significantly 

predicted by any of the indicators of eutrophication (p > 0.05). There were significant 

differences in Hg biomagnification rates across all reservoirs (ANCOVA, F = 55.9, p = 

0.0001, df = 7, 464, with significant interaction term), but this appeared to be driven by 

one reservoir (S) whose Hg biomagnification rate was non-significant (Table 3.5). 
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3.4.3 Predictors of Hg concentrations including HGM features and land 

use 

Significant effects of HGM features and land use on Hg concentrations were 

found (Table 3.6). For THg concentration in water, the best models included HGM:basin 

features, with water retention time (WRT) and elevation each explaining the same degree 

of variance (Table 3.6). No predictors were significant for MeHg concentrations in water. 

Zooplankton THg and MeHg concentrations were significantly negatively correlated with 

land use (i.e., % crop). The addition of chl-a increased the amount of variance explained 

compared to % crop or chl-a alone (Table 3.6). As with water THg concentrations, top 

predator THg concentrations were significantly positively correlated with elevation. 

Elevation explained the same degree of variance as chl-a alone; the combination of the 

two predictors yielded a slightly improved variance explained but the model was no 

longer significant (Table 3.6).  

 

3.5 Discussion 

The prevailing view about the effect of eutrophication on Hg dynamics is that it 

will lead to lower Hg concentrations in aquatic organisms (Driscoll et al. 2012). Since 

most field studies that assess eutrophication and Hg bioaccumulation and 

biomagnification have been conducted in temperate systems, multi-reservoir studies in 

subtropical, high Hg deposition ecoregions such as eastern China are akin to a global 

‘high exposure’ treatment. We hypothesized that subtropical reservoirs may have greater 

MeHg availability if they are under high Hg deposition rates and/or undergo frequent 
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water level fluctuations, leading to elevated fish Hg concentrations. Instead, relatively 

low Hg concentrations were observed in subtropical reservoir fishes of eastern China 

with the exception of a few higher trophic level fish species. Mercury concentrations in 

biota decreased with increasing chl-a across all reservoirs, suggesting that eutrophication 

can lower rates of Hg bioaccumulation. However, Hg biomagnification between a 

predator-prey pair or across the food web was not predicted by eutrophication. 

Differences in HGM features at the basin scale, such as elevation and WRT, as well as 

land use explained abiotic and biotic THg concentrations in addition to trophic status. 

Our study indicates that both eutrophication and HGM features are important controls on 

Hg dynamics in subtropical reservoir food webs. 

 

3.5.1 Effect of eutrophication on Hg dynamics 

The negative relationship observed between THg concentrations in biota and chl-a 

(Figure 3.2) shows that increasing phytoplankton densities can reduce Hg accumulation 

into zooplankton and top predators from subtropical reservoirs. Chlorophyll-a 

concentrations measured here spanned from low (1.5 – 1.9 µg/L), medium (6.5 – 8.2 

µg/L) to high (23.7 µg/L). Total Hg concentrations in zooplankton varied nearly 5-fold 

over that range (14.9 – 73.0 ng/g dw), while size adjusted THg concentrations in top 

predators varied about 3-fold (275 – 776 ng/g dw). Several studies have observed 

significantly lower Hg concentrations in lake and reservoir fishes with increasing chl-a 

(e.g. Chen and Folt 2005). These decreases in THg concentrations with increasing chl-a 

are attributed to algal biodilution (Chen and Folt 2005) and/or growth dilution (Simoneau 
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et al. 2005), mechanisms that in field experiments are difficult to tease apart because of 

their potential to interact (Foe and Louie 2014). Alternatively, changes in zooplankton 

and phytoplankton species composition with increasing productivity could explain this 

trend, as MeHg accumulation can vary as a function of the dominant zooplankton species 

or phytoplankton cell size (Chételat and Amyot 2009, Foe and Louie 2014). Overall, chl-

a measurements can serve as a practical tool to determine the potential of Hg to 

biomagnify in temperate lakes (Chen and Folt 2005), and based on our findings, appears 

valid for subtropical reservoir environments.  

Bioaccumulation factors describing Hg transfer from water to biota were not, 

however, significantly predicted by chl-a. We expected a decrease in BAF with 

increasing eutrophication by two possible mechanisms. First, a direct effect of increasing 

chl-a can be to decrease MeHg assimilation efficiency of herbivores, as observed under 

lab conditions for Daphnia magna (Tsui and Wang 2004). Reduced MeHg assimilation 

efficiency was observed at a chl-a concentration equivalent to about 7 µg/L (Tsui and 

Wang 2004; Foe and Louie 2014). Second, increasing chl-a can also signal a change in 

phytoplankton cell size that occurs with eutrophication. Larger phytoplankton cells 

characteristic of eutrophic conditions have a lower uptake of Hg from water than smaller 

cells characteristic of oligotrophic conditions and fish Hg concentrations were highly 

predicted by these changes in algal cell size (Mason et al. 1996). A larger gradient is 

needed to test for the possible effect of increasing algal density on BAF.  

The BAF for zooplankton and fish were, however, negatively correlated with TP, 

and we propose this is driven by the strong correlation between water THg concentrations 



 

 

78 

and TP (Figure 3.3). This clear distinction in Hg bioaccumulation between low and high 

TP reservoirs may be a spurious correlation, given the nearly 1:1 relationship between 

water THg concentrations and TP (i.e. ratios regressed against the denominator of that 

ratio will result in a negative correlation; Jackson and Somers 1991). However others 

(DeForest et al. 2007, Jardine et al. 2013) have interpreted Hg bioaccumulation or 

biomagnification expressed as ratios vs. a mathematical argument in that ratio, and tests 

for spurious correlations have revealed that causal explanations are valid (Lindström 

2001). Alternatively, this finding suggests that there is a common factor for all reservoirs 

with elevated TP that leads to lower Hg bioaccumulation. We hypothesize that inorganic 

Hg and TP in water are correlated because both are sorbed onto suspended particulates, 

such as inorganic particles and organic matter. The high water THg concentrations 

observed (up to 40ng/L) also suggest that most of the THg is in the particulate phase and 

therefore not readily available for uptake. Inorganic Hg and MeHg have a high affinity 

for particles, and suspended particulate matter and TP can also be highly correlated 

(Lindström 2001). Thus reduced Hg bioavailability could arise in high TP reservoirs due 

to Hg associated with particulates lost through sedimentation. The results from the 

analyses of HGM features on water Hg concentrations (see below) lend support to this 

hypothesis.   

Indicators of eutrophication did not explain differences in predator-prey (i.e. 

BMF; Figure 3.4) and food web Hg biomagnification rates (i.e. TMF). Abiotic variables 

are expected to influence BMF and TMF, yet few studies compare physical or chemical 

characteristics to these measures of biomagnification (Borgå et al. 2012; Jardine et al. 
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2013). With respect to eutrophication, lower trophic transfer efficiency of Hg, coupled 

with the expectation of enhanced growth rates of organisms at higher trophic levels, is 

expected to lower the overall Hg biomagnification rate (Kidd et al. 2012, Lavoie et al. 

2013). The most comprehensive global meta-analysis to date finds that lower Hg 

biomagnification rates are associated with higher productivity (as indicated by TP) but 

only when coupled with the effect of other variables (dissolved organic carbon, pH; 

Lavoie et al. 2013). The global comparison of food web Hg biomagnification rate with 

chl-a as an indicator of eutrophication was inconclusive (Lavoie et al. 2013). The 

similarity in the biomagnification rates (Table 3.5) measured in all but one of our 

subtropical reservoirs demonstrates the need for a larger gradient and number of 

observations. Alternatively, food web Hg biomagnification rates may be independent of 

water quality and more dependent on trophic structure.  

 

3.5.2 How HGM and land use affect Hg availability 

Hydrogeomorphic features are important predictors of trophic status and food web 

interactions (Bremigan et al. 2008). We find HGM features mediate both the input of 

nutrients and Hg to subtropical reservoirs as evidenced by the strong co-varying 

relationship between water THg concentrations and TP. The HGM feature, WRT, was a 

significant predictor of water THg concentrations (that also holds for TP given the nearly 

1:1 relationship; Fig. 3B). Water retention time is a strong surrogate of nutrient and 

contaminant inputs to aquatic systems (Kalff 2002). Mercury accumulation in sediments 

was a positive function of the ratio between catchment area to surface area (CA:SA; 
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Drevnick et al. 2012). Since CA:SA and WRT are inversely correlated (Kalff 2002), this 

implies that at lower WRT, a higher sedimentation rate, presumably from the presence of 

higher amounts of particulates, could be expected. This lends support to our hypothesis 

that the reservoirs with high TP and high water THg concentrations may have higher 

particulate loads.  

At the basin scale, elevation was an HGM feature found to be an important 

determinant of Hg concentrations in both water and top predators. Higher elevation areas 

tend to receive more precipitation, and thus Hg deposition. In Adirondack lakes, Yellow 

Perch (Perca flavescens) Hg concentrations were significantly correlated with elevation, 

which was attributed to greater Hg deposition (Dittman and Driscoll 2009). A link 

between elevation and exposure to atmospheric Hg deposition was found for montaine 

soils in subtropical southwestern China (Zhang et al. 2013). The present study finds 

preliminary evidence to suggest a similar trend of increasing exposure to atmospheric Hg 

deposition with elevation in eastern China.  

Land use affects nutrient and Hg transport to aquatic systems (Bremigan et al. 

2008, Betemariam et al. 2013) and was an important HGM predictor for THg and MeHg 

concentrations in zooplankton. The negative relationship of zooplankton Hg 

concentrations with increasing % crop is consistent with the effect of % crop on fish Hg 

concentrations from lakes in agriculture and open areas of Washington State (Mattieu et 

al. 2013). In subtropical reservoirs, increasing crop cover could lead to higher nutrient 

inputs and enhanced algal growth that may result in algal biodilution and/or somatic 

growth dilution. Although % crop cover was not correlated with TN, TP or chl-a in these 
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subtropical reservoirs, indirect evidence suggests a higher input of nitrogen as 

zooplankton δ15N values showed a positive trend with % crop (R2adj = 0.31, p = 0.11, 

Figure B3). Higher δ15N values are observed in lower trophic levels and can reflect 

anthropogenic nitrogen inputs from agricultural sources (Vander Zanden et al. 2005). 

Another possibility is that Hg lost from watersheds with higher % crop cover is less 

bioavailable, as would be the case if it were associated with high concentrations of 

dissolved organic carbon (Kamman et al. 2005). Further work is needed to determine if 

higher nutrients and/or dissolved organic carbon may explain the lower Hg 

concentrations in zooplankton from subtropical reservoirs with higher % crop in the 

watershed.  

The importance of all these HGM features on Hg inputs is illustrated by one 

reservoir (i.e. F; Table 3.2). This reservoir was at the highest elevation, and had the 

highest CA:SA (92.0) and shortest WRT (100 days). Water THg concentrations were also 

highest (39.6 ng/L) and chl–a concentrations were low (1.9 µg/L). The low 

phytoplankton density and/or low % crop cover possibly inhibited the process of algal 

biodilution, resulting in the highest Hg concentrations in zooplankton (73.0 and 43.8 ng/g 

dw THg and MeHg, respectively), and highest mean Hg concentrations in Bighead Carp 

(824 and 758 ng/g dw THg and MeHg respectively) and size-adjusted top predators (776 

ng/g dw THg; Table 3.3). Since the food web did not support a significantly different 

food web Hg biomagnification rate compared to other reservoirs, this suggests that 

eutrophication and reservoir HGM features may be more important in determining Hg 

concentrations in biota than biomagnification rates in these subtropical food webs.  
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3.5.3 Characterizing eutrophication 

The finding that chl-a and TP were not significantly correlated highlights the 

importance of studying the effect of eutrophication on Hg dynamics at different latitudes. 

Although positive chl-a and TP relationships are expected in temperate and subtropical 

systems (Mazumder and Havens 1998), factors other than nutrient limitation can affect 

algal abundance in reservoirs, such as mean depth, light limitation and WRT (Kimmel et 

al. 1990). A multi-year study of the Three Gorges Dam in China found that non-algal 

turbidity affected light availability and limited algal abundance, as opposed to TN or TP, 

especially at low WRT (Xu et al. 2010). Less than half of the sampled reservoirs had 

evidence of phosphorous limitation, while almost all had evidence to suggest limitation 

by non-algal turbidity (i.e. light; Table 3.4). This may explain the lack of relationship 

between chl-a and TP in our reservoirs, though larger samples sizes are needed to 

confirm this trend. Biotic factors can also regulate algal growth through top-down 

control, and especially for reservoirs in China with active fisheries, stocking density of 

planktivorous carp could have a large impact. Unfortunately information on stocking 

densities for each reservoir was not available. Overall, the lack of relationship between 

TP and chl-a seen in subtropical reservoirs appears to be driven by non-algal turbidity 

and hydrology. This differs from the primarily nutrient-limited algal growth expected in 

most temperate systems. As these factors can impact Hg cycling directly, or indirectly by 

affecting algal growth, this highlights the need for further study into the interaction 

between eutrophication and Hg dynamics in subtropical systems. 
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3.5.4 Comparisons with other systems 

China has the highest Hg emissions in the world, and documented observations of 

lower fish Hg concentrations than reported for temperate fishes appear paradoxical 

(Cheng and Hu 2012). Low fish Hg concentrations in China are especially surprising 

when they occur in reservoirs, environments favourable to Hg methylation (Yan et al. 

2010). Our study confirms that Chinese subtropical reservoirs show low Hg 

bioaccumulation in many fish species (Yan et al. 2010, Chapter 2). For example, here we 

found 3.6 % (17/473) of fish had THg concentrations above the 0.3 µg/g ww limit to 

protect all exposed populations (US EPA 2001b) and 1.3 % (6/473) of fish had THg 

concentrations above the 0.5 µg/g ww limit for non-predatory fish (FAO/WHO 2007).  

Those fish had elevated THg concentrations from their piscivorous diets and higher 

trophic position in the food web. 

As with algal bloom dilution, zooplankton density dilution is a process that can 

also decrease Hg transfer through the food web. Decreasing THg concentrations in both 

zooplankton and fish were correlated with increasing zooplankton density in a temperate 

multi-lake study (Chen and Folt 2005). We did not find any correlations with THg or 

MeHg concentrations in biota and zooplankton density. This is likely due to the similarity 

in zooplankton density among reservoirs, as opposed to excess aqueous MeHg 

availability, the latter proposed to explain the lack of evidence for zooplankton density 

dilution in a mining-impacted reservoir in California (Stewart et al. 2008). However, put 

in a global context relative to temperate lakes in Chen and Folt (2005), our data supports 
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that lower zooplankton Hg concentrations are associated with higher zooplankton 

densities (Figure 3.5). This comparison would benefit from additional data, but while 

many studies report THg or MeHg concentrations in zooplankton, most do not report the 

density (ind/L) measurements or same mesh sizes (> 202 um) to have allowed for a 

broader comparison. On a global scale, greater zooplankton densities found in subtropical 

reservoirs may have a higher capacity for zooplankton density dilution.   

MeHg availability to zooplankton and their diet items is critical to understanding 

food web Hg bioaccumulation in reservoirs, and appears to be directly linked to MeHg 

availability in water (Stewart et al. 2008). Preliminary evidence suggests MeHg 

concentrations (and % MeHg) in surface waters of eastern subtropical reservoirs are very 

low (Table 3.3). These results are comparable to observations of highly elevated water 

THg concentrations (6.8 to 83 ng/L) but low water MeHg concentrations (and % MeHg) 

observed in unfiltered water in nearby Lake Taihu (water % MeHg ranging from 0.12 – 

3.5 %, Wang et al. 2012b). Low MeHg concentrations in Chinese surface waters may be 

due to algal biodilution or high MeHg demethylation rates (Wang et al. 2012b). These are 

plausible mechanisms to explain low MeHg concentrations observed in the shallower 

reservoirs sampled here that do not stratify. However, low MeHg concentrations of 

surface waters in deeper reservoirs may be an underestimate of MeHg exposure to biota 

because hypolimnetic waters can have higher MeHg concentrations in reservoirs that 

stratify (Yan et al. 2013). Furthermore, had TP been measured in the hypoxic 

hypolimnion then potentially a correlation with water MeHg concentrations would have 

been observed, since anoxic conditions promote MeHg production. Thus detailed 
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characterization of stratification and water MeHg concentrations at different spatial and 

temporal scales remains a research priority for reservoirs in eastern China.  

Low water MeHg concentrations found here were reflected in BAF values. Mean 

log BAF values for MeHg of 6.21 (range 5.53 – 6.59) for subtropical reservoirs were 

comparable (~ 0.5 log units higher) to mean log BAF values for MeHg in zooplankton 

from a temperate reservoir (Stewart et al. 2008) and experimentally flooded systems 

(Rolfhus et al. 2011). Low variance in log BAF values was previously observed despite 

large fluctuations in water MeHg concentrations (e.g. up to 58-fold increases in water 

MeHg concentrations only resulted in zooplankton log BAF varying by 0.5 log units; 

Rolfhus et al. 2011). Log BAF for planktivorous fish found in the present study were 

higher relative to planktivores from other subtropical and tropical lakes. Bighead Carp 

had a mean log MeHg BAF value of 6.59 (range 6.40 - 6.85), about 1 log unit higher than 

for planktivores in nearby Lake Taihu (Wang et al. 2012a) and tropical Lake Murray 

(Bowles et al. 2001). However, the log BAF for top predators (range 3.28 – 5.33) were 

slightly lower than Lake Taihu (MeHg BAF 5.7, Wang et al. 2012b) and tropical 

reservoir piscivores (4.66 – 5.73 O. Ouédraogo 2012) and 1-3 log units lower than top 

predators in a temperate eutrophic reservoirs (~6.32; Gilmour et al. 2008). This finding 

differs from the ~1 log unit increase between tropical planktivores and piscivores found 

in Bowles et al. (2001). The low BAF for top predators suggests that planktivores in these 

subtropical systems may be at higher risk of Hg accumulation because their diet is so 

closely linked to the planktonic food web. It also suggests that the Bighead Carp do not 

make up an important component of the diet of top predators. Although the diet items of 
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top predators (Family Chanodichthys) include Bighead and Silver Carp, these two 

planktivorous carp species are stocked at a size (10 - 15 cm) that makes them less 

vulnerable to predation. Often top predator species are also actively removed to decrease 

pressure on these economically valuable stocked species (Li and Xu 1995). Overall, the 

calculated BAF values here reflect elevated MeHg transfer into zooplankton and 

planktivorous fish. 

Lastly, high trophic transfer efficiency of MeHg between a predator-prey pair 

(Bighead Carp – zooplankton) was observed in subtropical reservoirs. Calculating BMF 

between predator-prey pairs can be difficult due to omnivory in many subtropical 

reservoir fishes (Chapter 2); Bighead Carp were the best candidate for determining a 

BMF given their consistent planktivorous diet (Zhou et al. 2009). The mean BMF based 

on MeHg concentrations was ~12.7 (range 3.4 – 19.3, excluding an outlier of 48.5; 

Figure 3.4) and were higher than TMF in all reservoirs (Table 3.5). These BMF values 

are higher than temperate stream and lake fishes with BMF means of ~4.5 (range 2 – 9.5; 

Jardine et al. 2013) and ~6.5 (range 4-8.5; Chen et al. 2000), respectively. We expect 

BMF values would be even higher had we accounted for phytoplankton in Bighead Carp 

diet (smaller denominator for Hgpredator/Hgprey), as phytoplankton were found to have 

lower Hg concentrations than zooplankton in a subtropical reservoir (Wang et al. 2011). 

These high BMF values may reflect elevated feeding rates of Bighead Carp (Kolar et al. 

2005), but we presume that concomitant rapid growth rates keep Bighead Carp from 

accumulating high Hg concentrations through growth dilution.  

 



 

 

87 

3.6 Conclusions 

To our knowledge, the present study is the largest data set of subtropical 

reservoirs to find evidence that eutrophication, as assessed by chl-a and TP, can lower Hg 

concentrations and Hg bioaccumulation. We find that HGM features are important 

determinants of nutrient and Hg inputs, and reservoirs most susceptible to Hg 

contamination are in high elevation, forested watersheds, with short WRT. We 

hypothesize these reservoirs receive higher atmospheric Hg deposition and input of 

nutrients that are not bioavailable, preventing algal blooms that could reduce Hg transfer 

in the food web. Further research is needed in subtropical reservoirs to characterize 

factors affecting algal growth and MeHg distribution in water, to aid in the identification 

of reservoirs prone to lower Hg bioavailability for developing fisheries.  
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Table 3.1 Expected outcomes of mercury (Hg) concentrations in water and biota (zooplankton and fish), Hg bioaccumulation factors 
(BAFbiota) and Hg biomagnification (biomagnification factor, BMF or trophic magnification factor, TMF) against effect of 
eutrophication (i.e. chlorophyll-a (chl-a), total phosphorous (TP) or zooplankton density) and/or hydrogeomorphic (HGM) features at 
the catchment (HGM:catchment) and basin (HGM:basin) scale. 
 

Response 
variable 

Predictor 
category 

Hypothesized mechanism Predictor variable(s) and hypothesized 
direction of effect 

Ref 

Hgbiota Trophic status Plankton density and somatic growth dilution Chl-a, Zooplankton density, TP - 1,2 

  Higher MeHg production with increasing carbon 

availability and bacterial activity 

 + 3 

BAFbiota  Lower MeHg assimilation efficiency with increasing 

carbon, higher dissolved organic carbon  

 - 4,5 

  Higher MeHg availability due to higher MeHg production  + 6 

BMF, 

TMF 

 Mechanisms proposed above resulting in higher or lower 

Hgbiota 

 -/+ 7 

Hgwater Land use/cover Higher % forest cover (lower % crop cover) scavenges 

atmospheric Hg 

% crop - 8 

 HGM:catchment Higher atmospheric deposition with larger catchment to 

surface area  

Catchment:surface area (CA:SA) + 9 

  Higher water temperatures promote methylation  Reservoir volume - 10 

 HGM:basin Higher nutrient and contaminant input Water retention time (WRT) - 11 

  Higher atmospheric deposition Elevation + 12 
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Table 3.1 continued  

Response 
variable 

Predictor 
category 

Hypothesized mechanism Predictor variable(s) and hypothesized 
direction of effect 

 Ref 

Hgbiota Land use/cover Higher nutrient input % crop -/+ 13 

 HGM:catchment Higher atmospheric deposition Catchment:surface area (CA:SA) - 9 

  Higher fish metabolic rates in warmer water Reservoir volume - 10 

 HGM:basin Higher nutrient and contaminant input Water retention time (WRT) - 11 

  Higher atmospheric deposition Elevation + 12 
 

1Chen and Folt 2005; 2Essington and Houser 2003; 3 Lin et al. 2012; 4Tsui and Wang 2004; 5Gorski et al. 2008; 6 Stewart et al. 2008; 7Lavoie et al. 

2013; 8 Evers et al. 2007; 9 Drevnick et al. 2012; 10 Bodaly et al. 1993; 11Kalff 2002; 12Dittman and Driscoll 2009; 13Bremigan et al. 2008.  
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Table 3.2 Physical, chemical and biological characteristics of reservoirs sampled in eastern China (see Figure 3.1 for reservoir names 
and locations). Surface area (SA), catchment area to surface area ratio (CA:SA), reservoir volume, mean water level (i.e. elevation) 
and water retention time (WRT) were taken from published literature. Total phosphorous (TP), total nitrogen (TN), chemical oxygen 
demand (COD), Secchi depth (SD), chlorophyll-a (chl-a), zooplankton (zoop) density and biomass and % forest and crop cover 
measured in this study. See Figure 3.1 for reservoir codes. 
 

Reservoir 

code 

SA 

(km2) 

CA:SA Volume 

(x109m3) 

Elevation 

(m) 

WRT 

(days)a 

TP  

(mg/L) 

TN  

(mg/L) 

COD  

(mg/L) 

SD 

(m) 

 

Chl-a  

(µg/L)e 

Zoop  

density 

(ind/L) 

Zoop  

biomass  

(mg/m3) 

% 

Forest  

cover 

% 

Crop  

cover 

F 20 92.0 0.364 124 100 0.069b  1.09c 2.4d 5.0 1.9 6.7 184.7 85.4 10.9 

H 4.5 34.4 0.112 32 460 0.017 2.45 2.7 4.0 2.9 14.5 44.0 43.9 41.6 

L 50 22.2 0.516 68 335 0.078 1.13 3.7 2.0 8.2 8.1 56.0 70.7 24.8 

M 62.9 31.3 1.245 126 323 0.087 1.21 2.8 3.5 1.8 3.8 82.7 77.4 16.2 

Q 580 18.1 17.84 37 700 0.018 0.62 1.3 5.5 1.5 8.0 101.0 64.2 24.4 

S 5.5 18.7 0.0795 16 484 0.012 0.68 3.2 1.4 6.5 8.9 33.0 62.6 19.5 

T 6.7 22.2 0.109 19 580 0.020 1.14 3.6 1.1 23.7 4.0 19.7 35.5 46.8 

 
aWRT = reservoir volume/mean outflow rate. bMean of 2 samples TP range = 0.067 – 0.71. cMean of 2 samples TN range = 1.04 – 1.13. dMean of 

2 samples COD range = 2.1 – 2.6 mg/L. eAll samples represent means of replicate samples. 
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Table 3.3 Concentrations of total mercury (THg) and methylmercury (MeHg) in water (ng/L), zooplankton, Bighead Carp and top 
predators (ng/g) from subtropical reservoirs sampled in eastern China. See Figure 3.1 for reservoir codes. 
 

Reservoir  
code 

Watera  Zooplanktonb   Bighead carpc  Top predatord 

THg MeHg  % MeHg  THg 
 

MeHg  
 

% MeHg  THg ± SE  MeHg ± SE   Log THg ± SE 

F 40 0.02 0.04  73.0 43.8 60.0  804 ± 272  758 ± 244  776 ± 1 

H 0.8 0.01 0.9  27.6 8.50 30.8  140 ± 7.77 119 ± 6.17  398 ± 1 

L 40 0.01 0.04  34.2 20.4 59.6  306 ± 20.0 276 ± 28.8  363 ± 1 

M 20 0.01 0.04  48.3 17.4 36.0  348 ± 39.2 335 ± 44.0  692 ± 1 

Q 0.6 0.01 1  71.3 25.5 35.8  276 ± 31.9 229 ± 39.8  646 ± 1 

S 1 0.01 0.7  56.9 27.8 48.9  119 ± 20.1 93.4 ± 19.4  275 ± 1 

T 1  0.02 2  14.9 5.80 38.9  310 ± 43.5 281.2 ± 41.9  363 ± 1 

 
a n = 1 at each reservoir b n = 1 (combined from 3 tows) at each reservoir cBighead Carp are presented as raw data (not size-adjusted), see text for 

details dSize-adjusted values (least squares means) ± standard error (SE) based on dry weight, see text for details.

 
 
 
 
 
 
 



 

 

92 

Table 3.4 Trophic state indices (TSI) for subtropical reservoirs sampled in eastern China. Phosphorous (P) limitation is indicated by 
TSIChl-a – TSITP >0 and TSITN > TSITP; nitrogen (N) limitation is indicated by TSIChl-a – TSITN >0 and TSITN < TSITP. Limitation by 
non-algal turbidity (i.e. light) is expected when TSIChl-a  – TSISD < 0. The trophic state is assigned based on TSIChl-a. See Figure 3.1 for 
reservoir codes. 
 
Reservoir 

code 
TSIChl-a TSITP TSITN TSISD TSIChl-a – 

TSITP 
TSIChl-a – 

TSITN 
TSIChl-a  –

TSISD 
Trophic state Possible limiting 

factor 

F 36.5 65.2 55.7 36.8 -28.7 -19.2 -0.3 Oligotrophic Non-algal turbidity 

H 40.4 45.0 67.4 40.0 -4.6 -27.0 0.4 Oligotrophic - 

L 49.9 34.1 56.2 50.0 15.8 -6.3 -0.1 Mesotrophic P, Non-algal turbidity 

M 36.0 68.5 57.2 41.9 -32.6 -21.2 -5.9 Oligotrophic Non-algal turbidity 

Q 34.3 45.8 47.6 35.4 -11.5 -13.2 -1.1 Oligotrophic Non-algal turbidity 

S 47.8 40.0 48.9 55.1 7.8 -1.1 -7.4 Mesotrophic P, Non-algal turbidity 

T 59.7 47.3 56.3 58.6 12.3 3.3 1.0 Eutrophic P, N 
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Table 3.5 Linear regression of log total mercury (THg; ng/g dw) versus G15N  (‰).  Letters  
indicate regression slopes that are significantly different based on analysis of covariance. 
See text for details and Figure 3.1 for reservoir codes. 
 

Reservoir 
code 

TMF THg vs. G15N R2 R2
adj p n 

Mean (95% CI) Mean Slope (95% CI)    

F 1.7 (1.3 – 2.2) 0.08 (0.04 – 0.12)a 0.19 0.18 0.0001 73 

H 1.5 (1.0 – 2.2) 0.06 (0.00 – 0.12)ab 0.30 0.23 0.0651  12 

L 2.0 (1.6 – 2.6) 0.11 (0.07 – 0.15)a 0.28 0.27 <0.0001 88 

M 1.7 (1.2 – 2.2) 0.08 (0.03 – 0.12)ab 0.15 0.13 0.0022 62 

Q 2.3 (1.8 – 2.8) 0.13 (0.09 – 0.16)a 0.32 0.31 <0.0001 93 

S 1.1 (1.0 – 1.4) 0.02 (0.00 – 0.05)b 0.03 0.01 0.1467 83 

T 1.6 (1.2 – 2.0) 0.07 (0.03 – 0.11)a 0.17 0.16 0.0008 61 
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Table 3.6 Significant multiple linear regression models explaining variation in total Hg (THg) and methylmercury (MeHg) 
concentrations in water, zooplankton and top predators from reservoirs of eastern China using predictor variables from three 
categories: trophic status, hydrogeomorphic (HGM) features and land use (see Table 3.1). Number of observations for all models is 7; 
slope coefficient estimates and standard error (SE) are provided. V2 is the residual sum of squares divided by the number of 
observations. Abbreviations: water retention time (WRT), chlorophyll-a (chl-a). 
 

Response  
variable 

Predictor  
category 

Predictor  
variable 

Parameter estimates   Model 

Estimate SE p  V2 AICc R2 R2
adj p 

Log Water THg HGM:basin WRT -0.0038  0.00   0.16 20.99 0.75 0.70 0.012 

  Log Elevation 2.0 0.53   0.16 20.97 0.75 0.70 0.012 

Log Zooplankton THg Land use % Crop -0.017 0.00   0.01 2.66 0.78 0.74 0.0080 

Trophic status Log Chl-a -0.45 0.16   0.02 6.68 0.62 0.54 0.037 

Land use &  

Trophic status 

% Crop & 

Log Chl-a 

-0.012 

-0.22 

0.00  

0.12 

0.040 

0.14 

 0.01 12.42 0.88 0.82 0.014 

Log Zooplankton MeHg Land use % Crop -0.022 0.0038   0.01 1.98 0.87 0.84 0.0022 

Log Top Predator THg HGM:basin Log Elevation 0.37 0.13   0.01 1.58 0.61 0.53 0.038 

Trophic status Log Chl-a -0.30 0.11   0.01 2.11 0.58 0.50 0.046 

HGM:basin & 

Trophic status 

Log Elevation & 

Log Chl-a 

0.24 

-0.18 

0.15 

0.12 

0.18 

0.22 

 0.01 12.58 0.75 0.62 0.064 
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Figure 3.1 Location of reservoirs sampled in eastern China. Dark gray area in upper 
panel indicates watershed area, colours in lower panel indicate land use/cover. Reservoir 
codes are given in parenthesis. Note: reservoirs are not to scale in the lower panel. 
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Figure 3.2 Log total mercury (THg) concentrations in zooplankton (open circles) and 
size-adjusted top predators (closed circles) versus log chlorophyll-a (chl-a). See Figure 
3.1 for reservoir codes. 
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Figure 3.3 A. Log Bioaccumulation factor (BAF) for total mercury (THg) in zooplankton 
versus log total phosphorous (TP) and B. Log total Hg concentrations in water versus log 
TP. See Figure 3.1 for reservoir codes. 
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Figure 3.4 Mean (rSE) biomagnification factor for total mercury (closed circles) and 
methylmercury (open circles) versus log chlorophyll-a (chl-a). See Figure 3.1 for 
reservoir codes. 
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Figure 3.5 Log zooplankton total mercury (THg) vs. zooplankton density (individuals/L) 
in >202 µm size fraction. Data points represent individual temperate lakes (closed circles) 
from Chen and Folt (2005) and subtropical reservoirs (open circles) from the present 
study. 
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Chapter 4  

Effect of eutrophication on Hg, Se, and essential fatty acids in Bighead 

Carp (Hypophthalmichthys nobilis) from reservoirs of eastern China 

4.1 Abstract 

Analyses of the risks and benefits of consuming fish assess the content of 

beneficial fatty acids found in fish relative to harmful pollutants such as methylmercury 

(MeHg). Quantifying the effect of eutrophication on mercury (Hg), selenium (Se) and 

essential fatty acids (EFA) in fish is necessary to determine how measures of risk vary 

with productivity. Total Hg and MeHg, Se and fatty acids, including the EFA 

eicosapentaenoic acid (EPA, 20:5n-3) and docosahexaenoic acid (DHA, 22:6n-3), were 

analyzed in Bighead Carp (Hypophthalmichthys nobilis) dorsal muscle tissue from seven 

subtropical reservoirs of eastern China. Individual elements and fatty acids, as well as 

derived measures of risk (Se:Hg and hazard quotient, HQEFA) were compared to 

indicators of eutrophication, including total phosphorous (TP), chlorophyll-a (chl-a) and 

phytoplankton species composition. We found low MeHg concentrations (range = 0.018 

– 0.13 µg/g ww) and Se concentrations (range = 0.12 – 0.28 µg/g ww), and Se:Hg molar 

ratios that were well above 1.0, indicating a low risk of Hg toxicity. Bighead Carp had a 

high content of total polyunsaturated fatty acids (∑PUFA = 44.2 – 53.6 %), which 

included both EPA (6.9 – 12.5 %) and DHA (16.1 – 23.2 %). However, fish had 

significantly lower Se:Hg molar ratios in reservoirs with high TP, and lower EPA content 

with increasing plankton density (i.e. higher chl-a). Phytoplankton species composition 
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predicted Se concentrations, but not Hg concentrations or EFA content. Overall, Hg 

concentrations in Bighead Carp were very low relative to consumption guidelines, and Se 

concentrations were adequate to confer protective benefits against MeHg toxicity. Our 

findings suggest that changes to plankton species composition and density with 

eutrophication may result in fish of lower nutritional value and thus increase risks to fish 

consumers by changing the availability of Se and EPA relative to MeHg.  

 

4.2 Introduction 

Balancing the benefits and the risks of fish consumption has become difficult 

(FAO/WHO 2011). Fish contain omega-3 (n-3) long chain (≥ 20 carbons) 

polyunsaturated fatty acids (PUFA) that humans cannot synthesize in amounts necessary 

to maintain optimal health and development (Arts et al. 2001, Lands 2009). Specifically, 

fish are important sources of eicosapentaenoic acid (EPA, 20:5n-3) and docosahexaenoic 

(DHA, 22:5n-3) referred to as essential fatty acids (EFA) because of their role in 

neurological development. Current widespread pollution, especially from mercury (Hg), 

threatens the benefits imparted by fish to humans and wildlife (NWF 2006, Mahaffey et 

al. 2011). Fish species vary in their EFA and Hg content and consumers are advised to eat 

fish with higher EFA content relative to Hg to maximize their health benefits while 

simultaneously minimizing their exposure to the neurotoxicant methylmercury (MeHg; 

Mahaffey et al. 2011). The toxicity of MeHg may be reduced in the presence of selenium 

(Se), an essential trace element (Lemire et al. 2010), with protective effects expected 

when molar ratios of Se to Hg (Se:Hg) exceed 1 (Ralston 2008). To provide a balanced 
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risk-benefit analysis of a given fish species, it is useful to quantify EFA and Se content 

relative to Hg concentrations. For example, in addition to comparing fish Hg 

concentrations to consumption guidelines, risk can be assessed using the Se:Hg molar 

ratio, or measures of MeHg relative to  beneficial EFA (EPA+DHA) content (such as the 

hazard quotient, HQEFA proposed by Gladyshev et al. 2009). Determining what factors 

affect how measures of risk vary in aquatic organisms will provide critical public health 

information.   

 Cultural eutrophication, the excessive plant growth observed due to nutrient 

enrichment from human activities, is one of the primary stressors facing aquatic 

ecosystems (Smith and Schindler 2009). Eutrophication is likely to impact the outcome 

of risk-benefit analyses in fish, because primary producers play a key role in determining 

fatty acid, Hg, and Se availability in aquatic systems. Algae and, to a lesser extent fungi, 

are the only organisms capable of inserting the n-3 and omega-6 (n-6) double bond in 

fatty acids. Animals cannot synthesize alpha-linolenic acid (ALA; 18:3n-3) or linoleic 

acid (LIN; 18:2n-6) and, although they can convert these fatty acids to their long chain 

PUFA analogs (EPA, DHA and arachidonic acid, ARA, 20:4n-6), they do so with 

variable efficiency. Not all phytoplankton and zooplankton make the same amounts and 

kinds of fatty acids. For example, EPA is used as a biomarker of diatoms and 

cryptophytes due to their high content of this essential fatty acid (Ahlgren et al. 1992).  

Within the cyanobacteria, some groups have higher amounts of n-3 fatty acids (e.g. 

Oscillatoria and Microcystis) compared to others (e.g. Anabaena and Spirulina; Ahlgren 

et al. 1992). Plankton biomass is also important to estimate EPA content (Hartwich et al. 
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2012), and eutrophic conditions showed reduced EPA and DHA content in seston and 

zooplankton in both field and experimental settings (Müller-Navarra et al. 2004, Ravet et 

al. 2012). Thus, changes in algal species composition and density with eutrophication 

affect the availability of fatty acids to higher trophic level consumers. If eutrophication 

did not affect fish contaminant burden, we expect that the measures of risk posed by 

contaminants relative to beneficial fatty acids (e.g. HQEFA, Gladyshev et al. 2009) would 

increase.  

 Eutrophication can also affect the availability of Hg and Se to upper trophic levels 

because phytoplankton biomass and species composition affect bioaccumulation of these 

elements from water. Algae can bioconcentrate both Hg (104 to 105; Pickhardt and Fisher 

2007) and Se (up to 106; Baines and Fisher 2001). This process involves passive uptake 

for both inorganic and MeHg (Mason et al. 1996), but is non-passive and species specific 

for Se (Stewart et al. 2010). Higher plankton biomass present in eutrophic conditions can 

reduce Hg biomagnification, a process known as algal biodilution, resulting in lower Hg 

concentrations in fish (Chen and Folt 2005, Foe and Louie 2014). Eutrophic conditions 

can increase growth and biomass at the community level, which could also further reduce 

Hg biomagnification. It has yet to be fully determined how Se and eutrophication interact 

(Young et al. 2010). To date, Se availability in freshwater appears to be a function of 

habitat type. Lentic habitats enhance the availability and transfer of Se to fish relative to 

lotic habitats (Orr et al. 2006, Stewart et al. 2010) due to the longer water retention times 

and more reducing conditions found in lentic environments, which enhance the 

production of bioavailable (i.e. organic forms) Se (Orr et al. 2006, Stewart et al. 2010). 
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Overall we predict fish Hg concentrations to be lower with increasing eutrophication. If 

Se concentrations stay constant, this should result in lower risk to fish consumers with 

increasing eutrophication, as indicated by higher Se:Hg molar ratios. However, given that 

algal species composition, and thus Se availability, changes with eutrophication, we 

expect these differences to also be reflected in the Se:Hg molar ratios of higher trophic 

level consumers, such as planktivorous fish.  

The main objective of this study was to assess how measures of risk from fish 

consumption vary with eutrophication. Total Hg (THg), MeHg, Se and fatty acid 

concentrations were measured in the planktivore Bighead Carp (Hypophthalmichthys 

nobilis) from seven subtropical reservoirs of eastern China. The concentrations of Hg, Se 

and fatty acids, as well as measures of risk (Hg:Se and HQEFA) were compared to 

measures of eutrophication, specifically total phosphorous (TP), chlorophyll-a (chl-a), 

and changes in phytoplankton species composition. We assessed overall risk versus 

benefit by considering, 1) fish Hg concentrations relative to Hg consumption guidelines 

and a calculation of tolerable weekly intakes, 2) Se:Hg molar ratios (Se:THg and 

Se:MeHg), and 3) hazard quotients based on EFA and MeHg (HQEFA; Gladyshev et al. 

2009).  

 

4.3 Materials and Methods 

4.3.1 Reservoir descriptions 

We sampled Bighead Carp from 7 reservoirs of eastern China in June and August 

2011 (Figure 4.1, Table 4.1). These reservoirs were oligotrophic to eutrophic (based on 
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chl-a), with algal growth limited by differing factors among reservoirs such that no 

correlation was observed between chl-a and TP (Chapter 3). Hydrogeomorphic features 

(e.g. water retention time) were an important determinant of nutrient and Hg 

concentrations in these reservoirs (Chapter 3), causing two clear groupings, those with 

shorter water retention times that are more lotic-like (high TP reservoirs) and those with 

longer water retention times that are more lentic-like (low TP reservoirs). Although our 

indicators of eutrophication, TP and chl-a, were not correlated, we used both of these 

indicators to represent eutrophication because the lack of correlation between TP and chl-

a may be a common occurrence in Chinese subtropical reservoirs (Xu et al. 2010). 

Furthermore, often studies use only one of these indicators to represent eutrophication so 

we present both for comparison to the literature.  

 

4.3.2 Field sampling 

Bighead Carp were selected for this study because they are planktivorous, a 

ubiquitous species in Chinese reservoirs, and are among the most frequently consumed 

fish in the region (Li and Xu, 1995, Zhou et al. 2009, Fang et al. 2012). Bighead Carp are 

stocked as fingerlings (~13 cm) in reservoirs and they consume natural plankton 

resources within the reservoir (Li and Xu 1995). Fish were collected live from fishermen 

or local markets. We attempted to sample individuals of varying lengths at each reservoir, 

but in most cases only a narrow range of lengths were available (Table 4.2). In the field, 

total length and weight of individual fish were recorded (means by reservoir presented in 

Table 4.2 and 4.4), and a sample of dorsal muscle tissue taken for Hg and Se analyses, 
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and a separate sample for fatty acid analyses. Tissue samples were immediately frozen in 

the field and those for fatty acid analyses were stored at – 80 °C.  

Chlorophyll-a and TP were measured in each reservoir (as in Chapter 3). Briefly, 

separate surface water samples (1 m depth) taken with a 1-L van Dorn were dispensed 

into clean brown polyethylene bottles for chl-a analyses and acid-cleaned, clear 

polyethylene bottles for TP analyses. Samples for chl-a were filtered through 0.45 µm 

GF/C filters in the field and the filters frozen in tin foil. Water samples for TP were 

frozen in the field until analyses within one week of collection. The chl-a analyses were 

carried out at McMaster University (Ontario, Canada) following Chow-Fraser (2006); 

sample analyses for TP followed the potassium persulfate digestion and ammonium 

molybdenum spectrophotometric method (State Environmental Protection of China 1990) 

with UV spectrophotometry at the Shanghai Environmental Monitoring Center 

(http://www.semc.gov.cn/home/english.aspx Shanghai, China). 

 

4.3.3 Metal analyses 

Total Hg and MeHg concentrations in fish samples were anlayzed by the 

Laboratory for the Analysis of Natural and Synthetic Environmental Toxins (LANSET) 

at the University of Ottawa (Ontario, Canada). Fish dorsal muscle samples (~1 g) were 

oven-dried at 60 ˚C for 48 h and homogenized using a mortar and pestle. Percent water 

loss was later used to convert individual dry weight (dw) concentrations to wet weight 

(ww; mean (± standard deviation, SD) of 81.5 ± 4.1% water, n = 34). Total Hg 

concentrations were measured in samples (~1 mg) using a direct thermal decomposition 
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Hg analyzer, with a method detection limit of 0.012 ng/g. Duplicates had a relative 

percent difference (the difference between two duplicates divided by the mean) of 4 % (n 

= 24). Quality assurance included National Research Council of Canada certified 

reference materials (CRM, reported as mean ± SD) DORM-4 (fish protein; 96.5 ± 5.0 % 

recovery, n = 7), DOLT-4 (dogfish liver; 97.3 ± 0.4 % recovery, n = 3) and TORT-2 

(lobster hepatopancreas; 93.5 – 99.4 % recovery, n = 2). Fish MeHg was extracted into 

dichloromethane and subsequently quantified by capillary gas chromatography coupled 

with cold vapour atomic fluorescence spectrometry (Cai et al. 1997). Recovery of MeHg 

in CRM was 95.5 ± 2.7 % for DORM-4 (n = 4), 92.6  ± 3.7 % for DOLT-4 (n = 3) and 

99.8 % for TORT-2 (lobster hepatopancreas; n = 1). The method detection limit for 

MeHg was 0.016 ng/g.  

 

4.3.4 Selenium analyses 

Selenium concentrations were measured following CALA accredited methods at 

the Analytical Services Unit at Queen’s University (Ontario, Canada). Briefly, 0.5 g of 

tissue was brought to a final volume of 12.5 ml using a hotplate aqua regia digestion 

method. After digestion and filtration, the samples were analyzed using hydride 

generation atomic absorption spectroscopy on a Varian VGA-77 (Varian Australia Pty. 

Ltd, Mulgrave, Victoria, Australia). Recovery of CRM DOLT-4  (88 ± 6 % recovery, n = 

4) and TORT-2 (82 – 98 % recovery, n = 2), and the relative percent difference of 

duplicates (average = 24 %, n = 6) met quality control criteria. The detection limit was 
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<0.2 µg/g dw. We report Se concentrations as ww, using moisture content for individual 

fish as described above.  

 

4.3.5 Lipid and fatty acid analyses 

Fish samples stored at -80 °C were freeze-dried and weighed using a 

microbalance precise to 1 µg (dry weight of sample range = 23.615 – 47.896 mg; mean ± 

SD = 37.317 ± 8.068 mg). Lipids were extracted from tissues by first homogenizing 

samples in 2 ml of 2:1 choloroform:methanol (Folch et al. 1957). The lipid extract was 

brought to a final volume of 8 mL with 2:1 chloroform:methanol. Next, 1.6 mL of NaCl 

(0.9 %) was added, the phases were mixed, centrifuged (2,300 rpm at 4 ˚C), and the 

upper layer removed. The solvent layer was evaporated under nitrogen gas, redissolved in 

2 mL of 2:1 chloroform:methanol, and the % total lipid (on a dw tissue basis) was 

determined gravimetrically. Fatty acid methyl esters were quantified by adding sulfuric 

acid in methanol (1:100 mixture), flushing the headspace with nitrogen gas, and 

incubating 16 h in a water bath at 50 ˚C. Once the samples had cooled, potassium 

hydrogen carbonate, hexane:diethyl ether (1:1), and butylated hydroxy toluene (0.01 %) 

were added, and the vials then vortexed and centrifuged. The upper organic layer was 

transferred to another centrifuge tube; hexane:diethyl ether (1:1) was added to the 

original tube, which was shaken, vortexed and centrifuged. Fatty acid methyl esters were 

evaporated under nitrogen gas, dissolved in hexane, and transferred to amber glass GC 

vials. Analysis was carried out by a gas chromatograph equipped with a flame-ionization 

detector (GC-FID; Agilent HP6890, Agilent Technologies, Inc., Wilmington, Delaware, 
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USA) as described previously (McMeans et al. 2012, Kim et al. 2014). We reported any 

individual fatty acid that exceeded 3 % (> 1µg/mg) of total lipids. We were especially 

interested in the EFA eicosapentaenoic acid (EPA; 20:5n-3), docosahexaenoic acid 

(DHA;22:6n-3), and arachidonic acid (ARA; 20:4n-6) and their precursors linoleic acid 

(18:2n-6c), γ-linolenic acid (18:3n-6), and α-linoleic acid (18:3n-3). The total saturated 

fatty acids (∑SAFA), total monounsaturated fatty acids (∑MUFA) and total 

polyunsaturated fatty acids (∑PUFA), as well as total omega-3 (∑n-3) and omega-6 (∑n-

6) and the ratio of total omega-3 to omega-6 (n-3:n-6) were also reported. 

 

4.3.6 Statistical analyses 

All statistical analyses were performed using JMP (Version 11.0; SAS Institute 

Inc., Cary, North Carolina, USA). Where necessary, variables were log-transformed to 

meet assumptions of normality for parametric tests. An analysis of variance (ANOVA) 

revealed significant differences in fish total length among sites (ANOVA, F = 20.6, p < 

0.0001, n = 34). Due to non-overlap in fish total length among reservoirs, no direct 

among-site comparisons (i.e. ANOVA) of Hg or fatty acids were made. One individual 

fish had a fatty acid profile determined to be an outlier (all fatty acid concentrations an 

order of magnitude higher than all other individuals) and was removed from all analyses 

and summary statistics of fatty acids. However, this individual fish was not an outlier for 

Hg or Se and was included in data for those elements. The fatty acid content of Bighead 

Carp dorsal muscle tissue is presented as µg fatty acid/mg dry tissue  (abbreviated as 

µg/mg dw) and as relative proportions compared to the total fatty acid (expressed as %).  
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Selenium:mercury molar ratios (Se:THg and Se:MeHg) of individual fish were 

calculated (by dividing Se, THg and MeHg concentrations (µg/g) by 78.96, 200.59 and 

215.63, respectively, and then dividing Se molar ratios by THg or MeHg molar ratios) 

and then averaged to get a mean Se:Hg value for each reservoir. Sample sizes were too 

small for within reservoir comparisons of Se:Hg molar ratios and fish length, and when 

all fish from all reservoirs were combined, no significant effect of fish total length was 

found for either Se:THg or Se:MeHg (p > 0.05). This lack of correlation could be due to 

differences in growth rates among reservoirs, but we do not have growth rates to test this 

assumption.  

The risk of fish consumption was determined by calculating a tolerable weekly 

intake based on MeHg concentrations (Ouédraogo and Amyot 2013):  

A = W x I/C 

where A = the amount (g) of a fish that can be safely eaten on a weekly basis, W = 

average body weight (65 or 70 kg for an adult woman or man, respectively), I = tolerable 

weekly intake of Hg (µg/kg body weight) and C = MeHg concentration in fish (µg/g). 

A measure of risk vs. benefit was calculated following Gladyshev et al. (2009). 

The hazard quotient (HQEFA) for fish consumption takes into account the recommended 

dose of EFA as follows:  

HQEFA = 
!!"#!×!!!"#$

!!!"#×!!"#!×!!"
 

where REFA = the recommended dose of 500 mg/day of EFA (EPA + DHA; Kris-Etherton 

et al. 2009),  CMeHg = metal content in a given fish (µg/g ww), CEFA = EPA + DHA 

content in a given fish (mg/g ww), RfD = reference dose for MeHg of 0.1 µg/kg/day (US 
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EPA 2001c) and AW = average weight of an adult individual (kg), set to 70 kg. An 

HQEFA < 1 indicates no risk (Gladyshev et al. 2009). For this calculation only, we used 

EPA and DHA concentrations on a ww basis for consistency with the literature, 

converted using individual fish moisture content as described above for Hg and Se.  

To test for differences with eutrophication, THg and MeHg, Se, fatty acid and 

Se:Hg molar ratios and HQEFA were plotted against log chl-a and log TP using linear 

regression analyses. Phytoplankton community composition was quantified from species 

presence/absence data (Table C1 and Figure C1) using principal components analysis on 

covariances. We then took the PC1 axis score and used it as a predictor variable to test 

for an effect of changes in species composition on Hg, Se, fatty acid content and Se:Hg 

molar ratios and HQEFA. The significance level for all tests was set at p < 0.05.  

 

4.4 Results 

4.4.1 Mercury, selenium and fatty acid content 

Both mean THg and MeHg concentrations in Bighead Carp varied from 0.024 to 

0.14 µg/g, representing more than a 5-fold variation among reservoirs (Table 4.2). Within 

reservoir variation ranged from ~ 1.5 to 3-fold. Mean % MeHg ranged between 77 to 96 

% (Table 4.2). All individuals sampled were well below the FAO/WHO (2007) limit of 

0.5 µg/g THg and the US EPA (2001b) consumption guideline of 0.3 µg/g THg.  Tissue 

concentrations below 0.2 µg/g ww in juvenile or adult fish are unlikely to cause adverse 

effects (Beckvar et al. 2005). Only 3 individual fish (~9 % of samples) had 
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concentrations exceeding 0.1 µg/g (range = 0.11 to 0.12 µg/g), therefore no adverse 

effects on Bighead Carp are expected.  

Bighead Carp mean Se values ranged from 0.10 to 0.28 µg/g, with among and 

within site variation ranging from ~ 3-fold and up to a 2-fold difference, respectively 

(Table 4.2). None of the individual concentrations exceeded the Se whole-body toxicity 

threshold for fish of ~ 4 µg/g ww (Hamilton 2004). The maximum Se concentration was 

0.3 µg/g, far below the 0.75 µg/g ww toxicity threshold to piscivorous wildlife (Lemly 

2002). The mean molar ratios of Se:Hg among sites ranged from 3.07 to 23.92 for 

Se:THg and 3.41 to 30.28 for Se:MeHg; only one individual fish had Se:Hg < 1.   

Total fatty acid content ranged from 16.5 to 27.8 µg/mg dw at all reservoirs 

(Table 4.3A); mean % lipid determined by gravimetric analysis ranged between 4 and 5 

% of dw. The mean percent of EPA and DHA ranged from 6.9 to 12.5 % and 16.1 to 

23.2%, respectively (see Table 4.3A for content in µg/mg dw). The mean percent of ARA 

ranged from 8.0 to 12.1 % (Table 4.3B), while mean percent of α-linoleic acid, γ-linoleic 

acid, and linoleic acid were each below 3% at all reservoirs (not reported). At all 

reservoirs, the mean ∑SAFA (~27-29 %) exceeded the mean proportion of ∑MUFA 

(~13-22 %). The mean ∑PUFA proportion ranged from ~44 to 54 % (Table 4.3B).  The 

total n-3 and n-6 among all reservoirs ranged between 5.3 to 9.3 and 1.9 and 3.3 µg/mg 

dw, respectively, and n-3:n-6 ratios varied from 2.1 to 3.1 (Table 4.3A).  
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4.4.2 Effect of eutrophication 

Chlorophyll-a and TP showed no significant correlations with Hg (THg and 

MeHg) and Se concentrations. However, both molar ratios of Se:THg (R2 = 0.79, F = 

19.18, p = 0.007, n = 7, not shown) and Se:MeHg showed significant negative 

correlations with log TP (Figure 4.2A; R2 = 0.79, F = 18.73, p = 0.008, n = 7). The 

reservoirs clearly grouped into low and high TP reservoirs (Figure 4.2A); these same 2 

groups were evident in the correlation between PC1 scores based on phytoplankton 

composition and log TP (Figure 4.2B; R2 = 0.86, F = 30.61, p = 0.003, n = 7). A positive 

trend, but non-significant, was observed between log HQEFA and log TP (p = 0.097). Log 

chl-a was a significant negative predictor of EPA (Figure 4.3.; R2 = 0.65, F = 9.31, p = 

0.028, n = 7). Log chl-a was not a significant predictor of Se:THg or Se:MeHg or HQEFA 

(p > 0.05). No other fatty acids presented in Table 4.3 were significantly correlated with 

either log chl-a or log TP. Phytoplankton species composition (as determined by PC1 

scores) showed a positive trend with log Se concentrations (Figure 4.4; R2 = 0.57, F = 

6.28, p = 0.054, n = 7). This relationship was significant when PC1 scores were derived 

using functional groups (Table C1) as opposed to species (R2 = 0.61, F = 7.78, p = 0.038, 

n = 7, not shown), which gives weight to the relationship observed in Figure 4.4. PC1 

scores (using phytoplankton species) were not significant predictors of Hg 

concentrations, Se:Hg molar ratios, HQEFA or any fatty acid presented in Table 4.3.  
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4.4.3 Risk-benefit analyses 

Two of the three risk-benefit analyses of Bighead Carp fish consumption 

suggested that the overall risk was low. Considering risk relative to Hg consumption 

guidelines alone, the mean tolerable weekly intake for Bighead Carp was > 2500 g/week 

for both an average adult woman or man (Table 4.4). When considering the effect of Se 

as well as Hg, all the reservoirs had Se:Hg ratios that exceeded the protective ratio of 1, 

while Se concentrations remained below toxicity thresholds. Only the third measure of 

risk, HQEFA, which takes into account the fish consumption required to achieve the daily-

required EFA (EPA+DHA) dose, exceeded the risk threshold in all 7 reservoirs (Table 

4.5). 

 

4.5 Discussion 

While many studies report Hg, Se and fatty acid content of fish, fewer studies 

report these concentrations simultaneously, and fewer still report how eutrophication 

affects these concentrations and derived measures of risk. Our first two objectives were to 

characterize the Hg, Se and fatty acid content of a common fish species from subtropical 

reservoirs, and then to determine the effect of eutrophication (through changes in chl-a, 

TP and phytoplankton species composition) on those concentrations. Eastern China has 

among the highest Hg emission and deposition rates in the world (Wu et al. 2006; Fu et 

al. 2012), yet muscle of Bighead Carp in our study contained low concentrations of Hg. 

Selenium concentrations were adequate against MeHg toxicity (i.e. high Se:Hg molar 

ratios), but were not themselves at toxic concentrations. Bighead Carp contained 
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moderately high EFA cconcentrations (average EPA+DHA of all Bighead Carp in this 

study = 119 mg/100 g) compared to terrestrial meats (EPA+DHA range = 5 – 30 mg/100 

g, Hibbeln et al. 2006), and similar EFA concentrations as other Cypriniformes 

(EPA+DHA range = 70 – 214 mg/100 g, Gladyshev et al. 2012). Overall, these findings 

demonstrate that Bighead Carp from eastern Chinese reservoirs are a source of EFA that 

presents a low risk of MeHg exposure. These results are consistent with Bighead Carp 

diet and physiology, and fishing pressure in Chinese reservoirs.  

 

4.5.1 Mercury concentrations 

Bighead Carp are known to feed on phytoplankton and zooplankton and thus 

occupy a low trophic level (Zhou et al. 2009). The low Hg concentrations observed here 

are consistent with low Hg accumulation in low trophic level fish compared to top 

predators (Cabana et al. 1994). Furthermore, Bighead Carp have a fast growth rate (Xie 

and Chen 2001) so that growth dilution may further reduce Hg concentrations in fish 

(Simoneau et al. 2005). Fast growth rates are thought to account for low Hg 

concentrations in tropical lake fishes, despite elevated Hg concentrations in water from 

industrial pollution (Poste et al. 2012). Total Hg concentrations reported here were within 

the range found for Bighead Carp in many studies of subtropical reservoirs from 

southwestern China (e.g. THg range = 0.007 – 0.315 µg/g, mean = 0.069 µg/g; Yan et al. 

2010) but were higher than a hypereutrophic subtropical lake in eastern China (THg 

range = 0.003 – 0.023 µg/g, mean = 0.011 µg/g; Wang et al. 2012a). The capture of 

Bighead Carp at a young age by intense fisheries (Li and Xu 1995) may explain these low 
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Hg concentrations, as age is a well-known predictor of Hg accumulation in fishes (Lange 

et al. 1994). 

 

4.5.2 Effect of eutrophication on Hg concentrations 

We expected to find a negative relationship between Hg concentrations in 

Bighead Carp and chl-a, as found for other fishes (Lange et al. 1993, Simonin et al. 

2008). Lower fish Hg concentrations with chl-a are often attributed to algal biodilution, 

whereby a constant amount of MeHg is distributed in a larger biomass of algae, resulting 

in reduced Hg biomagnification (Chen and Folt 2005, Foe and Louie 2014). Evidence for 

algal biodilution was previously documented within the planktonic food web of a 

subtropical Chinese reservoir (Wang et al. 2011), and THg concentrations in zooplankton 

and top predators in the same reservoirs as the present study were negatively predicted by 

chl-a (Chapter 3). The lack of relationship between Bighead Carp THg (or MeHg 

concentrations) and chl-a (or zooplankton density, Chapter 3) may be due to differences 

in growth rates among reservoirs, as accumulated Hg is ‘diluted’ in fish that grow faster 

(Simoneau et al. 2005). Further research is needed to understand how factors such as 

growth rate and age determine Hg accumulation in Bighead Carp from reservoirs in 

Eastern China. 

 

4.5.3 Selenium concentrations 

As with Hg, diet is also the primary exposure route for Se in fish. Se 

concentrations reflect algal species composition because of large interspecific variations 
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in Se content of primary producers (Riedel et al. 1991, Stewart et al. 2010). We found 

that phytoplankton species composition differed between high and low TP reservoirs, and 

that Bighead Carp Se concentrations reflected this change in species composition. 

Organisms such as Bighead Carp that remain planktivorous at all life stages are ideal 

sentinels of Se availability (Ponton and Hare 2013). The Se concentrations found here 

suggest no general risk to wildlife or human consumers due to Se toxicity in these 

reservoirs. We are unaware of any previous work on Se concentrations in reservoir fish 

from China. Our results are congruent with Se concentrations (0.30 µg/g) reported for the 

planktivorous Silver Carp (Hypophthalmichthys molitrix) collected in markets from 

major Chinese cities (Du et al. 2012). A study of a eutrophic lake in the Yangtze River 

watershed impacted by a chlor-alkali plant found high Se concentrations (Se range = 0.4 

– 1.5; Jin et al. 2006) in Silver Carp. Higher Hg concentrations were also found in fish 

from that impacted lake (Jin et al. 2006). This suggests the reservoirs studied here are not 

impacted directly (e.g. through effluents) by industrial pollution. 

 

4.5.4 Effect of eutrophication on Se concentrations 

In addition to diet, Se availability is affected by hydrology (Stewart et al. 2010). 

Our previous work on the reservoirs studied here showed that TP concentrations were 

higher in reservoirs with short water retention times (i.e. more lotic; Chapter 3). Also, no 

chl-a-TP relationship among the reservoirs was observed (Chapter 3). We show here that 

phytoplankton species composition reflects differences in hydrology among reservoirs (as 
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inferred from Figure 4.2B), with high TP reservoirs (i.e. more lotic) exhibiting a different 

phytoplankton species composition compared to low TP reservoirs (i.e. more lentic). 

We also find that phytoplankton species composition is a predictor of Se 

concentrations in Bighead Carp. These lines of evidence suggest that Se availability, as 

inferred from fish Se tissue concentrations (Orr et al. 2006), is a function of hydrology 

and phytoplankton species composition in subtropical reservoirs. These results are 

consistent with findings from a temperate watershed, where fish from lentic habitats had 

higher Se concentrations than fish from lotic habitats (Orr et al. 2006). The temperate 

study found that lentic habitats showed a greater formation of organoselenium and Se 

bioaccumulation in fish relative to lotic habitats (Orr et al. 2006). Under controlled 

conditions, phosphorous was found to limit Se accumulation by a freshwater alga and 

subsequent Se transfer to zooplankton (Yu and Wang 2004). Thus, interactions among 

nutrients, algal species composition and Se availability with habitat may explain our 

observation of significant decreases in Se:Hg molar ratios in high TP (i.e. short water 

retention time) reservoirs.  

 

4.5.5 Fatty acids 

Fish diet also determines, in part, EFA content in fish because algae are the 

primary organisms capable of inserting the n-3 and n-6 double bond in fatty acids. The 

overall lipid content of Bighead Carp suggests these are low fat fish (lipids comprised 4 – 

5 % dw). Lipid content of Bighead Carp did not vary widely, in contrast to the tropical 

planktivore Tilapia (Oreochromis niloticus) whose % lipid (dw) varied by up to 12-fold 
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(Zenebe et al. 1998). This large variation, which was greater than omnivorous species in 

that study, was hypothesized to be due to differences in phytoplankton species consumed 

(Zenebe et al. 1998). Thus, our results suggest that there is little variation in total lipid of 

plankton among reservoirs.  

In contrast, the fatty acid composition of plankton may differ among reservoirs. 

We found that n-3:n-6 ratios ranged between 2.1 and 3.1 (mean (±SE) = 2.7 ± 0.1, n = 

33), in good agreement with the mean n-3:n-6 of 2.8 ± 1.1 for temperate lake fishes 

(Ahlgren et al. 2009). Significant differences were observed in n-3:n-6 among feeding 

guilds in temperate lake fishes, with herbivorous-omnivorous fish containing the lowest 

n-3:n-6 (2.0) compared to carnivorous-piscivorous (2.5) and carnivorous – benthivorous 

fish (3.7; Ahlgren et al. (2009). The n-3:n-6 ratios we found fell within the range of all 

the feeding groups described by Ahlgren et al. (2009), despite Bighead Carp’s consistent 

diet of zooplankton and phytoplankton. High n-3 fatty acids (calculated in the same way 

as our study) in Bighead Carp dorsal muscle tissue were also found in the hypereutrophic 

Lake Taihu (Zhang et al. 2012b), which the authors proposed could be due to varying 

proportions of Microcystis availability in Bighead Carp diet. This algal group showed a 

highly variable n-3:n-6 ranging between 2-5 (Hayakawa et al. 2002). Thus our fatty acid 

results for Bighead Carp suggest these fish are eating different species or different 

proportions of phytoplankton species among reservoirs.  
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4.5.6 Effect of eutrophication on fatty acids  

Changes in phytoplankton species composition with eutrophication can affect 

fatty acid availability due to interspecific differences in phytoplankton fatty acid content 

(Iverson et al. 2009). For example, diatoms, cryptophytes and ciliates contain high 

amounts of EPA relative to other algal groups (Ahlgren et al. 1990, Hartwich et al. 2012). 

We observed that EPA content of Bighead Carp decreased with increasing chl-a (i.e. 

phytoplankton density), a result consistent with a decrease of EPA with increasing lake 

productivity (as indicated by TP in Müller–Navarra et al. 2004). However, we were 

unable to show that phytoplankton species composition (based on presence/absence data) 

was correlated with EPA or DHA content in Bighead Carp. Plankton biomass and species 

composition were used successfully to reconstruct past seston EPA content in Lake 

Constance (Hartwich et al. 2012). Future studies that account for abundances or biomass 

of certain plankton groups, especially of ciliates and diatoms (as in Hartwich et al. 2012) 

may provide further insight into the differences responsible for the varying EPA content 

of Bighead Carp found here with phytoplankton density. 

 

4.5.7 Comparison with Bighead Carp in North America 

The invasion of Bighead Carp into temperate regions, such as the Mississippi 

river system, allows for an interesting comparison to subtropical Bighead Carp. It is 

estimated that China’s Hg deposition rates are significantly higher than in North America 

and Europe (Fu et al. 2012), and the expectation is that Hg concentrations in fish should 

also be higher. Concentrations of THg in Bighead Carp from the Mississippi River (range 
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= 0.03 – 0.13 µg/g; maximum concentration measured in an individual fish = 0.34 µg/g; 

Rogowski et al. 2009) were very similar to those measured in eastern China’s subtropical 

reservoirs (0.02 – 0.14 µg/g; maximum concentration measured in an individual fish =  

0.25 µg/g, Table 4.6). Low fish Hg concentrations in the Mississippi River may be due to 

low MeHg production efficiency; this was in part inferred from elevated phosphorous 

concentrations that exempt the Mississippi River from being classified as a Hg-sensitive 

ecosystem (Walters et al. 2010). The ranges of Se concentrations were also very similar, 

although slightly higher in subtropical Bighead Carp (0.12 – 0.28 µg/g) compared to the 

Mississippi Bighead Carp (0.15 – 0.25 µg/g; Rogowski et al. 2009; Table 4.6). These 

similar concentrations suggest that the Bighead Carp trophic position (ranging from about 

2 – 3 in Rogowski et al. 2009) is comparable in both temperate and subtropical regions, 

as would be expected based on their planktivorous diet.  

Unlike Hg and Se concentrations, the fatty acid composition of Bighead Carp 

appears different between temperate and subtropical regions, based on a comparison with 

Bighead Carp from the Illinois and Mississippi Rivers (Bowzer et al. 2013). The mean 

percent EPA and DHA in subtropical Bighead Carp was higher compared to temperate 

Bighead Carp (Bowzer et al. 2013; Table 4.6). Similarly, the mean percent n-3 and n-6 

fatty acids were nearly double in the Bighead Carp from subtropical reservoirs versus 

those found in the Illinois River (Bowzer et al. 2013). Total PUFA was also higher in the 

subtropical Bighead Carp, while total SAFA and MUFA were lower relative to their 

temperate counterpart. These findings differ from a previous comparison of fatty acid 

composition in tropical and temperate fishes (e.g. EPA and DHA were significantly lower 
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in tropical fishes, Zenebe et al. 1998), but the present analysis allows for a direct 

comparison of fatty acid composition with diet, and does not need to account for species 

differences, as in Zenebe et al. (1998). The geographical dissimilarities in fatty acid 

composition of Bighead Carp likely indicate that the plankton species composition that 

supports planktivorous fish differs between subtropical and temperate regions. 

 

4.5.8 Implications for human health 

Our third objective was to measure the overall risk of consumption of Bighead 

Carp from eastern China. Risk was assessed in three ways: 1) using Hg concentrations 

alone; 2) considering Se:Hg molar ratios; and 3) considering MeHg with respect to EFA 

content. Mercury concentrations in fish are often reported and compared to Hg 

consumption guidelines, but less often are the protective effects of Se or EFA content 

considered. A recent study of tropical reservoir fish found that considering Hg 

concentrations without accounting for Se concentrations produced overly cautious risk 

assessments (Ouédraogo and Amyot 2013). In the present study, we also found different 

results depending on the risk-benefit analysis used. MeHg concentrations in Bighead 

Carp were low, such that large amounts of Bighead dorsal muscle (g/week; Table 4.4) 

can be safely consumed by adults without exceeding the tolerable weekly intake of 1.6 

µg/kg body mass (WHO 2004). Du et al. (2012) report average daily consumption from 

the most recent national survey (Zhai and Yang 2006) as 23.7 g and 62.3 g in villages and 

large cities, respectively. This is equivalent to about 170 – 440 g of aquatic products per 

week. A study conducted in the main village of one of our reservoirs (Qiandao), found 
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most respondents (~46%) estimated they ate between 50 – 100 g of fish per week, while 

~17 % of respondents estimated they ate > 250 g per week (Fang et al. 2012). These 

consumption values are 2-fold to more than 10-fold lower than the amount of Bighead 

Carp we calculated could be safely consumed (Table 4.4). The observation that THg 

concentrations in women’s hair were ≤ 3 µg/g in the Qiandao study, low relative to other 

reports from fish-eating populations worldwide, suggests that Hg may not be a 

contaminant of concern for women (17 – 46 years) from the general population in eastern 

China (Fang et al. 2012). 

The low Hg concentrations in Bighead Carp were further mitigated by the 

presence of Se. The Se:Hg molar ratios found here indicated no concern for any 

individual fish consumed, except for a single fish from Foziling reservoir. Bighead Carp 

from Foziling reservoir were among the smallest Bighead Carp sampled, but had the 

highest Hg concentrations relative to Bighead Carp from all other reservoirs, possibly 

indicating a slow growth rate. However all mean Se:Hg molar ratios, irrespective of 

reservoir, remained above 1, accepted as the protective threshold (Ralston 2008). Others 

have reported some species with Se:Hg molar ratios < 1 for freshwater fish from tropical 

(Dorea et al. 1998) and temperate (Burger 2012) regions. We did observe a high variation 

in Se:Hg, typical for freshwater fishes (Burger et al. 2012). Larger intraspecific than 

interspecific differences make it difficult to use Se:Hg values for risk assessment 

purposes, such that the overall usefulness of Se:Hg ratios is still debated and requires 

further research (Burger 2012). Attempts, for example, to find a pattern between fish size 

and Se:Hg molar ratios may work for marine fish (larger fish generally have lower Se:Hg 
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molar ratios), but this has not been clearly shown for freshwater species (Burger et al. 

2012). At lower latitudes, low trophic level fish like Bighead Carp can often be very 

large, such that Se:Hg molar ratios remain high despite their large size. Overall, it 

appears that there is sufficient, but not excessive, Se relative to Hg to protect against the 

toxicity of MeHg in fish in the reservoirs studied here. Evidence of a correlation between 

Se and Hg and high Se:Hg molar ratios in a human hair study of women from one of our 

study reservoirs (Qiandao), suggests Se concentrations may be sufficient to confer 

protective effects against Hg toxicity (Fang et al. 2012).  

Unlike the other two risk-benefit analyses, the third calculation that considered 

MeHg relative to EFA (EPA +DPA) concluded that among all reservoirs, the amount of 

Bighead Carp consumption needed to achieve adequate EFA (500 mg/day) would exceed 

the risk threshold (i.e. HQEFA >1). The risk posed to children is estimated to be higher 

because of their smaller size, but consumption estimates for children were not available 

to calculate HQEFA. The reason for these high hazard quotients is because Bighead Carp 

have only moderate EFA concentrations. Freshwater fish in general are found to have a 

lower EFA content relative to marine species (Gladyshev et al. 2012). This result 

illustrates that even a low level of Hg contamination, as found here for Bighead Carp, can 

compromise this resource if it is the sole source of beneficial EFA. However, it is 

important to note that consumers most likely derive EFA from other dietary sources in 

addition to Bighead Carp, and thus these results are not cause for concern. Rather a full 

assessment of the MeHg exposure from all dietary EFA sources is needed before any 
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conclusions can be drawn regarding the hazard of MeHg exposure to eastern Chinese 

populations.   

The risk assessments presented here were completed on dorsal muscle samples 

alone. Future studies should consider among-tissue variation to better inform Chinese 

Bighead Carp consumers. In China, this species is most often prepared as a soup, where 

the dorsal muscle tissue as well as brain and skin are eaten. Both Hg and Se can vary by 

tissue, and brain tissues were found to contain the lowest Hg and Se values relative to 

other tissues for a marine top predator (Burger et al. 2013). Bighead Carp were found to 

have higher EPA and DHA content in dorsal muscle compared to ventral and tail tissue 

(Zhang et al. 2012c) but no data are available on EFA, Hg or Se concentrations in brain 

tissues or skin of Bighead Carp. Understanding the among-tissue variation in Hg, Se, 

Se:Hg molar ratios and EFA will help further improve fish consumption advisories.  

 

4.6 Conclusions 

This study addressed an important and still largely untested question regarding 

changes in risk based on measures such as Se:Hg molar ratios and HQEFA with 

eutrophication. In reservoirs of eastern China, Bighead Carp appeared to be a source of 

EPA and DHA that also have a low overall Hg content and sufficient Se to confer 

protective benefits against MeHg toxicity (i.e. high Se:Hg molar ratios). However, 

eutrophication may reduce Se and EPA content through changes to phytoplankton species 

composition and plankton biomass respectively, decreasing the overall nutritional value 

of these fish relative to Hg content. Future research needs include expanding the 
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eutrophication gradient and assessment of the Hg, Se and fatty acid content to other 

subtropical fish species, especially higher trophic level fish that can accumulate greater 

Hg burdens. 
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Table 4.1 Characteristics of reservoirs sampled in eastern China (see Figure 4.1 for locations). Surface area  (SA), catchment area to 
surface area ratio (CA:SA), reservoir volume, mean water level (i.e. elevation) and water retention time (WRT) were taken from 
published literature. Total phosphorous (TP), Secchi depth (SD), and chlorophyll-a (chl-a) were measured in this study. 
 
Reservoir Reservoir 

code 

SA 

(km2) 

CA:SA Volume 

(x109m3) 

Elevation 

(m) 

WRT 

(days)a 

TP 

(mg/L) 

SD 

(m) 

 

Chl-a 

(µg/L)c 

Trophic stated Evidence of 

P limitation 

on algal 

growth 

Foziling F 20 92.0 0.364 124 100 0.069b 5.0 1.9 Oligotrophic No 

Hengshan H 4.5 34.4 0.112 32 460 0.017 4.0 2.9 Oligotrophic No 

Longhekou L 50 22.2 0.516 68 335 0.078 2.0 8.2 Mesotrophic Yes 

Meishan M 62.9 31.3 1.245 126 323 0.087 3.5 1.8 Oligotrophic No 

Qiandao Q 580 18.1 17.84 37 700 0.018 5.5 1.5 Oligotrophic No 

Siming S 5.5 18.7 0.0795 16 484 0.012 1.4 6.5 Mesotrophic Yes 

Tianmu T 6.7 22.2 0.109 19 580 0.020 1.1 23.7 Eutrophic Yes 

 
aWRT = reservoir volume/mean outflow rate. bMean of 2 samples TP range = 0.067 – 0.71. cAll samples represent means of replicate samples. 
dDetermined using trophic status index based on chl-a (Chapter 3).  
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Table 4.2 Mean (± SE) and range of total length (cm), concentrations of total mercury (THg), methylmercury (MeHg) and selenium 
(Se) (µg/g ww), and molar ratios of Se:THg and Se:MeHg in Bighead Carp by reservoir. The Se:THg and Se:MeHg molar ratios 
presented here were calculated on each individual sample and then averaged by location. Letters indicate significant differences 
among reservoirs in Bighead Carp total length using analysis of variance (ANOVA). See Table 4.1 for reservoir codes.  
 

Reservoir 
Code 

n Total length THg MeHg % MeHg Se Se:THg Se:MeHg 

F 5 45.5 ± 1.2a 0.14 ± 0.03  0.13 ± 0.03 95.8 0.14 ± 0.01 3.07 ± 0.61 3.41 ± 0.66 

  41.4 – 48.7 0.086 – 0.25 0.086 – 0.23   0.08 – 0.16   

H 5 57.6 ± 2.3a,b 0.028 ± 0.002 0.024 ± 0.001 84.8 0.26 ± 0.01 23.92 ± 2.19 30.28 ± 3.39 

  53.5 – 64.0 0.023 – 0.032  0.020 – 0.027  0.23 – 0.28   

L 5 69.9 ± 5.9b 0.059 ± 0.01 0.053 ± 0.01 89.3 0.12 ± 0.01 5.26 ± 0.40 6.45 ± 0.72 

  59.6 – 86.2 0.036 – 0.072 0.031 – 0.069  0.08 – 0.16   

M 5 73.2 ± 2.7b,c 

64.0 – 80.0  

0.073 ± 0.01 

0.049 – 0.12 

0.070 ± 0.01 

0.045 – 0.12 

95.6 0.14 ± 0.01 

0.09 – 0.18  

5.61 ± 1.16 6.43 ± 1.42 

 

Q 5 88.2 ± 5.1c 0.052 ± 0.01 0.043 ± 0.01 82.6 0.28 ± 0.01 14.27 ± 1.43 19.38 ± 2.53 

  73.5 – 102.0 0.035 – 0.063  0.029 – 0.061  0.26 – 0.30    

S 4 44.8 ± 3.7a 0.024 ± 0.004 0.018 ± 0.004 77.1 0.15 ± 0.01 17.76 ± 2.89 25.15 ± 4.31 

  39.0 – 55.0  0.018 – 0.035  0.013 – 0.030  0.13 – 0.18    

T 5 50.2 ± 0.9a 0.055 ± 0.01 0.050 ± 0.01 90.6 0.22 ± 0.02 11.40 ± 2.61 13.54 ± 3.00 

  48.0 – 53.2 0.032 – 0.079  0.030 – 0.075   0.16 – 0.27    
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Table 4.3 Fatty acid composition (± SE) of Bighead Carp by reservoir, presented as A. concentration (µg/mg dw) and B. percent (%). 
See Table 4.1 for reservoir codes. 
A. 

Fatty acid common name  
and molecular formula 

Reservoir code 

F (n = 5) H (n = 4) L (n = 5) M (n = 5) Q (n = 5) S (n = 4) T (n = 5) 

Hexadecanoic acid (16:0)a 2.92 ± 0.24 2.99 ± 0.34 2.84 ± 0.22 3.64 ± 0.36 4.53 ± 1.11 2.50 ± 0.24 2.41 ± 0.24 

Octadecanoic acid  (18:0) 1.37 ± 0.06 1.60 ± 0.17 1.30 ± 0.06 1.60 ± 0.12 1.69 ± 0.25 1.59 ± 0.12 1.75 ± 0.14 

∑SAFA 4.9 ± 0.3 5.4 ± 0.6 4.9 ± 0.4 6.1 ± 0.6 7.7 ± 1.8 4.7 ± 0.4 4.9 ± 0.4 

Palmitoleic acid (16:1) 0.44 ± 0.05 0.50 ± 0.12 0.88 ± 0.27 1.40 ± 0.32 1.79 ± 0.80 0.32 ± 0.08 0.20 ± 0.01 

Elaidic and Oleic acid (18:1)b 1.68 ± 0.07 2.32 ± 0.28 2.33 ± 0.37 3.26 ± 0.29 4.20 ± 0.97 2.22 ± 0.40 1.75 ± 0.13 

∑MUFA 2.4 ± 0.2 3.1 ± 0.4 3.5 ± 0.7 5.0 ± 0.6 6.4 ± 1.8 2.8 ± 0.5 2.2 ± 0.2 

Arachidonic acid (ARA; 20:4n-6)  2.13 ± 0.12 2.17 ± 0.24 1.62 ± 0.06 2.06 ± 0.16 2.08 ± 0.13 1.28 ± 0.08 1.97 ± 0.18 

Eicosapentaenoic acid (EPA; 20:5n-3) 2.30 ± 0.09 1.55 ± 0.20 1.99 ± 0.17 2.48 ± 0.33 2.74 ± 0.57 1.32 ± 0.05 1.20 ± 0.08 

Docosahexaenoic acid (DHA; 22:6n-3) 4.01 ± 0.32 3.49 ± 0.36 3.89 ± 0.26 4.92 ± 0.57 4.14 ± 0.45 3.23 ± 0.08 4.04 ± 0.35 

∑PUFA 9.9 ± 0.4 8.9 ± 1.1 9.3 ± 0.8 12.4 ± 1.6 12.5 ± 2.2 7.2 ± 0.2 8.4 ± 0.7 

∑omega-3 (n-3)c 7.2 ± 0.3 6.0 ± 0.7 7.0 ± 0.7 9.3 ± 1.3 9.2 ± 1.8 5.3 ± 0.2 5.9 ± 0.5 

∑omega-6 (n-6)d 2.7 ± 0.1 2.9 ± 0.3 2.2 ± 0.1 3.1 ± 0.3 3.3 ± 0.4 1.9 ± 0.0 2.5 ± 0.2 

n-3:n-6 2.7 ± 0.2 2.1 ± 0.0 3.1 ± 0.2 3.0 ± 0.2 2.7 ± 0.2 2.8 ± 0.2 2.4 ± 0.1 

Total lipid 18.4 ± 0.6 18.8 ± 2.2 18.9 ± 1.8 24.8 ± 2.8 27.8 ± 5.9 16.5 ± 1.1 17.3 ± 1.2 
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Table 4.3 continued  
B.  

Fatty acid common name  
and molecular formula 

Reservoir code 

F (n = 5) H (n = 4) L (n = 5) M (n = 5) Q (n = 5) S (n = 4) T (n = 5) 

Hexadecanoic acid (16:0)a 15.8 ± 0.9 16.1 ± 0.2 15.1 ± 0.3 14.8 ± 0.3 15.9 ± 0.5 15.1 ± 0.5 13.8 ± 0.5 

Octadecanoic acid  (18:0) 7.5 ± 0.2 8.9 ± 0.4 7.0 ± 0.4 6.6 ± 0.4 6.4 ± 0.5 9.7 ± 0.4 10.1 ± 0.1 

∑SAFA 26.6 ±0.7 29.0 ± 0.5 26.1 ± 0.3 24.9 ± 0.4 27.1 ± 0.7 28.2 ± 0.7 27.9 ± 0.7 

Palmitoleic acid (16:1) 2.4 ± 0.3 2.5 ± 0.3 4.3 ± 0.9 5.3 ± 0.8 5.4 ± 1.3 1.8 ± 0.4 1.1 ± 0.0 

Elaidic and Oleic acid (18:1)b  9.1 ± 0.4 11.8 ± 0.6 12.1 ± 0.7 13.3 ± 0.7 14.8 ± 1.1 13.2 ± 1.5 10.1 ± 0.3 

∑MUFA 13.2 ± 0.9 15.4 ± 1.0 17.9 ± 1.6 20.1 ± 0.9 21.6 ± 2.1 16.5 ± 2.0 12.8 ± 0.3 

Arachidonic acid (ARA; 20:4n-6)  11.6 ± 0.6 12.1 ± 0.5 8.8 ± 0.8 8.5 ± 0.5 8.4 ± 1.2 8.0 ± 1.0 11.3 ± 0.4 

Eicosapentaenoic acid (EPA; 20:5n-3) 12.5 ± 0.5 8.5 ± 0.3 10.6 ± 0.3 9.9 ± 0.4 9.9 ± 0.1 8.1 ± 0.3 6.9 ± 0.2 

Docosahexaenoic acid (DHA; 22:6n-3) 21.7 ± 1.3 19.9 ± 1.2 20.8 ± 0.6 20.0 ± 1.2 16.1 ± 1.8 19.8 ± 1.0 23.2 ± 0.6 

∑PUFA 53.6 ± 0.6 49.1 ± 1.9 49.3 ± 0.7 49.8 ± 0.8 46.4 ± 1.8 44.2 ± 1.6 48.6 ± 0.7 

∑omega-3 (n-3) 38.9 ± 0.7 33.1 ± 1.3 37.3 ± 0.4 37.2 ± 0.9 33.6 ± 1.0 32.6 ± 0.9 34.1 ± 0.6 

∑omega-6 (n-6) 14.7 ± 0.6 16.0 ± 0.5 12.0 ± 0.7 12.6 ± 0.5 12.8 ± 1.0 11.6 ± 0.9 14.5 ± 0.4 
 

a Sum of 16:0 and 16:0i  
b Sum of 18:1n-9t, 18:1n-9c and 18:1n-7 
c Sum of 18:3n-3, 20:3n-3, 20:5n-3, 22:5n-3c, 22:6n-3, 18:4n-3 
d Sum of 18:2n-6t, 18:2n-6c, 18:3n-6, 20:3n-6, 20:4n-6, 22:4n-6, 22:5n-6, 20:2n-6c, 22:2n-6c 
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Table 4.4 Estimates for allowable fish consumption based on methylmercury (MeHg) concentrations in fish dorsal muscle tissue. 
Calculations are based on weights for an adult woman (65 kg) and man (70 kg), see text for details on calculations. See Table 4.1 for 
reservoir codes. 
 

Reservoir n 

 

Mean fish weight 
(g) ± SD 

Allowable consumption  Consumption ratioa 

MeHg concentrations  
(µg/g ww) ±  SE  

Amount per week (g) 
 

Village City 

 Woman Man  170 g/week 440 g/week 
F 5 0.13 ± 0.03 984 ± 195 800 862  4.7 – 5.1 1.8 – 2.0 

H 5 0.024 ± 0.001 2144 ± 550 4374 4710  25.7 – 27.7 9.9 – 10.7 

L 5 0.053 ± 0.01 4388 ± 2732 1972 2124  11.6 – 12.5 4.5 – 4.8 

M 5 0.070 ± 0.01 4810 ± 1123 1484 1598  8.7 – 9.4 3.4 – 3.6 

Q 5 0.043 ± 0.01 9160 ± 2414 2422 2608  14.2 – 15.3 5.5 – 5.9 

S 4 0.018 ± 0.004 1085 ± 501 5649 6084  33.2 – 35.8 12.8 – 13.8 

T 5 0.050 ± 0.01 1400 ± 212 2091 2252  12.3 – 13.2 4.8 – 5.1 

 
a Amount allowable/amount consumed. Fish consumption estimates are based on the most recent national survey data in Zhai and Yang (2006). 

 

 



 

 

132 

Table 4.5 Essential fatty acids (EFA), or the sum of eicosapentaenoic acid (EPA; 20:5n-3) and 
docosahexaenoic acid (DHA; 22:6n-3), and methylmercury (MeHg) combined in a risk-benefit 
ratio expressed as hazard quotient (HQEFA). 
 

Reservoir  
code 

n 
MeHg concentrations (µg/g ww)  

Mean ± SE 
EPA+DHA (mg/g ww) 

Mean ± SE 
HQEFA 

Mean  ± SE 

F 5 0.13 ± 0.03 1.19  ± 0.13 9.2  ± 3.5 

H 4 0.024 ± 0.002 1.03  ± 0.13 1.7  ± 0.2 

L 5 0.053 ± 0.01 1.12  ± 0.09 3.4  ± 0.4 

M 5 0.070 ± 0.01 1.57  ± 0.30 3.3  ± 0.4 

Q 5 0.043 ± 0.01 1.31  ± 0.20 2.5  ± 0.5 

S 4 0.018 ± 0.004 0.90  ± 0.03 1.5  ± 0.3 

T 5 0.050 ± 0.01 0.93  ± 0.08 4.0  ± 0.7 
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Table 4.6 Range of total mercury (THg) and selenium (Se) concentrations (µg/g ww) measured 
in subtropical (this study) and temperate (Illinois and Mississippi Rivers) Bighead Carp. Mean 
percent (r SE) composition of select fatty acids are given from Bighead Carp also from the 
Mississippi River. Fatty acid codes provided in Table 4.3. 
 

Element Subtropical Bighead Carp Temperate Bighead Carp  

THg 0.02 – 0.14  0.03 – 0.13a   

Se 0.12 – 0.30  0.15 – 0.25a  

EPA 9.54 r 0.33 6.35 r 0.26b  

DHA 20.11 r 0.54 4.56 r 0.23 b  

¦SAFA 26.95 r 0.29 37.67 r 0.67 b  

¦MUFA 16.95 r 0.72 32.73 r 0.68 b  

¦PUFA 48.61 r 0.60 27.70 r 0.81 b  

n-3 35.24 r 0.51 19.05 r 0.65 b  

n-6 13.37 r 0.33 6.36 r 0.17 b  

n-3:n-6 2.69 r 0.08 3.63 r 0.18 b  
 

aRogowski et al. 2009; bBowzer et al. 2013 
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Figure 4.1 Location of reservoirs sampled in eastern China. Dark grey indicates reservoir 
catchment areas. See Table 4.1 for reservoir codes.   
 

 

 

 

 

 

 

 

 



 

 

135 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 
 
 

 
Figure 4.2 A. Mean (r SE) of selenium to methylmercury (Se:MeHg) molar ratio in Bighead 
Carp dorsal muscle tissue vs. log total phosphorous (TP). Molar ratios above 1 are expected to be 
protective against MeHg toxicity B. Principal component analysis axis 1 scores (PC1) based on 
phytoplankton species composition (see text and supplementary information for details) vs. log 
TP. See Table 4.1 for reservoir codes. 
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Figure 4.3 Mean (r SE) concentration of eicosapentaenoic acid (EPA) in Bighead Carp dorsal 
muscle tissue vs. log chlorophyll-a (Chl-a). See Table 4.1 for reservoir codes. 
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Figure 4.4 Mean (r SE) concentration of selenium (Se) in Bighead Carp dorsal muscle tissue vs. 
the principal component analysis axis 1 scores (PC1) based on phytoplankton species 
composition (see text and supplementary information for details). See Table 4.1 for reservoir 
codes.
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Chapter 5 

 General Discussion  

Mercury (Hg) pollution as a result of human activity is one of the greatest threats to fish 

as a food resource for wildlife and humans alike. The effect of methylmercury (MeHg) on 

behaviour and reproduction harms multiple species. For humans, in addition to the direct 

consequences of MeHg on intelligence and health, the effects of MeHg on other species is 

known to result in diminished ecological services. The distribution of atmospheric Hg is a global 

problem but there are also significant global Hg hotspots, of which China is currently the largest. 

A majority of China falls within subtropical latitudes, for which studies of Hg dynamics remains 

limited compared to temperate regions in North America and Europe.  

The aim of this dissertation was to investigate Hg dynamics in subtropical reservoirs (as 

discussed below). This dissertation is, to my knowledge, the most comprehensive study of 

reservoir fishes from eastern China. I assessed the Hg concentrations and food web structure in 

fishes from highly modified reservoir food webs, and quantified Hg biomagnification rates in 

reservoir ecosystems. I tested whether abiotic and biotic Hg concentrations, as well as Hg 

bioaccumulation and biomagnification rates, were influenced by eutrophication as assessed by 

various indicators. I also measured the beneficial elements (i.e. selenium (Se) and fatty acids) in 

Bighead Carp (Hypophthalmichthys nobilis) relative to MeHg and asked whether the risk and 

benefits of consumption of this popular reservoir fish species varied with the degree of 

eutrophication. The major conclusions from this dissertation are that in subtropical reservoirs of 

eastern China, fish Hg concentrations are typically low, as are the rates of Hg biomagnification 
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relative to those for most temperate systems, and biotic Hg concentrations are influenced by the 

trophic status of the waterbody, and by the hydrogeomorphic (HGM) characteristics of the 

reservoirs and land use patterns in the watershed.  

 

5.1 The paradox of fish Hg concentrations in China 

International efforts to reduce Hg emissions are based on the expectation that Hg 

deposition is a strong predictor of Hg concentrations in fish (Harris et al. 2007, UNEP 2013). 

There is mounting evidence that emissions from local Hg sources such as coal-burning facilities 

and incinerators determine tissue Hg concentrations of biota that live or rely on freshwater 

habitats in their vicinity (Evers et al. 2007, Evers et al. 2011a). Therefore on a global scale, 

China’s Hg emissions and deposition rates should be reflected by high Hg concentrations in 

aquatic organisms. Data on fish Hg concentrations from this dissertation, and additionally from 

Chinese lakes, reservoirs in the southwestern Hg mining region, aquaculture ponds, and coastal 

fishes suggest otherwise (Yan et al. 2010, Cheng et al. 2011, Wang et al. 2012a, Pan et al. 2014). 

Nevertheless, fish Hg concentrations at a local scale possibly reflected Hg deposition patterns in 

eastern China, as inferred from the positive relationship between top predator Hg concentrations 

and elevation (Chapter 3). Higher Hg deposition rates with elevation explained higher fish Hg 

concentrations elsewhere (e.g. Dittman and Driscoll 2009). This is in part due to greater 

precipitation from cloudwater and vegetation scavenging at higher elevations (Stankwitz et al. 

2012). However, the magnitude of Hg concentrations in Chinese fish is not proportional to the 

magnitude of estimated Hg deposition rates, as subtropical and tropical freshwater fish from 

China rarely exceed consumptions guidelines (Lin et al. 2012b; Chapter 2, 3 and 4) of 0.3 µg/g 
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ww (US EPA 2001b), in contrast to temperate and boreal regions of North America (Evers et al. 

2011b, Tang et al. 2013). Instead fish Hg concentrations found in this study are comparable to 

low concentrations in other tropical areas (Campbell et al. 2008, Ouédraogo and Amyot 2013, 

Poste et al. 2012). 

Findings of low Hg concentrations in China are especially surprising for reservoir fish. 

Reservoirs are sensitive ecosystems with respect to Hg pollution, even 3 decades after 

impoundment (Evers et al. 2007, Evers et al. 2011a, Teisserenc et al. 2014). Given this evidence, 

why is it that fish Hg concentrations are low? My study demonstrated that the low Hg 

concentrations observed here include stocking of fish that have a low trophic position (Chapter 

2) and overall low biomagnification rates relative to higher latitude freshwater ecosystems 

(Chapter 2, 3). Plankton density dilution may also explain lower fish Hg concentrations in 

subtropical reservoirs (Chapter 3). I hypothesized that high fishing pressure which can accelerate 

fish growth rates (Surette et al. 2006), and the capture of primarily young fish also contribute to 

these low values. I collected some supporting evidence that fish age is responsible for these low 

Hg concentrations due to the fact that most fish collected were young (mean age < 3 years across 

all species and locations; Table D1). However, I could not fully investigate age nor growth rates, 

both well-established determinants of fish Hg concentrations (Lange et al. 1994, Simoneau et al. 

2005) because my sampling plan maximized the number of species (over the number of 

individuals per species) to most accurately assess Hg food web biomagnification rates. Age and 

growth rate remain important factors to be determined in future work.  

  It is important to note that not all fish in China have low Hg concentrations. Old fish and 

those at the top of long food chains will accumulate higher Hg concentrations, as has been long 
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established for fish, irrespective of latitude (Lange et al. 1993; Cabana et al. 1994; Trudel and 

Rasmussen 2006; Molina et al. 2010). Here I show this clearly with several cases of species with 

Hg concentrations that exceed consumption limits in Qiandao Hu (Chapter 2, 3), a reservoir with 

a long food chain. Other factors that could be contributing to these higher concentrations include 

legacy sediment Hg contamination (Jin 1995), hypolimnetic MeHg production and elevated 

deposition over Qiandao Hu’s large surface area. Maximum fish Hg concentrations in Qiandao 

Hu remain among the highest recorded for fish to date in China (see review in Lin et al. 2012b). 

High Hg concentrations in wild Tibetan Plateau fishes (Zhang et al. 2014) demonstrate that slow 

growth rates, which can also be expected in temperate regions of China, lead to high fish Hg 

accumulation.   

 
5.2 Eutrophication and Hg dynamics in subtropical reservoirs 

In the General Introduction I outlined how eutrophication can have opposite outcomes on 

Hg dynamics in aquatic ecosystems. Eutrophic conditions are expected to facilitate MeHg 

production (Gray and Hines 2009) and thus a concomitant increase in fish Hg concentrations, but 

Hg biomagnification is expected to decrease through processes such as algal biodilution (Chen 

and Folt 2005, Pickhardt et al. 2002). In subtropical reservoir food webs I found that 

eutrophication promoted conditions that decrease Hg transfer (Chapter 3). Preliminary evidence 

showing very low MeHg concentrations in water (less than 2 % of THg) suggest that over the 

gradient of eutrophication examined here, there was no significant effect of more eutrophic 

conditions on MeHg production in subtropical reservoirs (Chapter 3). While water MeHg 

concentrations require much more detailed characterization than was possible within this project, 
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my results are comparable to the low water MeHg concentrations recorded in hypereutrophic 

Lake Taihu in eastern China (Wang et al. 2012b) and tropical reservoirs in Burkina Faso 

(Ouédraogo and Amyot 2013). Demethylation by high levels of UV radiation, which are greater 

at lower latitudes, may explain these low water MeHg concentrations (Amyot et al. 2000, 

Ouédraogo and Amyot 2013). However, for deeper reservoirs in river valleys (i.e. mainstream 

reservoirs), with complex morphologies and longitudinal zonation, the % MeHg in water may 

have been underestimated because of the possibility for elevated MeHg production in 

hypolimnetic waters. High MeHg concentrations in the hypolimnion resulted in elevated MeHg 

concentrations in plankton and fish from a tropical reservoir (Kasper et al. 2014). Characterizing 

patterns of stratification within the different zones of a reservoir, at different seasons, remains an 

important research need to assess where MeHg production and concentrations in the water 

column may be elevated in subtropical reservoirs.   

The importance of considering HGM features and land use patterns in subtropical 

reservoirs was also evident in my findings (Chapter 3, 4). Hydrology, as inferred here from water 

retention time, influenced many variables that have consequences for Hg dynamics. Here, inputs 

of total mercury (THg) and total phosphorous (TP) were a function of water retention time 

(WRT), as was the phytoplankton species composition in reservoirs. While the latter did not 

predict Hg concentrations themselves, Se availability did decrease with the change in 

phytoplankton composition (higher fish Se concentrations in more lotic-like reservoirs, Chapter 

4). This was ultimately reflected in the relative proportion of Se to Hg (Se:Hg molar ratios), 

which has possible implications for the exposure of a consumer to MeHg from fish consumption. 

I also found that as % crop cover increased in the landscape, THg and MeHg concentrations in 
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zooplankton decreased. Determinants of MeHg concentrations at the base of food webs are still 

regarded as the most important predictors of Hg concentrations in fish (Wyn et al. 2009). The 

decrease in zooplankton Hg concentrations with % crop cover may be due to high dissolved 

organic carbon inputs that can bind MeHg and prevent Hg transfer. Increases in nutrient 

concentrations or plankton density with increasing crop cover are found in temperate reservoirs 

(Bremigan et al. 2008) and could explain this finding, but were not observed here. This effect 

may be obscured in Chinese subtropical reservoirs due to the stocking density of planktivorous 

carp and varying fishing intensities among reservoirs, additional factors that affect the interaction 

between nutrient availability and plankton growth that deserves future study.   

 
5.3 Future Directions 

A straightforward but important measurement is that of % MeHg in tissues of fish. The 

vast majority of studies assume that > 90% of Hg in fish tissues is MeHg (Bloom 1992). The 

prohibitive costs of MeHg analyses restricted analyses to the Bighead Carp (Chapter 4) for which 

MeHg averaged 77- 96 % MeHg in dorsal tissues in line with temperate species. However, other 

studies report low, and/or highly variable % MeHg from Chinese fishes (e.g. Bighead Carp 23-

93 % MeHg in Wang et al. 2012a, see also Fu et al. 2010, Liu et al. 2012, Zhu et al. 2012); more 

recently, others have reported proportions in the range of 70-100 % MeHg, closer to what is 

typically expected (Zhang et al. 2014). This is an important issue that should be confirmed, i.e. 

whether the low trophic level carp systematically have lower % MeHg due to their growth rates 

or some other characteristic of their biology. Lower ratios of MeHg to THg in species within the 

food web could contribute to lower Hg biomagnification rates (Kwon et al. 2012).  
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 More interesting perhaps are the unknowns with respect to the limnological 

characteristics of the subtropical reservoirs studied here. A logical progression of my work 

would be to increase the number of reservoirs to expand the gradient of eutrophication beyond 

the range explored here to include additional eutrophic and hypereutrophic reservoirs in eastern 

China. In addition, several limnological characteristics that were not measured in this work may 

have important effects on Hg dynamics. For example, rivers of eastern Asia are expected to have 

among the highest loadings of sediments in the world (Kalff 2002). These suspended particulate 

loadings are important sources of nutrients and contaminants such as Hg. The type and quantities 

of suspended and dissolved matter, as well as a more detailed characterization of the forms of 

phosphorous and nitrogen in the water column would be insightful for assessments of Hg 

bioaccumulation. Dramatic water level fluctuations are another important difference between 

low and high latitude reservoirs. While storage reservoirs regardless of latitude experience 

drawdowns for energy production or irrigation, floods and droughts can be quite extreme in the 

lower reaches of the Yangtze River in eastern China (Zhai et al. 2005). In temperate reservoirs, 

drawdowns of over 3 meters were associated with higher Hg concentrations in loons and fish 

(Evers et al. 2007, 2011a), but little work has been done to examine what the consequences are 

of the very large fluctuations (on the order of 10 – 30 m) in tropical and subtropical reservoirs on 

MeHg production and cycling.  

 Finally, the risks of Hg pollution in freshwater aquatic ecosystems in China are far from 

established. Large gaps still exist in our understanding of the consequences of Hg pollution to 

freshwater systems in the world’s third-largest country by area. Reservoirs in China are 

estimated to number more than 80 000, 2 600 of which exceed 10 million cubic meters, classified 
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as medium to large by the China’s Ministry of Water Resources, and are distributed throughout 

China (Guo et al. 2012). Especially valuable would be an assessment of the growth rates, ages, 

Hg bioaccumulation and biomagnification rates of reservoir fishes found at temperate latitudes in 

northern China. Also, further study of Hg exposure associated with Chinese regional diets would 

provide a more accurate representation of the risk of Hg exposure from food sources in addition 

to aquatic products. Rice can be a significant source of MeHg to the Chinese population, 

especially in Hg mining areas (Lin et al. 2012). However, the Chinese diet also includes high 

proportions of tea and fruit, both known to confer benefits against MeHg toxicity because of 

their high content of phytochemicals (Passos et al. 2003; Ouédraogo and Amyot 2011). Although 

the general population may have a low risk of MeHg exposure from fish consumption, risk 

assessments on rural fishermen who more frequently consume fish as their primary source of 

dietary protein and wealthier consumers that more frequently consume higher trophic level fish 

such as Mandarin Perch (Siniperca chuatsi) should be given special attention. Lastly, it should 

not be forgotten that despite China’s rapid urbanization and widespread environmental 

degradation, China harbours very high levels of biodiversity (McBeath and McBeath 2006). For 

example, bird diversity in China ranks within the top 10 of all countries in the world, including 

many migratory species that are part of our collective natural heritage (Birdlife International 

2013). Birds whose diets include fish and aquatic insects are particularly susceptible to MeHg 

exposure (Evers et al. 2012). In the world’s largest Hg hotspot, research on Hg pollution of 

aquatic ecosystems should continue as the wellbeing of so many species, especially our own, is 

tied to the availability of clean freshwater. 
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5.3.1 From pattern to process: closing the gap 

Ecological studies aim to find patterns and lab studies describe mechanisms, but it is 

often difficult to demonstrate mechanisms at the level of ecosystems. This study has found 

numerous patterns in highly impacted and modified reservoirs in a high Hg deposition ecoregion, 

and the processes described above may explain some of these patterns. Ultimately, experimental 

and controlled approaches that can manipulate variables at the ecosystem level (e.g. whole-lake 

studies conducted at the Experimental Lakes Area) are required to close the gap. This remains 

our most promising avenue of research to better understand the effects of pollutants on aquatic 

food webs.   

 

5.4 Summary of Data Chapters 

Chapter 2.  The objective of this chapter was to characterize the food web structure and Hg 

biomagnification rate in a subtropical reservoir with stocking practices typical of eastern China. I 

sampled 274 fishes from 33 species in 2 seasons for THg concentrations and nitrogen and carbon 

stable isotopes (δ15N and δ13C, respectively). The main findings from this chapter were: 

1.The stocked and wild fishes that comprised the reservoir food web showed a high 

degree of omnivory; no significant differences were found between wild and stocked 

fishes in energy sources (as inferred from δ13C values). However, wild fishes occupied 

significantly higher trophic positions in the food web (as inferred from δ15N values) 

compared to stocked fishes, despite their overall smaller size.  
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2. THg concentrations reflected differences in fish δ15N – wild fishes had significantly 

higher THg concentrations compared to stocked fishes. A significant correlation was 

observed between δ15N values and THg concentrations in fishes, indicating Hg 

biomagnification. The rate was low relative to aquatic ecosystems at higher latitudes. No 

differences in Hg biomagnification rates were observed between seasons.  

3. Overall, despite the fact the fish were from reservoir environments under elevated 

atmospheric Hg deposition, contrary to expectations THg concentrations were low in 

almost all species. Still, the THg concentrations reported here for five species (an 

omnivore and several top predators belonging to both wild and stocked fish categories) 

remained among the highest THg concentrations reported for freshwater fishes in China, 

likely due to Hg biomagnification through a long food chain.  

 

Chapter 3. The objective of this paper was to assess whether Hg concentrations in reservoir 

fishes would increase or decrease with indicators of eutrophication. I characterized 

eutrophication using three standard indicators, chlorophyll-a (chl-a), zooplankton density and 

total phosphorous (TP). I measured THg and MeHg concentrations in the water, zooplankton 

(202 µm), and Bighead Carp, and THg concentrations and δ15N in 478 fishes belonging to 24 

species in seven reservoirs. I also measured additional water quality parameters (total nitrogen, 

chemical oxygen demand, Secchi depth) and surveyed the literature for data on 

hydrogeomorphic characteristics (e.g. catchment area:surface area, elevation, water retention 

time, WRT) and quantified the land use coverage (% forest vs. % crop cover). I used indicators 

of eutrophication as predictor variables of Hg concentrations in biota, as well as bioaccumulation 
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factors (BAF, e.g. MeHgzooplankton /MeHgwater) and biomagnification rates between a predator-prey 

pair (Bighead Carp-zooplankton) and across the food web (trophic magnification factors, TMF). 

I also assessed the variability explained by HGM features on Hg concentrations in water, 

zooplankton and top predators. The main conclusions of this chapter were: 

1. Eutrophication predicted Hg concentrations and Hg bioaccumulation, but not Hg 

biomagnification in subtropical reservoirs. As expected, THg concentrations in 

zooplankton and top predators were negatively correlated with phytoplankton density (i.e. 

chl-a) suggesting algal biodilution, while evidence for zooplankton density dilution was 

found with subtropical reservoirs plotted relative to temperate lakes. The effect of 

eutrophication on BAF was inferred from a correlation with TP, reflecting differences in 

HGM features among reservoirs. Biomagnification between a predator-prey pair and 

through the food web was not significantly correlated to any indicator of eutrophication.  

2. HGM features, namely WRT and elevation, as well as land use (% crop cover), were 

significant explanatory variables of Hg concentrations in water, zooplankton and top 

predators, in addition to phytoplankton density (i.e. chl-a) for biota.  

3. Contrary to expectations, preliminary assessments indicated elevated water THg 

concentrations but low MeHg concentrations, and low THg concentrations in fishes, with 

the exception of a few individuals of top trophic species, confirmed trends documented in 

Chapter 2.  

 

Chapter 4. The objective of this chapter was to assess whether the risk of consuming Bighead 

Carp increased with eutrophication. I measured the selenium (Se), THg and MeHg 
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concentrations, and fatty acid content of Bighead Carp dorsal muscle tissue in seven reservoirs. I 

compared these concentrations, as well as Se:Hg molar ratios, and a hazard quotient using MeHg 

concentrations and eicosapentaenoic acid (EPA) content, to indicators of eutrophication 

including chl-a, TP, and phytoplankton species composition. I assessed risk by comparing MeHg 

concentrations alone to consumption guidelines, considering the protective effects of Se, and 

considering the MeHg content relative to EPA content in the Bighead Carp. Major findings from 

this chapter included:  

1. Bighead Carp had low MeHg concentrations that, contrary to expectations, did not 

vary with any indicator of eutrophication.  

2. High Se:Hg molar ratios decreased significantly with increasing TP concentrations. 

This finding was attributed to significant differences in Se concentrations in dorsal 

muscle tissues of Bighead Carp, which reflected changes in phytoplankton species 

composition with TP.  

3. Se concentrations were likely protective against the toxicity of MeHg in Bighead Carp 

(Se:Hg molar ratios >1).   

4. The amount of Bighead Carp that could be safely consumed exceeded estimates of 

weekly fish consumption by 3- 36 fold, depending on the reservoir.  

5. Fatty acid concentrations in dorsal tissue showed that Bighead Carp were lean fish 

(total fat ~2-5 %), but with high percentages of the essential fatty acids EPA and DHA 

relative to temperate Bighead Carp. 
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6. As expected, chl-a, an indicator of eutrophication, was a significant predictor of EPA. 

This suggests that while the overall risk of MeHg exposure from Bighead Carp was low, 

the nutritional benefits may decrease with respect to Hg with increasing eutrophication.  
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Appendix A Supplementary material to Chapter 2 

 

Figure A1. Map of Qiandao Hu (Xin’anjiang reservoir) in eastern China. 

 

 
 
 
 
 
 



 

 

171 

Table A1. Fish species mean carbon to nitrogen ratios, and mean trophic position 
collected in Qiandao Hu (Zhejiang Province, China). The equation for trophic position is 
described in the text. See Table 2.1 for species codes.  
 

Species code n Carbon:Nitrogen Trophic position 

AC 1 3.2 3.6 

AN 18 3.4 3.6 

CA 14 3.3 2.6 

CC 9 3.3 3.5 

CI 6 3.1 2.0 

DT 5 3.2 2.6 

ED 2 3.2 4.7 

EI 10 3.5 4.4 

EM 17 3.5 4.6 

HB 4 3.5 4.0 

HBM 8 4.0 3.8 

HL 11 3.4 3.0 

HM 7 3.7 3.6 

IP 10 3.6 3.6 

LM 6 3.2 3.3 

MA 4 3.2 3.9 

MS 6 3.3 4.1 

OA 14 3.2 4.3 

OU 10 3.4 3.4 

PF 17 3.6 3.6 

PM 10 3.4 3.6 

PS 14 3.7 4.2 

SA 9 3.3 3.9 

SC 15 3.3 3.6 

SI 5 3.3 4.2 

SK 17 3.5 4.4 
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Table A1. continued 

Species code n Carbon:Nitrogen Trophic position 

SM 10 3.8 3.9 

SP 8 3.6 4.0 

SS 3 3.4 2.7 

SW 5 3.2 4.9 

SZ 5 3.4 4.1 

XA 3 3.4 3.8 
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Table A2. A. Kruskal-Wallis tests on total length between species collected (only if n ≥ 
3) in summer 2009 versus summer 2011. Species that did not have significant differences 
in total length were pooled together for further analyses. B. Kruskal-Wallis tests on total 
length on the species sampled in both fall and summer (if n ≥ 3). Species with significant 
differences were not included in a comparison of stable isotope ratios (δ13C and δ15N) 
between seasons. See Table 2.1 for species codes. 
A. 

Species  

code 

Sample size 

summer 2009 

Sample size 

summer 2011 

p χ2 

AN  4 5 0.09  

CA  5 3 0.03 5.0 

CC  4 5 0.01 6.0 

EI 3 4 1.00  

EM 5 7 0.25  

HBM 3 5 0.03 5.0 

OA 5 4 0.46  

OU 6 4 0.02 5.5 

PF 5 5 0.35  

PM 4 6 0.52  

PS 9 5 0.003 9.1 

SK 5 7 0.005 8.1 

SP 5 3 0.05 3.8 

B.  

Species 

 code 

Sample size 

fall 

Sample size 

summer 2009/11 

p χ2 

AN 9 9 0.57  

EI 3 7 0.21  

EM 5 12 0.29  

HL 6 5 0.0061 7.5 

IP 5 5 0.17  

MS 3 3 0.51  

OA 5 9 0.13  

PF 7 10 0.40  

SA 4 5 0.14  
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Appendix B Supplementary material to Chapter 3 

Table B1. Reservoir, fish species name, fish species code and sample sizes (n) per species. Mean (±SD) and ranges for fish total 
length, total weight and total mercury (THg) concentrations. Top predator selected for each reservoir underlined. See Figure 3.1 for 
reservoir codes. 
 

Reservoir 
code Species 

 

n 

Total length (cm) Weight (kg) G15N  (‰) THg (µg/g ww) 

 Mean Range Mean Range Mean Range Mean Range 
F Hypophthalmichthys nobilis  5 45.5±2.8 41.4 – 48.7 1.0±0.2 0.8 – 1.3 10.7±0.6 9.8 – 11.6 0.14±0.05 0.10 – 0.22 
 Carassius auratus auratus  11 20.4±4.8 12.4 – 26.0 0.2±0.1 0.0 – 0.4 7.7±0.6 6.6 – 8.8 0.11±0.07 0.04 – 0.26 
 Cyprinus carpio carpio  1 34.0  0.6  6.3  0.05  
 Ctenopharyngodon idella  1 77.0  4.8  4.8  0.01  
 Chanodichthys erythropterus  9 26.8±3.9 23.0 – 35.0 0.2±0.1 0.1 – 0.3 9.9±0.6 9.0 – 11.1 0.15±0.07 0.09 – 0.32 
 Chanodichthys mongolicus  10 25.7±10.1 14.7 – 39.1 0.2±0.2 0.0 – 0.6 10.8±1.4 8.9 – 12.4 0.15±0.06 0.08 – 0.28 
 Hemibarbus maculatus  8 25.6±3.4 21.1 – 30.0 0.2±0.1 0.1 – 0.4 8.6±0.9 7.8 – 10.2 0.18±0.07 0.11 – 0.29 
 Hypophthalmichthys molitrix  4 45.9±5.2 42.8 – 53.6 1.0±0.5 0.8 – 1.8 9.1±1.2 7.4 – 10.0 0.08±0.02 0.06 – 0.10 
 Megalobrama amblycephala  3 38.7±4.9 33.4 – 43.0 1.1±0.4 0.7 – 1.5 9.5±0.7 8.9 – 10.3 0.06±0.02 0.03 – 0.08 
 Silurus asotus  4 37.4±15.4 21.8 – 58.5 0.5±0.7 0.1 – 1.5 9.7±0.6 9.1 – 10.3 0.20±0.09 0.07 – 0.27 
 Siniperca chuatsi  2 24.1 18.8 – 29.4 0.3 0.1 – 0.4 10.6 10.4 – 10.7 0.13 0.09 – 0.17 
 Siniperca knerii  10 21.8±1.6 19.5 – 25.3 0.2±0.0 0.1 – 0.2 10.6±0.3 10.1 – 11.2 0.18±0.05 0.09 – 0.25 
 Siniperca scherzeri  7 21.5±9.5 9.0 – 39.0 0.3±0.3 0.1 – 1.0 10.5±0.5 9.5 – 11.1 0.21±0.14 0.09 – 0.46 

H Hypophthalmichthys nobilis  5 57.6±5.1 51.5 – 64.0 2.1±0.6 1.4 – 2.8 15.7±0.3 15.3 – 16.0 0.03±0.00 0.02 – 0.03 
 Chanodichthys dabryi  1 30.1  0.2  18.2  0.10 0.10 

 Chanodichthys erythropterus  1 40.0  0.3  17.5  0.08 0.08 
 Hypophthalmichthys molitrix  5 53.7±1.4 51.4 – 55.2 1.4±0.0 1.4 – 1.5 14.7±2.8 9.6 – 16.4 0.03±0.00 0.02 – 0.03 

L Hypophthalmichthys nobilis  6 66.7±14.3 50.2 – 86.2 3.9±2.7 1.4 – 8.4 11.7±0.4 11.2 – 12.4 0.06±0.02 0.03 – 0.08 
 Carassius auratus auratus  4 38.6±2.8 36.4 – 42.3 0.9±0.1 0.8 – 1.1 8.0±0.3 7.6 – 8.3 0.01±0.00 0.01 – 0.01 
 Cyprinus carpio carpio  5 52.0±9.0 42.7 – 66.6 2.2±1.2 1.1 – 4.1 10.8±2.2 8.7 – 14.4 0.11±0.03 0.09 – 0.15 
 Ctenopharyngodon idella  2 69.5 66.1 – 72.9 3.4 2.8 – 4.0 7.4 7.2 – 7.7 0.03 0.02 – 0.03 
 Chanodichthys dabryi  7 25.5±1.8 22.7 – 28.2 0.1±0.0 0.1 – 0.2 12.3±0.6 11.2 – 12.9 0.15±0.09 0.00 – 0.26 
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Table B1. continued 
Reservoir 

code Species 
  Total length (cm) Weight (kg) G15N  (‰) THg (µg/g ww) 
 n Mean Range Mean Range Mean Range Mean Range 

L  (cont’d) Chanodichthys erythropterus  6 31.7±3.9 24.6 – 34.7 0.2±0.1 0.1 – 0.2 12.7±1.0 11.6 – 14.5 0.09±0.04 0.04 – 0.16 
 Chanodichthys mongolicus  5 27.9±1.0 26.6 – 29.4 0.2±0.0 0.2 – 0.2 12.5±0.7 11.8 – 13.3 0.15±0.09 0.07 – 0.26 
 Hemibarbus maculatus  4 25.3±2.2 23.2 – 28.0 0.1±0.1 0.1 – 0.2 12.7±0.7 11.8 – 13.5 0.05±0.02 0.03 – 0.07 
 Hemiculter leucisculus  11 18.0±4.1 12.3 – 23.5 0.1±0.0 0.0 – 0.1 10.7±0.4 9.9 – 11.4 0.08±0.05 0.04 – 0.22 
 Hypophthalmichthys molitrix  5 51.7±1.5 49.5 – 53.3 1.5±0.1 1.3 – 1.6 10.8±0.5 10.2 – 11.4 0.04± 0.01 0.03 – 0.04 
 Megalobrama amblycephala  3 39.6±3.5 36.2 – 43.2 0.8±0.2 0.7 – 1.1 10.0±0.5 9.4 – 10.4 0.02±0.02 0.01 – 0.03 
 Channa argus argus  7 32.2±15.1 18.2 – 52.0 0.6±0.6 0.1 – 1.3 8.7±1.4 6.5 to 11.3 0.19±0.10 0.03 – 0.30 
 Opsariichthys bidens  1 10.9  0.01  11.4  0.03  
 Tachysurus fulvidraco  5 13.8±0.7 13.1 – 14.8 0.0±0.0 0.0 – 0.1 10.6±0.6 10.0 – 11.1 0.06±0.05 0.03 – 0.15 

 Plagiognathops microlepis  6 30.2±4.6 21.4 – 34.0 0.3±0.1 0.1 – 0.4 8.7±1.3 7.7 – 11.2 0.02±0.01 0.02 – 0.04 
 Silurus asotus  5 39.6±1.7 36.9 – 41.5 0.5±0.1 0.3 – 0.6 7.2±0.6 6.4 – 8.0 0.01±0.00 0.01 – 0.02 
 Siniperca chuatsi  7 25.4±5.0 22.4 – 37.6 0.3±0.3 0.1 – 0.9 12.1±0.4 11.7 – 12.7 0.10±0.07 0.05 – 0.20 

M Hypophthalmichthys nobilis  5 73.2±6.1 64.0 – 80.0 4.8±1.1 3.0 – 5.9 11.4±0.9 10.5 – 12.4 0.07±0.02 0.04 – 0.10 
 Carassius auratus auratus  8 12.1±1.7 9.6 – 14.9 0.0±0.0 0.0 – 0.1 9.2±0.5 8.5 – 9.8 0.07±0.06 0.03 – 0.20 
 Cyprinus carpio carpio  5 43.1±19.3 22.0 – 70.0 1.7±1.9 0.2 – 4.8 9.2±0.6 8.3 – 9.7 0.06±0.04 0.02 – 0.11 
 Chanodichthys dabryi  3 35.2±1.8 33.4 – 37.0 0.4±0.0 0.3 – 0.4 11.5±1.3 10.1 – 12.6 0.19±0.08 0.10 – 0.24 
 Chanodichthys erythropterus  6 50.5±19.8 35.3 – 81.0 1.3±1.6 0.2 – 4.1 12.7±0.9 11.6 – 13.9 0.22±0.13 0.10 – 0.40 
 Chanodichthys mongolicus  5 34.1±0.8 32.9 – 34.9 0.3±0.0 0.3 – 0.3 11.9±0.4 11.5 – 12.6 0.17±0.02 0.15 – 0.18 
 Hemiculter leucisculus  6 16.4±1.8 14.2 – 18.7 0.03±0.01 0.02 –0.05 9.0±0.5 8.3 – 9.8 0.12±0.03 0.08 – 0.16 
 Hypophthalmichthys molitrix  3 51.2±5.8 46.0 – 57.5 1.4±0.5 0.9 –1.9 11.3±2.5 9.8 – 14.2 0.06±0.02 0.04 – 0.08 
 Megalobrama amblycephala  3 28.6±2.9 25.3 – 30.5 0.3±0.1 0.2 – 0.4 11.2±1.0 10.1 – 12.0 0.04±0.00 0.04 – 0.04 
 Channa argus argus  7 24.2±4.5 18.2 – 33.0 0.1±0.1 0.1 – 0.3 10.6±0.5 9.7 – 11.2 0.12±0.03 0.09 – 0.18 
 Opsariichthys bidens  5 14.2±2.2 11.0 – 16.6 0.03±0.02 0.01 – 0.06 11.5±0.5 11.0 – 12.0 0.10±0.04 0.03 – 0.14 
 Siniperca knerii  6 23.6±5.1 14.1 – 28.1 0.3±0.1 0.0 – 0.4 11.7±0.4 11.2 – 12.1 0.22±0.06 0.15 – 0.31 

Q Hypophthalmichthys nobilis  5 88.2±11.5 73.5–102.0 9.2±2.4 6.5 –12.2 13.2±0.2 12.9 – 13.5 0.06±0.02 0.03 – 0.08 
 Carassius auratus auratus  3 30.1±2.6 27.3 – 32.5 0.4±0.1 0.3 – 0.4 12.5±1.4 10.8 – 13.3 0.36±0.23 0.11 – 0.57 
 Cyprinus carpio carpio  5 56.4±10.7 41.0 – 70.5 2.5±1.1 1.1 – 4.0 11.9±0.6 11.2 – 12.7 0.11±0.04 0.05 – 0.16 
 Ctenopharyngodon idella  2 51.5 49.5 – 53.5 1.6 1.5 – 1.7 6.9 6.8 – 7.1 0.003 0.002 – 0.004 
 Distoechodon tumirostris  4 25.5±2.4 24.0 – 29.0 0.2±0.0 0.1 – 0.2 8.6±0.2 8.4 – 8.8 0.02±0.00 0.01 – 0.02 
 Chanodichthys dabryi  2 35.9 29.5 – 42.3 0.4 0.2 – 0.6 14.6 14.5 – 14.7 0.31 0.23 – 0.38 
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Table B1. continued 
Reservoir 

code Species 
  Total length (cm) Weight (kg) G15N  (‰) THg (µg/g ww) 
 n Mean Range Mean Range Mean Range Mean Range 

Q  (cont’d) Chanodichthys erythropterus  4 60.1±19.5 43.0 – 85.0 1.9±2.0 0.4 – 4.7 13.8±1.3 12.2 – 14.9 0.23±0.26 0.06 – 0.62 
 Chanodichthys mongolicus  7 43.6±10.8 38.0 – 68.0 0.9±1.0 0.4 – 3.0 14.5±0.6 13.4 – 15.4 0.13±0.05 0.09 – 0.23 
 Hemibarbus maculatus  5 28.7±4.0 25.5 – 35.3 0.3±0.1 0.2 – 0.5 10.5±1.7 8.8 – 13.4 0.04±0.03 0.02 – 0.10 
 Hemiculter leucisculus  5 18.7±2.3 17.1 – 22.7 0.0±0.0 0.0 – 0.1 9.3±1.1 8.2 – 10.7 0.05±0.02 0.01 – 0.07 
 Hypophthalmichthys molitrix  5 66.0±10.3 55.2 – 81.9 3.4±2.1 1.8 – 7.0 11.5±1.3 9.3 – 12.7 0.05±0.01 0.04 – 0.06 
 Megalobrama amblycephala  4 38.0±5.3 32.0 – 44.6 0.8±0.3 0.4 – 1.3 12.4±3.6 7.1 – 14.9 0.04±0.02 0.01 – 0.06 
 Channa argus argus  4 30.2±3.8 25.7 – 34.9 0.2±0.1 0.2 – 0.3 14.0±0.6 13.6 – 14.9 0.04±0.34 0.05 – 0.73 
 Opsariichthys bidens  4 17.5±1.0 16.3 – 18.8 0.1±0.0 0.1 – 0.1 12.8±0.7 12.1 – 13.8 0.12±0.06 0.04 – 0.19 
 Tachysurus fulvidraco  5 20.9±3.9 17.2 – 25.6 0.1±0.1 0.1 – 0.2 12.3±2.1 10.0 – 14.7 0.19±0.11 0.08 – 0.37 
 Plagiognathops microlepis  6 29.1±2.9 26.5 – 33.9 0.2±0.1 0.1 – 0.4 11.5±1.0 10.4 – 13.2 0.04±0.01 0.03 – 0.05 
 Pseudolaubuca sinensis  5 27.8±1.7 25.3 – 30.0 0.1±0.0 0.1 – 0.2 13.2±0.9 12.2 – 14.3 0.11±0.06 0.06 – 0.20 
 Silurus asotus  4 41.2±8.6 32.0 – 52.0 0.4±0.2 0.2 – 0.3 12.4±3.8 6.8 – 14.7 0.38±0.25 0.01 – 0.58 
 Siniperca chuatsi  1 45.2  2.0  13.5  1.17  
 Siniperca knerii  7 26.0±1.3 23.9 – 27.5 0.3±0.0 0.2 – 0.3 13.8±1.3 11.8 – 15.2 0.13±0.06 0.10 – 0.25 
 Sarcocheilichthys parvus  3 19.3±1.4 17.6 – 20.2 0.1±0.0 0.1 – 0.1 13.0±0.7 12.6 – 13.8 0.16±0.06 0.07 – 0.16 
 Sarcocheilichthys sinensis 

sinensis 
 2 22.7 22.0 – 23.4 0.2 0.1 – 0.2 14.2 14.2 –14.3 0.11 0.09 – 0.17 

 Siniperca scherzeri  2 30.5 28.5 – 32.4 0.4 0.3 – 0.5 13.3 13.0 – 13.5 0.24 0.21 – 0.28 
S Hypophthalmichthys nobilis  4 44.8±7.3 39.0 – 55.0 1.1±0.5 0.7 – 1.8 12.4±2.4 10.4 – 15.1 0.02±0.01 0.02 – 0.03 
 Carassius auratus auratus  5 20.3±1.3 19.0 – 22.0 0.1±0.0 0.1 – 0.2 8.9±0.3 8.5 – 9.2 0.03±0.00 0.02 – 0.03 
 Cyprinus carpio carpio  5 38.8±3.1 35.4 – 43.0 0.9±0.2 0.7 – 1.1 7.6±1.0 6.4 – 9.1 0.10±0.06 0.04 – 0.19 
 Ctenopharyngodon idella  4 56.0±3.3 51.5 – 59.0 2.2±0.3 1.7 – 2.4 8.8±1.5 6.8 – 10.2 0.02±0.01 0.01 – 0.02 
 Distoechodon tumirostris  5 26.3±4.4 21.4 – 31.4 0.2±0.1 0.1 – 0.3 11.9±0.7 10.8 – 12.5 0.01±0.00 0.01 – 0.01 
 Chanodichthys dabryi  2 16.6 16.2 – 17.0  0.04 0.03 – 0.04 15.6 15.5 – 15.7 0.02 0.02 – 0.03 
 Chanodichthys erythropterus  14 27.3±15.4 10.6 – 54.4 0.3±0.4 0.0 – 1.3 12.0±1.6 9.5 – 14.5 0.03±0.01 0.02 – 0.05 
 Hemiculter leucisculus  6 12.3±1.3 11.1 – 14.7 0.01±0.01 0.01 – 0.02 11.5±1.7 8.9 – 13.2 0.04±0.01 0.03 – 0.05 
 Hypophthalmichthys molitrix  7 65.1±12.0 46.0 – 77.0 7.5±10.8 1.1 – 31.7 12.1±5.0 4.5 – 16.6 0.04±0.02 0.02 – 0.07 
 Megalobrama amblycephala  5 32.0±0.9 30.6 – 33.1 0.5±0.0 0.4 – 0.6 6.4±0.1 6.4 – 6.6 0.01±0.00 0.00 – 0.01 
 Channa argus argus  5 38.2±2.0 36.0 – 41.0 0.6±0.1 0.5 – 0.7 11.6±0.2 11.4 – 11.8 0.03±0.00 0.03 – 0.04 
 Tachysurus fulvidraco  5 24.1±0.5 23.5 – 24.6 0.2±0.0 0.1 – 0.2 8.8±0.5 8.2 – 9.6 0.02±0.00 0.01 – 0.02 
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Table B1. continued 
Reservoir 

code Species 
  Total length (cm) Weight (kg) G15N  (‰) THg (µg/g ww) 
 n Mean Range Mean Range Mean Range Mean Range 

S  (con’t) Plagiognathops microlepis  10 18.4±6.2 11.9 – 25.4 0.02±0.0 0.02 – 0.02 8.1±2.0 4.9 – 10.2 0.01±0.01 0.00 – 0.02 
 Silurus asotus  5 36.3±1.6 35.2 – 39.1 0.4±0.1 0.4 – 0.5 8.2±0.4 7.8 – 8.7 0.02±0.00 0.01 – 0.02 
 Siniperca chuatsi  1 15.0  0.1  14.4  0.08  

T Hypophthalmichthys nobilis  5 50.2±2.1 48.0 – 53.2 1.4±0.2 1.2 – 1.7 13.7±1.1 12.3 – 14.9 0.05±0.01 0.03 – 0.07 
 Carassius auratus auratus  5 21.6±3.8 17.3 – 25.7 0.2±0.1 0.1 – 0.2 10.5±3.6 7.3 – 14.7 0.02±0.03 0.01 – 0.08 

 Cyprinus carpio carpio  1 13.6  0.03  9.5  0.09  
 Chanodichthys dabryi  5 20.9±2.6 17.6 – 23.3 0.06±0.03 0.03 – 0.10 14.8±0.5 14.2 – 15.5 0.05±0.02 0.03 – 0.07 
 Chanodichthys erythropterus  4 25.8±2.1 23.9 – 27.6 0.09±0.03 0.06 – 0.12 15.1±0.4 14.6 – 15.7 0.04±0.02 0.02 – 0.07 
 Chanodichthys mongolicus  10 19.6±4.3 16.2 – 31.0 0.04±0.01 0.02 – 0.07 15.0±1.1 13.5 – 16.6 0.07±0.04 0.02 – 0.15 
 Hemiculter leucisculus  8 17.9±5.9 15.0 – 32.3 0.03±0.01 0.20 – 0.03 12.6±0.8 11.3 –13.5 0.08±0.03 0.04 – 0.13 
 Hypophthalmichthys molitrix  5 39.5±1.6 38.0 – 41.7 0.61±0.09 0.48 – 0.71 11.9±1.2 10.3 –13.4 0.03±0.01 0.02 – 0.05 
 Megalobrama amblycephala  4 14.6±2.8 12.4 – 18.8 0.05±0.04 0.02 – 0.10 11.4±0.3 11.2 – 11.7 0.06±0.00 0.05 – 0.06 
 Tachysurus fulvidraco  3 16.9±3.7 14.2 – 21.1 0.06±0.04 0.03 – 0.11 14.6±0.3 14.3 –14.9 0.05±0.01 0.04 – 0.07 
 Plagiognathops microlepis  6 24.2±4.8 18.8 – 31.9 0.11±0.06 0.02 – 0.18 10.5±1.1 9.4 – 12.3 0.01±0.00 0.01 – 0.02 
 Sinibrama macrops  4 13.6±1.1 12.4 – 15.0 0.01±0.01 0.01 – 0.02 13.5±2.0 10.6 – 15.3 0.09±0.04 0.06 – 0.14 
 Sarcocheilichthys sinensis 

sinensis 
 1 11.0  0.02  11.8  0.01  

 
 
 
 
 



 

 

178 Figure B2. Log total mercury (THg) versus G15N by reservoir.             See Table 2.1 for species codes. 
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Figure B2. continued 
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Figure B3. Linear regression of zooplankton trophic position (as indicated by G15N) vs. 
% crop (p > 0.05). See Figure 3.1 for reservoir codes.  

 

 

  



 

 

 

181 

Appendix C Supplementary material to Chapter 4 

Table C1. Presence of phytoplankton species and functional groups at each reservoir. Relative abundances within sites are given 
qualitatively by + (rare) ++ (common), +++ (abundant), and ++++ (dominant) but only presence absence was used in the principal 
components analysis. Functional group designations are given when known following Reynolds et al. (2002) and Padisák et al. (2009).  

Functional  

group Latin name  Species code F H L M Q S T 

H1 Anabaena oscillarioides Aosc +   ++    

H1 Anabaena sp.  ANA     ++ + ++ 

H1 Anabaena spiroides Aspi    +++    

LM Ceratium hirundinella  Chir +  ++ ++    

 Chlamydomonas sp. CHL  ++++    +  

J Coelastrum microporum Cmic      +  

J Coelastrum reticulatrum Cret      +  

 Cyclotella sp. CYC ++  ++ +  ++  

MP Cymbella cymbiformis Ccym     ++   

 Diatoma sp. DIA     +   

E Dinobryon divergens Ddiv +++       

E Dinobryon sp. DIN   ++     

G Eudorina elegans Eele    ++    

G Eudorina sp. EUD    +    

 Fragilaria sp. FRA   ++    + 

J Golenkinia sp. GOL      +  
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Table C1. continued 
Functional  

group Latin name  Species code F H L M Q S T 

MP  Gomphonema acuminatum Gacu     +   

MP Gomphosphaeria sp. GOM    +    

P Melosira granulata Mgra ++   ++  ++  

P Melosira granulata  

var. angustissima f.spiralis 

MgraVang ++ ++    ++  

LO Merismopedia sp. MER       ++ 

M Microcystis aeruginosa Maer + ++  +++ ++ +  

M Microcystis smithii Msmi    ++    

M Microcystis sp. MIC   +++ +++    

M Microcystis wesenbergii Mwes  ++ +   + ++ 

 Oscillatoria sp. OSC      ++++ ++++ 

G Pandorina morum Pmor     + +  

G Pediastrum boryanum Pbor      +  

J Pediastrum duplex  

var. gracillimum 

PdupVgra      ++  

J Pediastrum duplex  

var. unknown 

Pdup    +++    

J Pediastrum simplex Psim    ++  +  
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Table C1. continued 
Functional  

group Latin name  Species code F H L M Q S T 

J Pediastrum simplex  

var. duodenarium 

PsimVduo  +   +  + 

 Pinnularia sp. PIN +    +   

J Pleodorina californica Pcal      +  

SN Raphidiopsis sp. RAP       ++++ 

J Scenedesmus denticulatus Sden      +  

J Scenedesmus quadricauda Squa      +  

J Scenedesmus sp. SCE    +    

 Spirogyra sp. SPG   +     

S2 Spirulina sp. SPI      ++  

NA  Staurastrum gracile Sgra      +  

NA Staurastrum natator Snat     ++   

D Synedra amphicephala Samp     +++   

D Synedra sp. SYN +  + +  ++++  

WS Synura uvella Suve  +      

NA Tabellaria sp. TAB   ++     

MP Ulothrix sp. ULO    + +   

G Volvox aurens Vaur +       

G Volvox tertius Vter     ++   
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Figure C2. Principal components analysis on phytoplankton species presence/absence using covariances  
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Appendix D Supplementary material to Chapter 5 

D1. Methods for fish age determination 

Otoliths of 95 fish of 11 species were used to obtain age of fish collected from 

eastern Chinese reservoirs. Two types of otoliths were used: asterisci and lapilli otoliths. 

Whole asterisci were immersed in 60% glycerol and viewed in incident light to interpret 

age by counting the number of annuli. The asterisci were then sectioned transversely 

through the origin to produce thin sections (410 µm), then ground, using progressively 

finer grits (400, 600, 800), and polished (10-µm aluminum oxide lapping film). The same 

procedure was used for sectioning lapilli. All sections were then replicated with acetate. 

All preparation procedures followed those described in Casselman and Gunn (1992). 

These methods provided two sections and two replicates of the two types of otoliths that 

could then be interpreted for age and measured to reconstruct previous growth history. In 

addition, age was available from whole asterisci interpretations. All age interpretations 

were assigned confidence ranks; the highest were considered to provide the best 

interpretation. These were used, and mean growth was calculated from the four 

aforementioned growth estimates. Age and growth interpretation used a system and 

software described by Casselman and Scott (2000) and were performed in the Calcified 

Structure Age-Growth  Environmental  Sciences  (CSAGES)  Laboratory  at  Queen’s  

University by J. Casselman.  
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Table D1 Mean r standard deviation (SD) of annular age in subtropical reservoir fishes of eastern China. The corresponding fish mercury 

concentrations are given in Table B1.  

 

Location Scientific name Species 
code 

n Age (years) 
 

    Mean r SD Min Max 
Hengshan Hypophthalmichthys nobilis AN 5 3.4 r 0.5 3 4 

Hypophthalmichthys molitrix HM 5 2.8 r 0.4 2 3 
Qiandao Cyprinus carpio carpio CC 5 4.6 r 1.5 3 7 

Ctenopharyngodon idella CI 2  2 2 
Chanodichthys dabryi ED 2  2 7 
Chanodichthys erythropterus EI 4 3.3 r 1.5 2 5 
Chanodichthys mongolicus EM 7 2.7 r 0.8 2 4 
Hemibarbus maculatus HBM 4 2.3 r 0.5 2 3 
Hypophthalmichthys molitrix HM 5 4.6 r 1.8  3 7 
Megalobrama amblycephala MA 4 2.5 r 0.6  2 3 
Silurus asotus SA 5 2.6 r 0.9 2 4 

Siminghu Hypophthalmichthys nobilis AN 4 3.5 r 1.7 2 5 
 Cyprinus carpio carpio CC 5 1.8 r 0.8 1 3 
 Ctenopharyngodon idella CI 4 2.0 r 0.0 2 2 
 Chanodichthys erythropterus EI 2  2 2 
 Hypophthalmichthys molitrix HM 7 2.9 r 1.2 1 4 
 Megalobrama amblycephala MA 5 2.0 r 0.0 2 2 
 Channa argus argus OA 5 2.8 r 0.4 2 3 
 Silurus asotus SA 5 1.0 r 0.0 1 1 
Tianmuhu Hypophthalmichthys nobilis AN 5 2.4 r 1.3 1 4 
 Hypophthalmichthys molitrix HM 5 2.0 r 0.0 2 2 

 


