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Abstract 

At the Merrick Landfill, located outside of North Bay (Ontario, CA), an investigation into the potential 

for an environmental impact to the Little Sturgeon River as a result of landfill leachate discharge was 

undertaken using toxicity testing using 96 hour acute lethality on Oncorhynchus mykiss (Rainbow Trout). 

Landfill leachate may present a risk to receiving environments as it is comprised of an array of chemicals 

including organics, ammonia, and metals. Testing was conducted in three phases, firstly testing was 

completed on site throughout an existing natural attenuation zone where the presence of several 

groundwater seeps down gradient of the site had been identified to determine the effectiveness of the 

existing leachate control features at reducing the environmental risks.  These tests indicated that the 

existing capture strategies were largely effective at reducing toxicity risks to the receiving environment. 

Testing was also completed on two pilot-scale hybrid-passive treatment systems to determine their 

effectiveness for leachate treatment.  Summer performance of a constructed gravel wetland system was 

also shown to be effective at reducing the toxicity of the landfill leachate at the site. Lastly in order to 

support  evaluation of leachate treatment requirements, a toxicity identification evaluation (TIE) was 

performed to determine the principle cause of toxicity within the leachate.  Based on water chemistry 

analyses of samples collected at various locations at the site, the TIE identified ammonia toxicity as the 

primary source of toxicity in the leachate, with a secondary focus on metal toxicity.  
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Chapter 1 

Introduction 

Annually, Canadians produce up to 250 kg per capita of residential waste and over 1 tonne per 

capita of municipal solid waste when commercial and light industrial wastes are taken into 

account (Statistics Canada, 2008).  Despite significant advances in diversion efforts such as blue 

box, organics composting and other specialty programs, including those for tires and waste 

electronics, a significant portion of these wastes are not diverted.  

On the surface this is considered to be the end of the waste.  However, once the waste is 

deposited in the landfill it slowly breaks down over a period of several decades releasing two 

main products, firstly, landfill gas which can be captured and either flared or used in co-

generation facilities to generate energy (Jaramillo and Matthews, 2005). The second by-product 

of the waste breakdown is leachate, which is the subject of study in this thesis. Leachate is 

produced as water infiltrates from the surface of the landfill from precipitation, and then 

percolates through the waste materials (Renou et al., 2008). As the water percolates from the 

surface it contacts and dissolves a wide variety of chemical contaminants from the waste 

materials. Once entrained in the leachate, some of these contaminants can have significant impact 

on receiving environments.  However, the level of impact from the leachate on the environment 

can vary significantly depending on the age and concentration of the leachate, as well as the 

characteristics of the receiving environment itself (Bonany et al., 2013; Thomas et al., 2009).  

The aim of this thesis was to determine the environmental impacts of leachate from the Merrick 

Landfill entering a surface water receiver, the mechanisms behind the observed impacts, and 

lastly, to evaluate the effect of two passive treatment systems, implemented at the site, on 

leachate mitigation.  
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1.1 Landfills and Leachate Production 

Once the leachate is produced, it generally follows one of two paths. In most modern larger 

landfills, the leachate is retained within the waste pile by the installation of a liner system, 

collected through a subsurface collection system and then treated.  However, due to the costs 

associated with the installation or retrofitting of these systems, some landfills, generally smaller, 

older, and/or those located in rural or remote areas, do not have liner and leachate collection 

systems. (Christensen, 2012; Christensen et al., 2001; Rowe, 1991). In some cases, the leachate is 

naturally attenuated, but in many cases the leachate from these sites enters the groundwater 

forming a plume within an area known as a Contaminant Attenuation Zone (CAZ), where a 

variety of biological, chemical and mass transfer processes reduce concentrations of the various 

leachate constituents. However, in certain cases the leachate can resurface as a result of flow 

conditions in a process commonly referred to as ‘breaking out’ (Reinhart, 1996). In cases where 

leachate resurfaces it can flow overland and enter surface waters directly, with potentially 

significant consequences to the aquatic life within that environment.  

1.2 Study Site 

The studies presented in the following chapters focus on work that was conducted at the Merrick 

Landfill located outside of North Bay, Ontario, Canada.  The Merrick Landfill is a relatively new 

landfill, which first received waste from the City of North Bay and some of the surrounding 

communities in 1994. It is considered one of the larger landfills in Ontario, permitted to handle up 

to 49,000 tonnes of waste each year (Ontario, 2014).  In part, due to the presence of significant 

quantities of buffer lands and the limited number of groundwater users (drinking water wells) in 

the area, the site was initially approved as a natural attenuation site. This would allow for the 

landfill to be unlined and utilize a CAZ to stabilize and reduce the strength of the leachate before 

it reached the property limits (CRA, 2003). However, within roughly three years of operation 
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leachate breakouts were discovered seeping from the ground in various sections of the CAZ. 

These seeps allowed the leachate and leachate impacted groundwater to flow overland into the 

Little Sturgeon River, significantly decreasing the attenuation time intended for leachate 

treatment (Stantec, 2010). The subsurface conditions that led to these breakouts are described in 

detail in Wallace et al., (2012).  In summary, they were the result of significant topography 

variations near the site, which is naturally terraced, coupled with significant variations in the 

depth of the bedrock, which forced the leachate towards the surface at a number of locations. In 

areas where leachate was identified to resurface, noticeable degradation in the water quality 

characteristics of the surfaced water was also evident, most noticeably the presence of significant 

iron precipitation as indicated by water colouration and the visible formation of precipitates down 

gradient of the seep origin. In order to reduce the potential for offsite impacts, the majority of the 

leachate seeps were collected in surface water ponds, and the leachate was pumped up gradient 

and allowed to re-infiltrate into the groundwater to increase the attenuation time (Stantec, 2010). 

In order to ensure continued infiltration in the re-infiltration areas, the bottom of the ponds were 

periodically dredged to remove accumulated precipitates. Furthermore, to reduce the potential for 

detrimental offsite impact, a liner and leachate collection system were installed in the remaining 

cells once the seeps had been detected. The Merrick Landfill site operators then investigated 

various options to provide an effective leachate and leachate impacted groundwater treatment 

system for use at the site. In order to minimize operating costs and to promote environmental 

sustainability, two hybrid passive treatment systems were installed to determine their suitability 

for effective leachate treatment in the cold climate of Northern Ontario. The design of these 

systems is discussed in detail as is their performance in Speer et al. (2010), Speer et al. (2011), 

Speer et al. (2012), Speer et al. (2013). Additional studies on their performance in terms of 

reduced toxicity and water quality parameter reduction through Principal Component Analysis 
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are presented in this thesis, as well as in a prior study by Wallace et al. (2012).  Additional 

descriptions of the site and sampling locations, including site maps, are included in Chapter 3.  

1.3 Receiving Environment 

The main receiving environment for the Merrick Landfill site, the Little Sturgeon River (LSR), is 

a small surface receiver that is located on the western site boundary, approximately 400 m to the 

west of the landfill, with an additional tributary entering the river on the landfill property but 

located downstream of the site’s attenuation zone. Prior to the initial construction of the site, the 

river was classified as a depleted receiver (CRA, 2003), signifying that the river water quality 

was deemed to limit the suitability for the river to serve as a habitat for more sensitive aquatic 

organisms. These included extremely low background conductivities and alkalinity, which would 

imply that the river would have a low buffering capacity with regards to pH. This was 

corroborated by the low and variable pH levels often observed during routine monitoring, 

typically during spring runoff events when pH as low as 5 have been reported (Stantec, 2010). 

These levels are consistent with similar low alkalinity environments, including those which were 

previously deforested or experience acid precipitation and snow pack melting. The background 

conditions and fluctuations in pH created an environment in the LSR, upstream of the landfill, 

with limited capacity to support fish populations (Jeffries et al., 1979; Johannessen and 

Henriksen, 1978; Rosenqvist, 1978; Rosseland, 1984; Schindler et al., 1986; Schofield, 1976). 

Furthermore the LSR has been observed to have relatively low flows during the summer months 

with variable levels of overgrowth resulting in relatively high summer water temperatures. 

Temperatures in the 20°C range were recorded during field season (data not presented). These 

conditions likely contributed to the historically low numbers of fish observed and the variable, 

but low, presence of indicator species such as Brook Trout (Stantec, 2010). Furthermore a low 

biotic index quality had been reported for the site. Biotic index is a measure of water and 

environmental quality based on the types of organisms present (Hilsenhoff, 1988). A summary of 
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the fish and benthic survey studies completed in other studies were previously compiled as part of 

the annual monitoring activities at the site. These were included in annual monitoring reports for 

the site (Stantec, 2010).   

1.4 Purpose and Scope of Studies 

The persistence of the overland seep flow imposed a potential risk of negative and potentially 

toxic leachate impacts to the LSR. Although several approaches had been implemented to collect, 

and re-infiltrate the leachate and collected leachate-impacted groundwater into the subsurface, at 

the time the study was initiated, indicators of mitigation strategy performance and/or 

environmental system protection beyond those involving regular surface water and fish/benthic 

monitoring had yet to be compiled and assessed. Given the complexity of the system, and the 

presence of what was considered to be a fragile ecosystem upstream of the site, the assessment 

and identification of potential risks to the aquatic receiving environment surrounding the site, as 

well as the risks to the aquatic populations (namely the trout species present near the site) was 

undertaken.   

Furthermore, as the operator (The City of North Bay) intended to provide environmental 

stewardship through enhanced environmental protection and environmental sustainability, two 

pilot scale passive treatment systems were designed, implemented and commissioned to treat 

collected leachate and leachate-impacted groundwater. To assess treatment effectiveness, these 

systems were also tested to determine their ability to remove or reduce toxicity. Lastly, to 

improve toxicity reduction within the system, as well as optimize effluent monitoring and 

minimize risk to receiving environments, an analysis was conducted to identify the likely 

source(s) of the toxicity in the leachate, such that these parameters could be more closely 

examined during any future design or monitoring efforts. The testing for these studies was 
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conducted using Oncorhynchus mykiss (Rainbow Trout), which has been identified in the 

literature as a well-developed indicator organism.  

 

The factors impacting these tests and the general body of existing knowledge regarding landfills 

and toxicity assessment are summarized within the literature review (Chapter 2). The onsite field 

testing is described in Chapter 3 in which the LSR and the pilot scale systems were evaluated to 

determine the location and level of toxicity in the treated leachate effluent. Chapter 4 relates to 

the identification of the toxic fractions within the leachate present on site using a Toxicity 

Identification Evaluation.  Lastly conclusions and engineering contributions are presented in 

Chapter 5.  
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Chapter 2 

Literature Review 

2.1  Solid Waste and Landfills 

Solid waste is a significant by-product of today's society, where waste materials are generated at 

nearly every stage of production and consumption processes.  In Canada it is estimated that each 

individual is responsible for the generation of nearly 1 tonne of solid waste each year (Statistics 

Canada, 2008).  Although efforts within the last several decades have begun to reduce the amount 

of wastes sent for disposal through the implementation of diversion programs, strategies such as 

centralized recycling and composting can be costly and are thus limited to more developed 

countries and areas with high disposal costs. However, diversion alone cannot completely 

eliminate the production of solid wastes.  For example, in 2013 the average diversion rate for 

Ontario municipalities was only 47.3% (Waste Diversion Ontario, 2009). Due to the global 

increase in energy demand and the realization that the energy contained in wastes could be 

valuable, incineration and other energy from waste solutions have attracted increased interest 

since the 1990's (Fodor and Klemeš, 2012; Rand et al., 2000).  However, these technologies are 

not yet implemented widely, in part due to the cost and technical complexity of the facilities, and 

the ash generated and captured via emissions control technologies must still be disposed of 

through landfilling (Rand et al., 2000). 

The sanitary landfill approach for the ultimate disposal of municipal solid waste (MSW) material 

continues to be widely accepted and used. Traditional comparative studies of the various possible 

means of eliminating solid waste (landfilling, incineration, composting, etc.) have shown that the 

least costly, in terms of operational and capital costs, remains landfilling (Fodor and Klemeš, 

2012; Rand et al., 2000; Renou et al., 2008).  As such, despite the alternatives available for waste 

management, landfilling remains the most common method of solid waste disposal.  Landfilling 
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of solid waste involves compaction and containment of generated wastes in engineered sites.  The 

encapsulation structures typically consist of cells of layered material, which are then covered and 

capped when completed. Many of these sites are entombment designs typically intended to reduce 

the amount of degradation that occurs within the waste as well as containing the by-products of 

degraded material (Christensen et al., 2001) 

Despite the efforts to contain the wastes and reduce the amount and rate of waste degradation, the 

waste material in landfills degrades over time. This time required varies with climate and landfill 

design approach, but can easily span nearly a century or more from the time the first waste is 

placed into a landfill cell (Christensen et al., 2001)  As wastes degrade it forms two main by-

products that are of concern; landfill gas, comprised primarily of methane and carbon dioxide, 

and landfill leachate, consisting of constituents of the waste which have been dissolved by water 

percolating through the landfill.  

Modern sanitary landfills are generally engineered to contain and control these by-products. 

Landfill liners and leachate collection systems, when installed, are designed and constructed with 

materials that have a low hydraulic conductivity, and thus reduce the rate of liquid flow through 

the waste allowing for containment and removal (Rowe et al., 2004). The materials employed 

range from natural materials such as clayey soils, to engineered materials such as high density 

polyethylene (HDPE) liners (Rowe et al., 2004).  Historically, engineering controls were not 

applied to disposal sites.  The number of landfill sites, nearly 3,000 in Ontario alone, combined 

with the contaminating lifespan of these sites means that leachate production and its ultimate fate 

is a potentially significant environmental concern (Christensen et al., 2001; Ontario, 2014a). 

2.2 Waste Degradation 

As previously stated, the main environmental risks associated with the disposal of solid waste 

results from the waste degradation within the landfill. Waste degradation occurs in multiple 
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stages from the time the waste first enters the landfill until the time the waste is fully stabilized 

within the disposal site. (Christensen, 2012; Warith, 2002).  

Christensen (2012) attributes the development of the reaction stoichiometry to Buswell and 

Mueller, (1952) where it is expressed as.    
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There are five to six stages of waste degradation commonly recognized in the literature: (1) a lag 

phase during initial waste placement and microbial culture establishment; (2) an aerobic/ 

transition phase where rapid microbial culture growth occurs, exceeding the rate of oxygen 

supply resulting in the development of anaerobic conditions; (3) an acidogenesis and (4) 

acetogenesis stages, where materials are broken down into acetic acid and acetates (and other 

volatile organics); (5) followed by methanogenesis; and (6) ultimately maturation. (Christensen, 

2012).  Each  stage is determined by the biological processes occurring within the waste from the 

time it is emplaced in the landfill until the biologically available fraction of the materials and their 

degradation by-products has been depleted completely (Christensen, 2012).  There are a number 

of sources that cover the stages of degradation in detail, as a result these will only be summarized 

herein (Christensen, 2012; Warith, 2002).  

2.2.1.1 Aerobic/Adjustment    

Phase 1 is the aerobic phase of degradation occurring immediately after the waste has been placed 

in a landfill cell. The most recently placed waste, as well as waste near the top of the landfill with 

minimal cover materials, can utilize oxygen that is entrained in the waste as it was placed, or that 

enters the waste via mass transfer mechanics (Barlaz et al., 1990).  However, normal landfill 

operations, including the placement of cover materials, limit future oxygen diffusion into the 

waste resulting in its ultimate depletion. (Kjeldsen et al., 2002).  Additionally, moisture begins to 
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accumulate within the landfilled material during this stage, promoting the development of a stable 

population of bacteria.  (Christensen et al., 1994; Reinhart, 1996) 

2.2.1.2 Transition 

Due to the rapid growth characteristics of aerobic bacteria, typically phase 2 is relatively short 

compared to the others.  Once suitable conditions for microbial growth have been established, the 

system undergoes a period of rapid biological growth, during which the rate of oxygen 

consumption exceeds the diffusion rate leading to a measured depletion of oxygen within the 

landfill (Murphy et al., 1995; Reinhart, 1996) 

2.2.1.3 Acidogenesis  

Once the available oxygen has been depleted through aerobic respiration, the waste enters phase 3 

(Reinhart, 1996).  During this phase, simple organics are consumed under anaerobic processes 

and broken down into simpler compounds, including organic acids.  The presence of the organic 

acids in the leachate results in a decrease in pH.  During this phase, elevated levels of COD and 

volatile components are often observed (Reinhart, 1996). 

2.2.1.4 Acetogenesis  

Phase 4 involves continued degradation of the waste within the landfill cell. The organic acids 

and other compounds are converted to acetate.  While there is a significant difference in the 

metabolic processes between the acidogenesis and acetogenesis stages, they are often grouped 

together as the processes are closely linked, and occur at the same time and within the same 

regions within the site (Haarstrick et al., 2001). 

2.2.1.5 Methanogenesis  

Lastly, methanogenesis occurs during the fifth phase of degradation (Reinhart, 1996).  During this 

phase the degradable organic compounds (acetate) are anaerobically converted to methane and 
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carbon dioxide, as well as other trace emissions (Allen et al., 1997).  Microorganisms established 

in the previous phases decrease during this stage, and slowly release substrate back into the 

system (Haarstrick et al., 2001).  Due to the rate of degradation and microbial growth kinetics, 

this stage occurs slowly and lasts longer than previous stages (on the order of decades). In some 

cases, methane production can provide the potential for cost recovery of facility operations 

through the sale of electricity generated via combustion of the materials within a generation 

system (Chong et al., 2005).  An important determining factor of whether commercial operations 

are feasible is economics, as determined by the quantity and rate of methane production, in 

addition to the potential for environmental benefits (Pacey et al., 1999).  In some cases, the 

potential for energy sales has driven design and operational decisions, where facilities commonly 

referred to as bioreactor landfills can be operated in a manner that accelerates the rate of methane 

production and encourages the facility to reach the methanogenesis stage more rapidly (Berge et 

al., 2009).  

2.2.1.6 Maturation  

The final phase of development is a maturation phase. At this stage, the degradable materials 

available in the landfill have largely been utilized. Once the substrate material has been consumed 

in the landfill, methane production decreases and eventually ceases (Reinhart, 1996). Given a 

sufficient period of time, it is expected that oxygen will eventually begin diffusing back into the 

system through the landfill cover, bringing the landfill back to an aerobic system under steady 

state conditions (Christensen et al., 1994; Kjeldsen et al., 2002).  

It should be noted that in practice the stages above do not have clearly defined beginning and end 

points, rather a gradual shift between phases occurs as microbial activity of one the subsequent 

phases becomes favoured due to an abundance of substrate coupled with a decrease in activity of 

the microorganisms associated with the previous phase (Barlaz et al., 1989; Kjeldsen et al., 2002; 
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Pohland and Harper, 1985). Additionally, the phase at which a landfill operates in is not 

consistent throughout the site, rather it varies with location within the cells as a result of local 

conditions and the differences in the time elapsed since waste placement (Bonany et al., 2013; 

Einola et al., 2008; Tränkler et al., 2005; Visvanathan et al., 2002).  The rate at which the landfill 

proceeds through each of the phases is also variable, varying with the type of materials placed 

within the landfill, and the climate at the location where the landfill is operated (Bonany et al., 

2013).  In general, a landfill capable of sustaining a higher rate of biological activity (available 

substrates, near-optimal temperatures) will proceed through the phases more rapidly than a 

landfill with lower rates of activity (complex substrates, chemical inhibitors, non-optimal 

temperatures) (Kim et al., 2006; Lema et al., 1988; Renou et al., 2008; Thomas et al., 2009)  

Some operational methodologies - such as placement of cover materials or the recirculation of 

leachate through the landfill - also have an impact on the nature of the waste degradation.  This 

can be a result of changes to substrate availability, bacterial seeding, or temperature control 

(Reinhart, 1996).  In the case of leachate recirculation, spatial differences at the site are decreased 

as both substrate and microorganisms are redistributed within the cell areas, microbial seeding 

can also increase the degradation rate of materials (Berge et al., 2009; Pacey et al., 1999; 

Reinhart, 1996; Reinhart and Al-Yousfi, 1996).   

The descriptions of landfill stages, to an extent, consider the state of the landfill with a focus on 

gas production.  However, the stages and their associated conditions also have an impact on other 

landfill components, particularly the nature of the leachate produced, as the nature of soluble 

materials will be dependent on the conditions within the landfill as described in Figure 2-1.   
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Figure 2-1 Degradation and biomass pathways of the organic fraction of MSW within a sanitary 

landfill (Haarstrick et.al., 2001) 

2.3 Landfill Leachate 

Landfill leachate is a complex mixture of water-soluble chemicals.  Leachate is formed as 

rainwater or other liquid percolates through the waste during the active life of the landfill, as well 

as the landfill cover materials once the landfill is closed. This includes any groundwater intruding 

into the landfill and any liquids directly deposited or produced during waste deterioration. As the 

water percolates through the landfill, dissolved compounds and suspended solids are accumulated 

in the leachate (Thomas et al., 2009).  A graphical representation of the leachate production 

process is included in Figure 2-2.  There are many factors that impact the characteristics of 
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leachate from the perspective of quantity. For example, climate influences precipitation, 

evaporation, and temperature, which in turn impact the amount of water available for the 

production of leachate (Bonany et al., 2013). Similarly, operational procedures such as cover 

placement or recirculation can impact production through moisture availability, ultimately 

influencing the rate of decomposition of the waste within the landfill.  

 

Figure 2-2: Water cycle in a sanitary landfill (Renou et al., 2008) 

2.4 Leachate Composition 

In addition to variations in quantity, quality of leachate can be impacted by many factors 

including waste composition, climate, operations, and age of the material in the site.  (Alkalay et 

al., 1998; Kjeldsen et al., 2002; Robinson, 1995; Visvanathan et al., 2002).  As leachate is 

generated by chemicals being mobilized from the waste and the by-products of its degradation 

into the percolating groundwater the types of waste and waste composition impact the leachate 

mixture and constituent concentrations.  As such, varying the type of waste will also impact the 

composition of the leachate (Christensen et al., 2001).  Significant variations can exist between 

landfills, resulting from the types of waste a facility accepts (industrial, commercial, hazardous), 

as well as the historical use of the landfill (e.g. acceptance of hazardous wastes). 
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Additionally, the regional location and associated disposal practices and climate can impact the 

types and condition of waste present. For example, the organic waste ban implemented in the 

European Union reduces readily available organic substrate (Burnley, 2001; Morrissey and 

Phillips, 2007).  Similarly, significant differences in degradation rates and extents of degradation 

would be anticipated between a landfill located in an arid location, where moisture is limited, 

versus tropical facilities where plentiful moisture and warm temperatures exhibit greater 

biological activity, while cold or arctic locations can entomb waste within the permafrost due to 

the drastically reduced degradation rate (Al-Yaqout and Hamoda, 2003; Blight et al., 1992; Tatsi 

and Zouboulis, 2002). Operational conditions and landfill design can also impact the composition 

of leachate, for example (Mårtensson et al., 1999) discuss the presence of humic acids within 

leachate, which is recirculated through the landfill, as having the potential for the mobilization of 

iron and other metals entrained within the landfill.  For leachate that is to be naturally attenuated, 

or captured within a purge well or similar system, once the leachate has been released from the 

landfill there is the potential for it also to be modified by down gradient contact with materials 

including soil and groundwater interactions, as well as further microbial degradations within the 

plume (Barker et al., 1986; Christensen et al., 2001).  

The age of the landfill also influences the composition of the leachate as the waste degradation 

occurs as distinct stages with different chemical and environmental conditions, as described 

above (Kjeldsen et al., 2002) and illustrated in Figure 2-3.  
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Figure 2-3 Input phase to leachate characteristics features (Kjeldsen et al., 2002) 

As an example, during the acidogenesis and acetogenesis stages the presence of short-chain 

soluble substrates can yield an increase in the COD available within the system, coupled with a 

decrease in pH (Barlaz et al., 1990; Robinson, 1995). 

Thus, conditions will vary temporally within the landfill.  A brief summary of leachate from 

recently placed materials or 'young' leachate, compared to leachate from a more degraded source 

or 'old' waste is presented in Table 2-1.  As can be seen, younger leachate tends to be more highly 

degradable with organics primarily consisting of volatile fatty acids (VFAs), while older leachate 

originating from waste which has largely been degraded contains less material overall, and 

exhibits a higher ratio of non-biodegradable materials.  When compared to municipal wastewater, 

the chemicals contained in leachate are similar, but the concentrations of many of these 

constituents of interest exceed that of wastewater (Kjeldsen et al., 2002; Tchobanoglous, 1979).  



 

19 

 

However, the similarities in composition between leachate and wastewater have led to the 

adaptation of technologies used in wastewater treatment for application in the treatment of 

leachate (Ehrig, 1984; El-Fadel et al., 1997; Kjeldsen et al., 2002; Robinson and Maris, 1983). 

Table 2-1 Leachate composition - (Lou et al., 2009) 

Analyte Young Leachate  Old leachate 

Age <5 >10 

pH 6.5 >7.5 

COD >10,000 <4000 

BOD5/COD >0.3 <0.1 

Organic 

Compounds 

80% volatile fat acids 

(VFA) 

Humic and fulvic 

acids 

Heavy Metals Low-medium Low 

Biodegradability High Low 

 

Despite leachate composition differences between locations, as well as temporally within the 

landfill, there are often similarities and trends with respect to leachate composition across various 

sites.  This allows for a degree of comparison between landfills, particularly sites located in 

similar climatic regions and/or which accept similar types of wastes (El-Fadel et al., 1997).  Since 

sites accepting MSW or a mixture of MSW and other source waste (institutional, commercial, 

light industrial) are the most common type of landfill, many leachate treatments, and thus 

characterization efforts, have focused on sites containing these types of operations (Christensen et 

al., 2001).   

2.5 Landfill Leachate Control 

Control of landfill leachate is a concern in all recently constructed or expanded landfills, and 

often a concern for those landfills which predate the practice (Ding et al., 2001; Fleming et al., 

1999; Salem et al., 2008; Slack et al., 2005).  There are several potential design materials and 
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configurations, however, modern engineered systems commonly consist of pipes, liners, and 

drainage control layers. In these systems leachate is retained within the cell through the 

installation of one or more non-permeable layers.  These layers are typically comprised of layers 

of compacted clay soils, or constructed materials such as geotextiles and/or plastic liners 

(Fleming et al., 1999).  Once retained, leachate is typically collected via one or more layers of 

perforated pipes surrounded by coarse granular material.  The leachate drains by gravity to one or 

more low-lying areas in the liner, allowing for the removal of leachate from the cell via pumping 

or in specific cases by gravity (Fleming et al., 1999; Ying et al., 1986).  Once collected, the 

leachate is either pumped through the waste again in a process known as recirculation, or is 

conveyed for treatment.  Recirculation is a strategy employed to provide previously depleted 

areas with additional substrate for degradation, or biologically seeding areas to promote 

continued degradation.  This process is most commonly used in landfills as a method to enhance 

waste degradation in order to generate gases more rapidly, and at a higher initial rate compared to 

sites without recirculation (El-Fadel, 1999; Reinhart, 1996; Reinhart and Al-Yousfi, 1996; 

Vavilin et al., 2003). 

2.6 Leachate Treatment 

Conventional landfill leachate treatment systems can be classified into two major groups (1) 

biodegradation which uses biological aerobic and anaerobic processes to degrade the waste, and 

(2) chemical and physical methods including chemical oxidation, adsorption, chemical 

precipitation, coagulation/flocculation, sedimentation/flotation and air stripping, which use 

mechanical processes and/or chemical addition to remove the compounds in leachate (Alkalay et 

al., 1998; Gálvez et al., 2006; Gotvajn et al., 2009; Kjeldsen et al., 2002; Lema et al., 1988; 

Mæhlum, 1995; Pohland and Harper, 1985; Renou et al., 2008; Silva et al., 2004; Speer et al., 

2011; Wallace et al., 2015).  As with wastewater treatment plants, leachate treatment systems 

consist of several independent treatment processes that are driven by including physical, chemical 
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and/or biological processes.  There are several options for leachate treatment depending on the 

characteristics of the leachate produced as well as any constraints surrounding the landfill site 

including quantity of leachate produced, area available at facilities and location of potentially 

supporting infrastructure (Gotvajn et al., 2009; Lema et al., 1988; Renou et al., 2008).  The 

strategies used by different facilities can be categorized as: leachate transfer and co-treatment, on-

site leachate treatment, or natural attenuation.  Different forms of treatment will remove 

contaminants at different rates depending on the process. This can impact not only the level of 

toxicity, but also can potentially cause a change in which chemical is causing the observed 

toxicity  (Isidori et al., 2003; Lei and Aoyama, 2010; Manoharan et al., 1992).  However, as 

leachate treatment is not the primary focus of this specific research and a significant amount of 

literature is available on individual treatment methods, the review of treatment types aims to 

simply provide an overview of general features of the technologies available as they relate to their 

ability to remove leachate constituents that may impact toxicity.  

2.6.1 Leachate Transfer and Co-Treatment 

If sufficient facility capacity is available locally, leachate may be co-treated with wastewater in a 

municipal treatment facility.  The leachate may be pumped into a wastewater collection (sewer) 

system, and then proceeds through the system, in the process being mixed with domestic 

wastewater and thereby diluted to some extent.  Eventually, the leachate reaches the wastewater 

treatment facility where the biodegradable leachate constituents are degraded via the activated 

sludge or other biological process (Çeçen and Aktaş, 2004; Del Borghi et al., 2003; Eggen et al., 

2010; Kalka, 2012).  Additionally as previously described, leachate typically contains 

constituents at concentrations higher than would typically be expected in domestic wastewater 

(Kalka, 2012).  Co-treatment generally implies the dilution or reduction of constituent 

concentrations in the leachate prior to treatment.  This is beneficial to the process in certain cases 

as the concentrations of select analytes in full strength leachate can, in some cases, result in 
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bacterial inhibition and/or toxicity.  By reducing the leachate strength through mixing,  decreased 

bacterial inhibition can occur  which results in an increase in the relative degradation rate of the 

mixture compared to full strength leachate (Çeçen and Aktaş, 2004).   

This method requires that a wastewater treatment facility exists within close enough proximity to 

the landfill to allow for economical transportation of the leachate.  Additionally, the treatment 

plant must have both the volumetric capacity to accept and handle the additional loading, as well 

as have the capacity to treat the leachate to appropriate regulatory standards prior to release into 

the local environment.  As a result the leachate entering these facilities must be monitored from a 

volumetric and compositional perspective. (Çeçen and Aktaş, 2004; Kalka, 2012) 

However, if the option is feasible, particularly for municipally owned facilities, reduce capital and 

operational costs for a dedicated leachate treatment facility with manageable increases in 

operational and maintenance costs at the corresponding wastewater treatment facility.    

2.6.2 On-Site Leachate Treatment 

If facilities with the capacity and capability are not available in the area, leachate may also be 

treated on site. On-site leachate treatment evolved from wastewater treatment technologies and 

therefore employ similar processes typically adapted for the removal of target constituents and 

concentrations (Gotvajn et al., 2009; Renou et al., 2008). These include variations of the activated 

sludge process, various oxidation methods, and other technologies suitable for the relatively high 

strength of landfill leachate (Theepharaksapan et al., 2011).  The higher COD and TKN 

concentrations typically characteristic of landfill leachate mean that enhanced processes will be 

required compared to facilities designed to treat domestic wastewaters. (Abu Bakar et al., 2012; 

Alvarez-Vazquez et al., 2004; Morling, 2010).  Alternatively, facilities can be designed with 

significantly longer retention times allowing the constituents to degrade naturally at the site 

(passive treatment) (Mæhlum, 1995). A brief summary of some of the key treatment technologies 
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is included below. It should be noted that these systems are not limited to solely one approach, for 

example active systems may incorporate leachate stabilization ponds, in which biological 

processes and mixing can reduce the strength of leachate, as well as reduce the amount of 

variation in leachate quality entering the treatment plant.  Similarly aeration can be incorporated 

early in the treatment train to increase the initial rate of degradation within the system. 

2.6.2.1 Active Treatment 

As with traditional domestic wastewater treatment, novel processes are consistently being 

developed and designed to improve the rate and level of treatment attainable, or to decrease the 

overall costs of treatment (Bauer et al., 1999; Liang and Liu, 2008; Wiszniowski et al., 2006).  

These operations are typically capital and operationally cost intensive versus natural process, but 

can be located and operate within a smaller footprint due process intensification.  Treatment 

systems incorporating these processes are briefly described below. 

2.6.2.1.1 Air Stripping 

Air stripping utilizes exposure to air to remove volatile leachate components. Although the 

process can remove any volatile compounds, with respect to leachate, it has been found 

particularly effective in the removal of  ammonia (un-ionized) from solution (Cheung et al., 1997; 

Gotvajn et al., 2009; Haarstrick et al., 2001).  Un-ionized ammonia has a much higher volatility 

than its ionized form.  (Besser et al., 1998; Cheung et al., 1997). A more detailed description of 

ammonia ionization is presented in Section 2.8.1.  Since, ionization plays a predominant role, the 

effectiveness of treatment using this method is strongly dependent on the pH and chemistry of the 

solution, with the amount of the un-ionized form becoming more prevalent at elevated pH levels. 
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2.6.2.1.2 Ammonia Sorption  

Another form of ammonia removal is adsorption.  Several minerals have been identified with 

reasonable capability to adsorb ammonia, most notably clinoptiolite/zeolites, a silica rich mineral 

(Beler Baykal, 1998; Besser et al., 1998; Hey and Bannister, 1933). Clinoptiolite, depending on 

the specific characteristics of the deposit and mineral structure can adsorb up to 7 mg of ammonia 

per gram (Liu and Lo, 2001).  The sorption is reversible allowing the materials to be regenerated 

using sodium hydroxide (Langwaldt, 2008). Although not typically used in full-sized treatment 

systems, ammonia sorption materials are commonly used in other systems such as fish aquariums 

and aquaponics, as well as for testing purposes (Besser et al., 1998; Rafiee and Saad, 2010).  

2.6.2.2 Chemical Precipitation 

Coagulation - flocculation processes incorporate the addition of a chemical to assist in the 

chemical destabilization and subsequent physical removal of constituents via precipitation.  Small 

colloidal particles in suspension are typically electrostatically stable and do not interact to a 

sufficient extent, which results in sedimentation from solution (Tchobanoglous, 1979).  The 

addition of a chemical coagulant results in particle destabilization and allows for particle 

agglomeration that allows for their subsequent removal.   In leachate treatment coagulation has 

been used primarily as a pretreatment method (Amokrane et al., 1997). 

2.6.2.3 Sequencing Batch Reactors   

Sequencing Batch Reactors are typically one of the more technically complex methods of 

leachate treatment.  As the name implies, this method of treatment is a batch process, involving 

sequential operations on the batch to treat the leachate.  The batch processes often include several 

stages of treatment processes including stages such as aeration, anaerobic digestion, or 

coagulation.  Leachate treatment using SBR systems has been found to be highly effective at 

leachate treatment (Abu Bakar et al., 2012; Morling, 2010; Renou et al., 2008; Wang et al., 2012).  
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2.6.2.3.1 Summary  

While individual systems have different technological approaches into their design, they 

generally incorporate approaches that intensify degradation processes though chemical, physical 

or energy inputs.  This approach seems to be generally favoured by larger facilities with 

significant leachate production or facilities where space to implement leachate treatment is 

limited.  It should be noted that these treatment facilities will require operation and maintenance 

for several years beyond the operating life of the landfill as a result of continued leachate 

production (Christensen et al., 2001; Kjeldsen et al., 2002).  Once a final cover layer is installed, 

significantly reducing the leachate production rate, operation of these facilities can begin to be 

scaled back (Kjeldsen et al., 2002).  As these systems often discharge directly to receiving 

environments, they are regulated in a manner similar to other surface water discharges such as 

wastewater treatment facilities in terms of the overall rate, and allowable regulatory limits for 

specific constituents. 

2.6.2.4 Passive Treatment  

Another option is the use of passive style treatment systems, which mimic and often intensify 

natural treatment processes.  The most common forms of this type of system are wetland style 

systems, although a number of other methods - such as tricking or bio-filters - have also been 

developed (Bulc et al., 1997; Kadlec and Zmarthie, 2010; Mæhlum, 1995; Nivala et al., 2007; Xie 

et al., 2010).  In nature, wetlands are able to remove chemicals through biological processes 

resulting in treatment of degradable compounds, as well as nutrient uptake by plants and filtration 

through soil media.  Constructed wetland systems are often further divided into two categories 

based on the orientation of water flow through the system (Yalcuk and Ugurlu, 2009). Biological 

filters are designed to degrade the materials in a similar manner to wetland systems. However, 

growth in these systems is encouraged to occur on a stable matrix resulting in an increase in the 
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average biological age (Gálvez et al. 2006).  There are a number of challenges typically 

encountered with these systems.  Due to the limitations of passively driven mass transfer 

processes and their impacts on growth kinetics, these treatment units are typically constructed 

over larger areas, increasing construction requirements but reducing operational costs due to the 

natural systems in place (Mæhlum, 1995).  Furthermore climate specific operational difficulties 

can arise; for example, the limited growing season in northern climates can pose a challenge, 

particularly the reduced growth rate exhibited over the winter months, as well as in early spring 

and late fall (Speer et al., 2011, Speer et al., 2012; Wallace et al., 2015).  Additionally, some of 

the in leachate constituents can form precipitates within the system during treatment, as well as 

encourage formation of biofilm.  These factors typically decrease system performance by altering 

flow characteristics, which result in the establishment of preferential flow paths within the 

system.  This can lead to a reduction in the system's treatment capacity as a result of decreased 

contact and retention times due to short circuiting. (Knowles et al., 2011; Mæhlum, 1995; Rash 

and Liehr, 1999). 

2.6.3 Natural Attenuation 

Landfills which are older, smaller and/or more remote may or may not have any engineered 

leachate control systems installed in all or portions of the facility depending on the date it was 

constructed and the local conditions.  Landfills which do not have engineered control systems 

take advantage of the bacterial and chemical sorption processes within the soil, coupled with the 

dilution and dispersion capabilities of groundwater to provide a reduction in strength, as well as 

treatment prior to the leachate (Kjeldsen et al., 2002).  In these cases, formal (or in some cases 

complete) leachate collection does not occur, and the leachate is allowed to flow through the 

subsurface soil and water systems to attenuate naturally.  Due to the speed at which degradation 

occurs in these types of treatment regimes, the targeted retention time for these systems is 

generally large, resulting in significant amounts of land being incorporated into the treatment 
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area. The tracts of land used in contaminant control and treatment are referred to as contaminant 

attenuation zones (CAZ). The amount of land needed for CAZ varies from site to site with the 

physical and chemical properties of the soils (hydraulic conductivity, sorption capacity (Ontario, 

2014b).  Due to the complex nature of the interactions between leachate, bacteria, and soils at 

varying locations within the leachate plume, and changes in plume size and location as a result of 

chemical dispersion the specific processes and degradation rates are poorly known in comparison 

to more controlled treatment systems.  As a result, groundwater monitoring of landfill facilities - 

in particular along the leachate plume and at the site boundaries - is an important characteristic of 

the site’s environmental protection measures (Barker et al., 1986; Christensen et al., 1994, 2001; 

Gehrels and Puumala, 2000; Howard et al., 2012; Kjeldsen, 1993; Lee et al., 2006; Nicholson et 

al., 1983; Ontario, 2014b; Rowe, 1991; Tsanis, 2006; 1991).  As natural attenuation systems do 

not discharge to surface, they are not regulated in the same fashion as other treatment facilities. 

Instead, to protect the groundwater resources of the area, the facilities may be required to meet 

certain water quality guidelines.  In Ontario, this is regulated under 'Reasonable Use Guidelines' 

which limits both the maximum contaminant levels at the site boundaries, as well as setting limits 

for the maximum level  of groundwater degradation at the site property boundary.  The extent 

permitted is 25% of the difference between, background and the minimum standard for health 

related criteria (arsenic, cadmium lead), and 50% for non health related criteria (alkalinity copper, 

iron) (Ontario, 2014c).  This ensures that other uses of water within the watershed and or shallow 

aquifer can continue uninterrupted (Ontario, 2014b). 

 

2.7 Toxicity 

The principal concern associated with the release of leachate into receiving environments is the 

potential for the introduction of constituents that may be toxic to receptor ecosystems.  Toxicity is 
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the point at which the presence of a compound or combination of compounds results in a negative 

impact to an organism, or population of organisms (Lorke, 1983).  Due to the complexity of 

biological systems, it is often difficult to predict the effect of exposure to one or a combination of 

potentially detrimental chemicals (Altenburger et al., 2000; Backhaus et al., 2000)  Consequently, 

it is inherently difficult to establish a predictive model for toxicity. Instead, models based on the 

results of animal testing are selected as a means of determining the level of toxicity within a 

given sample population (Chapman, 2000; Embry et al., 2010; McKim, 1977).  Biological assays 

are considered the ‘golden standard’ in establishing toxicity.  Procedures for conducting 

biological assays are described further in later chapters.  Unfortunately, significant variations are 

commonly reported in the sensitivities of various species in their exposure to certain chemical 

compounds, as well as less significant variations between individuals within a given population.  

Furthermore, variations in tolerances are also exhibited between species, primarily due to 

differences in the  metabolic processes of each species (Giesy and Hoke, 1989; Jester, 1992).  As 

such, the testing of multiple individuals is required to assess a population’s response, and multiple 

species to gain a more complete appreciation of the potential toxicity to the entire receiving 

environment. It is generally considered best practice to test organisms which tend to express a 

high sensitivity to toxicants.  By testing the sensitive populations, which will express detrimental 

effects at lower concentrations, threshold concentrations with the potential for having negative 

environmental impact can be assessed (Giesy and Hoke, 1989).  Testing for the determination of 

lowest impact concentrations allows for the protection of the majority, if not all, of the species in 

an environment.  Sensitive species are commonly referred to as indicator species, and include 

species such as duckweed, various forms of daphnia, and several fish species including fathead 

minnows and trout species (Bernard et al., 1997; Clément and Merlin, 1995; Isidori et al., 2003; 

Plotkin and Ram, 1984). 
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2.7.1 Toxicity Testing  

Toxicity measurements are typically reported in terms of lethal concentrations (LC) or effect 

concentrations (EC) at various percentages of the population being affected.  As most chemicals 

affect populations according to a dose response curve, the 50th percentile is commonly used 

(LC50 or EC50).  In practice, this means that if a population is exposed at the LC50 for a given 

compound, it would be expected that 50% of the population would die as a result of the exposure 

(Lorke, 1983).  This is used as a metric as it provides a representative point at which the majority 

of the individuals within a population would be die at the observed dose and thus represents one 

potential point of consideration from a risk perspective.  Leachate has been well-established as 

being toxic to both microorganisms as well as higher trophic level organisms including fish 

(Clément et al., 1996; Isidori et al., 2003).  Several chemicals established to be present in most 

leachates have been demonstrated to cause toxicity directly or indirectly through environmental 

degradation.  Due to the complexity of the leachate composition, the toxicity is generally 

expressed as a result of similar groups of chemicals, as opposed to a specific compound or 

molecule (with the exception of ammonia) (Atwater et al., 1983; Clément and Merlin, 1995; Ernst 

et al., 1994; Evans et al., 2012; Isidori et al., 2003; McBride et al., 1979; Plotkin and Ram, 1984).    

Although discharge to surface waters is generally controlled, and in many cases treated prior to 

discharge, there are reported sites, primarily in less developed areas, where the discharge and 

release of leachate has raised environmental and health issues (Borzacconi et al., 1999; Mahmud 

et al., 2012; Tränkler et al., 2005).  Leachate release from landfill sites is more commonly 

directed into the surrounding natural attenuation zone, in part due to the location and historic 

development of landfills (Reynolds and Richards 1982). 
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2.8 Potentially Toxic Components 

2.8.1 Ammonia 

Ammonia is a common molecule produced as a by-product of the degradation of nitrogen 

containing organic matter including, proteins and urea (Reynolds and Richards, 1982).  As 

introduced above, ammonia commonly takes on one of two forms in the environment depending 

on its ionization state.  In neutral or acidified waters the majority of the molecule exists in its 

ionized form NH4
+
, while in waters with a higher pH level the molecule begins to exist more 

commonly as NH3.  The ionization state plays a major role in toxicity for this molecule, as it is 

well established that the un-ionized form is highly toxic to many species of fish and other aquatic 

life (Arillo et al., 1981; Arthur et al., 1987; Randall and Tsui, 2002; Smart, 1978).  Toxicity 

begins to be expressed at low levels of un-ionized ammonia with many guidelines for fish care 

recommending concentrations in holding tanks of less than 0.0125 mg/L (Canadian Council on 

Animal Care, 2005).  Given the high levels of ammonia present in leachate, the fraction of 

ammonia required to be present in the un-ionized state at levels above this guideline is relatively 

low.  The dependence on the ionization state, as one would expect, implies that the pH of the 

solution also plays an important role, as does the buffering capacity of the waters to resist pH 

fluctuations (Emerson et al., 1975).  Additionally, the temperature of the water has an impact on 

the level of ammonia ionization.  The overall level of un-ionized ammonia present in a water 

sample is defined by the following relationship as described by Emerson as: 

    
   

              
       [2-2] 

            
       

         
      [2-3] 

The presence and concentration of ammonia within leachate and downstream treatment systems is 

especially important in naturalized or biological treatment systems given the potential for 
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ammonia to inhibit growth or survival in most species (Clément and Merlin, 1995; Kim et al., 

2006; Osada et al., 2011) 

2.8.2 Metals  

Metals are also common constituents in leachate.  The often acidic conditions generated during 

waste degradation permit the partial dissolution of metal ions as well as the formation of organo-

metallic complexes within the landfill leachate, which consequently mobilize metals ions in the 

percolating leachate (Christensen et al., 1996; Mårtensson et al., 1999; Michalzik et al., 2007).  

This effect has shown to be enhanced at sites that implement leachate recirculation within 

previously filled cells.  While a number of metals play a vital role as a micronutrient in 

organisms, several including copper, aluminum, zinc, cadmium, are also documented as being 

toxic at different concentrations (El-Fadel, 1999; Hodson, 1988; Reinhart and Al-Yousfi, 1996). 

Additionally metals can have significant effects on receiving environments, particularly when 

they move from anaerobic landfill environments to the aerobic receiving environments, where the 

metal ions are oxidized (Theis and Singer, 1974). This phenomenon can have two main effects. 

Firstly, the redox reactions can result in the formation of insoluble precipitates, in one of several 

forms including hydroxides, calcites and carbonates, as well as through complexation with humic 

acids and other organic material (Ettler et al., 2005; Pettersson et al., 1993).  The precipitates can 

settle in areas of lower flow velocity, leading to lower volumetric capacities, and a reduction in 

aesthetics due to the deposited sediments (Jarvis and Younger, 2000). Additionally, the 

accumulation of solids can significantly affect areas with naturally low or fluctuating pH levels 

combined with a low buffering capacity, as well as in regions that experience acidic precipitation 

(rainfall) (Spry and Wiener, 1991). The pH changes resulting from rainfall precipitation or snow 

melt events can induce changes in the redox state and/or solubility of the metals, resulting in a 

short term spike in the dissolved concentrations of several metals.  This fluctuation in  

concentration can result in greater bioavailability of the metals, which can result in impacts to 
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aquatic species (Pettersson et al., 1993; Reader and Dempsey, 1989; Spry and Wiener, 1991).  

This can include toxicity to fish commonly as a result of damage to fish gill tissues (Pagenkopf, 

1983; Peuranen et al., 1994; Playle et al., 1992; Skidmore and Tovell, 1972). 

2.8.3 Emerging Contaminants 

Recently, the presence of emerging contaminants in surface waters as a result of disposal has 

been identified as an issue in literature (Pal et al., 2010).  Many of these compounds have also 

been  identified in landfill leachates (Eggen et al., 2010; Ramakrishnan et al., 2014).  Although 

these constituents possess the potential for acute toxicity, at the levels commonly detected in the 

environment chronic impacts appear more common (Pal et al., 2010). 

2.8.4 Leachate Water Interaction 

As a result of the complexity and variability of the leachate chemistry, differences in receiving 

environments, and the complex biogeochemical processes required to sustain life, challenges to 

understanding the consequent interactions between the leachate and the receiving water can be 

significant.  In all cases the receiving water will serve to dilute the particular constituents of 

interest entering the receiver, reducing the level of toxicity (Plotkin and Ram, 1984; Poléo et al., 

1994). However, alkalinity and the presence and concentrations of other water quality parameters 

including humic substances, can promote more complex interactions affecting pH, buffering 

capacity, and complexation reactions (Mantoura et al., 1978; Spry and Wiener, 1991; Theis and 

Singer, 1974).  In some cases the mixing area and ongoing reactions can serve to increase 

concentrations and mobility of certain contaminants, as well as result in increased risks to the 

receiving environment in cases where any precipitates, absorbed, or otherwise complexed 

materials are released back into the aquatic ecosystem over a short period of time (Peuranen et al., 

1994).  This poses potentially significant regulatory challenges in receiving systems where direct 

surface water release occurs, or where surface water and groundwater interactions occur.  In most 
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cases it is possible to regulate emissions at the point of discharge to the surface water receiver 

(typically the end of pipe). However in cases where emissions occur over a wider or more diffuse 

area, such as in the case of a landfill CAZ area; it may be more challenging to identify a specific 

point of release. As such it is common to monitor the concentrations upstream and downstream of 

these facilities (Barker et al., 1986; Milosevic et al., 2012). 

2.9 Bioassays 

Bioassays are tests that are employed to establish the potential impact of a substance on different 

living organisms.  The tests are typically conducted through the direct exposure of specific 

organisms to the substance being tested over a range of concentrations expected to be 

encountered, or expected to generate a given effect. The tests provide the ability to determine the 

effect of one or a mixture of chemical compounds on whole living organisms, populations or 

specific tissues.  As a result, the assays represent a golden standard for impact assessments in that 

they directly measure the impact of a discharge on organisms within an environment (Chapman, 

2000; Farré and Barceló, 2003).  Biological assays - and in particular toxicity tests - are 

commonly used by a number of regulatory bodies which have developed specific procedures for a 

selection of commonly tested species of organisms (Chapman, 2000)  Typically species are 

selected for their sensitivity to a variety of chemicals, as well as their ability to be reliably 

cultured, handled and exposed in a laboratory setting.  As a result of the frequency of their use 

and how often they are cultured, indicator species have generally been thoroughly studied and are 

well understood from a physiological standpoint.  Test organisms originate  from different trophic 

levels, with individual species displaying differing tolerances to ranges of exposure. These 

species include but are not limited to duckweed, daphnids, and several fish species, including 

fathead minnows, Japanese medaka, and rainbow trout (Embry et al., 2010; Lange et al., 2012; 

McKim, 1977).  Additionally, a number of bacterial populations can serve as test subjects.  

Typically in order to create a complete exposure profile for the potential impact of a substance, 
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testing on multiple species is conducted to determine the potential effects across the range of 

populations that would be found in a typical environment.  However most studies are limited to 

the impacts on a single organism given the time required to complete comprehensive testing of a 

single species (Cheung et al., 1993; Hsieh et al., 2004; Lei and Aoyama, 2010). 

2.10 Fish Assays  

Fish, given their perceived importance to most aquatic environments, are generally at higher 

trophic levels and exhibit greater general sensitivities to contaminants. Hence they are often used 

as target organisms for testing.  As mentioned above, several species of fish are commonly used 

in ecotoxicity testing.  Environment Canada specifies procedures for the testing of several species 

of fish including rainbow trout and fathead minnows (Government of Canada, 2009).  Testing 

under these standards provides the ability to compare results more readily across different 

substances, and under different environmental conditions.  The standards set procedural 

guidelines for animal handling and care prior to testing, size and loading during the testing, 

dosage methodology, and response measurement. Selection of the testing organism is generally 

based on anticipated sensitivities to likely compounds present in the solution of interest and to 

reflect the populations likely to be encountered in a specific receiving environment (Giesy and 

Hoke, 1989). Bioassays have been used to test a variety of substances including wastewater 

effluents and landfill leachate (Bortolotto et al., 2009; Thomas, 2010; Thomas et al., 2009).  

2.11 Toxicity Identification Evaluation (TIE) 

Toxicity Identification Evaluation (TIE) refers to a suite of tests designed by the USEPA to 

determine or confirm the cause of toxicity in a solution consisting of multiple chemical 

compounds (Durhan et al., 1993; Mount and Norberg-King, 1993; Norberg-King et al., 1991) .  

Testing is divided into three phases with each phase testing the toxic fraction of previous phases 

to narrow the toxic substance. The testing involves the fractionation of the raw samples into 
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multiple components using a variety of chemical extraction techniques, which become more 

specific to the identification of a particular toxic compound (Isidori et al., 2003; Norberg-King et 

al., 1991). The initial phase includes fractioning using pH adjustment with filtration and aeration, 

solid phase extractions, oxidant reduction tests, and EDTA chelation (Burgess et al., 2013).  

Subsequent toxicity testing on the fractions which have undergone various treatments indicate the 

likely class of toxicant.  For example, a test where treatment with EDTA would result in the 

chelation and thus decreased bioavailability of several metals and inorganics.  If this test resulted 

in a decrease in the observable toxicity it would indicate that the removal of an inorganic, or 

metal, constituent has a positive impact on the survivability of the species and therefore the 

removed compound is a likely factor in the toxicity of the sample.  Additional statistical methods 

can be employed to identify the cause of leachate toxicity, these methods can use, amongst other 

approaches, Principle Component Analysis (PCA) to determine the cause of toxicity (Clément et 

al., 1996). 

2.12 Landfill Leachate Toxicity Testing 

Toxicity testing of treated and untreated MSW landfill leachate has been conducted at a number 

of sites worldwide, using a number of test species, in each case leachate produced by the landfill 

was found to be toxic to the test organism (Kjeldsen et al., 2002; Plotkin and Ram, 1984; Thomas 

et al., 2009). In most cases, the leachate was identified as having one or more constituents that 

resulted in toxicity to the test organisms.  For example, testing of Daphnia magna or other 

daphnid species, commonly identified the presence of metal toxicity within the sample (Seco et 

al., 2003). This is reasonable given the documented presence of metals within leachate, as well as 

the known sensitivity to metal toxicity displayed by Daphnids as described in Biesinger and 

Christensen (1972).  Most studies also indicate that ammonia, alone, or in combination with other 

water quality constituents such as alkalinity, were the likely causes of leachate toxicity. (Bernard 

et al., 1997; Cheung et al., 1993; Clément and Merlin, 1995).  Other studies have indicated that 
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the presence and levels of other compounds including chlorides, metals, pH and conductivity, 

may also play an important role in the toxicity study outcomes (Assmuth and Penttilä, 1995; 

Atwater et al., 1983; Cameron and Koch, 1980; Clément and Merlin, 1995; Kross and 

Cherryholmes, 1993). Some additional studies have commented on the impact of xenobiotic 

organic compounds on the populations  (Baun et al., 1999; Ernst et al., 1994). However, these 

studies typically recognized that the primary toxicity in combined samples was likely due to 

ammonia, in combination with alkalinity and other substances.  Many of these studies suggest 

fractionation is required to further identify other modes of toxicity. Of particular interest are those 

studies that use fish to test landfill leachate (Atwater et al., 1983; Bradley and Sprague, 1985; 

Chapman et al., 1987; Klauck et al., 2013; McBride et al., 1979; Noaksson et al., 2003; Sisinno et 

al.; Wong, 1989). 

2.13 Summary 

In summary, the literature surrounding the potential for impacts as a result of landfills identifies 

leachate as having the potential to generate impacts to the environment.  As a result of the varying 

composition of the waste both between sites and during degradation, the leachate characteristics 

will vary between sites, and within a specific landfill will vary with time.  A number of leachate 

management strategies exist including natural attenuation, as well as on or off site treatment of 

leachate controlled within engineered and lined cells.  The potential environmental impacts  

include acute toxicity to species within the receiving area.  Toxicity can occur as a result of the 

presences of a number of constituents within the landfill leachate but the primary sources of 

toxicity relate to the presence metals and ammonia.  In studying the potential for impacts, 

bioassays including toxicity testing and Toxicity Identification Evaluations (TIE) have been 

found to be successful at detecting the potential for impacts to receivers, as well as identifying the 

cause of toxicity of a complex effluent to a population.   As such toxicity testing of leachate at the 

Merrick Landfill will be valuable, as it will provide an opportunity to determine the effectiveness 
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of the leachate management system in place at protecting the environment.  As an opportunity 

exists to determine the effectiveness of two pilot-scale hybrid-passive treatment systems.  Lastly, 

by conducting a TIE, the site specific cause(s) of toxicity can be determined, providing additional 

feedback to the engineering of treatment options at the site.   
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Abstract: Landfill leachate may present a risk to receiving environments as it is comprised of an 

array of chemicals including organics, ammonia, and metals. At the Merrick Landfill, located 

outside of North Bay (Ontario, CA), an investigation of an existing natural attenuation zone was 

undertaken where the presence of several groundwater seeps down gradient of the site had been 

identified. Testing was also completed on two pilot-scale hybrid-passive treatment systems to 

determine their effectiveness for leachate treatment. The evaluation of leachate toxicity was 

undertaken using 96 hour acute lethality toxicity testing with Rainbow Trout with samples 

collected at several locations on and near the site. These tests indicated that the existing capture 

strategies were largely effective at reducing toxicity risks to the receiving environment. Summer 

performance of a gravel wetland system was also shown to be effective at reducing the toxicity of 

the landfill leachate at the site. 
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3.1 Introduction 

Ontario residents produce roughly 12 million tonnes of waste each year (Waste Diversion 

Ontario, 2009). Despite the introduction of recycling, composting and other diversion activities, 

landfilling remains the ultimate disposal method for much of this waste. Landfills generally 

produce two major by-products; the first is landfill gas (LFG) comprising of a mixture of 

primarily methane and carbon dioxide, which can be released uncontrolled or captured and either 

flared or used for downstream waste to energy generation (Jaramillo and Matthews, 2005). The 

second by-product of landfilling is the production of leachate, which is comprised of a mixture of 

a number of chemical constituents that are generated and released during the breakdown of the 

waste within the landfill. The constituents contained in leachate include a variety of organic 

constituents, metals, as well as high levels of ammonia. Individually, these chemicals can pose a 

risk to the environment in the form of acute toxicity primarily from constituents such as ammonia 

or dissolved metals (Kjeldsen et al., 2002). In addition, the bioavailability of the toxicants can be 

altered either synergistically or antagonistically through complexation between metals and 

organic matrices present in the leachate, as well as through dilution and interaction with 

compounds present in the receiving environment (Miller and Mackay, 1980; Reader and 

Dempsey, 1989; Spry and Wiener, 1991). Toxicity tests provide a means of integrating the 

various effects of interactions between the chemicals present in the leachate that can impact the 

receiving environment (Thomas et al., 2009). In addition, the results of toxicity tests have been 

employed as reporting parameters in the regulation and evaluation of the potential for particular 

effluents to have environmental impacts on receiving environments (Thomas et al., 2009; Weber, 

1991).  
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The Merrick Landfill, located approximately 20 km north of North Bay (Ontario), opened in 

1994. Based on the hydrogeology of the site, the landfill, which accepts up to 49,000 tonnes of 

municipal solid waste and construction debris per year, was approved (Ministry of the 

Environment and Climate Change (MOECC)) as an unlined site that could provide natural 

attenuation of the leachate generated (CRA, 2003; Ontario, 2014).  Natural attenuation reduces 

the potential for leachates to cause environmental impacts as a result of natural processes in the 

soil including biological degradation, soil adsorption and groundwater dispersion of the 

contaminant plume.  However, within three years of commissioning, leachate was observed to 

originate from several groundwater seeps, flowing overland towards the Little Sturgeon River on 

the western side of the landfill. These seeps were clearly visible from the iron precipitate 

observed along the overland flow path. Following the detection of these seeps, subsequent landfill 

cells were lined and a leachate collection system was installed (Stantec, 2010). To evaluate the 

potential for the detected seeps to impact the receiving environment, toxicity tests of water 

samples collected within the natural attenuation zone of the pre-liner system were conducted. In 

addition, toxicity tests were performed on two pilot scale hybrid-passive treatment systems 

installed as possible treatment alternatives for the collected leachate (Speer et al., 2010; Speer et 

al., 2011; Speer et al., 2012; Speer et al., 2013; Wallace et al., 2012; Wallace et al., 2015).  

The receiving environment for the site is primarily the Little Sturgeon River located to the west of 

the landfill. The Little Sturgeon River is characterized as a low alkalinity water body, that 

consequently experiences broad pH fluctuations caused by seasonal changes, most notably 

springtime pH depressions during the melt/runoff period (CRA, 2003; Stantec, 2010).  

These fluctuations were believed to effect toxicity to aquatic biota as described by Miller and 

Mackay, (1980). There are also potential interactions between the leachate-impacted groundwater 

and the Little Sturgeon River during transient conditions caused by the mixing zone, which could 
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increase the bioavailability of other toxic compounds, such as during pH adjustments, or metal 

complexation (Bradley and Sprague, 1985; Reader and Dempsey, 1989; Spry and Wiener, 1991). 

The toxicity of landfill leachate is likely due, at least in part, to the pH of the leachate and the 

interaction of constituents such as aluminium, copper, zinc, lead, cadmium and mercury which 

are pH-sensitive (Cameron and Koch, 1980). Furthermore, the native soils and groundwater 

surrounding the Merrick landfill contained significant quantities of iron (Speer et al., 2010), 

where interaction between the iron and humic acids present in leachate could result in 

mobilization of the iron (and other metals) within the soils (Mårtensson et al., 1999). The result of 

this mobilization is that once the iron is mobilized and reaches the surface environment, the iron 

is oxidized and precipitated as ferric oxide (Fe2O3) (Theis and Singer, 1974). Fish respiration can 

be negatively impacted under these circumstances as the precipitate accumulates on the gill 

tissues (Peuranen et al., 1994). Therefore, the various interactions between the receiving 

environment and raw and treated leachate/leachate-impacted groundwater need to be assessed to 

ensure adequate environmental protection.  

The objective of this study was to determine the effectiveness of the current leachate diversion 

strategies within the natural attenuation zone of the Merrick Landfill in reducing the risks to the 

receiving environment resulting from leachate discharge, as well as to evaluate the performance 

of two constructed hybrid-passive systems in reducing the toxicity of the leachate.  

3.2 Materials and Methods 

3.2.1 Test Species 

The acute lethality tests were conducted using rainbow trout (Oncorhynchus mykiss) according to 

procedures designed to Environment Canada’s protocol EPS 1/RM/9 (Government of Canada, 

2002) under Queen’s University Animal Care Protocol #100438. Rainbow trout were selected as 

test animals because they are a sensitive salmonid similar in physiology to brook trout (Salvelinus 
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fontinalis) which have been found in the Little Sturgeon River, the receiving environment for the 

Merrick Landfill Site (Jester, 1992; McBride et al., 1979; U.S. Environmental Protection Agency, 

1999). Rainbow trout have been studied in other research and standard protocols for their 

handling and testing are well defined (Cameron and Koch, 1980; Government of Canada, 2002; 

Sprague, 1969). It should be noted that rainbow trout were referred to as Salmo gairdneri until 

1989, and as a result both forms of the name are often encountered in literature. Furthermore, 

populations of Rainbow trout require minimal specialized care making them relatively reliable 

and easy to maintain as a testing organism.  Furthermore, rainbow trout are commercially 

available and can be sourced without requiring the establishment and maintenance of breeding 

operations. The fish used in these experiments were sourced from Rainbow Springs located in 

London, ON, and shipped via air freight to North Bay, ON.  

3.2.2 Holding and Acclimation 

All animals were held on site for a minimum of 10 days to acclimate to the water from the Little 

Sturgeon River (herein referred to as dilution water) prior to testing, and were held for no more 

than 30 days in total. With an exception of mortality occurring during transit as a result of the 

duration of transportation, minimal mortality was observed within the tank. Feeding was 

completed at a rate of 1% of body weight per day, during acclimation, while fasting occurred 

within the 24 hrs leading up to and during testing per testing methodologies. An image of the 

holding tank is included as Figure 3-1. 
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Figure 3-1 Holding tank system in the field toxicity lab at the Merrick Landfill. The stock tank is 

shown on the left and an inlet tank with connections to the chiller is shown on the right.  

 

3.2.3  Source Sampling 

Water samples were taken from three types of sampling locations at the landfill site consisting of 

(i) surface water from the Little Sturgeon River; (ii) groundwater from seeps present within the 

natural attenuation zone; and, (iii) different sampling points within the pilot scale hybrid 

treatment systems. A map of the site with sampling locations noted is included as Figure 3-2. 

Prior to testing, to ensure the fish did not succumb at the beginning of the experiment due to 

stress from temperature differences from the holding tank or from lack of oxygen, leachate or 

leachate-impacted groundwater samples were aerated and cooled for several (6-12) hours.   
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Figure 3-2 Map of the Merrick landfill indicating the river (SW - red circles) and groundwater 

seep (SP- blue squares) locations. Adapted from: (Stantec, 2010). Arrows indicate direction of 

surface water flow. Cross section shown in Figure 3-3 

A 

A' 
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Figure 3-3 Cross section of the Merrick Landfill - Section A-A' on Figure 3 2 (Stantec 2010) 

Seep Location  
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During aeration, it was possible for some of the volatile constituents including ammonia to be 

removed via aeration, as well as some constituents to be precipitated out.  However, aeration and 

temperature adjustments were required to limit the potential for shocking or suffocation of the 

fish during initial exposure. It is assumed that based on the amount of sample and the acclimation 

time that any changes in the toxicity of the  sample would be minimal.  Samples which were not 

used immediately were sealed an stored in the laboratory for an additional 24 hrs.  As water from 

the Little Sturgeon River was used as the dilution water, it was subject to seasonal water 

chemistry and temperature fluctuations, and as a result of rainfall events. Experiments were also 

conducted in a field laboratory and, as such, ambient and water temperature control was reduced. 

Hence, modifications were made to the experimental protocol compared to the standard protocol 

used for compliance and regulation purposes -namely relating to an increase in the range of 

temperature considered acceptable for testing, and variations to fish loading rates. Ambient air 

temperatures exhibited daily fluctuations ranging from 5-35 degrees Celsius during the study 

period. Little Sturgeon River water temperatures also exhibited daily (up to 5 degrees) and 

seasonal fluctuations (3-4 degrees) over the duration of the experimental program. Water 

temperature control was required to reduce the observed variations in the dilution water 

temperature, which at times exceeded the normal tolerances of the trout (Jester, 1992; U.S. 

Environmental Protection Agency, 2008). Temperature control was accomplished using a 

commercial aquarium chiller. Nominal fish mass to sample volume loadings rates of the testing 

solutions were also slightly higher than the design loadings due to variations in fish size and 

individual fish growth during the acclimatization period preceding the experiments. It is not 

anticipated that the temperature or loading variations in the fish mass loadings contributed 

significantly to the observed toxicity, because the contaminants were refreshed daily with water 

changes. In addition, the temperatures were buffered compared to that of the receiving 

environment to provide better experimental control ensuring O. mykiss were not exposed to 
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stresses due to the temperature fluctuations as opposed to those associated with the contaminants 

introduced with the leachate or leachate-impacted groundwater. 

3.2.4 Range Finding Tests 

For locations where toxicity levels were unknown, range finding tests with five fish were first 

used to determine appropriate test concentrations. Range finding tests are a variant of acute 

toxicity tests-but conducted over a wide range of exposures and with fewer organisms prior to 

regular testing. The range finding tests reduce the overall number of organisms required in the 

toxicity testing and are performed by screening the range of concentrations or conditions at which 

impacts are likely to occur. The results of range finding tests were generally not suitable for the 

calculation of LC50s due to the responses encountered, for example it was common for no partial 

mortalities to occur (jumped from 0 to 100%) with testing pails being 20% different in dilution 

This results in it being impractical to determine a concentration sufficient to indicate where 

toxicity occurred. Also to minimize fish numbers as part of animal protocols, range finding tests 

were normally completed with a sample size being less than that of the regular testing (5 versus 

10 fish).  

3.2.5 Acute Lethality Testing 

Acute lethality tests are a form of toxicity testing designed to determine the likely effects on a 

receiver should a particular effluent be released to the environment. The measurement selected 

for reporting and comparison in this case was the 96 hour lethal concentration to 50% of the 

population (LC50), which is considered one of the standard tests for evaluating a potential acutely 

toxic discharge to a receiver (EPA, 2002). The LC50 lethality tests were used to determine the 

concentration of leachate that would result in 50% death in the test fish population (Sprague, 

1969). For the purpose of the study, lethality was defined as the fraction of total test population 

that exhibited severe signs of distress or mortality by the end of the 96-hour study. Testing was 
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conducted by exposing groups of 10 fish to different percent dilutions (10 L total test water 

volume, sample water diluted with Little Sturgeon River water), with static daily renewal. The 

health of the test population was monitored over a period of approximately 96 hours and animals 

exhibiting signs of distress were euthanized immediately. An image of the testing setup is 

included as Figure 3-4, and a summary of tests that were done was included as Table 3-1. The 

LC50 at different sampling points could be compared to assess the level of relative toxicity. For 

this work, the LC50 values were calculated using the Trimmed Spearman-Karber Method 

(Hamilton et al., 1977). The data was obtained from various effluent sampling points taken over a 

wide range of sample dilutions, based on the highly varying levels of observed toxicity and 

effluents being tested, which ranged from untreated to fully treated and prematurely discharged 

leachate-impacted groundwater.  In addition, the leachate was anticipated to be variable in nature 

depending on the location of sample collection based on the results of range finding tests and 

groundwater monitoring. The samples collected also exhibited variability at lower measured 

concentrations. The LC50s were then transformed to acute toxicity units for ease of reporting and 

comparison. Toxicity units were computed using Equation [3 - 1] and provided a comparative 

value between different samples.  

              
   

    
       [3-1]  
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Figure 3-4 Image of field laboratory testing apparatus showing active sample pails with aeration 

connections   
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Table 3-1 Experimental plan outlining testing locations dates and concentrations.  Concentrations 

indicate percentages of the testing solution which was sample 

Sampling Site Sample Dates (2011) Concentrations (% Sample) 

SW-U1 June 22, July 28 50, 100 

SW-U2 June 22, July 28, Aug 9 50,100 

SW-U3 June 22, July 28, Aug 9 50,100 

SW-M1 June 22, July 18, Aug 2 50,100 

SW-M2 June 22, July 18, Aug 2 50,100 

SW-D1 June 22, July 28, Aug 8 10, 50,100 

SW-D2 June 22, July 28, Aug 8 10, 50,100 

SP-1 June 26, August 18 1, 3.2, 10, 32, 100 

SP-2 June 26, August 18 1, 3.2, 10, 32, 100 

SP-3 June 26, August 18 1, 3.2, 10, 32, 100 

SP-4 June 26,  1, 3.2, 10, 32, 100 

SP-5 July 18, Aug 26 1.8, 5.6, 10, 18, 56, 100 

SP-6 July 18, Aug 26 5.6, 18, 32, 56 100 

SP-7 July 18, Aug 26 3.2, 10, 32, 56,100 

SP-8 July 18, Aug 26 3.2,10,32,100 

SP-9 July 18 3.2,10,32,100 

RW June 22, July 11, Aug 16 3.2, 5.6, 6.8,10 

ST June 22, July 11, Aug 16 1,1.8, 3.2, 5.6,10 

PE1 June 22, Aug 11 1, 3.2, 10, 32 

PE2 June 22,  

 June 26, July 11, Aug 16 

10, 18, 32, 56, 100 

1, 1.8, 5.6, 10 

WL2 June 22, July 11, Aug 16 1, 3.2, 10, 32, 100 

WL4 June 22, July 11, Aug 16 10, 18, 32, 56, 100 
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3.2.6 Water Quality Analysis 

The water conditions and quality at the site are well established both as a result of studies 

conducted at the site (Speer et al., 2010; Speer et al., 2011; Speer et al., 2012; Wallace et al., 

2012; Wallace et al., 2015), as well as through the site's monitoring and reporting program as 

established in the site's environmental approvals (Stantec, 2010).  Additional testing of samples in 

the field was conducted in order to monitor fish health.  Table 3-2 shows the average quality 

parameters for the studies.  

Several water quality parameter measurements were taken over the course of the experimental 

work. The stock tank was monitored daily for pH, dissolved oxygen (DO), temperature, and at 

least twice weekly for hardness and nitrate to ensure adequate and consistent water quality for 

fish survival. This monitoring was performed in the field using Nutrafin® aquarium test kits 

(A7825, A7830, A7845, A7855). Dissolved oxygen levels in the tank were monitored using a 

Jenco 9173 bench top DO meter with a Jenco LD 900-7 dissolved oxygen electrode and pH was 

measured using a Thermo Electron Corporation Orion 2-Star Series meter with Thermo Electron 

low maintenance pH probe (9145BN). The monitoring for alkalinity, and ammonia, was 

performed using a Hach® freshwater aquaculture kit FF-2 (model 243001). The test pails were 

sampled for conductivity, pH, temperature, ORP, and dissolved oxygen at the beginning and end 

of each experiment using a YSI field meter. In addition, water samples for confirmation were 

taken from the site on several occasions and were analyzed for alkalinity, metals, and ammonia 

within a cross correlation matrix. Alkalinity measurements were conducted via titrations 

according to ASTM D-1067, ammonia was measured using a Thermo Scientific Orion ion 

selective electrode. Metals (Ag, Al, As, B, Ba, Be, Ca, Cd, Co, Cr, Cu, Fe, K, Mg, Mn, Mo, Na, 

Ni, P, Pb, S, Sb, Se, Sn, Sr, Ti, Tl, U, V, and Zn) were analyzed using Inductively coupled plasma 

(ICP), mass spectrometry (MS), and optical emission spectrometry (OES) via Queen’s Analytical 

Services Unit.  The water quality measurements were designed to allow for basic comparisons  
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Table 3-2 Average leachate composition from the Merrick Landfill adapted from (Speer et al., 

2012) 

 

Raw Leachate  

Average  

Constructed 

wetland effluent 

Average  

River  Upstream 

(SW-U1) 

September 2011 

pH  7.1 (±0.2)  7.6 (±0.3) 6.5 

COD (mg/L) 995 (±290) 595 (±214) 36 

TN (mg/L-N) 535 (±214) 382 (±75)  

Ammonia (mg/L-N) 515 (±29)  2 (±2)  0.057 

Nitrate (mg/L-N) <D.L.  357 (±69) <D.L. 

Nitrite (mg/L-N) <D.L.  <D.L.  <D.L. 

Alkalinity  

(mg/L as CaCO3) 4242 (±280) 293 (±139) 

 

4.74 

TP (mg/L PO4-P) 3 (±1.7) 0.5 (±0.3)  

Al (mg/L) 0.5 (±1.1) 0.1 (±0.1)  

B (mg/L) 7.4 (±1.5) 7 (±1.9)  

Ca (mg/L) 242.7 (±28.5) 97.1 (±29.4) 1.6 

Fe (mg/L) 19 (±14.6) 1.1 (±0.5) 1.9 

Mg (mg/L) 162.1 (±29.6) 146.6 (±36.0) 0.66 

Mn (mg/L) 1.5 (±0.1) 0.6 (±0.2) 0.071 

Na (mg/L) 889.5 (±189.7) 840.9 (±213.6) 8 

Sr (mg/L) 1.7 (±0.2) 1 (±0.2) 0.019 

Zn (mg/L) 0.5 (±0.3) 0.2 (±0.3) 0.016 

<D.L. Below detection limit (3 mg/L-N) 

between toxicity and water chemistry.  In general, the field measurements were in keeping with 

the laboratory analysis, although they lacked the precision offered by the laboratory tests as they 

are most commonly colorimetric analyses.  

Data was analyzed through the generation of a correlation matrix for the parameters identified, to 

detect instances where interaction between multiple parameters could exist, followed by multiple 

linear regression against the toxicity of the sample location using the LC50 values expressed in 
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TU as the dependent variable. The resulting regression analysis was reviewed for parameter 

significance to determine the likely cause of toxicity in the leachate-impacted groundwater. A 

further correlation matrix was also prepared including toxicity to examine possible interactions.  

3.2.7 River Sampling Locations 

Surface water quality samples were collected upstream, and downstream of the site, as well as 

within the leachate plume mixing zone observed at the site defined approximately as the area 

below SW-U3 and SW-D1. Three sampling locations were selected to characterize upstream 

water quality; one located approximately 1.5 km upstream of the site (SW-U1) and the second 

immediately upstream of the northern-most identified seep (SW-U2) which was characterized by 

an increase in the conductivity of the stream from ~20 μS/cm to ~150 μS/cm from sampling 

points SW-U2 to SW-U3, respectively (Figure 3-2). The third site was located approximately 50 

m downstream of the northern most (SP-1) plume discharge point to allow for the effects of 

surface water mixing (SW-U3). Two sample points (SW-M1 and M2) were located adjacent to 

the landfill footprint; primarily at the location of the inlet for the holding tank water (SW-M1), 

which was used as a control sample and dilution water for the acute and range finding toxicity 

testing, as well as one located near the midpoint of the landfill footprint (SW-M2). The last group 

consisted of two downstream locations; one corresponding to the southern edge of the landfill 

(SW-D1) and one located approximately 2.5 km downstream at a highway crossing (SW-D2) (not 

shown on Figure 3-2). 

3.2.8 Groundwater Sampling Locations 

Groundwater samples were taken along the periphery of the landfill at several seeps, including a 

number that were captured by existing holding ponds and eventually re-infiltrated into the 

groundwater. These are designated SP-1 through SP-9 from North to South. The capture ponds 

were located at SP-5 (Figure 3-2). A cross section for the site is shown as Figure 3-3 and an 
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image showing the leachate plume as represented by chloride concentrations is shown as Figure 

3-5. 

3.2.9 Treatment System Sampling Locations 

Lastly, samples were collected at several points within the two hybrid passive treatment systems 

which were commissioned in the late fall of 2009. The two systems included a peat woodchip 

bio-filter (PE), and a gravel wetland (WL), both of which were proceeded by an aerated attached 

growth bioreactor (Speer et al., 2010; Speer et al., 2011; Speer et al., 2012; Speer et al., 2013; 

Wallace et al., 2012). A schematic of the systems is shown (Figure 3-6). The systems design and 

performance were described in detail by Speer et al. (Speer et al., 2010; Speer et al., 2011; Speer 

et al., 2012; Speer et al., 2013). Samples were collected from the raw influent point at the start of 

the treatment systems, the end of the pre-treatment system and at several points throughout the 

wetland (WL) and peat (PE) systems as noted in Figure 3-6.  
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Figure 3-5 Groundwater monitoring results for the Merrick Landfill showing the landfill leachate 

plume as represented by chloride concentrations (from Stantec 2010). Arrows indicate assumed 

direction of groundwater flow. 
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Figure 3-6 Flow diagram of the Hybrid-Passive treatment system. The gravel wetland (WL) 

consisted of four cells, three aerobic and one anaerobic, leachate recirculation was implemented 

in cells one and four. The two-cell peat-woodchip bio-filter(PE) consisted of one aerobic and one 

anaerobic cell. 
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3.3 Results and Discussion 

3.3.1 River Toxicity 

The levels of toxicity observed in the Little Sturgeon River were consistently less than 50% 

mortality at zero dilution, which would indicate low levels of background mortality rates at the 

site. Table 3-3 shows the highest mortality rates for each sampling location tested at 100% (v/v) 

of sample. However, it should be noted that seasonal considerations exist which could have 

affected the mortality rates, namely these include springtime runoff conditions and high water 

temperatures during the low flow season such as those noted by (Reader and Dempsey, 1989) 

who found that runoff conditions could result in pH stresses.  As an example, the June 22 testing 

period was during a week when a substantial rainfall event occurred at the site resulting in 

increased river flow and additional dilution of the groundwater samples and upstream water 

conditions.  Given the marginal water quality, substantial rainfall events could be a source of 

toxicity in the background water, with the leachate impacted groundwater serving to condition the 

water for aquatic populations and buffer the watercourse from chemistry changes. In terms of 

environmental protection, the important consideration for this data is that there was no indication 

of mortality occurring at the downstream locations, which is a reflection of the assimilative 

capacity of the stream with respect to any leachate inadvertently entering the system at the time of 

testing, and of the ability of the current operations to attenuate the leachate before discharge.  In 

the event of a failure of the engineered re-infiltation system, or in the event of conditions that 

impact the river quality, toxicity could still occur.  
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Table 3-3 Surface water mortality to Oncorhynchus mykiss of the Little Sturgeon River within the 

receiving body adjacent to runoff from the existing Merrick Landfill 

Location* 

 

Date Exposures 

(Fish) 

Mortality 

(%) 

SW-U1 Jun 22 9 33% 

SW-U2 Aug 9 11 9% 

SW-U3 Aug 9 11 9% 

SW-M1 Jun 22 10 20% 

SW-M2 Aug 2 5 0% 

SW-D1 Aug 2 5 0% 

SW-D2 July 28 9 0% 

* Locations as described in Figure 3-2. ‘U’ denotes river locations upstream of the landfill 

footprint, ‘M’ adjacent to the landfill footprint within the attenuation zone flow path, and ‘D” 

denotes locations downstream of the footprint and flow paths. 

3.3.2 Groundwater Seep Toxicity  

The groundwater seeps tested at the site exhibited varying degrees of toxicity as shown (Figure 

3-7). The areas with the highest degrees of toxicity were generally near the leachate capture 

ponds in the central locations and at SP-5, which is consistent with the leachate plumes in the 

groundwater as presented in the annual monitoring data at the site as shown in (Stantec, 2010). 

This would suggest a risk from leachate-impacted groundwater, should it be released to the 

receiving environment. At the time of the study, the majority of the impacted groundwater was 

being prevented from flowing overland into the Little Sturgeon River through its capture and re-

infiltration (CRA, 2003; Stantec, 2010). The diversion involved first collecting the leachate into 

collection ponds located along the preferential flow path of the seeps, and then pumping the 

leachate from the collection ponds into re-infiltration ponds increasing the effective attenuation 

time. The re-infiltration ponds were located roughly to the northeast of the collection ponds, up-

gradient of sampling locations SP-1 through SP-3 as shown in . Given the location and the 

significant volumetric flow observed, it could be assumed that, during the summer period, the 

seeps represented the resurfacing of leachate collected and re-infiltrated by the ponds used as a 

mitigation system. No iron staining was observed from these seeps, as was noticeably observed at 
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the remainder of the seep locations. This was consistent with the formation of considerable iron 

precipitates observed in the collection and re-infiltration ponds which resulted in the filtration and 

removal of the iron by the pond wall through immobilization. The fate of iron and its mobility in 

the environment, is a multistage, complex process which is heavily dependent on the redox 

conditions at the location.  Mårtensson et al. (1999) and Schwertmann (1991) described the 

process through pH adjustment, where Fe(III) oxides were mobilized and entered the aqueous 

phase, at which point they became available for uptake in plant and bacterial metabolism.  

 

Figure 3-7 LC50s of groundwater seeps at the Merrick Landfill to O. mykiss presented in terms of 

toxicity units. Labels SP1 through SP-9 denote the observed major leachate seeps from upstream 

to downstream. A diagram of seep locations is included as Figure 3-7. Toxicity units are 

dimensionless, and calculated per Equation 3-1. For locations where no LC50 was calculated, due 

to all samples showing toxicity less than 50% at concentrations of 100% (v/v), the LC50 was 

recorded as 100% or a TU of 1.  Error bars indicate the 95% confidence level of the data.  Each 

bar at a location represents the results of testing at different dates throughout the sampling period. 

 

Stumm and Lee (1961) discussed the chemical process by which iron in solution was oxidized, 

into an insoluble form which could be removed by processes such as flocculation or filtration, 

which would be the case in a re-infiltration pond.  They also indicated that the availability of 

0 

1 

2 

3 

4 

5 

6 

7 

8 

9 

10 

SP-1 SP-2 SP-3 SP-4 SP-5 SP-6 SP-7 SP-8 SP-9 

(L
C

5
0

) 
 T

o
xi

ci
ty

 U
n

it
s 

 

Sample Location 



 

72 

 

organic matter, could impact iron mobility as it could potentially complex the iron. Bigham et al. 

(1990) and Houben (2003)  discussed the presence and formation of iron incrustations in the form 

of poorly crystalized ferrihydrite precipitates surrounding acid mine drainage sites, and within 

wells and drains (including leachate collection systems). In all cases, changes in and/or mixing of 

redox zones was found to contribute to the establishment of iron precipitates. There have also 

reports of iron precipitation events occurring within river systems, downstream of mixing points 

(Theobald et al., 1963). Additionally, some of the cycling of metals in the surface sediments and 

complexation of iron with humic materials limiting iron availability have been described in 

(Theis and Singer, 1974).  Iron chemistry is of a particular interest in this study given the 

concentrations observed in the environment and the potential for interactions with fish gill tissues.  

Peuranen et al. (1994) described the potential for interaction between iron, and epithelial tissue on 

the gill structure of brown trout. It was reported that under certain acidic conditions iron 

accumulation on the gills led to damage and potential death. As noted in other studies, the 

presence of humic acids had an impact on the availability of iron. It is likely that the presence of 

dissolved iron in the leachate-impacted groundwater was caused by the migration of leachate in 

the leachate attenuation zone at the Merrick Landfill. If left untreated, the presence of high 

concentrations of iron could pose a risk to fish populations in the event of changes to the redox 

conditions either temporally or with location.  

The observed decreases in fish toxicity at SP-1 and SP-2 would indicate that the leachate capture 

and re-infiltration of the leachate impacted groundwater at the site was effective in increasing the 

attenuation time of this leachate which assists in reducing the toxicity of the leachate-impacted 

groundwater to trout, which is consistent with the purpose and effective use of contaminant 

attenuation zones and the study conducted (Lee et al., 2006) in which leachate from two landfills 

was reportedly attenuated through soil processes as well as dilution. Moving further south 

towards the plume measured in the annual reporting for the site, SP-3 exhibited much smaller 
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volumetric flows and less evidence of iron staining was noted. In addition, higher levels of 

toxicity were observed, which suggested a likely leachate impact. As can be seen from Figure 3-7 

samples from SP-4 did not follow the trend observed at the other seep sampling locations in the 

area flowing into the LSR upstream of the pond locations. Upon further examination of its source 

location, it was likely that the water was infiltrating through the wall of the collection ponds and 

resurfacing in close proximity, thus behaving in a manner similar to seeps SP-1 and SP-2, 

although with less attenuation time within the soil.  

The southern seeps exhibited significant levels of toxicity near the ponds (4-6 units) with 

decreasing levels of toxicity further to the south. This would be consistent with a leachate plume, 

which is undergoing remediation within the attenuation zone and being partially dispersed into 

un-impacted groundwater along the southern boundary of the landfill leachate plume.  Overall, 

this attenuation and dispersion was partially successful in reducing the contamination as has also 

reported in other studies (Christensen et al., 2001; Plotkin and Ram, 1984; Poléo et al., 1994).  

3.3.3 Semi-Passive Treatment System 

The hybrid-passive treatment systems were designed as long-term treatment systems for the on-

site treatment of the leachate-impacted groundwater. The systems were commissioned in late 

2009 and were designed to operate year round (Wallace et al., 2015; Wallace et al., 2012; Speer 

et al., 2012; Speer et al., 2011; Speer et al., 2010).  As can be seen from the acute toxicity testing 

results presented in Figure 3-8, high levels of toxicity were evident in the raw leachate with only 

a small reduction in toxicity observed through the pre-treatment system.  
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Figure 3-8 LC50s of the pilot scale systems at the Merrick landfill to O. mykiss presented in terms 

of toxicity units. Sampling point (Raw) is at the raw leachate inlet, (ST) follows the pretreatment 

system, (PE-2) is located at the end of the peat-woodchip biofilter, (WL-2, WL-3, WL-4) 

correspond to after the second aerated cell, the anaerobic cell and the effluent point following the 

polishing cell respectively as per Figure 3-2. 

The gravel wetland system consistently maintained low effluent toxicities, with less than 50% 

mortalities observed during full strength exposure. It was noted, however, that the toxicity of the 

partially treated leachate after the WL-2 cell increased throughout the study period. This was 

likely due to an operational change to the recycle stream in the WL-1 cell. Prior to the second 

sampling period an operational change was made decreasing the amount of time the recycle pump 

operated from continuously to 15 min/hour to be in keeping with design and operation 

documents, as well as to reduce the energy requirements of the system. This would have 

decreased the leachate residence time in the wetland cell, and led to a corresponding decrease in 

the overall performance of the cell, and ultimately the system. A number of other wetland studies 

have noted a decrease in wetland system performance with corresponding decreases in hydraulic 

retention times (Mayo and Mutamba, 2004; Sirianuntapiboon et al., 2006). 
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A similar change was made to the WL-4 cell recycle times but no change in the overall system 

performance was observed indicating additional treatment capacity within the fourth cell. This 

additional treatment capacity, beyond normal loading requirements, likely led to system 

redundancy making the system more robust to typical variations in leachate quality. Of the two 

systems investigated, the peat-woodchip bio-filter exhibited a poorer performance, showing small 

to no decreases in leachate toxicity throughout the system for the duration of the study.  However, 

it should be noted that clogging was observed in the peat system toward the end of the study 

period.  This would have significantly reduced the treatment capacity of the system due to the 

high water levels, which would have affected the ability of the system to maintain aerobic 

conditions passively in the PE-1 cell per the system design (Speer et al., 2010; Speer et al., 2013). 

 

3.3.4 Seep Water Quality Analysis 

To further support the result of the toxicity testing, the leachate seep samples were also analyzed 

for a number of common leachate constituents that are considered to be indicators of leachate 

contamination, or were anticipated to affect the sample toxicity. These have been identified in 

literature to include: alkalinity, ammonia, chlorides, conductivity, iron content, and sulphates 

(Mårtensson et al., 1999; Plotkin and Ram, 1984; Poléo et al., 1994; Randall and Tsui, 2002; 

Reader and Dempsey, 1989; Smart, 1978; Spry and Wiener, 1991; Theis and Singer, 1974). 

Figure 3-9 shows the constituent concentrations in the samples collected at various seeps around 

the site, normalized to the levels found in SP-5 (the seep which displayed the highest toxicity), in 

order to illustrate the relative strengths of the seeps examined. It can be noted from Figure 3-9 

that the correlation between constituent concentration and toxicity did not hold consistently for all 

constituents. For example, chloride levels in SP-2, SP-3, and SP-6 exceeded those of SP-5. 

Similarly, sulfate levels were much higher in the seeps SP-6, SP-7, SP-8, and SP-9, while iron 
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reached its maximum concentrations at SP-8, and alkalinity peaked at SP-6.  Each of these 

chemical constituents has been identified in the literature as generally being contained in leachate 

at significant levels and serve as leachate indicators (Clark and Piskin, 1977), and/or have been 

established as contributing to toxicity (Leguen et al., 2011; Plotkin and Ram, 1984; Thomas et al., 

2009).  

 

Figure 3-9 Normalized values of selected leachate parameters observed during a sampling event. 

Labels SP1 through SP-9 denote the observed major leachate seeps from upstream to 

downstream. A diagram of seep locations is included as Figure 3-2.  

Table 3-4 provides a correlation matrix for the parameters that indicated similarities in the values 

of trends ranging from strong to moderate interactions, with the exception of total iron.   
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Table 3-4 Seep chemistry correlation 

  Conductivity Chloride Ammonia Sulfate 

Iron 

(total) Alkalinity 

Conductivity 1 

     Chloride 0.9531 1 

    Ammonia 0.7759 0.5937 1 

   Sulfate -0.683 -0.7837 -0.4180 1 

  Iron -0.0396 -0.1191 0.3003 0.3761 1 

 Alkalinity 0.9898 0.9058 0.8357 -0.6340 -0.01937 1 

Based on the results, a multiple linear regression analysis was conducted on the average toxicity 

(LC50 in TU) and composition of each of the seeps with chloride and conductivity removed from 

the regression as a result of the high levels of correlation exhibited in the data for these two 

variables.  The objective was to determine if one or more significant parameters could be 

identified within the seeps as being a determining factor of toxicity, which could be confirmed in 

subsequent work.  However, the regression analysis indicated the results were insignificant at the 

95% confidence level, likely as a result of the seeps being at least partially correlated as a result 

of the residence time within the soils, and leachate dispersion being the predominant factor in 

sample differences. The statistical results are presented in Table 3-5.   

Table 3-5 Seep chemistry regression analysis related to O. mykiss toxicity 

  Coefficients Standard Error t Stat P-value 

Lower 

95% 

Upper 

95% 

Intercept 0.9924 0.8806 1.1270 0.3418 -1.8101 3.7950 

Sulfate 0.1709 0.3480 0.4912 0.6569 -0.9364 1.2783 

Iron 

(total) -0.3079 0.6345 -0.4853 0.6607 -2.3270 1.7112 

Alkalinity 0.1695 1.3774 0.1230 0.9099 -4.2142 4.5531 

Ammonia 4.2913 1.4353 2.9899 0.0581 -0.2763 8.8590 
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Following the regression analysis a second correlation matrix was prepared including toxicity. 

The most pronounced correlations  were noted for ammonia alkalinity and conductivity, which 

indicated that these constituents could play a role in the leachate toxicity observed in the seep 

samples of the Merrick Landfill site. Conductivity is a measure of the total number of ions within 

a solution, and so would track leachate presence within the seeps.  Alkalinity acts as a buffer and 

affects leachate pH, which is known to have a large influence on the toxicity of ammonia. 

Ammonia toxicity is dominated by the un-ionized form, which is prevalent at higher pH levels 

(Ankley et al., 1995; Canadian Council of Ministers of the Environment, 2001; Thomas et al., 

2009). It is probable that the combination of these three parameters played a significant role in the 

toxicity of the leachate exhibited at the site, which is consistent with the results presented in other 

studies (Berge et al., 2005; Clément and Merlin, 1995; Clément et al., 1996; Plotkin and Ram, 

1984; Thomas, 2010; Thomas et al., 2009).  

Table 3-6 Seep chemistry and toxicity correlation 

 

TU Conductivity Chloride Ammonia Sulfate Iron Alkalinity 

TU 1 

      Conductivity 0.7658 1 

     Chloride 0.5807 0.9532 1 

    Ammonia 0.9615 0.7759 0.5938 1 

   Sulfate -0.3738 -0.6833 -0.7837 -0.4180 1 

  Iron (total) 0.2428 -0.0396 -0.1192 0.3003 0.3762 1 

 Alkalinity 0.8121 0.9898 0.9059 0.8358 -0.6340 -0.0194 1 

Based on the observations a t-test (two factor unequal variance) was conducted on the chloride 

levels between the central seeps (2-6), and the exterior seeps (1,7-9), which corresponds to the 

leachate plume identified in (Stantec, 2010).  At a 95% alpha, the null hypothesis was rejected - 

meaning that there was a statistically significant difference in the means between the two 

samples.  
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Table 3-7 t-Test: two-sample assuming unequal variances on chloride levels between central and 

peripheral seeps at the Merrick Landfill 

  SP 2-6 SP 1,7-9 

Mean 1.143885 0.315049 

Variance 0.039196 0.071341 

Observations 4 4 

Hypothesized Mean 

Difference 0 

 df 6 

 t Stat 4.985898 

 P(T<=t) two-tail 0.002487 

 t Critical two-tail 2.446912   

 

3.4 Conclusions and Future Work  

The conditions at the Merrick Landfill resulting in the flow of leachate-impacted groundwater 

into the environment and its potential impacts on the surface receiver, the Little Sturgeon River, 

were evaluated using biological toxicity tests as well as water quality analyses. The raw leachate 

and the original surface seeps indicated a risk to the receiving environment through the overland 

flow of leachate or leachate-impacted groundwater to the river, rather than remaining in the 

subsurface contaminant attenuation zone, and being attenuated and subsequently released in a 

more dispersed manner into the receiving body. Subsequent remedial actions to collect, pump, 

and re-infiltrate the leachate to allow for additional attenuation using the collection ponds 

appeared as having been successful in decreasing the toxicity of the leachate.  Some risk was still 

noted for seeps adjacent to the collection area (in particular SP-6), which continued to show 

elevated levels of toxicity. The observed levels of toxicity within the river under typical summer 

flow conditions did not indicate a significant level of impact within the receiving environment at 

any point within or below the mixing zone for the conditions observed. However, the seasonal 

variations in both the upstream water chemistry and volumetric flow rates of the receiver may 

have an effect on the observed toxicities as result of changes in river chemistry or dilution 
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capacity. The water quality data collected for the groundwater seeps indicated that there was a 

significant degree of variation in the composition of water quality parameters of the seeps tested 

across the site. In terms of the specific seep constituent compositions relating to toxicity, seeps 

SP-5 and SP-6, which were observed to have the greatest levels of toxicity during studies, 

presented higher levels of ammonia and alkalinity than the remainder of the locations, which 

would suggest that these would play a role in toxicity.  In the event of an engineering failure 

within the ponds or pumping systems allowing additional leachate impacted groundwater to enter 

the river, there could be a significant risk to the downstream environment as a result. 

Mixed results were obtained using the passive hybrid treatment systems. Under the conditions 

observed, the gravel wetland showed promise in that it was able to sufficiently reduce the 

leachate toxicity to a level that would present a reduced risk in terms of acute toxicity to fish 

species under the conditions studied. However, the peat woodchip system exhibited a poorer 

performance in its ability to significantly reduce the toxicity of the leachate for release into the 

Little Sturgeon River.  
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Landfill leachate contains several potentially toxic constituents. From previous studies conducted 

at the Merrick Landfill in North Bay, variable levels of leachate toxicity were noted at a number 

of groundwater seeps at the site. In order to allow for a more accurate evaluation of leachate 

treatment requirements, a toxicity identification evaluation (TIE) was performed to determine the 

principle cause of toxicity within the leachate.  Based on water chemistry analyses of samples 

collected at various locations at the site, the TIE identified ammonia toxicity as the primary 

source of toxicity in the leachate, with a secondary focus on metal toxicity.  

4.1 Introduction 

Landfill leachate can contain several constituents that can have a detrimental environmental 

impact on aquatic receiving environments. These include ammonia, metals, and xenobiotic 

organic compounds (XOCs) (Cameron and Koch, 1980; Christensen et al., 2001). It has also been 

reported that the toxicity of certain constituents can change with environmental conditions 

(Canadian Council of Ministers of the Environment, 2001) For example, the toxicity of ammonia 

is highly dependent on its speciation, which is a function of pH and temperature (Canadian 

Council of Ministers of the Environment, 2001; Di Palma and Mecozzi, 2010; Pettersson et al., 

1993; Plotkin and Ram, 1984; Poléo et al., 1994).  Due to the number of chemical species that can 

contribute to toxicity in leachate, it is difficult to conclude from water quality analysis alone 

whether toxicity is caused by a certain constituent in particular, or by a combination of multiple 
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factors including synergistic or antagonistic interactions between the leachate and environmental 

conditions (Altenburger et al., 2000; Backhaus et al., 2000; Christensen et al., 2006; Christensen 

et al., 2001). These interactions play an important role in determining the effects of the leachate 

on the ecology of receiving environments, where the resulting toxicity could be further enhanced 

or, conversely, attenuated to some extent. 

To reduce potential risks to receiving environments, the aim is generally to reduce the toxicity of 

the leachate though treatment, and/or natural attenuation. A more accurate assessment of 

treatment efficacy can be provided for various options by consideration of the causes of toxicity, 

which to allow for the eventual selection of the optimal method of treatment. To assess the 

potential toxicity effects of attenuated and unattenuated leachate on receiving environments, acute 

toxicity tests were conducted at the Merrick Landfill in North Bay Ontario (Chapter 3). These 

tests identified variable levels of toxicity across the site, including the contaminant attenuation 

zone and two pilot scale treatment systems installed at the site for the mitigation of leachate-

impacted groundwater (Speer et al., 2010, 2011, 2012; Wallace et al., 2015). The toxicity of the 

leachate was found to decrease significantly when treated in a sand and gravel constructed 

wetland system, as well as downstream of a re-infiltration zone, and at the leading edge of the 

leachate plume (Chapter 3).  

In general, the most effective treatment in terms of toxicity removal, from a performance 

perspective, will treat the most (or in some cases only) toxic substance. As such, testing 

approaches to identify the 'most' toxic substance in a complex or unknown solution will need to 

be considered to determine the source(s) of toxicity in a particular landfill leachate. The toxicity 

reduction evaluation (TRE) is a strategy that was developed by the USEPA primarily for 

wastewater treatment plants to ensure compliance with the Clean Water Act which prohibits the 

discharge of toxic materials at levels which cause toxicity (U.S. Environmental Protection 
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Agency, 1999). The TRE encompasses background data collection and evaluation of current plant 

performance in determining where treatment deficiencies occur. Through the identification of 

treatment deficiencies, a treatment system may be modified to improve performance, or measures 

can be implemented to determine the source of substance(s) within a collection system that lead 

to the observed toxicity (U.S. Environmental Protection Agency, 1999). In the event that the 

existing data is not sufficient to determine the source of the deficiency a Toxicity Identification 

Evaluation (TIE), an additional component of the TRE, can be used to identify the nature and 

cause of the toxicity. The TIE methodology was developed by the USEPA to determine the cause 

of effluent toxicity where an unknown toxicant exists. The full procedure encompasses three 

stages, designed to successively narrow the search for the cause of toxicity (Durhan et al., 1993; 

Isidori et al., 2003; Mount and Norberg-King, 1993; Norberg-King et al., 1991). Some of the 

laboratory procedures used to fraction an unknown effluent include aeration, solid phase 

extraction, pH adjustment, chelation, and reducing agents during stage I (Isidori et al., 2003; 

Norberg-King et al., 1991). Although highly accurate, the limitations associated with utilizing this 

methodology in its full form is that it can be very intensive in terms of time, chemicals, and test 

animals. However, these limitations can be minimized by the elimination of certain chemical 

constituents that are not likely to affect sample toxicity early on. 

The complex nature of leachate implies that it would be difficult to assess the toxicity without 

further study. Leachate compositions vary between different landfills as a result of varying waste 

characteristics from location to location, differences in diversion efforts, as well as the disposal of 

any industrial wastes (Chu et al., 1994; Kjeldsen et al., 2002; Slack et al., 2005). A variety of 

disposal strategies have been widely used historically for toxic and hazardous waste containment, 

many of which are now considered poor practices. Historic disposal practices can also contribute 

to the temporal variation, in addition to the changes in the leachate composition due to the waste 
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degradation within the landfill (Christensen et al., 2001; Chu et al., 1994; Kjeldsen et al., 2002; 

Slack et al., 2005). 

In a previous study undertaken at the Merrick Landfill, two hybrid passive treatment systems 

were designed, commissioned and operated for a period of 18 months prior to the initiation of the 

leachate TIE study. As such, a relatively complete set of water quality data for both the raw and 

treated leachate was assembled and analyzed (Speer et al., 2010, Speer et al., 2011, Speer et al., 

2012, Speer et al., 2013; Wallace et al., 2012). In addition, another toxicity study was conducted 

on site to evaluate the toxicity of the leachate within the treatment systems, as well as within the 

sites natural attenuation zone (Evans et al., 2012). The results of this work were presented in 

detail in Chapter 3.  

From the assessment of the collected data obtained in the previous studies, along with 

information from the literature, two possible primary sources of acute toxicity to Rainbow Trout 

were identified for this system (Cheung et al., 1993; Clément and Merlin, 1995; Clément et al., 

1996; Ernst et al., 1994; Kjeldsen et al., 2002). Firstly, the total concentrations of ammonia in the 

raw leachate were on the order of 400 mg/L (~7.25 mg/L un-ionized at ph 7), which is roughly 10 

times the LC50 of ammonia that typically ranges between 0.5 and 1 mg/L depending on 

experimental conditions (pH, temperature) (Canadian Council of Ministers of the Environment, 

1999; Speer et al., 2010).  Furthermore, from the evaluation of the water quality data in 

conjunction with the on-site toxicity assessments, the removal of ammonia within the seeps was 

correlated with a lower toxicity. This relationship was also observed in the water quality data 

obtained from the leachate seeps, and was in agreement with the information in literature related 

to fish sensitivities and other leachate treatment studies (Cameron and Koch, 1980).  

A second form of potential toxicity that was identified was the elevated leachate metal 

concentrations. The presence of metals was detected in laboratory testing and noted as significant 
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metal (iron) staining at many of the leachate seeps. The oxidation of iron and the presence of 

other trace metals has the potential to have a toxic effect on fish through gill inhibition as 

described in in other studies (Bradley and Sprague, 1985; Leguen et al., 2011; Pagenkopf, 1983; 

Pascoe et al., 1986; Peuranen et al., 1994; Playle et al., 1992). This expected mode of toxicity is 

similar to that of other metals in which exposure occurs through penetration of the mucous layer 

surrounding the gill tissues as previously described elsewhere (Bradley and Sprague, 1985; 

Leguen et al., 2011; Pagenkopf, 1983; Pascoe et al., 1986; Playle et al., 1992). As such, a TIE 

was conducted on the leachate from the Merrick Landfill. The consistently high ammonia 

concentrations led to the  hypothesis that ammonia was the main cause of the observed toxicity. 

As such methods intended to either specifically remove the ammonia, or reduce the amount of 

ammonia present in the toxic un-ionized form, would likely reduce the overall leachate toxicity.  

4.2 Materials and Methods 

4.2.1 Test Organism Handling 

The test species selected for the toxicity assay was Ornykiss mykiss (Rainbow Trout) to be 

consistent with the previous study conducted at the site (Chapter 3). Rainbow Trout are a well 

defined test species with established handling procedures(Canadian Council on Animal Care, 

2005; Government of Canada, 2009). Moreover, they display similar sensitivities to Brook Trout, 

an indicator species observed near the study site, a more detailed description of which is provided 

in Chapter 3. The fish used in these experiments were sourced from Rainbow Springs located in 

London, ON, and shipped via air freight to Kingston, ON. 

The acute lethality tests were conducted in accordance with procedures based on Environment 

Canada protocol EPS 1/RM/9 (Government of Canada, 2009) under Queen’s University Animal 

Care Protocol #100438. All animals were held on site for a minimum of 14 days to acclimate to 

the dilution water from the holding system prior to testing, and were held for no more than 30 
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days in total, feeding was conducted at 1% of body mass daily, during acclimation and fasting 

occurred 24 hrs prior to and during testing. Testing was conducted by exposing groups of 10 fish 

to leachate fractions which were pre-treated to isolate select groups of constituents for testing.  

Tests were conducted in a total water volume of 10 L with static daily renewal and samples were 

diluted to the desired concentrations with conditioned water. All dilution water was obtained from 

the Queen’s Aquatic system, which uses water from the Kingston municipal supply, sourced from 

Lake Ontario (pH 7.47, average alkalinity 94 mg as CaCO3) (Utilities Kingston, 2012), 

dechlorinated via a sulfite system and aerated, at which point it was considered to be conditioned 

water.  

The health of the test population was monitored over a period of approximately 96 hours during 

testing and animals exhibiting signs of distress were euthanized immediately. Monitoring of pH, 

temperature, conductivity, dissolved oxygen, and ORP during the tests was performed using a 

handheld YSI Professional Plus Field Meter System inserted directly into the test pails. 

Additional testing for ammonia concentrations were completed via a Thermo Scientific Orion ion 

selective electrode on undiluted fractions used for testing.  

4.2.2 Testing Methodology 

Raw leachate was collected from the Merrick Landfill site from the leachate input to the hybrid-

passive systems and stored at 8
o
C until used in experiments, treated leachate was obtained from 

the effluent of the sand and gravel constructed wetland system, average characteristics for the 

leachate samples are presented in Table 4-1.  

For the tests conducted using leachate, it was presumed that, based on a previous study and from 

the literature, ammonia played a significant role in the observed toxicity. As such testing 

approaches were adapted from TIE testing methodologies that focused on the isolation of 

ammonia within the samples including pH adjustments coupled with stages of additional vigorous 
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aeration designed to remove un-ionized ammonia. Furthermore, a zeolite test was added which 

uses a mineral with a high affinity and adsorption for ammonia in solution (Halim et al., 2010; 

Langwaldt, 2008). 

Table 4-1 Average leachate composition from the Merrick Landfill adapted from (Speer et al., 

2012) 

 

Raw Leachate  

Average / Specific Test 

Constructed wetland 

effluent 

Average / Specific Test 

pH  7.1 (±0.2) / 8 7.6 (±0.3)/ 8.82 

COD (mg/L) 995 (±290) 595 (±214) 

TN (mg/L-N) 535 (±214) 382 (±75) 

Ammonia (mg/L-N) 515 (±29) /400.5 2 (±2) / 26.2 

Nitrate (mg/L-N) <D.L.  357 (±69) 

Nitrite (mg/L-N) <D.L.  <D.L.  

Alkalinity (mg/L as CaCO3) 4242 (±280) 293 (±139) 

TP (mg/L PO4-P) 3 (±1.7) 0.5 (±0.3) 

Al (mg/L) 0.5 (±1.1) 0.1 (±0.1) 

B (mg/L) 7.4 (±1.5) 7 (±1.9) 

Ca (mg/L) 242.7 (±28.5) 97.1 (±29.4) 

Fe (mg/L) 19 (±14.6) 1.1 (±0.5) 

Mg (mg/L) 162.1 (±29.6) 146.6 (±36.0) 

Mn (mg/L) 1.5 (±0.1) 0.6 (±0.2) 

Na (mg/L) 889.5 (±189.7) 840.9 (±213.6) 

Sr (mg/L) 1.7 (±0.2) 1 (±0.2) 

Zn (mg/L) 0.5 (±0.3) 0.2 (±0.3) 

<D.L. Below detection limit (3 mg/L-N) 

Various experimental treatment alternatives were applied for the toxicity testing. Table 4-2 lists 

the treatments selected along with the rationale of their inclusion. All fractionations of leachate 

were conducted at 25
o
C, within 24 hours of leachate testing. The temperature of the leachate 

fractions were reduced to 10
o
C prior to toxicity testing with O. mykiss. Dilutions of leachate were 
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prepared by addition of the leachate fraction to a pre-determined amount of dilution water 

sourced from the same system as the holding tank (conditioned water).  

Table 4-2 Experimental treatments conducted during toxicity identification evaluation (TIE) to O. 

mykiss and rationale of leachate fractionation and controls 

Treatment Dilutions Prepared Rationale 

Raw Leachate 1, 3, 5, 7, 10 (%) Positive Control 

Dilution Water 0 (%) Negative Control 

Salt (NaCl) 1.5, 3, 6 (g) Salinity Control for pH adjustments 

pH 6 3, 5, 10 (%) Decreased pH reducing un-ionized ammonia 

concentrations 

pH 9 3, 5, 10 (%) Increased un-ionized ammonia speciation 

pH 6 aeration 3, 5, 10 (%) Some ammonia removal via stripping,  

pH 9 with aeration 3, 5, 10 (%) Increased ammonia removal during stripping 

due to speciation 

pH11 with aeration, 

then neutralized 

1, 3, 5, 7, 10 (%) Shift  in ammonia to un-ionized form, 

removal of ammonia via stripping 

pH 11 then 

neutralized 

3, 5, 10 (%) Control to determine effect of stripping 

versus pH shift and neutralization alone 

Zeolite sorption 5, 7 (%) Ammonia removal via sorption to zeolite 

material as an alternative to aeration.  

EDTA Chelation 

(test factors in ratio 

of LC50) 

0% lechate -  

170, 340, mg/L EDTA  

3% leachate - 170, 340, 

680, 1360 mg/L EDTA 

5% leachate - 170, 340, 

680, 1360 mg/L EDTA 

To evaluate metal concentration contribution 

as a primary effect 

Treated Leachate 70, 80 , 90, 100 For comparison with previous studies 
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Aeration was maintained in the samples throughout the experiment. The toxicity tests were 

conducted at 10°C and involved 96 hr acute mortality tests utilizing static daily renewal.  

4.2.2.1  Control Tests 

Several control tests were included in order to assess the performance of the testing and ensure 

that the results were a function of the constituents under study, as opposed to interaction effects 

of the methods employed in the testing. These included positive and negative controls of raw 

leachate (the targeted testing material) and the dilution water to which O. mykiss had been 

acclimated to during the holding period.   

Secondly it was noted that several of the tests required large quantities of acid or base additions to 

complete the pH adjustments, especially given the significant pH buffering capacity of the 

leachate. As such, a sodium chloride salt mixture was prepared to complete the pH adjustments 

(described below) to ensure that toxicity was not generated as a result of the salinity added to the 

testing solutions of freshwater fish.  

4.2.2.2 Ammonia Stripping 

Air stripping of ammonia was achieved by modification of the pH to 6, 9 or 11 using NaOH 

crystals (Fischer Scientific, >97.0% ) or HCl (6N, Fischer Scientific) dissolved in distilled water. 

The condition that was expected to remove the majority of the ammonia was pH 11, as at this pH 

the ammonia in the leachate is converted to its un-ionized form, which is more readily removed 

through volatilization as described by Gotvajn et al. (2009), and which normally forms part of the 

phase II TIE testing (Durhan et al., 1993). Additional test samples were prepared to serve as 

partial controls to determine whether other volatile constituents served as a source of toxicity as 

per the TIE procedures (Durhan et al., 1993; Mount and Norberg-King, 1993; Norberg-King et 

al., 1991). Aeration was accomplished via aeration of 4 L of prepared samples using laboratory 

supplied air through 1/4" tubing into aquarium grade aeration stones (Elite Air Stone). Aeration 
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was completed over a period of approximately 16 hrs after titration, the air rate was adjusted in 

each sample as needed to maintain aeration at a rate below the point where foaming of the 

leachate occurred. Post aeration, the solutions were returned to the pH of the control water (8.2) 

via titration with HCl or NaOH as needed. The ammonia removal in the pH 11 leachate samples 

prepared via this method was 94.7%± 0.7% compared to the ammonia concentration in the raw 

leachate sample. 

4.2.2.3  Zeolite 

The zeolite tests were conducted using commercially available ammo-chips® aquarium stones 

produced by API Fishcare. For the TIE tests, the ammonia removal was performed by adding 1 L 

of raw leachate to a beaker containing 350 g of the zeolite crystals, which were approximately 

0.5-1.0 cm in diameter. Once added, the solution was left in contact with the zeolite for a period 

of 24 hrs and the zeolite was removed via decanting of prior to toxicity testing. The average 

ammonia removal was 92.7%± 0.6% compared to the ammonia concentration in the raw leachate 

sample, which corresponded with a study presented by Cooney et al. (1999).  

4.2.2.4 Ethylenediaminetetraacetic acid (EDTA) Chelation 

EDTA is a chelating agent capable of removing metals from solution. Metals are a common 

potential toxicant for a number of species including Dapnids and fish (Cameron and Koch, 1980; 

Christensen et al., 2001). Fish exposure to metals typically results in gill tissue damage 

(Pagenkopf, 1983; Peuranen et al., 1994; Playle et al., 1992; Skidmore and Tovell, 1972). As 

such, testing with EDTA was included as an initial fractionation in the TIE methodology 

(Borgmann and Norwood, 1995; Burgess et al., 2013; James et al., 1998; Norberg-King et al., 

1991). Testing samples involving metal removal were prepared using commercially available 

EDTA (Fisher Scientific 99.0-101.0%). Due to the toxicity of EDTA in solution, EDTA dilutions 

were prepared in increments proportional to the EDTA LC50 value of 340 mg/L by dry weight, 
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as reported in (Jancovic and Mann, 1969) for several leachate concentrations (i.e. 170, 340, 680 

and 1360 mg/L EDTA in a solution of 3% leachate). The solution containing EDTA was allowed 

to stand for 1 hour to allow time for the metals to chelate prior to fish addition. It was assumed 

that any decrease in toxicity would occur as a result of the complexation of the metals in the 

solution to the EDTA, thus no longer being bioavailable.  

4.3 Data Analysis 

4.3.1 LC50 Testing 

Results were first analyzed using LC50s that were determined for the tests yielding an appropriate 

dose response curve. LC50s were calculated using the trimmed Spearman-Karber method (tsk) as 

described in (Hamilton et al., 1977). Calculations were completed using the tsk library version 1.2 

for the R - statistical program. Sample trimming (removal of data on the left and right tails 

outside the area where toxicity is observed was completed as necessary to result in a balanced 

model. Trimming of the model results in a balanced data analysis, which could be otherwise 

skewed by a number of concentrations above or below the toxic range as a result of the nature of 

the probit analysis, which is derived from logarithmically transformed data. 

4.3.2 Ammonia  

The toxicity of ammonia in the leachate and its effects on mortality were also assessed. Ammonia 

concentrations of the undiluted samples were measured and adjusted accordingly using dilution 

water. The total ammonia concentrations were then converted to their respective un-ionized 

ammonia concentrations using the methodology outlined by (Canadian Council of Ministers of 

the Environment, 1999; Emerson et al., 1975). The dependence on the ionization state, as one 

would expect, implies that the pH of the solution could also play an important role, as could the 

buffering capacity of the waters to resist pH fluctuations (Emerson et al., 1975). Additionally, the 

temperature of the water has an impact on the level of ammonia ionization. The overall level of 
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un-ionized ammonia present in a water sample was defined by the following relationship as 

described by Emerson et al. (1975) as: 

    
   

              
      [4-1] 

            
       

         
         [4-2] 

The analysis assumes that over the range of the sample pH levels studied, the variance in the 

LC50 of un-ionized ammonia was small compared to the changes in the levels of un-ionized 

ammonia present, as the results do not account for fluctuations in LC50s as a result of pH 

differences as identified elsewhere (Canadian Council of Ministers of the Environment, 1999; 

Silva et al., 2004; Thomas et al., 2009; Wong, 1989). LC50s for ammonia and un-ionized 

ammonia were calculated using the methodology described above.  

4.3.3 Metals 

The effect of metal removal on toxicity was determined using EDTA testing. Plots of end point 

mortality were developed for each of the samples tested. Heavy metals have been often noted as a 

potentially toxic contaminant of concern in leachate (Christensen et al., 2001; Chu et al., 1994; 

Kjeldsen et al., 2002; Nicholson et al., 1983; Thomas et al., 2009). As such, leachate was also 

treated with various concentrations of EDTA as a chelating agent that can remove metals. It 

should also be noted that the EDTA used is toxic to the test organism O. mykiss, with LC50s 

ranging from 100 to 340 mg/L presented in literature (Hodson, 1988; Jancovic and Mann, 1969). 

However, when chelated with metal ions in solution or soils, the reaction reportedly leads to a 

reduction in toxicity (Hsieh et al., 2004; James et al., 1998; Papassiopi et al., 1999; Rai and 

Raizada, 1985). As the metals removed are also toxic, a plot of sample toxicity should identify a 

range where the complexation of EDTA with metal ions in the leachate would exhibit a decreased 
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solution toxicity but continued addition of EDTA would eventually result in mortality.(Rai and 

Raizada, 1985)  

4.3.4 Constructed Wetland Performance 

In order to support the studies completed in Chapter 3, an additional round of testing was 

completed on the treated leachate from the constructed sand and gravel wetland. The system at 

the time of testing had been operating for 7 months since the previous testing, presented in 

Chapter 3, over the fall winter period. Testing was completed to assess whether the system 

remained capable of removing toxicity during the spring period, when vegetation was not 

established.   

4.4 Results 

4.4.1 LC50 Results 

The LC50 results are presented in Table 4-3. As can be seen from the Table, the different leachate 

treatments had a varying effect on O. mykiss mortality. The treatment that yielded the largest 

reduction in mortality was the pH adjustment, where ammonia was removed through an 

adjustment in pH to pH 11 followed by aeration of the sample. This corresponded to ammonia 

removal by air stripping as presented as part of the stage II TIE testing (Durhan et al., 1993; 

Gotvajn et al., 2009; Mount and Norberg-King, 1993; Norberg-King et al., 1991). The zeolite 

adsorption was also successful in increasing the LC50 of the leachate to above 10%. Similarly, all 

tests with aeration resulted in an increase in the LC50, tests with pH changes aimed at affecting 

the amount of un-ionized ammonia present in the system also resulting in shifts in the LC50 from 

the raw leachate. The tests conducted at higher pH alone resulted in a decrease in LC50 (higher 

toxicity), whereas the test with a decrease in pH resulted in an increase in the LC50 (reduced 

toxicity). 
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4.4.2 Ammonia Toxicity 

The toxicity of ammonia in the leachate and its affect on mortality was also assessed. The results 

are presented in Figure 4-1and were plotted without specific consideration of the various leachate 

treatments performed. When the un-ionized ammonia concentration is plotted against sample 

mortality rate, a dose response curve becomes apparent for the samples, which would indicate 

that the toxicity of the samples highly related to the un-ionized ammonia concentrations in the 

sample. 

Table 4-3 LC50s from ammonia fractionation tests to O. mykiss 

Fractionation Trim 

Percentage (%) 

LC50  

(as noted) 

Lower 95% 

Confidence 

Interval  

(as per LC50) 

Upper 95% 

Confidence 

Interval  

(as per LC50) 

Raw Leachate 0 3.764 % 3.550  3.992 

Dilution Water 

(control) 

 No mortality   

Salt (NaCl) 

(control) 

 >0.6 g/L  

No Mortality 

observed at  

0.6 g/L 

  

pH 6 0 7.07% Not determined Not determined 

pH 9 0 <3% 

100% mortality 

at 3% 

  

pH 6 with 

aeration 

35% 8.30% 6.44 10.7 

Unadjusted pH 

with aeration 

0 4.92 4.10 5.91 

pH 11 with 

aeration, then 

reduced to 

control 

 >10%  

(no mortality at 

10%) 

  

pH 11 then 

neutralized 

 5.06 % 4.16 6.15 

Zeolite 

adsorption 

 >10%  

(no mortality at 

10%) 
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In addition, calculations for the LC50s were conducted, with the results presented in Table 4-4.  

At the conditions tested, the total ammonia exhibited an LC50 of 16.86 mg/L, while un-ionized 

ammonia an LC50 of 0.54 mg/L, which is in general agreement with other studies (Cameron and 

Koch, 1980; Christensen et al., 2001). Only un-ionized ammonia was trimmed during the analysis 

as a result of the modelling input. One data point shown on the figure resulted in toxicity below 

the expected range - based on a review of the experimental conditions, and its location on the 

plot, it was determined that the toxicity was a result of a lack of aeration caused by an aeration 

hose which fell out of  the solution during the test. This point was considered an outlier, and 

given its position was not used for determination of the LC50.  

 

Figure 4-1 Concentration versus % mortality for various leachate fractionations and 

concentrations to O. mykiss. Lines are included solely to guide the eye.  
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Table 4-4 Trimmed Spearman-Karber results for ammonia LC50 calculations for leachate 

fractionations to O. mykiss. 

Chemical Trim 

Percentage (%) 

LC50  

(mg/L) 

Lower 95% 

Confidence 

Interval  

(mg/L) 

Upper 95% 

Confidence 

Interval  

(mg/L) 

Total  

Ammonia 

0 16.86 15.23 18.67 

Un-ionized 

Ammonia 

0.2 0.5358 0.4758 0.6034 

4.4.3 Metal Toxicity (EDTA Testing) 

Due to the nature of the EDTA test, it is difficult to present a standard LC50 due to the metal 

toxicity present at each end of the testing concentration range as shown in Figure 4-2. Some 

changes in toxicity were observed over the range of concentrations tested, nominally a decrease 

in the toxicity of the raw leachate would suggest that the toxicity of the metals in solution could 

be a contributing factor in the toxicity of the raw leachate which would be in general agreement 

with previous studies (El-Fadel, 1999; Hodson, 1988; Reinhart and Al-Yousfi, 1996; Theis and 

Singer, 1974). 

 However, LC50s could be determined for the leachate at a given dose of EDTA and are therefore 

presented in Table 4-5 As such, the data was also plotted for toxicity versus the EDTA 

concentration as shown in Figure 4-3. 
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Figure 4-2 EDTA concentration versus % mortality for various leachate concentrations to 

O. mykiss 

 

Table 4-5 LC50s from EDTA fractionation test to O. mykiss 

Treatment Trim Percentage 

(%) 

LC50  

(%) 

Lower 95% 

Confidence 

Interval  

(mg/L) 

Upper 95% 

Confidence 

Interval  

(mg/L) 

0 EDTA 

(leachate) 

0 3.76 3.55 3.99 

170 mg/L EDTA 0.34 3.48 2.84 4.26 

340mg/L EDTA 0.4 4.40 3.25 5.94 

680 mg/L EDTA  < 3 (100% 

mortality) 
  

 

0% 

10% 

20% 

30% 

40% 

50% 

60% 

70% 

80% 

90% 

100% 

0 200 400 600 800 1000 1200 1400 

%
 m

o
rt

al
it

y 
(O

. 
m

yk
is

s)
 

mg/L EDTA 

EDTA Control (0% leachate) EDTA 3% leachate EDTA 5% leachate 



 

102 

 

 

Figure 4-3- Leachate concentration versus % mortality for a range of EDTA concentrations to O. 

mykiss 

The relative higher residual toxicity levels after metal removal compared to that of the raw 

leachate would suggest that, in this case, metals were not the primary source of toxicity, when 

compared to the amount of change as a result of ammonia treatments, resulting in ammonia being 

the most likely source of toxicity. However, some studies have indicated that other organisms 

such as D. magna and other bacteria can be more sensitive to metal toxicity and significant 

differences between various test organisms exist (Alkalay et al., 1998; Canterford and Canterford, 

1980; Isidori et al., 2003; Manoharan et al., 1992; Pascoe et al., 1986; Seco et al., 2003). Thus 

without some form of treatment to remove metals, as is the case with EDTA, the toxicity of the 

leachate could become more significantly impacted by metal concentrations, particularly in 

predominantly microbial systems (Manoharan et al., 1992). However, in cases where raw leachate 

is utilized or discharged directly to receiving environments, it is probable that any toxicity 

associated with metals in solution would be masked by the high concentrations of ammonia 

within the leachate. This is supported by the decrease in mortality observed in treatments 

designed to target ammonia removal Figure 4-3. 
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4.4.4 Constructed Wetland Performance 

During the tests using the leachate in the passive constructed sand and gravel wetland system, no 

pail response greater than 50% was detected in the sample. This means that the LC50 cannot be 

determined as its effective LC50 is greater than 100%. This supports the results presented in  

Chapter 3 and the date presented by (Speer et al., 2010, Speer et al., 2011, Speer et al., 2012, 

Wallace et al., 2012, Wallace et al., 2015) which indicated the system was effectively able to 

perform in terms of treatment and removed the constituents resulting in toxicity.  

4.5 Conclusions and Opportunities for Future Research 

The identification of the causes of toxicity to receptor organisms allows future environmental 

protection efforts to focus on the constituents of a  wastewater discharge that present the greatest 

risk to the environment.  The results of the study showed that the ammonia toxicity in the landfill 

leachate plays a significant role at the Merrick landfill and should be treated prior to being 

discharged into the receiving environment. The most likely factor in enhancing fish survivability 

in the local aquatic receiving environment will result from ammonia removal.  The correlation 

between un-ionized ammonia levels, and leachate toxicity highlights the importance of the water 

quality conditions within the receiving environment, which can impact the level of ammonia 

ionization such as pH and temperature as indicated in similar studies on lake systems and plant 

studies (Bernard et al., 1997; Bradley and Sprague, 1985; Christensen et al., 2006; Clément and 

Merlin, 1995; Miller and Mackay, 1980; Pettersson et al., 1993; Reader and Dempsey, 1989; Spry 

and Wiener, 1991).  Beyond this site there are several items in terms of landfill leachate risk 

assessment that can be considered for other sites, these include the identification of the levels and 

ionization of ammonia in the seeps or surface waters at the sites, as well as the importance of 

early detection and monitoring of surface seeps.  
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Chapter 5 

Conclusions and Opportunities for Future Research 

5.1 Conclusions and Opportunities for Future Research - Merrick Landfill Site 

Through toxicity testing, the objective of the studies was to determine the potential for risks, if 

any, to the receiving environment of the Little Sturgeon River as a result of the operations of the 

Merrick Landfill. Secondary objectives were intended to assess the effectiveness of leachate 

treatment by two pilot-scale constructed wetland systems implemented at the site.  

The toxicity study (Chapter 3), indicated that the current operational and mitigation strategies 

were largely but not completely effective at reducing the risk of toxicity to the receiving 

environment. Through the capture and re-infiltration of the leachate and leachate-impacted 

groundwater, the observed toxicity from the seeps identified at the site was reduced significantly. 

However, at the time of the study, the majority but not all of the seeps exhibiting acute toxicity 

were being captured effectively indicating that the potential for some localized impacts could 

occur. Despite this, no significant toxicity was detected in the receiving body downstream of the 

mixing zone, indicating that the strategy was effectively managed at the time of the testing.  In 

the event of an engineering failure of the ponds or pumping systems, there is the potential for a 

significant risk to the environment should the toxic leachate be released into the river system. 

With respect to the performance of the semi-passive pilot-scale treatment systems, it was found 

that the constructed gravel wetland system could reduce the acute toxicity of the leachate to 

Rainbow Trout to non-detectable levels. The peat woodchip biofilter system was not capable of 

fully treating the leachate under observed operations, although the toxicity was noticeably 

reduced through the system. 
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The results presented in this thesis would indicate that there is potential for continued work 

regarding leachate, leachate-impacted groundwater and treated leachate toxicity noted as part of 

the toxicity studies conducted at the Merrick Landfill. In terms of toxicity studies, there are a 

number of individual and combined constituents that can influence the toxicity of a particular 

water. In addition, seasonal variations in flows and receiving environment water quality 

compositions may also play a significant role. Additionally, the complex nature of toxicity 

implies that there is the potential for different biological, chemical and physical processes to 

affect water or leachate quality, meaning that the toxicity effect may not be the same for all 

samples, or may change with different sample dilutions or stages of treatment. Secondly, 

variations in system performances, both seasonally and with different operational changes could 

be used to predict the system performance in terms of ecotoxicity under a wider variety of 

circumstances.  

5.2 Conclusions and Opportunities for Future Research - Leachate Toxicity 

Based on the toxicity characterized for the landfill leachate and leachate-impacted groundwater, 

as well as the number of potentially toxic constituents within the leachate, a study was conducted 

to determine the cause of observed toxicity as a result of leachate entering a receiving 

environment (Chapter 4). This would inform the selection of potential treatment strategies to 

effectively reduced the leachate toxicity. Based on a modified Phase I Toxicity Identification 

Evaluation (TIE), selected on the basis of existing literature, the primary cause of the observed 

rainbow trout toxicity in the leachate at the Merrick Landfill was likely a function of the 

concentrations of un-ionized ammonia.  

As this research demonstrated, it remains to be seen from leachate treatment and toxicity studies 

at which point toxicity effects from the leachate become less a function of ammonia - the 

observed primary cause of toxicity - and more influenced by other constituents or environmental 
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factors. Secondary impacts could arise from the toxicity of other constituents such as metals, or if 

toxicity becomes governed by interactions between different chemical constituents (e.g. reaction, 

complexation, precipitation, etc.).  To evaluate this, leachate would need to be partially treated to 

remove ammonia using different relatively standard approaches and a new LC50 established for 

the treated leachate. Once partially treated, a second round of TIE testing could be conducted to 

determine the source(s) of residual toxicity. The value of the second set of tests could then 

provide valuable information with respect to the extent to which the primary treatment for 

ammonia could reduce the risk of environmental impact to a receiving environment, as well as to 

the nature of the secondary constituents present that could impact the observed toxicity either 

independently or through synergistic effects.    

5.3 Opportunity for Future Research 

In this research, studies were limited to the examination of the response of one relatively high 

trophic level organism throughout the study period. In order to understand the risks to an 

environment more comprehensively, future studies would benefit from the incorporation of 

additional testing organisms of different trophic levels, which would better accounts for 

variations in sensitivities and in tolerances to various constituents by different species.  This 

would typically include at least one autotroph such as Lemna minor (one of the species of 

duckweed), as well as some of the lower level heterotrophs such as Daphnia magna. 

Additionally, the generation of additional monitoring data could ultimately lead to the 

opportunity to generate a predictive model for toxicity either specific to the site or a general 

model to accommodate a wider range of leachates and receiving body conditions.  

Lastly, in this research, the studies focused on measuring the acute impacts of exposure (96 hr), 

whereas it would be expected that chronic effects could occur as a result of the long-term chronic 

exposure of the organisms in a receiving environment. To be able to measure impacts as a result 
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of chronic exposure, studies would need to be undertaken to characterize and assess the effects of 

long term interactions of different organisms along the food chain to chronic leachate 

concentrations, and to identify risks of bioaccumulation, and/or potential impacts due to chronic 

exposure.  

5.4 Engineering Contribution 

The increasing quantities of waste being disposed of at a societal level, and the prevalence of 

sanitary landfilling as a primary means of disposal, necessarily imply that there is a significant 

risk to the environment should the fate of contaminants disposed of and formed in landfills, and 

their potential impacts be ignored. Identification of risks and the preparation of treatment 

alternatives to mitigate these risks are in keeping with overarching engineering practice and 

ethical responsibilities.  

The identification of suitable treatment strategies to reduce the risks of the leachate toxicity and 

contamination of any receptors plays an important role in ensuring that the potential impacts of 

disposal are mitigated. The comprehensive study and evaluation of treatment suitability for a 

number of environments and system designs allow for a wider variety of options to be developed, 

resulting in the potential for better project specific solutions to be brought forward during the 

design stages.  

Specific to the Merrick Landfill, the studies were able to determine the location and significance 

of potential impacts to the receiving environment of the Little Sturgeon River, as well as identify 

the most toxic leachate fraction to O. mykiss. This research will allow the landfill management 

team to better understand and mitigate the environmental risks associated with the leachate seeps 

detected on site, as well as provide valuable input to future treatment system selection and design.  
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This work also has implications beyond the Merrick Site. As a result of historic conditions, 

landfills were often placed within low value, or otherwise unusable tracts of land. These have 

often coincided with proximity to wetlands or other bodies of water. While many of these 

landfills have now been closed, the documented potential for contaminant release and thus 

toxicity extends long after the closure date. In other cases, these sites are still operating and can 

be expanded under certain conditions. In this case, environmental risk assessments including an 

assessment of leachate release into the water bodies are necessary. Through a more thorough 

understanding of toxicity to receivers, engineers can better assess and ultimately present the risks, 

and mitigation strategies to the public. This can include additional investigations into the setbacks 

from surface receivers considering both hydraulic conductivity or the potential for overland 

flows, as well as consideration of monitoring of the receiving environment for its capacity to 

attenuate any discharge under a variety of seasonal conditions.  In terms of the stream 

characteristics, although it was in general a depleted receiver located in Northern Ontario, 

interactions between seep and river chemistry, as well as complications as a result of seasonality, 

and temperature changes during low flow conditions observed in this study, could be more widely 

applicable to sites with other receiving body characteristics. 

 


