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ABSTRACT
Freshwater ecosystems face unprecedented levels of human-induced stresses and it is
expected that the invasion of non-indigenous species will cause the greatest loss of
biodiversity in lakes and rivers worldwide. Bythotrephes longimanus is a predatory
invertebrate that invaded North America in the early 1980s, first being detected in the
Great Lakes, and then moving to a number of inland lakes in Ontario and the northern
United States. Using experimental and survey-based approaches, I tested several
hypotheses concerning the effects of Bythotrephes on native zooplankton community
structure and function. My results indicate that Bythotrephes reduces total abundance,
biomass, and richness of zooplankton, especially cladoceran taxa, throughout the ice-free
season. As a result of high predation pressure by the invader, total seasonal and
epilimnetic zooplankton production was also substantially reduced in invaded lakes,
which may have important consequences for the transfer of energy to fish and other taxa
that feed on zooplankton. Interestingly, there was some evidence that zooplankton shifted
their reproduction in time and space to avoid Bythotrephes, which may buffer the effects
of the invader on food web functioning. Other measures of ecosystem function were
relatively unaffected by the invasion of Bythotrephes. In addition, Bythotrephes may
interact in unexpected ways with other anthropogenic stressors, and act to slow down the
process of recovery by preying on species that maintain community abundance during
acidification, but also affecting species attempting to recolonize historically acidified
lakes. Although dispersal of zooplankton may maintain some of the ecosystem functions
provided by zooplankton communities, loss of biodiversity may be a permanent result of
invasion. The effects of the continued spread of invasive species across the landscape
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may be profound, as the invader Bythotrephes has demonstrably altered zooplankton
communities and may reduce the ability of freshwater ecosystems to respond to future
environmental change and maintain ecosystem functioning.

iv

CO-AUTHORSHIP
This thesis conforms to the Manuscript Format as outlined by the School of Graduate
Studies and Research, with a single Acknowledgements section and Reference section for
the entire thesis. Manuscripts that are a result of this thesis and their co-authors are listed
below.

Manuscripts directly from this thesis:
Strecker, A.L. and Arnott, S.E. 2005. Impact of Bythotrephes invasion on zooplankton
communities in acid-damaged and recovered lakes on the Boreal Shield.
Canadian Journal of Fisheries and Aquatic Sciences 62: 2450-2462.
Strecker, A.L., Arnott, S.E., Yan, N.D. and Girard, R. 2006. Variation in the response of
crustacean zooplankton species richness and composition to the invasive predator
Bythotrephes longimanus. Canadian Journal of Fisheries and Aquatic Sciences
63: 2126-2136.
Strecker, A.L. and Arnott, S.E. In review. Invasive predator, Bythotrephes, induces
changes in ecosystem function of freshwater lakes.
Strecker, A.L. and Arnott, S.E. In preparation. Dispersal mediates the effects of
Bythotrephes on crustacean zooplankton community structure and function.

Manuscripts indirectly from this thesis:
Foster, S., W.G. Sprules, and A.L. Strecker. In preparation. Morphological variation in
the predatory cladoceran Leptodora kindtii in relation to the Bythotrephes
invasion.

v

ACKNOWLEDGEMENTS
It is difficult to put into words the enormity of thanks that I owe to my supervisor,
Shelley Arnott. Over the years, you have been unfailingly positive, supportive, and a
truly inspirational mentor and role model. I have learned so much from you about how to
be a good scientist: incredible optimism in all areas of life, amazing work ethic, the
ability to think critically and constructively, dealing with adversity, being a leader, and
amazing patience and understanding. You inspire people to be the best that they can be,
which is an amazing gift. I consider myself so fortunate to have gotten a chance to work
with you and to call you my colleague and friend.
Many thanks go to my committee members, John Smol and Chris Eckert, as well
as Kevin Hall and Lonnie Aarssen, for their feedback and suggestions over the years.
Thanks also go to all past and present members of the Arnott lab for their tireless efforts
in the field, help in the lab, willingness to discuss all manners of science, friendship, and
their incomparable team spirit. I would especially like to single out Jessie Binks, Amy
Dawson, Alison Derry, Jessica Forrest, Elizabeth Hatton, Melissa Cuke, Alanna
Kalyniuk, and Marina Neytcheva for their hard work and positive attitude during some
long and difficult field seasons. Justin Shead, Alison Jackson, Michael Pedruski,
Shannon MacPhee, and Leah James have all been terrific labmates. Melissa Cuke’s
honours project (2004) provided some important methodological insight for grazing
experiments. I also would like to thank Jon Hovius, Greg Puncher, and Emily Parrott for
their dedication to a long and intense field survey, and Jon and Greg for their good spirits.
Joelle Young and Sophie Foster have been amazing and supportive friends over the years,
as well as incredible colleagues. Norman Yan, Beatrix Beisner, Ora Johannsson, William

vi

Taylor, Gary Sprules, Michael Arts, Michael Vanni, and Lisa Nordin provided invaluable
advice during the Bythotrephes foodweb project. I am also grateful to Jen Babin, Kelly
Bowen, Bronwyn Keatley, and Karla Krupica for their assistance on various projects.
I am grateful to the staff of the Cooperative Freshwater Ecology Unit in Sudbury,
Ontario, especially Bill Keller, Jocelyne Heneberry, John Gunn, George Morgan, Lynne
Witty, and Julie Leduc, for providing equipment, logistical support, and advice
throughout my project. The Dorset Environmental Science Centre has kindly provided
equipment, water chemistry analysis, and logistic support for my field work, and Keith
Somers, Bob Girard, and the rest of the staff were very helpful and knowledgeable about
lakes in the Muskoka region. I would also like to thank Killarney Provincial Park,
especially Chuck Miller, for support and lodging during two field seasons.
Funding for my thesis was provided by NSERC Post-Graduate scholarships, an
Ontario Graduate Scholarship in Science and Technology, Queen’s Graduate Awards, and
the Ontario Ministry of the Environment. Funding for equipment and field assistance was
provided by a NSERC Discovery Grant, Canadian Foundation for Innovation, Ontario
Ministry of the Environment, Sigma Xi Grants-in-Aid of Research, Ontario Federation of
Anglers and Hunters, and Queen’s Graduate Dean’s Travel Grant.
I am particularly grateful to Bronwyn Keatley, Alison Derry, Jon Sweetman, and
Karen Samis for being extremely supportive, inspirational, and thoughtful colleagues and
friends. Finally, thank you to my family, to whom I owe so much, for their endless
support and encouragement in everything that I have ever done, for their jokes about my
research (“she’s a zooplanktonologist”), and for always believing in me….I could not
have done it without you.

vii

TABLE OF CONTENTS
Abstract…………………………………………………………………………………….i
Co-authorship…………………………………………………………………………….iv
Acknowledgements………………………………………………………………………..v
Table of Contents………………………………………………………………………..vii
List of Tables……………………………………………………………………………..ix
List of Figures…………………………………………………………………………...xii
List of Appendices……………………………………………………………………...xvii
Chapter 1: General Introduction and Literature Review……………………………...1
I. Invasion Biology………………………………………………………………………...2
II. Biodiversity and Ecosystem Functioning……………………………………………..12
III. Recovery from Acidification………………………………………………………....17
IV. Regional Dispersal…………………………………………………………………...19
V. Crustacean Zooplankton Communities……………………………………………….24
VI. Thesis Objectives…………………………………………………………………….27
Chapter 2: Variation in the response of crustacean zooplankton species richness and
composition to the invasive predator Bythotrephes longimanus..……………………33
Abstract…………………………………………………………………………………..34
Introduction………………………………………………………………………………35
Materials and Methods…………………………………………………………………...38
Results……………………………………………………………………………………43
Discussion………………………………………………………………………………..46
Chapter 3: Invasive predator, Bythotrephes, induces changes in ecosystem
function of freshwater lakes……………………………………………………………65
Abstract…………………………………………………………………………………..66
Introduction………………………………………………………………………………68
Materials and Methods…………………………………………………………………...73
Study site and sampling…………………………………………………………..73
Zooplankton production………………………………………………………….75
Zooplankton grazing impact experiment…………………………………………76
Nutrient recycling………………………………………………………………...78
Statistical analyses……………………………………………………………….79
Results……………………………………………………………………………………79
Zooplankton production………………………………………………………….79
Zooplankton grazing impact experiment…………………………………………81
Nutrient recycling………………………………………………………………...82

viii

Discussion………………………………………………………………………………..83
Implications………………………………………………………………………92
Chapter 4: Impact of Bythotrephes invasion on zooplankton communities
in acid-damaged and recovered lakes on the Boreal Shield………………………...104
Abstract…………………………………………………………………………………105
Introduction……………………………………………………………………………..106
Materials and Methods………………………………………………………………….108
Study site and experimental design …………………………………………….108
Sampling protocol and analyses ………………………………………………..111
Statistical analyses……………………………………………………………...113
Results…………………………………………………………………………………..115
Environmental conditions……………………………………………………….115
Zooplankton community responses to Bythotrephes……………………………116
Zooplankton species responses to Bythotrephes………………………………..117
Recovered vs acid-damaged zooplankton responses to Bythotrephes………….118
Bythotrephes…………………………………………………………………….119
Discussion………………………………………………………………………………119
Chapter 5: Dispersal mediates the effects of the invader, Bythotrephes, on crustacean
zooplankton community structure and function…………………………………….142
Abstract…………………………………………………………………………………143
Introduction……………………………………………………………………………..145
Materials and Methods………………………………………………………………….149
Experimental design…………………………………………………………….149
Sampling protocols……………………………………………………………...152
Statistical analyses…………………………………………………...…………155
Results…………………………………………………………………………………..156
Discussion………………………………………………………………………………165
Community structure……………………………………………………………165
Community function…………………………………………………………….170
Experimental manipulations…………………………………………………….172
Implications……………………………………………………………………..173
Chapter 6: General Discussion and Future Directions………………………………188

Summary………………………………………………………………………………..197
References………………………………………………………………………………199
Appendices……………………………………………………………………………...217

ix

LIST OF TABLES
Chapter 2
TABLE 2.1. Physical and chemical characteristics of study lakes. Maximum depth and
lake surface area obtained from Ontario Ministry of the Environment
(unpublished). Water chemistry obtained from integrated epilimnetic samples
taken the week of 14 July 2003 using a 2.5-cm diameter tube sampler and
analyzed by the Ontario Ministry of the Environment. Standard deviation of mean
depth of the composite sample indicated in parentheses. A t-test was performed to
contrast values in reference and invaded lakes. Lakes sorted by increasing
Bythotrephes abundance. Zmax = maximum depth, DOC = dissolved organic
carbon, Cond = conductivity, TP = total phosphorus….........................................56
TABLE 2.2. Biotic characteristics of study lakes. Persistence is defined as number of
consecutive sampling dates that Bythotrephes was > 5 individuals·m-3.
Categorical abundance of planktivorous fish provided by Ontario Ministry of
Natural Resources (S. Taylor, District of Parry Sound, Parry Sound, ON P2A 1S4,
Canada, and S. Sandstrom, District of Muskoka, Bracebridge, ON P1L 1W9,
Canada, unpubl. data). A two-tailed t-test was performed on chl a concentrations
in reference and invaded lakes. Lakes sorted by increasing Bythotrephes
abundance. A = absent, A/P = absent, but detected in past, VL = very low, L =
low, M = medium, H = high, N/A = not available, P= present…………………..57
TABLE 2.3. Multiple regression of crustacean zooplankton species richness with predictor
variables in all study lakes (invaded: n = 10; reference: n = 4). Persistence
is defined as number of consecutive sampling dates that Bythotrephes was
> 5 individuals·m-3. AIC = Akaike’s information criterion, TP = total
phosphorus…………………………………………………………………….. ...58
TABLE 2.4. Summary of effects of Bythotrephes on several zooplankton community
attributes in different types of sampling regimes. Symbols indicate: + positive
effect (p < 0.05); – negative effect (p < 0.1); ─ negative effect (p < 0.05); 0 no
effect……………………………………………………………………………...59

Chapter 3
TABLE 3.1. Repeated measures ANOVAs on stratified and whole water column
zooplankton secondary production, total zooplankton abundance, and
eggs·individual-1. The mean effect size of production is calculated by summing all
the sampling dates and then averaging between lakes in each category. The mean
effect size of abundance and eggs·individual-1 is calculated by averaging all of the
lakes in each category on all dates……………………………………………….95
TABLE 3.2. Repeated measures ANOVAs on zooplankton secondary production for each
functional group. The mean effect size of production is calculated by summing all
the sampling dates and then averaging between lakes in each category…………96

x

Chapter 4
TABLE 4.1. Summary of water chemistry variables of Kakakise Lake, Bell Lake, and
Ruth Roy Lake, Killarney Park, Ontario from data collected from a surface water
sample (3-4 July 2001; J. Heneberry, Cooperative Freshwater Ecology Unit,
Laurentian University, Sudbury, Ontario P3E 2C6, unpublished data)………..132
TABLE 4.2. Average pH, conductivity (µS·cm-1), total phosphorus (µg·L-1), surface
temperature (°C), and dissolved oxygen (mg·L-1) measured on each enclosure on
selected dates during the experiment. The standard deviations of the
measurements are in parentheses……………………………………………….133
TABLE 4.3. Two-factor repeated measures analysis of variance on zooplankton
community metrics in enclosures comparing the effect of an invasion
Bythotrephes (Bytho) on recovered and acid-damaged (Recov) communities
across the length of the experiment (Time). Values reported are F-ratios...…...134
TABLE 4.4. Two-factor repeated measures analysis of variance on abundance of
zooplankton species in enclosures comparing the effect of an invasion of
Bythotrephes (Bytho) on recovered and acid-damaged (Recov) communities
across the length of the experiment (Time). Values reported are F-ratios……..135
TABLE 4.5. A summary of the effects of Bythotrephes on species in acid-damaged and
recovered enclosures, listed from the least pH tolerance to the greatest. Species
included occur on at least four dates in the experiment. The tolerance ranges
reported are limited to the geographic region of our study, as species responses
may vary in different locales……………………………………………………136

Chapter 5
TABLE 5.1. Physical and chemical characteristics of lakes included in the experiment.
Source refers to the lake where the zooplankton for the experiment were taken
from. Maximum depth and surface area obtained from Gunn et al. (2001)
(Bernard Lake obtained from Ontario Ministry of the Environment), and water
chemistry obtained from integrated epilimnetic samples taken the last two weeks
of July 2004 with a 17-mm diameter tube sampler and analyzed by the Ontario
Ministry of the Environment………..........................…………………………..177
TABLE 5.2. RM-ANOVAs for zooplankton community metrics and functional group
abundance. Abbreviations: inv = invasion treatment, disp = dispersal treatment.
Time × invasion treatments adjusted by linear contrast if significant differences
existed on Week 0 (indicated by bold font). Error df = 18 (between subjects), 72
(within subjects)………………………………………………………………...178
TABLE 5.3. RM-ANOVAs for zooplankton species abundances. Abbreviations: inv =
invasion treatment, disp = dispersal treatment. Time × invasion treatments
adjusted by linear contrast if significant differences existed on Week 0 (indicated
by bold font). Error df = 18 (between subjects), 72 (within subjects)…………179

xi

TABLE 5.4. Among-replicate variability of all zooplankton and functional groups
using median log Levene method. Time × invasion treatments adjusted by
linear contrast if significant differences existed on Week 0 (indicated by bold
font). Error df = 18 (between subjects), 72 (within subjects)...………………..180
TABLE 5.5. Relative abundance of zooplankton in colonist pool and enclosures on Weeks
0 and 1-5. Bold = establishment in a treatment that the species was not initially
in. Colonist success was tested with a Poisson distribution, where the sign
indicates the most common response in the first and second dispersal additions:
(+) more abundant in enclosures than expected (p < 0.05); (–) less abundant in
enclosures than expected (p < 0.05); (0) no difference from colonist pool. Two
signs adjacent to each other represents equal numbers of responses of each type
(e.g., +0 = equal numbers of enclosures with more abundant (+) and no difference
(0) responses).…………………………………………………………………..181

xii

LIST OF FIGURES
Chapter 1
FIGURE 1.1. Bythotrephes longimanus, an invertebrate native to Eurasia, was first found
in the Laurentian Great Lakes in the early 1980s. This third instar female has
several embryos in her brood pouch that are in the black-eyed stage and nearing
the end of their development. Body length, including tail spine, is approximately
2 cm………………………………………………………………………………29
FIGURE 1.2. Conceptual framework for the interaction of local and regional processes
in structuring crustacean zooplankton communities in lakes invaded by
Bythotrephes ……………………………………………………………………..30
FIGURE 1.3. Number of studies published on invasive species in last 30 years in all
ecosystems (black) and freshwater systems only (white). I performed a search on
ISI Web of Science using common phrases for invasive species (invasive, exotic,
alien, non-indigenous, non-native, introduced, nuisance, pest, weedy, imported,
immigrant, foreign, colonizing) and did a separate search for invasive species in
freshwater ecosystems (lakes, ponds, rivers, streams, wetlands, reservoirs). Inset
is scaled-down view of invasions in freshwaters...………………………………31
FIGURE 1.4. (a) Using the discriminant function model of MacIsaac et al. (2000), I
estimated that 75% of Ontario lake trout lakes are susceptible to invasion. Plotted
are Secchi depth (m) and surface area (ha) of 1472 lakes determined by the model
to be invasible (black) and not invasible (white), as these were the values that
were most significant in the model. The grey line is drawn simply for clarity.
(b) Number of lakes in different size categories in Ontario (Cox 1978). The
first number at the top of the bars is total number of lakes in each category, and
the second number is the number of lakes that are invasible by Bythotrephes in
Ontario () (lakes >10000 ha were outside of the range of lakes from which
estimates of invasibility were calculated, and thus, were deemed not invasible)..32

Chapter 2
FIGURE 2.1. Map of study area…………………………………………………………..60
FIGURE 2.2. Box-and-whisker plots of (a) species richness, (b) Shannon-Wiener diversity,
(c) Evar, and (d) abundance (individuals·m-3) for total crustacean zooplankton,
cladocerans, and copepods in invaded (white boxes; n = 10) and reference lakes
(grey boxes; n = 4). The centre is the mean, the box is the standard error, the
whiskers are the standard deviation, and the asterisk (¹) is p < 0.05…………...61
FIGURE 2.3. On the left axis, percent change in invaded lakes richness (white bars) and
abundance (grey bars) from the average of the reference lakes, contrasted with
mean Bythotrephes abundance (¡; individuals·m-3) on the right axis. Vertical
error bars represent ± standard error. Lake names: BERN = Bernard, KASH =

xiii

Kashagawigamog, LOB = Lake of Bays, MUSK = Lake Muskoka, PEN =
Peninsula, SKEL = Skeleton, VERN = Vernon………………………………….62
FIGURE 2.4. Redundancy analysis of zooplankton species abundances and environmental
conditions. Environmental variables are represented by the large arrows
and species by the small arrows. Species with short arrows were removed to
reduce crowding. Circles are site scores for invaded (z) and reference ({)
lakes. Species names are italicized. Lake names: BERN = Bernard,
KASH = Kashagawigamog, LOB = Lake of Bays, MUSK = Lake Muskoka, PEN
= Peninsula, PICK = Pickerel, SKEL = Skeleton, VERN = Vernon.
Environmental variables: TP = total phosphorus, Zmax = maximum depth,
chl a = chlorophyll a……………………………………………………………..63
FIGURE 2.5. Mean abundance (individuals·m-3) of (a) calanoid () and cyclopoid (S)
copepods and (b) large (; > 1 mm) and small ({; < 1 mm) cladocerans in
reference lakes plotted against corresponding abundance in invaded lakes.
Abbreviations of zooplankton taxa are (a) Aca rob = Acanthocyclops robustus, cal
naup = calanoid nauplii, cyc naup = cyclopoid nauplii, Cyc scu = Cyclops scutifer,
Dia bic th = Diacyclops bicuspidatus thomasi, Epi lac = Epischura lacustris, Lep
ash = Leptodiaptomus ashlandi, Lep min = Leptodiaptomus minutus, Lep sic =
Leptodiaptomus sicilis, Mes edax = Mesocyclops edax, Ort mod = Orthocyclops
modestus, Sen cal = Senecella calanoides, Ski ore = Skistodiaptomus oregonensis,
Tro ext = Tropocyclops extensus; and (b) Acr har = Acroperus harpae, Bosm =
Bosmina (Bosmina) spp., Chyd = Chydorus spp., Dap amb = Daphnia ambigua,
Dap cat = Daphnia catawba, Dap dub = Daphnia dubia, Dap lon = Daphnia
longiremis, Dap men = Daphnia mendotae, Dap ret = Daphnia retrocurva, Dia
bir = Diaphanosoma birgei, Eub cor = Eubosmina coregoni, Eub tub =
Eubosmina tubicen, Hol gib = Holopedium gibberum, Lat set = Latona setifera,
Lep kin = Leptodora kindtii, Pol ped = Polyphemus pediculus, Sid cry = Sida
crystallina………………………………………………………………………...64

Chapter 3
FIGURE 3.1. On the left axis, average biweekly secondary production of zooplankton
(mg·m-2) and on the right axis, average seasonal production (mg·m-2) of invaded
( ) and reference () lakes in the (a) epilimnion, (b) metalimnion, and (c)
hypolimnion (n = 4, except reference lake hypolimnion where n = 3). Error bars
are ±1 standard error. Note that production is calculated from two adjacent dates,
so the value shown represents that of the following two week interval, i.e. the
value from the middle of May represents the sampling period from then until early
June………………………………………………………………………………97
FIGURE 3.2. Average seasonal secondary production (mg·m-2) of zooplankton in the
epilimnion ( ), metalimnion (), and hypolimnion () of invaded and reference
lakes………………………………………………………………………………98

xiv

FIGURE 3.3. Average biweekly secondary production (mg·m-2) in calanoids (a-c),
cyclopoids (d-f), large cladocerans (g-i), and small cladocerans (j-l) in the epi-,
meta-, and hypolimnion of invaded ( ) and reference () lakes (n = 4, except
reference lake hypolimnion where n = 3). Error bars are ±1 standard error….. ..99
FIGURE 3.4. Average abundance of small cladocerans, large cladocerans, cyclopoids, and
calanoids (103 individuals·m-3) in the epilimnion (a-b), metalimnion (c-d), and
hypolimnion (e-f) of invaded and reference lakes………………………………100
FIGURE 3.5. Epi- and metalimnetic zooplankton production (¡; mg·m-2) and
Bythotrephes consumption (; mg·m-2) in the invaded lakes, contrasted with
Bythotrephes abundance (U; individuals·m-3) on the right axis. In each panel, the
top bracketed value is the percent of total seasonal zooplankton production
consumed by Bythotrephes, and the bottom bracketed value is the percent of
seasonal production consumed by Bythotrephes starting in the middle of June.
Asterisk (¾) indicates the dates on which Bythotrephes consumption exceeded
zooplankton production…………………………………………………………101
FIGURE 3.6. Percent of (a) total and (b) edible algae grazed during zooplankton grazing
impact experiment in invaded ( ; n = 2) and reference lakes (; n = 3). Positive
values indicate that phytoplankton were grazed during the experiment, while
negative numbers indicate that there was algal growth. Error bars are ±1 standard
error……………………………………………………………………………..102
FIGURE 3.7. (a) Phosphorus (P) excretion rate (µg·L-1 d-1) of epilimnetic zooplankton in
invaded lakes ( ), reference lakes (), and invaded lakes plus P excretion by
Bythotrephes () (n = 4). (b) Estimated ratio of nitrogen to phosphorus (N : P)
recycled by zooplankton in invaded ( ) and reference () lakes (n = 4). Error
bars are ±1 standard error……………………………………………………….103

Chapter 4
FIGURE 4.1. Study site in Killarney Wilderness Park, Ontario, Canada………………..137
FIGURE 4.2. Chlorophyll a concentration (µg·L-1) in response to experimental treatments:
(a) total and (b) edible (< 30 µm). Symbols indicate the four treatment
combinations: acid-damaged and no Bythotrephes ({), acid-damaged and
Bythotrephes (z), recovery and no Bythotrephes ( ), recovery and Bythotrephes
(). Vertical bars represent standard error (n = 3 for all treatments except
recovery and no Bythotrephes where n = 2)…………………………..………...138
FIGURE 4.3. Community responses of zooplankton to Bythotrephes and recovery
treatments: (a) log (x+1) biomass (mg·m-3), (b) abundance (individuals·m-3), (c)
species richness, (d) species diversity. Symbols indicate the four treatment
combinations: acid-damaged and no Bythotrephes ({), acid-damaged and
Bythotrephes (z), recovery and no Bythotrephes ( ), recovery and Bythotrephes

xv

(). Vertical bars represent standard error (n = 3 for all treatments except
recovery and no Bythotrephes where n = 2)...………………………………….139
FIGURE 4.4. Log (x+1) abundance (individuals·m-3) of zooplankton species and juveniles
in response to experimental treatments. Symbols indicate the four treatment
combinations: acid-damaged and no Bythotrephes ({), acid-damaged and
Bythotrephes (z), recovery and no Bythotrephes ( ), recovery and Bythotrephes
(). Vertical bars represent standard error (n = 3 for all treatments except
recovery and no Bythotrephes where n = 2)…………………………………….140
FIGURE 4.5. Abundance (individuals·m-3) of zooplankton functional groups in response to
experimental treatments: (a) calanoid copepods, (b) cyclopoid copepods, (c) large
cladocerans, (d) littoral cladocerans, and (e) small cladocerans. Symbols indicate
the four treatment combinations: acid-damaged and no Bythotrephes ({), aciddamaged and Bythotrephes (z), recovery and no Bythotrephes ( ), recovery and
Bythotrephes (). Vertical bars represent standard error (n = 3 for all treatments
except recovery and no Bythotrephes where n = 2)……………………………141

Chapter 5
FIGURE 5.1. Abundance (individuals·L-1), biomass (µg·L-1), species richness, ShannonWiener diversity, and Evar of zooplankton communities in invaded (squares),
invader removed (triangles), and never invaded (circles) treatments, with black
symbols representing dispersal and white symbols no dispersal. On the right, the
average of community metrics over the final 5 weeks of the experiment (grey =
dispersal, white = no dispersal) is shown in the foreground, while light grey boxes
in the background indicate the average of the initial week of the treatment. Letters
above groups of treatments indicate significant differences (p < 0.05) between
treatment combinations using a Tukey post hoc test. Error bars represent ±1
standard error……………………………………………………………………183
FIGURE 5.2. Average abundance (individuals·L-1) of a) calanoid, b) cyclopoid, c) large
cladoceran, and d) small cladoceran functional groups over the final 5 weeks of
the experiment in the dispersal (grey) and no dispersal (white) treatments for
invaded, invader removed, and never invaded communities. Note difference in yaxis scale. Letters, shading, and error bars as in Figure 5.1……………….…...184
FIGURE 5.3. Average abundance (individuals·L-1) of a) Eubosmina tubicen, b) Bosmina
sp., c) Holopedium gibberum, d) Leptodiaptomus minutus, e) Diacyclops
bicuspidatus thomasi, f) Sida crystallina, g) Daphnia spp., h) Mesocyclops edax,
i) Epischura lacustris, j) Cyclops scutifer, k) Skistodiaptomus oregonensis, and l)
Tropocyclops extensus, over the final 5 weeks of the experiment in the dispersal
(grey) and no dispersal (white) treatments for invaded, invader removed, and
never invaded communities. Note difference in y-axis scale. Letters, shading, and
error bars as in Figure 5.1……………………………………………………….185

xvi

FIGURE 5.4. Temporal coefficient of variation (CV) (%) of biomass for a) all
zooplankton, b) calanoid, c) cyclopoid, d) large cladoceran, and e) small
cladoceran functional groups over the final 5 weeks of the experiment in the
dispersal (grey) and no dispersal (white) treatments for invaded, invader removed,
and never invaded communities. Note difference in y-axis scale. Letters and
error bars as in Figure 5.1……………………………………………………....186
FIGURE 5.5. Principal components analysis of a) site scores and b) species scores. In a)
symbols represent the average of the invaded (squares), invader removed
(triangles), and never invaded (circles) treatments, with black symbols
representing dispersal and white symbols no dispersal. The direction of the
arrows indicates the progression of the experiment, from Week 0 to 6………...187

xvii

LIST OF APPENDICES
APPENDIX 1. Zooplankton species presence/absence in study lakes. Taxonomic
authorities in parentheses indicate genus name has changed since original
description……………………………………………………………………....217
APPENDIX 2. Study lake morphometric, physical, chemical, and biotic
characteristics…………………………………………………………………...220
APPENDIX 3. Detailed methodology of calculating zooplankton production…………..222
APPENDIX 4. Bĕlehrádek’s coefficients for species-specific egg development times (K,
days) relative to mean temperature T (°C)……………………………………...225
APPENDIX 5. Detailed methodology of estimating P excretion and N : P recycling by
zooplankton……………………………………………………………………..226
APPENDIX 6. Multivariate ordination of Bythotrephes and epilimnetic zooplankton
production……………………………………………………………………….232
APPENDIX 7. Egg production by strata and functional group…………………………...234
APPENDIX 8. Mean physical, chemical, and biotic characteristics of four replicate
experimental enclosures (standard deviation in brackets)………………………236

CHAPTER 1: GENERAL INTRODUCTION AND LITERATURE REVIEW
Community and ecosystem structure and functioning are controlled by a balance
of local and regional processes, which interact to determine which species are present and
their role in the ecosystem. With increasing environmental change, it is important to
understand how processes at different scales shape communities and ecosystems.
Bythotrephes longimanus Leydig (Crustacea, Branchiopoda, Onychopoda,
Cercopagididae) (Fig. 1.1) is a large predatory zooplankter that invaded the Laurentian
Great Lakes in the early 1980s (Bur et al. 1986; Lange and Cap 1986; Lehman 1987; Jin
and Sprules 1990). Bythotrephes subsequently spread from the Great Lakes into
numerous inland lakes in Canada (MacIsaac et al. 2004) and the United States (see
section I for details). Our understanding of the effects of Bythotrephes in invaded lakes is
incomplete, as studies have been limited to long-term records of a single lake (Yan et al.
2001), short sampling periods in the Great Lakes (Barbiero and Tuchman 2004), and
single mid-summer sampling dates (Boudreau and Yan 2003). While these studies have
observed some consistent effects of Bythotrephes on crustacean zooplankton prey, few
studies have attempted to characterize the effects of the invader over larger parts of the
ice-free season, effects on ecosystem functioning (but see Dumitru et al. 2001), and the
interaction of Bythotrephes with other regional processes. Bythotrephes can act at both
local and regional scales: preying on zooplankton, and altering community structure and
ecosystem function at the local scale, but at the regional scale, the spread of Bythotrephes
may create a landscape of lakes that are differentially affected by invasion, and may alter
regional responses to environmental change by homogenizing communities (Fig. 1.2). In
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addition, the invasion of Bythotrephes will most certainly interact with other local and
regional processes in complex ways to structure communities (Fig. 1.2).

I. Invasion Biology
An invasive species is, “…a nonindigenous species that spreads from the point of
introduction and becomes abundant,” and a nonindigenous species is, “…a species
introduced to areas beyond its native range by human activity,” [200] following Kolar
and Lodge (2001). Invasive species are considered to be one of the most severe threats to
biodiversity across all ecosystems (Millenium Ecosystem Assessment 2005), and are
expected to have the greatest effect on biodiversity in freshwater lakes and rivers (Sala et
al. 2000). In addition to expected losses of ecosystem diversity, the estimated costs of
economic loss and control of invasive species are high: US $120 billion per year
(Pimentel et al. 2005), Canada $7.5 billion per year (Dawson 2002), and when indirect
‘invisible taxes’ are added that include reduced production of natural resources, costs in
Canada could be as high as $13-35 billion per year (Colautti et al. 2006). Although the
study of invasive species has exponentially increased in the past decade (Fig. 1.3), the
number of studies published is small compared to the risk that invaders pose (Lawler et
al. 2006) and the number of studies involving invaders in freshwater ecosystems is
relatively small by comparison (Fig. 1.3), suggesting that it is both ecologically and
economically imperative to understand the effects of invaders, especially in understudied
freshwater systems.
Early work on invasion biology attempted to describe the characteristics that
defined a successful invasion. In 1958, Charles Elton published his seminal work on
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invasion, where he hypothesized that species were more likely to invade less diverse
communities (Elton 1958). Lodge (1993) summarized a number of characteristics that
were believed to generalize successful species invasions, including low diversity of native
species, and specific characteristics of the invader, such as r-selected traits (high
reproductive rate, rapid development, many offspring), high dispersal rate, asexual
reproduction, high genetic variability, and a similar native and introduced range.
However, studies of these characteristics have mostly found contradictory evidence
(Lodge 1993), especially for Elton’s hypothesis of diversity conferring invasionresistance (Levine and D'Antonio 1999). Levine (2000) showed that the conditions under
which native species were successful also tended to favour invaders, explaining why
empirical surveys often detect greater invasive species success in more diverse
communities. However, when these covarying factors were removed experimentally,
diversity did indeed confer some resistance to invasion (Levine 2000). Some more recent
hypotheses of characters that may explain invasion success include propagule pressure
(Kolar and Lodge 2001; Lockwood et al. 2005) and population demographics (i.e., the
Allee effect) (Drake 2004; Leung et al. 2004), release from control by natural enemies
(enemy release hypothesis) (Torchin et al. 2003; reviewed in Colautti et al. 2004),
distinctiveness (Ricciardi and Atkinson 2004), and prey naiveté, which results in
ineffective defenses to invasive predators because of the lack of evolutionary history
together (Cox and Lima 2006).
Early attempts to apply statistical rules to invasion biology predicted that few
invaders would successfully establish (10%) and an even smaller percentage would
become a pest (1%) (Williamson and Fitter 1996). More statistically rigorous studies of
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invasions have used knowledge of current invasion sequences, as well as life history and
habitat characteristics in the invader’s native range, to model species occurrence patterns
and assess the risk for future invasions (MacIsaac et al. 2000; Kolar and Lodge 2002;
Moyle and Marchetti 2006; Olden et al. 2006). However, even with greater predictive
power, rates of invasion continue to rise in most ecosystems. Using the well-studied
Laurentian Great Lakes as an example, there have now been > 170 species introduced to
the Great Lakes basin via shipping, canals, and unintentional and deliberate release (Mills
et al. 1993; Holeck et al. 2004). The discharge of ballast water from ships has been
identified as the primary mode of new species introductions (Grigorovich et al. 2003);
however, even with the implementation of ballast water exchange restrictions in the US
(mandatory) and Canada (voluntary), the rate of nonindigenous species introductions in
the Great Lakes has increased (Holeck et al. 2004). Thus, while our ability to predict
future invasions has improved, introductions of new species will likely continue to
increase, given the lack of integrated management plans for the prevention, detection, and
response to nonindigenous species introductions (Lodge et al. 2006). Once an introduced
species establishes a reproducing population, eradication generally becomes more
difficult, and therefore understanding the effects of nonindigenous and invasive species in
ecosystems becomes paramount.
Widespread examples of the detrimental effects of species invasions on native
organisms abound in the literature. Mysis relicta, the opossum shrimp, was intentionally
introduced into the Flathead catchment in Montana to stimulate salmon production;
however, the result was cascading declines in zooplankton, salmon, eagles, and other
wildlife that depend on the spawning run of salmon (Spencer et al. 1991). The invasion
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of the rusty crayfish, Orconectes rusticus, has resulted in declines in the abundance of a
number of zoobenthic groups (McCarthy et al. 2006), as well as reductions in native
crayfish species and macrophytes (Wilson et al. 2004). This pattern of regional declines
of native endemic species and replacement by non-native cosmopolitan taxa has been
termed ‘biotic homogenization’ (McKinney and Lockwood 1999). Rahel (2000) reported
that homogenization in fish communities across the continental United States was
primarily a result of species introductions and that pairs of states shared an average of 15
more species than pre-European settlement. It has been hypothesized that biotic
homogenization of communities will also affect ecosystem functioning by reducing the
species pool and functional diversity within communities, preventing compensatory
responses to environmental changes (Olden et al. 2004).
A number of studies have reported declines in ecosystem functioning following
establishment of an invasive species. Carlsson et al. (2004) reported increased
phytoplankton growth due to nutrient recycling by the invasive golden apple snail,
Pomacea canaliculata, which, in turn, decreased macrophyte richness and biomass, and
may have negative consequences for food production and water purification services that
macrophyte communities provide. The invasion of zebra and quagga mussels (Dreissena
polymorpha and bugensis, respectively) has been implicated in the ‘benthification’ of
Oneida Lake, New York, where energy is redirected from the pelagic zone to the benthic
zone by filter feeding mussels (Zhu et al. 2006). However, the effects of invaders on
ecosystem function are not always negative: invasive round gobies (Neogobius
melanostomus) are one of the few fish species that consumes zebra mussels, and they
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have created an alternative energy pathway in Lake Erie by exploiting this previously
unused prey base (Johnson et al. 2005).
Bythotrephes longimanus Leydig (Crustacea, Branchiopoda, Onychopoda,
Cercopagididae) (Fig. 1.1) is a large predatory zooplankter that invaded the Laurentian
Great Lakes in the early 1980s (Bur et al. 1986; Lange and Cap 1986; Lehman 1987; Jin
and Sprules 1990). Although it was believed that there existed two distinct species of
Bythotrephes (one with a kink in its caudal spine: B. cederstroemi, and the other without
a kink: B. longimanus), the mitochondrial analysis of Therriault et al. (2002) and the
morphological study of Martin and Cash-Clark (1995) both concluded that there is only
one species in the genus Bythotrephes (B. longimanus), which has two morphological
variants. Hereafter, I will refer to the invader simply as Bythotrephes. Bythotrephes
subsequently spread from the Great Lakes into numerous inland lakes in Canada
(MacIsaac et al. 2004) and several northern states, including Minnesota and Wisconsin
(Branstrator et al. 2006), Michigan (Jarnagin et al. 2000), and Ohio (Ferry and Wright
2002). Bythotrephes is native to Eurasia, and the source of the invasion of North America
has been identified as Lake Ladoga, Russia, likely having moved down the Neva River to
St. Petersburg harbour (Berg et al. 2002), where it was taken on in the ballast water of
transoceanic vessels and transported across the Atlantic (Sprules et al. 1990).
Bythotrephes is seasonally parthenogenic, producing asexual broods of 2-4 eggs
during the summer, although Straile and Halbich (2000) observed larger clutches in early
summer (> 4 eggs per clutch). Bythotrephes switches to sexual reproduction later in the
year, when broods of 2-5 diapausing eggs are produced, which overwinter in lake
sediments (Yan and Pawson 1998; Yan et al. 2001). Bythotrephes diapausing (or resting)
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eggs likely do not form a long-lived egg bank: the longest duration of diapause and
successful hatching observed in the lab was 17 months (Herzig 1985), and Andrew and
Herzig (1984) estimated that eggs could only survive on their energy stores for < 1 year.
Resting eggs are cued to hatch by temperatures > 4 ºC, but are probably not influenced by
light (Yurista 1997). Once hatched, individuals from asexual and sexual eggs develop at
similar rates, achieving sexual maturity and releasing their first clutch around 14 days at
12.7 ºC (Yurista 1992). Embryo development takes place within the brood pouch and
live young are released after about 65 hours (Yurista 1992). Bythotrephes abundance in
lakes is spatially and temporally variable, so generalizations are difficult, but populations
usually begin to grow through asexual reproduction in May, peak in July, and start
sexually reproducing in late summer (Lehman and Cáceres 1993; Straile and Halbich
2000; Yan et al. 2001). However, the timing of the switch to diapause (the sexual
reproduction resulting in resting eggs) can vary interannually, occurring anywhere from
late-July to mid-October (Yan et al. 2001).
Bythotrephes can survive under a wide range of conditions in its native range in
the Commonwealth of Independent States, tolerating broad temperature and salinity
gradients, but preferring temperatures of 10-24 ºC and low salinity conditions (0.040.4‰) (Grigorovich et al. 1998). Garton et al. (1990) observed broader temperature
tolerances in the lab, where Bythotrephes had equally high abundances from 5-25 ºC, but
that mortality increased at temperatures > 26 ºC. Bythotrephes prefers circumneutral
conditions, oligo- to mesotrophic productivity, and relatively deep lakes, although it has
been found in shallow lakes and ponds, as well as eutrophic lakes (Grigorovich et al.
1998). A model used to generate predictions on the spread of Bythotrephes in North
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America based on characteristics of its distribution in Europe found that Bythotrephes
occurs in large, deep, clear, low productivity lakes in Europe, but that in North America,
lake size and depth are more important factors (MacIsaac et al. 2000). Using lakes from
the dataset of MacIsaac et al. (2000) (excluding the Great Lakes) and an additional 30
inland lakes that have since become invaded, I calculated that the average maximum
depth and surface area of 46 inland lakes in Ontario invaded by Bythotrephes was 46 m
(95% confidence interval: ±7) and 3238 ha (95% confidence interval: ±3105),
respectively.
Bythotrephes is generally thought to be dispersed by human-mediated vectors,
such as bait buckets, live wells, fishing lines, anchor lines, and bilge water (MacIsaac et
al. 2004). In addition, the diapausing eggs of Bythotrephes can survive passage through
the digestive tract of fish, allowing them to disperse via water courses (Jarnagin et al.
2000). Bythotrephes diapausing eggs have a higher specific density than water, but are
lighter than sediment (Yurista 1997), suggesting that they most likely would not float on
the surface, as can occur with the ephippium of Daphnia. Thus, non-human-mediated
movement (i.e., wind, waterfowl, etc., see section V for discussion) of Bythotrephes
individuals would likely be rare.
Allee effects are when extinction risk is high at low population densities because
of difficulties in finding a mate, but risk decreases with greater population densities.
Allee effects can be common in biological invasions, and an analysis of these effects in
Bythotrephes populations have suggested that since mate-limitation generally only occurs
in the fall when the invader switches to sexual reproduction of diapausing eggs, Allee
effects are not as severe as experienced by species that are continuously mate-limited
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(Drake 2004). Drake (2004) found that the magnitude of Allee effects were smallest
when the invader was introduced early in the summer, as the population would have
sufficient time to reproduce asexually and grow exponentially before needing to search
for a mate. In addition, Drake et al. (2006) added Bythotrephes population demographics
to the Allee effects model to demonstrate that invasion risk is highest in mid-summer
when temperatures are warm, stimulating high reproductive rates.
Thus, several lines of evidence suggest that Bythotrephes has the potential to
spread to a large number of lakes in parts of North America and establish populations:
broad tolerance of environmental conditions, rapid parthenogenic reproduction,
overwintering resting eggs, numerous vectors associated with human activities, and
moderate Allee effects. MacIsaac et al. (2004) developed a model that explicitly
characterized the flow and direction of vectors that transport Bythotrephes, and confirmed
that there is the potential for the invader to spread to a large number of lakes in Ontario.
Using a large dataset of lake trout lakes in Ontario (Gunn et al. 2003), I estimated the
number of lakes that are susceptible to invasion by Bythotrephes based on its European
distribution (MacIsaac et al. 2000). To do this, I used the discriminant function model of
MacIsaac et al. (2000), with the cut off value of -0.15 used in Branstrator et al. (2006), to
determine how many lakes were susceptible to invasion. The model requires values for
surface area, maximum depth, Secchi depth, and chlorophyll; for the dataset that I used,
no chlorophyll concentrations were available, so I used a standard value of 20 µg·L-1,
which is likely an overestimate given that the average Secchi depth was 5.3 m, suggesting
most lakes in the dataset are likely low productivity. The lakes in this database span a
range of maximum depth (max = 162.8 m, min = 4.6 m, median = 30.0 m), clarity (max =
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27.0 m, min = 1.1 m, median = 4.9 m), and surface area (max = 13 130 ha, min = 3 ha,
median = 190 ha). Based on these variables, I estimate that 75% of Ontario lake trout
lakes are susceptible to invasion (Fig. 1.4a), which may be conservative given the high
value of chlorophyll that I used in the model (using less conservative values of 5 and 10
µg·L-1 chlorophyll results in 88% and 82% of lake trout lakes being invasible by
Bythotrephes, respectively). This may have serious implications for economically
important commercial and recreational lake trout fisheries, which already suffer from
overharvesting and other human-induced stressors (Gunn et al. 2003). The lakes that I
predict to be invasible by the model span a range of sizes (max = 13 130 ha, min = 3.4
ha), and given that there are > 181 000 lakes in Ontario larger than 1 hectare, roughly half
of which are between invasion susceptible sizes of 10 - 9999 ha (Cox 1978), this suggests
that about 38% of all lakes in Ontario may become invaded by Bythotrephes in the future
(Fig. 1.4b). Despite the large predicted spread of Bythotrephes in Ontario, invasion into
lakes outside of Ontario has been slow, and several failed invasions have occurred in
Minnesota (Branstrator et al. 2006).
The effects of Bythotrephes on native species communities in freshwater
ecosystems are complex. Bythotrephes is a predator that grasps prey with pairs of
thoracic legs, tears at the prey with their mandibles, and then sucks in the body content
(Monakov 1972). Bythotrephes is generally considered a voracious predator (Burkhardt
and Lehman 1994), and the consumption by Bythotrephes in Harp Lake exceeded
zooplankton production at two points during the summer (Dumitru et al. 2001),
suggesting that the invader can exert strong predatory control on zooplankton. In Harp
Lake, Ontario, the invasion of Bythotrephes resulted in a size shift from small- to large-

11

bodied zooplankton, owing to the decline and disappearance of small species (Yan and
Pawson 1997; Yan et al. 2001). However, significant declines in both small and large
cladoceran abundance have been observed in long term records from the Great Lakes
(Barbiero and Tuchman 2004) and comparative studies of invaded and reference lakes
(Boudreau and Yan 2003; Strecker et al. 2006). In addition, feeding experiments have
indicated that Bythotrephes will preferentially consume larger prey, especially Daphnia
(Schulz and Yurista 1999). This disconnect between field and laboratory studies may be
a result of density-dependent feeding: in an enclosure experiment, the species that were
most abundant in control treatments were the most negatively affected by Bythotrephes in
the invader treatment (r2 = 0.71: Strecker and Arnott 2005). Thus, although Bythotrephes
seems to prefer cladoceran prey, it may also consume other abundant species. Copepods
are generally larger and faster than cladocerans, which may offer some protection from
predation; however, declines in some copepod taxa (e.g., Mesocyclops edax) have been
observed in different studies (Boudreau and Yan 2003; Barbiero and Tuchman 2004;
Strecker and Arnott 2005; Strecker et al. 2006), suggesting a number of zooplankton
functional groups are susceptible to the invasion of Bythotrephes.
One of the most consistent effects of Bythotrephes invasion into lakes is a decline
in crustacean zooplankton species richness. Significant long-term declines in species
richness were detected in Lakes Erie, Michigan, and Huron (Barbiero and Tuchman 2004)
and Harp Lake, Ontario (Yan et al. 2002) after the invasion of Bythotrephes. As well,
two separate comparative studies of invaded and reference lakes both found that invaded
lakes have about 4 fewer species than reference lakes (Boudreau and Yan 2003; Strecker
et al. 2006). In addition to the direct effects of predation, Bythotrephes may also induce
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indirect negative effects on zooplankton. Bythotrephes is a visual predator and field and
laboratory studies have demonstrated that Bythotrephes can induce vertical migration of
Daphnia into darker cooler water during the day (Lehman and Cáceres 1993; Pangle and
Peacor 2006), where food would generally be less abundant and reproductive rates
decreased by colder temperatures (Pangle et al. 2007). Thus, Bythotrephes may induce
both direct and indirect negative effects on prey communities in invaded lakes, and alter
zooplankton community function in freshwater ecosystems. However, studies of the
effects of Bythotrephes on inland lakes have been limited to small temporal (single midsummer sample: Boudreau and Yan 2003) and spatial scales (single lake: Dumitru et al.
2001; Yan et al. 2001) and therefore, the seasonal effects of the invader on community
structure and ecosystem function in multiple lakes are poorly understood.

II. Biodiversity and Ecosystem Functioning
Ecosystems worldwide face unprecedented levels of human-induced stresses, and
as a result of human activities, biodiversity is being lost at greater rates than have ever
been seen in history (Millenium Ecosystem Assessment 2005). The benefits of
biodiversity are manifold: the provision of ecosystem goods, such as clean water and fuel,
regulatory services, such as climate and flood regulation, supporting services, such as
primary productivity and nutrient cycling, as well as cultural and aesthetic values
(Millenium Ecosystem Assessment 2005). Ecosystem services have been valued at US
$33 trillion per year, far in excess of the global gross national product (Costanza et al.
1997), suggesting that preserving the biodiversity that provides these services is of great
economic importance. However, efforts to prevent further loss of biodiversity have been
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slow and the goals of the Convention on Biological Diversity to significantly reduce loss
of biodiversity by 2010 are unlikely to be met (Millenium Ecosystem Assessment 2005).
Although there now exists a general consensus that diversity begets ecosystem
functioning by increasing processes such as productivity and stability (Hooper et al.
2005), this topic has been the subject of much debate over the past decade. The positive
diversity-productivity relationship observed in a grassland experiment (Tilman et al.
1996) was questioned, as it did not necessarily isolate the effects of diversity per se on
productivity, rather the results were confounded by hidden treatments, or sampling
effects, where increased species richness increases the chances of including a highly
reproductive species (Aarssen 1997; Huston 1997). This stimulated research on the
relative importance of dominant species versus complementarity of species in generating
the observed patterns of increasing productivity with increasing richness (Loreau et al.
2001). Although dominant species likely play a role in determining species relationships
in experiments and nature (Cardinale et al. 2006), complementary effects of species have
also been found in a number of terrestrial and aquatic systems (Tilman et al. 2001; Bruno
et al. 2005), suggesting that both are important.
While much effort has been spent examining the biodiversity-ecosystem function
relationship in primary producers, only recently have studies addressed how this
relationship may vary in consumer communities, across multiple trophic levels, or at
larger spatial scales. Modifications of grazer diversity in eelgrass communities resulted
in greater grazer secondary productivity, but no cascading effects on eelgrass productivity
(Duffy et al. 2003). Conversely, Downing and Leibold (2002) manipulated macrophyte,
benthic grazer, and carnivore species richness in field mesocosms, but found that the
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effects of changing richness were manifested in other functional groups, via indirect
interactions among trophic levels. Thus, our understanding of ecosystem functioning in
spatially connected multi-trophic systems is incomplete and needs broader theoretical and
experimental work.
Ecosystem function is commonly measured as changes in rates of productivity,
decomposition, nutrient cycling, and resistance and resilience to perturbations (Loreau et
al. 2001). In aquatic systems, herbivory tends to be proportionally greater than in
terrestrial systems (Shurin et al. 2005), where aquatic herbivores can remove 3× more
primary productivity than their terrestrial counterparts (Cyr and Pace 1993). Thus,
quantifying this important link (namely zooplankton) in the food web is crucial to the
understanding of ecosystem processes in aquatic habitats. Looking at this link from the
bottom up perspective, the transfer of zooplankton productivity up the food web may be
important for higher trophic levels. Cushing (1990) suggested that matches in peaks of
zooplankton (or secondary) production with larval fish abundance could determine the
outcome of larval survival for a year class. This was demonstrated in a lake in South
Carolina, where the foraging success of larval striped bass (Morone saxatilis) was greatly
influenced by variability in zooplankton populations (Chick and van den Avyle 1999).
For economically-important fisheries, understanding of zooplankton production is vital
for proper management. Lake Washington has the largest sockeye salmon population in
the state of Washington, and the spatial and temporal dynamics of zooplankton
abundance and productivity can represent potential bottlenecks to salmon recruitment
(Beauchamp et al. 2004). In Lake Ontario, a single year estimate of planktivore energy
requirements greatly exceeded estimates of zooplankton production (Lake Ontario
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Committee 1992, as cited in Kuns and Sprules 2000), suggesting that there was an
energetic imbalance between planktivores and their prey, and that planktivore growth
could be severely limited by zooplankton biomass production. However, as most
previous work on secondary production had been focused on the epilimnion (Borgmann
et al. 1984), the contribution of other thermal strata to total secondary production has
likely been underestimated, suggesting that more detailed studies of productivity at
different thermal layers are necessary to better understand energy transfer between
trophic levels (Kuns and Sprules 2000).
Conversely, examining the zooplankton link in the food web from a top-down
perspective, herbivores can remove large portions of primary productivity in aquatic
systems, likely because of the small size of most aquatic autotrophs, as well as the general
lack of support tissues that characterize terrestrial plants (Shurin et al. 2005).
Experimental studies have demonstrated that rates of grazing on algae increase with
zooplankton biomass (Cyr and Pace 1992; Cyr 1998). Although large cladoceran taxa,
namely Daphnia, have been shown to have a large grazing impact on phytoplankton
(Carpenter et al. 1987), allometric equations predict that small organisms should graze
more per unit biomass than larger zooplankton (Peters and Downing 1984). Indeed, Cyr
and Pace (1992) and Cyr (1998) found that large cladoceran communities did not
necessarily have higher grazing rates than copepod- or small zooplankton-dominated
communities, and that biomass was a stronger predictor of zooplankton grazing on algae.
This suggests that declines in zooplankton biomass, regardless of taxonomic level, may
have effects on the ability of zooplankton to graze algae and transfer this energy to higher
trophic levels.
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An additional top down influence of zooplankton in ecosystems is the recycling of
nutrients back to the surrounding environment that are gained from consuming
phytoplankton (Vanni 2002). The relative importance of fish versus zooplankton in the
movement of nutrients and energy in the pelagic zones of lakes has been the subject of
much debate (Vanni 2002). While some studies have suggested that a large part of the
nutrients available to phytoplankton via recycling come from fish (Vanni et al. 1997),
others have found that fish contribute a relatively small proportion, and that the plankton
community is a more important source of nutrients (Hudson et al. 1999). Although
nutrient excretion rates are affected by individual body sizes, generally excretion rates
increase with increasing zooplankton abundance and biomass (Vanni and Findlay 1990),
thus changes in the zooplankton community may precipitate changes in nutrient recycling
in lakes. In recent years, there has been increasing recognition that the stoichiometry of
organisms and their recycled byproducts can strongly influence nutrient dynamics in the
pelagic zones of lakes (Elser and Urabe 1999). Zooplankton maintain elemental
homeostasis in their bodies, excreting the nutrient that is in excess back to the
environment (Urabe 1993), and therefore, changes in the ratio of nitrogen (N) to
phosphorus (P) of the zooplankton community based on shifts in species abundances can
be an important determinant of the limiting nutrient for algal growth (Elser et al. 1995).
Elser et al. (2000) demonstrated that the addition of a piscivorous predator precipitated a
shift in community structure toward zooplankton with low N : P body composition (i.e.,
nutrients are recycled at high N : P) reduced N-fixing cyanobacteria, which have low N :
P requirements. Thus, quantifying the strength of the multi-faceted top down influence of
zooplankton on primary producers may also provide important information about
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ecosystem functioning. However, few studies have examined the effects of invaders on
nutrient and energy flow at multiple levels of organization in freshwater systems (Simon
and Townsend 2003).

III. Recovery from Acidification
Acid precipitation and the resulting acidification of lakes and their surrounding
vegetation continues to be a serious environmental problem (Schindler 1988; Stoddard et
al. 1999). Historic acid deposition occurred in much of the northern hemisphere,
including eastern Canada, the northeast United States, central and western Europe, Great
Britain, and several Nordic countries (Stoddard et al. 1999). As a result of acid
deposition, lake sulphate (SO42-) concentrations increased substantially and lakes become
more acidic, especially in areas with low buffering capacity, such as Norway, where lakes
became 10-100× more acidic (Seip and Tollan 1978) and in areas with extremely high
sulphur dioxide (SO2) emissions, such as Sudbury, Ontario, where lakes declined to pH <
4.0 (Gorham and Gordon 1960). The effects of acidification on freshwater ecosystems
were severe: complete loss of fish populations (Beamish and Harvey 1972), large-scale
loss of vegetation and organic soils (Gorham and Gordon 1960), and significant declines
in species richness of fish, amphibians, zooplankton, and benthic invertebrates below pH
6.0 (Sprules 1975; Doka et al. 1997; Doka et al. 2003).
Legislative actions in Canada (Eastern Canada Acid Rain Program in Canada), the
United States (Clean Air Act), and Europe (United Nations Economic Commission for
Europe’s Convention on Long-Range Transboundary Air Pollution) to control airborne
pollutants, especially SO2, have generally been successful. Significant reductions in SO42-
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and increases in alkalinity have been observed in many parts of the globe (Stoddard et al.
1999), and lakes around Sudbury have shown dramatic improvements in lake pH and
some biological recovery of aquatic and terrestrial communities (Gunn and Keller 1990;
Keller and Yan 1991; Gunn et al. 1995; Keller et al. 2003). However, while most
Sudbury area lakes have experienced improvements in water quality (Keller et al. 1992),
there has been a substantial lag in the biological recovery of zooplankton in many lakes,
as well as variability in the recovery trajectory (Locke et al. 1994; Arnott et al. 2001; Yan
et al. 2004; Binks et al. 2005). Conversely, the zooplankton community in
experimentally acidified Little Rock Lake, Wisconsin, generally recovered more quickly
than did Sudbury lakes (6 versus 10+ years, respectively), which the authors suggested
could be due to lack of high metal concentrations in the lake (Frost et al. 2006). Yan et
al. (2004) hypothesized that the persistent effects of metal-contamination and severe
acidification were preventing the full recovery of the zooplankton community in a
Sudbury lake. The dynamics of community recovery are complex, as communities need
to overcome a series of barriers to reach a recovered state: 1) acceptable water quality, 2)
available colonist pool, 3) minimum viable population size, and 4) the local biotic
resistance of the target community (Yan et al. 2003). However, little is understood about
how this recovery process may be influenced by additional stresses.
Killarney Provincial Park (Fig. 4.1) is situated 40-60 km southwest of metal
smelters in Sudbury, Ontario, and was one of the first regions to be affected by
atmospheric pollution (Beamish and Harvey 1972). The regional geology is dominated
by orthoquartzite in the La Cloche Mountain Range, a low-buffering capacity bedrock
that is heavily impacted by acidic pollutants. Paleolimnological assessments have
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indicated that while many lakes are approaching their historical pre-acidification pH,
some of the highly acidified lakes located on orthoquartzite ridges have shown little
improvement in pH (Snucins et al. 2001; Dixit et al. 2002), as well as delayed biological
recovery (Snucins et al. 2001; Holt and Yan 2003; Snucins 2003; Vinebrooke et al. 2003).
Slow chemical recovery despite reduced emissions has also been observed in the
Adirondack Mountains of New York (Driscoll et al. 2003), suggesting that lakes may
suffer the damage of acid deposition for years to come and may require further emissions
reductions in order for the biota to recover. However, biota may fail to recover without
adequate dispersal from regional sources and from the seed bank (Keller and Yan 1998).
The invader Bythotrephes has recently been detected in several lakes in Killarney Park,
suggesting that biological recovery of crustacean zooplankton may be further impeded by
the additional stress of a novel predator.

IV. Regional Dispersal
In the face of increasing habitat fragmentation and loss (Fahrig 2003),
understanding the local and regional processes that structure populations, communities,
and ecosystems is of the utmost importance. Populations were for decades considered
only in terms of their local persistence and stability (Hanski and Simberloff 1997). The
theory of island biogeography was one of the first attempts to explicitly define how
isolated patches, such as islands, may interact with mainland populations through a
balance of extinction and colonization of species (MacArthur and Wilson 1967). Levins
(1969; 1970) first conceptualized a metapopulation as a set of local populations of a
species linked by dispersal (defined in Hanski and Simberloff 1997). A number of
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metapopulation models followed, building on the two basic processes of extinction and
colonization, and how they may differ in real populations. The classic metapopulation of
Levins (1969; 1970) assumes populations are identical, such that they have equal
probabilities of extinction and recolonization, and that local population dynamics occur
much faster than metapopulation dynamics, such that migration is so small that it has no
effect on local population dynamics. However, Brown and Kodric-Brown (1977)
suggested that in insular habitats, immigration of species could ‘rescue’ populations from
extinction, and showed empirical support for these so-called ‘rescue effects’ in the
population dynamics of arthropod populations on thistle plants. Further modifications of
Levins’ basic model by Hanski (1982) and Gotelli (1991) simply altered the extinction
and colonization terms to occur either independent of or dependent on regional species
occurrence. Hanski et al. (1994) demonstrated classic metapopulation structure in a
Finnish population of butterflies that were prone to frequent extinctions, had relatively
low immigration rates, but persisted through recolonization of empty patches.
An important class of models followed that incorporated the ideas of mass effects
(Shmida and Wilson 1985) and source-sink dynamics (Pulliam 1988). These similar
concepts describe the flow of individuals of a population from an area of high population
growth (a source) to an unfavourable area where a population cannot be sustained (a
sink), thus maintaining the species in the larger region (Holt 1985; Shmida and Wilson
1985; Pulliam 1988). Pulliam (1988) demonstrated this spatial dynamic of emigration
from a source to a sink for a single-species population, while Holt (1985) theoretically
expanded the single-species metapopulation to a predator-prey pair, and empirical tests
have shown that, with spatial subdivision of the habitat and subsequent dispersal, the
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persistence of a predator-prey pair was much longer than without dispersal, where the pair
would be prone to extinction (Holyoak and Lawler 1996; Amezcua and Holyoak 2000).
The inclusion of multiple competing species (Bengtsson 1989) and entire
communities (Holt 1993; Mouquet and Loreau 2003; Leibold et al. 2004) into the
metapopulation framework has stimulated great interest from both theoretical and
practical standpoints. Theoretically, there are a number of paradigms about the kind of
dynamics that metacommunities may exhibit: 1) patch dynamics assumes that all patches
are equal and are ruled by extinction and colonization processes; 2) species-sorting
emphasizes that different patches have different qualities that will influence local species
interactions, but that dispersal can affect community composition, especially in a
changing environment (Leibold 1998); 3) mass effects describes the ability of dispersal to
rescue species in a local community from competitive exclusion and extinction by
emigrating to different patches where they are better competitors (Brown and KodricBrown 1977; Shmida and Wilson 1985; Pulliam 1988); and 4) the neutral perspective
(Hubbell 2001), suggests that all species have equal competitive and dispersal abilities,
and communities are structured by random movements between patches (from Leibold et
al. 2004). Practically, understanding species interactions in more or less connected
landscapes has implications for the fragmentation of habitats, and the design of
conservation areas and corridors that can afford the greatest protection for threatened
species, communities, and/or landscapes (Simberloff 1998; Koelle and Vandermeer 2005;
Resetarits Jr. 2005).
A number of studies have investigated the role and importance of dispersal in
shaping community structure and biodiversity. The model of Loreau and Mouquet (1999)
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predicted an increase in local richness with increasing immigration; however, in a
metacommunity, where species immigrate and emigrate, Mouquet and Loreau (2003)
demonstrated that local richness was highest at intermediate dispersal intensity, as
increasingly higher dispersal rates increased the immigration of the regionally
competitive dominant species, which homogenized the patches within the region by
outcompeting the local species. A meta-analysis by Cadotte (2006) found that dispersal
generally increased local richness, but that the effect was variable, and he suggested that
predation, environmental heterogeneity, and competition, rather than differing dispersal
intensity, may influence the dispersal-richness relationship. The synthesis of Shurin et al.
(2000) generally agreed with Cadotte (2006): lake surveys across a range of habitats
indicated that zooplankton communities were not saturated with species, rather that
dispersal was limiting, and that local richness should increase as dispersal increases.
However, experimental tests of the hypothesis that dispersal increases richness have
found that the local community prevented establishment of dispersing species, suggesting
that local interactions play a more important role than dispersal in structuring
communities (Lukaszewski et al. 1999; Shurin 2000; Forrest and Arnott 2006).
The effects of predation in a metacommunity add an additional level of
complexity to our understanding of dispersal processes. While predators can allow
greater numbers of species to coexist by preventing competitively dominant species from
excluding weaker competitors (Paine 1966), other studies have shown a range of different
patterns of predator-prey diversity interactions. Terrestrial lizards reduced species
richness of their spider prey, shifting the prey community to dominance of one species by
excluding rare species (Spiller and Schoener 1998). Proulx and Mazumder (1998)
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showed that high intensity grazing predators increased species richness in nutrient-rich
systems, but decreased richness in nutrient-poor systems across a range of ecosystems. In
a review, Chase et al. (2002) suggested that studies were unlikely to find predatormediated coexistence if predation was intense and competition was for resources other
than space, since high intensity predation on a competitive dominant may drive the
formerly dominant species to extinction, reducing overall diversity. As well, if resources
were limiting under high predation, species without predator defenses would likely be
reduced, but so too would defended species, because they cannot sequester enough
resources to survive, thus also reducing diversity (Proulx and Mazumder 1998; Chase et
al. 2002). Two similar experimental studies on the interaction of predation and dispersal
observed opposite effects on local richness: Shurin (2001) found increased richness with
dispersal in the presence of fish and insect predators, but Cadotte et al. (2006) observed
steep declines in richness in the predator-dispersal treatment. The contradictory results of
these two studies may reflect high intensity predation by the protozoan Stentor in Cadotte
et al. (2006), such that prey species could not effectively compete for resources and
defend against predation. Interestingly, the high resource treatment in Cadotte et al.
(2006) had significantly higher richness in the predator-dispersal treatment than the low
resource treatment, as predicted by Chase et al. (2002), but it was insufficient to offset
high intensity predation. Our understanding of the interaction of predation and dispersal
is still lacking and thus, the interactive effects of an invasive predator with regional
dispersal may generate even more complex patterns of diversity, depending on the
interaction with its prey.
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V. Crustacean Zooplankton Communities
Crustacean zooplankton are a diverse group of generally small (< 5.0 mm)
invertebrates that are generally ubiquitous in freshwater habitats. Zooplankton are
important components of aquatic food webs, occupying a central position between
phytoplankton, bacteria, and rotifers, and higher trophic level predators, such as
planktivorous and piscivorous fish, as well as invertebrate predators. Cladoceran
zooplankton, with the exception of the Haplopoda (1 genus) and Onychopoda (10 genera,
of which Bythotrephes is a member), are herbivores, while copepods are generally
herbivores or omnivores. Cyclopoid copepod omnivory tends to be more prevalent in
adult stages and larger-bodied species (Adrian and Frost 1993). Crustacean zooplankton
are taxonomically placed within the phylum Arthropoda and subphylum Crustacea:
cladocerans in class Branchiopoda, order Diplostraca, suborder Cladocera and copepods
in class Maxillopoda, subclass Copepoda. For the purposes of my thesis, I generally did
not consider other members of the class Branchiopoda, which tend to be rare in the
pelagic zone of permanent water bodies.
Cladocerans are generally filter feeders, and can consume bacteria, phytoplankton,
ciliates, rotifers, and copepod nauplii of various sizes (Dodson and Frey 2001), although
there are species-specific differences in abilities to filter particles of varying size ranges
(Cyr and Curtis 1999). Chydoridae, a diverse family that tend to inhabit the littoral zone
of lakes, feed by crawling along surfaces and scraping or filtering food (Dodson and Frey
2001). Most calanoid copepods are suspension feeders, and generate small currents with
appendages that bring food towards their mouth, but some larger calanoids attack their
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prey (Williamson and Reid 2001). Cyclopoids grasp their prey with appendages, push it
between their mandibles, and tear at it (Williamson and Reid 2001).
Crustacean zooplankton possess many important adaptations that have led to their
success in aquatic habitats. Some taxa exhibit diel vertical migration, moving from dark
waters during the day to the warmer surface waters at night to feed, which allows them to
avoid visual predators, but comes at an energetic cost (Lampert 1989). Many taxa,
especially cladocerans, also have specific inducible morphological and life history
strategies to reduce predation, such as helmet (Laforsch et al. 2006) and neck teeth (Black
1993) formation, earlier reproduction and larger clutch sizes (Riessen 1999), and stronger
carapaces (Laforsch et al. 2004). Another species, Holopedium gibberum, produces a
large gelatinous sheath to reduce predation (Stenson 1987).
Copepods are obligately sexual and produce clutches of 2-50 subitaneous eggs
that hatch quickly (Williamson and Reid 2001). Calanoids can also produce diapausing
eggs that can remain dormant in the sediments for decades, while cyclopoids can enter
diapause as juveniles (Williamson and Reid 2001). Copepods develop more slowly than
cladocerans: the duration of development from egg to adult is 1-3 weeks and the adult life
span is one to several months (Williamson and Reid 2001), while cladocerans can reach
reproductive maturity in 2-11 days and life spans range from 4-70 days (Lynch 1980).
Cladocerans are generally seasonally parthenogenic, producing large broods of asexual
clones during the summer, but switching to sexual resting egg production when
environmental conditions deteriorate. While chydorids are limited to 2 asexual (or
subitaneous) eggs per clutch, other cladocerans can produce anywhere from one to
hundreds of eggs per clutch, generally increasing clutch size with increasing body size
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(Lynch 1980; Dodson and Frey 2001). Cladoceran resting eggs are protected by a thick
structure, an ephippium, which is resistant to desiccation and freezing, and allows
cladocerans to overwinter in lake and pond sediments, but also to be transported to new
habitats (Dodson and Frey 2001).
Zooplankton dispersal occurs naturally in a variety of ways. Propagules of a
diversity of aquatic organisms may be ingested by waterbirds (Proctor 1964) or
transported on the feet of waterbirds and other flying insects (Maguire Jr. 1963).
Propagules can also be transported by wind (Cáceres and Soluk 2002), rain (Maguire Jr.
1963), and water flows (Michels et al. 2001; Havel and Medley 2006). However,
although the large-scale population structure of some zooplankton species has been
demonstrably affected by passive dispersal (Figuerola et al. 2005), there is some debate
on the relative occurrence and importance of zooplankton dispersal (Jenkins and Buikema
Jr. 1998; Bohonak and Jenkins 2003; Louette and De Meester 2005). Based on evidence
that species are not as widespread as previously thought, as well as non-uniformity in the
colonization of newly formed experimental ponds (Jenkins and Buikema Jr. 1998;
Cáceres and Soluk 2002), Bohonak and Jenkins (2003), “…reject(ed) the notion that
overland dispersal in most freshwater taxa is frequent or widespread on relatively short
time scales,” [785]. However, Louette and De Meester (2005) interpreted the results of
their study and the study of Cáceres and Soluk (2002) to suggest that dispersal could be
rapid within time frames of about 15 months and over short distances (< 3 km), as
evidenced by the colonization of 40-60% of the regional species pool during their
experiments. Cottenie et al. (2003) observed evidence of metacommunity structure in
zooplankton communities in a series of interconnected ponds, where connected ponds
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were more similar than unconnected ponds and resulted in significant spatial influences
on community composition. Additionally, Leibold and Norberg (2004) proposed that
dispersal between lake and pond metacommunities may be an important mechanism in
the response of local communities to changing environmental conditions (“complex
adaptive systems”), maintaining and/or providing new sources of genetic and species
variation to the local community with different traits upon which evolutionary processes
can act. Thus, zooplankton, with their ability to disperse both in time (i.e., resting eggs)
and space, have the potential to act as a metacommunity, which may be an important
response to environmental changes like the invasion of a nonindigenous species.

VI. Thesis Objectives
The objectives of my thesis were: (1) to observe the effects of Bythotrephes on ice-free
season species richness, diversity, evenness, and abundance of crustacean zooplankton in
boreal shield lakes, and to assess the relationship between species richness and several
environmental factors that are typically related to the number of crustacean zooplankton
species in a lake; (2) to examine the effect of Bythotrephes on crustacean zooplankton
production within each lake stratum and throughout the ice-free season, if zooplankton
grazing impact on phytoplankton is influenced by Bythotrephes-induced changes in
community composition and biomass, and how Bythotrephes may alter nutrient recycling
rates and stoichiometry in the zooplankton community; (3) to experimentally test
community- and species-level responses of zooplankton to an invasion of Bythotrephes
and determine if the responses were dependent on the acid-recovery status of the
community; and (4) to determine if dispersal alters zooplankton structure (abundance,
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diversity, composition) and function (biomass, predictability) in a community that has
been invaded by Bythotrephes, a community invaded by Bythotrephes, but with the
invader removed, and a reference community that was never invaded by Bythotrephes.
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FIGURE 1.1. Bythotrephes longimanus, an invertebrate native to Eurasia, was first found
in the Laurentian Great Lakes in early 1980s. This third instar female has several
embryos in her brood pouch that are in the black-eyed stage and nearing the end of their
development. Body length, including tail spine, is approximately 2 cm.

30

Bythotrephes
Bythotrephes

dispersal
dispersal

spread of invader
creates landscape of lakes
heterogeneously affected
by invasion

potential for
metacommunity
responses to
invasion

regional
processes

acidification
acidification
and
and recovery
recovery
increasing stressors, such
as invasion, may
synergistically affect
recovery

crustacean
zooplankton
communities

local
processes

biotic
biotic
interactions
interactions
ability of local community
to buffer effects of
invader, adapt, and
respond to future change

function
function
direct (predation) and
indirect (migration)
effects on prey

redundancy within
community to maintain
ecosystem function

structure
structure

FIGURE 1.2. Conceptual framework for the interaction of local and regional processes in
structuring crustacean zooplankton communities in lakes invaded by Bythotrephes.
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FIGURE 1.3. Number of studies published on invasive species in last 30 years in all
ecosystems (black) and freshwater systems only (white). I performed a search on ISI
Web of Science using common phrases for invasive species (invasive, exotic, alien, nonindigenous, non-native, introduced, nuisance, pest, weedy, imported, immigrant, foreign,
colonizing) and did a separate search for invasive species in freshwater ecosystems
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FIGURE 1.4. (a) Using the discriminant function model of MacIsaac et al. (2000), I
estimated that 75% of Ontario lake trout lakes are susceptible to invasion. Plotted are
Secchi depth (m) and surface area (ha) of 1472 lakes determined by the model to be
invasible (black) and not invasible (white), as these were the values that were most
significant in the model. The grey line is drawn simply for clarity. (b) Number of lakes
in different size categories in Ontario (Cox 1978). The first number at the top of the bars
is total number of lakes in each category, and the second number is the number of lakes
that are invasible by Bythotrephes in Ontario () (lakes >10000 ha were outside of the
range of lakes from which estimates of invasibility were calculated, and thus, were
deemed not invasible).
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ABSTRACT
The predacious invertebrate Bythotrephes longimanus has now invaded > 90 freshwater
lakes in North America. There is some evidence that Bythotrephes has a negative effect
on summer zooplankton species richness; however, no study has examined the effect of
Bythotrephes throughout the ice-free season in more than one lake. I visited ten invaded
and four reference lakes every two weeks from May to September, collecting
Bythotrephes, crustacean zooplankton, and water chemistry samples. Composite samples
were pooled across the study season for each lake. Bythotrephes significantly reduced
cladoceran species richness, diversity, and abundance, and the total zooplankton
community also exhibited decreased richness, diversity, and abundance. Seasonal
sampling was better than synoptic surveys at detecting changes in abundance, but
richness estimates were similar. As Bythotrephes continues to spread across lake
landscapes, I expect that it will have profound impacts on local and regional richness and
species distribution patterns.
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INTRODUCTION
Bythotrephes longimanus Leydig (Crustacea, Onychopoda) is a predatory
zooplankton species that has invaded numerous lakes in North America. First detected in
Lake Ontario in 1982 (Mills et al. 2003), Bythotrephes has spread to all of the Laurentian
Great Lakes and > 90 inland lakes in Ontario (C. Gamble, Ontario Federation of Anglers
and Hunters, 4601 Guthrie Dr., Peterborough, ON K9J 8L5, Canada, unpubl. data),
Minnesota (M. Brown, Department of Biology, University of Minnesota-Duluth, Duluth,
MN 55812, USA, unpubl. data), Michigan (Jarnagin et al. 2000), and reservoirs in Ohio
(Ferry and Wright 2002). Bythotrephes occupies lakes that span a gradient of
temperature, salinity, pH, and depth within its native range in Eurasia (Grigorovich et al.
1998). Humans are an important dispersal vector for Bythotrephes, and with its broad
tolerance of environmental conditions, it appears that it has the potential to invade a large
number of lakes in North America (MacIsaac et al. 2000; MacIsaac et al. 2004).
Our understanding of the impacts of Bythotrephes on inland aquatic communities
in North America is incomplete. Invasion events are unpredictable, thus little empirical
data documenting the effects of invasion on recipient communities exists. However, a
single case study of long-term biweekly records of both pre- and post-invasion planktonic
communities from Harp Lake, Ontario, has revealed evidence of negative effects of
Bythotrephes on crustacean zooplankton species richness and cladoceran zooplankton
abundance since its invasion in 1993 (Yan et al. 2001; Yan et al. 2002).
Although trends seen in Harp Lake suggest that the invasion of Bythotrephes will
have important consequences for zooplankton communities, effects of predation can be
site-specific (Posey and Hines 1991). Broader spatial surveys are necessary to determine
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how universal the impacts of Bythotrephes are in temperate lakes. A study comparing 17
invaded boreal shield lakes to 13 uninvaded reference lakes provided strong evidence that
the patterns of invasion observed in Harp Lake were also expressed in other lakes of
differing water chemistry, morphometry, and species assemblages (Boudreau and Yan
2003). However, sampling for this study was limited to a single mid-summer vertical
zooplankton haul, which can underestimate the annual species pool by 50% (Arnott et al.
1998). As well, Bythotrephes abundances generally peak in mid-summer in boreal lakes
(J. Young and E. Parrott, Department of Biology, York University, Toronto, Ontario,
Canada, M3J 1P3, Canada, unpubl. data); however, they tend to be absent from the
pelagic zone in the early and latter months of the ice-free season. If some zooplankton
species are able to take advantage of vernal and autumnal temporal refuges that exist
when Bythotrephes are rare or absent from the water column, then Boudreau and Yan
(2003) may have overestimated the effect of Bythotrephes on annual zooplankton species
pools. For example, some copepods may change the timing of reproduction in order to
reduce overlap with predators which peak later in the summer (Hairston Jr. and Walton
1986), and Daphnia clones have exhibited earlier age at maturation in the presence of fish
kairomones (Sakwińska 2002).
The primary objective of this study was to examine the effects of Bythotrephes on
ice-free season averages of species richness, diversity, evenness, and abundance of
crustacean zooplankton in boreal shield lakes. I expected that Bythotrephes would cause
declines in all these indices of community structure. However, because of the inclusion
of time periods when Bythotrephes were absent from the water column, there may be
temporal refuges available for some species, during which time they might prosper. I
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used the persistence of Bythotrephes in the water column of the study lakes as a way to
assess the availability of a temporal refuge for zooplankton. Therefore, high persistence
would suggest that there is a short time available for zooplankton to avoid Bythotrephes
and that I would expect to see greater negative effects as compared to low persistence of
the invader, where zooplankton would have an opportunity to survive in the absence of
predation by this invertebrate. Hence, a seasonal purview might actually detect reduced
effects in comparison with those observed during peak Bythotrephes abundance
(Boudreau and Yan 2003; Barbiero and Tuchman 2004), or indeed no effects at all.
A secondary objective of this study was to assess the relationship between species
richness and several environmental factors that are typically related to the number of
crustacean zooplankton species in a lake. In general, species richness is positively related
to lake area (Dodson 1992), and has a hump-shaped relationship with lake productivity
(Dodson et al. 2000). In addition, invertebrate predators have been shown to be important
in structuring zooplankton communities. In a survey of 60 lakes on the Precambrian
Shield, Keller and Conlon (1994) found that a number of zooplankton species common to
the region, such as Daphnia galeata mendotae and Diaphanosoma birgei, were
completely absent from fishless lakes containing the phantom midge larvae, Chaoborus
americanus, a factor attributed to invertebrate predation. Although the lakes were not
chosen to span large gradients of area or productivity, I believe that Bythotrephes may
alter these conventional relationships and will be an important driver of ecosystem
change.
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MATERIALS AND METHODS
Twenty lakes in the districts of Muskoka, Haliburton, and Parry Sound in south
central Ontario, Canada were chosen for the survey (Fig. 2.1). The lakes are oligo- to
mesotrophic and circumneutral in pH, as is typical of many boreal shield lakes, have thin
soils, and lie on Precambrian bedrock (Dillon and Molot 1996) (Table 2.1). All of the
study lakes have forested catchments (mixed deciduous and coniferous), small littoral
zones, and are used primarily for recreation. Lake herring (Coregonus artedii), rainbow
smelt (Osmerus mordax), lake whitefish (Coregonus clupeaformis), and yellow perch
(Perca flavescens) are the primary planktivorous fish in these lakes (Ontario Ministry of
Natural Resources: S. Scholten and E. McIntyre, District of Parry Sound, Parry Sound,
ON P2A 1S4, Canada, and S. Sandstrom, District of Muskoka, Bracebridge, ON P1L
1W9, Canada, unpubl. data). All the study lakes were chosen to have a similar glacial
history and therefore, there were equal probabilities of including zooplankton species
dispersed by glacial retreat. Although the intention was to have equal numbers of
invaded and reference lakes, Bythotrephes was detected in six of the planned reference
lakes reducing their number to four. Hence, I reported results from 14 study lakes – ten
invaded and four reference lakes.
Crustacean zooplankton were sampled every two weeks from May to September
2003 (n = 9) at a deep location in each lake, located each time using GPS (accuracy < 15
m) and depth was verified with a Hondex™ digital depth sounder (accuracy ±1%;
Forestry Suppliers Inc., Jackson, Mississippi). Sample volume varied slightly among
dates because of small differences in station depth (Table 2.1). A single zooplankton
sample was taken by pulling a conical net with a 110-µm mesh size and 0.5-m diameter
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through the water column, starting 5 m off the lake bottom to avoid hitting the bottom
with the ~2.5-m long net. Samples were preserved in ~5% sugared and buffered formalin
and following preservation, a seasonal composite sample was obtained by combining
equal proportions from each of the nine biweekly zooplankton samples. Rotifers were
sampled from the epilimnion in a concurrent study with a 2.5-cm diameter vertical tube
sampler (Hovius et al. 2006). On each sampling date, Bythotrephes was sampled at five
stations in each lake, including the deep hole, with a conical net of 400-µm mesh size and
0.5-m diameter. The stations were chosen to be roughly equidistant from each other and
were generally < 1 km apart. A single haul was taken at each station from 5 m off the
lake bottom to the water surface. Mean ice-free Bythotrephes abundance in the ten
invaded lakes was estimated by averaging Bythotrephes abundance in the five replicate
hauls in each lake over eight sampling dates from June to September 2003. Only eight
dates were used as Bythotrephes samples were not taken in May. The number of
sampling dates that Bythotrephes was present and its persistence in invaded lakes are
described in Table 2.2. Persistence was defined as the number of consecutive sampling
dates that Bythotrephes abundance in the lake was > 5 individuals·m-3. It has been
suggested that there may be an effect threshold of Bythotrephes at abundances of 3-5
individuals·m-3, especially with regards to their main prey, cladocerans (Boudreau and
Yan 2003). The higher threshold value (5 individuals·m-3) was chosen as it is a more
conservative estimation of Bythotrephes effects on the zooplankton community.
Zooplankton were enumerated using a protocol designed to ensure reasonable
representation of rare species (Girard and Reid 1990). Subsamples were generated with a
Folsom plankton splitter, and a mean of 336 individuals (standard deviation = 109) were
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enumerated. The remainder of the sample was scanned for rare species. Juvenile
copepods were excluded from all analyses, except total abundance. Zooplankton were
identified and counted on a Leica MZ 12.5 dissecting microscope. Because of
uncertainty in identification, Bosmina (Bosmina) freyi and Bosmina (Bosmina) liederi
(Taylor et al. 2002) were pooled, as were Chydorus sphaericus and C. brevilabris (Frey
1980). Taxonomic revisions are listed in Appendix 1.
Temperature and dissolved oxygen were measured on every sampling date using a
YSI Model 95 meter (reference lakes; Yellow Springs Inc., Yellow Springs, Ohio) and a
WTW ProfiLine 1970i (invaded lakes; Weilheim, Germany). Water chemistry samples
were taken the week of 14 July 2003. An integrated tube sampler (2.5-cm diameter) was
used to collect water from the epilimnion, which was filtered through 80-µm mesh to
remove large particles, especially zooplankton. Calcium, dissolved organic carbon
(DOC), conductivity, pH, and total phosphorus (TP) were analyzed following Ontario
Ministry of the Environment (1983) protocols (Table 2.1). Chlorophyll a (chl a) samples
were collected every two weeks by concentrating a known volume of epilimnetic water
onto a 0.70-µm glass fibre filter, extracting for 24 h in methanol, and analyzing with a TD
700 Fluorometer (Table 2.2) (Turner Designs, Sunnyvale, California, USA)
(Welschmeyer 1994).
I used two methods to assess the adequacy of the zooplankton richness estimates.
First, I compared observed species richness, the number of species found in the composite
sample, to Chao’s index (SChao1), a non-parametric measure that is recommended for
estimating species richness, as it does not require knowledge of the species abundance
distribution (Magurran 2004). SChao1 was calculated by
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(1)

S Chao1 = S obs

F12
+
2F2

where Sobs is the number of species observed in the sample, F1 is the number of species in
the sample that are represented by a single individual, and F2 is the number of species that
are represented by two individuals (Chao 1984). This estimator will exceed observed
species richness as the relative frequency of singletons increases, providing an estimate of
total richness based on the chance that some rare species might be missed (Magurran
2004). The second approach to assessing the richness estimates was to determine if the
counting effort was sufficient to sample all species present by examining the relationship
between number of individuals counted and richness. The difference in species richness
using Chao’s index was negligible (t = -0.05, p = 0.96), as was the relationship between
number of individuals counted and richness (r2 = 0.10, p = 0.29), suggesting that the
observed richness is probably representative of the number of crustacean zooplankton
species in the pelagic region of the lakes. Bythotrephes was not included in richness
estimates.
Species diversity and evenness were assessed using the Shannon-Wiener diversity
index and Smith and Wilson’s (1996) evenness index, Evar, respectively. Diversity
measures take into account both the species richness and evenness of communities;
however, it is difficult to adequately capture both components, thus, I chose to use a
diversity index (Shannon-Wiener) which is more influenced by the species richness
component, whereas Evar is a better representative of the evenness component of diversity
(Magurran 2004). The values of Evar fall between 0 (minimum evenness) and 1
(maximum evenness),
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where ni = number of individuals of species i, nj = number of individuals of species j, and
S = total number of species. Evar is recommended as the best evenness measure for
general use (Smith and Wilson 1996).
Multivariate ordination techniques were used to evaluate species abundances in
relation to environmental variables and the presence of Bythotrephes. A preliminary
examination using correspondence analysis suggested that linear ordination analysis was
appropriate, thus redundancy analysis (RDA) was performed using Canoco 4.5 (ter Braak
and Šmilauer 2002). Bythotrephes was entered as a categorical variable to maximize
differences between the levels of the treatments. Environmental variables were assessed
for collinearity if the variance inflation factor was > 10 (Quinn and Keough 2002). All of
the significant predictors were independent. All species represented by adults were
included in the analysis, and abundances were log-transformed to reduce the influence of
dominant species. Forward selection identified the variables that explained the most
variance in species data, which were then tested for significance using a Monte Carlo
permutation test (499 permutations).
Multiple regression analyses were performed to determine what proportion of the
variation in species richness data could be explained by Bythotrephes abundance and
persistence, presence/absence of dominant planktivorous fish species, and by
environmental variables (i.e., TP, pH, maximum depth, and lake area), using the best
subsets procedure in Statistica version 6.0 (StatSoft 2001). Planktivorous fish data was
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provided from sampling by the Ontario Ministry of Natural Resources, but because of
uncertainty in quantifying fish abundance, the major planktivores were placed in
categories of abundance (Table 2.2). For the multiple regression analysis, abundances
were converted to categorical numerical values, e.g. absent = 0, absent/once present = 0,
very low = 1, low = 2, medium = 3, high = 4, and averaged for each lake to create an
index of fish density. Yellow perch could only be classed as present or absent, and as
they were present in all lakes, they were excluded from analyses. Collinearity of
environmental predictor variables was detected if the variance inflation factor of any
predictors was > 10 (Quinn and Keough 2002). Chl a was removed from the analysis due
to collinearity with TP. Assumptions of normality, heterogeneity of variance, and
independence were also assessed. The best models were chosen by using several criteria:
adjusted r2, Mallow’s Cp, and Akaike’s information criterion (AIC) (Quinn and Keough
2002). When evaluating the models, smaller values of Mallow’s Cp and AIC indicate the
best fit.

RESULTS
Physical and chemical characteristics did not differ between invaded and
uninvaded lakes, with the exception of total phosphorus and chl a, which were, on
average, 3.33 µg·L-1 and 0.94 µg·L-1 greater in the uninvaded lakes, respectively (TP: t = 2.45, p = 0.03; chl a: t = -4.83, p < 0.01) (Table 2.1, 2.2). There were no significant
differences between invaded and uninvaded lake calcium (log (x+1)-transformed), DOC,
conductivity, and pH (Table 2.1). There was also no difference in general lake
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morphometry, as both maximum depth (Zmax) and surface area (log (x+1)-transformed)
were similar between lake categories (Table 2.1).
In comparisons of invaded and non-invaded lakes, there was a large reduction in
observed species richness of zooplankton taxa in invaded lakes, from an average of 15.0
in uninvaded lakes down to 11.6 species in invaded lakes (t = -2.12, p = 0.06) (Fig. 2.2).
This decline was largely due to changes in cladoceran zooplankton, which decreased on
average by four taxa in invaded lakes (t = -3.28, p < 0.01) (Fig. 2.2). Copepod richness
was similar in invaded and reference lakes (t = 0.76, p = 0.46) (Fig. 2.2). There was no
difference in Shannon-Wiener diversity in total zooplankton (t = -1.31, p = 0.22) and
copepods (t = -0.40, p = 0.70) in invaded lakes compared to the uninvaded lakes, but
there was a significant reduction in the diversity of cladoceran zooplankton (t = -2.17, p =
0.05) (Fig. 2.2). Evenness of the total zooplankton community (t = 0.40, p = 0.70) was
unaffected by Bythotrephes invasion, while cladocerans experienced a slight increase
with invasion (t = 1.89, p = 0.08), and copepods showed a slight decrease in the
Bythotrephes lakes (t = -1.89, p = 0.08) (Fig. 2.2). Invasion had a negative effect on
overall zooplankton (t = -1.91, p = 0.08) and copepod abundance (t = -1.91, p = 0.08),
resulting in a 2-fold difference for both groups. In addition, there was a decline in
cladoceran abundance in invaded lakes (t = -2.86, p = 0.01), where an almost 4-fold
difference was observed (Fig. 2.2).
The relationship between Bythotrephes abundance and zooplankton species
richness and abundance was inconsistent across the invaded study lakes (Fig. 2.3). The
deviations in species richness and abundance from the reference lake condition generally
increased with higher abundances of Bythotrephes, but some invaded lakes actually had
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greater richness and abundance than uninvaded lakes. When I explicitly considered
changes in zooplankton communities relative to the abundance of Bythotrephes in the
lakes using linear regression, I found that crustacean zooplankton species richness (r2 =
0.04, p = 0.52), diversity (r2 < 0.01, p = 0.93), and abundance (r2 = 0.06, p = 0.42) were
not related to the mean abundance of Bythotrephes. Likewise, cladoceran species
richness (r2 = 0.13, p = 0.20), diversity (r2 = 0.11, p = 0.26), and abundance (r2 = 0.15, p
= 0.14) were not related to mean Bythotrephes abundance. Interestingly, it seems that
Bythotrephes had a negative effect on both species richness and diversity when its mean
abundance was < 4 individuals·m-3, but above this threshold, the effect is less clear.
RDA captured a significant amount of variance (F = 1.54, p = 0.03) in
zooplankton species abundances, with Bythotrephes presence/absence explaining 43% of
total species variation, and Zmax (22%), chl a (20%), and TP (15%) contributing to the
remainder of species abundance variation (Fig. 2.4). The first axis (λ1 = 0.22, F = 2.49, p
< 0.01) contrasts the presence with the absence of Bythotrephes, as most of the invaded
lakes fall on the same side as the Bythotrephes vector, and all of the reference lakes are on
the opposite side of the gradient. A number of species were negatively associated with
the invader (e.g., Diaphanosoma birgei, Mesocyclops edax, Holopedium gibberum), and
only one species, the glacial relict Senecella calanoides, was positively correlated with
Bythotrephes presence. The second axis (λ2 = 0.10) seems to be related to lake
productivity, as some cladoceran taxa (Bosmina (Bosmina) spp., Daphnia retrocurva, and
D. birgei) and omnivorous cyclopoids (Mesocyclops edax and Orthocyclops modestus)
were positively associated with the TP and chl a vectors.
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The majority of zooplankton taxa were, on average, in lower abundance in
invaded lakes than in reference lakes (Fig. 2.5). The cladoceran taxa tended to fall further
below the 1:1 line than did the copepods, especially smaller-bodied taxa such as
Chydorus spp. and Eubosmina coregoni. A few larger taxa, such as Senecella calanoides,
Cyclops scutifer, and Daphnia dubia, were more abundant in invaded lakes than reference
lakes, on average, but for the most part, both large and small-bodied zooplankton were
less abundant in Bythotrephes-invaded lakes.
Species richness tended to increase with longer persistence times of Bythotrephes
populations throughout the summer (r2 = 0.31, p = 0.09), suggesting that there is no
temporal refuge available to zooplankton. Using multiple regression analysis I found that
all of the most parsimonious models to explain species richness had negative associations
of species richness with mean Bythotrephes abundance, but that zooplankton richness was
positively related to Bythotrephes persistence in high abundances in the lake (Table 2.3).
In both models, species richness was positively related to duration of Bythotrephes
persistence and TP, and negatively related to mean Bythotrephes abundance. In addition,
the best model selected by AIC had positive associations of zooplankton richness with
area and pH. The presence of fish planktivore species had no effect on zooplankton
species richness.

DISCUSSION
This study has demonstrated that Bythotrephes can have negative effects on
zooplankton communities through parts of the ice-free season, reducing species richness,
diversity, and abundance. This negative effect was exacerbated in the cladocerans, which
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showed significant declines in richness (on average four less species in invaded lakes),
abundance (a 4-fold decline), and diversity. These results may be a conservative estimate
of the effect of Bythotrephes on zooplankton, since some sampling dates occurred before
the onset of Bythotrephes population increase, and thus, the inclusion of species that may
be adapted to avoiding invader may dampen the direct effects on the zooplankton
community. These results are in agreement with the declines in zooplankton richness
observed in Harp Lake (Yan et al. 2002), Muskoka lakes (Boudreau and Yan 2003), and
lakes Michigan, Erie, and Huron (Barbiero and Tuchman 2004) (Table 2.4). Reductions
in the abundance of zooplankton have been shown experimentally (Strecker and Arnott
2005) and in Harp Lake (Yan et al. 2001); however, some recent studies have failed to
detect changes in total zooplankton community abundance (Boudreau and Yan 2003;
Barbiero and Tuchman 2004) (Table 2.4). The samples in Boudreau and Yan’s (2003)
study were taken on a single sampling date, and this snapsnot approach does not take into
account seasonal dynamics, as was done in my study and Yan et al. (2001). Barbiero and
Tuchman’s (2004) samples were only taken for one month starting 1 August, and thus, do
not reflect zooplankton abundance in late spring, early summer, and fall. A comparison
of my study with others over a shorter period of time suggests that short-term synoptic
surveys may adequately document changes in some measures of zooplankton community
structure associated with Bythotrephes invasion. For example, the effect of Bythotrephes
on species richness seems to be consistent between different sampling routines, but longer
studies, especially in smaller inland lakes, that encompass the entire season seem to
capture changes in total abundance better than single sampling dates (Table 2.4).
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Several zooplankton taxa showed steep declines in Bythotrephes-invaded lakes.
As past studies have documented the general negative effect that Bythotrephes has on
many cladoceran taxa (Boudreau and Yan 2003), I expected to observe this in my study
as well. As expected, the abundances of a number of common cladoceran species, such
as Bosmina (Bosmina) spp. and D. birgei, were severely reduced: on average, a decrease
of > 4 times in invaded lakes. The larger species Daphnia longiremis, Daphnia
mendotae, and Holopedium gibberum also had lower abundances in invaded lakes,
suggesting that body size alone does not provide refuge from predation. As well, it
appears as though some hypolimnetic species, such as D. longiremis (Keller and Conlon
1994), do not escape predation. These patterns are generally in agreement with Boudreau
and Yan (2003), Yan et al. (2001), and Barbiero and Tuchman (2004), although there
seem to be some system-specific differences. For example, D. mendotae has remained
unaffected by Bythotrephes in Harp Lake (Yan et al. 2001, Boudreau and Yan 2003, and
this study), but has declined in other lakes (Barbiero and Tuchman 2004). Unexpectedly,
several common copepod taxa (Leptodiaptomus minutus, Diacyclops bicuspidatus
thomasi, and Mesocyclops edax) in my study were also negatively affected by
Bythotrephes. Previously, only Mesocyclops edax was thought to be affected by invasion
(Boudreau and Yan 2003; Barbiero and Tuchman 2004). Given that copepods are in high
abundance in the late spring in these lakes, before Bythotrephes emerges from resting
eggs and rapidly builds up populations through parthenogenic reproduction (A. Strecker,
unpubl. data), it is especially surprising that they declined, as their earlier dominance in
lakes would suggest that they should be able to use a temporal refuge from Bythotrephes
predation. However, longer-lived slow-reproducing copepods may actually be more
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susceptible to predation by Bythotrephes because they are unable to reproduce as quickly
as cladocerans. Thus, the copepods are less able to respond to low predator abundances,
as Bythotrephes is known to have extremely patchy spatial and temporal dynamics (J.
Young and E. Parrott, Department of Biology, York University, Toronto, Ontario,
Canada, M3J 1P3, Canada, unpubl. data), and therefore, cannot take advantage of this
window of opportunity. This further supports the notion that to adequately assess changes
in total and individual zooplankton abundances resulting from Bythotrephes invasion,
longer-term surveys are necessary.
This study suggests that most species are not able to take advantage of a temporal
refuge from Bythotrephes predation. I found that longer persistence times of
Bythotrephes resulted in higher species richness, the opposite of what I would expect to
see if a temporal refuge was indeed available. Bythotrephes was detected in invaded
lakes on an average of seven sampling dates, or about 14 weeks during the summer. This
is likely a conservative estimate, as Bythotrephes was present in 90% of invaded lakes on
the final sampling date in September, and has shown the ability to persist into late fall in
some lakes (J. Young, Department of Biology, York University, Toronto, Ontario,
Canada, M3J 1P3, Canada, pers. comm). Thus, in most lakes, the only opportunity for a
temporal refuge is in the spring, and my evidence suggests that this window of
opportunity is not being used by zooplankton, perhaps because water temperatures are
cool and food availability is low in these oligo-mesotrophic lakes. If zooplankton were
indeed using this temporal refuge, I would expect to see no effect of Bythotrephes on
zooplankton richness and abundance, especially on copepods, which are typically in high
numbers in these lakes in late spring, thus having reduced temporal overlap with the
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invader. However, this was not the case: overall zooplankton abundance and richness
were reduced, and several copepod taxa were also less abundant in Bythotrephes-invaded
lakes. Another potential explanation is that there are competitive interactions occurring
between Bythotrephes and its predators. Mysis relicta and other zooplanktivores may
benefit from longer Bythotrephes persistence times by switching from smaller
zooplankton to the larger invader, thus freeing the zooplankton from intense predation.
Gut content analysis of M. relicta collected from several of the study lakes has revealed
the presence of Bythotrephes body parts, thus it seems that the invader can also be a prey
item for other invertebrate predators (Nordin 2005). Additionally, it is possible that there
has been insufficient evolutionary time for species to adapt to the presence of
Bythotrephes, and thus, species cannot respond by altering their temporal distribution.
Finally, I may have failed to detect rare species present in early summer samples by
combining biweekly samples into a composite sample; however, my estimates of species
richness in invaded and reference lakes are similar to those obtained from long-term
monitoring of Harp Lake pre- and post-invasion (Yan et al. 2001), suggesting that the
composite samples effectively represented the species pool.
There was a substantial amount of among-lake variation in the responses of the
zooplankton communities to Bythotrephes invasion. This variability appears to be
unrelated to the actual abundance of Bythotrephes, which was not a strong predictor of
zooplankton richness or abundance in invaded lakes. There is some evidence that
zooplankton can adapt their morphologies in the presence of Bythotrephes (Bungartz and
Branstrator 2003), suggesting that the abundance of the invader may play a role in
eliciting behavioural and morphological responses in the zooplankton community, and
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thus increasing species survival. Two of the invaded lakes, Peninsula and Vernon, had
zooplankton communities that more closely resembled communities in non-invaded
reference lakes. Both lakes had relatively high mean Bythotrephes abundance (7.8 and
4.3 individuals·m-3, respectively), and had richness values that fall more into the range of
uninvaded lakes. When these lakes were excluded from regression analyses, mean
Bythotrephes abundance had a significant negative effect on species richness (r2 = 0.53, p
< 0.01). The redundancy analysis also suggests that Peninsula and Vernon lakes have
species compositions that are more similar to reference lakes than to invaded lakes. I am
unsure why the zooplankton community composition of these two lakes is seemingly
unaffected by invasion. One possibility is that Bythotrephes is feeding in a densitydependent manner, reducing the abundances of certain preferred species to low densities,
and then switching to higher density prey items that can be caught more easily. Thus,
Bythotrephes is not reducing any species to the point where it can no longer be detected.
Consistent with this hypothesis, the evenness of Peninsula and Vernon lakes was higher
than the average of the invaded lakes, and the diversity was greater than the average
diversity of the uninvaded lakes. The abundances of the zooplankton communities of both
of these lakes is below the average of other invaded lakes, so while it seems that
Bythotrephes is reducing zooplankton abundance, species richness remains unaffected.
However, if Bythotrephes feeding is indeed density dependent in these lakes, then why is
this not occurring in all of the invaded lakes? It is possible that zooplankton reproduction
in these lakes was high enough to fend off the loss of species richness. Yan et al. (1991)
showed that for the rotifer, Keratella taurocephala, high rates of production could be
maintained, even under intense predation by the invertebrate Chaoborus. Vernon Lake
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had high secondary production relative to Bythotrephes consumption (Chapter 3), so this
may, in part, explain the lack of effect on species richness.
Other potential explanations for the high levels of species richness observed in
Peninsula and Vernon lakes are that they had different morphological, biotic, and
chemical conditions than the rest of the invaded lakes, and thus, there existed some
advantage that allowed coexistence. For instance, a deep water spatial refuge in the lake
can afford some species a certain amount of protection from predation. However,
Peninsula and Vernon lakes were the two shallowest invaded lakes, suggesting that they
in fact had a smaller spatial refuge than other invaded lakes. Conversely, this may have
provided greater littoral habitat for species. Although the littoral zone was not sampled
explicitly, there was no indication from my sampling that there were more littoral species
present in these lakes than other invaded lakes. Another possibility is that Peninsula and
Vernon lakes were less clear than other invaded lakes, thus offering zooplankton a dark
water refuge. This may be the case for Vernon Lake, which had higher DOC and lower
Secchi disc values than did other invaded lakes, but not for Peninsula Lake, which had
values that were within the range of the other invaded lakes. Thus, this variability that I
observed between study lakes in response to an invasion of Bythotrephes may be due to a
combination of factors related to characteristics of the invader, i.e., feeding strategy, and
to characteristics of the lakes, such as productivity and lake clarity.
The importance of lake area and productivity in determining crustacean
zooplankton species richness in temperate freshwater lakes has been well-established
(Dodson 1992; Dodson et al. 2000). Surface area had little predictive power in the
analysis of factors influencing species richness in lakes invaded by Bythotrephes, but
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other variables related to the invader were much better predictors of zooplankton
richness. Although I did not measure primary productivity, TP can be used as a surrogate
for productivity (see Leibold 1999). A caveat of my study is that uninvaded lakes had
slightly higher levels of TP and chl a than did the invaded lakes, but in these oligomesotrophic systems, these differences are small, and are unlikely to lead to the observed
differences in species richness. In addition, the multiple regression analyses suggest that
although TP is an important predictor, Bythotrephes explains far more variation in species
richness. Although Bythotrephes abundance by itself was a poor predictor of species
richness, when combined with persistence of the invader in multiple regression analysis,
the explanatory power of the two variables was much greater. It is possible that the result
from the linear regression was being influenced by the two outlier values, Vernon and
Peninsula Lakes, while these values became less important with more predictive
variables. In fact, neither of these values had an exceptionally large influence on the final
multiple regression models, as measured by Cook’s distance statistic (Quinn and Keough
2002).
The composition of the fish community can also have substantial effects on the
structure of the zooplankton community (Brooks and Dodson 1965). While there appear
to be some differences in the abundance of planktivores present in invaded versus
reference lakes, my data suggests that Bythotrephes is still having a substantial negative
effect. If fish were in fact responsible for the effects that I observed, then I would expect
larger zooplankton species to be more negatively affected than small taxa. However,
reductions in species richness were proportionately greater for small species (28%) than
for large-bodied zooplankton (14%), which supports my assertion that Bythotrephes is
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largely responsible for the observed reduction in zooplankton species richness. Other
variables, such as pH (Keller and Pitblado 1984), calcium (Schell et al. 2001; Wærvågen
et al. 2002), and post-glacial history of the lake (Dadswell 1974; Carter et al. 1980) can
be important predictors of zooplankton richness. However, neither pH nor calcium were
significantly different in Bythotrephes lakes compared to reference lakes, and all of the
study lakes have a similar post-glacial history because of the presence of Mysis relicta.
Thus, these factors did not influence my results.
There is now a significant body of evidence to suggest that Bythotrephes invasions
cause changes to the zooplankton communities of freshwater lakes. This is especially
true of cladoceran taxa, which seem to take the brunt of Bythotrephes predation, as my
study has exhibited striking declines in their richness, abundance, and diversity in invaded
lakes. A concurrent study of the rotifer composition and abundance of the same 14 lakes
showed a positive relationship between rotifer and Bythotrephes abundance, perhaps as a
result of reduced competition with herbivorous cladocerans for phytoplankton prey
(Hovius et al. 2006). These results are somewhat surprising, since Bythotrephes is an
invertebrate predator that has several native functional analogues in these boreal lakes,
including M. relicta, Leptodora kindtii, Chaoborus spp., and water mites (Arachnida,
Hydrachnidia). It could be argued that Bythotrephes occupies a unique feeding niche;
however, its dietary overlap with other invertebrate predators is high (McNaught et al.
2004; Young and Riessen 2005), so this seems unlikely. Bythotrephes employs several
effective strategies to maintain high feeding rates in these boreal lakes: 1) although it is
consumed by some fish species, presumably Bythotrephes’ long tail spine decreases
predation impact; 2) lack of large amplitude migrations (Yan and Pawson 1997), unlike
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many other invertebrate predators (Chaoborus, Mysis, Leptodora), so they are
continuously in regions of high prey density; 3) parthenogenic reproduction, unlike mites,
which are sexual and have slower reproductive times, so they can quickly respond to
increases in food resources; and 4) larger neonates, allowing them to exploit a larger
range of prey sizes, unlike the small-bodied clutches of Leptodora (Branstrator 2005).
What is clear is that not all lakes respond to Bythotrephes invasion in the same way. My
study has highlighted that there are substantial among-lake differences in the effect of the
invader on richness, abundance and diversity of zooplankton communities.
As Bythotrephes continues to spread across the landscape of North America, it
seems likely that it will be an important new factor in determining the zooplankton
composition of freshwater lakes. This is certain to have implications for regional species
richness, as the results suggest that certain species, such as the ubiquitous taxa
Diaphanosoma birgei and Mesocyclops edax, have reduced abundances in invaded lakes
across the landscape, leaving few populations left that may act as sources to disperse to
new locales.

Reference
Buck
Doe
Pickerel
Sand
Mean
Invaded
Kashagawigamog
Skeleton
Fairy
Mary
Lake Muskoka
Lake of Bays
Harp
Vernon
Bernard
Peninsula
Mean
* p < 0.05

Lake
20.6 (1.7)
12.6 (1.5)
26.7 (1.1)
37.4 (5.3)
24.3*
31.1 (0.8)
53.6 (3.3)
50.8 (3.6)
48.9 (1.4)
40.4 (0.9)
39.3 (3.9)
31.2 (1.2)
28.8 (3.7)
40.3 (0.7)
21.9 (0.8)
38.6*

39.7
64.7
69.5
56.4
66.5
70.1
37.5
37.2
47.9
34.1
52.4

44°59’N 78°36’W
45°15’N 79°27’W
45°20’N 79°11’W
45°15’N 79°15’W
45°03’N 79°28’W
45°15’N 79°04’W
45°23’N 79°07’W
45°20’N 79°17’W
45°45’N 79°23’W
45°20’N 79°06’W

Composite
sample mean
depth (m)

23.0
23.0
38.0
59.0
35.8

Zmax
(m)

45°25’N 79°23’W
45°32’N 79°25’W
45°41’N 79°18’W
45°37’N 79°10’W

N Lat
W Long

817.9
2155.5
711.5
1065.4
12206.0
6904.1
71.7
1505.1
2057.7
864.8
2836.0

656.0
1187.0
513.0
568.2
731.1

Area
(ha)

10.8
3.8
3.5
3.4
3.6
2.9
3.0
3.0
4.1
4.4
4.3

2.6
3.6
2.8
3.5
3.1

Calcium
(mg·L-1)

6.9
2.6
5.9
6.6
5.5
5.1
6.7
7.1
3.4
6.1
5.6

10.7
7.0
6.7
6.0
7.6

DOC
(mg·L-1)

95.4
44.0
49.6
51.0
54.4
36.4
38.0
36.8
65.2
70.6
54.1

25.6
46.0
32.4
37.2
35.3

Cond
(µmhos·
cm-1)

7.6
6.9
7.0
7.0
7.0
7.0
7.0
6.8
7.1
7.1
7.0

6.3
7.1
6.8
6.8
6.8

pH

7.4
3.8
7.0
7.2
5.5
3.4
7.2
7.9
9.6
9.0
6.8*

13.3
12.0
8.1
7.1
10.1*

TP
(µg·L-1)

TABLE 2.1. Physical and chemical characteristics of study lakes. Maximum depth and lake surface area obtained from Ontario
Ministry of the Environment (unpublished). Water chemistry obtained from integrated epilimnetic samples taken the week of 14 July
2003 using a 2.5-cm diameter tube sampler and analyzed by the Ontario Ministry of the Environment. Standard deviation of mean
depth of the composite sample indicated in parentheses. A t-test was performed to contrast values in reference and invaded lakes.
Lakes sorted by increasing Bythotrephes abundance. Zmax = maximum depth, DOC = dissolved organic carbon, Cond = conductivity,
TP = total phosphorus.
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Reference
Buck
Doe
Pickerel
Sand
Mean
Invaded
Kashagawigamog
Skeleton
Fairy
Mary
Lake Muskoka
Lake of Bays
Harp
Vernon
Bernard
Peninsula
Mean
*** p < 0.001

Lake
0
0
0
0
0
5
6
7
8
8
7
7
7
7
8
7

2.0
0.7
2.2
2.5
2.9
1.7
1.7
2.8
2.8
2.6
2.2***

Sample dates
Bythotrephes
present

2.8
3.4
4.4
2.0
3.1***

Mean
chl a (µg·L-1)

0
0
0
0
1
1
2
4
2
6
1.6

0
0
0
0
0

Persistence
of
Bythotrephes

M/H
L
A
A
VL
L/M
H
A
A/P
A/P

A/P
L
L
L

Lake
herring

L/M
L/M
M
M
N/A
M
A
M
L/M
M

A
A
A/P
H

Rainbow
smelt

A/P
M
A
A
VL
M/H
A
A
H
A/P

A
L
A
A

Lake
whitefish

P
P
P
P
P
P
P
P
P
P

P
P
P
P

Yellow
perch

TABLE 2.2. Biotic characteristics of study lakes. Persistence is defined as number of consecutive sampling dates that Bythotrephes
was > 5 individuals·m-3. Categorical abundance of planktivorous fish provided by Ontario Ministry of Natural Resources (S. Taylor,
District of Parry Sound, Parry Sound, ON P2A 1S4, Canada, and S. Sandstrom, District of Muskoka, Bracebridge, ON P1L 1W9,
Canada, unpubl. data). A two-tailed t-test was performed on chl a concentrations in reference and invaded lakes. Lakes sorted by
increasing Bythotrephes abundance. A = absent, A/P = absent, but detected in past, VL = very low, L = low, M = medium, H = high,
N/A = not available, P= present.
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0.77

Model
2

5.10

4.59

Fratio
p-value

14.77

9.79

<0.01**

16.37 12.57 <0.01***

AIC

* p < 0.05, ** p < 0.01, *** p < 0.001

0.73

Model
1

Adjusted Mallows
R2
Cp

0.70

0.47

0.89
0.43

1.70
0.20
0.62

TP

0.81

-0.89

-1.78

0.49

0.83

1.23

0.24

-0.84

-1.32

Bythotrephes
abundance
Bythotrephes
persistence
pH

area

Bythotrephes
abundance
Bythotrephes
persistence
TP

Variable

p-value

0.15

0.01*

0.21
3.93 <0.01**

1.36

5.52 <0.01***

-5.65 <0.01***

1.57

3.12

4.77 <0.01***

-4.87 <0.01***

Partial
tCoefficient correlation
value
coefficient

TABLE 2.3. Multiple regression of crustacean zooplankton species richness with predictor variables in all study lakes (invaded: n = 10;
reference: n = 4). Persistence is defined as number of consecutive sampling dates that Bythotrephes was > 5 individuals·m-3. AIC =
Akaike’s information criterion, TP = total phosphorus.
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TABLE 2.4. Summary of effects of Bythotrephes on several zooplankton community
attributes in different types of sampling regimes. Symbols indicate: + positive effect (p <
0.05); – negative effect (p < 0.1); ─ negative effect (p < 0.05); 0 no effect.

Variable
Richness
total zooplankton

Long-term
study
Synoptic
a,b
of Harp L. , survey d
Great Lakes c

Seasonal
survey e

Field
experiment f

─ a,c

─

–

0

cladocerans

─a

─

─

0g

copepods

0a

0

0

0g

total zooplankton

–b
0c

0

–

─

cladocerans

─b
0c

─

─

– (small)
0 (large)

copepods

0 b,c

0

–

– (calanoids)
0 (cyclopoids)

N/A

N/A

0

0

cladocerans

N/A

N/A

─

0g

copepods

N/A

N/A

0

+g

Abundance

Diversity
total zooplankton

a

Yan et al. (2002); biweekly/monthly collections (1980-2000)
Yan et al. (2001); biweekly/monthly collections (1980-1998)
c
Barbiero and Tuchman (2004); multiple stations in Lakes Michigan, Huron, and Erie
(1983-1999)
d
Boudreau and Yan (2003); single mid-summer sampling date (2001)
e
this study
f
Strecker and Arnott (2005); 30 day enclosure experiment
g
A. Strecker, unpubl. data
b
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FIGURE 2.1. Map of study area.
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FIGURE 2.2. Box-and-whisker plots of (a) species richness, (b) Shannon-Wiener
diversity, (c) Evar, and (d) abundance (individuals·m-3) for total crustacean zooplankton,
cladocerans, and copepods in invaded (white boxes; n = 10) and reference lakes (grey
boxes; n = 4). The centre is the mean, the box is the standard error, the whiskers are the
standard deviation, and the asterisk (¹) is p < 0.05.
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FIGURE 2.3. On the left axis, percent change in invaded lakes richness (white bars) and
abundance (grey bars) from the average of the reference lakes, contrasted with mean
Bythotrephes abundance (¡; individuals·m-3) on the right axis. Vertical error bars
represent ± standard error. Lake names: BERN = Bernard, KASH = Kashagawigamog,
LOB = Lake of Bays, MUSK = Lake Muskoka, PEN = Peninsula, SKEL = Skeleton,
VERN = Vernon.
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SKEL
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Leptodiaptomus minutus
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FIGURE 2.4. Redundancy analysis of zooplankton species abundances and environmental
conditions. Environmental variables are represented by the large arrows and species by
the small arrows. Species with short arrows were removed to reduce crowding. Circles
are site scores for invaded (z) and reference ({) lakes. Species names are italicized.
Lake names: BERN = Bernard, KASH = Kashagawigamog, LOB = Lake of Bays, MUSK
= Lake Muskoka, PEN = Peninsula, PICK = Pickerel, SKEL = Skeleton, VERN =
Vernon. Environmental variables: TP = total phosphorus, Zmax = maximum depth, chl a
= chlorophyll a.
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FIGURE 2.5. Mean abundance (individuals·m-3) of (a) calanoid () and cyclopoid (S)
copepods and (b) large (; > 1 mm) and small ({; < 1 mm) cladocerans in reference
lakes plotted against corresponding abundance in invaded lakes. Abbreviations of
zooplankton taxa are (a) Aca rob = Acanthocyclops robustus, cal naup = calanoid nauplii,
cyc naup = cyclopoid nauplii, Cyc scu = Cyclops scutifer, Dia bic th = Diacyclops
bicuspidatus thomasi, Epi lac = Epischura lacustris, Lep ash = Leptodiaptomus ashlandi,
Lep min = Leptodiaptomus minutus, Lep sic = Leptodiaptomus sicilis, Mes edax =
Mesocyclops edax, Ort mod = Orthocyclops modestus, Sen cal = Senecella calanoides,
Ski ore = Skistodiaptomus oregonensis, Tro ext = Tropocyclops extensus; and (b) Acr har
= Acroperus harpae, Bosm = Bosmina (Bosmina) spp., Chyd = Chydorus spp., Dap amb
= Daphnia ambigua, Dap cat = Daphnia catawba, Dap dub = Daphnia dubia, Dap lon
= Daphnia longiremis, Dap men = Daphnia mendotae, Dap ret = Daphnia retrocurva,
Dia bir = Diaphanosoma birgei, Eub cor = Eubosmina coregoni, Eub tub = Eubosmina
tubicen, Hol gib = Holopedium gibberum, Lat set = Latona setifera, Lep kin = Leptodora
kindtii, Pol ped = Polyphemus pediculus, Sid cry = Sida crystallina.
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CHAPTER 3: INVASIVE PREDATOR, BYTHOTREPHES, INDUCES CHANGES IN
ECOSYSTEM FUNCTION OF FRESHWATER LAKES

Angela L. Strecker and Shelley E. Arnott
Department of Biology, Queen’s University, Kingston, Ontario, Canada K7L 3N6
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ABSTRACT
The invasion of non-indigenous species is expected to be one of the most important
drivers of ecosystem change in the coming century. Bythotrephes longimanus is an
invertebrate predator that has invaded the North American Great Lakes and a number of
inland lakes, where it preys on crustacean zooplankton. I examined the effect of
Bythotrephes on three measures of ecosystem function in a four month survey of
freshwater lakes on the boreal shield. Bythotrephes-invaded lakes had significantly lower
epilimnetic zooplankton abundance and production compared to reference lakes. On
average, Bythotrephes consumed 35% of zooplankton production when it was present in
the water column. There was some evidence of temporal and spatial compensation
occurring in the zooplankton community to account for production lost to Bythotrephes
consumption: increases in early summer before the appearance of Bythotrephes, and
greater proportions of total seasonal production being contributed from the metalimnion
and hypolimnion. I experimentally demonstrated a weak trophic cascade where invader
predation reduced zooplankton biomass, and subsequently increased phytoplankton
growth, though it was small in magnitude and likely not biologically relevant. My
calculations suggest that zooplankton in invaded lakes have significantly lower
phosphorus excretion rates than reference lakes, but that phosphorus excretion by
Bythotrephes can compensate for this effect. Calculations using stoichiometricallyexplicit models suggest that ratios of nitrogen to phosphorus (N : P) recycled by
zooplankton were similar in reference and invaded lakes, but that Bythotrephes may
slightly elevate ratios in invaded lakes. Alterations to ecosystem processes, such as
biomass production, grazing, and nutrient cycling, as well as shifts in the vertical
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distribution of organisms and diversion of energy away from native predators at higher
trophic levels, may all have consequences for the functioning of freshwater lakes invaded
by Bythotrephes.

68

INTRODUCTION
Globally, the loss of biodiversity is one of the most pressing issues of the 21st
century. Species extinctions due to human activities are occurring at an unprecedented
rate, and further losses of ecosystem services are likely unless immediate actions are
taken to preserve species diversity (Millenium Ecosystem Assessment 2005). In
particular, the invasion of non-indigenous species is expected to be the single most
important driver of biodiversity loss in freshwater lakes (Sala et al. 2000). However, we
currently have a limited understanding of the effects of invasive species on ecosystem
functioning (Millenium Ecosystem Assessment 2005). The loss of regional endemic
species and replacement by invasive cosmopolitan taxa has been termed ‘biotic
homogenization’ (McKinney and Lockwood 1999). This process may lead to declines in
ecosystem function and resilience through the homogenization of functional diversity,
where ecological specialists are replaced by generalists. This may further increase
regional susceptibility to stressors by reducing the availability of species that can replace
those lost to extinction (Olden et al. 2004). An example of biotic homogenization was
demonstrated in Wisconsin lakes, where the invasion of the planktivorous rainbow smelt
(Osmerus mordax) resulted in the zooplankton community among lakes becoming more
similar and dominated by the same functional group (Beisner et al. 2003). There is
mounting evidence that invasive species can impair ecosystem functioning (Zhu et al.
2006), resulting in substantial economic losses (Pimentel et al. 2000). For example, the
introduction of the opossum shrimp, Mysis relicta, into mountain lakes in Montana
resulted in the collapse of the salmon population, and concomitant declines in bald eagles,
grizzly bears, and other avian and mammal species that relied on the salmon for food, as
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well as fewer human visitors who contributed to the local economy (Spencer et al. 1991).
However, declines in ecosystem function as a result of invasion are not always observed:
nutrient and litter inputs were significantly greater in forest stands on lava flows invaded
by the N2-fixing tree, Falcataria moluccana, than in uninvaded stands, likely as a result
of greater resource use (Hughes and Denslow 2005).
Bythotrephes longimanus (Crustacea, Branchiopoda, Onychopoda) is a
parthenogenetic invertebrate predator that has invaded all of the North American Great
Lakes (Jin and Sprules 1990), and > 90 inland lakes in North America, including
waterbodies in Ontario (N. Yan, unpublished data), Minnesota (Forman and Whiteside
2000), and Michigan (Jarnagin et al. 2000). Bythotrephes is native to Eurasia, and was
likely transported to North America via the ballast water of transoceanic ships (Sprules et
al. 1990). Although studies have indicated that Bythotrephes prefers large, deep, low
productivity lakes in both its native Eurasia and in invaded regions (MacIsaac et al.
2000), it has been found in smaller shallow water bodies and higher productivity lakes as
well (Jarnagin et al. 2000). In addition, the pattern of Bythotrephes invasions into inland
lakes is highly reliant on human vectors, e.g., fishing lines, bilge water (MacIsaac et al.
2004), and Allee effects are low because it is only mate-limited in late summer, i.e., it is
seasonally parthenogenetic (Drake 2004). These lines of evidence suggest that
Bythotrephes has the potential to invade many boreal shield and northern temperate lakes,
and could have large impacts on aquatic community structure and ecosystem functioning.
The primary prey of Bythotrephes are crustacean zooplankton, and although there
is some degree of among-lake variability in the response to invasion, the general trend has
been reductions in species richness (Yan et al. 2002; Strecker et al. 2006), total
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community biomass (Boudreau and Yan 2003; Strecker and Arnott 2005), and total
community abundance of zooplankton (Yan et al. 2001; Strecker and Arnott 2005;
Strecker et al. 2006). However, the results of most of these studies were driven by
dramatic declines in cladoceran zooplankton richness and abundance (Yan et al. 2001;
Boudreau and Yan 2003; Strecker et al. 2006). In addition, Bythotrephes consumed a
large fraction of zooplankton production in Harp Lake, Ontario during the summer period
(Dumitru et al. 2001), potentially decreasing the amount of production available to other
components of the aquatic food web.
Zooplankton are a central figure in freshwater food webs, recycling dissolved
nutrients to phytoplankton, grazing on phytoplankton biomass, and transferring energy to
young-of-year (YOY) and other planktivorous fish via production of biomass. Cushing
(1990) suggested that matches in peaks of zooplankton production with larval fish
abundance could determine the outcome of larval survival for a year class. This was
demonstrated in South Carolina, where the foraging success of larval striped bass
(Morone saxatilis) was greatly influenced by variability in zooplankton populations
(Chick and van den Avyle 1999). Thus, changes in zooplankton abundance and
production could have large implications for fish recruitment.
In recent years, there has been increasing recognition of the importance of nutrient
recycling and the ratios of elements that are recycled within lake ecosystems, especially
via plankton communities (see Hudson et al. 1999). Sarnelle and Knapp (2005) observed
that the strength of the trophic cascade in alpine lakes was more greatly influenced by
nutrient recycling of zooplankton than by nutrient recycling of fish. The stoichiometry of
organisms and their recycled byproducts can strongly influence nutrient dynamics in the
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pelagic zones of lakes, and ultimately, phytoplankton composition and production (Elser
and Urabe 1999). Zooplankton maintain elemental homeostasis in their bodies, excreting
the nutrient that is in excess back to the environment (Urabe 1993). Changes in the ratio
of nitrogen (N) to phosphorus (P) of the zooplankton community based on shifts in
species abundances can be an important determinant of the limiting nutrient for algal
growth (Elser et al. 1995). Elser and others (2000) demonstrated that a shift in
community structure toward zooplankton with low N : P body composition (i.e., nutrients
are recycled at high N : P) reduced N-fixing cyanobacteria, which have low N : P
requirements. Thus, it seems that the maintenance of zooplankton community structure in
lakes will be crucial to the flow of energy and nutrients to all trophic levels; however, few
studies have examined the effects of invaders on nutrient and energy flow at multiple
levels of organization in freshwater systems (Simon and Townsend 2003).
The overall purpose of this study was to determine the effects of the invasive
predator, Bythotrephes, on ecosystem function in boreal lakes. Ecosystem function is
commonly measured as changes in rates of productivity, decomposition, nutrient cycling,
and resistance and resilience to perturbations (Loreau et al. 2001). For the purposes of
this study, I will focus on secondary productivity, the rate that primary productivity is
transferred via zooplankton consumption, and nutrient cycling. The three main objectives
were to examine: (1) the effect of Bythotrephes on crustacean zooplankton production
within each lake stratum and throughout the ice-free season; (2) if zooplankton grazing
impact on phytoplankton is influenced by Bythotrephes-induced changes in community
composition and biomass; and (3) how Bythotrephes may alter nutrient recycling rates
and stoichiometry in the zooplankton community.
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I hypothesize that Bythotrephes will negatively affect zooplankton production in
the lake strata where it resides, but that zooplankton will temporally and spatially
compensate for production lost to Bythotrephes predation in times and places where the
predator is not present. Bythotrephes has been observed to reside primarily in the
epilimnion and metalimnion of Harp Lake, Ontario (Hall and Yan 1997), thus opening up
spatial refuges deeper in the lake for zooplankton. The use of the hypolimnion as a
spatial refuge from fish predators by zooplankton was observed in a survey of 25 lakes in
southern Québec (Masson et al. 2004), so it is possible that a similar behavioural
avoidance strategy could be employed in response to Bythotrephes. Bythotrephes tends to
be absent in lakes until middle-to-late June (Yan et al. 2001), thus creating a window of
opportunity before this time period for zooplankton to increase their reproduction. Earlier
maturation and reproduction in response to both invertebrate and fish predators has been
demonstrated in lab experiments on Daphnia spp. (Riessen 1999) and in response to fish
predation in copepods in the field (Hairston Jr. and Walton 1986). Therefore, I may
expect to see a less pronounced effect of Bythotrephes on coarse measures of overall
seasonal and whole water column production, but differences in fine scale temporal
(biweekly) and spatial (variation between strata) patterns of zooplankton production.
Secondly, if Bythotrephes reduces total zooplankton biomass and preys selectively on
cladocerans, I would expect the zooplankton communities in invaded lakes to have a
lower grazing impact on phytoplankton, as community biomass (Cyr 1998) and
cladoceran-dominance (Peters and Downing 1984) are both positively related to
zooplankton grazing rates. Finally, I predict that zooplankton recycling rates will
decrease in Bythotrephes-invaded lakes due to reductions in total zooplankton biomass,
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and that the ratio of recycled nutrients may shift to a lower N : P ratio if Bythotrephes
selectively preys on cladocerans, which recycle N : P at a higher ratio than calanoid
copepods (Andersen and Hessen 1991).

MATERIALS AND METHODS
Study site and sampling
Eight lakes in the Parry Sound and Muskoka districts of south-central Ontario
were chosen for my study (Fig. 2.1). The study lakes are located in mixed-forest
catchments, have low productivity (oligo-mesotrophic), and are circumneutral. Lakes
were chosen based on prior knowledge of the invasion of Bythotrephes (invaded lakes
had Bythotrephes since 1998), proximity, and similarity of chemical, physical, and
morphometric characteristics (Appendix 2). As well, all of the lakes contained the glacial
relict Mysis relicta, which is indicative of a similar post-glacial history and planktivorous
fish communities, including yellow perch (Perca flavescens) and a combination of cisco
(Coregonus artedi), rainbow smelt (Osmerus mordax), and lake whitefish (Coregonus
clupeaformis) (Appendix 2).
Lakes were visited every two weeks from May to September 2003 (n = 9), and
samples were generally taken within a five day time period. At a deep station in the lake,
temperature, dissolved oxygen (DO), and Secchi depth were measured, and samples were
taken for crustacean zooplankton, Bythotrephes, and chlorophyll a (chl a) (see Strecker et
al. 2006 for sampling details). A concurrent study examined the response of rotifers to
the invasion of Bythotrephes (Hovius et al. 2006), thus, they will not be considered here.
Temperature and DO were measured using a YSI Model 95 meter (reference lakes;
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Yellow Springs Inc., Yellow Springs, Ohio) and a WTW ProfiLine 1970i (invaded lakes;
Weilheim, Germany). Four additional sample stations for Bythotrephes collection along a
transect were chosen to be roughly equidistant, starting at the deep station and moving
toward shore, marking each station with a GPS to locate it on the next sampling date.
Logistical constraints prevented sampling at night so all samples were taken during the
day. Chl a samples were taken from the epilimnion using a 2.5-cm diameter integrated
tube sampler. The integrated tube sampler was also used to collect water from the
epilimnion on the week of 14 July 2003 for analysis of water chemistry variables.
Crustacean zooplankton were sampled with a 110-µm mesh conical closing net
that was 0.5 m in diameter. Samples were taken in the epilimnion, metalimnion, and
hypolimnion (from 5 m off the lake bottom to the top of the hypolimnion) after thermal
strata were determined from a temperature profile taken at 1-m intervals. The top of the
metalimnion was defined as a change of > 1°C per meter, and the top of the hypolimnion
by a change of < 0.2°C per meter. By my definition, the average temperature at the top of
the hypolimnion in my study lakes was ~7.1°C (standard deviation ±2.3). On the first
sampling date, stratification had not yet been achieved in Bernard Lake, so the depth of
the entire water column was roughly divided in 3 and samples were taken from those
depths. Although the hypolimnion of Doe Lake was present, it could not be sampled on
seven dates because it was too shallow; therefore, this lake was excluded from
hypolimnetic abundance and production estimations. Samples for Bythotrephes were
taken from June to September 2003 (n = 8) over the entire water column, starting from 5
m off the lake bottom, using a 400-µm mesh conical net that was 0.5 m in diameter.
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Bythotrephes and zooplankton samples were anesthetized and preserved in ~5% sugared
and buffered formalin.
Zooplankton samples were enumerated and measured on a Leica MZ12.5
dissecting microscope using the semi-automated counting system ZEBRA2 (Allen et al.
1994). Subsamples of a known volume were taken and a minimum of 350 individuals
were identified to genus, with the exception of Daphnia mendotae, Eubosmina
(Neobosmina) tubicen, Eubosmina (Eubosmina) coregoni, Eubosmina (Eubosmina)
longispina, and other species which are the only representative of their genus in the area.
Diaptomid calanoid copepods belonging to the genera Leptodiaptomus and
Skistodiaptomus were grouped simply as Diaptomus spp. To obtain a representative
enumeration of all zooplankton genera present, only 40-50 individuals of the dominant
taxa, 40-50 copepodids per order, and 20-30 nauplii per order were counted. Both loose
and attached eggs were counted in the subsamples, stopping either when the minimum
number of individuals was reached or > 700 loose eggs were counted. Loose eggs were
designated as cladoceran or copepod and apportioned to the number of adults present.
Bythotrephes samples containing fewer than 32 individuals were counted in their entirety,
while samples with greater numbers were split with a Folsom plankton splitter and wellmixed to ensure that clumping did not occur. All instars were enumerated and
abundances were averaged across the five sampling stations.

Zooplankton production
Zooplankton production was calculated using two methods. For the calanoid
copepod species which do not carry their eggs in an egg sac (e.g., Senecella calanoides),

76

the cohort method was used (Downing 1984) (Appendix 3). For all other zooplankton,
the egg-ratio method was used (Cooley et al. 1986) (Appendix 3), with species-specific
values for egg development time determined from the literature (Appendix 4). Mean dry
weights for zooplankton were calculated using published length-weight regressions (W.G.
Sprules, unpublished data) (McCauley 1984; Culver et al. 1985; Yan and Mackie 1987;
Yan and Pawson 1997) (see Appendix 3 for details). All of the production estimates were
calculated at the genus level and then summed across all taxa to obtain total crustacean
zooplankton production. Bythotrephes was excluded from total zooplankton production.
Bythotrephes consumption (mg·m-2) was estimated by dividing Bythotrephes production
(mg·m-2; calculated by the egg-ratio method from whole water column samples) by
growth efficiency, which was estimated at 27% for a population of mixed instars
(Dumitru et al. 2001). Consumption by Bythotrephes was contrasted with zooplankton
production from the epilimnion and metalimnion, as a concurrent study indicated this is
where the invader is found in most of these lakes (J. Young, unpublished data).

Zooplankton grazing impact experiment
To assess the impact of Bythotrephes on zooplankton grazing impact, an in situ
experiment was conducted three times in a subset of the study lakes: two invaded and
three uninvaded lakes. Using a technique modified from Cyr (1998), four translucent 20L carboys were deployed for 72 hr in each lake, once during June, July, and August,
approximately four weeks apart. Water from the epilimnion was filtered through 80-µm
mesh to remove zooplankton and added to each carboy. Zooplankton were added to each
of the carboys at several densities (0, 1, 2, and 3× ambient) by taking discrete hauls with a
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closing net through each of the strata (epi-, meta-, and hypolimnion), thus compensating
for any diel vertical migration that may have been occurring, but also likely
overestimating grazing due to the presence of hypolimnetic taxa that would not be
feeding in the epilimnion during the day. All predaceous macroinvertebrates, e.g.,
Bythotrephes, were excluded from the carboys. Thus, the effect of Bythotrephes on
grazing is inferred from the resident zooplankton communities of invaded and reference
lakes, as I hypothesize that the predation of the invader will have structured the
zooplankton in such a way as to impact their grazing ability. Although initial differences
in the composition of phytoplankton communities could influence zooplankton grazing,
the invaded and reference lakes in this study have similar proportions of edible
phytoplankton cells (B. Beisner, unpublished), suggesting that conditions were relatively
comparable in invaded and reference lakes. The carboys were then sealed, weighted, and
incubated in the lake at a depth of 50% light penetration for 72 hr. Total and edible (< 30
µm) chl a samples from each carboy were taken at the beginning and end of the
experiment, concentrating water samples onto 1.2-µm glass fibre filters, and measured
using fluorometry. Following Cyr (1998), the realized algal growth rate per day for the
carboys that contain zooplankton (r) were calculated from
(1)

r = ln(C1 / C0) / T

where C0 and C1 are chl a concentrations (µg·L-1) at the start and finish of the experiment,
and T is the length of time the experiment ran (days). Grazing impact was calculated as
the slope (b) of the equation
(2)

r = b(ZB) + a
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where ZB is the zooplankton biomass at 0, 1, 2 or 3× ambient biomass and a is the growth
rate in the absence of zooplankton. Zooplankton biomass was determined from the
average of the two survey sampling dates that surrounded the experiment. The
coefficients of the equation were estimated by linear regression. Percent algae grazed
(per day) was calculated as ((1 - eb) × 100).

Nutrient recycling
To estimate the amount of phosphorus (P) being excreted by zooplankton in the
epilimnion of each lake, I used the empirical models of Peters and Downing (1984),
following Vanni and Findlay (1990) (Appendix 5). In addition, I estimated the
contribution that Bythotrephes might make to P excretion using the non-linear regression
equation of Burkhardt and Lehman (1994) (Appendix 5). Although P regeneration by
zooplankton is essential to the functioning of lakes, the ratio at which nutrients are
recycled is also of importance, as specific ratios, such as that of N : P, can have
substantial effects on the composition of the phytoplankton community (Elser et al.
2000). Allometric models of nutrient regeneration have been criticized because they fail
to take into account species-specific differences in the consumer N : P ratio (Andersen
and Hessen 1991), and thus, differences in the ratio of nutrients that are recycled (Elser
and Urabe 1999). Using the stoichiometrically explicit model of Sterner (1990), I
estimated the N : P of nutrients recycled by zooplankton (Appendix 5).
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Statistical analyses
One-way ANOVAs were used to examine differences in physical, chemical, and
morphological characteristics of study lakes. Repeated measures ANOVAs were
performed using Statistica version 6.0 (StatSoft 2001) to test if there were differences
between invaded and reference lakes for chl a, secondary production, zooplankton
abundance, egg ratio (# eggs·individual-1), P excretion, and N : P recycled. Because of
non-normality and heteroscedasticity in some of the above measures, all values were log
(x+1)-transformed to meet the assumptions of ANOVA tests. The Huynh-Feldt adjusted
p-value was used in situations where the assumption of sphericity was not met for
repeated measures analyses. A t-test was used to test for differences in zooplankton
grazing impact over all three experimental time periods, which were pooled due to low
sample size. Multivariate ordination techniques were used to examine the influence of
Bythotrephes on genus-specific zooplankton production in the epilimnion (Appendix 6).

RESULTS
Zooplankton production
Reference and invaded lakes had statistically similar physical, chemical, and
morphometric characteristics (Appendix 2). There was also no statistical difference (α =
0.05) in total chl a concentrations (Appendix 2) or in epilimnetic temperature (F1,6 < 0.01,
p = 0.98) between lake categories.
Secondary zooplankton production was significantly lower in the epilimnion of
Bythotrephes-invaded lakes throughout the summer, declining on average by > 6000
mg·m-2, or about 67%. There was an increase of 15% and 766% in the production of
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zooplankton in the metalimnion and hypolimnion of invaded lakes, respectively, but these
differences were not statistically significant because of high variability between lakes
(Fig. 3.1, Table 3.1). When all of the strata were combined there was a 35% decline in
zooplankton production in invaded lakes, although it was not statistically significant
because of variation in response among lakes (Fig. 3.1, 3.2, Table 3.1).
In the epilimnion, the production of calanoid copepods, cyclopoid copepods, and
small cladocerans was significantly reduced in Bythotrephes-invaded lakes (Fig. 3.3,
Table 3.2). Production by large cladocerans, tended to be reduced in Bythotrephesinvaded lakes, though not significantly. There was a significant Time × Invasion
interaction for small cladocerans, where production in invaded lakes was high early in the
season, but crashed beginning in the middle of June and remained low for the rest of the
sampling dates (Fig. 3.3, Table 3.2). In the metalimnion, production by cyclopoids and
small cladocerans was similar in reference and invaded lakes, while calanoid production
increased and large cladoceran production decreased in invaded lakes, respectively, in the
latter part of the summer (Fig. 3.3, Table 3.2). In the hypolimnion, cyclopoid copepods
had higher production in invaded lakes early in the season, followed by a decrease
beginning in mid-June, and calanoid copepod production was significantly greater in
invaded lakes (Fig. 3.3, Table 3.2).
The abundance of crustacean zooplankton in the epilimnion was significantly
affected by Bythotrephes, with declines of > 33 000 individuals·m-3, on average (Fig. 3.4,
Table 3.1). There was also a significant Time × Invasion interaction, such that
abundances were similar in invaded and reference lakes in May and early June, but
showed significant declines in the invaded lakes after this time. Though not statistically
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significant, the abundances of zooplankton in the metalimnion and hypolimnion appear to
be greater in Bythotrephes lakes. When all the strata are combined, there is no difference
in total zooplankton abundance between lake categories. Bythotrephes-invaded lakes had
a slight increase in numbers of eggs produced per individual zooplankter in the
hypolimnion, which was most noticeable early in the summer (Table 3.1) and was likely
driven by extremely high egg production by the cyclopoid Cyclops spp., producing on
average > 11 000 eggs·m-3, far greater numbers than other zooplankton of a similar size
(Appendix 7). There was no significant effect of invasion on eggs·individual-1 in the
epilimnion, metalimnion, or when all strata were combined (Appendix 7).
Bythotrephes consumed substantial portions of seasonal zooplankton production
in three of the four invaded lakes (Fig. 3.5), on average consuming > 1000 mg·m-2 or
about 17% of secondary production. However, Bythotrephes did not tend to appear until
mid-June in the samples, thus zooplankton production consumed after Bythotrephes starts
reproducing is, on average, about 34%. Bythotrephes consumed > 100% of zooplankton
production during a one-month period in Bernard Lake and Harp Lake, but never in
Peninsula and Vernon lakes. In general, Bythotrephes production was low, only
comprising <6% of total zooplankton production, on average.

Zooplankton grazing impact experiment
In each experiment, reference lakes had a higher percentage of total algae grazed
than did invaded lakes, which actually experienced algal growth during the short term
experiment (Fig. 3.6a). When all sample dates are combined, there is a significant
decrease in % total algae grazed in the invaded lakes (t = -5.01, p < 0.01, df = 13). There
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was no difference in % edible algae grazed during the three experimental time periods (t
= -0.72, p = 0.24, df = 13) (Fig. 3.6b). However, the decline in total algae grazed is likely
not biologically meaningful in the long term, as these changes would translate into < 0.1
µg·L-1 of chl a in these low productivity lakes. Indeed, there was no significant difference
in chl a concentrations between lake types throughout the entire season in the entire
subset of lakes sampled.

Nutrient recycling
Using an empirical model to estimate P regeneration, I found that invaded lakes
had significantly lower rates of P excretion than reference lakes (F2,9 = 4.74, Tukey post
hoc test: p = 0.03), an effect which accumulated over time, as excretion was similar in
invaded lakes compared to reference lakes on the first two sampling dates (Time ×
Invasion: F16,72 = 2.60, p < 0.01) (Fig. 3.7). However, when the P regeneration due to
Bythotrephes is added to the P excretion of invaded lakes zooplankton, there is no longer
a significant difference in the rate of P excretion in invaded lakes compared to reference
lakes (Tukey p = 0.31). Using published values of zooplankton N : P ratios and a
stoichiometrically explicit N : P recycling model, I estimated that there was no significant
difference in N : P recycled by zooplankton in Bythotrephes-invaded lakes versus
reference lakes (F1,6 = 2.22, p = 0.19), and although there was a trend towards higher N :
P ratios in invaded lakes starting in mid-June, which averaged 14:1 (by atoms), while
reference lake N : P recycled averaged 10:1, the effect was not significant (Time ×
Invasion: F8,48 = 0.39, p = 0.80) (Fig. 3.7).
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DISCUSSION
I found that the invasive invertebrate predator, Bythotrephes, can substantially
alter ecosystem function in freshwater lakes, primarily by reducing secondary production,
and to a lesser extent, by decreasing nutrient excretion and algal consumption by
zooplankton. Lakes invaded by Bythotrephes exhibited significant declines in epilimnetic
zooplankton production and abundance, grazing impact on phytoplankton, and estimated
phosphorus excretion rates. As well, Bythotrephes induced shifts in zooplankton
abundance to the cool dark waters of the hypolimnion, and consequently, I observed
increased production in the hypolimnion, evidence that spatial compensation may have
been occurring in the zooplankton community. There was some evidence for temporal
compensation in the production of small cladocerans and reproductive output in the
epilimnion and hypolimnion of invaded lakes in May and early June, but this was not
great enough to balance production lost to Bythotrephes consumption later in the season.
In addition, the invader may alter the quantity of nutrients that zooplankton excrete back
to the water column by reducing zooplankton biomass and, although not significant,
Bythotrephes may increase the ratio of nutrients excreted by altering zooplankton
community composition, enhancing P limitation. Although Bythotrephes may be able to
functionally replace nutrient recycling by zooplankton, it cannot compensate for the
declines in biomass production observed in invaded lakes, as it only generated ~ 6% of
total zooplankton production. My study provides compelling evidence that this invasive
species can not only instigate changes in zooplankton community structure, but also
marked changes in the flow of nutrients and energy in freshwater lakes. This is certain to
have implications for growth and reproduction of other trophic levels in the food web,
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including macroinvertebrates, and planktivorous and YOY piscivorous fish, since these
organisms all rely on zooplankton as a major food source.
The decline in zooplankton production that was observed in lakes invaded by
Bythotrephes was likely the direct result of predation, as zooplankton abundance declined
in the epilimnion, but there was no difference in the number of eggs·individual-1 produced
in invaded lakes over the course of the summer compared to non-invaded lakes. There
was also no difference in food resources (chl a) or temperature between the two lake
types throughout the summer, which could influence zooplankton production. Although
previous studies have observed declines in overall zooplankton abundance (Yan et al.
2001; Strecker et al. 2006), to my knowledge, this is the first study to detect negative
effects of Bythotrephes on zooplankton production in multiple lakes. A previous study
examined the effect of Bythotrephes on whole water column zooplankton production in a
single lake (Dumitru et al. 2001), and therefore did not consider the spatial distribution of
production.
My study suggests that some zooplankton species in invaded lakes may alter their
daytime vertical position to avoid Bythotrephes. On average, total zooplankton
abundance in the meta- and hypolimnion of invaded lakes was 55% and 137% greater
than reference lakes abundance, respectively. In addition, secondary production was
increased in these strata, such that the meta- and hypolimnion combined contributed a
greater percentage of total seasonal zooplankton production than the epilimnion did (Fig.
3.2). Zooplankton were in disproportionately greater numbers and produced more
biomass in the deeper, cooler, less productive strata of the lake when Bythotrephes are
present, indicating that they are able to spatially compensate for losses resulting from
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Bythotrephes predation. This result has also been observed experimentally, where
Daphnia mendotae migrated into cooler deeper water in the presence of Bythotrephes, but
experienced reduced growth rates as a result of exposure to low temperatures (Pangle and
Peacor 2006). However, the observational nature of my study does not allow me to rule
out other possibilities. An alternative explanation for greater productivity in the lower
strata is that there was high primary productivity in the metalimnion, which occurs when
phytoplankton reproduce more quickly than they sink and is marked by an O2 maxima.
However, this is unlikely, as I rarely observed peaks of O2 in the metalimnion. Another
possibility is that fish predation may have altered the distribution and production of
zooplankton in the invaded lakes. If fish were indeed directly responsible for the shift in
zooplankton to the hypolimnion, I would expect there to be fewer large-bodied
zooplankton, as this is a typical result of fish predation (Brooks and Dodson 1965).
However, there were significantly greater numbers of large cladocerans as compared to
small cladocerans in the hypolimnion of invaded lakes with the onset of summer (Time ×
Size: F8,48 = 2.84, p = 0.01), suggesting that fish are not directly responsible for this shift
in zooplankton.
Alternately, fish may be indirectly influencing zooplankton via their effect on
Bythotrephes: cool-water planktivores may induce Bythotrephes to migrate upwards to
avoid being eaten, which in turn may induce zooplankton to migrate downwards in order
to avoid predation by Bythotrephes. Although the study was not designed to explicitly
test this hypothesis, I can make some inferences from the patterns that I observed in my
study and from J. Young (unpublished). Harp Lake contains cisco (Coregonus artedi), a
non gape-limited planktivore, and in 2003 there were low daytime hypolimnetic densities
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of Bythotrephes (J. Young, unpublished), coinciding with sustained high abundance and
production of hypolimnetic large cladocerans throughout the latter half of the summer,
supporting my hypothesis. On the contrary, lower hypolimnetic zooplankton production
was observed in Peninsula Lake; however, there are no cisco in the lake, thus
theoretically reducing the impetus for Bythotrephes to migrate. Therefore, planktivorous
fish may indirectly be responsible for increased zooplankton production in the deeper
strata of invaded lakes; however, there is still variation among production in invaded
lakes depending on which type of planktivore is present. When this spatial refugium
from Bythotrephes is being utilized, it may be allowing compensation to occur for
production being consumed in the epilimnion. Although there are little data regarding the
relative contributions of different strata to total zooplankton production (but see Kuns and
Sprules 2000), it is generally assumed that the epilimnion is the most productive because
of high water temperatures and primary productivity. Thus, the use of the meta- and
hypolimnion as ‘production refugia’ may reduce the large-scale loss of secondary
productivity and ultimately, mediate the loss of function.
In addition to spatial compensation, I also hypothesized that I would observe
temporal compensation in invaded lakes during periods when Bythotrephes was not
present, i.e., when cool water temperatures restrict its development. In three of the four
invaded lakes, there was a large pulse in small cladoceran epilimnetic production early in
the season. This pulse was the result of a greater number of eggs·individual-1 in the
epilimnion in May and early June (Appendix 7) and suggests that this functional group
may have been compensating for predation by Bythotrephes by shifting their reproduction
to earlier in the season to avoid the invader, which prefers warmer temperatures. This is
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in agreement with another field study, where temporal shifts in egg production of
copepods were observed; likely the result of the presence of a fish predator (Hairston Jr.
and Walton 1986). I also observed a temporal shift in production late in the summer in
invaded lakes. This peak was due to a short term increase in egg production by
Holopedium gibberum, which has a large gelatinous sheath that provides protection from
Bythotrephes predation. As a result, there was no statistical effect of the invader on total
seasonal epilimnetic production of large cladocerans, even though their production
declined, on average, by 61% (Table 3.2). Thus, it seems that in at least some lakes,
cladocerans are able to take advantage of windows of opportunity, i.e., periods when
Bythotrephes is absent from the water column, and reproduce large numbers of offspring
in a short time frame.
Compensation for reduced crustacean production may also occur through
increased production of other taxa. For instance, rotifers had greater abundances in lakes
invaded by Bythotrephes, especially the colonial Conochilus (Hovius et al. 2006), likely
because of their high intrinsic rates of increase (Allan 1976), and their inedibility.
However, rotifers would not be able to functionally replace larger cladoceran and
copepod taxa, as their individual biomass generally tends to be quite small in comparison
to other microcrustaceans (Wallace and Snell 2001). Threlkeld (1988) demonstrated that
rotifers were unaffected by increasing planktivorous fish density, even though large and
small crustacean zooplankton were significantly reduced by fish predation, suggesting
that rotifers cannot substitute for crustacean zooplankton as prey for fish. In metalpolluted lakes with simplified food webs, Sherwood et al. (2002) showed that the lack of
typical prey groups could reduce the efficiency of energy transfer to fish, thus preventing
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perch from reaching their normal body size. Although compensation for lost secondary
production to Bythotrephes may occur through the spatial, temporal, and taxonomic
redistribution of production, it seems likely that these shifts will have important
implications for aquatic food webs. Shifts in zooplankton reproduction from the
epilimnion to the hypolimnion may negatively affect warm-water fish species which rely
on zooplankton. Using an individual-based bioenergetics model for yellow perch, the
early summer declines in zooplankton abundance that I observed in the epilimnion of
invaded lakes would roughly result in a decline in perch growth rate of about 0.06 mm·d-1
and a 8% increase in death by starvation (Fulford et al. 2006). In addition, cold-water
planktivores (i.e., cisco), which inhabit the hypolimnion, would be unlikely to benefit
from this shift since they are visual predators and have reduced foraging success in
poorly-lit waters (Milne et al. 2005).
A number of factors, both biotic and abiotic, can be important in determining the
abundance and distribution of zooplankton. Lake productivity (Hessen et al. 2006), size
(Dodson et al. 2000), acidity (Keller and Pitblado 1984), calcium (Wærvågen et al. 2002),
and invertebrate (Keller and Conlon 1994) and vertebrate (Hessen et al. 2006) predation
may all influence the species composition and abundance of zooplankton in lakes. There
were no significant differences in any major physical, chemical, or morphometric
variables in my study lakes. Biotic factors were similar between invaded and reference
lakes: there was no significant difference in lake productivity (TP and chl a), all study
lakes contained the invertebrate predators Mysis relicta and Chaoborus, and the
planktivorous fish communities of both sets of lakes were characterized by yellow perch
and one to two species of cold-water planktivores. I acknowledge that higher trophic
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levels, especially with their propensity to exhibit diel migration, contribute additional
complexity to the project; however, I feel that there were not substantial enough
differences between these factors in my lakes to directly account for the patterns I
observed. While Bythotrephes abundance explains a significant portion of the variance in
epilimnetic zooplankton production in invaded lakes over the entire season (r2 = 0.23, p <
0.01), a large part of the variation remains unexplained, suggesting that other unknown or
unmeasured factors are also important determinants of secondary productivity in these
lakes.
Zooplankton grazing impact was significantly reduced in invaded lakes. I had
predicted that Bythotrephes would reduce the biomass of zooplankton, especially the
cladocerans, and in turn, induce a small-scale trophic cascade and increase algal
abundance. Indeed, zooplankton biomass was significantly lower in Bythotrephes
invaded-lakes used in the grazing experiment (t = 3.66, p < 0.01, df = 8), and the
percentage of algae grazed increased with zooplankton biomass (r2 = 0.57, p < 0.01), but
grazing was unaffected by dominance of the zooplankton community by either copepods
or large cladocerans. Previous studies have indicated that large cladocerans can have a
significant grazing impact on phytoplankton (Sarnelle 1993). However, Cyr (1998) found
that zooplankton community grazing in oligotrophic lakes increased with increasing
zooplankton biomass, but was unaffected by the structure of the community (dominated
by cladocerans or copepods), in agreement with my results. This top-down cascading
effect of Bythotrephes on phytoplankton is unlikely to be meaningful in these oligotrophic
lakes, and did not translate into measurable changes in average chl a at the whole lakescale (Appendix 2). Jeppeson et al. (2003) found that phytoplankton in low productivity
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lakes were not strongly controlled by top-down forces, but that the supply of resources
via bottom-up effects had a greater influence on biomass. Thus, it appears that the
invasion of Bythotrephes will probably not have a large cascading effect on
phytoplankton biomass in these oligo-mesotrophic lakes.
Using some simple calculations, I was able to estimate the effect that
Bythotrephes may have on nutrient recycling by zooplankton in the epilimnion. My
calculations suggest that there was a significant reduction in P recycling in invaded lakes
(excluding Bythotrephes); this is likely due to significant declines in epilimnetic
zooplankton biomass, on average about 75% lower in invaded lakes (F1,6 = 56.49, p <
0.01). However, my results also suggest that, although zooplankton in invaded lakes have
significantly lower P recycling rates, recycling by Bythotrephes may compensate for
reductions in zooplankton recycling. Bythotrephes has a high mass-specific P excretion
rate: a 100-µg Bythotrephes would excrete ~5.10 µg P·mg-1 d-1 (Burkhardt and Lehman
1994), while the excretion of a zebra mussel, another recent invader in North America, of
similar size at the same temperature yields rates of ~0.02 µg P·mg-1 d-1 (Table 4b in
Conroy et al. 2005).
Although there was no statistical difference in the ratio of nutrients recycled in the
epilimnion throughout the entire season, my calculations suggest that there appears to be
a shift towards higher N : P ratios, and therefore increasing P limitation in invaded lakes
when Bythotrephes appears in mid-June. This result was unexpected, as I hypothesized
that I would see the reverse pattern, that invaded lakes would have lower N : P recycled
because of reductions in the biomass of cladocerans, who generally have a low body N : P
ratio and recycle nutrients at a higher ratio (Andersen and Hessen 1991). Although I did
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in fact observe the predicted decrease in cladoceran abundance and biomass in the
epilimnion of invaded lakes (Fig. 3.4a), this did not translate into the expected changes in
N : P recycled. This may have been because there was a comparatively larger decline in
the biomass of calanoid copepods relative to large cladocerans in invaded lakes, and
calanoids have a high body N : P and thus recycle nutrients at a lower ratio. In another
study, the addition of northern pike (Esox lucius) into a eutrophic lake induced a trophic
cascade, increasing Daphnia abundance, decreasing zooplankton N : P, increasing the
ratio of total inorganic nitrogen (TIN) to total dissolved phosphorus (TDP), and reducing
N-fixing cyanobacteria (Elser et al. 2000). These results demonstrate that changes in
food web structure via the introduction of non-indigenous species can alter the nutrient
dynamics of a lake, but in the case of Bythotrephes, nutrient regeneration by the invader
may compensate for that lost from the zooplankton community.
I did not detect significant differences in overall zooplankton productivity and
abundance, as well as hypolimnetic production and abundance, despite large effect sizes
(Table 3.1). I believe that this is due to variability in ecosystem responses to invasion,
rather than low replication. A comparison of the standard error (SE) between lake types
confirms my suspicion: in general, invaded lakes have substantially greater variability
than reference lakes. For example, the SE of hypolimnetic production in Bythotrephes
lakes was 9× greater than the SE in reference lakes (F1,14 = 18.62, p < 0.01). This
suggests that the effects of Bythotrephes on freshwater lakes will be dependent on the
ecosystem-specific properties of the food web: I observed differential contributions of
hypolimnetic productivity to total seasonal productivity in invaded lakes, which may be
due to differences in the planktivore community (J. Young, unpublished). It is perhaps
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not surprising that other components of the food web may mediate the relative impact of
Bythotrephes on zooplankton production. For example, Johannsson (2003) observed
long-term decreases in zooplankton production in Lake Ontario, but this decline was
thought to be related to the invasion of zebra mussels and reduced phosphorus rather than
Bythotrephes, whose populations are held in check by alewife (Alosa pseudoharengus)
predation.

Implications
The invasion of Bythotrephes may cause alterations to the energy flow and
nutrient dynamics of freshwater lakes. The diversion of large portions of zooplankton
seasonal production to Bythotrephes may have severe consequences for small fish. Many
small fish avoid consuming Bythotrephes because of its long caudal spine, which offers
some protection from predation and which can also puncture the stomach of some fish
(Compton and Kerfoot 2004). Thus, not only are small fish losing potential prey by
avoiding consuming Bythotrephes themselves, they also suffer from losing zooplankton
prey to Bythotrephes predation. This energetic ‘dead end’ may result in population
bottlenecks of fish by reducing larval survival, but this remains to be tested empirically.
The rather substantial declines in epilimnetic zooplankton production will likely have
negative effects on warm-water fish taxa, such as yellow perch and walleye (Sander
vitreus). Although the majority of lakes that Bythotrephes has invaded are used for
recreation, a few of the lakes, such as Lake Simcoe (Ontario) and the Great Lakes,
support commercial fisheries that may suffer from reduced epilimnetic secondary
production. The importance of these declines in zooplankton abundance and production
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to economically important commercial and recreational fisheries is still poorly understood
and my results and energetic-model estimates indicate that this should be a research
priority in order to fully understand the ultimate impact of Bythotrephes invasion on fish
growth.
Overall, my results suggest that reduced epilimnetic zooplankton production may
also be experienced in many of the other 90 + lakes currently invaded by Bythotrephes.
Although there was high variability between the study lakes, there was a strong and
significant effect of Bythotrephes on epilimnetic production. Shallower lakes with a
relatively smaller hypolimnion may experience more severe declines in overall
production because of a reduced spatial refugium from predation. The densities of
Bythotrephes that I observed in the study lakes are moderate: the average abundance on
all study dates was 5.5 individuals·m-3, whereas Bythotrephes can reach abundances of >
80 individuals·m-3 in the Great Lakes (Barbiero and Tuchman 2004). The findings of this
study are probably conservative, and lakes with higher densities of the invader may
experience further declines in zooplankton productivity, at least in the epilimnion.
Although I have demonstrated that Bythotrephes can have an effect on
zooplankton grazing impact, resulting in greater algal growth in invaded lakes, it is
unlikely that the effect will be biologically relevant for low productivity lakes. However,
mesotrophic lakes may be more likely to respond to top-down changes (Jeppesen et al.
2003), and although Bythotrephes seems to prefer oligotrophic lakes, it has been found in
some mesotrophic systems (Jarnagin et al. 2000), suggesting that the invader may have
the potential to instigate increases in algal biomass in lakes of moderate productivity.
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My estimates of P excretion rates and nutrient recycling suggest that Bythotrephes
may potentially disrupt the rate and ratio of nutrient excretion by zooplankton in lakes.
Intuitively, decreased P excretion rates by zooplankton in P-limited aquatic ecosystems
seems to be a negative side-effect of Bythotrephes invasion; however, the large
contributions to P recycling by Bythotrephes may compensate for losses in the
zooplankton community, suggesting that this measure of ecosystem function may be
largely unaffected by invasion. Using stoichiometrically-explicit formulae, I estimated
that there could be slight increases in the recycled N : P of zooplankton in invaded lakes,
leading to greater P-limitation in these lakes. A higher ratio of N : P supplied to
phytoplankton via zooplankton could lead to declines in cyanobacteria, which might also
affect N-fixation rates.
The invasion of Bythotrephes and the resultant effects on zooplankton community
structure and ecosystem processes present serious concerns for freshwater lake
management. Reductions in zooplankton production, decreased zooplankton grazing
impact, and alterations to nutrient flow may have effects both up and down the food web,
such as decreases in warm-water fish stocks and changes in the biomass and composition
of phytoplankton. Future research is needed to elucidate the mechanisms and determine
the magnitude of effects that Bythotrephes will have on other trophic levels in freshwater
lakes.
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TABLE 3.1. Repeated measures ANOVAs on stratified and whole water column
zooplankton secondary production, total zooplankton abundance, and eggs·individual-1.
The mean effect size of production is calculated by summing all the sampling dates and
then averaging between lakes in each category. The mean effect size of abundance and
eggs·individual-1 is calculated by averaging all of the lakes in each category on all dates.

Measure

Secondary
production

Stratum

Invasion

Time × Invasion

Mean
effect
size

F1,6

p

F7,42

p

Epilimnion

9.68

0.02*

1.31

0.29

-67%

Metalimnion

0.03

0.87

0.58

0.75

+15%

Hypolimnion‡

3.46

0.12

0.43

0.88

+766%

All strata

1.24

0.31

0.64

0.65

-35%

<0.01**

6.55

Epilimnion

16.91

<0.01***

-59%

Metalimnion

0.80

0.40

0.80

0.56

+55%

Hypolimnion‡

1.78

0.24

0.50

0.85

+137%

All strata

0.42

0.54

0.80

0.61

-17%

Epilimnion

1.90

0.22

1.06

0.41

-17%

Metalimnion

0.01

0.91

0.19

0.88

+10%

Hypolimnion‡

6.04

0.06†

1.63

0.23

+213%

All strata
1.74
0.24
1.52
† p < 0.10, * p < 0.05, ** p < 0.01, *** p < 0.001
‡ Invasion error df = 5, Time × Invasion error df = 35

0.20

-20%

Total
abundance

Eggs·
individual-1
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TABLE 3.2. Repeated measures ANOVAs on zooplankton secondary production for each
functional group. The mean effect size of production is calculated by summing all the
sampling dates and then averaging between lakes in each category.

Stratum

Invasion

Functional
group
F1,6

Epilimnion

Metalimnion

calanoids
cyclopoids
large
cladocerans
small
cladocerans

10.50
54.02

calanoids
cyclopoids
large
cladocerans
small
cladocerans

p
0.02*
<0.01***

F7,42

p

Mean
effect
size

0.77
1.64

0.62
0.17

-90%
-57%

0.95

-61%

Time × Invasion

2.48

0.17

0.14

24.97

<0.01**

5.45

2.71
0.05

0.15
0.83

0.53
0.56

0.71
0.65

+250%
+45%

2.07

0.20

2.12

0.07†

-90%

0.04

0.85

1.47

0.24

+96%

0.43
1.97

0.81
0.09†

+61%
+964%

0.52

0.61

+6188%

0.79

0.53

-4%

calanoids
9.70
0.03*
cyclopoids
0.35
0.58
large
Hypolimnion‡
0.57
0.48
cladocerans
small
0.03
0.88
cladocerans
† p < 0.10, * p < 0.05, ** p < 0.01, *** p < 0.001
‡ Invasion error df = 5, Time × Invasion error df = 35

<0.01***

-17%
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FIGURE 3.1. On the left axis, average biweekly secondary production of zooplankton
(mg·m-2) and on the right axis, average seasonal production (mg·m-2) of invaded ( ) and
reference () lakes in the (a) epilimnion, (b) metalimnion, and (c) hypolimnion (n = 4,
except reference lake hypolimnion where n = 3). Error bars are ±1 standard error. Note
that production is calculated from two adjacent dates, so the value shown represents that
of the following two week interval, i.e. the value from the middle of May represents the
sampling period from then until early June.
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FIGURE 3.2. Average seasonal secondary production (mg·m-2) of zooplankton in the
epilimnion ( ), metalimnion (), and hypolimnion () of invaded and reference lakes.
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FIGURE 3.3. Average biweekly secondary production (mg·m-2) in calanoids (a-c),
cyclopoids (d-f), large cladocerans (g-i), and small cladocerans (j-l) in the epi-, meta-,
and hypolimnion of invaded ( ) and reference () lakes (n = 4, except reference lake
hypolimnion where n = 3). Error bars are ±1 standard error.
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FIGURE 3.4. Average abundance of small cladocerans, large cladocerans, cyclopoids, and
calanoids (103 individuals·m-3) in the epilimnion (a-b), metalimnion (c-d), and
hypolimnion (e-f) of invaded and reference lakes.
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FIGURE 3.5. Epi- and metalimnetic zooplankton production (¡; mg·m-2) and
Bythotrephes consumption (; mg·m-2) in the invaded lakes, contrasted with
Bythotrephes abundance (U; individuals·m-3) on the right axis. In each panel, the top
bracketed value is the percent of total seasonal zooplankton production consumed by
Bythotrephes, and the bottom bracketed value is the percent of seasonal production
consumed by Bythotrephes starting in the middle of June. Asterisk (¾) indicates the
dates on which Bythotrephes consumption exceeded zooplankton production.
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FIGURE 3.6. Percent of (a) total and (b) edible algae grazed during zooplankton grazing
impact experiment in invaded ( ; n = 2) and reference lakes (; n = 3). Positive values
indicate that phytoplankton were grazed during the experiment, while negative numbers
indicate that there was algal growth. Error bars are ±1 standard error.
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FIGURE 3.7. (a) Phosphorus (P) excretion rate (µg·L-1 d-1) of epilimnetic zooplankton in
invaded lakes ( ), reference lakes (), and invaded lakes plus P excretion by
Bythotrephes () (n = 4). (b) Estimated ratio of nitrogen to phosphorus (N : P) recycled
by zooplankton in invaded ( ) and reference () lakes (n = 4). Error bars are ±1
standard error.
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ABSTRACT
Invasive species introductions into freshwater ecosystems have had a multitude of effects
on aquatic communities. Few studies, however, have directly compared the impact of an
invader on communities with contrasting structure. Historically high levels and
subsequent reductions of acid deposition have produced landscapes of lakes of varying
acidity and zooplankton community structure. I conducted a 30 day enclosure experiment
in Killarney Provincial Park, Ontario, Canada, to test the effects of Bythotrephes
longimanus, an invasive invertebrate predator, on two contrasting zooplankton
communities at different stages of recovery from acidification: recovered and aciddamaged. Bythotrephes significantly decreased zooplankton biomass and abundance in
both communities, but had a greater negative effect on the abundance of zooplankton in
the recovered community. Bythotrephes reduced species diversity of the recovered
zooplankton community, but not the acid-damaged community. Species richness of both
community types was unaffected by Bythotrephes predation. The effect of Bythotrephes
on small cladocerans, a preferred prey type, differed between the community types and
appeared related to density-dependent predation by Bythotrephes. Both community- and
species-level results suggest that recovered and acid-damaged zooplankton assemblages
may be negatively affected by an invasion of Bythotrephes, but that the specific response
is dependent on the original community structure.
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INTRODUCTION
The invasion of non-indigenous species into freshwater ecosystems has altered
food webs worldwide, severely affecting ecosystem processes, destroying habitats, and
driving native species to local extinction (Spencer et al. 1991; Ricciardi and Rasmussen
1998). In the next century, biodiversity scenarios predict that invasive species will be the
single most important driver of change in aquatic ecosystems (Sala et al. 2000). Case
studies of species introductions into the Laurentian Great Lakes make it clear that
invasive species present an imminent threat to freshwater resources (Vanderploeg et al.
2002). Bythotrephes longimanus (Cercopagididae), until recently called B. cederstroemi
(Berg et al. 2002), is a large predatory zooplankter that invaded the Great Lakes in the
mid-1980s from Eurasia (Lehman 1987). It subsequently spread into inland lakes in
Canada and the United States in the 1990s (Yan et al. 1992), expanding its range into at
least 55 Ontario lakes (F. MacDonald, Ontario Federation of Anglers and Hunters, 4601
Guthrie Drive, Peterborough, Ontario K9J 8L5, pers. comm.) and several lakes in
northern Minnesota (Forman and Whiteside 2000) and Upper Michigan (Jarnagin et al.
2000).
In North America, invasions of Bythotrephes have resulted in various responses of
zooplankton communities. A survey of 30 Canadian Shield lakes with and without the
invader found significantly lower biomass and species richness of zooplankton in single,
mid-summer samples taken from lakes containing Bythotrephes (Boudreau and Yan
2003). In Harp Lake, a small inland lake in Ontario, the invasion of Bythotrephes caused
a decrease in crustacean zooplankton species richness and a size shift from small- to
large-bodied zooplankton, owing to the decline and disappearance of small species (Yan
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et al. 2001). However, other studies have suggested that these responses may not be
universal. Zooplankton samples from Lake Michigan and laboratory feeding experiments
have indicated that Bythotrephes may have negative effects on large-bodied zooplankton,
including several species of Daphnia (Lehman and Cáceres 1993; Schulz and Yurista
1999). Taken together, these studies suggest that the effect of Bythotrephes on
zooplankton communities may be dependent on the structure of the initial community that
is invaded.
Human activities have led to innumerable changes in aquatic environments
(Schindler 1998a), and thus created a mosaic of different aquatic communities across the
landscape. One example of this is the large-scale acidification of lakes and their
watersheds, and subsequent loss of biodiversity, in the area around Sudbury, Ontario
(Beamish and Harvey 1972). Reductions in SO2 emissions from Sudbury smelters have
led to improvements in lake pH and biological recovery of some aquatic communities
(Gunn and Keller 1990; Holt and Yan 2003), though recovery of zooplankton in many
lakes is slow and not uniform across the landscape (Keller et al. 2002). Although
recovery endpoints are difficult to establish because historic, pre-disturbance data are
rarely available, the recovery status of a community is often compared with that of more
pristine natural communities in similar biogeographical settings (Yan et al. 1996b). Many
of the lakes recovering from acidification are extremely clear due to thin soils, exposed
bedrock, and small catchment areas, resulting in low dissolved organic carbon (DOC)
inputs (Gunn et al. 2001). These clear lakes are especially vulnerable to invasion by
Bythotrephes (MacIsaac et al. 2000). Although Bythotrephes tends to occupy
circumneutral lakes, it is tolerant of a wide range of pH (Grigorovich et al. 1998) and is
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currently spreading into lakes that were historically acidified (A. Strecker, personal
observation). It is uncertain what impact Bythotrephes will have on lakes in different
stages of recovery and, therefore, with different zooplankton community structure.
I tested the effects of Bythotrephes on two ecologically disparate zooplankton
communities at different stages of recovery from historic acidification (recovered vs aciddamaged) using a field enclosure experiment. Specifically, my objectives were to: 1)
examine community- and species-level responses of zooplankton to an invasion of
Bythotrephes; and 2) determine if the responses were dependent on the recovery status of
the community. I hypothesized that Bythotrephes would: 1) cause declines in all
community metrics and prey selectively on small cladocerans (Lehman and Cáceres
1993; Yan et al. 2001; Boudreau and Yan 2003); and 2) have a greater negative effect on
the zooplankton in the acid-damaged community type because it has a lower species
richness than the recovered community and, therefore, fewer species to compensate for
those preyed upon by Bythotrephes (McNaughton 1977; Naeem and Li 1997).

MATERIALS AND METHODS
Study site and experimental design
Experiments were conducted in Kakakise Lake (46º03' N, 81º03' W; Fig. 4.1),
located in Killarney Provincial Park, situated 40-60 km southwest of metal smelters in
Sudbury, Ontario. Due to the large amounts of sulphur deposition received from Canada
and the USA, this was one of the first regions to be affected by atmospheric pollution
(Beamish and Harvey 1972). While many lakes are approaching their historical preacidification pH, some of the highly acidified lakes located on orthoquartzite ridges have
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shown little improvement in pH (Keller et al. 2003). Kakakise Lake is a relatively small
(113 ha), mesotrophic boreal lake (Table 4.1) that was historically acidified to pH 5.6
(Sprules 1975), but has now chemically recovered to levels consistent with diatominferred pre-industrial pH (Keller et al. 2003).
A two-factor enclosure experiment was conducted in Kakakise Lake during July
and August 2002 to test for the effect of Bythotrephes on zooplankton communities at
different stages of recovery from acidification. The effects of acidification on
zooplankton communities in lakes have been well-documented. In general, acidified
lakes have low species richness and are dominated by a few acid-tolerant species, while
neutral or buffered lakes have more diverse assemblages (Sprules 1975). My
experimental treatments were designed to reflect these differences in community
structure. The experiment consisted of two treatments, each with two levels:
Bythotrephes (Bythotrephes, no Bythotrephes) and zooplankton community (recovered,
acid-damaged). The four treatment combinations were each replicated three times, for a
total of 12 enclosures. However, one replicate of the recovered, no Bythotrephes
treatment was discarded after a northern pike (Esox lucieus) invaded the enclosure. In
each zooplankton community treatment (recovered vs. acid-damaged), the enclosures
with no Bythotrephes present are the controls for that community.
Due to the sensitive nature of conducting experiments with invasive species,
Kakakise Lake was chosen as the location for the experiment because previous data
indicated that the lake had been invaded by Bythotrephes prior to 1997 (B. Keller,
Cooperative Freshwater Ecology Unit, Laurentian University, Sudbury, Ontario, P3E
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2C6, unpublished data). In July 2002, Bythotrephes was present in the lake in low
densities; < 0.1 ind·m-3 (A. Strecker, unpublished data).
Bell Lake (46º08' N, 81º26' W; Fig. 4.1) and Ruth Roy Lake (46º05' N, 81º14' W;
Fig. 4.1) were chosen as the recovered and acid-damaged zooplankton source lakes,
respectively. These lakes have contrasting zooplankton assemblages as a result of their
different acidification histories and lake geologies. The Bell Lake zooplankton
community was typical of recovered zooplankton assemblages that are species-rich and
contain both acid-tolerant and acid-sensitive species (Holt and Yan 2003). Ruth Roy is
typical of other acid-damaged communities with low species richness and dominance by a
few acid-tolerant species; 77% of the zooplankton biomass was contributed by two acidtolerant species (Leptodiaptomus minutus and Diaphanosoma birgei). A correspondence
analysis (CA) of 21 reference lakes from the Dorset, Ontario region, compared with the
two study lakes confirmed their recovery status (A. Strecker, unpublished data).
Clear plastic cylindrical enclosures (1-m diameter, total volume 6830 L; Filmtech
Plastics, 125 East Dr., Brampton, Ontario L6T 1B5) were suspended between the crossbars of three 4.9 m long floating wooden frames. The top of the enclosures were 0.3 m
above the water level to prevent the immigration of new species and extended down to a
depth (approx. 8.7 m) that was just below the thermocline. The enclosures were covered
with mesh (approx. 5 mm) to prevent aerial zooplankton colonization by
macroinvertebrate and bird vectors, and were closed at the bottom. Frames were oriented
in a north-south direction so that all enclosures received comparable light.
Water from Kakakise Lake was pumped from the central region of the euphotic
zone into the enclosures and filtered through a 50-µm mesh to remove all zooplankton.
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Zooplankton were collected first from Bell Lake and the following day from Ruth Roy
Lake with an 80-µm mesh net and added to the enclosures in Kakakise Lake at ambient
lake densities, filtering lake water at a volume equal to the volume of enclosure. Samples
collected with a 0.5-m diameter, 250-µm mesh net in June and July 2002 verified the
absence of Bythotrephes from the zooplankton source lakes. Because the concentration
of Bythotrephes was low in Kakakise Lake, Bythotrephes for the experiment were
collected from another invaded lake, Ahmic Lake (45°37' N, 79°42' W). Ahmic Lake is
circumneutral (pH = 6.6), and has calcium and DOC concentrations that are similar to
values in Kakakise Lake (Boudreau 2002). Bythotrephes were collected using a 0.5-m
diameter, 400-µm mesh net. During transport to Kakakise Lake, samples were kept cool
and held at low densities in opaque 20-L carboys surrounded by icepacks. On the same
day, live Bythotrephes were added to each enclosure at a density (10 individuals⋅m-3)
comparable to mid-summer population maxima that have been reported in an early
invasion year in Harp Lake, Ontario (Yan et al. 2001).

Sampling protocol and analyses
Enclosures were sampled once a week for a period of four weeks. Zooplankton
abundance and composition, temperature, oxygen concentration, and total chlorophyll a
concentrations were estimated every week. Conductivity and pH were measured on
Weeks 0, 2 and 4, and total phosphorus and edible chlorophyll a (< 30 µm) were
measured on Weeks 0 and 4. Zooplankton samples were obtained by taking two 8 m
hauls with a 0.15 m diameter plankton net (80-µm mesh size). The combined hauls
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represented approx. 3.4% of the volume of the enclosure. Zooplankton were preserved in
~4% sugared and buffered formalin.
Temperature and dissolved oxygen data were measured at 1-m intervals using a
YSI Model 95 dissolved oxygen and temperature meter (YSI Incorporated, Yellow
Springs, Ohio). Water samples for chemistry and chlorophyll a were obtained using an 8m composite tube sampler with a diameter of 16 mm. A 1.0-L subsample was filtered
through Pall™ Ultipor glass fiber filters (1.2-µm pore size) which were then frozen and
kept in darkness for chlorophyll a analysis. Edible chlorophyll a was sampled in the
same manner, except that it was filtered through 30-µm mesh prior to its concentration
onto a glass fiber filter. Chlorophyll a samples were extracted in methanol for 24 hours
before fluorometric analysis (Welschmeyer 1994) using the TD 700 Fluorometer (Turner
Designs, Sunnyvale, California). Total phosphorus was analyzed following Ontario
Ministry of the Environment (1983) protocols. Conductivity was measured with a YSI
Model 32 conductance meter (YSI Incorporated, Yellow Springs, Ohio) and pH with a
PHM 80 portable pH meter (Radiometer A/S, Copenhagen, Denmark).
During routine zooplankton sampling, I infrequently encountered Bythotrephes in
the samples because I was sampling with a small diameter net. When I collected them,
they were enumerated and returned to the enclosure live. I did not want to risk damaging
the Bythotrephes in my experimental treatments, and therefore did not attempt to
quantitatively sample them throughout the experiment. Instead, Bythotrephes was
sampled with a 250-µm mesh net (0.5-m diameter) on the last day of the experiment.
Samples were preserved in ~4% sugared and buffered formalin until enumeration.

113

Zooplankton samples were enumerated using a protocol designed to target mature
individuals, as well as rare species (Girard and Reid 1990). Samples were subsampled
using a Folsom plankton splitter, and a total of at least 250 individuals were enumerated,
such that no more than 50 individuals were counted for the dominant taxa, no more than
50 copepodids per order were counted, and no more than 30 nauplii per order were
counted. Zooplankton communities are often numerically dominated by a few taxa or
juveniles, thus, this technique is designed to estimate the abundance of common taxa,
while assessing while estimating richness by looking through larger portions of the
sample for rare species. Zooplankton were identified and counted on a Leica MZ 12.5
dissecting microscope and individuals were measured using the semi-automated
zooplankton counting system ZEBRA2 (Allen et al. 1994). Mean dry weights for
zooplankton were calculated using published length-weight regressions (W.G. Sprules,
unpublished data) (McCauley 1984; Culver et al. 1985; Yan and Mackie 1987).
Taxonomic keys that were used included Hebert (1995) for Daphnia, Smith and
Fernando (1978) for copepods, Dodson and Frey (2001) for cladocerans, Taylor et al.
(2002) for Bosminidae, and Smith (2001) for general zooplankton identification. The
taxa Bosmina (Bosmina) and Alona were only identified to subgenera and genera,
respectively, due to taxonomic difficulties in distinguishing species.

Statistical analyses
This experiment was designed to test the impacts of Bythotrephes on an aciddamaged and recovering lake zooplankton community. By design, there were initial
differences between the two community types, i.e. the acid-damaged community had
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lower species richness and diversity than the recovered community. However, initial
differences between communities can confound the interpretation of univariate statistics.
In instances of significantly different starting communities, the Time × Bythotrephes
interaction and Time × Recovery × Bythotrephes interaction statistic were used to assess
the effects of Bythotrephes.
A multivariate analysis of variance (MANOVA) was used to test the effects of
Bythotrephes and community recovery on zooplankton functional group abundance from
Weeks 1-4, excluding Day 0, the first sampling date. I defined functional groups by
taxonomic groupings (calanoid and cyclopoid copepods), and further subdivided by size
differences (small vs large cladocerans) and habitat preferences of cladocerans (littoral vs
pelagic) (Smith 2001). Assumptions of normality were tested using the KolmogorovSmirnov goodness-of-fit test and the Shapiro-Wilks W-statistic, homoscedasticity using
Levene’s test, and equal covariance using Box’s M-test. Functional group abundances
were log(x+1)-transformed to improve unequal variance and non-normal treatments;
however, some groups still violated these assumptions. MANOVA is considered to be
robust to violations of these assumptions, especially when using the more robust Pillai
trace method (Zar 1999).
Zooplankton responses to experimental treatments, including community biomass,
abundance, species richness, Shannon-Wiener species diversity (Zar 1999), functional
group abundance, and individual species abundances were tested with a two-factor
repeated measures analysis of variance (RM-ANOVA) for Weeks 1-4. Week 0 was
excluded from the repeated measures analysis as Bythotrephes additions occurred the day
before sampling, and thus, I would not expect to see an effect on the first sampling date.
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Total chlorophyll a, edible chlorophyll a, and water chemistry responses were tested with
a two-factor RM-ANOVA on all dates, as the first chlorophyll a samples were taken three
days after treatments were established. Two-factor ANOVAs were also used to test for
differences among community metrics at the beginning of the experiment. All metrics
were tested for normality and homoscedasticity, and sphericity was tested using the less
conservative Huynh-Feldt adjusted p-value, as in this type of experiment, it is of greater
importance to reduce the probability of a Type II error (Zar 1999). Total zooplankton
biomass and edible chlorophyll a were log(x+1)-transformed to equalize variance. Some
non-normal treatments remained, however, since the analysis of variance test is robust to
departures from normality and equal variance (Zar 1999), the parametric version of the
test was used.

RESULTS
Environmental conditions
There was no difference in water chemistry samples for pH (Bythotrephes F1,7 =
1.03, p = 0.34; Recovery F1,7 = 4.09, p = 0.08), total phosphorus (Bythotrephes F1,7 =
1.59, p = 0.25; Recovery F1,7 = 3.24, p = 0.12), and conductivity (Bythotrephes F1,7 =
0.36, p = 0.57; Recovery F1,7 = 0.73; p = 0.42) (Table 4.2). Total phosphorus tended to be
variable within treatments, likely due to the low numbers of replicates. As well, there
was one particularly high total phosphorus value, which suggests that the sample may
have been contaminated by an organism which would increase phosphorus levels (B.
Clark, Ontario Ministry of the Environment, P.O. Box 39, Dorset, Ontario P0A 1E0, pers.
comm.). There was no difference between the ambient lake and enclosure values for
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temperature and O2, indicating that they efficiently tracked the thermal and oxygenic
regimes of the lake. There was also no effect of treatment on temperature (Bythotrephes
F1,7 = 1.59, p = 0.94; Recovery F1,7 = 0.63, p = 0.45) or O2 (Bythotrephes F1,7 = 3.49, p =
0.10; Recovery F1,7 = 2.32, p = 0.17) of the enclosures (Table 4.2).
Average concentrations of total chlorophyll a in the Bythotrephes treatment
enclosures increased by 17% over concentrations in no Bythotrephes enclosures from
Week 0 to 4 (F1,7 = 6.98, p = 0.03; Fig. 4.2). Edible chlorophyll a also increased in
response to Bythotrephes (Time × Bythotrephes: F1,7 = 4.03, p = 0.09), such that
concentrations were 32% higher in Bythotrephes treatments by the end of the experiment,
although this increase was primarily observed in the recovered community. Although
total chlorophyll a was slightly higher in the acid-damaged enclosures on my first
sampling date (F1,7 = 5.98, p = 0.04), it declined throughout the remainder of the
experiment, and was 25% lower (F1,7 = 12.91, p = 0.01) than the recovered enclosures
from Week 1 to 4. Edible chlorophyll a, which had similar concentrations on my first
sampling date, was also lower in the acid-damaged community on Week 3 (F1,7 = 9.04, p
= 0.02, effect size = 15%).

Zooplankton community responses to Bythotrephes
Total zooplankton biomass and abundance were both significantly decreased by
the addition of Bythotrephes (Table 4.3, Fig. 4.3). My experimental design resulted in
differences in initial biomass (Bythotrephes F1,7 = 7.85, p = 0.03; Recovery F1,7 = 17.44, p
= 0.01), richness (Recovery F1,7 = 54.72, p < 0.01; Recovery × Bythotrephes F1,7 = 9.57, p
= 0.02), and Shannon-Wiener diversity (Recovery F1,7 = 76.01, p < 0.01). Therefore, the
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Time × Bythotrephes interaction statistic was used. The effect of Bythotrephes on
community biomass became more pronounced over time, such that biomass in the
Bythotrephes treatment declined by > 50% in both acid-damaged and recovered
enclosures at the conclusion of the experiment. Species richness was not affected by the
Bythotrephes treatment, but diversity increased through time in Bythotrephes treatments
(Time × Bythotrephes interaction, Table 4.3, Fig. 4.3). Although richness appears to
differ in the Bythotrephes treatment on Week 0 in acid-damaged treatments, this is likely
a result of a few rare species being included by chance, as there is no difference in species
diversity of the acid-damaged community (Fig. 4.3). Individual ANOVAs on functional
groups revealed significant negative effects of Bythotrephes on biomass of calanoid
copepods (Bythotrephes F1,7 = 6.26, p = 0.04) and small cladocerans (Bythotrephes F1,7 =
16.78, p = 0.01).

Zooplankton species responses to Bythotrephes
RM-ANOVA revealed significant effects of Bythotrephes on individual species
(Table 4.4, Fig. 4.4). Concentrations of Holopedium gibberum and cyclopoid copepodids
were significantly greater in Bythotrephes treatments from Week 1 to 4. Average
abundances of L. minutus declined by 53 individuals⋅m-3 in Bythotrephes treatments
throughout the experiment. Bythotrephes had a negative effect over time (Time ×
Bythotrephes interaction) on Eubosmina longispina, Bosmina (Bosmina) spp., and
calanoid copepodids, where average concentrations were reduced by > 300, 173, and 115
individuals⋅m-3, respectively in Bythotrephes treatments compared to no Bythotrephes
treatments from Week 1 to 4.
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Recovered vs acid-damaged zooplankton responses to Bythotrephes
MANOVA showed a significant interaction between recovery and Bythotrephes
(Pillai = 0.95, F = 11.03, p = 0.04; Fig. 4.5), suggesting that Bythotrephes had a different
effect on some functional groups, depending on whether or not they were in a recovered
community. For example, average cyclopoid copepod abundance increased by 9
individuals⋅m-3 in the Bythotrephes treatment in the acid-damaged community, but
declined by 12 individuals⋅m-3 in the recovered community on Weeks 1 to 4 (Fig. 4.4).
The addition of Bythotrephes had a greater negative impact on the recovered community
than the acid-damaged community. Throughout the experiment, Bythotrephes caused a
32% decline in the average total zooplankton abundance of the recovered community, but
only an 8% decline in acid-damaged average total zooplankton abundance (Time ×
Recovery × Bythotrephes interaction; Fig. 4.3). There was also an interaction between
recovery and Bythotrephes on species diversity, such that Bythotrephes had a negative
effect on diversity in the recovered treatment, but increased diversity in the acid-damaged
community.
There was a significant interaction between Bythotrephes and recovery on
abundances of E. longispina and cyclopoid copepodids (Fig. 4.4). Averaged over Week 1
to 4, these taxa declined in abundance by 90 individuals⋅m-3 (E. longispina) and 31
individuals⋅m-3 (cyclopoid copepodids) in the presence of Bythotrephes in the recovered
treatment, but increased their abundances in the acid-damaged community by 79
individuals⋅m-3 and 32 individuals⋅m-3, respectively. Mesocyclops edax concentration
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also declined by 14 individuals⋅m-3 in the recovered treatment, but increased by 8
individuals⋅m-3 in the acid-damaged treatment, although it was not statistically significant.

Bythotrephes
I was able to detect Bythotrephes at low abundances (< 2 individuals per
enclosure) throughout the experiment in four of the six invaded enclosures, using the 15cm diameter net during routine zooplankton sampling. At the conclusion of the
experiment, I suspect that Bythotrephes abundances had declined because I was only able
to retrieve live individuals from two enclosures. Both dead specimens and broken tail
spines were recovered in all enclosures.

DISCUSSION
The results of my study indicate that Bythotrephes can have negative effects on
several measures of community structure, but that the initial community composition is
an important determinant of the extent of the effect of Bythotrephes. In the context of this
experiment, the degree to which the zooplankton community in a lake had recovered from
acidification influenced the outcome of the invasion. This interactive effect of an invader
with different stages of recovery from acidification gives important evidence that the
invasion of Bythotrephes into different systems will have complex and unpredictable
effects. Bythotrephes negatively affected total community biomass and abundance, and
caused compositional shifts due to the loss of small cladoceran taxa. Surprisingly,
Bythotrephes had a stronger impact on the recovered zooplankton assemblage in terms of
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both total zooplankton abundance and diversity, contrary to my expectation that the more
diverse community would be more resistant to stress.
My experimental invasion of Bythotrephes into two distinct zooplankton
communities in different stages of recovery had a significant negative effect on the total
abundance and total biomass of zooplankton communities (Fig. 4.3). These results are
consistent with previous studies of invasions, where total zooplankton community
abundance declined in mesocosms with Bythotrephes (Wahlström and Westman 1999),
and in Harp Lake, Ontario, where total zooplankton abundance in pre-invasion years was
greater than in post-invasion years (Yan et al. 2001). In addition, total mid-summer
zooplankton biomass was 41% lower in lakes which had been invaded by Bythotrephes in
a one-time survey of 30 Shield lakes with and without the invader (Boudreau and Yan
2003). The response of zooplankton in the enclosures was unlikely caused by factors
other than Bythotrephes. I detected no statistical differences in conductivity, temperature,
dissolved oxygen, or nutrients among the experimental treatments. There were
significant increases in total chlorophyll a in invaded enclosures, which is a response
consistent with declines in zooplankton abundance or biomass (i.e., decreased grazing
rates). On Week 0 there tended to be higher levels of phosphorus in the invaded
treatment, which may have also contributed to the higher abundance of chlorophyll a.
Thus, declines in abundance and biomass seem to be a consistent response of zooplankton
communities to a Bythotrephes invasion, regardless of the initial state or recovery status
of the community.
A major factor in the decrease in total community abundance in the experiment
was the negative effect Bythotrephes had on E. longispina and Bosmina (Bosmina) spp. in
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the recovered community. My results concur with previous studies that have suggested
that Bythotrephes has a preference for bosminids (Wahlström and Westman 1999; Yan et
al. 2001). However, in the acid-damaged community, Bythotrephes had no effect on
Bosmina (Bosmina) spp. and a positive effect on E. longispina. This difference in
response to Bythotrephes probably occurred because Bosmina (Bosmina) spp. and E.
longispina were able to escape heavy predation because of their relatively low abundance.
The effect of Bythotrephes on individual species tended to be dependent on the initial
density of the prey species, which may have enabled some species to escape predation
and increase in abundance due to release from competition, e.g., E. longispina. In a
regression of the relative effect size of Bythotrephes against log(x+1)-transformed
abundances in the absence of the invader, zooplankton abundance explained a highly
significant amount of variation in the effect size of Bythotrephes on prey species (r2 =
0.706, p < 0.001). This suggests that, although Bythotrephes exhibits a strong preference
for cladocerans, it tends to prey on the most abundant species present.
The individual species and community responses to Bythotrephes were dependent
on the recovery status of the zooplankton community. In my experiment, the presence of
Bythotrephes had a greater negative effect on the abundance of the recovered zooplankton
community. Three taxa (E. longispina, M. edax, and cyclopoid copepodids) were more
negatively affected by Bythotrephes in the recovered treatment, in agreement with other
experimental and survey data in systems which were not damaged by acidification
(Wahlström and Westman 1999; Boudreau and Yan 2003). Communities structured by
past acidification and at different stages of recovery have species present in abundances
that reflect their tolerance for the abiotic conditions of the lake. In lakes invaded by
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Bythotrephes, the species most tolerant to the local abiotic environment, and therefore the
species with the highest concentrations, will be the most susceptible to density-dependent
predation. This effect will be exacerbated in recovered communities where acidsensitive cladocerans have returned to high concentrations. Dumitru et al. (2001)
calculated that Bythotrephes can remove > 100% of total zooplankton production per day
in Harp Lake, a Precambrian Shield lake. On average, cladocerans contribute > 40% of
the total zooplankton biomass in these lakes (Arnott et al. 2001). Therefore, densitydependent predation, combined with feeding preferences for small cladocerans, makes
this zooplankton group particularly vulnerable to Bythotrephes predation. In aciddamaged lakes, small cladocerans are likely to experience a reduced impact of
Bythotrephes because of their low proportional abundance. The reduced effect of
Bythotrephes on E. longispina in the acid-damaged community in my experiment
supports this hypothesis.
Alternatively, the acid-damaged zooplankton community may have been suffering
from stress associated with being moved to higher pH. This stress may have prevented
the community from experiencing a rapid increase in the absence of predators, as shown
in the recovered community. However, if the acid-damaged zooplankton were stressed
by the change in pH, they likely would have decreased in abundance within the first few
weeks of the experiment. There was no significant difference in the abundance of aciddamaged zooplankton in the no Bythotrephes treatment between Weeks 0 and 1 (t-test, p
= 0.646), thus, pH stress is an unlikely explanation for differences in acid-damaged and
recovered community responses to invasion.
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Density dependent predation likely explains the observed effect of Bythotrephes
on species diversity. In the acid-damaged community, > 90% of species abundance was
attributable to two acid-tolerant species, L. minutus and D. birgei. By preying on the
most abundant species, Bythotrephes allowed other species to be released from
competition for resources, resulting in increased levels of diversity in the acid-damaged
community.
I was surprised by the lack of a significant effect of Bythotrephes on species
richness. Yan et al. (2002) detected a 17% decline in species richness in Harp Lake over
a period of seven years following the invasion of Bythotrephes. As well, Boudreau and
Yan (2003) found a 30% decrease in species richness in 13 boreal shield lakes invaded by
Bythotrephes. The inability to detect an effect of Bythotrephes on crustacean zooplankton
richness was probably because of the short-term scale of my experiment. The long-term
monitoring program of Harp Lake generated a database with 12 and seven years of preand post-invasion samples, respectively (Yan et al. 2001; Yan et al. 2002). Boudreau and
Yan (2003) sampled lakes which may have been invaded for up to 10 years and thus had
several years for Bythotrephes to impact the zooplankton community. My experiment
lasted four weeks, and while this duration was long enough to detect changes in species
concentrations, it may not have been long enough for the extirpation of species to take
place.
In summary, recovered and acid-damaged zooplankton communities responded
differently to Bythotrephes in terms of individual species concentrations and for more
aggregate community structure metrics, including total zooplankton concentration and
diversity. I was surprised to find that the impact of Bythotrephes was greater in the
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recovered than the acid-damaged zooplankton community. This suggests that when an
invasive species enters a system that is being influenced by other anthropogenic stressors,
the results may be complex and difficult to predict. In my experiment, the initial
composition of the community, especially the abundance of favoured prey, small
cladocerans, seemed to influence the magnitude of the effect that Bythotrephes had on the
community. Similarly, other studies have found that the interaction of multiple stressors
had varying and surprising results on aquatic communities. In their study, Folt et al.
(1999) found that the combination of 30 °C temperature with either low food or a toxin
was more harmful to daphniids than the effects of either one of the stressors alone. In
other cases, the combination of the toxin and low temperature (20 °C) was less stressful
than the effect of the single worst stressor by itself (Folt et al. 1999). In Swan Lake, near
Sudbury, Ontario, chemical and biotic recovery from long-term acid deposition was
interrupted by an additional stressor: a two year drought which caused the lake to reacidify (Yan et al. 1996a). This interaction between climate and acidification had
unpredictable effects, including a temporary increase in crustacean zooplankton species
richness resulting, partially, from the appearance of acid-sensitive species (Arnott et al.
2001). A review of marine and estuarine non-indigenous species invasions found that a
high percentage of invasions occurred with other stressors, but that these effects were
seldom quantified (Ruiz et al. 1999). To date, this is the first study that I have knowledge
of that quantitatively examines how an invasive species can interact with biological
recovery from acidification.
My study provides evidence that the concerted effect of invasion and acidification
will have substantial negative impacts on crustacean zooplankton in lakes. This is
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especially important for crustacean zooplankton, which are generally slow to recover
from acidification (Locke et al. 1994) and are the primary prey items for Bythotrephes. In
Yan et al.’s (2003) conceptual framework of biological recovery, suitable water quality,
followed by availability of colonists, and overcoming demographic and stochastic hurdles
are the main steps to recovery. The last step in this framework is influenced by
community-level factors, such as predation, which will modify the population growth of
the target organism, and thus affect biological recovery (Yan et al. 2003). The invasion
of Bythotrephes in lakes may effectively implement a roadblock to recovery by preying
on species in the process of recovery. A > 64% decline in the abundance of L. minutus in
the acid-damaged treatment that was exposed to Bythotrephes predation, suggests that
Bythotrephes will likely have a substantial impact on acid-damaged lakes where L.
minutus dominates the community. This is of particular importance because a recent
study revealed that L. minutus is currently the dominant crustacean zooplankton species
in 35% of the lakes in Killarney Park (Arnott, unpublished). Sprules (1975) identified six
main species that occur in Killarney lakes across a broad pH range: Diaptomus minutus,
Bosmina longirostris, Holopedium gibberum, Mesocyclops edax, Cyclops bicuspidatus
thomasi, and Diaphanosoma leuchtenbergianum (see Table 4.5 for taxonomic revisions).
Of these acid-tolerant species, Bythotrephes negatively affected abundances of three in
both recovered and acid-damaged communities in my study, and negatively affected two
others in the recovered community only (Table 4.5). As well, the abundances of two
acid-sensitive species, Daphnia retrocurva and Epischura lacustris, which were rare in
the Sprules (1975) survey, were negatively impacted by Bythotrephes in the recovered
community in my study (Table 4.5). This suggests that invasion of Bythotrephes into
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regions affected by acidification, can impact not only species that are widely distributed
across the landscape, but also rarer species that may exist in small isolated populations.
The reduction or loss of these isolated, potential sources of colonists may reduce dispersal
rates to other lakes, thereby having important negative consequences for regional
recovery of the biota.
A long-term study of recovering lakes has shown that failed colonization events
can occur frequently, even when conditions are suitable for the establishment of species
(Keller et al. 2002). In one of the study lakes, species were able to arrive via internal
and/or external modes of colonization, but failed to establish lasting populations, in part
due to biological resistance from the invertebrate predator, Chaoborus (Keller et al.
2002), which can prey on many smaller species of zooplankton, including some species
of Daphnia (Vanni 1988). It is likely that Bythotrephes, which has high predation rates
(Lehman and Cáceres 1993; Dumitru et al. 2001), would have a similar effect on
colonizing species of zooplankton, preventing their establishment in recovering lakes.
My study suggests that Bythotrephes will disrupt the structure of communities that are
acid-damaged and those at more advanced stages of recovery, changing the probable
biological endpoint of recovery, such that it will no longer possible for the community to
return to its former composition or even the endpoint that has been reached in other noninvaded lakes.
Although the direct effects of Bythotrephes on zooplankton have been observed in
other systems, previous studies have not shown an indirect effect of Bythotrephes on
chlorophyll a (Lehman and Cáceres 1993; Wahlström and Westman 1999). In my
experiment, the Bythotrephes treatments had significantly higher concentrations of
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chlorophyll a. This indirect effect of Bythotrephes on phytoplankton in the enclosures
suggests that by altering the composition of the zooplankton community, the invader can
cause a trophic cascade of effects in the food web. The invasion of another exotic species
of the Cercopagid family, Cercopagis pengoi, has resulted in numerous changes to the
food web of Lake Ontario. High abundances of C. pengoi resulted in declines of the
herbivores Daphnia retrocurva (reduced from 4650 individuals·m-3 to 120 individuals·
m-3) and Bosmina longirostris (reduced from 32 000 individuals·m-3 to 125 individuals·m3

) in 1999, which led to an increase in phytoplankton biomass (Laxson et al. 2003). My

experimental results indicate that more moderate declines in zooplankton abundance
(32% and 8% reduction in recovered and acid-damaged communities, respectively) can
still precipitate changes in the lower trophic levels.
I recovered few Bythotrephes at the end of the experiment. Several factors may
be responsible. First, Bythotrephes populations may not have been successfully
established in the enclosures. This explanation seems unlikely, as third instar individuals,
carrying eggs in the late stage of development, were detected near the end of the
experiment. This suggests that there were adequate resources to support healthy,
reproducing individuals and that new individuals were entering the populations. Second,
the conical net used for routine sampling was small (0.15-m diameter). Small nets can be
avoided more easily than large nets (Fleminger and Clutter 1965), especially by largebodied zooplankton, such as Bythotrephes, that have a compound eye and can swim more
quickly than some smaller zooplankton (see Muirhead and Sprules (2003) for a
comparison of swimming velocities). The use of the larger net at the conclusion of the
experiment should have reduced this problem. While some Bythotrephes may have been
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able to avoid the net, it may be that populations were reduced at this point in the
experiment, compared to the starting concentrations. Another possibility is that there was
greater mortality of Bythotrephes individuals collected in routine sampling for other
zooplankton. This seems unlikely as no more than two individuals were ever captured
from an enclosure, compared to a total of 68 that were initially stocked. In other
experimental enclosures, there was a reduction in Bythotrephes concentration throughout
the experiment when concentrations were high (37.5 and 62.5 Bythotrephes
individuals·m-3) (Wahlström and Westman 1999), likely due to cannibalism between
conspecifics at high densities. Although the starting concentration was much lower (10
individuals·m-3) and cannibalism was probably not a factor controlling populations, I
suspect that Bythotrephes populations in my experiment may have also declined
throughout the experiment. However, the fact that I captured reproducing individuals and
detected significant differences in many parameters of zooplankton community structure
in my experiment leads me to conclude that the Bythotrephes treatment was maintained,
although perhaps at lower concentrations toward the end of the experiment. Additionally,
variability between enclosures was low, suggesting that the strength of the Bythotrephes
effect was comparable in replicate enclosures, and thus, that densities of the invader were
likely also similar. If Bythotrephes densities did indeed decline through my experiment,
as in Wahlström and Westman (1999), my results are probably conservative estimates of
the magnitude of effects of Bythotrephes on recovered and acid-damaged zooplankton
communities.
A criticism of enclosure studies is that they lack the complexity of an entire
ecosystem (Schindler 1998b). My study was a unique attempt to experimentally unravel
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the direct consequences of an invasion on different zooplankton communities, while
removing confounding factors, such as competition with other invertebrates and predation
from fish. However, the absence of planktivorous fish to prey on Bythotrephes may
create an unrealistic scenario for the invasion of this species into small inland lakes.
Bythotrephes’ role in restructuring the zooplankton community of Harp Lake has
occurred under intensive fish predation, where lake herring (Coregonus artedti)
selectively feed on the invader, even though its relative abundance and biomass is lower
than other preferred prey items (Coulas et al. 1998). Decreases in the abundances of four
species of native cladocerans were observed in Lake Michigan after the invasion of
Bythotrephes, where all but Daphnia galeata mendotae were decimated, despite the
presence of planktivorous fish (Lehman and Cáceres 1993). Past studies have suggested
that invertebrate predators can only structure zooplankton communities when
planktivorous fish are absent or in low abundance (Black II and Hairston Jr. 1988).
However, Bythotrephes has demonstrated the ability to structure zooplankton
communities, regardless of whether or not it is in the presence of fish, suggesting that it
can be an important component of lake food webs, and thus, that my manipulation was
realistic. An additional criticism of enclosure studies is the brevity of the experimental
manipulation and the applicability of the results in the long term. Studies of this nature
can be looked upon as models that examine specific questions, which can then be tested
in increasingly complex ways, exploring a range of possibilities that can occur in natural
systems (Drake et al. 1996). At this level of organization, the direct effects of
invertebrate predation on zooplankton communities occur quickly, due to the short
generation times of these organisms, but can be important in the long-term structuring of
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the community. For example, a feeding experiment with Chaoborus conducted in < 6 d
found results that were consistent with field studies of the size-selective predation of
Chaoborus on Daphnia (MacKay and Elser 1998). In addition, the indirect consequences
of predation, such as release from competition, can also cause changes to occur rapidly in
the zooplankton community, as some taxa can increase their abundance quickly due to
parthenogenic reproduction. My experiment provides a stepping stone for future
predictions about the effects of Bythotrephes in boreal lakes. Due to the rapid spread of
Bythotrephes in inland lakes, many natural whole-lake experiments will be created,
allowing for further tests of the specific hypotheses generated by my experiment.
The invasion of exotic species is a problem of growing concern, as both terrestrial
and aquatic ecosystems are susceptible to introductions from a variety of sources, e.g.,
ballast water, aquaculture, intentional introductions (see Ricciardi and Rasmussen 1998).
In this study, the effects of an invasive species on two very different communities were
experimentally tested. Bythotrephes negatively affected community and species
parameters in both recovered and acid-damaged zooplankton communities. This will
have serious implications for the continued success of biological recovery in the wake of
decreased sulphur dioxide emissions and improved water chemistry.
At the community-level, both acid-tolerant species, such as L. minutus, which
occupies a large fraction of lakes and dominates zooplankton assemblages in acidification
events, as well as acid-sensitive species, such as E. longispina, which are recolonizing
lakes in the improved environment, were negatively affected. At the ecosystem-level,
declines of 32% and 28% in the biomass of recovered and acid-damaged zooplankton,
respectively, will likely have severe effects on several trophic levels throughout the food
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web. Planktivorous fish rely on zooplankton as a food source, and will likely suffer from
both decreases in prey availability and increased competition from Bythotrephes,
resulting in greater energetic costs to obtain food. A previous study has also shown that
other invertebrate predators may be outcompeted for food and directly preyed upon by
this voracious invader (Branstrator 1995). Phytoplankton populations may proliferate in
the absence of herbivorous zooplankton, as these experimental results suggest that release
from predation pressure by Bythotrephes can increase phytoplankton biomass. Overall,
the results from my experiment suggests that Bythotrephes will not only affect
zooplankton communities directly through changes to its structure, but will indirectly
alter other trophic levels in boreal lakes, leading to unexpected food web changes in
different lake types.
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TABLE 4.1. Summary of water chemistry variables of Kakakise Lake, Bell Lake, and
Ruth Roy Lake, Killarney Park, Ontario from data collected from a surface water sample
(3-4 July 2001; J. Heneberry, Cooperative Freshwater Ecology Unit, Laurentian
University, Sudbury, Ontario P3E 2C6, unpublished data).
Limnological variable
Lake surface area (ha)
Maximum depth (m)
Mean depth (m)
pH
Conductivity (µS·cm-1)
Ca (mg·L-1)
SO4 (mg·L-1)
Al (µg·L-1)
Cu (µg·L-1)
Ni (µg·L-1)
Total phosphorus (µg·L-1)
Total Kjeldahl nitrogen (mg·L-1)
Dissolved organic carbon (mg·L-1)

Kakakise
112.6
30.5
13.5
6.9
28.8
2.3
6.5
27.8
1.0
2.5
6.0
0.2
3.0

Bell
347.4
26.8
8.1
6.4
26.5
2.0
7.0
53.8
2.1
7.6
6.0
0.2
5.3

Ruth Roy
54.5
18.0
4.3
4.8
21.9
1.0
7.0
335.0
1.8
12.5
4.0
0.2
1.9
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TABLE 4.2. Average pH, conductivity (µS·cm-1), total phosphorus (µg·L-1), surface
temperature (°C), and dissolved oxygen (mg·L-1) measured on each enclosure on selected
dates during the experiment. The standard deviations of the measurements are in
parentheses.
Recovered

Acid-damaged
No
Bythotrephes
Bythotrephes
6.8 (0.09)
6.8 (0.05)
6.7 (0.07)
6.7 (0.02)
6.6 (0.05)
6.6 (0.02)

Week

Bythotrephes

pH

0
2
4

6.8 (0.03)
6.7 (0.03)
6.7 (0.01)

No
Bythotrephes
6.8 (0.01)
6.7 (0.01)
6.6 (0.02)

Conductivity
(µS·cm-1)

0
2
4

26.1 (0.10)
26.2 (0.40)
26.2 (0.25)

26.1 (0.00)
26.0 (0.00)
26.0 (0.28)

26.2 (0.17)
26.4 (0.44)
26.4 (0.30)

31.6 (10.3)
25.9 (0.31)
26.1 (0.25)

0
4

12.9 (6.37)
3.2 (0.85)

7.5 (1.27)
2.5 (2.83)

9.7 (1.62)
2.7 (0.40)

4.4 (0.99)
3.3 (1.12)

Temperature
(°C)

0
2
4

19.8 (0.21)
20.5 (0.04)
21.2 (0.08)

19.6 (0.13)
20.7 (0.04)
21.1 (0.01)

19.8 (0.17)
20.3 (0.27)
21.25 (0.09)

19.7 (0.16)
20.3 (0.01)
21.2 (0.09)

Dissolved
oxygen
(mg·L-1)

0
2
4

10.4 (0.08)
10.1 (0.15)
10.2 (0.07)

10.1 (0.03)
9.9 (0.31)
10.0 (0.07)

10.2 (0.13)
10.1 (0.18)
9.9 (0.07)

10.3 (0.11)
10.1 (0.12)
10.0 (0.19)

Variable

Total
phosphorus
(µg·L-1)
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TABLE 4.3. Two-factor repeated measures analysis of variance on zooplankton
community metrics in enclosures comparing the effect of an invasion Bythotrephes
(Bytho) on recovered and acid-damaged (Recov) communities across the length of the
experiment (Time). Values reported are F-ratios.

Recov

Bytho

Recov
×
Bytho

Time

Time ×
Recov

Time ×
Bytho

Time ×
Recov ×
Bytho

Log
biomass

30.49** 7.98*

0.01

18.42** 7.52*** 5.10**

1.76

Abundance

59.10** 7.69*

5.41†

6.40**

4.12*

2.91†

4.18*

0.95

1.31

2.00

0.13

4.87*

4.69*

2.85†

0.65

Species
73.28** 0.01
0.69
richness
Species
17.53** 1.00
4.20†
diversity
† p < 0.1, * p < 0.05, ** p < 0.01

Eubosmina longispina
Bosmina (Bosmina) spp.
Holopedium gibberum
Diaphanosoma birgei
Sida crystallina
Leptodiaptomus minutus
Diacyclops bicuspidatus
12.94**
thomasi
183.81**
Mesocyclops edax
41.63**
Tropocyclops extensus
6.19*
Calanoid copepodid
78.19**
Cyclopoid copepodid
27.09**
Calanoid nauplii
32.68**
Cyclopoid nauplii
† p < 0.1, * p < 0.05, ** p < 0.01

Recov
54.74**
3.65†
360.80**
1.18
0.14
0.03
<0.01
4.94†
0.01
0.11
8.00*
1.70
1.68

1.03

Bytho
0.19
0.87
5.64*
2.37
1.76
6.33*

1.50
0.25
2.94
5.86*
3.81†
1.01

Recov ×
Bytho
16.53**
0.82
0.78
1.27
0.87
0.69

13.70**
1.25
10.54**
3.02
25.65**
2.29

1.24

Time
10.37**
2.43†
59.38**
2.82†
1.82
18.12**

6.62**
2.53†
4.12*
0.23
2.23
0.40

1.33

Time ×
Recov
1.48
2.47
23.65**
14.46**
0.81
0.30

0.66
1.00
4.14*
0.03
1.33
2.16

0.89

Time ×
Bytho
4.17*
7.91**
3.36*
0.97
0.18
3.30*

0.51
0.66
0.52
0.33
0.41
1.10

1.31

Time ×
Recov ×
Bytho
2.24
2.70†
1.75
1.26
2.74†
2.78†

TABLE 4.4. Two-factor repeated measures analysis of variance on abundance of zooplankton species in enclosures comparing
the effect of an invasion of Bythotrephes (Bytho) on recovered and acid-damaged (Recov) communities across the length of the
experiment (Time). Values reported are F-ratios.
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TABLE 4.5. A summary of the effects of Bythotrephes on species in acid-damaged and
recovered enclosures, listed from the least pH tolerance to the greatest. Species included
occur on at least four dates in the experiment. The tolerance ranges reported are limited
to the geographic region of my study, as species responses may vary in different locales.
Recovered
Acid-damaged
(%
change in
(%
change
in
pH
abundance)
abundance)
tolerance*
5.9-7.0
---51.4
Epischura lacustris
5.4-7.0
878.7
-82.3
Eubosmina longispina
5.2-6.4
---90.5
Daphnia retrocurva
Tropocyclops extensus a
5.2-7.0
--21.6
≥ 5.0
31.9
-61.2
Sida crystallina
Diacyclops bicuspidatus thomasi b
4.2-7.0
214.3
-26.4
Diaphanosoma birgei c
4.2-7.0
-40.6
-31.6
4.2-7.0
344.4
30.0
Holopedium gibberum
4.2-7.0
276.2
-13.0
Mesocyclops edax
4.1-5.6
-7.7
--Polyphemus pediculus
d
Bosmina (Bosmina) spp.
4.0-7.0
-60.9
-70.0
e
Leptodiaptomus minutus
4.0-7.0
-39.1
-38.2
* Source for Eubosmina longispina: Keller and Yan (1998), Sida crystallina: Walseng et
al. (2003), all others from Sprules (1975)
a
Formerly Tropocyclops prasinus mexicanus
b
Formerly Cyclops bicuspidatus thomasi
c
Formerly Diaphanosoma leuchtenbergianum
d
Formerly Bosmina longirostris
e
Formerly Diaptomus minutus
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FIGURE 4.1. Study site in Killarney Wilderness Park, Ontario, Canada.
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2.0

(a) total chlorophyll a

1.6

Chlorophyll a (µg·L-1)

1.2
0.8
0.4
0.0
(b) edible chlorophyll a
1.6
1.2
0.8
0.4
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1
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Week of experiment

4

FIGURE 4.2. Chlorophyll a concentration (µg·L-1) in response to experimental treatments:
(a) total and (b) edible (< 30 µm). Symbols indicate the four treatment combinations:
acid-damaged and no Bythotrephes ({), acid-damaged and Bythotrephes (z), recovery
and no Bythotrephes ( ), recovery and Bythotrephes (). Vertical bars represent
standard error (n = 3 for all treatments except recovery and no Bythotrephes where n = 2).
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Total abundance
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FIGURE 4.3. Community responses of zooplankton to Bythotrephes and recovery
treatments: (a) log (x+1) biomass (mg·m-3), (b) abundance (individuals·m-3), (c) species
richness, (d) species diversity. Symbols indicate the four treatment combinations: aciddamaged and no Bythotrephes ({), acid-damaged and Bythotrephes (z), recovery and no
Bythotrephes ( ), recovery and Bythotrephes (). Vertical bars represent standard error
(n = 3 for all treatments except recovery and no Bythotrephes where n = 2).
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FIGURE 4.4. Log (x+1) abundance (individuals·m-3) of zooplankton species and juveniles
in response to experimental treatments. Symbols indicate the four treatment
combinations: acid-damaged and no Bythotrephes ({), acid-damaged and Bythotrephes
(z), recovery and no Bythotrephes ( ), recovery and Bythotrephes (). Vertical bars
represent standard error (n = 3 for all treatments except recovery and no Bythotrephes
where n = 2).
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(a) calanoid copepods
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FIGURE 4.5. Abundance (individuals·m-3) of zooplankton functional groups in response
to experimental treatments: (a) calanoid copepods, (b) cyclopoid copepods, (c) large
cladocerans, (d) littoral cladocerans, and (e) small cladocerans. Symbols indicate the four
treatment combinations: acid-damaged and no Bythotrephes ({), acid-damaged and
Bythotrephes (z), recovery and no Bythotrephes ( ), recovery and Bythotrephes ().
Vertical bars represent standard error (n = 3 for all treatments except recovery and no
Bythotrephes where n = 2).
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CHAPTER 5: DISPERSAL MEDIATES THE EFFECTS OF THE INVADER,
BYTHOTREPHES, ON CRUSTACEAN ZOOPLANKTON COMMUNITY STRUCTURE AND
FUNCTION

Angela L. Strecker and Shelley E. Arnott
Department of Biology, Queen’s University, Kingston, Ontario, Canada K7L 3N6

143

ABSTRACT
The number and magnitude of biotic and abiotic stresses to freshwater ecosystems have
increased substantially in the past several decades, and thus understanding the role of
dispersal in connecting together communities of organisms is a necessity for predicting
future responses to change. I examined how dispersal may buffer crustacean zooplankton
communities against the invasive invertebrate predator, Bythotrephes, as it might be
expected that communities in freshwater systems will respond differently to dispersal in
the presence of a non-native predator as compared to a native predator. Using large
enclosures, I experimentally tested the effect of dispersal into: 1) a community invaded
by Bythotrephes, 2) the same community with the invader removed, and 3) a community
that was never invaded. Dispersal had a positive effect on all measures of zooplankton
structure (abundance, richness, diversity, evenness) and had variable effects on
community function, increasing biomass, but generally having no effect on predictability.
However, these effects were usually only significant in the invader-removed treatment,
likely because biotic resistance was low and predation pressure was reduced. Dispersal
tended to make the invader-removed communities more similar to never-invaded
communities in terms of abundance, biomass, and composition, but not for diversity
measures. The invaded community remained damaged, although dispersal significantly
increased richness and improved community composition. Given that Bythotrephes
exhibits rapid seasonal changes in abundance, my results have important implications for
the role of dispersal in mediating the negative effects of the invader on zooplankton
community structure and function, especially if the colonist pool consists of species that
are able to reproduce quickly. My study may help to explain the high amount of

144

variability that has been observed in other studies of zooplankton communities invaded
by Bythotrephes, as dispersal through space (or time) may rapidly increase zooplankton
community abundance during windows of opportunity when the invader is not present.
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INTRODUCTION
Since the hallmark theory of island biogeography (MacArthur and Wilson 1967),
dispersal has received increasing attention for its role in connecting populations of
organisms. Early theoretical work suggested that movement of individuals of a species
between patches, i.e., metapopulations, could influence local and regional population
dynamics via processes such as the rescue effect (Brown and Kodric-Brown 1977;
Hanski 1982; Gotelli 1991), source-sink dynamics (Holt 1985; Pulliam 1988), and mass
effects (Shmida and Wilson 1985). Tests of these theories have demonstrated that
immigration can increase persistence of a single species (reviewed in Harrison and Taylor
1997) and a predator-prey pair (Amezcua and Holyoak 2000). Recently, metapopulation
theory has been conceptually expanded to higher levels of organization, i.e.,
metacommunities (Holyoak et al. 2005) and meta-ecosystems (Loreau et al. 2003b),
whereby spatial dynamics link together communities and ecosystems.
A number of empirical studies have attempted to elucidate the mechanisms in
which dispersal can influence species richness and diversity, especially in light of
increasing habitat loss and fragmentation (Fahrig 2003). Shurin et al. (2000) found that
once the effect of spatial scale was removed from regional surveys, zooplankton
communities were not saturated with species, suggesting that dispersal was limiting, and
that local interactions were not preventing species from establishing. However, several
experimental studies have found that the local community prevented establishment of
dispersing species, suggesting that local interactions play a more important role than
dispersal in structuring communities (Lukaszewski et al. 1999; Shurin 2000; Forrest and
Arnott 2006). In addition, dispersal-related factors were an important predictor of

146

zooplankton community structure in a series of inter-connected ponds, which the authors
attributed to the high rates of movement between ponds, such that dispersal was a
structuring force rather than a limiting force (Cottenie et al. 2003). A meta-analysis
synthesizing the experimental effects of dispersal on diversity in a variety of organisms
found that dispersal generally increased local richness, but that the effect was variable
(Cadotte 2006). Cadotte (2006) suggested that other factors, such as the presence of a
generalist predator, environmental heterogeneity, and inherent competitive differences
between species, may influence the effect of dispersal on richness, and need to be
incorporated into future studies.
Historically, predation was thought to be a diversifying force which allowed
inferior competitors to coexist with dominant species (Paine 1966; Lubchenco 1978).
However, this relationship can vary with local conditions and interactions between
predators and prey (McPeek 1998; Proulx and Mazumder 1998), as well as complex
predator-prey interactions in metacommunities. While some experimental and theoretical
studies have demonstrated that predation increases prey species richness in a
metacommunity (Shurin 2001; Shurin and Allen 2001), other experimental studies have
shown that a predator can override the positive effects of dispersal at both local and
regional scales (Kneitel and Miller 2003; Cadotte et al. 2006). Jiang and Morin (2005)
showed that a generalist predator could have substantially different effects than a
specialist predator on a prey community at differing resource levels, suggesting that diet
breadth may play an important role in community interactions.
Although there is mounting evidence that regional connectedness can affect local
diversity, the extrapolation of these effects to ecosystem function in metacommunities
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has rarely been explored. In a verbal model, Bond and Chase (2002) predicted that
ecosystem function would increase as regional species richness increased. However,
theoretical work by Mouquet and Loreau (2003) suggests the relationship between
diversity and one measure of ecosystem function, productivity, is dependent on dispersal
rates. Local productivity is highest at low dispersal because the dominant species has the
highest reproductive rate, but as dispersal increases, less competitive species with lower
reproductive rates are maintained by immigration, thus lowering average productivity
(Mouquet and Loreau 2003). Dispersal significantly increased zooplankton richness, but
not biomass, in the presence of a predator in an experimental study (Shurin 2001),
suggesting that although species may be able to establish under a predation regime, their
biomass may remain under strong top-down control. Experimental manipulations of
dispersal and diversity in multitrophic seagrass communities demonstrated that
interactions between trophic levels may influence the outcome of metacommunity
dynamics (France and Duffy 2006).
Bythotrephes longimanus Leydig (Onychopoda, Cercopagididae) (hereafter
Bythotrephes) is an invertebrate predator that has invaded all of the North American
Great Lakes (Johannsson et al. 1991) and a number of inland lakes in Ontario and the
upper United States (MacIsaac et al. 2004). Bythotrephes is a generalist predator that
feeds on a variety of zooplankton taxa (Vanderploeg et al. 1993), and has substantially
reduced crustacean zooplankton species richness and abundance in invaded lakes (Yan et
al. 2002; Strecker et al. 2006). In addition, Bythotrephes can have negative effects on
secondary production in lakes (Strecker and Arnott, in review), potentially disrupting the
flow of energy to higher trophic levels and altering ecosystem function. Bythotrephes is
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seasonally parthenogenic, producing sexual resting eggs in the fall that overwinter in lake
sediments; however, the timing of this diapause can vary from year to year (Yan et al.
2001). In addition, Bythotrephes can exhibit rapid shifts in abundance within a season
(Strecker and Arnott, in review), suggesting that population dynamics may vary both
intra-and inter-annually, creating windows of time in which the invader is not present in
the water column.
My objectives were to experimentally determine the role of dispersal in
maintaining crustacean zooplankton community structure and function when an invasive
generalist predator has influenced the community. Although the effects of dispersal and
predation on community structure have been tested previously in different systems
(Shurin 2001; Cadotte et al. 2006), I expect that the effects of an invasive predator will be
more pronounced and generate unexpected patterns because the prey species in my study
are naïve: they lack a long-term evolutionary history with this type of predator, and as
such , do not have appropriate anti-predator defenses (Cox and Lima 2006). Prey naiveté
is hypothesized to be greatest for freshwater systems because regional- and local-scale
heterogeneity prevents a long history of exposure as compared to terrestrial and marine
environments (Cox and Lima 2006). Ricciardi and Atkinson (2004) also found that the
impact of an invader was greater if it had fewer shared genera with native species. This
is especially true of Bythotrephes, which was the first member of the family
Cercopagididae to reach North America. Thus, zooplankton communities may respond to
the interaction of a non-native predator and dispersal in complex ways. Specifically, my
objectives were to examine changes in zooplankton structure (abundance, diversity,
composition) and function (biomass, predictability) in: 1) a community that has been
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invaded by Bythotrephes; 2) a community invaded by Bythotrephes, but with the invader
removed; and 3) a reference community that was never invaded by Bythotrephes. I
hypothesized that dispersal would: 1) have positive effects on zooplankton community
structure and increase community biomass and predictability in the invaded lake
community by providing new propagules to fill niches made empty (i.e., the rescue
effect) by the invader; however, colonist establishment will be moderate due to continued
predation by Bythotrephes on the newly-arrived dispersers (Cadotte et al. 2006); 2) have
the greatest positive effect on zooplankton in the invader removed community, since
colonists will be able to fill empty niches created by predation, but be removed from
direct predation by Bythotrephes; and 3) have no effect on the never-invaded community,
as biotic resistance is high and establishment of new organisms would be prevented by
the local community (the monopolization hypothesis: De Meester et al. 2002).

MATERIALS AND METHODS
Experimental design
Killarney Wilderness Park, which is located about 60 km from Sudbury, Ontario,
Canada, was the site of large-scale regional acidification from metal smelting. Many
Killarney lakes were acidified during the height of smelter emissions in the 1960s
(Beamish and Harvey 1972), some of which have since experienced chemical and
biological recovery (Holt and Yan 2003; Keller et al. 2003). All of the lakes in the
experiment lie on the boreal shield and are surrounded by mixed deciduous and
coniferous forests. The lakes are circumneutral, oligo-mesotrophic, and have similar
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chemical and physical properties, with the exception of slightly higher aluminum and
nickel concentrations in Killarney lakes (Table 5.1).
I conducted a 2 × 3 factorial experiment in George Lake in July and August 2004.
The first factor, dispersal, consisted of two levels: no dispersal and regional dispersal.
The second factor, invasion, consisted of three levels: invaded, invader removed, and
never invaded, for a total of six treatment combinations, each replicated four times. The
dispersal treatment consisted of two levels: 1) regional dispersers collected from Bell,
Helen, and Low lakes at total concentration of ~1.7% of the enclosure volume
(approximately 0.6% per lake); and 2) no dispersal, assuming that few zooplankton
entered the enclosures aerially. The invasion treatment consisted of three levels: 1)
invaded, where zooplankton were collected from Bernard Lake and added to enclosures
at ambient density, and Bythotrephes individuals from the same lake were added at
moderately high densities (11.3 individuals·m-3, consistent with mid-summer values
observed in Harp Lake, Ontario (Yan et al. 2001)); 2) invader removed, where
zooplankton were collected from Bernard Lake and added to enclosures at ambient
density and all Bythotrephes individuals were removed; and 3) never invaded, where
zooplankton were collected from Ishmael Lake and added to enclosures at ambient
densities. The majority of lakes in the experiment (Helen, Low, Bell, Ishmael, George)
are located within Killarney Park boundaries, while the invaded zooplankton source lake,
Bernard Lake, is located about 170 km from Killarney Park in a similar biogeographical
region (Sprules 1977). Bernard Lake has high Bythotrephes densities (first discovered in
1998), and prior knowledge of invader effects on the zooplankton community indicate
that it is a species-poor lake (Strecker et al. 2006). Ishmael Lake has relatively high
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species richness, typical of other boreal shield lakes, was unaffected by historical
acidification, and long-term records have confirmed the absence of Bythotrephes (S.
Arnott, unpublished).
Clear plastic enclosures (1-m diameter, 9-m deep, total volume 7069 L; Filmtech
Plastics, Brampton, Ontario) were suspended between the cross-bars of 15-m long
floating wooden frames. The top of the enclosures were 0.3 m above the water level to
prevent the immigration of new species. The enclosures were covered with mesh
(approx. 5-mm pore size) to prevent aerial zooplankton colonization by
macroinvertebrate and bird vectors, and were closed at the bottom. Enclosures were
filled with water from George Lake on 5 July 2004, and filtered with 50-µm mesh to
remove crustacean zooplankton. The pH of all of the enclosures was raised from a pH of
approximately 6.4 to pH 6.9 using sodium hydroxide (NaOH) (Fisher Scientific,
Pittsburgh, Pennsylvania) to resemble the pH of zooplankton source lakes and ensure that
there was no acid stress for the zooplankton. The pH was checked throughout the
experiment and adjusted as necessary.
Zooplankton were collected from Bernard Lake on 6 July with an 80-µm mesh
conical net (diameter: 0.35 m), stored in 20-L plastic carboys for transport to the
experiment and added to invaded and invader removed treatment enclosures at ambient
density. Bythotrephes were collected separately with a 400-µm mesh conical net
(diameter: 0.5 m) on the same date, were stored in 20-L plastic carboys for transport to
the experiment, and 80 individuals were added to each of the invaded treatment
enclosures. Bythotrephes was also collected on 22 July (between Weeks 1 and 2) and
added to the enclosures at the same density to ensure reasonable survival of the invader,
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which can be difficult to detect in enclosures (Strecker and Arnott 2005). Zooplankton
were collected from Ishmael Lake on 9 July and added to the experimental enclosures
following the same procedures as the zooplankton collections from Bernard Lake.
Regional dispersers were collected from Low, Helen, and Bell lakes with an 80µm mesh conical net (diameter: 0.15 m) on 15 July (between Weeks 0-1) and 5 August
(between Weeks 3-4). Since natural dispersal levels are difficult to quantify, I chose a
level of dispersal from each lake that was within the range of dispersal rates observed in
interconnected ponds (Michels et al. 2001). Regional dispersers were also heat-killed in
boiling water and added to the no dispersal treatment enclosures at the same density as
the dispersal treatment. An additional aliquot was preserved for enumeration.
Collections of both colonists and experimental zooplankton were scanned for the
presence of macroinvertebrate predators, including Bythotrephes in the Bernard lake
zooplankton, before addition to the enclosures, which were removed when found.
However, small instars of Chaoborus and the transparent Leptodora kindtii were found in
low numbers in several enclosures near the end of the experiment (5 enclosures and 1
enclosure, respectively). Since densities of these macroinvertebrates were low and there
were no apparent effects on zooplankton abundance or biomass (values fell within the
range of other replicates), all analyses included these enclosures.

Sampling protocols
Enclosures were sampled on Week 0 (the day following the addition of
zooplankton from Bernard and Ishmael lakes) and then weekly from Weeks 1-5.
Dissolved oxygen (O2) and temperature profiles were taken biweekly at 1-m intervals
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with a YSI Model 95 probe (Yellow Springs, Ohio). Water samples were taken each
week from the top 8 m of each enclosure with an integrated tube sampler (inner diameter
17 mm). A known volume was filtered through a G4 glass fibre filter (pore size 1.2 µm;
Fisher Scientific, Pittsburgh, Pennsylvania) for total chlorophyll a (chl a), while a second
subsample was pre-filtered through 30-µm mesh to represent the edible chl a fraction.
Filters were frozen and chl a measured using a TD700 fluorometer (Turner Designs,
Sunnyvale, California) after 24 hour extraction in methanol. Conductivity and pH were
measured with an inoLab 740 meter (WTW, Weilheim, Germany). All of the above
variables were measured concurrently in George Lake. In addition, a water sample was
collected once during the last two weeks of July from the colonist lakes, the zooplankton
source lakes, and the experimental lake using the integrated tube sampler, and a suite of
water chemistry variables were measured using Ontario Ministry of the Environment
(1983) protocols (Table 5.1).
Zooplankton were sampled every week from each enclosure with a 80-µm mesh
conical net (diameter: 0.15 m) from a depth of 8.5 m to the surface. Any Bythotrephes
individuals retrieved in sampling were noted and immediately returned to the enclosure.
Zooplankton were anesthetized in Bromo-Seltzer® and preserved with ~5% sugared and
buffered formalin. Zooplankton samples were enumerated and measured on a Leica
MZ12.5 dissecting microscope using the semi-automated counting system ZEBRA2
(Allen et al. 1994). Mean dry weights for zooplankton were calculated using published
length-weight regressions (W.G. Sprules, unpublished data) (McCauley 1984; Culver et
al. 1985; Yan and Mackie 1987). Subsamples of a known volume of the sample were
taken and a minimum of 250 individuals were identified to species. Zooplankton were
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enumerated with a protocol designed to target rare species, where a maximum of 40-50
individuals of the dominant taxa, 40-50 copepodids per order, and 20-30 nauplii per order
were counted. The remainder of the sample was scanned for rare species. Zooplankton
communities are often numerically dominated by a few taxa or juveniles, thus, this
technique is designed to estimate the abundance of common taxa, while assessing
richness by looking through larger portions of the sample for rare species. Because of
uncertainty in identification, Bosmina (Bosmina) freyi and Bosmina (Bosmina) liederi
(DeMelo and Hebert 1994; Taylor et al. 2002), were pooled at the genus level, as were
several chydorid taxa.
Species diversity was calculated using the Shannon-Wiener index, with a
correction suggested by Jost (2006) to represent effective species number. Evenness was
assessed using Evar, an index recommended for general use (Smith and Wilson 1996),
whose values fall between 0 (minimum evenness) and 1 (maximum evenness). Both
evenness and diversity were calculated from adult species abundances. Temporal
coefficient of variation (CV) was calculated for the total community and functional group
biomass in each enclosure from Weeks 1-5 and then averaged between replicates.
Among-replicate variation in biomass was calculated for each treatment on each sampling
date using the median-log Levene’s method, which calculates the absolute value of the
difference between the loge-transformed value of the replicate and the median logetransformed value for the treatment, and is robust to non-normal distributions (Schultz
1985).
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Statistical analyses
I used two-way repeated measures analysis of variance (RM-ANOVA) to test for
differences in total zooplankton abundance, individual species abundances, total biomass,
species richness and diversity measures, temporal and among-replicate variability, and
chl a in the treatments from Week 1-5, followed by a Tukey post hoc test to examine
significant differences between treatment combinations. Week 0 was excluded from the
repeated measures analysis as the dispersal treatment had not yet begun, thus, I would not
expect to observe this effect on the first sampling date. Separate ANOVAs were
performed on Week 0 samples to test for initial differences in zooplankton communities.
If treatments were significantly different on Week 0, I used linear contrasts to interpret
the results of the time interactions of the RM-ANOVA (Quinn and Keough 2002).
Zooplankton community and species abundance, biomass, species richness, and edible
chl a were log-transformed prior to analysis to meet assumptions of normality and
heteroscedasticity.
I used principal components analysis (PCA), a linear ordination technique, to
analyze changes in community composition, as linear techniques are appropriate for
communities with a gradient < 3 (Lepš and Šmilauer 2003). Species abundances were
Hellinger-transformed to reduce the influence of rare species (Legendre and Gallagher
2001), and a few extremely rare species were also removed (occurrence: < 5%, % of total
abundance: < 0.02%). CANOCO 4.5 was used to perform the ordination (ter Braak and
Šmilauer 2002), and site scores were averaged between replicates to generate the
ordination diagram. Differences in community composition were tested using a two-way
ANOVA on axis 1 site scores from individual enclosures.
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In order to assess my ability to detect colonist zooplankton species added to
regional dispersal treatments, I compared the density of zooplankton added from the
colonist aliquot to the density which I observed in the enclosures, with consideration of
the sampling effort. Thus, the density of zooplankton in the first colonist addition was
compared to the enclosure densities on Week 2, and the cumulative additions of the first
and second dispersal events were compared to the enclosure densities on the final
sampling date. I assumed that zooplankton survived, but did not reproduce. I then used a
Poisson distribution to test whether I detected significantly fewer zooplankton present in
the dispersal treatment than I would expect given what was added, which would indicate
failure to establish, or whether there were significantly more zooplankton present, which
would suggest successful establishment.

RESULTS
There were no significant differences in temperature and dissolved oxygen (O2)
between enclosure treatments or between enclosures and the surrounding lake (Appendix
8). The pH of the enclosures was successfully raised to pH ~ 6.9, and conductivity of the
enclosures was similar to the lake (Appendix 8). pH in the never invaded enclosures was
significantly higher than the pH of the invader removed enclosures (F2,18 = 4.24, Tukey p
= 0.04). Conductivity in the never invaded treatment enclosures was significantly greater
than in the invader removed (F2,18 = 4.21, Tukey p = 0.05) and the invaded (F2,18 = 4.21,
Tukey p = 0.05) treatment enclosures. However, these differences were slight: on
average, < 0.1 pH units and 2.2 µS·cm-1, respectively, and are likely not biologically
meaningful.
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There was no significant difference in total chl a on Day 0, but there was a
significant time × Bythotrephes interaction over the course of the experiment (F8,72 =
3.74, p < 0.01), such that the invaded treatment and invader removed treatment generally
declined after the first 2 weeks of the experiment, whereas total chl a in the never invaded
tended to increase towards the end of the experiment (Tukey p < 0.05) (Appendix 8).
Edible chl a was significantly higher in the dispersal treatment on Week 0, on average
about 0.15 µg·L-1 (9%) greater than the no dispersal treatment (F1,18 = 10.39, p < 0.01)
(Appendix 8). As the dispersers had not yet been added on Week 0, this effect is likely
not due to the treatment, but to chance differences in initial chl a concentrations. There
was also significantly higher edible chl a concentrations in the invaded treatment
compared to the never invaded treatment during the experiment (Tukey p = 0.02), on
average, 0.14 µg·L-1 (16%) higher, but the invader removed treatment did not differ from
the invaded and never invaded treatments (Appendix 8).
By design, there were significant differences in some measures of zooplankton
community structure and species abundance on Week 0. Zooplankton biomass, richness,
and diversity, as well as small and large cladoceran functional group abundances, were
significantly lower in the invaded and invader removed treatments as compared to never
invaded treatments on Week 0, as expected (Fig. 5.1, 5.2, Table 5.2). As well, a number
of species abundances were significantly different in invasion treatments on Week 0 (Fig.
5.3, Table 5.3). When treatments are significantly different on the initial sampling date,
treatment interactions with time (i.e., time × invasion) allow for the interpretation of the
main effect of the treatment, i.e., invasion. For species, group, and community measures
that were significantly different initially, a linear contrast was performed, which is used
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to interpret the time × invasion interaction, and these results are reported in Tables 5.2
and 5.3.
There were significant treatment differences in several aspects of community
structure and function (Fig. 5.1, Table 5.2). Zooplankton abundance and biomass were
significantly greater in the invader removed and never invaded treatments as compared to
the invaded treatment (Tukey p < 0.01); however, the effect of the invasion treatment on
biomass was due to initial differences, as the linear contrast time × invasion result
suggests that there was no difference in biomass in the different invasion treatments
through the experiment (time × invasion p = 0.24; Table 5.2). Species richness and
evenness (Evar) were significantly different in all invasion treatments: invaded treatments
were lowest, and increased successively in invader removed and never invaded
treatments (all comparisons: Tukey p < 0.01). Richness was significantly different in
invasion treatments on Week 0; however, linear contrasts indicated that there indeed was
an invasion effect on richness throughout the experiment, as richness increased in the
invaded and invader removed treatments, but did not change in the never invaded
treatment (time × invasion p < 0.01; Table 5.2). Although Shannon-Wiener diversity was
significantly different initially, there was no invasion effect through the experiment (time
× invasion p = 0.83; Table 5.2). There were significant time × invasion interactions in
zooplankton abundance and evenness: abundance increased in the invader removed
treatment, but remained relatively constant in the invaded and never invaded treatments,
whereas evenness increased in the invader removed and never invaded treatments, but
was unchanged in the invaded treatment.
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Regional dispersal significantly increased zooplankton abundance, biomass,
richness, diversity, and evenness (Fig. 5.1, Table 5.2). Interestingly, there were
interactive effects between the invasion and dispersal treatments for several measures of
zooplankton community structure. In general, dispersal had the greatest effect in the
invader removed treatment, and relatively minor effects in the other invasion treatments.
Dispersal significantly increased zooplankton abundance and biomass in the invader
removed treatment (Tukey p < 0.01); however, dispersal had no effect in the invaded
treatment or the never invaded treatment (Tukey p > 0.05). While richness was
significantly greater with dispersal in the invader and invader removed treatments (Tukey
p < 0.05), dispersal had no effect on richness in the never invaded treatment (Tukey p =
0.97). Dispersal significantly increased diversity across treatments, but the conservative
Tukey post hoc test did not reveal any significant differences between treatments (p >
0.10). In addition, evenness increased with the addition of dispersers in the invader
removed treatment (Tukey p < 0.01), but dispersal did not alter evenness in the invaded
or never invaded treatments (Tukey p > 0.05).
Zooplankton functional group abundances were altered by the experimental
treatments (Fig. 5.2, Table 5.2). Cyclopoid copepods were significantly more abundant
in the invader removed treatment than in the invaded and the never invaded treatment
(Tukey p < 0.01). Although large and small cladoceran abundance was significantly
different in invasion treatments on Week 0, linear contrasts showed that there was an
invasion effect through the experiment, such that cladocerans increased through time in
the invaded and invader removed treatment, but either stayed constant (small
cladocerans) or increased slightly (large cladocerans) in the never invaded treatment
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(time × invasion for both groups p < 0.01; Table 5.2). There were no significant
differences in calanoid copepod abundance in the invasion treatments (Tukey p > 0.05).
Dispersal significantly increased large and small cladoceran abundance and had
moderate positive effects on calanoid and cyclopoid abundance (Fig. 5.2, Table 5.2).
There were also significant interactions between the dispersal and invasion treatments for
functional groups: dispersal increased abundance of large cladocerans in the invaded and
invader removed (Tukey p < 0.05) treatments, but had no effect in the never invaded
treatment (Tukey p = 1.00). Small cladoceran abundance was significantly greater in the
invader removed treatment with dispersers added (Tukey p = 0.01), but was unaffected in
the invaded or never invaded treatment (Tukey p > 0.05). Large cladocerans also
displayed significant time × dispersal and time × invasion × dispersal effects, where the
increased abundance of large cladocerans in dispersal treatments did not begin until about
midway through the experiment (graph not shown) and dispersal tended to increase large
cladoceran abundance in the invaded and invader removed treatments, but had no effect
in the never invaded treatment (Table 5.2).
There were also changes in the predictability of the zooplankton communities
(Fig. 5.4, Table 5.4). Temporal CV of total community biomass was significantly
increased in the invader removed treatment compared to never invaded treatment (F1,18 =
6.64, Tukey p < 0.01), but did not differ from the invaded treatment (Tukey p = 0.09).
Dispersal had no effect on the variability of community biomass (F1,18 = 0.02, p = 0.90).
Temporal CV of biomass in large (F2,18 = 13.42, p < 0.01) and small cladocerans (F2,18 =
36.46, p < 0.01) was significantly affected by the invasion treatment: invaded and invader
removed treatments were more variable than never invaded treatments (Tukey p < 0.05),
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but there was no difference in invaded and invader removed treatments (Tukey p > 0.05).
In addition, dispersal significantly decreased temporal CV in large cladocerans (F1,18 =
13.42, p < 0.01). There was no treatment effect on temporal CV for either calanoid or
cyclopoid copepods (all p > 0.23). Among-replicate biomass variability was moderately
greater in the invader removed treatment compared to the never invaded treatment
(Tukey p = 0.07), but there was no difference in the invaded treatment from either the
invader removed or never invaded (Tukey p > 0.20) (Table 5.4). Calanoid copepod and
small cladoceran among-replicate variability was significantly different in invasion
treatments on Week 0, but these differences generally persisted with linear contrasts, such
that small cladocerans and calanoids became more variable and less variable,
respectively, in the invaded and invader removed treatments, but variability remained
constant in the never invaded treatment (time × invasion for both groups p < 0.07; Table
5.4). In addition, there was a significant time × dispersal interaction for large
cladocerans, where variability declined in the dispersal treatments towards the end of the
experiment (Table 5.4).
As mentioned previously, a number of species were found in significantly
different abundances on Week 0 in the invasion treatments (indicated in Table 5.3). For
most of these species, a difference among invasion treatments was detected with the
linear contrast (a significant time × invasion interaction) (Fig. 5.3, Table 5.3), but for two
species, Mesocyclops edax (Forbes) and Skistodiaptomus oregonensis (Lilljeborg), the
linear contrast result showed that there were no differences in invasion treatments
through time (Table 5.3). Bosmina sp., Daphnia spp., Diacyclops bicuspidatus thomasi
(Forbes), and Tropocyclops extensus (Kiefer) increased in the invaded and invader
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removed treatments, but declined over the course of the experiment in the never invaded
treatment (time × invasion p < 0.02). Epischura lacustris Forbes had similar abundances
in invaded and invader removed through the experiment, but large declines in abundance
in the never invaded treatment (time × invasion p < 0.01), while Cyclops scutifer Sars and
Leptodiaptomus minutus (Lilljeborg) displayed the opposite pattern, declining in the
invaded and invader removed treatments, but slightly increasing (C. scutifer) or
remaining constant (L. minutus) in the never invaded treatment (time × invasion p <
0.01). Holopedium gibberum Zaddach, Eubosmina tubicen (Brehm), and Sida crystallina
(Müller) increased in all invasion treatments over the experiment (time × invasion p <
0.02).
Dispersal significantly increased abundances of E. tubicen, Bosmina sp., and H.
gibberum, and had slight positive effects on C. scutifer and S. oregonensis (Fig. 5.3,
Table 5.3). There were significantly higher abundances of H. gibberum in invaded and
invader removed treatments with dispersal (both Tukey p < 0.01), but not in the never
invaded treatment (Tukey p = 1.00). S. oregonensis was significantly increased by
dispersal by the invaded treatment, while Bosmina sp. and E. tubicen were increased by
dispersal in the invader removed treatment (all Tukey p < 0.05), but dispersal had no
effect in the other invasion treatments (all Tukey p > 0.05). Several species exhibited
significant time × invasion, time × dispersal, and time × invasion × dispersal interactions:
in general, species changed throughout the course of the experiment in different ways in
the experimental treatments. For example, the abundance of E. tubicen greatly increased
by the end of the experiment, but only in the invader removed treatment, while H.
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gibberum increased in the final 3 weeks of the experiment in the dispersal treatment but
not in the no dispersal treatment.
Zooplankton community composition changed in all treatments throughout the
course of the experiment (Fig. 5.5). Principal component 1 (PC1) explained 55% of the
variation in species composition and differentiated the never invaded communities from
invaded and invader removed communities, which were significantly different on Week 0
(PC1 site scores: F2,17 = 325.06, Tukey p < 0.01). However, the addition of dispersers to
both the invaded and invader removed communities resulted in substantial changes in
community composition, such that there was no significant difference in PC1 scores
between them and the never invaded community on Week 5 (a significant invasion ×
dispersal interaction: F2,18 = 4.05, p = 0.04, Tukey p > 0.10). This was likely due to the
successful establishment of Bosmina sp. and H. gibberum in the dispersal treatments, as
these taxa were dominant in the never invaded community. The community composition
of the no dispersal-invaded and no dispersal-invader removed treatments changed along
axis 2 (PC2; λ2 = 13%), but this change was not in the same direction as communities that
received dispersal. In the no dispersal-invaded treatment, large-bodied species that can
avoid predation, such as S. crystallina and D. b. thomasi, were favoured, while the fastreproducing E. tubicen succeeded in the no dispersal-invader removed treatment, as well
as the aforementioned large-bodied species.
An analysis of zooplankton colonist survival suggests that several cladoceran
taxa, such as Bosmina sp., E. tubicen, and H. gibberum, were relatively successful at
establishing reproducing populations (Poisson p < 0.05), as were the cyclopoids D.
bicuspidatus thomasi and M. edax (Table 5.5). Interestingly, establishment success in
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most treatments appears to have been low for the bosminids, Bosmina sp. and E. tubicen,
during the first addition of colonists, but these species established and were reproducing
after the second dispersal event, although Bosmina sp. was more successful than E.
tubicen at the end of the experiment. H. gibberum failed to establish in the invaded and
invader removed treatments after the first addition, but was established in all treatments
on Week 5. The calanoid copepods L. minutus and S. oregonensis also had variable
success after the different colonist additions, with successful establishment in the never
invaded treatment after the first addition, but failure in all treatments after the second
colonization. All of the Daphnia species (with the exception of D. longiremis Sars),
Diaphanosoma birgei Kŏrínek, and T. extensus exhibited significant population declines
(Poisson p < 0.05) (Table 5.4). For the copepods, whose generation times are longer than
cladocerans, population growth may simply represent the maturation of unidentifiable
copepodid stages; however, cladoceran taxa should have been able to establish and
reproduce in enclosures, given their shorter generation times.
Live Bythotrephes individuals were recovered during routine sampling from all of
the invaded enclosures. On two dates (21 July and 9 August), I sampled specifically for
Bythotrephes using a larger net (diameter: 0.5 m) and found live individuals in 7 of 8
enclosures, though at lower densities (< 3 individuals·m-3) than had been added.
However, these densities are still within the range observed naturally in inland lakes (Yan
et al. 2001).
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DISCUSSION
The results of this study suggest that dispersal of zooplankton, especially in the
absence of the predator, Bythotrephes, may play an essential role in maintaining
community structure and function. Dispersal had a positive effect on all measures of
community structure, functional group abundance, and community biomass: as I
hypothesized, the greatest establishment of colonists was in the invader removed
treatment, such that zooplankton abundance and biomass were not statistically different
from the never invaded community. By the end of the experiment, community
composition of the invader treatments with dispersal was no different from a never
invaded zooplankton community, suggesting that the local community in invaded and
invader removed treatments had low resistance to colonizing species. Thus, dispersal may
maintain the functioning of the community by bringing in functional groups that tend to
be reduced in Bythotrephes-invaded lakes, such as large and small cladocerans.
However, the positive effects of dispersal on measures of biodiversity, such as species
richness and evenness, were less pronounced, suggesting that the invasion of
Bythotrephes may trigger permanent loss of diversity in freshwater lakes.

Community structure
All measures of zooplankton structure were significantly increased by dispersal.
While the effects of dispersal were often substantial in the invader removed community,
as expected, the effects were generally minor in the invaded and never invaded
treatments. This suggests that the ability of colonists to establish and have an influence
on community structure and function is highly context dependent. In the case of the
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never invaded community, local biotic factors seem to have exerted a strong influence on
species establishment, where the average increase in zooplankton abundance with
dispersal was slight compared to the no dispersal-never invaded treatment (12%). This is
in agreement with the monopolization hypothesis, where the local community rapidly
adapts to local conditions and prevents new species from colonizing by effectively
monopolizing available resources (De Meester et al. 2002). As well, this supports the
results of several studies that have found that zooplankton communities are saturated and
will resist colonization by dispersers (Lukaszewski et al. 1999; Shurin 2000; Forrest and
Arnott 2006). Colonist establishment in the invaded community was likely limited by the
presence of a predator, Bythotrephes, as average abundance increased by 30%, which is
relatively minor compared to the large increase that was observed in the invader removed
community, which, when released from the constraints of predation and strong local
biotic interactions, exhibited an increase of almost 100% in abundance with dispersal
compared to the no dispersal treatment. Dispersal had the opposite effect in the study of
Shurin (2001), as total zooplankton biomass tended to decrease when colonists were
added, but the effect of dispersal was independent of predation regime. I observed strong
interactions between predation and dispersal, where the invader removed community
often displayed larger magnitude responses to colonist additions than the invaded
community. These contrary results may be a result of the unique influence that
Bythotrephes has on zooplankton communities, which differs from the effects of other
similar native invertebrate predators, and has been hypothesized to be a result of different
life history strategies (Branstrator 2005).
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The effect of dispersal on local richness revealed different results from those
observed for zooplankton abundance. The average richness in the never invaded
community declined with dispersal, while the invaded community showed a relatively
equal increase in richness as compared to the invader removed community. This suggests
that colonist species were perhaps able to establish in the invaded community, but only in
low numbers or for short periods of time, which is supported by the low values of the
evenness index, Evar, in the invaded-dispersal treatment. These results are in agreement
with Shurin (2001), who observed no effect of dispersal in the control treatment and an
increase in richness following dispersal into predator treatments. However, my results
differ from those of Cadotte et al. (2006), who observed little effect of dispersal on local
richness in the presence of a predator, but a positive effect of dispersal into a predatorfree treatment. Cadotte (2006) suggested that effects of dispersal on richness may be
confounded by the presence of a generalist predator, environmental heterogeneity, and
differing competitive abilities of species. The predator used in the study of Cadotte et al.
(2006) was Stentor coeruleus, a generalist; however, Shurin (2001) used bluegill sunfish
(Lepomis macrochirus) and the insect Notonecta undulata as predators, which are known
to selectively prey on larger zooplankton, and indeed, the greater richness of zooplankton
in the dispersal-predator treatment was attributed to colonization by smaller species
(Shurin 2001). Although declines in a number of different zooplankton taxa have been
observed since the invasion of Bythotrephes into North America, which would suggest
that it is in fact a generalist predator, selective predation by Bythotrephes on smaller prey
items suggests that it may be somewhat selective and can facilitate colonization by more
predation-resistant species. I observed evidence of Bythotrephes-mediated facilitation in
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the invaded-dispersal treatment, where the only species that established in significant
numbers were the large-bodied Holopedium gibberum and Skistodiaptomus oregonensis,
which were both significantly increased compared to no dispersal treatments, but failed to
establish in the never invaded-dispersal treatment (Fig. 5.3). In addition, Chase et al.
(2002) suggested that predator-mediated coexistence would be unlikely if predation was
intense, as may have been the case in the experiment of Cadotte et al. (2006).
Although predator-mediated coexistence may explain the increased richness in the
invaded treatment, the results from the two no-predator treatments (invader removed and
never invaded) exhibited completely opposite trends from each other. I postulate that the
changes to zooplankton communities by the invader Bythotrephes are so dramatic that
there is little remaining biotic resistance, and that these communities will be severely
hampered in their ability to respond to changing environmental conditions in the future.
Although dispersal may maintain genetic and species variation in a local community and
thus be an important mechanism in local community responses to changing
environmental conditions (i.e., complex adaptive systems: Leibold and Norberg 2004),
Bythotrephes may prevent this response by preying on newly arriving colonists. In my
experiment, I observed poor establishment of small cladoceran taxa (bosminids) in the
dispersal-invaded treatment as compared to the dispersal-invader removed treatment,
suggesting that predation by the invader may limit adaptability of the local community.
The minor responses of the no dispersal-invader removed community to relaxation of
predation pressure suggests that the community also has poor resiliency, and that the
zooplankton community is limited in its ability to quickly respond to a change in the
biotic environment (e.g., a decline in Bythotrephes abundance) without dispersal from the
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region. This general lack of community resistance and resilience to Bythotrephes lends
support to the prey naiveté hypothesis (Cox and Lima 2006), and supports my contention
that a non-native predator may have greater effects on its prey community than a native
predator. For example, the zooplankton community in Harp Lake, Ontario, was relatively
unchanged for 15 years in the presence of the native invertebrate predator, Leptodora
kindtii, but changed dramatically following the invasion of Bythotrephes (Yan et al.
2001).
The effects of dispersal on Bythotrephes-influenced communities were most
dramatic for small and large cladoceran functional groups (Fig. 5.2). While there was a
slight increase in small cladocerans in the invaded treatment, it was small in comparison
to the 600% increase in small cladoceran abundance in the dispersal-invader removed
treatment over the experiment, mostly due to Eubosmina tubicen and Bosmina sp.
Interestingly, there was a comparable increase in large cladoceran abundance with
dispersal in both invaded and invader removed treatments (154 and 162%, respectively),
but the magnitude of dispersal was greater in the invader removed community.
Significant declines in cyclopoid, large cladoceran, and small cladoceran abundance
between invader removed and invaded treatments (pooled across dispersal treatments)
suggests that Bythotrephes continued to be an important predator in the enclosures
throughout the experiment. These results concur with past studies which have
demonstrated that cladocerans, especially small taxa, are preferred by the invader
(Boudreau and Yan 2003; Strecker et al. 2006), but that it will feed on other less
preferred zooplankton, such as cyclopoids, when the favoured prey are in low abundance
(Strecker and Arnott 2005).
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Community function
Different measures of zooplankton community function responded to dispersal in
unexpected ways in my study. Temporal predictability of community and functional
group biomass was generally unaffected by dispersal, with the exception of large
cladocerans. This is contrary to the model of Loreau et al. (2003a), which predicts that
systems will become more stable with dispersal in a metacommunity; however, other
empirical studies have also found unexpected responses of ecosystem predictability to
dispersal. Although the experiment of Forrest and Arnott (2007) was not a true
metacommunity, they found that dispersal only reduced temporal variability of
zooplankton biomass in combination with a nutrient disturbance and that in the absence
of disturbance, dispersal increased variability. France and Duffy (2006) observed no
effect of dispersal on grazer variability in metacommunities, but increased variability in
chlorophyll with the dispersal of grazers, which they attributed to the rapid food and
habitat selection behaviour of mobile grazers driving up variability. In my study and
Forrest and Arnott (2006, 2007), richness was significantly increased by dispersal, but
these increases were slight: on average ≤ 1 additional species in all treatments receiving
dispersal. Indeed, there was a trend for variability to decrease with higher average
richness in my study (r2 = 0.14, p = 0.07): though not significant, it suggests that the
hypothesized increase in predictability with increasing richness (and dispersal) may have
been absent in my study and Forrest and Arnott (2006, 2007) because of small changes in
richness.
Zooplankton biomass was significantly increased by the addition of regional
colonists. This result was not unexpected, given that dispersal generally increases
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richness (Cadotte 2006), and richness, in turn, has been found to increase productivity
(Hooper et al. 2005). However, these findings must be tempered by the fact that the
increase in biomass with dispersal was only significant in the invader removed treatment.
This increase in biomass in the invader removed-dispersal treatment was not a result of
simply adding more individuals: biomass contributed by colonists never made up more
than about 10% of total community biomass. Thus, increases in zooplankton biomass
were likely mediated by the influence of the invader and its subsequent removal from the
zooplankton community, which created ‘empty niches’ for colonizers to fill. The model
of Mouquet and Loreau (2003) predicts that average productivity should decrease with
increased dispersal because species with lower reproductive rates are sustained by
immigration, thus lowering the average productivity of the community. However, the
species that avoided predation in my study would not necessarily be the most productive
species because of competitive trade-offs, thus the species that successfully colonize the
community via dispersal may actually be more successful reproducers, thereby increasing
average community biomass. In fact, the copepod species Cyclops scutifer and
Leptodiaptomus minutus had relatively high initial densities in invaded treatments,
suggesting that they successfully avoided predation, but they also tended not to benefit
from removal of the invader (in the absence of dispersal; Fig. 5.3), likely because they
reproduce slowly and could not increase as rapidly as some cladoceran taxa. Thus, the
increased biomass that I observed in the dispersal treatment was likely due to complex
predator-prey interactions involving competition-predation trade-offs rather than to the
positive effect of dispersal on richness.
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Experimental manipulations
Few studies have attempted to quantify dispersal rates, and there is some debate
as to the relative importance of the amount of zooplankton dispersal observed in these
studies (Louette and De Meester 2005). A review of dispersal in zooplankton by
Bohonak and Jenkins (2003) concluded that zooplankton dispersal, “…was neither
widespread nor frequent,”[787]; however, Louette and De Meester (2005) argued that
dispersal and colonization rates could be high, especially over short distances. In
addition, Michels et al. (2001) found that dispersal rates could be exceptionally high in
interconnected waterways, with average rates of 3600 individuals·hour-1. A number of
recent studies testing the effects of dispersal on communities have added colonists at
densities of 1-6% of experimental unit volume (Kneitel and Miller 2003; Cadotte et al.
2006; Forrest and Arnott 2006), suggesting that the treatment was not unreasonable. As
well, there was no indication that colonists were added at such high concentrations that
they effectively swamped the enclosures and maintained poor competitors through mass
effects (Shmida and Wilson 1985): several species added at high relative densities were
more abundant in enclosures than would be expected by their concentration in the
colonist pool (Table 5.5), suggesting that they were successfully reproducing populations.
Although I detected Bythotrephes in all of the enclosures, the abundance of the
invader on sampling dates was frequently lower than the density added. A previous
experiment with Bythotrephes in enclosures observed a similar pattern and hypothesized
that low detection success was due to a combination of factors, including net avoidance
and some mortality, despite the fact that reproductive individuals were detected (see
Strecker and Arnott 2005 for discussion). I suspect that this was also the case in this
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experiment. In addition to avoiding the net, Bythotrephes is also highly susceptible to
movement by currents, due to the hydrodynamic drag created by its tail (Grigorovich et
al. 1998), thus individuals could have been swept to the sides of the enclosures by the
descent of the net and not returned to the middle by the time the net was pulled up. The
significant differences that I observed between invaded and invader removed treatments
(Figs. 5.1-5.3), as well as declines in community abundance in the invaded treatment
throughout the experiment, supports my belief that Bythotrephes was present in the
enclosures the duration of the experiment, though perhaps at reduced densities.

Implications
In the event of an invasion of Bythotrephes into lakes, dispersal may be an
important mechanism for zooplankton communities to maintain properties such as
abundance, biomass, and composition. These effects may be dependent on seasonal
changes in invader abundances, since the most pronounced effects of dispersal were in
the invader removed treatment, but may also be important in instances of failed invasions,
when the invader is present for a period of time, but does not establish in the longer term.
Failed invasions have been detected in several Minnesota lakes (Branstrator et al. 2006),
as well as some Killarney Park lakes, where the invader was observed in one year, but
was not detected in subsequent years (S. Arnott, unpublished). Thus, dispersal from
overland sources or from the egg bank may be important responses of the zooplankton
community to maintain structure and function. In contrast, even though richness and
evenness increased with dispersal, the number of species observed in the invaded and
invader removed communities remained below would be expected in a lake that was
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never invaded. It is possible that species richness in the never invaded treatment is not a
realistic reference point for the invaded treatments; however, never invaded zooplankton
richness (mean = 13.2) was typical of a boreal shield lake: the mean annual richness of 8
lakes in the same biogeographic region as my study ranged from 11-17 species (Arnott et
al. 1998). In addition, all three invasion treatments had equal numbers of species in their
total species pool over the course of the experiment (Table 5.5), suggesting that invaded
and invader removed treatments had the potential to have species richness equal to that of
a never invaded lake, but that average richness was lower because species persisted for
short times only and failed to establish a population, especially when the predator,
Bythotrephes, was still present. Interestingly, although there have been variable
responses of zooplankton communities to invasion reported in previous studies (see Table
2.4 for comparison), reductions in richness seem to be the most consistent response. My
results suggest that the dispersal can rather quickly elicit changes in the zooplankton
community, especially in windows where Bythotrephes is absent, and may be responsible
for previous reports of no effect of the invader on gross measures like community
abundance.
Dispersal may be especially important for processes like biomass production,
given that the reduced species pool in the invaded lakes treatment was dominated by
copepods, which may be slow to respond to windows of opportunity when Bythotrephes
is absent from the pelagic zone. This has been found previously: evidence for short
temporal increases in reproduction in several cladoceran species was observed during
periods when the invader was absent from the water column, but copepods did not exhibit
this temporal compensation (Strecker and Arnott, in review). In general, I observed small
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increases in most measures of community and species structure in the invader removed
treatment as compared to the invaded treatment in the absence of dispersal. This suggests
that although release from predation pressure can allow for increased abundance of the
species that are present, if species are extirpated from the community by Bythotrephes
they may only be able to return to the lake via overland dispersal or the egg bank, i.e.,
dispersal through time. Although I did not explicitly consider the effect of the egg bank
in resupplying colonists in this experiment, resting eggs can provide a wealth of biotic
and genetic resilience to stress (Hairston Jr. 1996), and it has been demonstrated that at
different time periods within the egg bank there exists the potential to exhibit adaptive
responses to changes in predation pressure (Cousyn et al. 2001). Dispersal from egg
banks may therefore be an important source of adaptation to the effects of Bythotrephes
in the coming years.
The invasion of species outside their native range can have detrimental effects on
ecosystems (Carlsson et al. 2004), and are a growing concern because of the increased
rates of species invasions with human activity (Vitousek et al. 1997). I have
experimentally demonstrated that invaded zooplankton communities have low resilience
following the removal of the predator, and that responses to predator-free windows of
opportunity may be slow due to the presence of predation-resistant species that tend to
have slow generation times in the absence of dispersal. Dispersal may have transient
‘rescue effects’ on community structure and function during these windows by supplying
species and functional groups with faster reproductive rates, thus increasing community
productivity, and for some groups, increasing stability. It is likely that the number of
lakes invaded by Bythotrephes will grow in the future because they are primarily
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dispersed by human vectors (MacIsaac et al. 2004), thus dispersal of native zooplankton
will likely mediate the effects of the invader and prevent large-scale loss of community
abundance, biomass, and some loss of diversity in the years to come.

Latitude (N)
Longitude (W)
Surface area (ha)
Maximum depth (m)
Calcium (mg·L-1)
Dissolved organic C (mg·L-1)
Conductivity (µS·cm-1)
Total Kjeldahl nitrogen (mg·L-1)
pH
Total phosphorus (µg·L-1)
Aluminum (µg·L-1)
Copper (µg·L-1)
Nickel (µg·L-1)

George
46°1.47'
81°24.32'
188.5
36.6
1.7
2.4
22.0
0.3
6.2
8.0
34.3
0.6
4.5

Experiment

Invaded and
invader
removed
source
Bernard
45°44.68'
79°22.88'
2057.7
47.9
3.9
3.2
62.9
0.4
7.0
11.0
3.8
1.0
1.1
Ishmael
46°6.55'
81°35.55'
72.8
19.8
2.6
4.1
28.8
0.3
6.8
11.4
22.2
0.7
4.1

Never
invaded
source

Bell
Helen
Low
46°8.38'
46°6.42'
46°6.1'
81°11.37' 81°33.75' 81°33.63'
347.4
82.6
33.8
26.8
41.2
28.4
1.9
2.5
8.5
5.5
4.1
3.0
20.6
32.6
71.3
0.3
0.2
0.2
6.2
7.0
7.6
10.6
12.6
9.2
54.2
35.4
23.3
3.4
1.0
1.6
8.8
4.6
0.9

Colonist lakes

TABLE 5.1. Physical and chemical characteristics of lakes included in the experiment. Source refers to the lake where the zooplankton
for the experiment were taken from. Maximum depth and surface area obtained from Gunn et al. (2001) (Bernard Lake obtained from
Ontario Ministry of the Environment), and water chemistry obtained from integrated epilimnetic samples taken the last two weeks of
July 2004 with a 17-mm diameter tube sampler and analyzed by the Ontario Ministry of the Environment.
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F
p
F
p
F
p
F
p
F
p
F
p
F
p
F
p
F
p

23.86
<0.01***
12.37
<0.01**
12.33
<0.01**
8.04
0.01*
4.46
0.05*
3.56
0.08†
3.62
0.07†
26.31
<0.01***
13.14
<0.01**

44.95
<0.01***
27.16
<0.01***
51.78
<0.01***
0.76
0.48
33.51
<0.01***
3.02
0.07†
15.86
<0.01***
49.83
<0.01***
63.19
<0.01***

† p < 0.1, * p < 0.05, ** p < 0.01, *** p < 0.001
a
invasion treatment significantly different on Week 0

small cladoceran a

large cladoceran a

cyclopoid

calanoid

Evar

diversity a

richness a

biomass a

abundance

disp
(df = 1)

inv
(df = 2)
5.37
0.01*
4.06
0.04*
5.76
0.01*
1.12
0.35
6.83
0.01*
0.39
0.68
1.43
0.27
6.39
<0.01**
3.79
0.04*

inv × disp
(df = 2)
5.52
<0.01***
9.26
<0.01***
6.23
<0.01***
1.15
0.34
3.77
0.01**
12.01
<0.01***
10.31
<0.01***
55.51
<0.01***
54.32
<0.01***

time
(df = 4)
6.20
<0.01***
1.46
0.24
21.57
<0.01***
0.05
0.83
4.66
<0.01***
0.85
0.57
2.50
0.02*
249.44
<0.01***
83.91
<0.01***

time × inv
(df = 8)
0.52
0.72
1.59
0.19
2.32
0.07†
0.77
0.55
1.68
0.17
0.16
0.96
0.22
0.93
5.90
<0.01***
1.18
0.32

time × disp
(df = 4)

time × inv
× disp
(df = 8)
0.89
0.53
0.82
0.59
0.80
0.60
1.31
0.25
0.22
0.99
0.44
0.89
0.98
0.46
2.51
0.02*
0.60
0.77

TABLE 5.2. RM-ANOVAs for zooplankton community metrics and functional group abundance. Abbreviations: inv = invasion
treatment, disp = dispersal treatment. Time × invasion treatments adjusted by linear contrast if significant differences existed on
Week 0 (indicated by bold font). Error df = 18 (between subjects), 72 (within subjects).
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F
p
F
p
F
p
F
p
F
p
F
p
F
p
F
p
F
p
F
p
F
p
F
p

6.14
0.02*
15.86
<0.01***
1.74
0.20
84.22
<0.01***
0.02
0.89
2.13
0.16
3.84
0.07†
0.08
0.79
0.00
0.96
3.15
0.09†
0.36
0.56
0.71
0.41

4.86
0.02*
75.41
<0.01***
7.36
<0.01**
88.79
<0.01***
0.80
0.46
1.60
0.23
183.32
<0.01***
16.18
<0.01***
83.70
<0.01***
100.24
<0.01***
27.71
<0.01***
25.41
<0.01***

2.54
0.11
4.06
0.03*
1.09
0.36
21.85
<0.01***
1.11
0.35
0.58
0.57
6.45
0.01*
0.40
0.68
3.44
0.05*
0.82
0.46
3.80
0.04*
1.00
0.39

inv × disp
(df = 2)

† p < 0.1, * p < 0.05, ** p < 0.01, *** p < 0.001
a
invasion treatment significantly different on Week 0

Holopedium
gibberum a
Sida
crystallina
Leptodiaptomus
minutus a
Skistodiaptomus
oregonensis a
Epischura
lacustris a
Diacyclops
bicuspdiatus thomasi
Cyclops
scutifer a
Mesocyclops
edax a
Tropocyclops
extensus a

Daphnia spp. a

Bosmina sp.a

Eubosmina
tubicen

disp
(df = 1)

inv
(df = 2)
15.19
<0.01***
52.05
<0.01***
5.07
<0.01**
14.80
<0.01***
111.70
<0.01***
51.23
<0.01***
1.44
0.23
13.23
<0.01***
5.29
<0.01***
19.11
<0.01***
10.34
<0.01***
1.74
0.15

time
(df = 4)
2.87
0.01*
86.80
<0.01***
12.21
<0.01**
33.19
<0.01***
2.40
0.02*
109.17
<0.01***
0.11
0.75
62.85
<0.01***
5.16
<0.01***
95.58
<0.01***
<0.01
0.94
6.32
0.02*

time × inv
(df = 8)
0.71
0.59
1.48
0.22
2.80
0.05*
14.96
<0.01***
1.18
0.33
0.82
0.52
0.11
0.98
1.54
0.20
0.49
0.75
0.90
0.47
1.63
0.18
1.15
0.34

time × disp
(df = 4)

time × inv
× disp
(df = 8)
1.64
0.13
0.53
0.83
4.80
<0.01***
3.62
<0.01**
1.07
0.40
0.58
0.79
2.36
0.03*
0.33
0.95
0.47
0.88
1.09
0.38
1.53
0.16
0.78
0.62

TABLE 5.3. RM-ANOVAs for zooplankton species abundances. Abbreviations: inv = invasion treatment, disp = dispersal treatment.
Time × invasion treatments adjusted by linear contrast if significant differences existed on Week 0 (indicated by bold font). Error df
= 18 (between subjects), 72 (within subjects).
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F
p
F
p
F
p
F
p
F
p

0.43
0.52
0.10
0.76
1.40
0.25
0.18
0.67
1.26
0.28

3.08
0.07†
0.12
0.89
0.71
0.51
0.77
0.48
1.86
0.19

1.03
0.38
0.10
0.90
1.59
0.23
0.19
0.83
0.69
0.51

inv × disp
(df = 2)

a

† p < 0.1, * p < 0.05, ** p < 0.01, *** p < 0.001
invasion treatment significantly different on Week 0

large
cladoceran
small
cladoceran a

cyclopoid

calanoid a

all
zooplankton

disp
(df = 1)

inv
(df = 2)
0.20
0.94
2.12
0.09†
0.24
0.92
3.43
0.01*
1.88
0.12

time
(df = 4)
0.74
0.66
6.23
0.02*
0.56
0.81
1.34
0.24
3.68
0.07†

time × inv
(df = 8)
0.72
0.58
0.22
0.93
0.27
0.89
2.76
0.03*
1.04
0.39

time × disp
(df = 4)

time × inv
× disp
(df = 8)
1.06
0.40
0.98
0.46
1.41
0.21
1.35
0.23
0.99
0.45

TABLE 5.4. Among-replicate variability of all zooplankton and functional groups using median log Levene method. Time × invasion
treatments adjusted by linear contrast if significant differences existed on Week 0 (indicated by bold font). Error df = 18 (between
subjects), 72 (within subjects).
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Cladocera
Daphnia dubia Herrick
Daphnia longiremis Sars
Daphnia mendotae Birge
Daphnia parvula Fordyce
Daphnia pulex group
Colbourne and Hebert (1996)
Daphnia retrocurva Forbes
Daphnia sp.
Bosmina sp.
DeMelo and Hebert (1994)
Eubosmina tubicen (Brehm)
Eubosmina longispina (Leydig)
Holopedium gibberum Zaddach
Leptodora kindtii (Focke)
Diaphanosoma birgei Kŏrínek
Sida crystallina (Müller)
Acroperus sp. Baird
Alonella sp. Sars
Chydorus sp. Leach
Pleuroxus sp. Baird
0.000

0.154
0.018
0.003
0.146
0.003
0.167

0.011
0.089

0.012
0.000
0.031

colonist

0.000

0.007

0.000

invaded

0.005

0.000

0.077 (–,+)
0.008 (–,0–)
0.000 (0)
0.129 (–, +)
(0)
0.000 (–)
0.101
0.000
0.000
0.000 (0)

0.000
(–)
0.000 (–)

0.000
0.023
0.034
0.550
0.000
0.005
0.103

(–)
(0)
0.000 (–)

invaded

0.012
0.003
0.008
0.001

never
invaded

0.031
0.003
0.001
0.000

0.000

Week 0
invader
removed

0.528 (+)
0.003 (–,+–)
0.002 (0)
0.274 (+)
0.000 (0)
0.001 (–)
0.009
0.002
0.001 (0,+)
0.000

0.000
0.000 (0)

0.000
0.000 (–)
0.001 (–)

0.000 (–)
(0)
0.001 (–)

never
invaded

0.289 (–,+)
0.232 (+0,+)
0.000 (0)
0.104 (–,+)
(0)
0.000 (–)
0.051

0.000 (–)
0.000 (–)

0.000 (–)
(0)
0.000 (–)

Σ Weeks 1-5
invader
removed

TABLE 5.5. Relative abundance of zooplankton in colonist pool and enclosures on Weeks 0 and 1-5. Bold = establishment in a
treatment that the species was not initially in. Colonist success was tested with a Poisson distribution, where the sign indicates the
most common response in the first and second dispersal additions: (+) more abundant in enclosures than expected (p < 0.05); (–) less
abundant in enclosures than expected (p < 0.05); (0) no difference from colonist pool. Two signs adjacent to each other represents
equal numbers of responses of each type (e.g., +0 = equal numbers of enclosures with more abundant (+) and no difference (0)
responses).
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Cyclopoid copepods
Acanthocyclops robustus (Sars)
Acanthocyclops
venustoides (Coker)
Cyclops scutifer Sars
Diacyclops bicuspidatus
thomasi (Forbes)
Mesocyclops edax (Forbes)
Mesocyclops americanus Dussart
Orthocyclops modestus (Herrick)
Tropocyclops extensus (Kiefer)

Calanoid copepods
Epischura lacustris Forbes
Leptodiaptomus
minutus (Lilljeborg)
Leptodiaptomus sicilis (Forbes)
Skistodiaptomus
oregonensis (Lilljeborg)

TABLE 5.5 continued.

0.000

0.028

0.181
0.025

0.001

0.057
0.018
0.000
0.058

0.057

0.707

0.173

0.000

0.015

invaded

0.008

colonist

0.029

0.153

0.048

0.001

0.000

0.713

0.015

Week 0
invader
removed

0.008

0.051
0.003

0.056

0.002

0.000 (0)
0.007 (–)

0.026 (+,0)

0.311(+)

0.012

0.000

0.000 (0)

0.002 (0,0–)

0.000

0.001
0.013

0.312 (+,–)

0.012 (–,0)

invaded

0.066

0.032

never
invaded

0.000 (0)
0.001 (–)

0.014 (+)

0.190 (+)

0.006

0.000 (0)

0.000 (0,–)

0.000

0.106 (+,–)

0.005 (–,+0)

Σ Weeks 1-5
invader
removed

0.028 (+)
0.000
0.000 (0)
0.005 (0, –)

0.040 (+,+0)

0.000

0.002 (+0,0)

0.007 (+,–)

0.008

0.067 (+,–)

0.016 (+)

never
invaded
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Invaded

Invader removed

Never invaded

Abundance
(individuals·L-1)

a ab

bc d

cd d

6

10

4
5

2

0

0

Biomass (µg·L-1)

a a

ab c

bc c

30

15

20

10

10

5

0

0
a bc

ab cd

dd

12

15
10

6

5

0

0
a a

a a

6
4

4

2

2

Average diversity

a a

6

0

0

0.99

a b

b b

0.9
0.91

Average Evar

a a

1.0

0.95
Evar

Average richness

18
Richness

20

Average biomass

40

Shannon-Wiener
diversity

8

Average abundance

15

0.8

0.87
0 1 2 3 4 5

0 1 2 3 4 5
Week

0 1 2 3 4 5

invaded

never
invader invaded
removed

FIGURE 5.1. Abundance (individuals·L-1), biomass (µg·L-1), species richness, ShannonWiener diversity, and Evar of zooplankton communities in invaded (squares), invader
removed (triangles), and never invaded (circles) treatments, with black symbols
representing dispersal and white symbols no dispersal. On the right, the average of
community metrics over the final 5 weeks of the experiment (grey = dispersal, white = no
dispersal) is shown in the foreground, while light grey boxes in the background indicate
the average of the initial week of the treatment. Letters above groups of treatments
indicate significant differences (p < 0.05) between treatment combinations using a Tukey
post hoc test. Error bars represent ±1 standard error.
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2.5

a) calanoids

a

2.0
1.5

a a

a

a a

1.0
0.5
0

Average abundance (individuals·L-1)

3

b) cyclopoids
ad ad

b

ab
cd ad

2
1
0
0.9

d d

c) large
cladocerans

cd

0.6
ab
a bc
0.3

0
3

c

d) small
cladocerans

2

c c

1

b
a ab

0

invaded

never
invader
removed invaded

FIGURE 5.2. Average abundance (individuals·L-1) of a) calanoid, b) cyclopoid, c) large
cladoceran, and d) small cladoceran functional groups over the final 5 weeks of the
experiment in the dispersal (grey) and no dispersal (white) treatments for invaded,
invader removed, and never invaded communities. Note difference in y-axis scale.
Letters, shading, and error bars as in Figure 5.1.
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2.0
1.8 a) Eubosmina
tubicen
1.2

b) Bosmina sp.
c c

1.5

b

c
b

a
0.5
a

Average abundance (individuals·L-1)

0.6
a
a a

0

0

0.20

0.16

g) Daphnia spp.

0.10
0.08

b

ab

ab

a

0

0.04
0.03
0.04
b
0.02

bd

ab a

cd

c

c c

invaded

never
invader invaded
removed

i) Epischura
lacustris
b

0.03

ab a

b

a
ab ac

ab

0
k) Skistodiaptomus
oregonensis

l) Tropocyclops extensus
0.02
c

d d

a b

ab

ac

c

b
ab

ab ab
0

0

0

a a

0.06

0.01
0.01

a

ab

0.02

ab

a

0.1

0.09

h) Mesocyclops edax

0

0.06 j) Cyclops scutifer

f) Sida
crystallina

0

0.12

0.04

0.3

aa
d d

0.08
ab a

a

0.2

ac
ab b

0.2

a b

c c

0.2

e) Diacyclops bicuspidatus
c
0.6 thomasi

0.2

c) Holopedium
gibberum
c

0

0.4

a
b b

0.04

a ab

0

0.8 d) Leptodiaptomus minutus

0.16

0.4

a a

0

0.4

0.6

1.0

0.6
a

0.8

invaded

never
invader invaded
removed

invaded

never
invader invaded
removed

FIGURE 5.3. Average abundance (individuals·L-1) of a) Eubosmina tubicen, b) Bosmina
sp., c) Holopedium gibberum, d) Leptodiaptomus minutus, e) Diacyclops bicuspidatus
thomasi, f) Sida crystallina, g) Daphnia spp., h) Mesocyclops edax, i) Epischura
lacustris, j) Cyclops scutifer, k) Skistodiaptomus oregonensis, and l) Tropocyclops
extensus, over the final 5 weeks of the experiment in the dispersal (grey) and no dispersal
(white) treatments for invaded, invader removed, and never invaded communities. Note
difference in y-axis scale. Letters, shading, and error bars as in Figure 5.1.
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80
60

a) all zooplankton
a

a

ab ab

b b

40
20
0
80

b) calanoids
a a

60

a a
a a

40

Temporal CV of biomass (%)

20
0
80

c) cyclopoids
a a

60

a a

a a

40
20
0
250
200

d) large cladocerans
a ab

a

b

150
100

c c

50
0

180

e) small cladocerans
a a

a a

120
60

b b

0

invaded invader
never
removed invaded

FIGURE 5.4. Temporal coefficient of variation (CV) (%) of biomass for a) all
zooplankton, b) calanoid, c) cyclopoid, d) large cladoceran, and e) small cladoceran
functional groups over the final 5 weeks of the experiment in the dispersal (grey) and no
dispersal (white) treatments for invaded, invader removed, and never invaded
communities. Note difference in y-axis scale. Letters and error bars as in Figure 5.1.

187

a)

invaded, no dispersal
invaded, dispersal
invader removed, no dispersal
invader removed, dispersal
never invaded, no dispersal
never invaded, dispersal

2.0

1.0

PCA axis 2
(λ2 = 0.131)

0

-1.0
-1.0
0.8

0

2.0

1.0

b)

Sida crystallina
Eubosmina
tubicen

Diacyclops b.
thomasi

0

-0.6

Tropocyclops
extensus Leptodiaptomus
sicilis
Cyclops
Diaphanosoma birgei Bosmina sp.
scutifer
D.retrocurva
Holopedium
Mesocyclops D.mendotae Acanthocyclops
gibberum
Daphnia sp. robustus
edax
Skistodiaptomus
Leptodiaptomus
Epischura lacustris
oregonensis
minutus
-0.5

0

0.5

1.0

PCA axis 1
(λ1 = 0.547)
FIGURE 5.5. Principal components analysis of a) site scores and b) species scores. In
a) symbols represent the average of the invaded (squares), invader removed
(triangles), and never invaded (circles) treatments, with black symbols representing
dispersal and white symbols no dispersal. The direction of the arrows indicates the
progression of the experiment, from Week 0 to 6.
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CHAPTER 6: GENERAL DISCUSSION AND FUTURE DIRECTIONS
While an understanding of the vectors and pathways by which nonindigenous
species invade new habitats is vital to preventing new invasions, eradication of invasive
species once they are established is difficult (Lodge et al. 2006). Hence, it is critical to
understand the range of effects that invasive species may have in their introduced habitat.
Using a combination of field surveys and experiments, I investigated the effects of the
invader Bythotrephes longimanus at local and regional scales in part of its introduced
habitat, the boreal shield of Ontario. Across a range of conditions, including crustacean
zooplankton community recovery from acidification (Chapter 4), the addition of regional
native dispersers (Chapter 5), and lakes with different biotic and abiotic conditions
(Chapters 2 & 3), Bythotrephes consistently reduced the abundance of the crustacean
zooplankton community. Typically, this reduction was as a result of declines in
cladoceran zooplankton abundance (Chapters 2-4), although some copepod species also
declined in the acidification recovery experiment (Fig. 4.4) and in the epilimnion of
invaded lakes (cyclopoids: p = 0.02) (Fig. 3.4). While it is generally thought that
cladocerans swim more slowly than adult copepods (Muirhead and Sprules 2003 and
references within), making them easier prey for a visual predator like Bythotrephes,
irregular swimming motions by copepods, such as escape jumps, can lead to greater
tracking ability by the predator (Muirhead and Sprules 2003). Additionally, copepods
appear to be slow to respond to relaxation of predation pressure, as most copepod species
failed to increase after Bythotrephes was removed from experimental enclosures, and the
only species to show increases were being supplemented by dispersal (Fig. 5.3). Larger
body size seems to be a deterrent to predation for some copepods (e.g., Senecella
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calanoides: Fig. 2.4), but not others. Another larger-bodied species, Mesocyclops edax,
declined in invaded lakes compared to reference lakes (Fig 3.3), which was also shown in
the studies of Boudreau and Yan (2003) and Barbiero and Tuchman (2004), suggesting
factors other than body size may influence species susceptibility to predation by the
invader. For example, the hypolimnetic copepod, Cyclops scutifer, seems to be largely
unaffected by invasion (Fig. 2.4), likely avoiding predation by Bythotrephes by seeking
refuge in cold dark waters. However, Cyclops also produced large numbers of eggs,
more than double the # eggs·individual-1 produced by the morphologically similar
Mesocyclops, and its production was positively correlated with Bythotrephes (Appendix
6), suggesting that life history can play an important role in determining the persistence
of a species when Bythotrephes invades.
I found that zooplankton species richness was significantly lower in invaded lakes
compared to reference lakes in a single year seasonal survey, on average declining by
23% (Fig. 2.2), concurring with long-term studies of invaded lakes which have also
observed significant declines from pre-invasion levels (Yan et al. 2002; Barbiero and
Tuchman 2004). This decline in zooplankton richness may be a permanent effect of
Bythotrephes invasion: despite the addition of colonizers to experimental enclosures
where Bythotrephes was present (invaded treatment) and had been removed (invader
removed), species richness in communities affected by Bythotrephes remained lower than
what would be expected in a never invaded lake (Fig. 5.1). Analysis of zooplankton
species survival in the enclosures suggests that a number of species failed to establish
despite being added at numbers high enough to be detected by sampling effort (Table
5.5). In an experimental test of zooplankton recovery from historic acidification, Binks et
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al. (2005) concluded that communities likely would not recover to their pre-acidification
state without human intervention because Allee effects for obligately sexual copepods
would be difficult to overcome and biotic resistance from the locally-adapted community
could prevent establishment of colonists. Thus, the legacy of a stressor may persist long
after the stress has been removed from the system, and reductions in diversity in invaded
lakes may persist, even if Bythotrephes does not.
These changes to the structure of zooplankton communities have resulted in
alterations to the functioning of invaded lakes. Significant declines in seasonal biomass
production by epilimnetic zooplankton, and substantial declines in production of the
entire water column (Fig. 3.1, 3.2) were observed in a seasonal comparison of invaded
and reference lakes. While the production of most species and functional groups was
reduced in the epilimnion of invaded lakes, some species and groups showed interesting
results. Large cladoceran epilimnetic production was statistically similar in invaded and
reference lakes (Fig. 3.3), and the production of two small cladoceran taxa, Bosmina sp.
and Eubosmina coregoni, was unaffected by Bythotrephes (Appendix 6). Given that
cladocerans are generally the favoured prey of Bythotrephes, these results were
surprising. However, cladoceran populations can increase rapidly via asexual
reproduction, giving these taxa the ability to quickly respond to windows of opportunity
when Bythotrephes is not present, and lessening the effect of the invader on overall
productivity. This was also observed in Chapter 5, where several cladoceran populations
grew rapidly after being experimentally removed from predation by Bythotrephes, but
only with the addition of dispersers (Fig. 5.3).
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Bythotrephes consumed substantial portions of zooplankton seasonal productivity:
from 9-25% of production over most of the ice-free season, but 12-50% of production
during the time frame when it was most abundant in lakes (mid-June to September) (Fig.
3.6). This removal of a large portion of zooplankton biomass that was previously
available to native predators before the invasion of Bythotrephes may represent a
significant bottleneck to recruitment for young-of-year juvenile and planktivorous fishes.
To add insult to injury, not only is the invader consuming the prey of small fish, some
planktivores selectively avoid preying on Bythotrephes because the invader’s long tail
spine can puncture their stomachs (Compton and Kerfoot 2004). Additionally, long-term
declines in rainbow smelt growth have been attributed to consumption of Bythotrephes
and the retention of their indigestible spines throughout the summer, preventing fish from
obtaining digestible prey (Stetter et al. 2005). Although productivity of Bythotrephes
populations cannot compensate for secondary productivity lost to predation by the
invader, there was evidence that Bythotrephes could compensate for reductions in
estimated phosphorus excretion rates, which may result from significant declines in
zooplankton abundance and biomass (Fig. 3.8). In addition, though the effects of
Bythotrephes on zooplankton grazing impact on algae were significant (Fig. 3.6), they did
not translate into changes in algal biomass at the whole lake level. Phytoplankton in low
productivity lakes tend to be limited more by bottom-up nutrient supply than top-down
herbivory by zooplankton (Jeppesen et al. 2003). Thus, while Bythotrephes had negative
effects on some measures of ecosystem function, such as biomass production, other
measures were relatively unaffected by the invader, highlighting the importance of
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considering the effects of an invader at different scales, i.e., population, community, and
ecosystem levels of organization, and using different measures.
From a regional perspective, Bythotrephes significantly decreased abundance and
biomass of both acid-damaged and recovered zooplankton communities, but had a greater
negative effect on the latter assemblage (Fig. 4.3). The effect of the invader was spread
across several taxa, including the widely distributed acid-tolerant copepod,
Leptodiaptomus minutus, and acid-sensitive species that exist in small isolated
populations, such as Daphnia retrocurva (Table 4.5). This suggests that Bythotrephes
may present a severe roadblock to recovery by preying on acid-tolerant species that
maintain zooplankton community abundance during acidification, but also may hamper
the recovery process by preying on rarer species that are attempting to recolonize lakes as
chemical conditions improve. The failure of most colonist species to experimentally
establish in the dispersal-Bythotrephes-invaded treatment compared to the no dispersalinvaded treatment (Fig. 5.3) lends support to the hypothesis that the invader may prevent
species from recolonizing in lakes recovering from acidification. In a long-term study of
Sans Chambre Lake, Ontario, Keller et al. (2002) found that a predator was likely
limiting the biological recovery of zooplankton following acidification, since species did
not appear to be limited by dispersal. The invasion of Bythotrephes across landscapes of
lakes with various ecological histories may be an important factor in determining the
composition of communities: declines in the regional abundance of different species as a
result of the invader may reduce the ability of zooplankton to act as sources that can
disperse to new locales as part of a metapopulation and thus, maintain regional diversity.
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Dispersal through space (i.e., overland) or time (i.e., the egg bank) may be an
important mechanism in the maintenance of zooplankton community abundance,
biomass, and composition in lakes invaded by Bythotrephes. Dispersal significantly
increased zooplankton abundance and biomass compared to no dispersal treatments,
especially when Bythotrephes was removed (Fig. 5.1). Given that dispersal is likely more
frequent at short distances (Louette and De Meester 2005) and when waterbodies are
connected (Cottenie et al. 2003), invaded lakes that are relatively isolated are less likely
to be rescued by the immigration of zooplankton colonizers. Although most of the lakes
that have been invaded thus far are in the Great Lakes/St. Lawrence basin, Bythotrephes
is likely to continue spreading into the Nelson River basin (Lake of the Woods area) and
parts of the Hudson/James Bay basin, which, at its southernmost margin, is close to
invaded lakes in north-central Ontario (i.e., Lake Temagami, Lake Panache). However,
there are more than twice as many lakes·km-2 and % surface area covered in lakes in the
Nelson River and Hudson/James Bay basins compared to the Great Lakes/St. Lawrence
basin (Cox 1978). Based on the results of the dispersal experiment, I therefore might
expect that lakes outside the Great Lakes/St. Lawrence basin may not be as severely
affected by Bythotrephes. Thus, the context of the landscape that Bythotrephes invades
may in part determine the effect of the invasion on lake zooplankton communities.

Future Directions
Although the invasion of Bythotrephes has resulted in reduced abundance,
biomass, production, and richness of zooplankton communities, very little is known how
these effects will extend to other levels of the aquatic food web. Several studies have
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demonstrated reduced abundance of the native invertebrate predator, Leptodora kindtii,
since the invasion of Bythotrephes (Lehman and Cáceres 1993; Barbiero and Tuchman
2004). However, studies have failed to ascertain whether this is a result of direct
predation or competition, as Branstrator (1995) demonstrated that Bythotrephes could
consume Leptodora, although their dietary overlap would suggest that competition for
resources is a more likely cause. In a companion study, Hovius et al. (2006) observed
significant increases in rotifer abundance in the same Bythotrephes-invaded lakes where I
found decreased crustacean zooplankton abundance (Chapter 2), but it was unclear if this
was as a result of reduced exploitative and interference competition with cladocerans,
which can mechanically damage rotifers that are swept into their feeding chamber
(Gilbert 1985), or reduced predation from native invertebrate predators. Leptodora
generally prefers cladoceran prey (Monakov 1972), but can consume rotifers
(Edmondson and Litt 1987). One species in particular that appears to have benefited
from the invasion of Bythotrephes, the colonial rotifer Conochilus (Hovius et al. 2006), is
not susceptible to interference, but is preyed upon by Leptodora (Branstrator and Lehman
1991), suggesting that reduced predation as a result of declining Leptodora populations
may increase the abundance of some rotifer taxa. Although experiments have
demonstrated that young lake trout (Salvelinus namaycush) can learn aversion to
Bythotrephes, the ability of the fish to prey on other more palatable prey items is
negatively affected by the presence of the invader (Barnhisel and Kerfoot 2004), which
may have implications for the growth of these economically-important species. In
addition, lake herring (Coregonus artedi) fed preferentially on Bythotrephes in Harp
Lake, Ontario, but fish condition was seemingly unaffected by the invader (Coulas et al.
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1998). However, both of the fish species in these studies generally prefer cool water,
whereas the greatest effect of Bythotrephes on zooplankton production in my study was
observed in the warm epilimnion (Fig. 3.1), suggesting that more research is needed on
fish species inhabiting different thermal regions in order to elucidate the indirect effects
of the invader on higher trophic levels.
From a longer term perspective, the species that are able to adapt to the invasion
of Bythotrephes will be most likely to survive. There have been some experimental
examples of prey adaptation to Bythotrephes: Bungartz and Branstrator (2003) observed
induction of helmet formation in Daphnia mendotae are a morphological defense against
predation, and Pangle and Peacor (2006) induced vertical migration of Daphnia
mendotae to deeper waters as a behavioural adaptation to the invader. In the field, I
observed some indirect evidence of altered life history in lakes invaded by Bythotrephes,
where epilimnetic production of small cladocerans was shifted to late spring in invaded
lakes, avoiding periods of peak Bythotrephes abundance (Fig. 3.3). In a field study,
Hairston Jr. and Walton (1986) also observed changes in the timing of egg production of
a copepod in response to the presence or absence of a fish predator, suggesting that
altered life history can be an important and observable response to predation. The
provision of new propagules to invaded lakes via dispersal may allow for the
maintenance and introduction of new trait and species variation in local habitats, giving
systems the ability to adapt to changing environmental conditions as ‘complex adaptive
systems’ (Leibold and Norberg 2004). In the same way that dispersal between patches
can act to ‘rescue’ local populations from extinction ("the rescue effect": Brown and
Kodric-Brown 1977), dispersal can also act as a genetic rescue effect, introducing
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adapted species into populations that are not adapted to current conditions, thus allowing
the population to persist (Antonovics et al. 1997; Urban and Skelly 2006). Additionally,
the ability of zooplankton to disperse through time by hatching from resting eggs in lake
sediments allows for a genetic storage effect, where maladaptive individuals can reside in
the egg bank and may return to the population when fluctuating selection favours their
survival (Hairston Jr. and Dillon 1990; Urban and Skelly 2006). However, our
understanding of the ability of different species to adapt to novel stressors is incomplete,
especially given the probable importance of spatial (i.e., metacommunity) and temporal
(i.e., storage effects) dynamics, and the interaction of these processes with community
and ecosystem properties. Future studies on the ecological and evolutionary interaction
of the invasion of Bythotrephes across the landscape and the corresponding effects on
prey communities have much to contribute to the understanding of complex evolving
metacommunity dynamics, as species invasions present unique opportunities to study
evolutionary processes on an ecological timescale.
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SUMMARY
1) Crustacean zooplankton communities in lakes invaded by the predatory invertebrate,
Bythotrephes, had lower abundance, richness, and diversity than reference lakes,
although the effect of the invader was mostly observed in the cladoceran
zooplankton.
2) Crustacean zooplankton production in the epilimnion of invaded lakes was
significantly reduced compared to reference lakes (67%); however, there were shifts
in secondary production to the hypolimnion in of some of the invaded lakes,
reducing the overall effect of Bythotrephes on seasonal zooplankton productivity of
the entire water column.
3) Other measures of ecosystem function were relatively unaffected by Bythotrephes:
while zooplankton in invaded lakes grazed significantly less algae than zooplankton
in reference lakes, this did not translate into increased algal biomass at the wholelake scale. In terms of nutrient cycling, I estimated that phosphorus excretion would
likely be significantly lower in invaded lakes compared to reference lakes, but that
Bythotrephes can compensate for lost nutrient excretion by recycling large amounts
of phosphorus itself. Additionally, I estimated that the ratio of nitrogen : phosphorus
(N : P) recycled by zooplankton would be largely unaffected by Bythotrephes.
4) Bythotrephes negatively affected experimental acid-damaged and acid-recovered
zooplankton community abundance and biomass, but this effect was larger in acidrecovered assemblages. Species that are abundant and ubiquitous in acid-damaged
and recovered lakes, such as Leptodiaptomus minutus and Bosmina sp., were
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significantly less abundant in Bythotrephes-invaded enclosures, as were rarer species,
such as acid-sensitive Daphnia retrocurva.
5) Dispersal of regional colonists had a positive effect on abundance, biomass, richness,
evenness, and community composition of experimental zooplankton communities
compared to no dispersal treatments, but had the largest effect on assemblages
invaded by Bythotrephes, but with the invader removed. Dispersal generally had no
stabilizing effect on community biomass among replicates and through time, with the
exception of the large cladocerans, which became more stable. The presence of the
invader dampened the positive effects of dispersal on most community measures,
while the never invaded community generally resisted the establishment of colonists.
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APPENDIX 1. Zooplankton species presence/absence in study lakes. Taxonomic
authorities in parentheses indicate genus name has changed since original description.
* = invaded lakes
Species

Authority

Acanthocyclops robustus a

(Sars)

Acroperus harpae
Bosmina (Bosmina)
liederi/freyi b
Chydorus
sphaericus/brevilabris
Cyclops scutifer

(Baird)
De Melo and
Hebert
O.F. Müller/
Frey
Sars

Daphnia (Daphnia) ambigua

Scourfield

Daphnia (Daphnia) catawba

Coker

Daphnia (Daphnia) retrocurva

Forbes

Daphnia (Hyalodaphnia) dubia

Herrick

Daphnia (Hyalodaphnia) longiremis
Daphnia (Hyalodaphnia) mendotae

c

Bernard*

Buck

Doe

Fairy*

x
x
x

x

x

x

x
x
x

x

x

Sars

x

x

x

Birge

x

x

x

x

x

x

x

x

x

x

x

x

Diacyclops bicuspidatus thomasi

(Forbes)

Diaphanosoma birgei

Kořínek

Epischura lacustris

Forbes

Eubosmina (Eubosmina) coregoni d

(Baird)

Eubosmina (Neobosmina) tubicen e

(Brehm)

Holopedium gibberum

Zaddach

Latona setifera

(O.F. Müller)

Leptodiaptomus ashlandi

(Marsh)

Leptodiaptomus minutus

(Lilljeborg)

Leptodiaptomus sicilis

x
x

x
x

x

x

x

x

x

(Forbes)

x

x

x

Leptodora kindtii

(Focke)

x

x

Mesocyclops edax

(Forbes)

x

x

x

Orthocyclops modestus

(Herrick)

x

x

x

Polyphemus pediculus

(Linnaeus)

x

x

Senecella calanoides

Juday

Sida crystallina

(O.F. Müller)

Skistodiaptomus oregonensis

(Lilljeborg)

Tropocyclops extensus f
a
formerly Acanthocyclops vernalis complex
b
formerly Bosmina (Sinobosmina) spp.
c
formerly Daphnia galeata mendotae
d
formerly Bosmina (Eubosmina) coregoni
e
formerly Bosmina (Neobosmina) tubicen
f
formerly Tropocyclops prasinus mexicanus

(Kiefer)

x

x
x
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Species

Harp*

Kashagawigamog*

Lake
Muskoka*

Lake of
Bays*

Mary*

x

x

x

x

Acanthocyclops robustus a
Acroperus harpae
Bosmina (Bosmina) liederi/freyi b

x

Chydorus sphaericus/brevilabris

x

Cyclops scutifer
Daphnia (Daphnia) ambigua
Daphnia (Daphnia) catawba
x

Daphnia (Daphnia) retrocurva
x

Daphnia (Hyalodaphnia) dubia
Daphnia (Hyalodaphnia) longiremis

x

x

x

c

x

x

x

x

x

x

x

x

x

x

x

x

x

x

x

x

x

x

x

x

x

x

Leptodiaptomus minutus

x

x

x

x

x

Leptodiaptomus sicilis

x

x

x

x

Daphnia (Hyalodaphnia) mendotae
Diacyclops bicuspidatus thomasi
Diaphanosoma birgei
Epischura lacustris
Eubosmina (Eubosmina) coregoni

x

x

d

Eubosmina (Neobosmina) tubicen e
Holopedium gibberum
Latona setifera
Leptodiaptomus ashlandi

x

Leptodora kindtii
Mesocyclops edax

x

x

Orthocyclops modestus

x

Polyphemus pediculus

x

Senecella calanoides

x

Sida crystallina
Skistodiaptomus oregonensis
x
Tropocyclops extensus f
formerly Acanthocyclops vernalis complex
b
formerly Bosmina (Sinobosmina) spp.
c
formerly Daphnia galeata mendotae
d
formerly Bosmina (Eubosmina) coregoni
e
formerly Bosmina (Neobosmina) tubicen
f
formerly Tropocyclops prasinus mexicanus
a

x

x

x

x

x

x
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Species

Peninsula*

Pickerel

Sand

x

Acanthocyclops robustus a

Skeleton*

Vernon*

x

Acroperus harpae
x

Bosmina (Bosmina) liederi/freyi b

x

x

x

Chydorus sphaericus/brevilabris

x

x

Cyclops scutifer

x
x

Daphnia (Daphnia) ambigua
x

Daphnia (Daphnia) catawba

x
x

Daphnia (Daphnia) retrocurva
x

Daphnia (Hyalodaphnia) dubia
Daphnia (Hyalodaphnia) longiremis

x

c

x

Diacyclops bicuspidatus thomasi
Diaphanosoma birgei

Daphnia (Hyalodaphnia) mendotae

x

x

x

x

x

x

x

x

x

x

x

x

x

x
x

x

x

Epischura lacustris
Eubosmina (Eubosmina) coregoni

d

Eubosmina (Neobosmina) tubicen

e

x
x

x

x

Holopedium gibberum

x

x

x

Latona setifera

x

x
x

Leptodiaptomus minutus

x

x

Leptodiaptomus sicilis

x

Leptodora kindtii

x

Mesocyclops edax

x

x

Orthocyclops modestus

x

x

x

x

x

Tropocyclops extensus f
formerly Acanthocyclops vernalis complex
b
formerly Bosmina (Sinobosmina) spp.
c
formerly Daphnia galeata mendotae
d
formerly Bosmina (Eubosmina) coregoni
e
formerly Bosmina (Neobosmina) tubicen
f
formerly Tropocyclops prasinus mexicanus

x

x

x

x

x
x

Senecella calanoides
Sida crystallina

x

x

x

Polyphemus pediculus

Skistodiaptomus oregonensis

x
x

Leptodiaptomus ashlandi

a

x

x

x

45°25´N, 79°23´W
45°32´N, 79°25´W
45°41´N, 79°18´W
45°37´N, 79°10´W

45°23´N, 79°07´W
45°20´N, 79°17´W
45°45´N, 79°23´W
45°20´N, 79°06´W

Reference
Buck*
Doe*
Pickerel*
Sand
Mean

Invaded
Harp*
Vernon*
Bernard
Peninsula
Mean
37.5
37.2
47.9
34.1
39.2

23.0
23.0
38.0
59.0
35.8

Zmax
(m)

F-ratio
0.14
p-value
0.72
* lakes included in grazing experiment

Coordinates

Lake

0.75
0.42

71.7
1505.1
2057.7
864.8
1124.8

656.0
1187.0
513.0
568.2
731.1

Area
(ha)

1.04
0.35

3.0
3.0
4.1
4.4
3.6

2.6
3.6
2.8
3.5
3.1

Ca
(mg·L-1)

1.74
0.23

6.7
7.1
3.4
6.1
5.8

10.7
7.0
6.7
6.0
7.6

DOC
(mg·L-1)

3.10
0.13

38.0
36.8
65.2
70.6
52.7

25.6
46.0
32.4
37.2
35.3

Cond
(µmhos·cm-1)

1.96
0.21

7.0
6.8
7.1
7.1
7.0

6.3
7.1
6.8
6.8
6.8

pH

1.16
0.32

7.2
7.9
9.6
9.0
8.4

13.3
12.0
8.1
7.1
10.1

TP
(µg·L-1)

1.51
0.27

1.7
2.8
2.8
2.6
2.5

2.8
3.4
4.4
2.0
3.1

Mean total
chl a
(µg·L-1)

TABLE A2.1. Morphometric, physical, chemical, and biotic characteristics of study lakes. Maximum depth and lake surface area
obtained from Ontario Ministry of the Environment (unpublished). Water chemistry and chlorophyll a obtained from integrated
epilimnetic samples taken the week of 14 July 2003 and biweekly, respectively, using a 2.5-cm diameter tube sampler. Water
chemistry was analyzed by the Ontario Ministry of the Environment. A one-way ANOVA was performed on parameters (n = 4,
treatment df = 1, error df = 6). Lakes sorted by increasing Bythotrephes abundance. Zmax = maximum depth, Ca = calcium, DOC =
dissolved organic carbon, Cond = conductivity, TP = total phosphorus, chl a = chlorophyll a.

APPENDIX 2. Study lake morphometric, physical, chemical, and biotic characteristics.
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TABLE A2.2. Planktivorous fish and Mysis relicta categorical abundance in study lakes.
Fish data provided by Ontario Ministry of Natural Resources (unpublished) and Mysis
data from Nordin (2005). Lakes sorted by increasing Bythotrephes abundance.
Cisco
(Coregonus
artedi)

Rainbow
smelt
(Osmerus
mordax)

Lake
whitefish
(Coregonus
clupeaformis)

Yellow
perch
(Perca
flavescens)

Mysis
relicta

Buck

A/P

A

A

P

H

Doe

L

A

L

P

L

Pickerel

L

A/P

A

P

H

Sand

L

H

A

P

L

Harp

H

A

A

P

M

Vernon

A

M

A

P

L

Bernard

A/P

L/M

H

P

L

M

A

P

M

Lake
Not Invaded

Invaded

Peninsula
A
A = absent
A/P = absent, but detected in past
P = present

L = low
M= medium
H = high
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APPENDIX 3. Detailed methodology of calculating zooplankton production.
The cohort method (Downing 1984) uses the following equation to estimate
production (P)
(1)

P = ∑ [( N1 − N 2 )(∆w1, 2 )]

where N1 and N2 are the number of individuals at times t1 and t2 and ∆w1,2 is the change in
body mass between time periods.
For the egg-ratio method (Cooley et al. 1986), I estimated the instantaneous birth
rate between sampling periods using the following equation

(2)

⎛E
⎞
ln⎜⎜ 1 + 1⎟⎟
⎝ N1 ⎠
b=
K

where b is the birth rate (per day), E1 and N1 are the numbers of eggs and individuals at
the beginning of the time interval and K is the development time (days), following
Paloheimo (1974) with modifications by Brett et al. (1992). Instantaneous growth rate for
the same time interval was determined by

(3)

⎛N ⎞
ln⎜⎜ 2 ⎟⎟
⎝ N1 ⎠
r=
t 2 − t1

where r is the growth rate (per day) and N1 and N2 are the number of adult and juvenile
individuals at t1 and t2. The birth and growth rates were used to determine the number of
new recruits (B) in each time interval by the equation
(4)

⎛b⎞
B = ⎜ ⎟ × ( N 2 − N 1 ) when r > 0 or
⎝r⎠
B = b × N 1, 2 × (t 2 − t1 ) when r = 0
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where N1,2 is the geometric mean number of individuals at t1 and t2. Volumetric
production, Pvolumetric (mg·m-3) was then calculated as
(5)

Pvolumetric = B × w1

where w1 is the mean individual weight at time t1. Mean dry weights for cladocerans
were calculated directly using length-weight regressions (W.G. Sprules, unpublished

data) (McCauley 1984; Culver et al. 1985; Yan and Mackie 1987). The mean dry weight
of copepods was calculated by determining the mean proportion of each stage (adult,
copepodid, and nauplii) present over the entire sampling period, as the mean weight
between adjacent sampling periods would bias production estimates (see Stockwell and
Johannsson 1997). The mean copepod individual weight is then estimated by dividing the
total biomass of all stages (eggs included) by the total number of adults and juveniles,
excluding eggs (Borgmann et al. 1984). To obtain whole stratum estimates of production,
(6)

Pareal = Pvolumetric × d s

where ds is the depth of the stratum and Pareal is areal production (mg·m-2).
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APPENDIX 4. Bĕlehrádek’s coefficients for species-specific egg development times (K,
days) relative to mean temperature T (°C).
Species
a
a
Bosmina spp.
3 705 848
b
0.0018
Bythotrephes longimanus
a
Ceriodaphnia spp.
1 763
Chydorus spp.a
138 279
Daphnia spp.a
65 912
a
1 767
Diaphanosoma birgei
3 705 848
Eubosmina coregonia
10.2564
Holopedium gibberumc
d
58.3820
Leptodora kindtii
10.2564
Polyphemus pediculusc
a
Diaptomus spp.
38 474
a
Other cyclopoids
7 590
Tropocyclops spp.e
18 901
18 901
Diacyclops bicuspidatus thomasie
a
c
Cooley et al. (1986); K = a(T – b) /24
b
Yurista (1992); 1/K = 24(aT + c)
c
Bottrell (1976); ln K = ln a + ln T + c(ln T)2
d
Vijverberg (1980); ln K = ln a + c(ln T)2
e
Borgmann et al. (1984); K = a(T – b)c/24

b
-15.4
—
3.7
-4.9
-6.1
-1.9
-15.4
—
—
—
-3.7
-3.4
-4.8
-4.8

c
-3.1100
-0.0068
1.2800
-2.4300
-2.1200
1.0800
-3.1100
-0.5647
-0.2148
-0.5647
-2.0000
-1.4000
-1.7700
-1.7700
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APPENDIX 5. Detailed methodology of estimating P excretion and N : P recycling by
zooplankton.
First, I used the general equation for all freshwater zooplankton (their Eq. 5;
Peters and Downing 1984) to calculate the ingestion rate (I; µg wet mass ·animal-1·d-1) of
copepods
(1)

log I = -0.353 + 0.544 log W + 0.577 log S – 0.0002M + 0.466 log R
+ 0.00006C – 0.045(log R)2

where W = animal mass (dry weight; µg·animal-1), S = food concentration (wet mass; 106
µm3·mL-1), R = mean food particle volume (µm3·cell-1), obtained by dividing biovolume
(food concentration; µm3·mL-1) by cell concentration (cells·mL-1). For the parameters C
(volume of experimental vessel; mL) and M (duration of experiment; min), mean values
were taken from Peters and Downing (their Table 4; 1984), as these parameters are less
important in longer-term studies (see Vanni and Findlay 1990). Edible chlorophyll a
concentration, i.e. particles < 35 µm, was used as a proxy for food concentration.
Phytoplankton cell concentration was obtained from a seasonal composite sample of the
epilimnetic waters. Using an equation specific to cladocerans (their Eq. 7; Peters and
Downing 1984), I calculated cladoceran ingestion rate (I; µg wet mass ·animal-1·d-1) as
(2)

log I = -1.343 + 0.486 log S + 0.587 log W + 0.014Ca – 0.165(log R)2
+ 0.887 log R + 0.027T

where Ca = volume of experimental vessel per animal (mL) and T = temperature (°C). I
used the mean value of Ca from Peters and Downing (their Table 4; 1984). For each
species, ingestion rates were calculated and then multiplied by the species abundance to
get volumetric species ingestion rate. Since many adult copepod species and copepodids
are omnivorous, I assumed that 50% of all adults and copepodids were herbivores, that
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the large-bodied Epischura lacustris and Senecella calanoides were carnivores, and that
all nauplii were herbivores, and adjusted abundances accordingly. Carbon (C) was
estimated by assuming that 10% of phytoplankton wet mass ingested is C (Peters and
Downing 1984) and converted to P ingestion rate by dividing by the seston C : P ratio for
each lake. Particulate fractions of C and P were not measured in the water chemistry
analyses, so the C : P ratio (by mass) was estimated from Hessen et al. (2003)
(3)

POC = 288 + 0.38 v and
POP = 2.3 + 0.0078 v

where POC = particulate organic C (µg·L-1), POP = particulate organic P (µg·L-1), and v =
phytoplankton biovolume (wet weight; µg·L-1). Total chlorophyll a was used as a proxy
for phytoplankton biovolume, converting chlorophyll a biomass to biovolume assuming a
specific gravity of 1. Although chlorophyll a is a less sensitive measure of phytoplankton
physiological variability than calculating individual cell biovolumes, it is commonly used
as a surrogate, due to its ease of measurement (Wetzel and Likens 2000). P excretion was
then calculated by assuming 50% of P is excreted by zooplankton (Vanni and Findlay
1990). However, body P content varies between different zooplankton taxa and will
therefore affect the ratio at which C and P are released back to the environment (Olsen et
al. 1986), thus, invalidating the assumption that P is excreted at a constant ratio. More
recently, Andersen (1997) suggested that at very low food P : C, the elemental ratio of the
consumer would no longer influence P release rates. Owing to low seston P : C in the
study lakes (~0.003, by atoms), I will assume that the consumer P : C ratio will not affect
P release, and therefore, that zooplankton are excreting P at a constant rate of 50%.
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The above model for calculating zooplankton excretion of P assumes that
zooplankton are primarily herbivores, but since Bythotrephes mostly feeds on other
zooplankton, another model was chosen to estimate the contribution that Bythotrephes
may make to P regeneration. I estimated the daily P excretion for epilimnetic

Bythotrephes (E; µg·L-1·d-1) from Burkhardt and Lehman (1994)
(4)

E = 0.0116 exp (0.0437T) W 0.616

where T = temperature (°C) and W = biomass (µg·L-1). This empirical model was
developed from field-collected Bythotrephes which would have had a full range of prey
organisms available to them, and thus, is not biased by the different stoichiometries of
prey items. I assumed that 40% of the Bythotrephes population was in the epilimnion (J.
Young, unpublished data) and downweighted the biomass accordingly. I acknowledge
that both zooplankton and Bythotrephes exhibit diel vertical migrations of varying
strength, and thus, that there is inherent uncertainty in my estimations. Although P
release by the zooplankton community and Bythotrephes was estimated using different
methods, I believe that this approach is valid, as the invader is generally carnivorous, and
thus, an empirical model intended for herbivores would not take into account the
voracious feeding habits of Bythotrephes (Burkhardt and Lehman 1994).
Using the stoichiometrically explicit model of Sterner (1990), I estimated the N :
P of nutrients recycled by zooplankton (s; excluding Bythotrephes) by
(1)

s = f (1 – bL / f) / (1 - L) when f > b or
s = f (1 – L) / (1 – Lf / b) when f < b

where f = seston N : P ratio, b = zooplankton N : P ratio, and L = the maximum
accumulation efficiency of the element. Since particulate fractions of N and P were not
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measured in the water chemistry analyses, the seston N : P ratio (by atoms) was estimated
from Hessen et al. (2003)
(4)

POP = 2.3 + 0.0078 v and
PON= 15.8 + 0.056 v

where POP = particulate organic P (µg·L-1), PON = particulate organic N (µg·L-1), and

v = phytoplankton biovolume (wet weight; µg·L-1). The zooplankton N : P ratio (by
atoms) was estimated using published values (Table A5.1) from the most closely related
species with values reported, e.g., the N : P of Daphnia longispina (Andersen and Hessen
1991) was used for all Daphnia species. Zooplankton community N : P was estimated on
each date by summing the biomass-weighted N : P for each taxonomic group (excluding

Bythotrephes). The accumulation efficiency (L) of each element was assumed to be 0.75
(Elser and Urabe 1999).

TABLE A5.1. Published values of N : P ratios of zooplankton species.
Species

N : P (atoms)

Source

Acanthodiaptomus denticornis
Bosmina longispina
Diaphanosoma brachyurum
Holopedium gibberum
Daphnia longispina
Diacyclops thomasi
nauplii
copepodids

38.7 : 1
24.2 : 1
19.6 : 1
19.1 : 1
14.3 : 1
27.7 : 1
3:1
13 : 1

Andersen and Hessen 1991
Andersen and Hessen 1991
Andersen and Hessen 1991
Andersen and Hessen 1991
Andersen and Hessen 1991
Elser et al. 1995
Villar-Argaiz et al. 2002
Villar-Argaiz et al. 2002
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APPENDIX 6. Multivariate ordination of Bythotrephes and epilimnetic zooplankton
production.
Multivariate ordination techniques were used to examine the influence of

Bythotrephes on genus-specific zooplankton production in the epilimnion. Using
CANOCO 4.5 (ter Braak and Šmilauer 2002) to perform a preliminary detrended
correspondence analysis (DCA), I determined that the gradient length of the first axis was
< 3, therefore, linear ordination was appropriate. Environmental variables included water
chemistry, morphometry, Bythotrephes density, temperature, and biotic characteristics,
such as chlorophyll a and the presence/absence of planktivorous fish. Environmental
variables were assessed for collinearity if the variance inflation factor was > 10.
Redundancy analysis (RDA) is a direct gradient analysis technique that constrains the
variability in the taxa to specific environmental variables. The significance of the RDA
axes and predictor variables was tested with a Monte Carlo permutation test. For both
analyses, taxa which contributed < 0.1% of total production were removed, as they may
have undue influence on the outcome of the ordination, and taxon production was logtransformed to reduce the influence of dominant genera.

Bythotrephes was the only significant environmental variable, explaining 42% of
the variability in genus production (F = 4.30, p = 0.01) (Fig. A6.1). A large number of
species were negatively correlated with Bythotrephes, including both large and small
cladocerans, e.g. Daphnia and Eubosmina; cyclopoids, e.g. Mesocyclops; and calanoids,
e.g. Diaptomus. A few large-bodied copepods, such as Cyclops and Epischura lacustris,
were positively correlated with Bythotrephes, and surprisingly, so was the small bosminid
cladoceran, Eubosmina coregoni.
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FIGURE A6.1. Redundancy analysis (RDA) of epilimnetic zooplankton production by taxa.
Environmental variables are represented by the large arrows and taxa by the small arrows.
Circles are site scores for invaded ({) and reference (z) lakes (lake names in capitals).
Taxon names are italicized and abbreviated as follows: Acan = Acanthocyclops, Bosm =
Bosmina, Chyd = Chydorus, Cycl = Cyclops, Daph = Daphnia spp., Daph men =
Daphnia mendotae, Diacy = Diacyclops, Diapt = Diaptomus, Epi lac = Epischura
lacustris, Eub cor = Eubosmina coregoni, Eub lon = Eubosmina longispina, Eub tub =
Eubosmina tubicen, Hol gib = Holopedium gibberum, Meso = Mesocyclops, Ortho =
Orthocyclops, Tropo = Tropocyclops.
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APPENDIX 7. Egg production by strata and functional group.
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FIGURE A7.1. Average eggs·individual-1 in the (a) epilimnion, (b) metalimnion, and (c)
hypolimnion of invaded ( ) and reference () lakes (n = 4, except for reference lake
hypolimnion where n = 3). Error bars are ±1 standard error.
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FIGURE A7.2. Average egg density (eggs·m-3) of small cladocerans, large cladocerans,
cyclopoids, and calanoids in the epilimnion (a-b), metalimnion (c-d), and hypolimnion (ef) of invaded and reference lakes.
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0.7
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1.2 (0.2)
1.1 (0.2)
1.2 (0.3)
0.7 (0.2)

1.6 (0.1)
0.9 (0.1)
1.5 (0.3)
1.2 (0.2)
1.3 (0.3)
0.9 (0.4)

27.3 (1.3)
26.8 (2.1)
25.4 (0.3)

6.7 (0.0)
6.9 (0.1)
6.9 (0.0)

8.6 (0.3)
10.0 (0.5)
9.6 (0.4)

1.5 (0.2)
0.8 (0.1)
1.3 (0.2)
1.2 (0.3)
1.2 (0.3)
0.8 (0.1)

1.7 (0.2)
0.9 (0.0)
1.5 (0.2)
1.3 (0.3)
1.3 (0.4)
0.9 (0.4)

28.0 (3.6)
25.9 (0.3)
25.0 (0.5)

6.7 (0.0)
6.9 (0.0)
6.8 (0.0)

8.6 (0.3)
10.2 (0.1)
9.8 (0.3)

Invaded
No
Regional
dispersal
dispersal
17.8 (0.1)
17.7 (0.1)
20.7 (0.1)
20.6 (0.1)
20.0 (0.1)
20.0 (0.0)

1.4 (0.1)
0.7 (0.0)
1.3 (0.1)
1.2 (0.4)
1.2 (0.2)
0.6 (0.1)

1.7 (0.2)
0.9 (0.1)
1.4 (0.1)
1.2 (0.1)
1.2 (0.2)
1.0 (0.7)

27.8 (2.2)
25.9 (0.4)
25.0 (0.3)

6.7 (0.0)
6.9 (0.1)
6.9 (0.0)

8.7 (0.3)
9.6 (1.1)
9.7 (0.4)

1.5 (0.1)
0.7 (0.1)
1.2 (0.2)
1.0 (0.1)
0.9 (0.1)
0.5 (0.0)

1.7 (0.1)
0.9 (0.1)
1.2 (0.2)
1.1 (0.2)
1.0 (0.2)
0.6 (0.2)

26.7(1.7)
26.0 (0.8)
25.2 (0.6)

6.7 (0.1)
6.9 (0.0)
6.8 (0.1)

8.7 (0.2)
8.5 (1.2)
9.6(0.6)

Invader removed
No
Regional
dispersal
dispersal
17.7 (0.1)
17.7 (0.1)
20.6 (0.1)
20.8 (0.2)
20.0 (0.0)
20.0 (0.0)

1.4 (0.1)
0.7 (0.1)
0.9 (0.1)
1.0 (0.2)
1.1 (0.1)
0.5 (0.3)

1.5 (0.1)
0.8 (0.0)
1.0 (0.1)
1.2 (0.2)
1.4 (0.3)
1.3 (0.2)

45.0 (21.3)
26.9 (0.8)
25.3 (0.1)

6.7 (0.0)
6.9 (0.0)
6.9 (0.0)

8.6 (0.3)
9.51 (1.0)
9.8 (0.4)

1.6 (0.1)
0.7 (0.1)
0.9 (0.1)
1.1 (0.1)
1.1 (0.1)
0.7 (0.2)

1.6 (0.2)
0.8 (0.1)
1.1 (0.1)
1.1 (0.2)
1.3 (0.1)
1.0 (0.2)

27.9 (2.1)
26.9 (1.8)
25.4 (0.9)

6.7 (0.1)
6.9 (0.1)
6.9 (0.0)

8.6 (0.2)
8.2 (1.1)
9.6 (0.7)

Never invaded
No
Regional
dispersal
dispersal
17.7 (0.1)
17.6 (0.1)
20.6 (0.1)
20.6 (0.1)
20.0 (0.0)
20.0 (0.0)

APPENDIX 8. Mean physical, chemical, and biotic characteristics of four replicate experimental enclosures
(standard deviation in brackets).
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