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Abstract 

Landfill leachate production is an unavoidable by-product of landfilling solid waste. Mitigation of the 

adverse environmental impacts of landfill leachate is required at all active and closed landfill sites. Since 

leachate production continues long after the landfill is closed and no longer generating revenue, 

management strategies including low-cost passive and naturalized landfill leachate treatment systems are 

ideal. 

The past practice of dumping solid waste into unused tracts of land has created many brownfield sites 

with uncontrolled discharges of leachate to the receiving environment. Belle Park in Kingston, Ontario is 

an example of such a site that has been reclaimed for recreational use. A seep management strategy, 

which included the installation of leachate extraction wells, has been implemented at the site. Passive 

treatment systems, a coastal fringe wetland and a phreatophyte plots, were installed to evaluate their 

effectiveness in conjunction with the leachate seep management. Modelling estimated that originally, the 

pumping wells decreased leachate discharge by 60%, and with the newer wells in 2007 the discharge was 

decreased by 75- 85%. 

In situ pilot-scale evaluations of treatments systems are required to ensure adequate treatment of the 

leachate. The Merrick Landfill in North Bay, Ontario currently captures leachate produced on site and is 

assessing the potential of a hybrid-passive landfill leachate treatment system. This design process started 

with bench-scale design and assessment of active pretreatment options, followed by an evaluation of 

passive and semi-passive treatment systems at the bench-scale (treating 2-3 L/day) at both room (24oC) 

and cold (2oC) ambient temperatures. The design process culminated with a pilot-scale assessment of 

hybrid-passive treatment systems (treating 2000 L/d). 

Assessment of flow in passive treatment system is usually conducted with tracer evaluations. 

Vertical-flow passive treatment systems with intermittent dosing of leachate for passive aeration have 
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both saturated and unsaturated flow regions. This research shows that tracer evaluation of these types of 

system was insufficient to measure the clogging within the pore spaces. Therefore a time-lagged flux 

method was created, based on the pilot-scale hybrid passive treatment system at the Merrick Landfill. 

This analytical solution quantified the changes in saturated hydraulic conductivity in the treatment system 

cells. 
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Chapter 1 

Introduction 

1.1 Background 

Landfill disposal is currently the most widely employed method of solid waste management 

worldwide. The production of leachate and the associated risks to the receiving environment are an 

inevitable by-product of this practice. Landfill design has evolved from the original unlined city dump to 

engineered landfills with leachate collection systems and liners ranging from compacted natural soil to 

plastic and geosynthetic materials. Landfill leachate is produced as water percolates through the stored 

waste and collects by-products of the decomposition processes. The quantity and composition of landfill 

leachate are site-specific and based on the regional climate and type of waste stored in the landfill, which 

controls the contaminants available for leachate production.  

The biologically mediated degradation of waste in a landfill occurs in four stages: (I) aerobic 

degradation, (II) anaerobic (acetogenesis), (III) unsteady methanogenesis, and (IV) steady 

methanogenesis (Farquhar and Rovers, 1973). Each of these phases of waste decomposition generates 

different types and quantities of gaseous and liquid by-products. Each distinct parcel of waste stored 

within a landfill will progress through the four stages of decomposition at different rates, and as such, 

each parcel will contribute different constituents to the leachate formed. Only once all the parcels of 

waste have reached stage IV decomposition can the leachate characteristics be expected to remain 

relatively constant.  

Landfill leachate production is therefore based on the waste stored in the landfill and the age of the 

landfill, but in general it can be characterized as a chemically complex wastewater stream with high 

concentrations of organic matter, both readily biodegradable (labile) and refractory to biodegradation 

(recalcitrant), nitrogen (mainly in ammoniacal forms), heavy metals, xenobiotics, and chlorinated 
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organics and inorganic salts (Chiemchaisri et al., 2009; Vymazal, 2009; Polprasert and Sawaittayothin, 

2006). The age of the landfill has been shown to have the greatest effect on the leachate in terms of visual 

aesthetic, types of organic constituents and metal concentrations. Lou et al. (2009) discussed the 

maturation of leachate at a landfill. The young leachate at a landfill was characterized as having black 

suspended solids and a strong odour. As the landfill matured, both the odour and the quantity of 

suspended solids were reduced. As the leachate reached full maturity, stage IV, leachate was less 

odourous and yellow in colour.  In stage II of waste degradation, organic acids are produced; these 

organic acids are later used in methanogenesis. Prior to the establishment of high rates of methanogenesis 

in the landfill, high concentrations of these acids are present in the leachate and increase the labile organic 

matter, estimated as the biological oxygen demand (BOD). In all phases of waste decomposition 

recalcitrant organic matter is present in the leachate, which increases the overall chemical oxygen demand 

(COD). Therefore in early stages of waste decomposition, when high concentrations of organic acids are 

present in the leachate, the leachate is typically characterized by a high BOD:COD ratio. As the landfill 

matures and methanogenesis decreases the organic acid concentrations, the leachate is characterized by a 

low BOD:COD ratio (Lou et al., 2009; Spagni et al., 2008). 

Treatment approaches to landfill leachate can be separated into two main methodologies: active and 

passive treatment. Active treatment of landfill leachate involves the implementation of high cost and 

energy intensive wastewater treatment systems that can include activated adsorption, membrane filtration 

and reverse osmosis, and sequencing batch reactors as well as various other physiochemical processes. 

These types of treatment systems are designed to suit the specific characterization of the influent leachate 

stream and require stringent controls to ensure rapid and effective treatment. Passive treatment systems 

are lower cost treatment systems with far less operational controls and inputs. Natural attenuation is the 

only completely passive treatment approach since there are no inputs even in terms of construction. The 

term passive treatment does however extend to include simple and naturalized treatment systems like 

constructed wetlands and biological filters, reactive barriers and lagoon systems. These types of passive 
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treatment systems still carry construction costs, operation and maintenance costs for pumping systems 

and maintenance of the treatment systems. The maintenance costs are, however, lower than those 

associated with the active systems, and the chemical and energy inputs are minimal (Rew and 

Mulamoottil, 1999). The processes in passive treatment systems are not strictly controlled and therefore 

the biological consortia in the systems can evolve to respond to variations in the influent leachate 

characteristics (Mehmood et al., 2009). The lack of strict controls in passive treatment systems also 

makes the use of these systems site-specific, since minor climatic variations can affect the treatment 

processes.  

The limited energy inputs to passive systems, while minimizing costs, can also result in reduced 

treatment efficiencies in these systems. Active treatment systems can efficiently supply oxygen to the 

aerobic components of the treatment process, which allows for higher loading rates (hydraulic and 

constituent loading) to these systems. Passive treatment systems transfer oxygen at a lower rate and 

therefore the systems need to be loaded at lower rates than the active treatment systems. The lower 

loading rates then impose a requirement of a larger areal footprint than a similar active treatment system 

(Chazarenc et al., 2009; Pendleton et al., 2005).  

A combination of active pretreatment of the leachate followed by a passive treatment system creates a 

hybrid-passive treatment system. In these systems, the active pretreatment stage can be used to decrease 

the oxygen demand and the overall size requirements of the subsequent passive treatment system. The 

energy inputs remain lower than those of an active treatment system since the size of the active stage is 

small. These hybrid-passive treatment systems are an ideal combination of active and passive treatment 

for landfill leachate. 

The mitigation of the environmental impacts of landfill leachate is a complex process that continues 

long after the landfill stops receiving waste and therefore stops generating revenues to offset the treatment 

costs. Low cost passive treatment systems for landfill leachate treatment are therefore an attractive option 
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for landfill site managers. The site-specific nature of landfill leachate production paired with the site-

specific treatment efficiency and operational parameters of passive treatment system creates a 

requirement for in situ pilot-scale system evaluation prior to full-scale implementation.  

The long-term production of landfill leachate at closed landfill sites is of particular concern at closed 

city dumps, which were originally constructed as unlined sites with little regard for the environmental 

impacts of leachate. This original waste management practice has created many brownfield sites that 

continue to produce uncontrolled releases of leachate to the environment. Passive approaches can also be 

applied in these scenarios; with leachate containment achieved using phreatophyte barriers instead of 

pumping barriers, or reactive barriers in lieu of pump-and-treat leachate containment systems (Batelaan et 

al., 2003). Passive treatment systems can also be incorporated into pump-and-treat leachate containment 

systems. The management and reclamation strategies for closed landfill sites are as site-specific as the 

design and implementation of leachate treatment systems, however the reclamation strategies are usually 

based on the modelling of site conditions. These model-based strategies involve estimations of site 

conditions, whereas the design of treatment systems based on captured leachate can be conducted through 

various evaluations of the treatment systems with actual leachate from the site. 

1.2 Scope of Study 

This dissertation examines leachate management practices at two different landfill sites: (1) the Belle 

Park Landfill in Kingston, Ontario, Canada, and (2) the Merrick Landfill Site in North Bay, Ontario, 

Canada. The Belle Park Landfill was closed in 1974 and the site has since been reclaimed for recreational 

use. The effects of leachate release from this closed unlined landfill were noted as coloured seeps in the 

Cataraqui River along the site boundaries. Leachate containment measures were put in place in 1997 

when a pump-and-treat leachate seeps management strategy was implemented to minimize the leachate 

discharge to the river. A riparian zone wetland was also constructed to mitigate the impact of the diffuse 

leachate seeps where leachate extraction wells were not installed. Phreatophyte plots, consisting of hybrid 
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poplars, have also been installed to augment the groundwater containment system. The Merrick Landfill 

was commissioned in 1994 as a natural attenuation site. Within three years of landfill operation, leachate 

impacted groundwater seeps were located along the Little Sturgeon River, resulting in exceedances of the 

trigger concentrations set by the Ontario Ministry of the Environment. The City of North Bay has since 

abandoned the natural attenuation strategy and has lined all subsequent landfill cells for leachate 

collection and treatment. These two landfill sites represent two different management strategies: at the 

Belle Park Landfill, a reactive approach is applied to address the previous and outdated waste 

management practices; while at the Merrick Landfill, a proactive approach is applied to design and 

implement a hybrid-passive landfill leachate treatment system. 

In this dissertation, Chapter 2 presents a review of the waste degradation process in a landfill, and 

leachate formation and characterization. The chapter also discusses the mechanisms for landfill leachate 

treatment, and details various passive treatment approaches and design considerations. This part of the 

dissertation is presented as a comprehensive summary of the design methods used for passive treatment 

systems for landfill leachate treatment and the associated advantages and disadvantages of the various 

treatment approaches. 

Chapters 3 through 6 address the design of the hybrid-passive landfill leachate treatment system for 

the City of North Bay’s Merrick Landfill. The design methodology for the pretreatment system is 

discussed in Chapter 3 along with the results from a study that compared three different pretreatment 

systems at various loading rates and hydraulic retention times. The results from this study were used to 

select the active pretreatment stage for subsequent evaluation of the hybrid-passive treatment system. 

Chapter 4 presents the results from initial room-temperature bench-scale investigation of two possible 

treatment systems to be used in conjunction with the pretreatment system in the hybrid-passive landfill 

leachate treatment system. The analysis compared a commercially available Waterloo Biofilter® system 

with a Queen’s University designed peat and wood shaving biological trickling filter. The experiment was 
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designed to investigate the effect of the pretreatment system, to evaluate the effects of various hydraulic 

loading rates on the Waterloo Biofilter system, and to determine the appropriate mixture of peat and wood 

shavings required in the biological trickling filter to minimize the self-weight consolidation of the peat 

and maintain adequate flow and treatment in the system. 

Chapter 5 discusses the results from a cold-temperature bench-scale investigation of two potential 

hybrid-passive treatment systems. The systems were subjected to cold ambient temperature since the 

proposed treatment system would need to operate on site in North Bay where winter temperatures can 

decrease to in excess of -20oC. As in the room-temperature study, this research was also designed to 

investigate the effect of the pretreatment system. The peat and wood shaving biological trickling filter 

was compared to a commercially available biological filter system for this study. 

Chapter 6 presents the pilot-scale performance investigation of the peat and wood shaving biological 

trickling filter, and a sand and gravel wetland as designed by Aqua Treatment TechnologiesTM, both with 

pretreatment of the leachate as described in Chapter 3. The systems were constructed on site and 

monitored for one year. The data presented describes the initial start-up stages and treatment system 

during the acclimatization period, and compares the two treatment systems based on performance. 

Chapter 7 discusses the hydraulic performance of the pilot-scale hybrid-passive treatment systems, as 

well as the development of an analytical solution to the governing equations of groundwater flow that 

could be used to estimate the hydraulic parameters of the treatment systems. Using tracers to evaluate 

hydraulic performance of treatment systems is a common technique. However, throughout the 

investigation of the pilot-scale hybrid-passive leachate treatment system at the Merrick Landfill, it was 

evident that the tracer evaluation could only investigate the hydraulic performance of the saturated zone 

and not the unsaturated zone of the treatment systems. A non-intrusive analytical method was therefore 

developed to quantify the changes in the saturated hydraulic conductivity of the porous media in the 

passive treatment systems. The changes in the hydraulic conductivity determined by the non-intrusive 
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analytical method were used to demonstrate the extent of pore space clogging in the treatment systems. 

This method was also used to estimate minimum hydraulic conductivities for the treatment system cells in 

an attempt to estimate effective life of these treatment system cells. 

The final two chapters review the results from the various studies involved in this research program. 

Included are conclusions specific to the two study sites, the Belle Park Landfill in Kingston and the 

Merrick Landfill in North Bay. These chapters also compare the differences in the retroactive and 

proactive approaches to landfill site management. Results from the two methods used to analyze 

hydraulic performance are presented and compared. Finally, recommendations are presented for 

furthering the research presented in this dissertation. 

Appendix A and B discuss research conducted at the Belle Park Landfill. Appendix A is a case study 

and review of the initial work to facilitate the reclamation of the site by the City of Kingston and Malroz 

Engineering Inc. This appendix is presented as both a description of the Belle Park site, and a review of 

the activities at the site prior to the research in Appendix B. Activities at the site ranged from risk 

assessment, dealing with the exposure pathways of toxins from the stored waste in the landfill to people 

and animals using the site, to containment of the leachate-impacted groundwater. Appendix A reviews the 

initial groundwater modelling used to estimate the effect of the pump-and-treat leachate-impacted 

groundwater seep management strategy, along with the hybrid poplar plots and riparian zone wetland that 

were implemented to address diffuse leachate-impacted groundwater seeps. A short discussion of the 

continuing site management plan is also included. In Appendix B the groundwater model that was 

originally used to evaluate the seep management strategy in 1997 was reconstructed and used to assess the 

seep management strategy under the environmental conditions from 2007 and with the additional 

extraction wells that were constructed since 1997. This appendix examines the effects of river water 

elevation on the leachate formation and the effect of the various pumping sites on the overall influx of 

river water and discharge of leachate-impacted groundwater to the river.  
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1.3 Significant Contributions 

This dissertation outlines three areas of significant contributions to the field of environmental 

engineering and, more specifically, passive treatment system design. The first contribution is the 

evaluation of the utility of the pretreatment prior to passive treatment systems. The results from the 

bench-scale treatability studies (Chapters 4 and 5) demonstrated, through comparison of passive treatment 

systems treating raw leachate and pretreatment system effluent, that the inclusion of a pretreatment 

system had no significant effect on the overall treatment efficiency of the systems. The results showed 

that the aerobic pretreatment system reduced the loading of labile organic leachate constituents, inorganic 

leachate constituents and suspended solids to the passive treatment systems. It was noted that the decrease 

in organic loading would decrease the biomass growth in the passive treatment systems, the decrease in 

inorganic leachate constituent loading would decrease the volume of inorganic precipitates in the passive 

treatment system, and the decrease in suspended solids loading would decrease the potential for 

impingement of solids in the pore spaces of the passive treatment systems. Since the growth of biomass, 

precipitation and subsequent impingement of precipitates and the impingement of suspended solids all 

lead to substratum clogging in passive treatment systems, this research was able to demonstrate that while 

the pretreatment system does not affect the overall treatment efficiency of passive treatment systems, the 

pretreatment system will prolong the effective life of the passive treatment systems and reduce the rate of 

change in saturated hydraulic conductivity in the passive treatment systems. 

The second contribution to the field of passive treatment system design stemmed from the cold-

temperature bench-scale treatability study (Chapter 5). This study demonstrates that the biomass in 

biologically active passive treatment systems is able to generate sufficient heat through exothermic 

reactions to maintain the internal temperatures of the passive treatment system cells, even when dosed 

with cold leachate. Chapter 5 compares two peat and wood shaving biological trickle filters in a 

temperature-controlled chamber. When ambient temperatures in the temperature controlled chamber were 

maintained at 2(±2)oC, the internal temperature of both passive treatment systems was maintained at 
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11oC, independent of the temperature of the dosed leachate (5oC pretreatment system effluent, and 24oC 

raw leachate). From these results it was postulated that with sufficient thermal insulation, which could be 

achieved in the larger pilot-scale systems, and with adequate biological growth it would be feasible to 

maintain the internal temperatures of passive treatment systems in a range suitable for nitrification to 

occur, even in cold climates. The results from the bench-scale analysis are further supported by the results 

from the pilot-scale study (Chapter 6). In Chapter 6 it is noted that the treatment of leachate was still 

occurring even in the cold ambient temperatures in the northern Ontario climate. Within three months of 

system start-up, under cold ambient temperature conditions, 50% of the ammonia in the leachate was 

nitrified in the sand and gravel wetland. This confirmed the assumption based on the cold-temperature 

treatability study (Chapter 5), and demonstrated that nitrification could be achieved in passive treatment 

systems with ambient temperatures below 0oC. 

The third contribution is the new, non-intrusive, analytical method for the estimation of the saturated 

hydraulic conductivities in passive treatment systems; the development of this method is outlined in 

Chapter 7. This method can be used to rapidly estimate the saturated hydraulic conductivity of the passive 

treatment system cell, and to set a minimum saturated hydraulic conductivity to maintain flow within the 

passive treatment system cell. The saturated hydraulic conductivity can be regularly monitored, and a 

comparison with the minimum saturated hydraulic conductivity of the treatment system can be used to 

better estimate the effective lifespan of passive treatment system. This has not yet been accomplished in 

the field of wetland design. 

1.4 References 

Batelaan, O., De Smedt, F. and Triest, L. 2003. Regional groundwater discharge: phreatophyte mapping, 

groundwater modelling and impact analysis of land-use change. Journal of Hydrology. 275(1-2): 86-

108.  



  10 

Chazarenc, F., Gagnon, V., Comeau, Y. and Brisson, J. 2009. Effect of plant and artificial aeration on 

solids accumulation and biological activities in constructed wetlands. Ecological Engineering. 35(6): 

1005-1010.  

Chiemchaisri, C., Chiemchaisri, W., Junsod, J., Threedeach, S. and Wicranarachchi, P.N. 2009. Leachate 

treatment and greenhouse gas emission in subsurface horizontal flow constructed wetland. 

Bioresource technology. 100(16): 3808-3814.  

Farquhar, G.J. and Rovers, F.A. 1973. Gas production during refuse decomposition. Water Air and Soil 

Pollution. 2(4): 483-495.  

Lou, Z., Dong, B., Chai, X., Song, Y., Zhao, Y. and Zhu, N. 2009. Characterization of refuse landfill 

leachates of three different stages in landfill stabilization process. Journal of Environmental 

Sciences. 21(9): 1309-1314.  

Mehmood, M.K., Adetutu, E., Nedwell, D.B. and Ball, A.S. 2009.In situ microbial treatment of landfill 

leachate using aerated lagoons. Bioresource technology 100(10): 2741-2744.  

Pendleton, C.H., Morris, J.W.F., Goldemund, H., Rozema, L.R., Mallamo, M.S. and Agricola, L. 2005. 

Leachate treatment using vertical subsurface flow wetland systems - findings from two pilot studies. 

10th international waste management and landfill symposium, S. Margherita di Pula, Sardinia, Italy, 

October 3-7.  

Polprasert, C. and Sawaittayothin, V. 2006. Nitrogen mass balance and microbial analysis of constructed 

wetlands treating municipal landfill leachate. Water Science and Technology. 54(11-12): 147-154.  

Rew, S. and Mulamoottil, G. 1999. A Cost Comparison of Leachate Treatment Alternatives. in 

Constructed Wetlands for the Treatment of Landfill Leachate. Eds. G. Mulamoottil, E.A. McBean 

and F. Rovers. Lewis Publishers, New York, pp. 261-270.  



  11 

Spagni, A., Marsili-Libelli, S. and Lavagnolo, M.C. 2008. Optimisation of sanitary landfill leachate 

treatment in a sequencing batch reactor. Water Science and Technology. 58(2): 337-343.  

Vymazal, J. 2009. The use constructed wetlands with horizontal sub-surface flow for various types of 

wastewater. Ecological Engineering. 35(1): 1-17. 



  12 

Chapter 2 

Literature Review 

2.1 Introduction 

Waste management and disposal are a large concern for municipalities, and solid waste production is 

an ever-increasing problem as human population increases worldwide. The growing environmental 

concern regarding waste production, storage and disposal has led to the development of waste 

management plans that include waste diversion strategies (e.g. recycling and organic composting 

programs), as well as novel approaches for waste volume minimization (e.g. plasma gasification). 

Landfill disposal of waste remains the most common method of waste management. Kurniawan et al. 

(2006) reported that, in 2000, approximately 57% of solid waste produced in the United States was 

disposed of in Landfills, while 80% of the solid waste was landfilled in China. Production of landfill 

leachate is an inevitable consequence of this method of waste disposal, and presents one of the largest 

environmental concerns with respect to landfill management. Landfill leachate is a chemically complex 

wastewater that can percolate into groundwater aquifers or mix with surface waters; leachate must 

therefore be treated prior to its release in the receiving environment (soil, groundwater and surface water), 

to minimize the potential for contamination. 

Leachate production continues long after the landfill is closed and no longer generating revenues 

from tipping fees that offset the costs associated with leachate treatment. The formation of leachate is site 

specific and temporally variable. As such no single treatment system can be developed that can be 

implemented and suitable at all sites. Landfill leachate treatment options can be classified as either active 

– systems requiring high inputs of energy or chemicals (i.e. activated sludge systems and SBRs), or 

passive – systems with minimal inputs (i.e. lagoons, biological filters, and constructed wetlands). Rustige 

and Nolde (2007) cite that Rudolph et al. (1995) summarized the effects of corrosion, precipitation and 
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biological growth on active treatment systems treating landfill leachate, stating that either construction 

with proactive measures (and increased construction costs) could be employed to minimize these effects, 

or regular expensive maintenance could be used to mitigate the problems retroactively. 

Passive treatment technologies, including constructed wetland and biological filters, have been 

studied since the early 1950s and the technologies have developed rapidly in the last 25 years (Faulwetter 

et al. 2009; De Feo, 2007). The use of passive systems rather than active ones offers many advantages to 

landfill operators including lower operation and maintenance costs, flexibility in use and the adaptability 

of passive systems to respond to variations in leachate characteristics (Mehmood et al., 2009; Rew and 

Mulamoottil, 1999). Active treatment systems are strictly controlled and designed for specific leachate 

characteristics. Therefore as the leachate changes, these systems require modification to ensure efficient 

treatment as leachate concentrations change. Conversely, passive treatment system design includes less 

stringent controls, which allows the biological system to adapt and modify treatment within the system as 

the leachate changes. 

2.2 Waste Decomposition 

To fully understand the complexity of leachate and the intricacies of leachate treatment, one must 

understand the processes of waste decomposition in a landfill. Farquhar and Rovers (1973) discuss waste 

decomposition and leachate production mechanisms at conventional landfill sites. In brief, a landfill is an 

anaerobic digester and therefore follows the dynamics of anaerobic reactors from start-up to steady state 

operation. 

Phase I is the aerobic phase of waste decomposition in a landfill. Oxygen and labile organic matter in 

the waste are consumed, producing carbon dioxide (CO2). Organic nitrogen can be hydrolyzed to 

ammonia (NH3), which can then be oxidized to nitrite (NO2
-) and nitrate (NO3

-), however there is no 

displacement of nitrogen as gas (N2). This phase of waste decomposition only proceeds as long as there is 

oxygen present. 



  14 

Once the oxygen is depleted, the anaerobic phase (phase II) commences. This phase is characterized 

by the fermentation of organic waste to amino acids, simple sugars and eventually volatile fatty acids 

(VFAs) of which acetic acid is the most common. Organic nitrogen is hydrolyzed to NH3 and 

denitrification reduces the NO3
- concentrations via conversion to N2. There is also evidence that hydrogen 

gas (H2) is formed, and hydrogen sulphide (H2S) gas is produced by sulphate reducing bacteria (SRB) 

using sulphate (SO4
2-) as the terminal electron acceptor. 

Phases III and IV are similar in that they are both characterized as the methanogenic decomposition 

of stored waste. Phase III is the unsteady methanogenic phase during which methanogenic bacterial 

populations are still in the growth phase and methane (CH4) production rates are increasing. Phase IV is 

the steady methanogenic phase, where the landfill gas produced maintains a steady concentration of CH4 

and CO2. Both phases are characterized by the generation of CH4 through the biologically catalyzed 

reduction of CO2 with hydrogen and cleavage of VFAs (produced in phase II) into CH4 and CO2. 

Denitrification and sulphate reduction can also occur in these phases of decomposition leading to landfill 

gas production, which can be characterized has having various concentrations of CH4, CO2, H2S, H2, and 

N2 depending on the nature of the stored waste. 

Each parcel of waste that is stored in a landfill passes through these phases of waste decomposition at 

different rates depending on the composition of the waste parcel. Therefore the phases of waste 

decomposition within a landfill tend to vary temporally and spatially. Only once all the parcels have 

reached phase IV can the landfill be considered to be at a steady decomposition rate with steady landfill 

gas production and steady leachate production. 

2.3 Leachate Formation 

Landfill leachate is produced as moisture percolates through the stored waste and collects 

decomposition by-products. As such, leachate production varies throughout the life of a landfill until 

phase IV decomposition is reached throughout the entire landfill. The moisture required for leachate 
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formation can come from either moisture stored within the waste, infiltration of precipitation and 

snowmelt, or through the recirculation of landfill leachate, a method employed to increase the waste 

decomposition rate and landfill gas production rate.  

The source of moisture in landfill leachate production is important, as moisture is also necessary for 

the mobilization of nutrients and enzymes required for biological processes. Once landfill cells have been 

closed, leachate recirculation systems can be installed and moisture percolation can be controlled with 

impermeable caps. The recirculation of leachate increases moisture content in the landfill, thereby 

increasing biological activity, as well as the mixing of nutrients and enzymes required for 

methanogenesis, increasing CH4 production (Renou et al., 2008). However, as long as the landfill cells 

are receiving waste, the main source of moisture for leachate production is precipitation. Precipitation can 

affect leachate production by increasing flow of leachate (usually characterized by higher volumes of 

lower strength leachates) during high precipitation events. During periods of low or no precipitation, 

moisture can remain stored in the waste, thereby increasing reaction times and the solubilization of 

leachate constituents.  

2.4 Leachate Characterization 

A number of studies have indicated that the production of landfill leachate, volume and constituent 

concentrations, is dependant on landfill age, the type of waste stored, and seasonal climate (e.g. Mehmood 

et al., 2009; Renou et al., 2008; Maehlum, 1995). Leachate can be described in general terms as a 

wastewater stream that is coloured and anoxic, with high concentrations of organic constituents, both 

labile (easily biodegradable) and recalcitrant (refractory to biodegradation), nitrogen (mainly in NH3 

form), heavy metals, chlorinated inorganic salts (Chiemchaisri et al., 2009; Vymazal, 2009; Bulc, 2006; 

Polprasert and Sawaittayothin, 2006; Renou et al., 2008; Wiszniowski et al., 2006). The high 

concentrations of NH3, xenobiotic compounds (e.g. phenols, phthalates and pesticides) and metals make 
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the landfill leachate highly toxic (Renou et al. 2008; Polprasert and Sawaittayothin, 2006; Wiszniowski et 

al., 2006). 

It is generally accepted that the temperature in a landfill, and therefore the temperature of the leachate 

produced, is approximately 30oC as a result of the heat generated from biological reactions (Parkes et al., 

2007). Landfill leachate is typically coloured due to the solids in suspension, as well as lignins and 

tannins (Jowett et al., 1999). Ziyang et al. (2009) reported that leachate from a young landfill was 

coloured by a black suspension. As the landfill matured, the presence of the black suspension was 

reduced, however, the colour remained yellow. Both Ziyang et al. (2009) and Jowett et al. (1999) 

concluded that the colour was a result of photosensitive non-biodegradable organics that could only be 

removed through physiochemical processes. Ziyang et al. (2009) further reported that young leachate was 

characterized by a strong odour, which decreased as the landfill matured, and that once the landfill had 

fully matured, the odour was no longer present in the raw leachate. 

Landfill maturation has the most marked effect on the organic and the metal constituents present in 

the leachate. Variations in both these types of leachate constituents are generally due to the processes 

involved in the decomposition of the waste. In phase II VFAs are produced, these acids constitute labile 

organic matter, expressed as biochemical oxygen demand (BOD). Methanogenesis, in the latter stages of 

waste decomposition, consumes the VFAs in methane production, thus decreasing the overall BOD. In all 

phases of leachate production, recalcitrant organic constituents (i.e. humic and fulvic acids) are present 

thereby maintaining a relatively high chemical oxygen demand (COD). It is widely accepted that young 

leachates are characterized by high BOD:COD ratios, while old leachates are characterized by low 

BOD:COD ratios (Mehmood, et al., 2009; Ziyang et al., 2009; Renou et al., 2008; Spagni et al., 2008; 

Deng and Englehardt, 2007). 

Inorganic constituents, such as metals, in leachate follow a similar trend to that of the labile organic 

leachate constituents. The presence of VFAs in the early stages of leachate formation decreases the pH of 
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the leachate, which increases the solubility of metals and, thus, higher metal concentrations are generally 

present in younger leachates. Once the landfill reaches the methanogenic phases, the VFAs are consumed 

biologically and alkalinity is produced. These two processes reduce the overall acidity and increase the 

pH of the leachate. The higher pH reduces the solubility of metals, while the removal of organics from the 

leachate also decreases the potential formation of organo-metallic complexes (Ziyang et al., 2009; Bulc, 

2006). 

The stored waste is a large source of nitrogen and, therefore, leachate is usually characterized by high 

nitrogen concentrations, mostly in the form of NH3 with small concentrations of organic nitrogen during 

all stages of waste decomposition (Renou et al., 2009; Deng and Englehardt, 2007; Bulc, 2006). In the 

aerobic phase, organic nitrogen is hydrolyzed to NH3 and a fraction of the NH3 is oxidized to NO2
- and 

NO3
- through nitrification. Denitrification then reduces NO3

- to N2 in the anaerobic phase. The oxygen 

present during the aerobic phase of waste decomposition is insufficient to support nitrification to a large 

extent, while the longer anaerobic phases can rapidly achieve complete denitrification of any NO3
- 

(Farquhar and Rovers, 1973).  

A number of studies dealing with leachate variation as a function of landfill age, have focused on the 

production of leachate at closed landfills. Leachate constituent concentrations have, however, also been 

shown to vary in active landfills. Kinsley et al. (2007) monitored the leachate produced at an active 

landfill and found that over a four-year study BOD5 and NH3 concentration had doubled. 

2.5 Leachate Treatment Mechanisms 

Landfill leachate can be treated via various physical, chemical and biological treatment mechanisms. 

Active leachate treatment system designs include biological processes for the removal of labile organic 

constituents and nitrogen, as well as coagulation and flocculation and physical settling and filtrations for 

the removal of phosphorous, and recalcitrant organic and inorganic constituents. Furthermore, active 

leachate treatment systems can include air stripping for nitrogen removal, and physiochemical processes 
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such as sorption and ion exchange for the removal of more refractory organic and inorganic constituents 

(Deng and Englehardt, 2007). 

Passive treatment systems for landfill leachate treatment have been designed based on many of the 

same aforementioned treatment mechanisms. Constructed wetlands and other biological filtration systems 

and reactive barriers are designed to allow for treatment of leachate using biologically mediated 

conversion and mineralization of leachate constituents, volatilization, sorption, ion exchange, filtration, 

precipitation and vegetative uptake (Graber et al., 2009; Justin and Zupancic, 2009; Kalmykova et al., 

2009; Langergraber et al., 2009; Deng and Englehardt, 2007; Kadlec and Knight, 1996). Packing medium 

in these types of passive treatment systems can play an important role in the treatment performance, as 

they can act as sorption or ion exchange media.  

Biologically-mediated treatment of landfill leachate relies on bacterial respiration and fermentation to 

remove organic leachate constituents, and the transfer of electrons from donor to acceptor compounds for 

the removal of inorganic constituents (Faulwetter et al., 2009). The sequence of microbial respiration is 

well understood and follows specific sequences based on redox potential. The effectiveness of biological 

reduction of the overall leachate COD is dependant on the BOD:COD ratio and, hence, the age of the 

landfill. Young leachates with high BOD:COD ratios can be treated efficiently with biological processes, 

however as the BOD:COD ratio decreases to below 0.3, this type of treatment has limited effect on the 

overall reduction of COD due to the larger concentration of recalcitrant compounds (Vilar et al., 2010;Li 

et al., 2009; Renou et al., 2008; Deng and Englehardt, 2007). Older leachates, characterized by low 

BOD:COD ratios, typically require other physiochemical process to reduce COD concentrations.  

Removal of nitrogen from landfill leachate can be achieved through a combination of sorption, 

precipitation, settling, ammonification, nitrification, denitrification, volatilization, vegetative uptake and 

even various complex biological methods including CANON and Annamox processes (Sonavane and 

Munavalli, 2009; Sun and Austin, 2007). Specific removal mechanisms cannot be controlled within 
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passive treatment systems. Column studies conducted by Sun and Austin (2007) best demonstrated this 

phenomenon. In their study, four columns were constructed and dosed with the same leachate to 

investigate nitrogen treatment mechanisms. At the conclusion of the study, the results indicated that ion 

exchange or sorption was the likely NH3 removal mechanism in one column, while another exhibited 

conventional nitrification, a third showed no nitrogen removal, and the final column represented an active 

novel nitrogen removal process, which the authors assumed was most likely the CANON process. All of 

these columns were constructed and dosed similarly, which demonstrated the variability in treatment 

exhibited in passive treatment systems even within the same design configurations and leachate source. 

Cooper (2005) also observed a similar behaviour in two passive system columns in the treatment of 

leachate. In this study, both columns achieved similar BOD reductions and NH3 removals. However, one 

of the columns exhibited a higher NO3
- removal, which was attributed to endogenous denitrification. 

Biological treatment mechanisms can also be indirectly associated with the removal of leachate 

constituent. Respiration processes can generate end products that enable other removal mechanisms. 

Reduction of sulphate can be instrumental in the generation of insoluble metal sulphides, and 

subsequently, the precipitation of metals from the leachate Faulwetter et al., 2009). The removal of metals 

and other inorganic constituents from leachate in active systems, often involves the addition of alkalinity 

to promote the formation of insoluble metal carbonates and hydroxides. Microbial respiration can also 

produce CO2 that can dissolve in the leachate, increasing alkalinity, and also promote the formation and 

precipitation of insoluble metal hydroxides and carbonates (Mayes et al., 2009; Ghaly et al., 2007). 

Landfill leachate is composed of a number of micro and macro nutrients necessary for biomass 

growth (Justin and Zupancic, 2009; Wiszniowski et al., 2006). Microorganisms use many of these 

nutrients for cell growth, temporarily removing the constituents from the leachate, which are eventually 

released upon cell death and lysis. Vegetation in the treatment system is another potential sink for 

nutrients present in the leachate. Nitrogen and phosphorous uptake was the original intended use for 

vegetation in passive treatment systems. However, in recent years, the usefulness of vegetation in passive 
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treatment systems has been put in question (e.g. Chazarenc et al., 2009; Kruzic and Liehr, 2008). As with 

the microbial uptake of nutrients, vegetative uptake is a storage mechanism rather than a removal 

mechanism. Upon death and decomposition, the nutrients stored in the biomass will re-enter the treatment 

system.  

2.6 Passive Treatment Systems 

Initial passive treatment technologies included the use of constructed wetlands, designed to mimic 

natural wetlands with horizontal-flow configurations, either with an open-water surface or through porous 

media (Kadlec and Knight, 1996). Subsequently, flow through porous media passive treatment systems 

started using vertical-flow configurations and focused on the biological aspects of treatment. These 

treatment system configurations were typically referred to as  “biological filters”. Passive technologies 

were also applied in groundwater containment and remediation, in place of more traditional impermeable 

barriers. Permeable reactive barriers (PRBs) were designed to allow flow and promote treatment through 

the barrier system. All of these types of passive treatment technologies are based on similar mechanisms, 

where contaminated water is allowed to flow though a system devised to achieve biological, physical and 

chemical treatment of the contaminated stream with minimal energy input (Kadlec and Wallace, 2009). 

The hydraulic properties of passive treatment systems can be separated into two distinct categories, 

open-channel flow or flow through porous media. Each of these configurations has specific advantages, 

which can be exploited for treatment. Open-channel flow treatment technologies are usually referred to as 

free water surface (FWS) constructed wetlands if they are supplemented with vegetation, and lagoons or 

ponds if they are not vegetated. Flow through porous media-based passive technologies can be referred to 

as PRBs, sub-surface flow (SSF) constructed wetlands or biological filters and can include vegetation or 

remain unvegetated. Biological treatment mechanisms are different in these two types of systems; the 

open-channel systems rely on suspended biological growth, while flow through porous media systems 

rely on attached growth. Open-channel systems are also exposed to atmospheric conditions and more 
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sensitive to changes in ambient temperatures, while flow through porous media systems are insulated and 

can generally maintain treatment efficiencies at lower ambient temperatures (Nivala et al., 2007; Kruzic 

and Liehr, 2008; Renou et al., 2008; Jenssen et al., 2005). 

The assumed hydrodynamics in passive treatment systems vary with the design of the system. Open-

channel flow treatment systems can be designed as continuously stirred tank reactors (CSTR) or plug 

flow reactors (PFR), while flow through porous media technologies are designed as PFRs (Kadlec and 

Knight, 1996). PFR conditions are preferable as these systems are more efficient than CSTR conditions 

and allow for multiple competing reactions (such as heterotrophic reduction of BOD and autotrophic 

nitrification) to occur in the same treatment system cell.  

2.6.1 Open-Channel Flow Systems 

Open-channel flow passive treatment technologies can be designed for a variety of purposes and 

treatment can be augmented in many different ways. Passive aeration is achieved in these systems through 

wind-induced oxygen transfer at the exposed water surface (IWA, 2000). The transfer of dissolved 

oxygen though the water column is limited and therefore the system depth is defined by the desired 

treatment mechanisms. Aerobic treatment requires shallow water depths, facultative ponds can be 

designed with both aerobic and anoxic zones, and deep system will generally favour anaerobic treatment 

mechanisms. 

The open-water surface of these treatment systems can lead to increased evaporative loses and 

decrease the volume of effluent from the system. Consequently, there is also a potential for increasing 

constituent concentrations in these cases. Shallow open-channel system can be vegetated to augment 

treatment as well. The vegetation can increase water loss through transpiration and directly remove 

nutrients and metals from the leachate via vegetative uptake. These constituents will be released once the 

vegetation dies and decomposes. The stalks of the vegetation can also act as attachment media for 
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biological growth, promoting attached-growth regions within the treatment system augmenting biological 

treatment. 

Due to the relatively shallow aerobic surface layer and oxygen transfer limitations within the water 

column, the redox potential and, therefore, reactions occurring in the water column vary with depth. The 

water column is typically characterized by a redox potential profile that decreases with depth to a 

minimum at the sediment surface. The vegetation will also indirectly affect treatment by increasing 

biological activity in the root zone, as well as potentially aerating the sediments of the treatment system 

(Gao et al., 2000). In the sediments, the redox potential profile can increase with depth in a vegetated 

system due to oxidation in the rhyzosphere.  

Meahlum (1995) reported a 70% reduction of nitrogen, phosphorous, and iron concentrations in a 

system of aerobic and anaerobic lagoons. The CSTR reactor conditions and the sensitivity of these 

systems to changes in ambient temperature, require that systems be designed with long residence times 

and large areal footprints to achieve high treatment efficiencies. More stringent effluent guidelines can be 

met by increasing the system size; however, the overall land requirements may become prohibitive 

(Renou et al., 2008; Kadlec and Knight, 1996). 

2.6.2 Flow Through Porous Media Systems 

Flow through porous media passive treatment systems can achieve more efficient treatment than 

open-channel flow systems due to the PFR conditions and the biological attachment facilitated in these 

systems, which lead to higher sludge ages. Initial design configurations for this passive treatment 

technology involve horizontal flow of water through either PRBs or horizontal SSF (HSSF) constructed 

wetlands. This design approach severely limits aeration within the treatment system since unlike free-

water surface designs, there is no interaction between the leachate and the atmosphere. Aeration is 

therefore achieved through oxygen transfer into the rhyzosphere of the vegetation. This oxygen transfer 
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mechanism has been deemed to be insufficient for complete treatment of most types of wastewater 

(Chazarenc et al., 2009; Vymazal, 2009; Pendleton et al., 2005). 

The limited aeration in horizontal-flow treatment systems results in large variations in biological 

activity and redox potential within the systems (Vymazal, 2009). The root zones of vegetated systems are 

typically characterized by high redox potentials that increase along the length of the system as a result of 

removal of leachate constituents (Faulwetter et al., 2009). Redox potential decreases with system depth 

due to the limited oxygen transfer. Consequently, bacterial diversity and biomass volume also decrease 

with depth (Sletyr et al., 2009; Truu et al., 2005).  

The original design of horizontal-flow systems was to promote the removal of labile organic matter in 

the inlet zone of the system and subsequent nitrification after the depletion of organic constituents 

(Chiemchaisri et al., 2009; Kadlec and Knight, 1996). Studies have clearly shown that there is insufficient 

oxygen transfer to achieve both complete oxidation of the labile organic matter and complete nitrification. 

Results from field research differ on the extent of BOD reduction and nitrogen removal, which is likely 

due to the differences in the oxygen transfer rates of different vegetation species, as well as the specific 

oxygen demand of the leachate (Kruzic and Liehr, 2008; Brix et al., 2007; Pendleton et al., 2005).  

Vertical-flow systems do not exhibit the same oxygen transfer limitations as horizontal-flow systems 

(IWA, 2000). If aeration is limited to passive oxygen transfer from the root zone of the vegetation and 

plug flow conditions are assumed, different flow paths through the horizontal-flow system will 

experience different treatment mechanisms since the flow of water is parallel to the various horizontally 

stratified redox zones (Vymazal and Kropfelova, 2009). In vertical-flow systems, assuming the same 

oxygen transfer and redox zone distribution, each flow path will pass through all treatment zones since 

flow is perpendicular to the horizontally stratified redox zones. Therefore, ideal vertical-flow systems can 

achieve higher treatment efficiencies than horizontal-flow systems (Forquet et al., 2009).  
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The location of the inlet zone in a treatment system can play a large role in the treatment efficiency of 

a system, especially when oxygen transfer is a concern. Horizontal-flow systems dose along a vertical 

cross-section of the filter, therefore filter depth and width define the cross-section and the inlet leachate 

doses both the aerobic and anoxic zones. Conversely, vertical-flow systems dose over the entire surface 

and all of the influent is initially subjected to the zone of highest oxygen transfer. The application of the 

leachate over the surface of the treatment system allows for a lower loading rate per unit area than the 

horizontal systems (Nivala and Rousseau, 2009; Kruzic and Liehr, 2008). 

Many of the limitations of the horizontal-flow systems are due to insufficient aeration of the treatment 

system. Higgins et al. (1999) utilized artificial aeration to increase the oxygen transfer into horizontal-

flow systems and were able to achieve complete nitrification and reduction of BOD. This sparging of air 

through horizontal-flow systems has been used to achieve greater treatment efficiencies in horizontal-flow 

systems in other studies as well (e.g. Austin and Nivala, 2009; Delatolla et al., 2009; Nivala et al., 2007). 

There are some concerns with aeration of sub-surface flow leachate treatment systems, not the least of 

which is the increased cost. Delatolla et al. (2009) discussed the concern that the shear caused by aeration 

in small pore spaces could cause premature sloughing of biomass thereby diminishing the treatment 

efficiency. Nivala et al. (2007) reported that iron could precipitate onto the aeration system and in the 

pore spaces of the filter media due to the oxidation of iron from Fe2+ to Fe3+ and subsequent precipitation 

as Fe(OH)3. 

Vertical-flow systems can also overcome oxygen transfer limitations by adopting a feed-and-rest 

cycle of dosing. This cyclical dosing design allows for air to enter the interstices of the treatment system 

between dosing cycles, increasing the oxygen transfer and allowing the systems to remain aerobic 

(Chazarenc et al., 2009; Forquet et al., 2009; Lavrova and Koumanova, 2009; Kruzic and Liehr, 2008; 

Molle et al., 2005; Pendleton et al., 2005). This increased oxygen transfer allows vertical-flow passive 

systems to effectively reduce the BOD of the leachate while also achieving complete nitrification. 
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The packing medium used in the sub-surface flow passive treatment systems is also an important 

design consideration (Sletyr et al., 2009). The medium must maintain sufficient surface area for 

biological attachment and efficient oxygen transfer. The pore spaces must remain sufficiently large to 

limit the shear stresses on attached biomass caused by the flow of leachate and/or aeration. The media can 

also be used as a mechanism for chemical and physical treatment of the leachate. A packing medium with 

a large organic fraction, such as peat or compost, can be used in passive treatment systems to augment 

sorption and ion exchange (Koivula et al., 2009; Heavey, 2003). It has also been proposed that cation 

exchange within a peat treatment system can account for decreases in NH3 concentrations when there is 

insufficient oxygen or biomass for nitrification. Once adequate conditions for nitrification are present in 

the system, the NH3 is released and nitrification can occur (Heavey, 2003). 

2.7 Clogging of Sub-Surface Flow Systems 

Flow through porous media passive treatment systems are designed such that treatment of the 

leachate is achieved in the pore spaces of the filter medium. Substratum clogging is therefore an 

operational concern that must be addressed to ensure adequate treatment. Zhao et al. (2009) discussed a 

USEPA report from 1993, and stated that clogging was a concern within the first 5 years in more then 

50% of the sub-surface flow wetlands studied. Chazarenc et al. (2009) suggested that the accumulation of 

solids within the substratum could have varying effects on the flow and treatment within passive 

treatment systems. Although accumulation of solids can hinder flow, the solids can also favour increased 

biofilm production, potentially increasing the degree of biological treatment. 

Accumulation of solids in the pore spaces limits flow of leachate and air through the treatment system 

and can define preferential flow pathways. Preferential flow can limit leachate contact with the entire 

treatment system volume and, hence, reduce efficiency. The constriction of pore spaces can also 

negatively affect the permeability of the media. This decrease in permeability will result in pooling and 

storage of leachate in the system (Langergraber et al., 2003). Caselles-Osorio et al. (2007) determined 
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that the relationship between the degree of clogging and changes in permeability were not directly 

proportional. The extent of clogging in passive treatment systems was determined to be specific to both 

the system design and the leachate. 

Vertical-flow treatment systems can be greatly affected by substratum clogging. If the flow of 

leachate is gravity-controlled, reductions in permeability limit the rate of leachate percolation, and 

therefore the rate of aeration in passively aerated systems (Alvarez et al., 2008). The decrease in leachate 

percolation rate can increase the storage of leachate within the treatment system cell, where overloaded 

storage capacity can eventually cause system flooding as no leachate can percolate through the treatment 

system (Cooper, 2005). 

The accumulation of solids in the pore spaces of the treatment system can be caused by filtration of 

suspended solids present in the influent leachate, impingement of sloughed biomass, growth of biomass 

and associated extra cellular polymers, and accumulation of precipitates formed in the leachate as by-

products of treatment mechanisms. Some studies have shown that the solids in the substratum were 

mainly organic and likely associated with microbial biomass growth (e.g. Chazarenc et al., 2009; Nivala 

and Rousseau, 2009; Zhao et al., 2009; Alvarez et al., 2008), while other studies discussed the effects of 

inorganic accumulation (e.g. Mayes et al., 2009; Nivala et al., 2007; Rustige and Nolde, 2007; Maehlum, 

1995). The site-specific nature of landfill leachate and the system-specific treatment mechanisms seem to 

lead to system-specific clogging within the substratum. 

Filtration of suspended solids from the leachate occurs in the inlet zone of the treatment system and 

usually only extends through the first 10 to 15 cm of the flow profile (Dornelas et al., 2009; Zhao et al., 

2009; Kruzic and Liehr, 2008; Kadlec and Knight, 1996). Biomass growth and impingement of sloughed 

biomass can occur at any point in the treatment system, however, it is more common in the early stages 

when organic loads and oxygen availability are highest (Nivala and Rousseau, 2009; Sleytr et al., 2009; 

Zhao et al., 2009; Alvarez et al., 2008). The precipitation of inorganic solids is dependant on the 
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treatment mechanisms, the leachate conditions and the available inorganic matter and can therefore occur 

in all stages of the treatment process. 

Clogging is one of the major operational problems of sub-surface flow passive treatment systems and, 

therefore, considerable research efforts have been focused on the development of mitigation techniques. 

Mitigation of the clogging of pore spaces can be done proactively, reducing the risk of clogging by 

pretreatment of the influent leachate, or retroactively, by cleaning the pore spaces once the clogging 

reaches an operational set point. Proactive mitigation techniques are preferable since retroactive measures 

usually require the medium in the systems to be cleaned or replaced and the flow of leachate to cease 

during cleaning operations. After the systems are returned to operation post cleaning, an acclimatization 

period is commonly observed, where treatment will be limited as the biological consortia within the 

system matures, prior to returning to pseudo-steady-state treatment operation and efficient treatment of 

the leachate. 

Organic matter accumulation in the pore spaces, either from biomass growth or organic solid 

impingement, can be easily reduced through oxidative processes. Nivala and Rousseau (2009) used 

hydrogen peroxide as a retroactive measure, this cleaning process was conducted without disturbing the 

media; however, the process oxidized the biological consortia in the treatment system. After this type of 

cleaning, the treatment system needs to be either seeded with bacteria or initiated with no biological 

consortia; treatment would be limited until sufficient biological activity was established in the system. 

Many other studies have exploited the ability of biomass in the system to degrade the organic matter in 

the pore spaces. Increasing oxygen transfer by either increasing aeration rates or adopting a feed-and-rest 

passive aeration method has been shown to decrease the accumulation of organic solids in many treatment 

systems (e.g. Chazarenc et al., 2009; Delatolla et al., 2009; Zhao et al., 2009). Chazarenc et al. (2009) 

demonstrated that vegetation could also decrease the extent of organic clogging in the system, likely due 

to increased biological activity in the rhyzosphere. Some types of vegetation had no effect in reducing 
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clogging. It was therefore determined that oxygen transfer was likely the most influential factor in 

reduction of clogging due to the presence of organics. 

Clogging due to the precipitation of inorganic leachate constituents is best addressed proactively, with 

a pretreatment system that removes the risks of precipitation in the subsequent passive treatment systems. 

The formation of insoluble metal carbonates (due to the biologically increased CO2 concentrations) and 

hydroxides (due to oxidizing conditions within the treatment system) can lead to the precipitation of 

inorganic leachate constituents (Mayes et al., 2009; Galbrand et al., 2008; Nivala et al., 2007). Systems 

need to be replaced or physically cleaned, by removing and washing the media or by adding a solution to 

the systems designed to solubilize the inorganic precipitates. Both of these options require that treatment 

be halted during cleaning process and the re-initialization of the treatment system would be accompanied 

by lower treatment efficiencies during the acclimatization period. Kruzic and Liehr (2008) analyzed the 

use of a pretreatment system to reduce solids loading and inorganic precipitation and reported that the 

pretreatment system had no effect on the overall effluent quality from the treatment system. However, the 

pretreatment system conveyed a lower loading of inorganic leachate constituents to the subsequent 

passive treatment system. As such, the system treating the pretreated leachate exhibited a lower decrease 

in permeability cause by the clogging of the pore spaces. 

2.8 Effect of Vegetation on Treatment 

Leachate contains micro- and macro-nutrients important for biomass growth, particularly in 

vegetation. As such vegetative uptake of leachate can be a feasible treatment option (Justin and Zupancic, 

2009). The use of vegetation in passive treatment systems is a source of discussion; while some studies 

have questioned the advantages of vegetation (e.g. Chazarenc et al., 2009; Kruzic and Liehr, 2008), others 

have suggested that vegetation is essential for treatment (e.g. Calheiros et al., 2009; Dornelas et al., 2009; 

DeFeo, 2007). Many of the differing points of view regarding vegetation are due to variations in the 

treatment system designs. Horizontal-flow systems with limited aeration seem to be most affected by 
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vegetation, due to oxygen transfer to the root zones and the increased biological activity in the 

rhyzosphere (Dornelas et al., 2009; Vyzamal, 2009; Brix, 1994). The vegetation also increases the redox 

potential in the sediments of open-channel flow passive treatment systems, thereby increasing oxidative 

removal mechanisms (Gao et al., 2000). Once aeration is applied to a treatment system, the oxygen 

transfer due to aeration surpasses that achievable by the vegetation and therefore the effects of vegetation 

on treatment are less distinguishable (Chazarenc et al., 2009; Faulwetter et al., 2009). The vegetation in 

all types of system does increase transpiration rates, which decreases the total volume of effluent leachate 

(Lavrova and Koumanova, 2009). 

Vegetation can also affect the flow through the treatment system cells by maintaining flow pathways 

within the media in the root zones. Tsihrintzis (2001) noted that plant growth had a marked effect on flow 

pathways. The increase in flow pathways was determined to be dependant on the type of vegetation 

planted and mainly attributed to the extensiveness of the root zone. Further to the maintenance of flow 

pathways in the root zone, other studies have also noted a decrease in organic clogging due to oxidation in 

the root zone. However, this effect was primarily observed in systems with limited aeration (Chazarenc et 

al., 2009). 

Vegetative uptake of nutrients and inorganic leachate constituents can contribute to overall treatment 

within a passive treatment system. The affinity for vegetative uptake is species dependant, both in terms 

of vegetative species as well as the speciation of specific inorganic constituents in the leachate (Manios et 

al., 2003). Nutrient concentrations and microbial populations in the rhyzosphere have also been shown to 

affect the uptake of metals by vegetation. Domingos et al. (2009) found higher concentrations of 

biologically-available copper and zinc in the inlet regions of a HSSF constructed wetland, where more 

nutrients were also present, but found no overall variation in total copper and zinc concentrations through 

the entire treatment system. Since the metal concentrations did not vary throughout the entire system, it 

was concluded that the higher nutrient concentrations made the metals more biologically-available. 
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The use of vegetation for the uptake of leachate constituents does not imply a permanent removal of 

contaminants. The majority of plants used in passive treatment systems will die and decompose on an 

annual cycle. Upon decomposition, the vegetation will release the leachate constituents that were 

removed and stored in the vegetative tissue (including organic nitrogen, phosphorous and carbon, and 

inorganic micro- and macro-nutrients). Some studies have suggested harvesting the vegetation to remove 

the nutrients (Lavrova and Koumanova, 2009).  

One of the most marked effects of vegetation in passive treatment systems is through the symbiotic 

relationship between the vegetation and the supported bacterial assemblages in the rhyzosphere (Calheiros 

et al., 2009; Lavrova and Koumanova, 2009; Galbrand et al., 2008; Collins et al., 2004; Ye et al., 2001). 

Studies have shown that the vegetative effect was mostly on the removal of nutrients rather than organic 

matter. The selection of vegetation species used in the treatment system can also play a large role in the 

treatment, with different species generating conditions in the rhysosphere that are ideal for the 

propagations of different bacterial species (Chazarenc et al., 2009; Dornelas et al., 2009; Sletyr et al., 

2009; Jenssen et al., 2005).  

2.9 Temperature Effects 

Reaction rates, both biological and chemical, are dependant on temperature. Water temperature in 

passive treatment systems is therefore a concern when leachate treatment systems are operated in cold 

climates. Different passive treatment technologies can be affected by changes in ambient temperature to 

varying extents. Open-channel flow based passive treatment systems maintain the leachate directly in 

contact with the atmosphere and are therefore more affected by ambient temperature than sub-surface 

flow systems. Sub-surface flow systems can be insulated or water depth in the system can be decreased, 

where the packing media of these systems becomes an insulation media. 

Water temperature has been reported to have a much higher effect on nitrification than on oxidation 

of organic matter in passive treatment systems (Isaka et al., 2007; Maehlum, 1995). This is likely due to 
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the biological consortia involved in the various treatment stages. Delatolla et al. (2009) reported that as 

temperatures decreased, the heterotrophic colonies responsible for the reduction of BOD could selectively 

shift to populations that have only slightly lower generation times than the populations present at high 

temperatures. The autotrophic nitrifying bacterial populations did not experience this shift. From this 

study, it was concluded that the Arrhenius Rate Law alone was not applicable to the removal of BOD 

(due to the population shift in the biological consortia). However the Rate Law was applicable to the 

changes in nitrification rates as temperatures changed. Kors et al. (1998) found that the minimum 

generation time for nitrifiers was 15 hours at 30oC and at 5oC the time was increased to 200 hours. Other 

studies in the field of cold temperature nitrification stated that the temperature had a higher effect on 

nitratation (the conversion of nitrite to nitrate) than it does on nitritation (the conversion of ammonia to 

nitrite) (Isaka et al., 2007).  

Attached-growth biological systems can overcome some of the rate limitations of slow growing 

suspended nitrifying bacteria by increasing the overall sludge age of the system as well as increasing the 

insulation. Long sludge age favours slow growing nitrifying bacteria populations and enables these 

bacteria to be more active at lower population densities (Delatolla et al., 2009). Wijffels (1995) reported 

that temperature diffusion was limited through the biofilm matrix, especially through the extra cellular 

polymer (EPS). Therefore the bacterial consortia within the biofilm matrix were less susceptible to the 

cold ambient temperatures due to insulation within the EPS. 

Insulation of the sub-surface flow treatment systems is an option for maintaining leachate treatment 

efficiency since the temperature in the media will be less susceptible to large temperature fluctuations. 

This has been a common practice for years in SSF constructed wetlands and has been reported to maintain 

adequate internal temperatures for complete nitrification with ambient temperatures as low as -26oC (e.g. 

Nivala et al., 2007; Kruzic and Liehr, 2008; Renou et al., 2008; Jenssen et al., 2005). The insulation layer 

can influence treatment negatively if the aeration is limited. Pendleton et al. (2005) reported poor cold 

weather performance in a VSSF treatment system, attributing the performance to severe anaerobic 
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condition rather than temperature. Pretreatment of the leachate can be used to reduce the overall oxygen 

demand and therefore limit the establishment of anaerobic conditions in the system caused by limited air 

transfer. 

Metals removal from the leachate can also be affected by temperature, especially when the removal 

mechanism is a by-product of biological activity. Some sorption mechanisms have also demonstrated a 

temperature dependency. Ghaly et al. (2007) demonstrated this temperature dependency with a study on 

iron removal. In the experiment, iron removal was measured at 20oC and 2oC, all of the iron was removed 

in 10 minutes at 20oC, but after 180 minutes at 2oC 5% of the iron remained in solution. 

2.10 Summary 

In General, passive treatment systems are effective, low cost and sustainable treatment systems for 

landfill leachate. Research, mainly within the past 25 years, has rapidly expanded the field with three 

common system designs: open-channel flow, horizontal sub-surface flow and vertical sub-surface flow. 

The advantages of each of these treatment system designs are currently well understood, and systems 

have been installed worldwide, even in cold climates. 

Current research in the use of passive treatment systems for the treatment of landfill leachate has 

demonstrated a high variability in treatment efficiency, mainly due to variations in treatment mechanisms. 

Studies have reported different treatment efficiencies in systems that were constructed and operated 

similarly, suggesting that environmental variations can greatly affect treatment in passive systems. This 

fact, along with the site-specific nature of landfill leachate supports the need for on-site pilot-scale 

evaluation of passive treatment systems.  

Passive treatment technologies have been employed with various design configurations and operated 

under a wide variety of environmental conditions. There are clear advantages and disadvantages to each 

type of system. Designers need to take into account the limitations of specific treatment systems prior to 
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use, and design the treatment systems with an understanding of the effect that a specific leachate stream 

can have on the treatment within the passive treatment system and receiving environment. 

The use of vegetation in the passive treatment system may be advantageous in some cases. However, 

vegetation management plans are required to maximize the advantages. If plant uptake of leachate 

constituents is a desired effect, the proper disposal and downstream processing of the vegetation needs to 

be addressed. The indirect effect of vegetation, the augmentation of biological activity in the rhyzosphere, 

can be advantageous in certain systems and should be researched further. 
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Chapter 3 

Pretreatment study for an integrated naturalized landfill leachate treatment 

system to preserve fish habitat 

3.1 Abstract 

Landfill leachate characteristics are climate and site-specific, therefore treatability studies should be 

completed prior to treatment system construction to ensure adequate treatment of the landfill leachate. 

Passive treatment (naturalized treatment aimed at minimizing energy and chemical inputs) requires a 

larger aerial footprint than active (conventional) treatment since passive treatment systems must 

accommodate lower loading rates to overcome the low oxygen transfer efficiency in these systems. 

Appropriate pretreatment of leachate can reduce the oxygen requirement of the passive treatment system, 

thereby decreasing the aerial footprint, while still maintaining a lower cost. This pretreatment study 

represents the preliminary stage in the design of a hybrid passive treatment system (a small active 

pretreatment system followed by passive treatment) for the Merrick Landfill in the City of North Bay, 

Ontario, Canada. To this end, three different pretreatment options were evaluated at the bench-scale: an 

Aerated Attached-growth Reactor (AAR), an Aerated Suspended-growth Reactor (ASR) and an 

Anaerobic Packed Bed Reactor (ANR) at three different hydraulic residence times (1, 3 and 8-days). 

Chemical analyses of the effluents of the three types of pretreatment systems indicated that the aerated 

pretreatment systems more efficiently reduced the BOD5 concentrations of the leachate. Leachate 

phosphorous concentrations were noted to increase in the anaerobic pretreatment system; hence it was not 

considered a feasible option. From this study it was determined that an AAR with a residence time of 3 

days was the best option for the pretreatment of the landfill leachate from the Merrick Landfill. This 

pretreatment system reduced the oxygen demand of the leachate, as well as concentrations of inorganic 

solids that could potentially clog the subsequent passive treatment system. 
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3.2 Introduction 

Solid waste management and the environmental impacts of related management practices are of great 

concern to society. As populations increase, so do the volumes of waste produced; and currently the most 

commonly applied waste management approach is landfilling. Over the last three decades, a better 

understanding of the environmental impacts of landfills has evolved, which has in turn improved the 

design and management of these systems, from the initial practice of simply disposing the waste in open 

pits, to the current practices of sanitary landfills, commonly designed to capture landfill gasses and 

leachate produced onsite, or bioreactor landfills designed with leachate recirculation to enhance waste 

decomposition and landfill biogas production. Mitigation of the impacts of landfill gas release to the 

atmosphere is performed either by flaring the gas to reduce greenhouse gas emissions, or combustion for 

electrical power generation, which can be used as a source of income for the landfill.  

Landfill leachate mitigation requires the reduction of leachate constituent concentrations prior to 

discharge to the receiving environment. Landfill leachate is produced as moisture, either contained within 

the solid waste or from recharge due to precipitation, percolates through the waste collecting by-products 

as the waste is biologically degraded. As such, the types of waste, as well as the regional climate at the 

landfill site greatly affect leachate composition and volume. Landfill age also has an effect on leachate 

production; where different biological degradation mechanisms (acidogenic and methanogenic) are 

present depending on the conditions and age of the landfill. Metal concentrations in landfill leachate are 

also age dependent; metals are more readily leached from newer landfills where there are higher 

concentrations of metals in the waste. As the landfill matures, metal concentrations are reduced and, as 

such, become less readily available for leaching (Bulc, 2006). While leachate strength varies throughout 

the life of a landfill, ammonia is present in high concentrations at all phases of waste decomposition, and 

is therefore always considered to be a concern (Polprasert and Sawaittayothin, 2006). 
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There are two main leachate management approaches: active treatment, using processes that are 

strictly controlled and monitored (e.g. activated sludge system, sequencing batch reactor or membrane 

filtration) and have higher associated capital and operating costs; and passive treatment, using naturalized 

systems that are less controlled and have lower associated operating costs (e.g. constructed wetlands or 

lagoons) (Rew and Mulamoottil, 1999). Since passive treatment systems are not strictly controlled, the 

biological populations within these treatment systems can evolve as the landfill matures and leachate 

characteristics change. Active systems, on the other hand, are designed for a specific influent leachate and 

may require costly system modifications as the constituents of the leachate evolve (Metcalf and Eddy, 

2003). The main disadvantage of passive treatment is that the systems accommodate lower loading rates 

than active treatment systems and, as such, require larger aerial footprints, to achieve a similar treatment 

performance as an equivalent active treatment system. 

Aeration and oxygen transfer rates are generally limited in passive treatment systems and the low 

loading requirements of passive systems are attributed to aeration requirements for BOD removal and 

nitrification. Oxygen requirements for removal of these constituents are 1 kg O2/kg BOD removed and 

4.57 kg O2/kg NO3 produced (Austin and Nivala, 2009). However, with the addition of an active aeration 

system, higher loading rates can be accommodated (Austin and Nivala, 2009; Nivala et al., 2007). 

Another alternative for the aeration of passive treatment systems is the use of batch fed vertical flow 

biological filters. This feed design supplies leachate intermittently to the surface of the system, which is 

then allowed to percolate through the treatment cell. The dosing rate can be designed to quickly cover the 

surface of the cell and trap air in the interstices of the media, which supplies passive aeration, and 

adequate oxygen for BOD removal as well as nitrification, without the added cost of aerators (Pendleton 

et al., 2005; Molle et al., 2005).  

As a number of passive treatment technologies are based on the concept of packed bed reactors and 

biological filters, there is a significant concern associated with the clogging of pore spaces within the 

treatment cells (Nivala et al., 2007; Cooper, 2005). This clogging can arise due to the presence of organic 
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matter, microbial growth within the pore spaces, and the precipitation of inorganic constituents. Organic 

matter that clogs the pore space is typically biologically degraded with time, allowing flow to resume. 

Microbial growth within the pore spaces eventually sloughs off or is degraded, thus allowing flow to 

resume. Inorganic precipitates that clog pore spaces are of greater concern since the precipitates do not 

readily degrade and the conditions required to solubilize the precipitates are not likely to become 

prevalent within the system. 

A hybrid system can be designed consisting primarily of passive treatment cells to minimize 

operation and maintenance costs, along with an active pretreatment system to reduce the organic loading 

to the passive treatment cells, thereby reducing the required aerial footprint of the passive cells. To be an 

effective pretreatment system, a reduction of both the leachate oxygen demand, as well as concentrations 

of inorganic constituents that can form precipitates must be achieved. The most rapid reduction in oxygen 

demand can be facilitated through the design of the pretreatment system for BOD removal, usually 

through an aerobic process. The passive treatment system can then be designed for nitrification. Removal 

of solids and precipitates requires either a settling basin or physical filtration of the leachate in a packed 

bed reactor. 

The Merrick Landfill in the City of North Bay, Ontario, Canada was commissioned in 1994 as a 

monitored natural attenuation landfill. However within 3 years of landfill operation, it was determined 

that leachate-contaminated groundwater was discharging to Little Sturgeon River located at the site 

boundary. A series of treatability studies, using various passive and semi-passive treatment technologies 

was undertaken by the City of North Bay in 2000; however, the treatment system configurations 

investigated at the time experienced clogging due to the high iron and solids concentrations. In 2009, The 

City of North Bay, Queen’s University and SNC-Lavalin Inc. initiated a collaborative study to examine 

the integration of an active pretreatment stage to be included upstream of a passive treatment system, 

hence, the development of a hybrid system that would treat the leachate in a cost effective and sustainable 

manner. Three pretreatment system designs were evaluated: an Aerated Attached-growth Reactor (AAR), 
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an Aerated Suspended-growth Reactor (ASR) and an Anaerobic Packed Bed Reactor (ANR). The aim of 

the study was to identify a pretreatment system that would effectively remove inorganic constituents from 

the leachate, as well as decrease the oxygen demand of the leachate to manageable levels for subsequent 

treatment in a passive system. 

3.3 Materials and Methods 

This treatability study was undertaken to design and test a pretreatment system to mitigate three 

primary concerns associated with the passive treatment of landfill leachate: high nutrient and organic 

loads, high inorganic solid concentrations, and the presence of toxic constituents that could adversely 

affect the performance of the passive treatment system. The clogging observed in the 2000 study was 

attributed to the uncontrolled precipitation of oxidized iron. An aerobic pretreatment system could 

provide a treatment unit that would oxidize the iron in the pretreatment stage, where it would be 

adequately removed prior to dosing of the passive treatment system.  

Two aerated pretreatment system configurations were evaluated: an Aerated Attached-growth Reactor 

(AAR) and an Aerated Suspended-growth Reactor (ASR). For each of these pretreatment systems 

duplicate columns were constructed at Queen’s University using 40 cm tall, 10 cm ID Plexiglas tubes 

with an average water depth of 32 cm to achieve a 2.5 L treatment volume (Photographs of the systems 

are presented in Appendix C). The ASR systems were simply filled with landfill leachate, while the AAR 

systems contained a plastic medium (1% of the total system volume) placed in the reactor for microbial 

attachment. It was expected that the chemical and biological treatment mechanisms in each of these 

pretreatment systems would be similar since there was no prior bacterial culturing of the plastic media in 

the AAR systems. 

Packed Bed Anaerobic Reactors (ANR) were also constructed and tested as a comparative system to 

investigate the possible formation of toxic leachate oxidation products in the aerated pretreatment 

systems. The packed bed media in these reactors were also intended to act as a physical filtration media, 
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which would efficiently remove solids from the leachate influent. The ANR systems were constructed in 

duplicate using 64 cm tall, 16 cm ID stainless steel columns packed with compost from the Merrick 

Landfill at a density of 860 kg/m3 (Photographs of the systems are presented in Appendix C). 

The six bench-scale pretreatment systems were each dosed with raw leachate from the Merrick 

Landfill wet well for a period of 9 weeks. To evaluate the effect of residence time on the efficiency of the 

pretreatment systems, three empty bed hydraulic residence times (HRTs) were investigated, 1, 3, and 8 

days, corresponding to dosing rates of 2.4 L/d, 0.8 L/d and 0.3 L/d, respectively, in the aerated systems 

(AAR and ASR), and 3.9 L/d, 1.3 L/d, and 0.5 L/d, respectively, for the ANR systems. The systems were 

operated for three weeks at each HRT. Effluents from the pretreatment systems were analyzed weekly for 

pH (Thermo Orion Symphony epoxy body pH probe and a VWR SB90M5 Symphony meter), alkalinity 

(Standard Method 2320, APHA, 1998), BOD5 (Standard Method 5210, APHA, 1998), solids 

characterization and concentrations (TS, TFS, TVS, TSS, FSS, VSS, TDS, FDS, and VDS using Standard 

Method 2540, APHA, 1998), Total Kjeldahl Nitrogen (Standard Method 4500-Norg, APHA, 1998), 

ammonia (Standard Method 4500-NH3, APHA, 1998), nitrate, nitrate and sulphate (Dionex ICS-3000DP 

Ion Chromatograph), phosphorous (Standard Method 1500-P, APHA, 1998) and 30 metals cations using a 

Varian Vista AX CCD simultaneous ICP-A(O)ES. Following the nine-week study, the pretreatment 

systems were decommissioned and inspected visually for biomass growth; however, no characterization 

or quantification of biomass growth was conducted. 

3.4 Results and Discussion 

Biological treatment processes in aerobic attached-growth and suspended-growth treatment systems 

are similar where bacteria decompose the substrate producing simple end products and biomass (Metcalf 

and Eddy, 2003). The main difference in terms of treatment efficiency is the solids residence time (SRT), 

which represents the average amount of time that bacteria remain in the reactor, in contrast to the 

hydraulic residence time, which represents average time the liquid remains in a reactor. In an ideal 
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(completely mixed) suspended-growth system, the bacteria are assumed to be evenly distributed 

throughout the reactor and exit the reactor with the mixed liquor (SRT = HRT). At steady state, bacterial 

growth within the system is equal to the bacteria lost in the effluent. In an attached-growth system, the 

majority of the bacteria are attached to the media and retained within the system for longer periods of 

time (SRT > HRT). Bacteria, exit the system through regular sloughing and replacement of biomass on 

the media. Once steady state conditions have been achieved, sloughed bacteria are efficiently replaced by 

new biofilm growth. The SRT of a system defines the efficiency of biological treatment; a longer SRT 

implies that a single bacterium would stay in contact with the leachate for a longer period of time, thus 

degrading a larger fraction of readily available organics, leading to a reduction in BOD5.  

Comparison of these attached-growth, and suspended-growth systems under equivalent hydraulic 

loading conditions should result in different treatment efficiencies and therefore different effluent 

qualities. Effluent from the AARs would generally be characterized by low total suspended solids (TSS) 

concentrations (due to the attachment of bacteria to the media), coinciding with higher TSS 

concentrations during sloughing events, and lower BOD5 concentrations due to the longer SRT. Effluents 

from the ASRs were typically characterized by consistently higher TSS concentrations, since the bacteria 

are allowed to exit the systems with the effluent liquid and higher BOD5 concentrations due to the shorter 

SRT. Hence, any differences in treatment efficiency would be attributed to the differences in SRT 

between the two types of systems. 

A comparison of each of the duplicate pretreatment systems indicated that system performances were 

relatively similar with respect to the removal of a number of leachate constituents. Duplicate system 

effluent concentrations for each of the parameters monitored were not statistically significantly different; 

as such, the results from the duplicate systems were combined and the average concentrations for the 

leachate constituents of interest were tabulated (Table 1). Examination of the overall performance of the 

three pretreatment systems indicated that the aerated pretreatment systems (AAR and ASR) were more 

efficient with respect to the removal of BOD5, nitrogen, phosphorous and calcium, while the ANR system 



  49 

removed suspended solids and iron more efficiently, maintaining the high alkalinity of the raw leachate 

and the approximately circumneutral pH. However, phosphorous was observed to be leaching from the 

compost employed as a packing material in the ANR system, which increased the total phosphorous 

concentration to >10 mg/L in the effluent stream of these pretreatment systems. These effluent 

concentrations were of concern because phosphorous is a difficult nutrient to remove passively from a 

wastewater stream, and would therefore not likely be removed in the subsequent passive treatment 

system. 

Differences in the removal of easily biodegradable organic matter (represented by the removal of 

BOD5) from the leachate were as anticipated given the types of reactors used in the pretreatment study. 

The aerated systems demonstrated higher removals (33, 73 and 73% removal in the AAR systems for 1,3 

and 8-day HRTs, respectively; and 7, 80 and 70% removal in the ASR systems, respectively) than the 

anaerobic system (4, 0, and 46% removal for 1, 3 and 8-day HRTs, respectively). This was likely due to 

the approximately 20 times higher specific growth rate of organic carbon removing heterotrophs under 

aerobic conditions compared to anaerobic conditions (Metcalf and Eddy, 2003). Removal of BOD5 

between the aerated reactor systems (AAR and ASR) was not significantly different for the 3 and 8-day 

HRTs, with average effluent concentrations from the AAR system only slightly higher than the ASR 

system (202 and 263 mg/L in the AAR systems and 233 and 295 mg/L in the ASR systems for 3 and 8-

day HRTs respectively). However, due to the high variability (Figure 3.1) in observed influent and 

effluent concentrations, no statistically significant differences could be reported between the effluents of 

the AAR system and ASR system at either of these HRTs. When the pretreatment systems were subjected 

to an HRT of 1 day, the average effluent BOD5 concentrations were significantly different (554 and 721 

mg/L in the AAR and ASR systems respectively) in the two types of aerated pretreatment systems (P = 

0.007). The ANR system only reduced the BOD5 significantly (46%) at a HRT of 8 days, attributed to the 

slower activity of the anaerobic bacterial colonies. 
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Table 3.1: Combined average influent and effluent concentrations and standard deviations 

from pretreatment systems for leachate constituents of interest 

  RT = 3 days RT = 8 days RT = 1 day 
Treatability 

Study  
(Chapter 4) 

Raw 7.4(±0.4) 7.5(±0.4) 7.7(±0.4) 7.1(±0.1) 
AAR 8.8(±0.3) 8.9(±0.1) 8.5(±0.2) 7.9(±0.3) 
ASR 8.8(±0.3) 8.7(±0.1) 8.4(±0.2)  

pH 

ANR 7.3(±0.2) 7.5(±0.2) 7.2(±0.1)  
Raw 5065(±1843) 3563(±223) 3573(±339) 3800(±321) 
AAR 3268(±337) 2705(±231) 2854(±191) 2990(±234) 
ASR 3247(±173) 2760(±151) 2975(±138)  

Alkalinity 
 (mg/L as CaCO3) 

ANR 4837(±712) 3819(±223) 3476(±108)  
Raw 1146(±321) 898(±210) 917(±971) 630(±247) 
AAR 202(±39) 263(±216) 553(±606) 229(±159) 
ASR 232(±173) 295(±245) 720(±710)  

BOD5  
(mg/L) 

ANR 1253(±713) 508(±243) 861(±788)  
Raw 221(±69) 188(±68) 502(±344) 116(±60) 
AAR 89(±58) 75(±54) 39(±13) 26(±10) 
ASR 118(±39) 85(±50) 67(±8)  

TSS 
(mg/L) 

ANR 33(±14) 41(±35) 24(±10)  
Raw 436(±18) 432(±19) 421(±53) 337(±130) 
AAR 320(±42) 251(±58) 349(±28) 332(±104) 
ASR 341(±63) 301(±39) 371(±8)  

TN 
(mg/L-N) 

ANR 367(±25) 399(±14) 404(±21)  
Raw 3.(±1) 1(±1) 4(±2) 3(±1) 
AAR 2(±0) 2(±1) 2(±0) 2(±1) 
ASR 2(±0) 2(±1) 2(±1)  

TP 
(mg/L-o-PO4) 

ANR 11(±2) 11(±3) 11(±4)  
Raw 46(±30) 24(±10) 23(±10) 25(±5) 
AAR 9(±3) 5(±3) 6(±2) 9(±3) 
ASR 11(±2) 5(±2) 8(±1)  

Fe 
(mg/L) 

ANR 4(±1) 4(±1) 5(±1)  
Raw 394(±227) 215(±87) 288(±129) 340(±43) 
AAR 23(±4) 19(±2) 23(±6) 63(±24) 
ASR 24(±3) 19(±1) 27(±5)  

Ca 
(mg/L) 

ANR 433(±32) 312(±59) 230(±26)  
Raw 188(±10) 190(±6) 169(±27) 114(±9) 
AAR 156(±34) 193(±6) 162(±7) 129(±13) 
ASR 152(±40) 193(±10) 161(±9)  

Mg 
(mg/L) 

ANR 140(±15) 140(±10) 149(±9)  
Raw 2(±2) 1(±1) 1(±1) 2(±0) 
AAR 0(±0) 0(±0) 0(±0) 0(±0) 
ASR 0(±0) 0(±0) 0(±0)  

Mn 
(mg/L) 

ANR 3(±0) 2(±0) 2(±0)  
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Suspended solids data (Figure 3.2) supported the results observed for BOD5 removal from the aerated 

pretreatment systems (AAR and ASR). A trend between VSS in the effluent of the aerated pretreatment 

systems (AAR and ASR) and BOD5 removal was apparent at each of the three HRTs. During the 3 and 8-

day HRTs, the VSS concentrations, assumed to represent biomass concentrations (Metcalf and Eddy, 

2003), in the effluent of the pretreatment systems were similar (112 and 58 mg/L in the AAR systems and 

131 and 54 mg/L in the ASR systems for 3 and 8-day HRTs respectively). During analysis at a 1-day 

HRT, VSS concentrations were higher in the effluent of the ASR system than the AAR system. The 

higher concentration of biomass in the effluent of the ASR system was indicative of a shorter SRT than in 

the AAR system, and a correspondingly lower reduction in BOD5 concentration (Table 1). 

 

Figure 3.1: BOD5 concentrations in raw leachate and pretreatment system effluents. 

Duplicate systems data combined; standard deviations included. AAR = aerated attached-

growth reactor, ASR = aerated suspended-growth reactor, ANR = anaerobic packed bed 

reactor. 
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During the operation of the pretreatment systems, as well as during decommissioning, there was 

significant biomass growth on the walls of each of the aerated reactors (AAR and ASR systems). This 

biomass likely contributed to organic matter degradation in the reactor, but remained attached to the 

walls, thereby increasing contact time with the leachate increasing SRT. Due to the relatively small size 

of the bench-scale systems, and the correspondingly small volume to wall surface area (0.024 m3/m2), the 

biomass attached to the walls of the systems could have a large effect on the observed overall treatment 

efficiency. Larger scale bioreactors would have significantly larger treatment volume to wall surface area 

ratios, where the contribution by biomass attached to the side walls would be negligible compared to the 

effect of the suspended biomass. Given the substantial growth of biomass on the column walls, as well as 

the corresponding effluent VSS and BOD5 concentrations, the ASR system was assumed to be performing 

as an attached-growth system with a smaller attachment surface area than that of the AAR system, rather 

than a true suspended-growth bioreactor system.  

Analysis of suspended solids concentrations (Figure 3.2) demonstrated that the three types of 

pretreatment systems efficiently removed suspended matter from the raw leachate (64, 54, and 84% 

removal in the AAR, ASR, and ANR systems, respectively). The ANR system was the most efficient at 

suspended solids removal, which was expected since this type of pretreatment systems was packed with a 

solid media acting as a physical filter. Two different mechanisms were believed to contribute to the 

removal of solids in the aerated reactors: the settling of large or dense particles in the reactor and biofilm-

mediated filtration. The biomass in the pretreatment systems produces an extracellular polymer (biofilm) 

that traps substrate from the solution in the bioreactor (Metcalf and Eddy, 2003). This biofilm is likely to 

also attract and entrap suspended matter, removing it from solution via biofilm-mediated filtration. 
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Figure 3.2: Suspended solids concentrations in raw leachate and pretreatment system 

effluents. Duplicate systems data combined; standard deviations included. AAR = aerated 

attached growth reactor, ASR = aerated suspended growth reactor, ANR = anaerobic 

packed bed reactor. 

Suspended solids analysis was further separated into the organic or volatile suspended solids fraction 

(VSS), and the inorganic or fixed suspended solids fraction (FSS). The raw leachate was observed to 

contain equivalent amounts of VSS and FSS; however, the effluents of all the pretreatment systems 

demonstrated higher removals of FSS than VSS. This was likely because FSS particles are generally 

denser than VSS particles. Hence, these were more readily removed through settling in the aerated 

systems (AAR and ASR), and through filtration processes in the ANR systems. The less dense VSS 

particles tend to remain in solution due to the turbulence inherent in the aerated systems (AAR and ASR).  
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An increase in VSS concentrations was observed in the effluents from the aerated systems (AAR and 

ASR) during weeks 3 and 4 of the study (Figure 3.2), which was indicative of biomass in the effluent 

stream. This could have been due to the presence or introduction of a slug of toxic compound in the 

leachate that could have caused biomass to slough off, or as a result of the regular occurrence of biomass 

sloughing coinciding with the sampling events. A corresponding increase in FSS was not noted, which 

would have indicated a high flow rate scouring in the pretreatment systems. After the two-week period, 

the VSS concentrations returned to similar concentrations as those observed prior to this event, suggesting 

that if a toxic compound had caused the sloughing, it was no longer present or that the biomass had 

acclimatized to the new leachate conditions. These high VSS concentrations in the effluent did not re-

occur even at the high flow rates associated with the 1-day HRT, suggesting that the event was not likely 

associated with an overgrowth of biomass causing regular sloughing, a situation that has been observed in 

trickling filters and other attached-growth treatment systems (Metcalf and Eddy, 2003). A similar system 

response was not observed in the ANR system. 

Nitrogen removal was not expected to take place in any of the pretreatment systems. Autotrophic 

aerobic microorganisms (Nitrosomas sp. and Nitrobacter sp.) associated with the conventional 

nitrification process are generally not present in high concentrations, while high concentrations of organic 

carbon predominate in wastewater, due to competition with heterotrophic bacteria which mediate the 

degradation of the organic carbon (Metcalf and Eddy, 2003). Certain anaerobic microorganisms degrade 

ammonia, however the growth rate in anaerobic systems is relatively slow, as previously mentioned; 

hence, the effect of these microorganisms were not expected to be significant over the short duration of 

this pretreatment study. 

Examination of nitrogenous species in the raw leachate and pretreatment system effluents (Figure 3.3) 

support the premise that no significant nitrogen removal was observed in the ANR system (NH3-N of 396 

mg/L and 349 mg/L in the in the raw leachate and ANR system effluent, respectively). Ammonia removal 

was noted in the two aerated systems (NH3-N of 255 mg/L and 286 mg/L in the AAR and ASR effluents, 
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respectively). However this was not accompanied by a corresponding increase in nitrate or nitrite 

concentrations, indicating that conventional nitrification was not the predominant transformation process 

in the conversion of reduced nitrogenous species. Other nitrification processes have been investigated, 

such as the completely autotrophic nitrogen removal over nitrate (CANON) process (Ruiz et al. 2003). 

During this process, a fraction of the ammonia is converted to nitrite, which then reacts with the 

remaining ammonia, creating nitrogen gas. The same autotrophic bacteria that control the first stage of 

conventional nitrification, which in this case cannot predominate due to the competition with the other 

heterotrophic microorganisms present, catalyze the first step of CANON nitrification. Hence, it was 

considered unlikely that this form of nitrification was occurring. In the absence of significant bacterially 

mediated ammonia removal; transfer to the gas phase was assumed to be the primary ammonia removal 

mechanism. 

Removal of dissolved phosphorous is one of the most challenging biological treatment goals in 

wastewater treatment (Metcalf and Eddy, 2003). Phosphorous is assimilated by biomass as an essential 

nutrient for growth; however, this does not remove large quantities from a wastewater stream. Particulate 

phosphorous, and the phosphorous associated with suspended solids can be removed through the same 

physical processes as other suspended matter (filtration or sedimentation), however dissolved 

phosphorous is not efficiently removed in most types of biological treatment systems. The aerated 

pretreatment systems (AAR and ASR) exhibited similar total phosphorous removal efficiencies (44 and 

33% removal for the AAR and ASR systems, respectively), which was attributed to the sedimentation of 

particulate phosphorous species rather than biological removal. High concentrations of phosphorous were 

measured in the effluent from the ANR system (> 10 mg/L); since the only source for added phosphorous 

in the ANR system was the packing medium, it was assumed that phosphorous was being leached from 

the compost medium of the packed bed. If the ANR system were to be selected as the pretreatment 

system, there would be a requirement for phosphorous removal, which would add to the complexity of 

any subsequent treatment system. As such, on this basis alone, the ANR system was not deemed a viable 
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pretreatment option, although alternate packed bed media could result in lower observed phosphorous 

leaching. 

 

Figure 3.3: Nitrogen speciation in raw leachate and pretreatment system effluents. 

Duplicate systems data combined; standard deviations included. AAR = aerated attached-

growth reactor, ASR = aerated suspended-growth reactor, ANR = anaerobic packed bed 

reactor. 

The trends observed for the effluent alkalinity and pH of the aerated pretreatment systems (AAR and 

ASR) were not as anticipated, where pH increases corresponded to alkalinity decreases (Table 1). In the 

effluent of the ANR systems, the pH and alkalinity remained within the same range as that of the raw 

leachate. Alkalinity is a measure of the carbonate system (H2CO3, HCO3
-, CO3

2-), as well as the hydroxyl 

ions (OH-) that contribute to increased pH. In the aerated pretreatment system effluents, an increase in pH 
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from that of the raw leachate was observed; however, a decrease in total alkalinity was also noted. The 

observed decrease in alkalinity was attributed to cations in the leachate reacting with the carbonate form 

of alkalinity (CO3
2-) to form carbonate precipitates. The average pH of the raw leachate was 

approximately 7.5 throughout the study. The predominant form of the carbonate system in the pH range 

of 4.5 and 10.3 is bicarbonate (HCO3
-) form (Snoeyink and Jenkins, 1980). As the pH increased to above 

8.3 in the aerated systems (AAR and ASR), the carbonate (CO3
2-) form may have become more 

significant and likely reacted with the dissolved iron, calcium, manganese, strontium, zinc, and 

aluminium cations present in the leachate (Table 1), forming precipitates which would then settle in the 

reactors. Statistical analysis of the removal of these six cations and the removal of alkalinity resulted in P 

values of 0.001 (iron), 0.001 (calcium), 0.0023 (manganese), 0.0028 (strontium), 0.0055 (zinc), and 

0.0276 (aluminium). This indicated that removal of all six cations was most likely related to alkalinity 

removal.  

The effluent from the ANR system did not exhibit the same trends in the removal of inorganic cations 

and decrease in alkalinity as the aerobic pretreatment systems (AAR and ASR). The effluent pH of the 

ANR system was on average approximately 7.3, indicating that bicarbonate was likely remaining the 

dominant form of carbonate alkalinity. Carbonate concentrations were likely negligible and, therefore, 

conditions that led to the removal of cations in both of the aerated systems were not prevalent in the ANR. 

Iron removal (84±8%) from the influent leachate was noted in the ANR system and was attributed to 

sorption or other immobilization processes within the packed media of these reactors. 

The potential for inorganic leachate constituents to clog the pore spaces of the subsequent treatment 

systems are two-fold: the presence of inorganic solids in the leachate and the precipitation of inorganic 

constituents from the leachate. The suspended solids analysis of the leachate (Figure 3.2) demonstrated 

that suspended solids were effectively removed in each of the three pretreatment system configurations. 

There were, however, inorganic cations remaining in the leachate after pretreatment (Table 1). The 

aerated pretreatment systems (AAR and ASR) generated redox conditions in the leachate that facilitated 
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the precipitation of some inorganic leachate constituents including iron, calcium, manganese, strontium, 

zinc, and aluminium. This type of pretreatment should minimize precipitation in subsequent passive 

treatment systems, and therefore reduce the risk of system clogging. 

As can be seen from Table 1, HRT in the aerated pretreatment systems (AAR and ASR) appeared to 

have the greatest impact on BOD5 and nitrogen removals. BOD5 removal was biologically mediated, 

therefore increasing the contact time between substrate and biomass contributed to an improvement in 

treatment efficiency. A substantial change in BOD5 removal was noted between a HRT of 1 day (32% in 

the AAR and 6% in the ASR) and 3 days (81% in the AAR and 80% in the ASR), however the increase in 

removal between HRTs of 3 days (81% in the AAR and 80% in the ASR) and 8 days (73% in the AAR 

and 70% in the ASR) was not as significant. As noted previously, nitrogen removal in the pretreatment 

systems was attributed primarily to ammonia volatilization, which increased proportionally with contact 

time in the aeration system (20, 38 and 46 percent removal in the AAR system and 25, 39 and 31 percent 

removal in the ASR system for HRTs of 1, 3 and 8-days, respectively). The remaining constituents were 

removed though physical settling and filtration or through chemical reactions. From the results, it was 

likely that the reaction and setting times required for these removal mechanisms was less than 1 day, since 

there was no significant increase in removal efficiencies with changes in HRTs.  

Based on the analysis of the three potential pretreatment systems, it was determined that an AAR 

pretreatment system would be the most effective system for the removal of organic material and dissolved 

inorganic constituents from the landfill leachate. The ASR pretreatment system performed similarly, 

however, it was assumed that the biomass attached to the wall of the systems contributed significantly to 

the observed treatment in the bench-scale system, and that this condition would not likely be as 

significant upon scale up to a field-scale system. Larger scale ASR systems would have a much larger 

reactor volume to wall surface area ratio, and therefore the suspended biomass would govern in the 

leachate treatment. As a result of the large wall surface area to reactor volume ratio observed in this study, 
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the bench-scale ASR system would not be expected to accurately represent the treatment that could be 

achieved in a full-scale ASR.  

Given that the HRT seemed to primarily affect the removal of BOD5 and ammonia nitrogen, and 

since the pretreatment system is not intended to be designed for nitrogen removal, removal of BOD5 was 

used to identify the desired HRT of the pretreatment system. Varying HRTs from 1 to 3 days resulted in 

an increase of BOD5 removal efficiency of 50 %, while the increase in HRT from 3 to 8 days did not lead 

to a significant increase in BOD5 removal. As such, a HRT of 3 days was proposed as the design HRT for 

the pretreatment system. 

The 3-day residence time AAR was selected for subsequent bench-scale treatability studies. This 

treatability study (Chapter 4) was designed to compare different treatment technologies with and without 

the AAR pretreatment system, and involved the construction of a 17.75L AAR (7 times larger than the 

2.5L reactors used in this study). The results from the 9-week treatability study are presented in Table 3.1. 

Although there were notable differences in influent leachate concentrations between this study and the 

treatability study, as can be seen from Table 3.1, the effluent concentrations from the AAR pretreatment 

systems used in the treatability study with respect to alkalinity, BOD5, TN, TP, Fe, Mg, and Mn were 

found to be similar to those from this study. Given this similarity in the effluent concentrations of BOD5, 

TN, TP, Fe, Mg and Mn between this study and the subsequent treatability study, which used a separately 

constructed and larger volume AAR pretreatment system, it was therefore concluded that even with the 

short study duration, the pretreatment system was functioning as though it had reached pseudo-steady 

state operation. 

3.5 Conclusions 

The primary goal of this study was to identify a system to be incorporated as a pretreatment stage to 

precede a passive landfill leachate treatment system for the City of North Bay (Ontario, Canada). Three 

types of reactors were evaluated: AAR, ASR and ANR systems. Observations of treatment efficiency and 
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bacterial growth indicated that the bench-scale ASR system performed similarly to the AAR system due 

to the small reactor volume to wall surface area ratio. The ANR system was noted to leach phosphorous 

from the packing medium into the effluent. This leached phosphorous would require removal in the 

subsequent treatment system. As such, the ANR system was deemed to be a less desirable pretreatment 

option. The AAR system efficiently decreased BOD5 concentrations, thus decreasing the oxygen demand 

for the subsequent treatment system, as well as suspended matter, which could potentially clog the 

treatment system. From this study, it was determined that an AAR system with a HRT of 3 days should be 

employed in the pretreatment stage. Further optimization may be achievable in a more detailed and 

extensive treatability study, which could include variations in aeration rate, and a more comprehensive 

study of HRT and effects of influent quality variability on the pretreatment system.  

This study also demonstrated the difficulty associated with the construction and testing of a 

suspended-growth bioreactor at the bench-scale. The ratio of wall surface area to treatment volume is 

much larger at the bench-scale (0.024 m3/m2) than would be expected in a larger scale system. The 

bacteria attached to the walls of the bench-scale system have a much larger effect on the overall treatment 

efficiency of the AAR reactor system. Hence, observed reactor kinetics corresponded to a non-ideal 

attached-growth system, rather than a suspended-growth system. This bench-scale reactor setup did 

demonstrate the benefits of a biological pretreatment stage for the treatment of the Merrick landfill 

leachate, as well as the limitations associated with the experimental design, that could be overcome 

through larger scale testing apparatus. 
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Chapter 4 

Bench-scale investigation of biological trickling filters for landfill leachate 

treatment 

4.1 Abstract 

Passive and semi-passive treatment approaches for managing the environmental impacts of landfill 

leachate are currently among the most sought-after solutions for leachate treatment due to their relatively 

low operating costs. A bench-scale study of a peat and wood shaving biological trickling filter (passive) 

and a Waterloo Biofilter® system (semi-passive) was undertaken to investigate the efficiency of these 

systems in the treatment of landfill leachate from the Merrick Landfill in North Bay, Ontario, Canada. An 

aerated pretreatment system was evaluated in conjunction with the passive treatment systems to determine 

the effect of the increased oxygen transfer. The study indicated that the Waterloo Biofilter system and the 

peat and wood shaving biological trickling filter efficiently treated the leachate at loading rates of 0.41 

m3/m2/d and 0.31 m3/m2/d, respectively. Both treatment systems could effectively remove COD (22-

36%), ammonia (82-96%), total phosphorous (26-46%), calcium (74-93%), iron (65-91%), manganese 

(88-97%), strontium (65-83%) and zinc (42-61%). The pretreatment system did not appear to affect the 

final effluent concentrations of the monitored constituents. However, it did notably decrease the dissolved 

inorganic leachate constituent load to the passive treatment systems, thereby reducing the potential for 

precipitate formation that could clog the pore spaces.  

4.2 Introduction 

Landfill leachate is generated as moisture percolates through the waste stored in the landfill and 

accumulates the by-products of solid waste decomposition. As the landfill matures, the microbial growth 

conditions within the stored waste change, which in turn influences the biological consortia within the 

waste and the characteristics of the decomposition products generated. It is generally accepted that the 
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decomposition of solid waste in a landfill, and therefore production of leachate, is achieved in four 

phases: aerobic decomposition, anaerobic fermentation, unsteady methanogenesis, and steady 

methanogenesis (Farquhar and Rovers, 1973). The phases of decomposition vary within the landfill 

volume as newer parcels of waste are added, and existing parcels of waste evolve through the different 

phases of decomposition. Only once the landfill has stopped receiving waste can the leachate production 

be expected to reach a “steady state” in terms of leachate characteristics, but this can only occur once all 

parcels of stored waste have reached the fourth, and final, phase of decomposition. The phase of waste 

decomposition is not the only factor that defines leachate composition; climatic conditions at the landfill 

site and the characteristics of the waste stored in the landfill also effect leachate production and 

composition. Precipitation is the largest source of moisture for leachate production, and therefore 

significantly affects the volume of leachate produced.  

The quantity and quality of landfill leachate is site specific; however, general trends in leachate 

constituents are fairly consistent at most landfill sites. The major pollutants in the leachate are typically 

organic matter, nitrogen (mainly in ammonia form), heavy metals and pathogens (Chiemchaisri et al., 

2009; Polprasert and Sawaittayothin, 2006). As the landfill matures, metal concentrations tend to 

decrease, while ammonia and organic matter remain present in the leachate in all phases of decomposition 

(Bulc, 2006).  

Passive treatment systems for the mitigation of landfill leachate are currently considered attractive 

leachate treatment options due to their relatively low operation and maintenance costs, and the simplicity 

of system operation (Chiemchaisri et al., 2009; Forquet et al., 2009; Rew and Mulamoottil, 1999). 

Constructed wetlands and other types of biological filters have been shown to effectively reduce 

concentrations of organic matter, nutrients, toxic compounds, suspended solids, and metals through 

various physical, chemical and biological processes within the treatment cells. There are, however, 

limitations to the use of biological filters and flow through porous media types of passive treatment 

systems for landfill leachate treatment due to the high solid, organic and nutrient loads imposed on the 
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systems. Treatment in these systems occurs in the pores spaces of the filter media where the presence of 

solids and biological growth can readily clog small pore spaces. The high oxygen requirements for the 

oxidation of organic and nitrogenous compounds can also become a limiting factor in treatment system 

design, since efficient transfer of oxygen to the systems is required (Chiemchaisri et al., 2009; Forquet et 

al., 2009; Zhao et al., 2009; Nivala et al., 2007). Both of these potential limitations can be addressed with 

the addition of a pretreatment system that can reduce organic loading and decrease the potential for 

clogging in the subsequent biological treatment systems through the precipitation of dissolved inorganic 

leachate constituents. 

Organic solids and biofilm growth can also cause clogging of pore spaces in the treatment systems, 

with the majority of clogging attributed to solid impingement. Zhao et al. (2009) stated that the main 

reason for the clogging is that the organic solids are not efficiently degraded in the biological filter due in 

most part to the limited oxygen transfer. The researchers found that once an intermittent cycle of 

wastewater dosing and rest was adopted, wetlands clogged with organic matter quickly returned to 

effective treatment operations, since oxygen was allowed to enter the system and establish aerobic 

conditions. The organic particulates clogging the pore spaces were then rapidly hydrolyzed to readily 

available soluble organic matter. Thus organic clogging of biological filters can be minimized by 

maximizing aerobic conditions in the treatment cells either through active aeration of the cells, or through 

cycling between wastewater dosing and rest to allow passive draft aeration of the system. Dissolved 

inorganic leachate constituents are a concern in treatment systems due to the low redox state of the raw 

leachate. Under favourable conditions, many of these reduced dissolved inorganic ions such as iron, 

calcium and manganese are oxidized and form insoluble hydroxide and carbonate precipitates. 

Oxygen transfer has been a challenge in the implementation of passive treatment systems. Traditional 

constructed wetlands were designed in a horizontal subsurface flow (HSSF) configuration, limiting 

oxygen transfer rates and, therefore, limiting the removal of organics and the process of nitrification 

within the systems (Austin and Nivala, 2009; Chiemchaisri et al., 2009; Nivala et al., 2007; Sun and 
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Austin, 2007; Cooper, 2005; Pendleton et al., 2005; Heavey, 2003). Vertical subsurface flow (VSSF) 

constructed wetlands and biological filters dosed intermittently increase the rate of oxygen transfer. These 

systems can effectively treat landfill leachate at moderate loading rates, while minimizing treatment costs 

(Austin and Nivala, 2009; Forquet et al., 2009). Both of these systems may also require leachate 

pretreatment to reduce the risk of clogging in the pore spaces of the biological filter media due to the 

precipitates formed as a result of changes in the dissolved inorganic constituents present in the leachate.  

The pretreatment system should be designed for the removal of solids, as well as the oxidation of 

dissolved leachate constituents to induce precipitation in the pretreatment system rather than in the pore 

spaces of the biological filters. Removal of some of the organic constituents can also be achieved in the 

pretreatment system, reducing the oxygen requirements in the subsequent passive treatment systems, 

designed to further decrease biodegradable organics and nutrient concentrations. 

A bench-scale treatability study was conducted to investigate the landfill leachate treatment efficiency 

of two different biological filters; (1) a peat and wood shaving biological trickling filter, and (2) a 

Waterloo Biofilter system, as well as to determine the effect of pretreatment on the overall landfill 

leachate treatment efficiency. The peat and wood shaving filters were evaluated with one hydraulic 

loading rate and various ratios of peat and wood shaving to identify a mixture that would minimize media 

consolidation. The landfill leachate used in this study was supplied directly from the Merrick Landfill in 

North Bay, Ontario, Canada. This landfill has been in operation since 1994 and was originally designed as 

a monitored natural attenuation site for leachate management. It has since been determined that the 

natural geochemistry of the site is likely insufficient for natural attenuation. The City of North Bay has 

therefore abandoned the natural attenuation management plan and newer landfill cells have been 

constructed with liner systems and leachate collection for treatment, however, it has been stipulated that 

the new leachate treatment system should be designed to incorporate passive treatment approaches. 
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4.3 Materials and Methods 

4.3.1 Waterloo Biofilter Systems 

Six bench-scale Waterloo Biofilter (WB) systems were supplied by Waterloo Biofilter Systems Inc. 

for this study. Each WB system (Figure 4.1a) consisted of two 1.2 m (4 ft) long, 10 cm (4 in) I.D. PVC 

pipes in series, packed with a proprietary media. The WB system is considered a semi-passive treatment 

system, since an active system is required to promote air movement within the filter media (Figure 4.1a). 

A biological seed solution provided by Waterloo Biofilter Systems was recirculated through the WB 

systems for 1 week prior to leachate dosing. Active aeration allows continuous dosing of the systems. In 

this study, the systems were dosed with raw or pretreated leachate at hydraulic loading rates (HLR) of 

0.29 m3/m2/d (raw leachate-dosed WB5, and pretreated leachate-dosed WB6), 0.36 m3/m2/d (raw 

leachate-dosed WB4, and pretreated leachate-dosed WB3), and 0.41 m3/m2/d (raw leachate-dosed WB1, 

and pretreated leachate-dosed WB2). Hydraulic loading rates were suggested by Waterloo Biofilter 

Systems Inc. and were in the ranges used by Molle et al. (2005) and Pendleton et al. (2005) for 

intermittently dose vertical flow passive treatment systems. 

4.3.2 Peat and Wood Shaving Biological Trickling Filters 

Peat, in its natural state, tends to store water in a domed profile and exhibits an affinity for self-weight 

consolidation (Heavey, 2003). This storage of water and settling affects the hydraulic conductivity of the 

peat. Ideally, in a biological trickling filter, the physical properties of the packing media remain relatively 

constant throughout the life of the filter. As such, wood shavings (pine hamster bedding) were added as a 

bulking agent to the peat (Hyde Park, sphagnum peat from Alberta, Canada) to decrease the overall 

consolidation of the material. Six peat and wood shaving biological trickling filters (PW) were 

constructed using 36 cm (16 in) tall, 10 cm (4 in) I.D. Plexiglas columns (Figure 4.1b). The outlet of the 

systems consisted of a standpipe that maintained the lower 20 cm (8 in) of the filters submerged. All of 

the PW filters were dosed at a loading rate of 0.31 m3/m2/d. Pendleton et al. (2005) applied the same 
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loading rate to a vertical flow gravel filter for landfill leachate treatment. The PW filters were packed with 

filter media to a depth of 32 cm (14 in); two filters were packed with 100% peat to a density of 480 kg/m3 

(raw leachate-dosed PW1 and pretreated leachate-dosed PW2), two filters were packed with 75% peat 

and 25% wood shavings (v/v ratio) to a density of 450 kg/m3 (raw leachate-dosed PW3, and pretreated 

leachate-dosed PW4), and two filters were packed with 25% peat and 75% wood shavings (v/v ratio) to a 

density of 240 kg/m3 (raw leachate-dosed PW5, and pretreated leachate-dosed PW6) (Table 4.1). All of 

these filters were packed while water was recirculated through the systems, allowing the media to settle to 

a natural saturated density. These biological filters were passively aerated through a feed-and-rest cycle of 

leachate dosing. In this case leachate was dosed six times per day (0.4 L per dose) for 1 hour, followed by 

a rest period of 3 hours for the leachate to percolate through the biological filter and passively aerate. It is 

generally expected that peat contains a viable biological consortia that can evolve to treat the leachate. As 

such, no seeding or inoculation of the PW filter was performed prior to leachate dosing. 

 

Figure 4.1: Schematic of (a) Waterloo Biofilter (WB) system, and (b) Peat and wood (PW) 

shaving biological trickling filter and (c) layout of study system. (Photographs of the 

systems are presented in Appendix C). 
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Table 4.1: Average (with standard deviations) COD and cation concentrations (in 

mg/L) in system effluents. WB denotes Waterloo Biofilter systems and PW denotes peat 

and wood shaving biological trickling filters. 

 
Dosing 

Solution 

Loading 
Rate 

(Treatment 
Volume)t CODe calciume irone manganesee strontiume zince 

Raw Leachate   965 
(±157) 

339.5 
(±43.4) 

25.2 
(±4.7) 

1.8 
 (±0.4) 

1.9 
(±0.2) 

0.5 
 (±0.2) 

         

Pretreatment 
System 

Raw 
Leachate 

333  
(10.7) 

724 
 (±81) 

63.1  
(±24) 

8.9  
(±2.7) 

0.2 
 (±0.1) 

0.6 
 (±0.2) 

0.3  
(±0.1) 

         

WB1 Raw 
leachate 

350 
 (3.2) 

759 
(±138) 

42.7 
 (±32) 

3.8 
 (±2) 

0 
 (±0) 

0.4 
 (±0.2) 

0.2 
 (±0.1) 

         

WB2 Pretreated 
leachate 

350  
(3.2) 

767 
(±239) 

45.2 
(±30.1) 

6.9 
 (±2.9) 

0.1 
 (±0) 

0.5 
 (±0.2) 

0.2 
 (±0.1) 

         

WB3 Pretreated 
leachate 

300 
 (2.8) 

799 
(±135) 

46  
(±26.1) 

6.9 
 (±3.3) 

0.1 
 (±0) 

0.5 
 (±0.2) 

0.2 
 (±0.1) 

         

WB4 Raw 
leachate 

300  
(2.8) 

823 
(±192) 

43 
 (±36.7) 

4.7 
 (±2.4) 

0.1 
 (±0) 

0.5 
 (±0.2) 

0.3 
 (±0.1) 

         

WB5 Raw 
leachate 

245 
 (2.3) 

740 
(±174) 

29.5 
(±23.4) 

4.4 
 (±2.3) 

0 
 (±0) 

0.4 
 (±0.1) 

0.3 
 (±0.1) 

         

WB6 Pretreated 
leachate 

245 
 (2.3) 

812 
(±113) 

46.4 
(±22.5) 

7 
 (±3.8) 

0.1 
 (±0) 

0.6 
 (±0.1) 

0.3 
 (±0.1) 

         

PW5 Raw 
leachate 

975 
 (2.4) 

841 
(±298) 

128.7 
(±73.3) 

2.3 
 (±1.3) 

0.3 
 (±0.2) 

1 
 (±0.5) 

0.2 
 (±0.1) 

         

PW6 Pretreated 
leachate 

975 
 (2.4) 

767 
(±110) 

79.9 
(±54.3) 

3.6 
 (±1.7) 

0.2 
 (±0.1) 

0.6 
 (±0.4) 

0.2 
 (±0.1) 

t Loading rate in L/m3/d, Treatment Volume in L/day       
e Concentrations in mg/L (±standard deviation)       
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4.3.3 Experimental Setup 

Two of each of the PW filters and the WB systems were constructed and operated in parallel. One 

system was dosed with raw leachate, while the other was dosed with leachate pretreated using a fixed-

film aerobic reactor with a 3-day hydraulic retention time as described in Chapter 3 (Figure 4.1c). The 

pretreatment system was initialized by filling the reactor and aerating for 3 days (1 hydraulic residence 

time) prior to leachate dosing. It was expected that containment and aeration of the raw leachate would 

allow for the propagation of the desired heterotrophic microorganisms naturally present in the leachate. 

4.3.4 Sample Analysis 

Samples were collected and analyzed weekly in accordance with APHA standard methods for 

alkalinity (320 B.), COD (5220 D.), phosphorous concentrations (4500-P E.), ammonia (4500-NH3 D.) 

and TKN (4500-Norg B.) (APHA, 1998). Sulphur and metal cation concentrations were measured using 

inductively coupled plasma atomic (optical) emissions spectrometry. Nitrite, nitrate and sulphate 

concentrations were measured using ion chromatography.  

Treatment efficiencies of the leachate constituents were evaluated on a cumulative mass removal 

basis for all of the treatment system configurations. Cumulative mass flux was employed to dampen the 

effects of influent leachate variability and minimize the potential effects of retardation on the various 

leachate constituents within the treatment system cells due to adsorption-desorption or impingement-

sloughing processes that could affect the effluent concentrations. The cumulative mass removals were 

calculated using Equation 4.1: 

€ 

%Rn =

(Qinf
i ×Cinf

i

i=1

n

∑ −Qeff
i ×Ceff

i )

(Qinf
i ×Cinf

i )
i=1

n

∑
×100      (4.1) 
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Where, %R is the cumulative percent mass removal [%], Q is the flow rate [L3/T], and C is the 

concentration [M/T]. In the equation, the superscript (n) represents the sampling event, and the subscripts 

represent the location of the samples (the influent or effluent from the treatment system stages). 

JMP, a statistical data processing program, was used to compare the data from the various treatment 

system configurations. Wilcoxon rank sum test were applied to determine if differences in the influent 

and effluent concentration data from each of the treatment systems were statistically significant. The 

statistical significance from the tests was based on a 95% confidence interval (p < 0.05). JMP was also 

used to compare the data from the various treatment system configurations, using pairwise correlations, 

and to generate a model, based on bi-variate linear regression, to describe the interaction between 

nitrification and consumption of the alkalinity of the leachate.  

 4.4 Results and Discussion 

4.4.1 Peat Consolidation 

Throughout the treatability study, the media in the PW filters was visibly consolidated in both the 

100% peat (PW1 and PW2) and the 75% peat and 25% wood shaving (PW3 and PW4) systems. PW1 and 

PW2 exhibited the dome-shaped profile described by Heavey (2003), which would suggest that the peat 

within the system was storing water. Although consolidation was observed in PW3 and PW4, the domed 

profile was not as evident. In each of these four systems, the leachate did not percolate efficiently through 

the media; ponding was visible in PW1 and PW2 within the first two weeks of monitoring, while ponding 

was observed in PW3 and PW4 after week 4. The moisture stored in the peat, as well as the consolidation 

of the peat and wood shaving media in these four systems was likely inhibiting the percolation of 

leachate. These systems were not considered to represent desired biological trickling filter system 

operation and performance, as such only the PW5 and PW6 systems were considered for the remainder of 

the study. PW5 and PW6 (25% peat and 75% wood shavings) did not exhibit the same filter media 
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consolidation and water storage trends observed in the other columns. This was attributed to the higher 

volume ratio of wood shavings used as a bulking agent. 

At the end of the study, the total volume of media in the peat and wood shaving filters was measured 

to determine the extent of consolidation. PW1 exhibited the greatest reduction in media volume (20%); 

followed by PW3 (18%), PW2 (17%), PW4 (13%), and PW5 and PW6, which were found to have the 

lowest consolidation (5%).  

4.4.2 Leachate Treatment 

The dissolved inorganic constituents of interest in this investigation were calcium, iron, manganese, 

strontium and zinc. Each of these dissolved constituents was measurably removed in the bench-scale 

hybrid-passive treatment systems. Effluent concentrations of these dissolved inorganic constituents were 

relatively constant throughout the study and therefore, average concentrations are tabulated in Table 4.1. 

The effluent COD concentrations were also relatively constant (Table 4.1). The mechanisms for the 

removal of nitrogen and phosphorous, and the oxidation of sulphur in the biological filters are dependant 

on the form and species predominant in the leachate. Results for pH, sulphur and sulphate, phosphorous 

and nitrogen constituents were represented graphically in Figures 4.2 to 4.5, respectively. 

The pretreatment of the landfill leachate did not have a quantifiable effect on the pH of the treatment 

system effluents (Figure 4.2); nor did the hydraulic loading rate influence effluent quality in the WB 

systems or in the PW filters. The effluent pH from each of the WB systems was relatively consistent after 

seven weeks of operation, with values ranging from 8.3±0.1 to 8.5±0.1. The effluents from the WB 

systems receiving pretreated leachate (Figure 4.2b) were similar throughout the entire study, while the 

effluents from the systems dosed with raw leachate (Figure 4.2a) were more variable until week 7. The 

PW5 and PW6 filters also exhibited similar effluent pH values throughout the study (7.7±0.2 and 7.8±0.2, 

respectively). Differences in the effluent pH values from the two types of treatment systems were 

attributed to the humic and fulvic acids naturally present in peat, which would decrease the pH of the 



  73 

leachate as it percolates through the PW filters (Champagne et al., 2005). There was a statistically 

significant difference in pH between the raw leachate and the effluents from the treatment systems and the 

pretreatment system (p < 0.01 for all systems – Figure 4.2d), however there was no significant difference 

between the effluents of the systems dosed with raw leachate and those dosed with pretreated leachate 

(0.45 < p < 0.95). This suggested that the addition of leachate pretreatment had no statistically significant 

effect on the overall pH of the treatment system effluents. 

 

Figure 4.2: pH values measured in treatment system effluents. Means diamonds for data 

set also presented. WB denotes Waterloo Biofilter systems and PW denotes peat and wood 

shaving biological trickling filters.  
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The total sulphur concentrations were relatively consistent in the effluents of the treatment systems 

(Figure 4.3), average influent concentrations were 12.9±5.4 mg/L and effluent concentrations ranged from 

11.4±1.7 to 13.7±2.9 mg/L, for which fluctuations in effluent concentrations corresponded with 

fluctuations in influent concentrations. The differences between total sulphur concentrations in the system 

effluents, including the pretreatment system, and the raw leachate were not statistically significantly (0.1 

< p < 0.8). Sulphate concentrations, used in this case as an analogue for the oxidized fraction of the total 

sulphur, increased in the pretreatment system and remained relatively constant in the subsequent 

treatment systems. In the raw leachate, sulphate accounted for an average of 25±10% of the total sulphur 

in the leachate, while sulphate in the pretreatment system averaged 46±8% of the total sulphur, and in the 

system effluents ranged from 40±8% to 49±8% of the total sulphur. This indicated that a consistent 

amount of sulphur oxidation was achieved in all of the treatment systems independent of leachate 

pretreatment. The raw leachate had comparatively lower fractions of oxidized sulphur than the 

pretreatment system effluent (p < 0.01); however, the effluents from all of the treatment systems were not 

statistically different (0.11 < p < 0.67). The addition of a pretreatment stage in the leachate treatment 

systems was not found to significantly affect the effluent sulphate concentrations or the extent of sulphur 

oxidation in the treatment systems.  
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Figure 4.3: Sulphate and sulphur concentrations in treatment system effluents. WB denotes 

Waterloo Biofilter systems and PW denotes peat and wood shaving biological trickling 

filters. 
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The addition of a pretreatment system was also found to have no significant effect on the overall 

removal of COD (Table 1). The pretreatment system did achieve a reduction in COD concentrations, from 

965±156 mg/L in the raw leachate to 724±81 mg/L in the pretreated effluent, which was statistically 

significant (p < 0.01). The PW6 filter and WB systems that were dosed with pretreated leachate did not 

show any further removal of COD, with observed effluent concentrations ranging from 767±100 to 

799±135 mg/L (Table 1). The treatment systems dosed with raw leachate (WB1, WB4, WB5, and PW5) 

achieved similar COD removals, with effluent COD concentrations ranging from 740±174 to 823±192 

mg/L. The differences in effluent COD concentrations from the treatment systems dosed with raw 

leachate and those dosed with pretreated leachate were not statistically significant (0.24 < p < 1). The 

removal of COD was assumed to correspond with the removal of the labile (readily biodegradable) 

organic leachate constituents, since the removal of COD occurred in actively or passively aerated systems 

designed specifically to promote biological growth. It was evident that the pretreatment system decreased 

COD concentrations, resulting in lower removals of COD in the subsequent treatment systems. This 

decrease in the biological removal of COD would promote less biomass growth, and consequently 

decrease the extent of biomass mediated clogging in the pore spaces of the treatment system. The removal 

of COD in this treatability study ranged from 22±12% to 35±6%, which was lower than typically reported 

values (50 to 94%) for COD removal in passive treatment systems (Chiemchaisri et al., 2009; Mehmood 

et al., 2009; Nivala et al., 2007; Bulc, 2006), likely because the labile fraction of the total COD of the 

leachate used in this study was low compared to those reported in the literature. The relatively consistent 

effluent COD concentrations from the different treatment systems, independent of loading rates in the 

WB systems, supports the assumption that the entire labile organic fraction was being removed. Therefore 

the lower removals of COD were likely an effect of the leachate characteristics rather than the treatment 

system performance. Rustige and Nolde (2007) reported 20% removal of COD from landfill leachate in a 

sub-surface flow constructed wetland in the initial stages of the treatment, which increased to 40% 

removal after 2 years of operation. It could be proposed that the biological consortia within the 
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constructed wetland was starting to degrade portions of the more recalcitrant organic leachate constituents 

in the second year, suggesting that long-term operation of these treatment systems could result in further 

removal of COD. 

Three different forms of phosphorous were measured in the leachate: ortho-phosphates (o-PO4), acid 

hydrolysable phosphates (Hyd) and total phosphorous (TP) and reported in mg/L as P (Figure 4.4). The 

difference between TP and Hyd represented the organic phosphorous concentration; the difference 

between Hyd and o-PO4 the non-reactive phosphorous concentration; and o-PO4 was a measure of the 

reactive phosphorous concentration (APHA, 1998). The raw leachate (Figure 4.4a) was mainly composed 

of organic phosphorous and o-PO4, with limited non-reactive phosphorous (Hyd = o-PO4 except for 

weeks 3, 4 and 7). None of the treatment system effluents, including the pretreatment system, initially 

contained non-reactive phosphorous (Hyd = o-PO4), however, within the first three weeks of operation, o-

PO4 concentrations decreased more rapidly than the Hyd concentrations, indicating that some of the 

reactive phosphorous present in the treated leachate was likely converted to the non-reactive form. The 

phosphorous fractions were similarly distributed in the treatment system effluents by the end of the study. 

The TP concentrations were equivalent to the Hyd concentrations with values ranging from 1.1±0.3 to 

2.0±0.9 mg/L, indicating limited organic phosphorous in the system effluents, while the reactive 

phosphorous concentrations ranged from 0.3±0.1 to 0.7±0.4 mg/L. The treatment systems removed the 

organic phosphorous and converted up to 80% of the reactive phosphorous to a non-reactive form. TP 

concentrations were reduced in all of the treatment systems; average raw leachate concentrations (3.0±0.5 

mg/L) were reduced to 1.5±0.3 mg/L in the pretreatment system and final effluent concentrations from 

the treatment systems ranged from 1.1±0.3 to 2.0±0.9 mg/L. Bulc (2006) reported TP removals of 53% in 

a constructed wetland with a combination of vertical and horizontal flow cells, which corresponded well 

with the removals from all of the treatment systems in this study, which ranged from 26±8% to 46±8%. 

There were no significant differences between the effluent concentrations of all three phosphorous 

fractions from any of the treatment systems (0.37 < p < 0.83). As such, with respect to effluent TP 
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concentrations of the treatment systems, the addition of a pretreatment system had no effect on overall 

treatment. Reductions in TP concentrations were, however, noted in the pretreatment system.  
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Figure 4.4: Phosphorous concentrations in treatment system effluents. WB denotes 

Waterloo Biofilter systems and PW denotes peat and wood shaving biological trickling 

filters. 
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Nitrogen speciation in each of the treatment system effluents was similar by week 8 of the study 

(Figure 4.5). The WB systems exhibited complete ammonia removal, while the PW filters only provided 

partial ammonia removal. PW5, dosed with raw leachate, removed more than 90% of the ammonia, and it 

is postulated that had the study period been extended, the established biological consortium would have 

achieved complete ammonia removal. PW6, dosed with pretreated leachate (Figure 4.5j), achieved 

complete ammonia removal after 5 weeks of operation. Ammonia removal did, however, decrease to 75% 

during the last two weeks of the study. This decrease in ammonia removal was attributed to the limitation 

of the extent of ammonia conversion to nitrite (nitritation) since there was no accumulation of nitrite, 

which would have indicated the limitation of nitratation (conversion of nitrite to nitrate). The WB systems 

dosed with pretreated leachate (WB2, WB3 and WB6 – Figures 4.5f, g and h, respectively) also 

experienced a limitation in the extent ammonia removal during weeks 7 and 8 of the study; however, the 

effect seemed to be on nitratation rather than nitritation since nitrite accumulation was noted. All of the 

systems that experienced nitrification limitations were dosed with pretreated leachate; therefore this trend 

could likely be attributed to the formation of an inhibitory compound in the pretreatment system, which 

adversely affected the nitrification. Heavy metals have been shown to inhibit both stages of nitrification, 

and Hu et al. (2002) demonstrated that free nickel, especially in the presence of sulphate could inhibit 

either stage of nitrification. Abbasi et al. (2010) found that both stages of nitrification in soil systems 

were inhibited by sodium thiosulphate, which could be produced in the pretreatment system from the 

oxidation of sodium sulphides. As can be seen in Figure 4.5f, g, h, and j the effect was temporary and 

complete nitrification resumed in all of the systems by the conclusion of the study. PW6 achieved 

complete nitritation in week 6, but only achieving partial nitration. It is likely that given adequate time to 

flush the inhibitory compounds from the systems, complete nitrification would be achieved. 
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Figure 4.5: Nitrogen concentrations in treatment system effluents. WB denotes Waterloo 

Biofilter systems and PW denotes peat and wood shaving biological trickling filters. 
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Table 4.2 summarizes the results from the modelling of leachate alkalinity reduction as a function of 

nitrification in the treatment systems. All of the models were determined to be statistically viable (p ≤ 

0.01). The loading rate to the WB systems was found to affect alkalinity consumption during nitrification; 

however, the addition of the pretreatment system did not have a significant effect. The highest loading 

rates (0.41 m3/m2/d) fed to WB1 and WB2 resulted in the highest consumption of alkalinity during 

nitrification (5.0±0.5 mg/L and 4.7±0.4 mg/L of alkalinity consumed per mg/L of ammonia nitrified, 

respectively, in WB1 and WB2). The lower loading rates (0.36 m3/m2/d and 0.29 m3/m2/d, respectively, in 

WB3 and WB4, and WB5 and WB6) resulted in smaller decreases in alkalinity during nitrification, 

ranging from 3.9±0.2 mg/L to 4.3±0.4 mg/L of alkalinity consumed per mg/L of ammonia nitrified. The 

models generated for the PW filters, showed that the pretreatment system did have an effect on alkalinity 

consumption, since 4.6±0.8 mg/L and 5.1±0.5 mg/L of alkalinity were consumed per mg/L of ammonia 

nitrified, respectively, in PW5 and PW6. This was likely due to the presence of humic and fulvic acids in 

the peat. In this study, the consumption of alkalinity during nitrification was higher than those reported by 

Jowett et al. (1999), who reported that 3.7 mg/L of alkalinity was consumed per mg/L of ammonia 

nitrified in a Waterloo Biofilter system with recirculation, but lower than those suggested by Metcalf and 

Eddy Inc. (2003) for conventional nitrification (7.14 mg/L of alkalinity consumed per mg/L of ammonia 

nitrified). 
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Table 4.2: Bi-variate linear regression modelling results for alkalinity consumption per 

mg/L of ammonia nitrified. Root mean square error (MSE) and level of significance (p 

value) also reported. WB denotes Waterloo Biofilter systems and PW denotes peat and 

wood shaving biological trickling filters. 

Treatment 
System 

Alkalinity consumption 
unaccounted for by 

nitrification 

Consumption of alkalinity 
(mg/L) per mg/L of ammonia 

nitrified MSE p 
WB1 1175.3±113.3 5.0±0.5 254 <0.01 
WB2 1364.6±116.1 4.7±0.4 209 <0.01 
WB3 1527.8±67.9 4.1±0.2 124 <0.01 
WB4 1157.3±73.3 4.2±0.3 144 <0.01 
WB5 1307.4±95.1 4.3±0.4 199 <0.01 
WB6 1626.2±50.5 3.9±0.2 86 <0.01 
PW1 1074.5±194.1 4.6±0.8 315 <0.01 
PW2 896.7±143.1 6.1±0.5 224 <0.01 

 

Examination of the total nitrogen (TN) concentrations in the raw leachate and treatment system 

effluents (Figure 4.5) indicated that the treatment systems experienced an initial loss in nitrogen prior to 

the onset of biological nitrification. The removal of TN was high in the initial stages of the study, which 

is when nitrifying bacteria were likely experiencing high growth rates and, would therefore assimilate 

more nitrogen. Once complete nitrification was achieved, the biomass would be expected to sustain a 

stationary growth phase and achieve a pseudo-steady state with respect to nitrogen assimilation. Given the 

pH and temperature ranges of the influent raw and pretreated leachate, unionized ammonia (ammonia 

available for transfer to the gaseous phase) could be expected to account for 10-20% of the TN (Snoeyink 

and Jenkins, 1980), which does not account for the complete removal of TN. Therefore, it is likely that a 

combination of volatilization of ammonia, as well as biomass assimilation of nitrogen accounted for the 

removal of TN. Suoto and Povinelli (2009) evaluated packed towers for ammonia stripping and reported 

that the initial operation of the columns resulted in ammonia volatilization, but within 30 days of 

operation, nitrifying bacteria populated the columns and nitrification was predominant rather than 

ammonia stripping. Heavey (2003) also noted that in the absence of conditions required for nitrification, 



  84 

peat immobilized ammonia through adsorption and ion exchange processes and eventually released the 

ammonia once nitrification was possible. This may be the source of the ammonia removal in the peat 

systems, although there was no indication of the release of immobilized ammonia, which would have 

been characterized by an increase in TN in the PW system effluents. 

 Many active treatment systems utilize lime addition (CaO or Ca(OH)2) to increase the pH of leachate 

and induce metal removal via hydroxide and carbonate precipitation. Many passive treatment studies have 

indicated removals of dissolved inorganic constituents from leachate using the inorganic carbon naturally 

present in the leachate or through limestone drains (Mayes et al., 2009; Galbrand et al., 2008; Devlin, 

1990). The operational conditions in the pretreatment system used in this study resulted in cumulative 

mass removals of 85±4% (Ca), 63±2% (Fe), 91±1% (Mn), 72±5% (Sr), and 50±6% (Zn). The removal of 

dissolved inorganic constituents in the pretreatment system yielded lower loadings of these constituents to 

the treatment systems dosed with pretreated leachate (WB2, WB3, and WB6 and PW6) (Table 1). The 

effluent dissolved constituent concentrations from the system treating raw leachate and the systems 

treating pretreated leachate were not statistically different (0.18 < p < 0.68 for Ca, 0.18 < p < 0.43 for Fe, 

0.18 < p < 0.64 for Mn, 0.18 < p < 0.77 for Sr, and 0.15 < p < 0.74 for Zn). Therefore, the lower loading 

of dissolved inorganic constituents to the treatment systems fed with pretreated leachate resulted in lower 

mass removals of the dissolved inorganic constituents. Since the removal of dissolved inorganic 

constituents from the leachate in the systems can be attributed to immobilization via adsorption and cation 

exchange or the precipitation of metal hydroxides (i.e. FeOH) and carbonates (i.e. CaCO3, MnCO3, 

SrCO3, ZnCO3), the lower removal in the systems dosed with pretreated leachate would suggest that the 

adsorption sites and cation exchange capacity of the treatment system would be depleted more slowly, 

and the potential for the formation of inorganic precipitates and impingement in the pore spaces would be 

reduced as a result of dosing with pretreated leachate. As such, the pretreatment system should extend the 

useful life of the subsequent treatment systems. Kruzic and Liehr (2008) reported similar findings, in that 
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pretreatment had no effect on overall treatment. However, the use of a pretreatment system did reportedly 

reduce the changes in hydraulic conductivity in the treatment systems. 

4.5 Conclusions 

An 8-week treatability study was conducted to evaluate the performance of a passive treatment 

system (peat and wood shaving biological trickling filter) and semi-passive treatment system (Waterloo 

Biofilter) and to investigate the benefits of adding an aerobic pretreatment stage for the treatment of 

landfill leachate. Although hydraulic loading rate optimization of the passive and semi-passive treatment 

systems was beyond the scope of this study, the results indicated that the Waterloo Biofilter systems 

could treat leachate from the Merrick Landfill at loading rates greater than 0.41 m3/m2/d, while the peat 

and wood shaving biological trickling filter, with a peat to wood shaving ratio of 25:75 (v:v),  could 

effectively treat Merrick Landfill leachate at loading rates greater than 0.31 m3/m2/d. It was also 

demonstrated that the use of a peat to wood shaving ratio of 75:25 (v:v) would lead to clogging of the 

systems due to consolidation of the media, while a ratio of 25:75 (v:v) would experience less peat 

consolidation. Further treatment system optimization based on hydraulic or constituent loading could 

offer alternative ratios that would allow for adequate flow through the system while enhancing treatment 

efficiency.  

A comparison of the effluents from the treatment systems dosed with raw leachate and pretreated 

leachate showed no quantifiable differences in overall treatment system performance. All treatment 

systems efficiently removed COD (22-36%), ammonia (82-96%), total phosphorous (26-46%), calcium 

(74-93%), iron (65-91%), manganese (88-97%), strontium (65-83%) and zinc (42-61%). The notable 

benefit of the pretreatment system was the removal of dissolved inorganic constituents and COD prior to 

subsequent passive and semi-passive treatment systems, which should increase the effective life of each 

of the treatment systems. 
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Chapter 5 

Treatability study of two hybrid-passive treatment systems for landfill 

leachate operated at cold temperature 

5.1 Abstract 

Passive and semi-passive leachate treatment approaches are attractive options for landfill managers 

due to their relatively low operating and maintenance costs. Cold ambient temperatures can negatively 

affect these types of treatment systems and decrease treatment efficiency. Cold temperature leachate 

treatment efficiencies were compared between a commercially available semi-passive treatment system 

and a passive peat and wood shaving biological trickling filter. The addition of an active fixed-film 

pretreatment stage in the treatment train was also assessed. Results indicated that the internal temperature 

of the peat filters was independent of influent water temperature; exothermic reactions maintained 

internal system temperatures. It was determined that pretreatment of the leachate did not affect the overall 

removal of COD, but did increase nitrification in the subsequent passive treatment systems and allowed 

for the removal of dissolved inorganic constituents prior to the passive treatment system, which will 

extend the useful life of the entire treatment train. The hybrid-passive treatment systems reduced COD 

concentrations by 10±3% and 15±3%, in the semi-passive treatment system and the peat and wood 

shaving biological trickling filter based systems, respectively, and indicated that nitrifying biomass was 

starting to populate the treatment systems. It was therefore concluded that operation of these systems 

would be feasible under cold climate and should be assessed at the pilot-scale. 
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5.2 Introduction 

The cost associated with landfill leachate treatment is one of the largest long-term costs at sanitary 

landfills and one that continues long after the landfill ceases accepting waste and generating a revenue. 

Leachate is generated as moisture percolates through the stored waste, accumulating by-products from the 

bio-chemical degradation of the waste. A number of studies have demonstrated that the strength and 

volume of the leachate produced is both site specific and variable over the life of a landfill (Vymazal and 

Kropfelova, 2009; Spagni et al., 2008, Kinsley et al., 2007; Bulc, 2006; Maehlum, 1995). This site-

specific nature of landfill leachate requires a site-specific remediation strategy, a factor that is most 

relevant when designing passive treatment systems.  

Leachate treatment strategies can be separated into two main categories: active systems, which are 

strictly controlled and can have numerous chemical and energy inputs (e.g. reverse osmosis, SBRs or 

activated sludge systems), and passive systems, which aim to minimize chemical and energy inputs while 

still achieving target treatment efficiencies (e.g. constructed wetlands, trickling filters and soil infiltration 

systems). The lower operating costs of passive treatment systems make them an ideal option for landfill 

operators (Chiemchaisri et al., 2009; Rew and Mulamoottil, 1999; Boller, 1997). The lack of strict 

operational controls within these systems does, however, make them more susceptible to climatic 

variability and ambient environmental conditions.  

Passive treatment systems in cold climates generally require sub-surface flow (SSF) through a porous 

media, since exposed water will freeze in sub-zero (Celsius) temperatures. SSF systems maintain a layer 

of unsaturated porous media above the surface of the leachate, thus insulating the saturated zone of the 

treatment system from the cold ambient temperatures. The primary limitation of SSF systems is the 

limited oxygen transfer efficiency, which can be overcome by decreasing the loading rate to the system, 

adding supplemental aerations systems, or modifying the flow regime in the system. A number of studies 

have demonstrated the advantages of vertical sub-surface flow systems (VSSF) over horizontal (HSSF); 
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including the potential for larger loading rates, better oxygen transfer and higher oxidizing conditions 

(Faulwetter, 2009; Forquet, 2009; Nivala and Rousseau, 2009; Kruzic and Liehr, 2008; Pendleton et al., 

2005). Intermittently dosed VSSF systems can achieve the required oxygen transfer via the infiltration of 

air between dosing events, thus achieving adequate oxygen transfer without the added cost of an aeration 

system. 

Biological conversion of leachate constituents is dependant on both contact time and temperature. 

Lower operating temperatures decrease the activity of the biological consortia within a treatment system. 

Lower biological and chemical reaction rates require longer contact times between the microorganisms 

and the leachate, thus requiring larger treatment system sizes. SSF treatment systems can maintain 

adequate temperatures for treatment if they are sufficiently insulated from cold ambient temperatures, 

since the microbial activity in the treatment cells tends to be exothermic. With adequate insulation Nivala 

et al. (2007) noted significant treatment even with ambient air temperatures below -20oC.  

An active pretreatment system can be combined with a passive treatment system producing a hybrid-

passive technology. The active pretreatment reduces the organic loading, thereby reducing the oxygen 

demand experienced by the passive treatment system. This type of treatment strategy can minimize the 

size of both the active and passive treatment stages, allowing for cost optimization. The pretreatment 

stage of the hybrid-passive treatment system can also serve to accommodate sedimentation, allowing for 

the removal of inorganic solids that could clog the pore spaces of the subsequent packed bed passive 

treatment system. Rustige and Nolde (2007) monitored a passive treatment wetland with and without 

pretreatment and found that the pretreatment system had no effect on final effluent quality; however the 

precipitation and settling of inorganic constituents within the wetland cells (and the decrease in hydraulic 

conductivity associated with this precipitation) was lower in the wetland receiving pretreated leachate. It 

was concluded that the pretreatment system removed a substantive fraction of the inorganic leachate 

constituents that could adversely affect the flow in the wetland cells without pretreatment of the leachate. 
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This bench-scale treatability study evaluated the effectiveness of two treatment systems in a hybrid-

passive treatment system for potential implementation at the Merrick Landfill, which serves the City of 

North Bay, Ontario, Canada. The landfill is located in the Near North region of the Province of Ontario 

where the average ambient air temperature fluctuates between 25 and -18oC. This bench-scale study also 

investigated the effect of pretreatment on the removal of leachate constituents in the subsequent passive 

treatment systems under cold ambient temperatures. 

5.3 Materials and Methods 

The bench-scale treatability study was conducted in a temperature-controlled chamber (2±2oC). The 

purpose of the study was to analyze the efficiencies of two different landfill leachate treatment systems, a 

passive peat and wood shaving biological trickling (PW) filter designed by Queen’s University and a 

commercially available semi-passive treatment (SP) system exposed to cold ambient temperatures. Two 

of each of the treatment systems were constructed; one system was dosed directly with raw leachate, 

while the other system was dosed with pretreated leachate. All of the systems were previously 

investigated at the bench-scale at room temperature, and the loading rates for this study were selected 

based on the findings from this previous bench-sale study (Chapter 4). The landfill leachate used in this 

study was supplied and shipped directly from the Merrick Landfill in North Bay, Ontario, Canada.  

5.3.1 Pretreatment System  

Pretreatment of the leachate was performed using a fixed-film aerobic pretreatment reactor with a 3-

day hydraulic residence time as described in Chapter 3. A single pretreatment system was used in this 

study to ensure that each of the treatment systems was dosed with the same influent stream. The 

pretreatment system was a circular high-density polyethylene reactor with diameter of 30 cm and a liquid 

depth of 23 cm. The reactor was packed with an inert plastic media (1% of total reactor volume) to 

promote biological attachment. 
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5.3.2 Semi-Passive Treatment System 

The SP systems (Figure 5.1a) consisted of two 1.2 m (4 ft) long, 10 cm (4 in) I.D. PVC pipes in 

series, packed with a proprietary medium. Loading rates to the systems were set at 0.41 m3/m2/d, with raw 

leachate dosed to SP1 and pretreated leachate dosed to SP2. Full-scale versions of these treatment systems 

are equipped with fans to enhance air movement within the cells (for aeration); this was replicated in this 

bench-scale study through the addition of pressurized air to the SP systems. Since the SP systems were 

actively aerated, they were therefore dosed with leachate continuously as opposed to employing a cycle of 

dose-and-rest to achieve passive aeration. 

 

Figure 5.1: Schematic of treatment systems used in this study. (Photographs of the systems 

are presented in Appendix C). 



  95 

5.3.3 Peat and Wood Shaving Biological Trickling Filter 

The two bench-scale PW filters were constructed using 36 cm (16 in) tall, 10 cm (4 in) I.D. Plexiglas 

columns (Figure 5.1b). The outlet of the columns consisted of a standpipe that maintained the lower 20 

cm (8 in) of the columns saturated for biological treatment of the leachate. The treatment systems were 

dosed at a loading rate of 0.31 m3/m2/d, with raw leachate dosed to PW1 and pretreated leachate dosed to 

PW2. These filters were packed with a mixture of 25% peat (Hyde Park, sphagnum peat from Alberta, 

Canada) and 75% wood shavings (pine hamster bedding) (v/v) while water was recirculated through the 

columns, allowing the media to settle to a natural saturated density (240 kg/m3). These systems were 

passively aerated by applying leachate to the filter in 6 doses of 1 hour (0.4 L per dose), followed by a 

rest period of three hours during which the leachate could percolate through the media. 

5.3.4 System Setup 

The Merrick landfill intends to install a co-generation system to combust the landfill gas collected on 

site to produce energy and reduce greenhouse gas emissions. The waste heat from the co-generation 

system could be transferred to the raw leachate entering the treatment system, increasing influent 

temperatures and biological activity in the system during cold weather operations. This was simulated in 

the bench-scale laboratory study by maintaining the raw leachate at approximately 24oC, while the 

treatment systems, including the pretreatment system, were operated in the temperature-controlled 

chamber at 2oC. It should be noted that a temperature difference in the influent existed between the 

systems under investigation. The pretreatment system and the treatment systems dosed directly with raw 

leachate (SP1 and PW1) received influent leachate at approximately 24oC, while the treatment systems 

dosed with pretreated leachate (SP2 and PW2) received pretreated leachate at approximately ~5oC. All SP 

systems and PW filters were insulated using 3.8 cm (1.5 in) duct wrap insulation to simulate the natural 

insulation provided in a buried system. 2.5 cm (1 in) of gravel and 10 cm (4 in) of peat and wood shaving 

mixture were added above the leachate-dosing pipe of the PW filters for insulation. All of the hybrid-
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passive treatment system components were previously used for a room-temperature bench-scale study 

(Speer et al., 2010) and the biological consortia in the systems was assumed to still be viable, therefore 

the systems were not seeded prior to initiation of the cold-temperature study.  

5.3.5 Sample and Data Analysis 

As the systems were dosed with small leachate volumes, composite samples were collected over a 12-

hour period to produce sufficient sample volume for analysis. Samples were collected and analysed 

weekly in accordance with APHA standard methods for alkalinity (320 B.), COD (5220 D.), ammonia 

(4500-NH3 D.) and TKN (4500-Norg B.) (APHA, 1998). Iron, calcium and manganese concentrations were 

measured using an inductively coupled plasma atomic (optical) emissions spectrometer. Nitrite and nitrate 

concentrations were measured using ion chromatography. 

Treatment efficiencies of the leachate constituents were evaluated on a cumulative mass removal 

basis for all of the treatment system configurations. Cumulative mass flux was employed to dampen the 

effects of influent leachate variability and minimize the potential effects of retardation on the various 

leachate constituents within the treatment system cells due to adsorption-desorption or impingement-

sloughing processes that could affect the effluent concentrations. The cumulative mass removals were 

calculated using Equation 5.1: 
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Where, %R is the cumulative percent mass removal [%], Q is the flow rate [L3/T], and C is the 

concentration [M/T]. In the equation, the superscript (n) represents the sampling event, and the subscripts 

represent the location of the samples (the influent or effluent from the treatment system stages). 
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JMP, a statistical data processing program, was used to compare the data from the various treatment 

system setups. Wilcoxon rank sum test were applied to determine if differences in the influent and 

effluent concentration data from each treatment system were statistically significant. The statistical 

significance from the tests was based on a 95% confidence interval (p < 0.05). 

5.4 Results and Discussion 

The pH of the raw leachate (Figure 5.2) remained relatively constant (6.2±0.1) with the exception of 

one spike in values to approximately 8. A study conducted at the University of Western Ontario (2010) 

reported that the labile organic matter in the raw leachate from the Merrick Landfill was comprised of 

20% volatile fatty acids. These acids were removed from the leachate throughout the various treatment 

system stages via aerobic, biologically-mediated degradation, as well as abiotic processes such as 

volatilization. Removal of these acids would reduce the acidity of the leachate thereby increasing the pH, 

as has been reported in other studies involving passive and semi-passive treatment systems (e.g. 

Martensson et al., 2007; Jowett et al., 1999). Figure 5.2b shows that pretreatment of the leachate affected 

the effluent pH from the SP systems (p = 0.01) and the PW filters (p < 0.01). The effluent from SP2 

(dosed with pretreated leachate) maintained pH levels similar to, but slightly higher than, those measured 

in the pretreatment system (8.6±0.1 in the pretreatment system, 8.8±0.1 in SP2, p < 0.01). The effluent pH 

from SP1 (dosed with raw leachate) was initially in the same range as SP2 (8.8±0.0), and decreased 

throughout the duration of the study to approximately 8.3±0.1 (Figure 5.2). The PW filters maintained 

lower overall pH values than the SP systems likely due to the humic and fulvic acids that are regularly 

leached from peat (Champagne et al., 2005).  
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Figure 5.2: pH measurements throughout the study. Means diamonds for data set also 

presented. SP1 and PW1 dosed with raw leachate, SP2 and PW2 dosed with effluent from 

the pretreatment system. SP denotes the semi-passive treatment systems, and PW denotes 

the peat and wood shaving biological trickling filters. 

The cold ambient temperatures were expected to reduce biological activity; however there were still 

notable removals of both COD and total nitrogen concentrations. COD concentrations in the raw leachate 

decreased from 1200-1500 mg/L initially to concentrations ranging from 800-1000 mg/L in weeks 5 

through 8 of the study (Figure 5.3). Removal of COD in the systems treating raw leachate and those 

treating pretreated leachate was equivalent (p = 0.37 and p = 0.85, respectively, in the SP systems and the 

PW filters), therefore the inclusion of a pretreatment stage in the leachate treatment system showed no 

measurable effect on the overall removal of COD from the treatment systems. It was evident that the 

pretreatment system provided some COD removal (10±5%), which led to a lower loading of COD to the 
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subsequent treatment systems. This decrease in loading would lead to a decrease in the biological activity 

required for COD reduction and, consequently, a reduction in the volume of biomass in the treatment 

systems. The extent of biomass-mediated clogging in the treatment system pore space would, therefore, 

also be reduced with the addition of the pretreatment system. 

 

Figure 5.3: COD concentrations. Means diamonds for data set also presented. SP1 and 

PW1 dosed with raw leachate, SP2 and PW2 dosed with effluent from the pretreatment 

system. SP denotes the semi-passive treatment systems, and PW denotes the peat and wood 

shaving biological trickling filters. 

 The addition of the pretreatment stage in the leachate treatment system had the largest influence on 

overall ammonia removal (Figure 5.4a), but only with respect to the PW filters. Both of the SP systems 

removed ammonia (36±4% and 36±6% in SP1 and SP2, respectively) however the removals were not 

determined to be statistically different (p = 0.33). The ammonia removal in the PW filters was highly 
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dependant on the addition of the pretreatment stage. The raw leachate-dosed PW1 experienced no 

significant removal of ammonia (5±2%), while the pretreated leachate-dosed PW2 removed 25±2% of the 

influent ammonia (after the onset of nitrification). It was therefore evident that the addition of the 

pretreatment system increased the overall ammonia removal in the PW filters. 

 

Figure 5.4: (a) Ammonia, (b) nitrite, (c) nitrate, and (d) total nitrogen concentrations 

reported as mg-N/L. SP1 and PW1 dosed with raw leachate, SP2 and PW2 dosed with 

effluent from the pretreatment system. SP denotes the semi-passive treatment systems, and 

PW denotes the peat and wood shaving biological trickling filters. 
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Conventional nitrification involves the biologically-mediated conversion of ammonia to nitrite 

(nitritation), followed by further oxidation of nitrite to nitrate (nitratation). This biologically-mediated 

conversion was only observed in the effluent of PW2, which was characterized by an initial increase in 

nitrite concentrations (Figure 5.4b), followed by a decrease in nitrite concentrations correlated with an 

increase in nitrate concentrations (Figure 5.4c). From this, it was concluded that the ammonia removal 

mechanism in this treatment system was likely conventional nitrification. Nitrite was also detected in the 

effluent from PW1 at various times throughout the study (Figure 5.4b). These increases in nitrite 

concentrations were not assumed to indicate conventional nitrification since there was no associated 

increase in nitrate (Figure 5.4c). It was, therefore, assumed that volatilization and biomass assimilation 

were the likely ammonia removal mechanisms in this system.  

Both of the SP systems exhibited statistically significant removals of total nitrogen (p = 0.02 and p < 

0.01 in SP1 and SP2, respectively) without the formation of nitrite or nitrate (Figure 5.4). PW2 also 

exhibited a reduction in total nitrogen (Figure 5.4d) for the first 4 weeks of the study (p = 0.03), prior to 

the onset of conventional nitrification. The average pH of the pretreated leachate dosed to the treatment 

systems was 8.7±0.1, and the effluent pH of the treatment systems were 8.6±0.2, 8.1±0.1 and 8.2±0.1 in 

SP1, SP2 and PW2 respectively. These pH values were lower than those suggested for air stripping 

systems designed for ammonia removal (Metcalf and Eddy, 2003). The pH and temperature values were, 

however, in a range such that approximately 10-20% of the ammonia present in the leachate would be in 

the unionized form that could be removed through volatilization. The percent removals of nitrogen in SP1 

(36±4%), SP2 (39±8%) and PW2 (15±8% prior to onset of nitrification) supported the assumption that 

volatilization was the likely contributing removal mechanism. 

In both types of treatment systems, flow and treatment of leachate was designed to occur in the pore 

spaces of the packed beds. Clogging of these pore spaces is a concern and a specific design consideration, 

especially in treating landfill leachate containing high concentrations of dissolved inorganic compounds. 
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Jowett et al. (1999) reported on the use of a Waterloo Biofilter system at a landfill site, stating that within 

2 years of commissioning the landfill leachate treatment system, the flow distribution system became 

clogged with carbonate minerals, and after 4 years a crust of iron precipitates had formed on the top layer 

of the biofilter media. One of the main design goals of the pretreatment system used in this study was to 

minimize clogging of the media through the induced oxidation and precipitation of dissolved inorganic 

constituents. 

Comparing the concentrations of iron, calcium and manganese (Figure 5.5), it was evident that the 

pretreatment system allowed for the precipitation and removal of these cations (89±2%, 87±4% and 

83±2% for calcium, iron and manganese, respectively), which reduced the potential for their precipitation 

in the subsequent treatment systems. Iron precipitation from landfill leachate results from the oxidation of 

reduced ferrous iron (the dominant form in the leachate) to ferric iron and the subsequent precipitation as 

ferric hydroxide (Nivala et al., 2007). Therefore the precipitation of iron required oxidizing conditions, 

which were present in all of the treatment systems, and as such all of the treatment systems reduced iron 

concentrations to approximately the detection limit of the analytical method (2 mg/L) independent of raw 

or pretreated leachate dosing. The pH of the raw leachate (7.2±0.1) indicated that bicarbonate (HCO3
-) 

was likely the dominant form of inorganic carbon in the leachate. Once the pH increases above 8.3, 

carbonate (CO3
2-) may become more significant (Snoeyink and Jenkins, 1980). The pretreatment system 

pH was 8.6±0.1 indicating that carbonate would be available for precipitation of calcium carbonate 

(CaCO3) and manganese carbonate (MnCO3).  
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Figure 5.5: (a) iron concentrations, (b) calcium concentrations, and (c) manganese 

concentrations throughout the study. Means diamonds for data set also presented for (d) 

iron, (e) calcium and (f) manganese are also presented. SP1 and PW1 dosed with raw 

leachate, SP2 and PW2 dosed with effluent from the pretreatment system. SP denotes the 

semi-passive treatment systems, and PW denotes the peat and wood shaving biological 

trickling filters. 
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It could be argued that the addition of the pretreatment system exhibited negligible effects on the 

overall removal of iron, calcium and manganese (Figure 5.5). The addition of the pretreatment system 

did, however, allow for the precipitation of dissolved inorganic constituents prior to dosing of the 

treatment systems. This would decrease the potential for, and magnitude of, precipitation of inorganic 

constituents in the pore spaces of the treatment systems, increasing the operational lifespan of the system. 

The effluent dissolved calcium and manganese concentrations from the systems dosed with pretreated 

leachate were not statistically different from the effluent concentrations from the pretreatment system 

(0.55 < p < 1 for Ca, and 0.13 < p < 0.17 for Mn). This indicated that the addition of the pretreatment 

stage in the treatment systems would reduce the removal of dissolved inorganic constituents in the 

subsequent treatment systems, and consequently reduce the potential for clogging.  

The space-constrained layout of the experimental system on this scale presented limitations affecting 

performance. It was expected that both types of treatment systems would effectively reduce leachate 

strength even at cold temperatures, as has been noted in other studies (e.g. Nivala et al., 2007, Jowett, et 

al., 1999). At the end of the study, the internal temperature of each of the systems was measured. It was 

noted that the PW filters maintained internal temperatures of 11oC regardless of the differences in influent 

leachate temperature (24oC for the raw leachate and 5oC for the pretreated leachate). This indicated that 

heat was generated by exothermic biologically-mediated reactions within each system. This was an 

important finding that indicated that larger field-scale systems, with more volume and biological activity, 

could feasibly maintain adequate internal temperatures to promote efficient biological activity 

independent of the cold ambient temperatures or cold influent leachate temperatures. The SP systems 

were aerated with cold air, which led to internal temperatures equal to the ambient temperature (2oC). In 

field applications, the SP systems utilize internal fans to move air, rather than supplying air through 

pumps. As such, the biologically-mediated exothermic reactions that were responsible for maintaining the 

internal temperature of the PW filters would also be expected to maintain adequate internal temperatures 
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in the SP systems. The low internal temperatures of the SP systems in this study were therefore a result of 

the experimental protocol rather than an indication of full-scale system design performance. 

5.5 Conclusions 

The pretreatment system used in this study demonstrated that even at cold temperatures, removal of 

COD could be achieved. This COD removal in the pretreatment system allowed nitrifying 

microorganisms in the peat and wood shaving biological trickling filter to nitrify the leachate. The 

pretreatment system also allowed for the precipitation of dissolved inorganic constituents prior to dosing 

of the packed bed treatment systems, which reduced the potential for inorganic precipitates to clog the 

downstream treatment systems. This would extend the useful life of these systems, as well as reduce 

operational and maintenance costs. 

Although insulation of the systems would be more complete for these systems when implemented on 

a larger scale, this study did, however, demonstrate that the temperature in each of the PW filters was 

independent of influent temperature. Even at this small scale and with limited insulation, temperatures 

were maintained at 11oC within the PW filters while the ambient temperature was 2oC. Air movement in 

the bench-scale SP systems was a limiting factor in maintaining the internal temperatures; full-scale 

application of these systems would minimize the introduction of cold ambient air into the system and 

would overcome this limitation. Hence it was concluded that if these systems were designed and 

implemented on a larger scale and provided with more insulation as would be expected in the field, the 

internal temperatures could be maintained at levels that would sustain biological activity even under cold 

ambient temperature conditions, as well as with cold temperature influents. 
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Chapter 6 

Pilot-scale comparison of two hybrid-passive landfill leachate treatment 

systems operated in a cold climate 

6.1 Abstract 

Hybrid-passive landfill leachate treatment systems employ active pretreatment to remove dissolved 

inorganic constituents and decrease the oxygen demand of the leachate prior to treatment in a passive 

system. In a 1-year pilot-scale study, two passive treatment systems - a peat and wood shaving biological 

trickling filter and a sand and gravel constructed wetland - were installed to treat leachate from the 

Merrick Landfill in North Bay, Ontario, Canada. Leachate was pretreated in a fixed-film aerobic reactor, 

which provided reductions in COD (26%), ammonia (21%), Al (69%), Ca (57%), Fe (73%) and Sr (37%) 

concentrations. A comparison of the performance of the two hybrid-passive treatment systems indicated 

different extents of heterotrophic nitrification; the peat and wood shaving filter removed 49% of the 

ammonia and nitrified 29%, while the constructed wetland removed 99% of the ammonia and nitrified 

90%. Hybrid-passive landfill leachate treatment was determined to be feasible, even in cold climates. 

6.2 Introduction 

Landfill leachate, a chemically complex wastewater stream, is generated as moisture percolates 

through the waste stored in a landfill and accumulates by-products of the biological and chemical 

degradation of the waste. Leachate constituent concentrations are site specific and vary spatially and 

temporally within a given site. Leachate can be expected to contain high concentrations of organics (labile 

and recalcitrant), ammonia nitrogen, heavy metals, and chlorinated inorganic salts (e.g. Vymazal and 

Kropfelova, 2009; Wiszniowski et al., 2006). 
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Passive treatment of landfill leachate is an attractive option for landfill operators due to low operation 

and maintenance costs, as well as the flexibility that allows the biological consortia in the passive 

treatment systems to evolve in response to variations in leachate concentrations (Mehmood et al., 2009; 

Rew and Mulamoottil, 1999). Traditionally, the use of passive treatment systems has been limited to 

small systems due to limited oxygen transfer efficiency that can be overcome by operating at low loading 

rates, thereby increasing system size requirements. Passive treatment system design can be adapted to 

incorporate vertical sub-surface flow regimes with alternating cycles of dosing and resting to achieve 

passive aeration, thereby increasing the oxygen transfer rate and reducing the overall size requirements of 

the treatment systems (Chazarenc et al., 2009; Pendleton et al., 2005). Removal of organic leachate 

constituents can also be achieved in the pretreatment system. This reduces the oxygen requirements in the 

subsequent passive treatment systems, which are designed to further decrease the concentrations of 

biodegradable organic matter and nutrients in the leachate. 

Including an active pretreatment stage prior to the passive treatment system creates a hybrid-passive 

treatment system that can be optimized to minimize the cost of active pretreatment, while also minimizing 

the size of the subsequent passive treatment system. The active pretreatment system can also reduce the 

overall inorganic load through precipitation of insoluble metal hydroxides and carbonates (e.g. FeOH3, 

CaCO3, and MnCO3) in an oxidizing environment, which can extend the life of the passive system. 

Precipitation of inorganic solids in the pore spaces of passive treatment systems can lead to clogging, one 

of the largest operational problems associated with passive treatment systems (Dornelas et al., 2009; 

Kruzic and Liehr, 2008). 

The performance of passive treatment systems is site specific and largely dependent on landfill 

leachate production and composition, as well as regional climate. The lack of stringent controls that 

allows these systems to be flexible to changing leachate characteristics also limits operator control of 

biological treatment processes in these systems, where by-products of removal mechanisms for one 

leachate constituent could adversely affect the removal of another constituent (Parkes et al., 2007). The 
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site-specific nature of landfill leachate production, as well as the lack of stringent control on passive 

treatment systems, implies that broadly defined recommendations for treatment system designs are 

difficult to formulate. Pilot-scale investigations of leachate treatment systems, as presented in this study, 

are required to ensure designs are adequate to meet the site-specific treatment requirements (Renou et al., 

2008). 

6.3 Materials and Methods 

6.3.1 Site Description 

The Merrick Landfill was originally commissioned in 1994 as a monitored natural attenuation landfill 

site. Within three years of landfill operation, leachate-contaminated groundwater was observed up-

welling in the natural attenuation zone and flowing overland to the Little Sturgeon River, and eventually 

off site. As a result, The City of North Bay opted to abandon reliance on natural attenuation and lined 

subsequent landfill cells to capture and treat the leachate that was produced. In 2008, the City of North 

Bay in collaboration with Queen’s University configured, commissioned and evaluated two pilot-scale 

sustainable treatment systems that would treat the landfill leachate using hybrid-passive treatment 

methods.  

Following bench-scale room temperature and cold temperature treatability studies (Chapters 4 and 5) 

of both the passive and hybrid-passive treatment systems, pilot-scale treatment system configurations 

were developed, and subsequently constructed and monitored for a 1-year period. Two different pilot-

scale hybrid-passive treatment systems were investigated; (1) a peat and wood shaving biological 

trickling (PW) filter and (2) an Aqua Treatment TechnologiesTM sand and gravel (AWL) wetland.  
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6.3.2 Hybrid-Passive Treatment System Description 

The pretreatment system consisted of a 3-day hydraulic residence time (HRT) aerated fixed-film 

reactor (FF) (12 m3 reactor volume) followed by a 1-day HRT mixing and storage tank (ST) (4 m3 tank 

volume) (Figure 6.1a). The pretreatment system was fed continuously with raw leachate collected directly 

from the leachate collection system, and aerated at a rate of 0.43m3/min (15.3 CFM). The fixed-film 

reactor was packed (1% total reactor volume) with a BIONESTTM inert spun plastic medium to promote 

biological attachment.  

The PW filter was constructed as a two-cell vertical subsurface flow treatment system (Figure 6.1b). 

Each cell was packed with a mixture of 25% peat (Hyde Park, sphagnum peat from Alberta, Canada) and 

75% wood shavings (planer waste from the local sawmill – photo of material presented in Appendix C) 

(v:v) previously evaluated in a bench-scale study (Chapter 4) as being capable of maintaining leachate 

flow while minimizing the self-weight consolidation of the peat. The first cell of the PW filter was 

designed for aerobic treatment, with downward flow of the leachate and passive aeration achieved using 

an intermittent feed-and-rest dosing cycle as described by other researchers (e.g. Chazarenc et al., 2009; 

Pendleton et al., 2005). The second cell of the PW filter was designed for anaerobic treatment as an up-

flow system. 

Aqua Treatment TechnologiesTM supplied the AWL wetland (Figure 6.1c), a four-cell system packed 

with gravel and sand media. The first, second and fourth cells of the AWL wetland were designed for 

aerobic treatment with downward flow of leachate, and were intermittently dosed for passive aeration 

(similar to the PW filter). The third cell of the AWL wetland was designed for anaerobic treatment, 

operated in up-flow mode, and included wood shavings mixed with the media as a carbon source for 

denitrification. In April 2010, three months after the system was commissioned, recirculation systems 

(R=1 – recycle flow rate/influent flow rate) were added in the first and fourth cells of the AWL wetland to 

increase their respective residence times, and the four cells of the system were vegetated with salt-tolerant 
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vegetation. Once ambient temperatures decreased in October 2010, the recycle ratio of the two AWL 

wetland cells was increased to R=4 in anticipation of reduced performance at cold temperature.  

 

Figure 6.1: Hybrid-passive treatment system schematic. (Photographs of the systems are 

presented in Appendix C). 
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Each passive treatment system was constructed with two separate dosing manifolds, one at the surface 

used for warm ambient temperature operation (April through September), and one located 30 cm below 

the surface of the systems used for cold ambient temperature operation (October through March) (Figure 

6.1). The use of submerged manifolds for cold ambient temperature operation has been described by other 

researchers and has reportedly permitted the treatment of leachate with cold ambient temperatures as low 

as -30oC (Kruzic and Liehr, 2008; Nivala et al., 2007). 

6.3.3 Sampling and Analytical Protocols 

Effluent samples were drawn from each stage of the hybrid-passive treatment system (Figure 6.1) and 

analyzed bi-weekly. Sample handling and analysis was conducted in accordance with APHA standard 

methods for alkalinity (320B.), COD (5220 D.), phosphorous concentrations (4500-P E.), ammonia 

(4500-NH3 D.), and TKN (4500-Norg B.) (APHA, 1998). Nitrate, nitrite and chloride concentrations were 

measured using ion-chromatography. Dissolved metal concentrations of interest were measured using 

inductively coupled plasma atomic (optical) emission spectrometry.  

Treatment efficiencies of the leachate constituents were evaluated on a cumulative mass removal 

basis for all of the treatment system configurations. Cumulative mass flux was employed to dampen the 

effects of influent leachate variability and minimize the potential effects of retardation of the various 

leachate constituents within the treatment system stages due to adsorption-desorption or impingement-

sloughing processes that could affect the effluent concentrations. The cumulative mass removals were 

calculated using Equation 6.1: 
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Where, %R is the cumulative percent mass removal [%], Q is the flow rate [L3/T], and C is the 

concentration [M/T]. In the equation, the superscript (n) represents the sampling event, and the subscripts 

represent the location of the samples (the influent or effluent from the treatment system cells). 

JMP, statistical data processing software, was used to compare the data from the various treatment 

system cells. Wilcoxon rank sum tests were applied to determine if differences in the influent and effluent 

concentration data from each treatment systems were statistically significant. The statistical significance 

from the tests was based on a 95% confidence interval (p < 0.05). JMP was also used to compare the data 

from the various treatment system configurations, using pairwise correlations, and to generate a model, 

based on bi-variate linear regression, to describe the interaction between nitrification and consumption of 

the alkalinity of the leachate.  

6.3.4 Flow Monitoring 

Raw leachate was pumped continuously to the pretreatment system using a peristaltic pump 

(ProMinent DURA 25) at a flow rate of 4 m3/d. Leachate then flowed directly from the fixed-film 

pretreatment reactor to the storage tank. From the storage tank, leachate was pumped to the passive 

treatment systems. The PW filter was dosed six times per day (1/3 m3/dose) using a peristaltic pump 

(ProMinent VF32), while the AWL wetland was dosed eight times per day (1/4 m3/dose) using a 

peristaltic pump (ProMinent VF40). Siphon chambers (90 cm average I.D. corrugated pipe) were placed 

at the outlet of the first, third and fourth AWL wetland cells and at the outlet of both of the PW filter cells 

(Figure 6.1). Siphons (Fluid Dynamics Siphons Inc.) were installed in the siphon chambers to passively 

dose the treatment system cells, thereby reducing operational costs associated with pumping. 

Levelloggers® were installed in each of the siphon chambers to monitor water depth employed in the 

determination of the total water balance on the treatment cells and overall hybrid-passive treatment 

system. 
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6.3.5 Water Balance 

Establishing the water balance in a treatment system is integral to determining the reduction in mass 

of the leachate constituents and therefore the efficiency of the treatment system. The pumps described 

previously maintained constant flow rates in and out of the pretreatment system at a rate of 4 m3/d (2 m3/d 

per passive treatment system). Since the pretreatment system was enclosed, precipitation did not 

contribute to the overall volume of leachate treated. Conversely, the passive treatment systems were 

exposed to ambient climatic conditions. Thus, infiltration as a result of precipitation events, as well as 

evaporation and transpiration contributed to the respective water balances on the passive treatment 

systems. Levelloggers® were used to estimate the treated leachate effluents from each of the passive 

treatment system cells, which were the influents to the subsequent treatment cells. The presence of 

conservative ions in the leachate (e.g. chloride) has been used to estimate water loss in previous studies 

(Bulc, 2006). Calculations of treated leachate volume changes in the systems based on the chloride 

concentrations and the data from the Levelloggers® were relatively similar (10±5% difference between 

the estimates of these two methods). As monitoring of water volume between the second and third AWL 

wetland cells was not conducted, water volumes based on chloride concentrations were used to estimate 

water loss throughout the entire system for consistency. 

6.4 Results and Discussion 

6.4.1 Pretreatment System 

The pretreatment system was designed to reduce the overall oxygen demand of the leachate, as well 

as to oxidize and precipitate some of the dissolved inorganic constituents. On average, the pretreatment 

system reduced the total COD by 26±6%. The pilot-scale pretreatment system performance was similar to 

that of the previous analysis at the bench-scale (Chapter 4), which reduced the mass of COD by 31±4%. 

Respirometry analysis conducted at the University of Western Ontario (2010) determined that volatile 

fatty acids (VFAs) contributed to 20% of the overall oxygen demand of the leachate from the Merrick 
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Landfill, and that 40% of the VFAs (18% of the overall COD) were removed through abiotic processes 

such as volatilization. This would suggest that only 12% of the reduction of COD was likely due to 

biological processes within the pretreatment system. 

Previous testing of pretreatment system performance at the bench-scale (Chapters 4 and 5) indicated 

that nitrification did not occur within this system, but mass reductions of total nitrogen (6±2% at 24oC and 

11±3% at 2oC) due to abiotic losses were noted. In the pilot-scale pretreatment system, nitrification was 

achieved and the extent of nitrification remained pseudo-steady at 15±1% after 8 months of operation 

(Figure 6.2a). The total nitrogen concentrations in the raw leachate fed to the pretreatment system 

(555±92 mg/L) was mainly in the form of ammonia (508±85 mg/L) as would be expected with most raw 

leachate (e.g. Chiemchaisri et al., 2009; Wiszniowski et al., 2006). Once the extent of nitrification 

reached a pseudo-steady (15±1 % of the influent total nitrogen was nitrified), the overall nitrogen balance 

indicated that 6±3% of the total nitrogen was unaccounted for, which was consistent with the mass 

reductions reported during the bench-scale studies (Chapters 4 and 5), in which the removal of total 

nitrogen was attributed to a combination of biological assimilation and volatilization of ammonia.  
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Figure 6.2: Nitrogenous species concentrations in the effluents from (a) the pretreatment 

system, (b) the PW filter and (c) the AWL wetland 

 
Suspended solids were removed in the pretreatment system through settling processes as well as 

filtration, mediated by the biological attachment media and the attached biomass. Removal of dissolved 

inorganic constituents was mainly through precipitation reactions caused by changes in the oxidative state 

of the chemically complex leachate due to the aeration system. Iron and aluminium are commonly used in 

coagulation and flocculation systems to chemically precipitate phosphorous (Metcalf and Eddy, 2003). 

Many active treatment systems also utilize lime addition (CaO or Ca(OH)2) to increase the pH of leachate 

and induce metal removal via hydroxide and carbonate precipitation. Passive treatment studies have 

indicated removals of dissolved inorganic constituents from leachate using the inorganic carbon naturally 

present in the leachate or through limestone drains (Mayes et al., 2009; Galbrand et al., 2008). The pH 

measurements in the pretreatment system (8.0±0.2 and 8.1±0.2, respectively, in the FF reactor and the ST 

tank) were in the appropriate range where carbonate (CO3
2-) was likely the predominant form of alkalinity 



  119 

in the leachate (Snoeyink and Jenkins, 1980). The presence of the carbonate form of alkalinity was likely 

to react with both calcium and strontium to form insoluble carbonate precipitates (CaCO3 and SrCO3) that 

were removed from the solution through settling processes in the pretreatment system. Iron in raw 

leachate is commonly present in reduced form, and oxidation of the iron at a solution pH above 3 has 

been shown to precipitate ferric hydroxide, which was another probable removal mechanism for iron in 

the pretreatment systems (Nivala et al., 2007). Throughout the 1-year study, there was a visible 

accumulation of solids on the walls of both the FF reactor and the ST tank that was attributed to the 

inorganic precipitates formed in the pretreatment system. The pretreatment system reduced the mass of 

dissolved aluminium by 69±5%, calcium by 57±5%, iron by 73±5%, and strontium by 37±5%.  

6.4.2 Performance of Hybrid-Passive Treatment Systems 

Effluent concentrations of aluminium, boron, calcium, magnesium, sodium, strontium and zinc from 

the two passive treatment systems were equivalent to the effluent concentrations from the pretreatment 

system (Table 6.1). As was expected, precipitation in the oxidizing environment of the pretreatment 

system accounted for the majority of the reduction in mass of these dissolved inorganic constituents.  
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Table 6.1: Leachate constituents of interest: average and standard deviations. 
 

 Raw 
Leachate 

Pretreatment 
system 
effluent 

PW filter 
effluent 

AWL 
wetland 
effluent 

pH 7.1 
(±0.2) 

8.1 
(±0.1) 

7.5 
(±0.1) 

7.6 
(±0.3) 

COD 
(mg/L) 

995 
(±290) 

678 
(±189) 

674 
(±196) 

595 
(±214) 

TN 
(mg/L-N) 

535 
(±214) 

435 
(±53) 

384 
(±82) 

382 
(±75) 

Ammonia 
(mg/L-N) 

515 
(±29) 

311 
(±44) 

184 
(±46) 

2 
(±2) 

Nitrate 
(mg/L-N) < D.L.* 119 

(±13) 
166 

(±34) 
357 

(±69) 
Nitrite 

(mg/L-N) < D.L.* < D.L.* 7 
(±6) < D.L.* 

Alkalinity 
(mg/L as CaCO3) 

4242 
(±280) 

2637 
(±412) 

1974 
(±454) 

293 
(±139) 

TP 
(mg/L PO4-P) 

3.0 
(±1.7) 

1.1 
(±0.4) 

0.8 
(±0.4) 

0.5 
(±0.3) 

Al 
(mg/L) 

0.5 
(±1.1) 

0.1 
(±0.1) 

0.1 
(±0.1) 

0.1 
(±0.1) 

B 
(mg/L) 

7.4 
(±1.5) 

7.6 
(±1.6) 

7.4 
(±1.5) 

7.0 
(±1.9) 

Ca 
(mg/L) 

242.7 
(±28.5) 

96.5 
(±25.3) 

92.4 
(±21.7) 

97.1 
(±29.4) 

Fe 
(mg/L) 

19.0 
(±14.6) 

3.6 
(±1.4) 

0.8 
(±0.3) 

1.1 
(±0.5) 

Mg 
(mg/L) 

162.1 
(±29.6) 

157.9 
(±28.5) 

152.0 
(±25.0) 

146.6 
(±36.0) 

Mn 
(mg/L) 

1.5 
(±0.1) 

0.2 
(±0.2) 

0.2 
(±0.1) 

0.6 
(±0.2) 

Na 
(mg/L) 

889.5 
(±189.7) 

896.1 
(±200.7) 

883.2 
(±185.5) 

840.9 
(±213.6) 

Sr 
(mg/L) 

1.7 
(±0.2) 

1.0 
(±0.2) 

1.0 
(±0.2) 

1.0 
(±0.2) 

Zn 
(mg/L) 

0.5 
(±0.3) 

0.2 
(±0.1) 

0.2 
(±0.3) 

0.2 
(±0.3) 

* <D.L. denotes concentrations below the detection limit (3 mg/L-N) 

There was no significant change in manganese concentrations in the PW filter, however on average, a 

165±62% increase in the mass of dissolved manganese was observed through the AWL wetland. This 

increase in dissolved manganese did not coincide with the water balance, where average system water 

losses of 5±20% were observed and was therefore attributed to naturally available manganese in the sand 

and gravel, used as the AWL wetland packing material, which dissolved into the leachate solution. 

Manganese is not considered to be a cation of environmental concern, however, the presence of high 
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concentrations of manganese in the leachate could lead to the formation manganese carbonate precipitates 

(MnCO3) in the pore spaces of the passive treatment systems. Conditions favouring manganese precipitate 

formation were not present in the AWL wetland cells. As such, the increased manganese concentrations 

were not considered to be a concern in terms of treatment system performance. The mass of dissolved 

iron was reduced through the oxidative processes in the pretreatment system by 73±5% and masses were 

further reduced in both of the passive treatment systems (63±5% and 78±2%, respectively, in the AWL 

wetland and the PW filter) (Table 6.1). The removal of iron in the pretreatment system reduced the 

average iron concentration from 19.0±14.6 mg/L in the raw leachate to 3.6±1.4 mg/L in the pretreated 

leachate, which was subsequently dosed to the passive treatment systems. Since precipitation as ferric 

hydroxide (Fe(OH)3) was a possible removal mechanism for iron in the passive treatment systems, the 

low influent iron concentrations would reduce the potential for precipitate formation, minimizing the 

potential for clogging in the passive treatment systems. The higher mass removal of iron in the PW filter 

compared to the AWL wetland, was likely due to adsorption onto the peat media in the system, since the 

inert sand and gravel media used in the AWL wetland would be expected to have a low capacity for iron 

adsorption. 

The PW filter removed 1±2% of the influent COD from the pretreated leachate, while the AWL 

wetland removed 5±5% of the COD (Figure 6.3). This low reduction of COD suggested an absence of 

labile organic matter in the pretreated leachate. During the initial six months of the study, effluent COD 

concentrations in both the PW filter and the AWL wetland were in the same range as the effluent 

concentrations from the pretreatment system (711±142 mg/L, 717±141 mg/L and 724±153 mg/L, 

respectively, in the effluents from the pretreatment system, the AWL wetland and the PW filter), 

indicating that there was limited reduction of COD after the pretreatment system. As of June, the COD 

concentrations in the effluent from the pretreatment system and the PW filter were still similar; however 

the AWL wetland achieved a statistically significantly (p < 0.01) greater mass reduction of COD 

(23±3%). Since the AWL wetland was packed with inert media (sand and gravel) adsorption was not 
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expected to be a significant removal mechanism. As such, biologically-mediated COD removal likely 

increased in the AWL wetland, potentially from the acclimation of the biological consortia which was 

then able to degrade some of the more recalcitrant organic constituents as it matured. Rustige and Nolde 

(2007) also reported an increase in mass reduction of COD in a gravel wetland after continued operation 

due to the maturation of the biological consortia. 

 

Figure 6.3: COD concentrations in the raw leachate as well as the effluents from the 

pretreatment system, PW filter and AWL wetland 

 
The overall treatment systems (the pretreatment system and the passive treatment systems combined) 

achieved mass reductions of COD of 26±5% with the PW filter-based systems, and 57±4% with the AWL 

wetland-based system after the higher removals of COD were established (Figure 6.3). These results are 

consistent with results from other studies reporting mass reduction of COD varying from 40% to 64% 

(e.g. Mehmood et al., 2009; Rustige and Nolde, 2007; Bulc, 2006).  

The most marked difference in performance of the two passive treatment systems was in the mass 

reductions of ammonia and in the extent of nitrification. Reductions in the mass of ammonia from all of 

the cells of the hybrid-passive treatment system were expected to be achieved through a combination of 

biologically-mediated nitrification, nitrogen assimilation into biomass and through abiotic processes such 

as adsorption or ion exchange. The pilot-scale PW filter achieved 12±2% nitrification (Figure 6.2b), 
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which started in April and remained constant throughout the remainder of the study. After cold 

temperature dosing protocols were established in September, the extent of nitrification remained constant 

at 13±0%. This low extent of nitrification was not noted in the previous bench-scale study (Chapter 4) 

where complete nitrification was achieved. Heavey (2003) reported that, on initial investigations of peat 

treatment systems for landfill leachate, the extent of nitrification achieved in pilot-scale testing was 50% 

lower than that of bench-scale testing. The study shared similar general trends in nitrification to those 

found in this study, i.e. nitrification was quickly established in the peat treatment system and remained 

consistent at approximately 50% for the first year of the study with no subsequent increase in extent of 

nitrification; however complete nitrification was achieved in the second year of that study. Therefore, 

there is potential that nitrification will increase with time as the system matures. The extent of 

nitrification in the AWL wetland was low in the initial cold ambient temperature phase of the study. As a 

result, a recirculation system was installed in the first cell (R = 1) to increase the HRT and extent of 

nitrification in April. As can be seen from Figure 6.2c, the extent of nitrification increased in the AWL 

wetland after the recirculation system was installed and complete nitrification was achieved by July. The 

extent of nitrification began to decrease in September, which was attributed to the diurnal ambient 

temperature variations. After this decrease in nitrification, the dosing location was changed to the 

submerged manifolds (30 cm below media surface) and the recycle ratio was increased from 1 to 4. This 

change to cold ambient temperature operating protocols resulted in the reestablishment of complete 

nitrification within 4 weeks.  

Figure 6.4a illustrates the removals of ammonia and total nitrogen from the leachate as well as nitrate 

formation as a percentage of the influent total nitrogen in the PW filter. A number of studies (e.g. Heavey, 

2003; Kadlec and Knight, 1996) have discussed ammonia removal from a wastewater stream through 

abiotic mechanisms such as cation exchange and adsorption in peat-based treatment systems. These 

studies have also stated that once conditions favourable to nitrification are present, the stored ammonia is 

released and subsequently nitrified. These abiotic removal mechanisms may be present in the PW filter, 
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which would account for the total nitrogen removal, however, after 1 year of operation there had been no 

evidence of the release of stored nitrogen, which would have been characterized by an increase in total 

nitrogen concentrations. Average mass reduction in the PW filter were 31±6% for ammonia, 12±2% 

removed via nitrification and 13±4% removed via other mechanisms. Initially in the AWL wetland 

(Figure 6.4b), all of the ammonia removed was converted to nitrate (complete nitrification). Between July 

and October a decrease in nitrate formation was noted and total nitrogen mass losses ranged from 25% to 

50%. This loss was attributed to vegetative uptake of nitrogen since vegetation was planted in each of the 

four cells of the AWL wetland in May and the high growth rates in the summer months would likely have 

been responsible for the increased nitrogen uptake. Tanner (1996) discussed the nitrogen uptake from 

various wetland plants and found that the uptake rate was at a maximum 4 months after planting, which 

would support the results from this study. The total nitrogen removal (Figure 6.4b) increased steadily 

after vegetation of the AWL wetland and the removal of total nitrogen ceased abruptly once dosing 

protocols were changed to the submerged manifolds below the plant root zone. 

 

Figure 6.4: Reduction in concentration of ammonia and total nitrogen as well as formation 

of nitrate as a percentage of total nitrogen concentration in (a) the PW filter and (b) the 

AWL wetland 
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Figure 6.2 shows that the extent of nitrification was higher in the AWL wetland than in the PW filter. 

Figure 6.3 shows that the mass reduction of COD was also higher in the AWL wetland than in the PW 

filter. The differences in mass reductions of COD and nitrification in the treatment systems were potential 

indications of heterotrophic nitrification. Using JMP to estimate the alkalinity consumption due to 

nitrification in the treatment systems (Table 6.2) demonstrated that the alkalinity consumed per mg/L of 

ammonia nitrified in the pretreatment system was 5.6±1.5 mg/L. This consumption of alkalinity during 

nitrification coincided well with the values (ranging from 4.2±0.3 mg/L to 5.0±0.5 mg/L) noted during 

bench-scale analysis of the treatment systems (Chapter 4). The alkalinity consumed per mg/L of ammonia 

nitrified was higher in both of the treatment systems (7.1±0.6 mg/L and 6.8±1.1 mg/L, respectively, in the 

AWL wetland and the PW filter) than in the pretreatment system (Table 6.2). This indicated that there 

was likely a different biological consortia mediating the nitrification process in the passive treatment 

systems than in the pretreatment system. The JMP based model for nitrification also indicated that the 

reduction in COD was associated with the nitrification process (0.16±0.06 mg/L and 0.21±0.09 mg/L of 

COD was required per mg/L of ammonia nitrified, respectively, in the AWL wetland and the PW filter), 

which further indicated that heterotrophic nitrification was likely in the passive systems, as opposed to 

conventional autotrophic nitrification, that was predominant in the pretreatment system. The potential for 

heterotrophic nitrification is often discounted since the nitrification rates of the heterotrophic biomass are 

generally 104-105 times lower than those reported for autotrophic nitrifying bacteria (Martienssen et al., 

1997). Conversely, van Niel et al. (1993) reported that heterotrophic nitrifying bacteria were also capable 

of denitrification and that rates of denitrification could be confounding nitrification rate estimates. 

Furthermore, van Niel et al. (1993) reported that heterotrophic nitrifying bacteria could outcompete 

autotrophic nitrifying bacteria for available ammonia. It is therefore possible that heterotrophic nitrifying 

bacteria were populating the passive treatment system cells, and that the limited COD reduction in the 

PW filter was likely associated with the limited nitrification. The presence of heterotrophic nitrifying 

bacteria and the potential for denitrification mediated by the same biomass could account for the removal 
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of total nitrogen from the passive treatment system cells. Kim et al. (2005) reported that the presence of 

calcium, iron and magnesium increased the rates of ammonia oxidation in Bacillus strains of 

heterotrophic nitrifying bacteria. The differences in the extents of nitrification between the two passive 

treatment systems could be attributed to the removal of calcium and iron through abiotic processes, such 

as adsorption or ion exchange, as would be expected in peat systems (Heavey, 2003). This abiotic 

removal of iron and calcium would have limited the availability of these nutrients for heterotrophic 

nitrification, and consequently, decreased COD removal. The extent of the abiotic removal of iron and 

calcium would be expected to decrease with system maturation, since the capacity for adsorption and ion 

exchange would be depleted as the PW filter operation progresses. When abiotic removal of iron and 

calcium has been exhausted, these constituents will then become available for heterotrophic nitrification, 

yielding higher total nitrogen and COD removals.  

Table 6.2: Bi-variate linear regression modelling results for alkalinity consumption per 

mg/L of ammonia nitrified and mg/L of COD removed. Root mean square error (MSE) 

and level of significance (p value) also reported.  

 

Treatment system 
stage 

Alkalinity 
consumption 

unaccounted for by 
model 

mg/L of Alkalinity 
consumed per 

mg/L of ammonia 
nitrified 

mg/L of COD 
removed per mg/L 

of ammonia 
nitrified MSE p value 

Pretreatment system 681.8±150.8 5.6±1.4 n/a 438 <0.01 
AWL wetland 419.4±131.7 7.1±0.6 0.16±0.06 369 <0.01 

PW filter 425.4±93.6 6.8±1.1 0.21±0.09 348 <0.01 
 

Upon examination of each of the hybrid-passive treatment systems, it was clear that the pretreatment 

system nitrified to a greater extent than the PW filter, while the AWL wetland was efficiently nitrifying 

the leachate. The pretreatment system removed 21±3% of the influent ammonia, nitrifying 25±1%; while 

the PW filter removed 31±6% of the influent ammonia, nitrifying 12±2 %; and, the AWL wetland 

removed 98±1% of the influent ammonia, nitrifying 57±15%. The two hybrid-passive treatment systems 
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yielded ammonia mass reductions of 49±4% in the PW filter (29±2% through nitrification) and 99±1% in 

the AWL wetland (90±12% through nitrification).  

Neither of the passive treatment systems showed indications of denitrification through the first year of 

this study. There were no statistically significant differences in nitrate concentrations between the influent 

to either of the anaerobic cell and the effluent from these cells. Dissolved oxygen concentrations (2.3±0.8 

mg/L and 2.5±0.8 mg/L respectively in the influent and effluent of the second cell of the PW filter and 

1.3±1.3 mg/L and 3.1±1.0 mg/L respectively in the third cell of the AWL wetland) indicated that neither 

of the passive treatment cells designed for denitrification achieved the required anoxic conditions. 

Pendleton et al. (2005) reported denitrification in a similar wetland designed by Aqua treatment 

technologies, therefore it could be possible that with system maturation the biomass could populate the 

anaerobic cells and denitrification would commence. 

6.5 Conclusions 

By separating the hybrid-passive treatment systems into components, it was clear that the reduction in 

mass of dissolved inorganic constituents of interest mainly occurred in the pretreatment system. The 

pretreatment system removed 26±6% of the COD, while nitrifying 15±1% of the ammonia. The two 

treatment systems, the PW filter and the AWL wetland, appeared to nitrify the pretreated leachate 

heterotrophically, while also removing iron from the leachate. No denitrification had been noted in either 

of the treatment systems by the end of the 1-year study. Both hybrid-passive treatment systems removed 

COD from the leachate (26±5% and 57±4% mass reduction in the PW filter and the AWL wetland, 

respectively), as well as ammonia (49±4% and 99±1% mass reduction of ammonia in the PW filter and 

the AWL wetland, respectively). At the end of this 1-year study the AWL wetland was achieving better 

mass reduction of leachate constituents than the PW filter; however, there was evidence that with further 

system maturation, the extent of treatment in the PW filter could be improved. 
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Chapter 7 

A new method of monitoring the effects of clogging and media consolidation 

on the hydraulic regimes in a vertical subsurface flow treatment system 

7.1 Abstract 

The design of passive biological filters has evolved and current design practices are predominantly 

based on flow (either horizontal or vertical) through porous media. To date, no method has been 

developed to accurately estimate the effective life expectancy of these types of treatment systems, nor 

have non-intrusive methods to determine the extent of substratum clogging been perfected. This research 

presents the results of tracer studies on various stages of two hybrid-passive landfill leachate treatment 

systems: an aerated pretreatment system followed by two different types of vertical-flow through porous 

media treatment systems. The tracer studies were used to assess changes in the active volumes of the 

different stages of the leachate treatment systems over a 9-month period. An analytical method, 

employing the governing equations for flow through porous media, was used to quantify the changes in 

saturated hydraulic conductivity in the treatment system cells. The results from the analytical method 

were combined with the results from the tracer study to further the understanding of the flow and mixing 

within the treatment system cells. 

7.2 Introduction 

Passive water treatment technologies - systems with relatively low maintenance and operational costs, 

requiring minimal energy and chemical inputs - have been used effectively to treat wastewater from 

various sources, ranging from easily biodegradable municipal wastewater to more recalcitrant industrial 

wastewater. A complete understanding of the design methods that will optimize the wastewater 

constituent removal within these systems is currently lacking, resulting in the use of mainly empirical 
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system design methods (Forquet et al., 2009). Current research is aimed at developing a better 

understanding of the mechanisms of wastewater constituent removal in passive treatment systems. It is 

clear that removals are generally dependent on both hydraulic loading and retention (Faulwetter et al., 

2009; Giraldi et al., 2009; Werner and Kadlec, 2000).  

A number of passive treatment technologies are based on flow through porous media designs to allow 

for more effective biological treatment. The packing medium acts both as an attachment surface for 

microorganisms and a filtration material. Medium selection is an important design consideration for these 

systems, since the effectiveness of biological growth and solid filtration will affect the overall treatment 

efficiency. Biological growth and solids filtration will also affect the flow regime in the treatment system 

cell (Chazarenc et al., 2009; Zhao et al., 2009; Cooper, 2005). Clogging of the substratum as a result of 

biological growth can be reduced using aeration or by adopting a schedule of intermittent dosing allowing 

for passive aeration (Chazarenc et al., 2009). It is generally assumed that biological growth will be 

subject to a cycle of accumulation and sloughing which will maintain the extent of substratum clogging in 

a transient state. Pore spaces clogged with organic solids are eventually expected to return to functionality 

once degradation of the organic material has taken place. Inorganic precipitates that clog pore spaces can 

be detrimental to treatment system performance as they are not likely to be degraded or removed (Nivala 

et al., 2007; Maehlum, 1995). 

Flow regimes within passive treatment systems can be evaluated using similar techniques as those 

employed to assess active treatment systems. Tracer studies are utilized to determine the retention times 

within the treatment system cells, as well as monitor the hydraulic regime and hydraulic efficiency. 

Intermittently dosed vertical flow passive treatment systems are difficult to analyze using conventional 

tracer techniques due to their inherent variable flow rates, which were shown to affect tracer response 

curves by Werner and Kadlec (2000), as well as the presence of both saturated and unsaturated zones in 

the treatment system cells (Giraldi et al., 2009). Conventional residence time distribution (RTD) analyses 

can be used to demonstrate the extent of global and local mixing within a treatment system cell. Giraldi et 
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al. (2009) demonstrated that the water content in the system has a large effect on mixing and therefore the 

saturated zones can have a larger effect on overall mixing and the resultant tracer response curves. The 

use of tracer studies alone is therefore inadequate to determine changes in the unsaturated zone in these 

types of systems. 

Clogging of pore spaces is one of the largest operational difficulties associated with the long-term use 

of passive treatment systems. It affects the flow regime, mixing and hydraulic residence time of the 

system. The rate of pore space clogging is a defining design parameter in terms of the effective lifecycle 

of a passive treatment system, as the packed media require maintenance or replacement at regular 

intervals to ensure treatment efficiency. The determination of the rate of clogging is important to the 

design process and, therefore, a method for monitoring the extent of clogging would be beneficial. 

To date, non-intrusive methods for estimating the effects of substratum clogging and medium 

consolidation in passive treatment system cells have not been developed. By monitoring the influent and 

effluent flow profiles from the cells of the passive treatment systems, the governing equations for flow 

through porous media can be employed to estimate saturated hydraulic conductivities of these systems. In 

this study, these governing equations were applied to the influent and effluent flows measured during a 9-

month monitoring study of two passive treatment systems treating landfill leachate in North Bay, Ontario, 

Canada.  

Both the tracer studies and the non-intrusive analytical method were used to demonstrate changes in 

passive treatment system operation due to changes in flow properties within the packing media. The 

results from the two approaches, with respect to the changes in flow properties, were compared to 

demonstrate which method would more adequately represent changes in the treatment system cells due to 

substratum clogging or medium consolidation.  
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7.3 Materials and Methods 

 

7.3.1 Hybrid-Passive Treatment System 

The pilot-scale hybrid passive treatment system at the Merrick Landfill in North Bay, Ontario, 

Canada consists of a pretreatment system followed by two passive treatment systems operated in parallel 

(Figure 7.1). The pretreatment system (Figure 7.1a) consists of a 12 m3 aerated fixed-film (FF) reactor 

packed with a plastic media (1% of total volume) for biological attachment, followed by a 4 m3 storage 

and mixing (ST) tank. Raw leachate is fed to the pretreatment system at a hydraulic loading rate (HLR) of 

4 m3/day. The effluent from the pretreatment system is equally distributed to each of the passive treatment 

systems (HLR of 2 m3/day per system).  

Nomenclature 
 

E residence time distribution    
Qe effluent flow rate   [L3/T] 
Qi influent flow rate   [L3/T] 
C effluent tracer concentration  [M/L3] 
t time     [T] 
tθ mean residence time   [T]  
D axial dispersion coefficient  [L2/T] 
u linear fluid velocity   [L/T] 
L length of flow path   [L] 
N number of equal sized CSTRs  
 in series    [-] 
MRTi mean residence time in each equal  
 sized CSTRs in series   [T] 
Ks saturated hydraulic conductivity  [L/T] 
n porosity    [-] 
A surface area of cells   [L2] 
h hydraulic head     [L] 
Lo initial depth of saturated zone  [L] 
S storage     [L3] 
tlag lag time     [T] 
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Figure 7.1: Hybrid-passive treatment system schematic. 

The two passive treatment systems were configured using a similar flow principle: vertical flow of 

leachate through an unsaturated zone allowing for passive aeration, followed by a saturated zone in which 
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the majority of the biological treatment occurred. The primary difference in the design of the two passive 

treatment systems was the packing medium. The gravel wetland (WL) designed by Aqua Treatment 

TechnologiesTM (Figure 7.1c) was packed with 0.61cm (1/4”) granular A gravel and consisted of four 

cells: WL1 designed for aerobic treatment (7 m wide, 7 m long, 1.2 m deep with a cross-section as shown 

in Figure 7.2a), WL2 also designed for aerobic treatment (7 m wide, 3.5 m long, 1.2 m deep with a cross-

section as shown in Figure 7.2a), WL3 designed for anaerobic treatment (7 m wide, 3.5 m long, 1.2 m 

deep with a cross-section as shown in Figure 7.2b), and WL4 designed for final aerobic polishing of the 

leachate (7 m wide, 3.5 m long, 1.2 m deep with a cross-section as shown in Figure 7.2a). The peat and 

wood shaving biological trickling filter (PW) (Figure 7.1b) was packed with a mixture of peat (Hyde 

Park, sphagnum peat from Alberta, Canada) and wood shavings (planer waste from the local sawmill – 

photo of material presented in Appendix C) at a ratio of 25:75 (v:v) and consisted of two cells: PW1 

designed for aerobic treatment (3.5 m wide, 1.9 m long, 1.2 m deep with a cross-section as shown in 

Figure 7.2a), and PW2 designed for anaerobic treatment (3.5 m wide, 1.9 m long, 1.2 m deep with a 

cross-section as shown in Figure 7.2b). The treatment cells designed for aerobic treatment were 

constructed with two headers for leachate dosing; one header at the surface of the treatment system cell, 

and one located 30 cm (1 ft) below the treatment cell surface. The lower dosing manifold was designed 

for cold ambient temperature operation (September to April), to exploit the insulating capacity of the 

treatment cell packing medium. 
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Figure 7.2: Schematic of passive treatment system cell designs. (a) aerobic and (b) 

anaerobic. 

Pretreated leachate was dosed to the first cells of the treatment systems (WL1 and PW1) using timer-

controlled peristaltic pumps (ProMinent VF40 and VF32 respectively) to precisely dose each system (1/4 

m3 dosed 8 times per day at a rate of 83 L/min to WL1 and 1/3 m3 dosed 6 times per day at a rate of 48 

L/min to PW1). Leachate dosing between the cells of the treatment systems was achieved using dosing 

siphons (from Fluid Dynamics Siphons Inc.). The effluents from WL1, WL3, PW1 and PW2 were 

captured in siphon chambers, in which outflow rates were monitored using LevelloggersTM. Leachate was 

intermittently dosed to the subsequent cells as siphon events were triggered (peak flow rates from each 

siphon chamber are presented in Table 7.1). Cell WL3 was designed as an up-flow anaerobic cell, and the 

leachate was allowed to flow directly from WL2 to WL3 without a siphon chamber. 

Table 7.1: Flow rates into treatment system cells 

Cell 

Average 
inflow rate 

(L/min) 

Standard 
deviation 
(L/min) 

Maximum 
(L/min) 

Minimum 
(L/min) 

Duration 
(min) 

WL1 83 --- --- --- 3 
WL2 103 15 147 89 3 
PW1 48 --- --- --- 7 
PW2 187 7 207 159 2 
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7.3.2 Tracer Testing  

Tracer studies were conducted at three-month intervals to characterize the change in the active 

volumes of the passive treatment system cells as the systems matured. The passive treatment systems 

were separated into distinct treatment cells for tracer analysis. Lithium chloride, a conservative tracer, 

was selected. Appendix D contains jar test results with tracer solution in raw leachate with the two 

packing media – gravel and peat and wood shavings. The tracer solution was introduced to each of the 

treatment system cells concurrent with a leachate-dosing event at a concentration of 100 mg of lithium/L 

(assuming complete mixing of the tracer solution with the dosed leachate volume - 1/4 m3 to the WL cells 

and 1/3 m3 to the PW cells). To achieve this, 20 L of concentrated tracer solution (1350 mg of lithium/L 

for the WL cells and 1765 mg of lithium/L for the PW cells) was injected into the pipes directly following 

the peristaltic pumps (dosing cells WL1 and PW1) or the siphons (dosing WL2 and PW2). Tracer 

solutions were dosed to the cells immediately before the start of a pump or siphon event (1-3 minutes 

prior to the event) to allow the tracer solution to mix with the influent water in the dosing pipes. Due to 

time constraints in the field, cells WL3 and WL4 were not monitored. Samples were drawn from the 

effluent pipes of cells WL1, PW1 and PW2 at 20-minute intervals during outflow events from the cells 

for 6500 minutes (approximately 4.5 days). As cell WL2 was not constructed with an effluent port, 

samples were drawn from a wet well in the saturated zone of this cell at 4-hour intervals for 266 hours 

(approximately 11 days).  

Evaluation of the pretreatment system was conducted at six-month intervals. The tracer study was 

conducted using the same lithium chloride tracer as used for the treatment systems and was dosed as a 

slug of tracer solution designed for a completely mixed tracer concentration in the pretreatment system of 

40 mg/L lithium. Samples were drawn from the effluent of the FF reactor and the ST tank to allow for the 

separation of each distinct stage of the pretreatment system, while minimizing the tracer requirements. 

Lithium concentrations were measured using a Varian AA280FS Atomic Absorption Spectrometer, one 

duplicate sample, and one known concentration sample were analyzed with every 10 samples. 
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7.3.3 Tracer Response Curve Analysis 

Analysis of the tracer response curves was conducted using the method of moments (Speer et al., 

2009; Munoz et al., 2006; Smith et al., 2005). This method is traditionally utilized in the analysis of the 

residence time distribution (RTD) (Equation 7.1). 
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The two reactor models compared in this analysis were the plug flow with dispersion model based on 

a large deviation from plug flow conditions (D/uL > 0.01) and open-open vessel boundary conditions 

(Equation 7.2) and the CSTRs in series model (Equation 7.3) as described by Levenspiel (1999). 
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D/uL is the dispersion number for the reactor; a D/uL value of 0 denotes plug flow conditions, small 

D/uL values (<0.01) denote minimal mixing and the RTD curve can be expected to remain symmetrical 

(Equation 7.2 does not apply to these conditions), and D/uL values greater than 0.01 denote large 

deviations from plug flow (towards completely mixed conditions) - the RTD curve will not remain 

symmetrical (Equation 7.2 applies to these conditions assuming open-open boundary conditions) 

(Levenspiel, 1999).  
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7.3.4 Flow Measurement 

The influent and effluent flows from all treatment system cells were measured in February, May and 

August and November of 2010. The water depth in the siphon chambers (effluent chambers of WL1, 

WL3, PW1 and PW2) was monitored using LevelloggersTM, and volume changes were calculated using 

the surface area of the siphon chambers (0.66m2) and the depth measured with the LevelloggersTM. 

External hydraulic stresses (addition or subtraction of water through precipitation or evapotranspiration) 

were assumed to be negligible since each of the analysis was conducted over 3 hours, a single dosing 

event. 

7.3.5 Governing Equations for Flow Through Passive Treatment System Cells 

The treatment system cells were designed based on flow through porous media, and the governing 

equations that describe this flow are well understood. The aerobic leachate treatment cells (WL1, WL2, 

WL4 and PW1) were designed with initial flow of the leachate through an unsaturated zone, followed by 

flow through a saturated zone. If the flow rate in the unsaturated zone were assumed to be constant and to 

follow a plug flow regime (simplifying assumption), the leachate dosed to the unsaturated zone could be 

applied to the surface of the saturated zone with the same temporal flow profile, and a time shift of tlag. 

Hence, it could be assumed that the flow onto the saturated surface would be the flow into the treatment 

system cell applied at t = t+tlag (Equation 7.4) where the subscripts denote the unsaturated (unsat) or 

saturated (sat) zones of the cell. 

 

€ 

Q(t)isat t+ t lag =Q(t)iunsat t   (7.4) 

The Darcy equation (Darcy, 1856) can be used to estimate flow through the saturated zone of the cell 

(Equation 7.5).  
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Q(t)esat = −KsA∇h(t)  (7.5) 
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The head gradient (∇h) can be further simplified; since both the saturated zone surface and the cell 

outflow are open to the atmosphere, the pressure head can be assumed to be equal at both points. The 

elevation head would then become the only hydraulic head variable required for the equation. If the 

effluent pipe from the cell were to be used as the datum, the effluent head (he) could be assumed to be 0, 

and the elevation of the saturated surface (h) would become the only head variable. The length of flow (L) 

would vary in direct proportion to the change in elevation head (h), and therefore Equation 7.5 could be 

simplified to Equation 7.7 via substitution of Equation 7.6. 
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dh(t)
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= −
h(t)− he
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= −
h(t)
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The elevation head (h) of the saturated surface is a function of the storage in the saturated zone, which 

can be calculated using the water balance (Equation 7.8).  
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Since the surface of the saturated zone is unconfined, the elevation of the saturated zone will vary 

based on the storage in the saturated zone and the porosity of the treatment cell media. As such, the 

elevation head of the saturated zone surface can be calculated using Equation 7.9.  

 

€ 

h(t) =
S(t)sat
A× n

  (7.9) 

Finally, the storage in the entire treatment system cell could be computed using the influent flow and 

the calculated effluent flow. 
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Using equations 7.7, 7.8 and 7.9 in conjunction with the known influent flow profile to the treatment 

system cell, porosity and saturated hydraulic conductivity can be estimated by superimposing the 

estimated discharge curve from the cell with the measured discharge curve and varying the estimates of 

porosity and saturated hydraulic conductivity until the two discharge curves are well correlated. Regular 

monitoring of the flow profiles and the application of this time-lagged flow method to estimate the media 

properties could, therefore, be used as a non-intrusive method to quantify changes in saturated hydraulic 

conductivities over the lifespan of the treatment system.  

7.4 Results  

7.4.1 Tracer Response Curves in the Pretreatment System 

Biological growth, solid settling and precipitation of inorganic leachate constituents were expected to 

occur in the pretreatment system. Any change in effective volume of the pretreatment system was 

therefore attributed to biological growth and the accumulation of solids. Both the FF reactor and the ST 

tank were subject to a visible accumulation of solids along the walls. A tracer response curve was derived 

from the tracer study results and CSTR flow models were fit to the data to determine effect of solids 

accumulation in the pretreatment system on system performance. 

The tracer response curve from the FF reactor (Figure 7.3a) indicated that this reactor was best 

modelled as a CSTR with an effective volume of 10,000 L (RT = 2.5 days) rather than the design volume 

of 12,000 L (RT = 3 days). This decrease in overall effective volume was due to the plastic growth media 

placed within the reactor (1% of the total reactor volume) to enhance biofilm growth, as well as the 

inactive volume at the base of the reactor where a sludge collection system was located (note that the 

sludge collection system was not operated during the tracer study). Mixing in the reactor was controlled 
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by the aeration system located above the sludge collection system. The system was designed to ensure 

minimal mixing below the aeration system to allow for solids settling, which would inherently introduce 

an apparent zone of inactive volume in the reactor. The accumulation of solids and sloughed biomass in 

this inactive volume was therefore not expected to impact the measurement of effective volume in the FF 

reactor. The tracer response curve was well correlated to the CSTR model (R2 = 0.99 for both the 

February and August tracer studies – Figure 7.3b). The larger differences between the experimental data 

and the ideal curve were generally noted in the first 6 hours of the study. An ideal CSTR model assumes 

instantaneous mixing in the reactor; however, it is evident from Figure 7.3a that mixing in the FF reactor 

was not instantaneous. After the first 6 hours, the flow and mixing in the reactor followed a similar trend 

to that represented by the ideal CSTR model. 

 

Figure 7.3: Tracer response curves and CSTR models from the pretreatment system. 
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Comparison of the response curves from the February and August tracer studies did not indicate any 

significant changes in effective volume during the 6 months of system operation. This is likely due to the 

fact that any solids accumulation was taking place in the previously noted inactive volume below the 

aeration system, which would not affect the active volume of the reactor. The accumulation of solids on 

the plastic media and the walls of the reactor did not appear to have a significant effect on the treatment 

volume during this 6-month period. Biological growth and solid deposition on the plastic growth media 

would be expected to follow a regular pattern of accumulation and sloughing, therefore the overall media 

volume (media and associated solids) would likely impose a consistent effect on the overall loss of 

effective volume in the reactor. Solids accumulation on the reactor walls could eventually decrease the 

effective volume of the reactor; however, the rate of volume reduction could not be estimated with the 

data collected in this tracer study. 

The tracer response curve from the effluent of the ST tank was used to estimate the flow within the 

entire pretreatment system – the FF reactor and the ST tank (Figure 7.3c). The 2 CSTRs in series model 

applied to the data correlated well with the tracer response curve (R2 = 0.98 and 0.96 for the February and 

August tests, respectively) (Figure 7.3d). Discrepancies between the actual tracer response curve and the 

model were generally observed in the initial 3 days (4350 min), when there was an influx of tracer from 

the FF reactor into the ST tank. The mixing time assessed in the ST tank was longer than the estimated 

instantaneous mixing predicted by the model and therefore the model outflow concentrations did not 

follow the same trend as the measured response data.  

The change in the tracer response curves between February and August in the ST tank was negligible. 

As such, it could be assumed that the effect of solids accumulation within the pretreatment system on the 

overall flow and effective volume was also negligible during the 6-month period.  
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7.4.2 Tracer Response Curves in Passive Treatment System Cells 

Integration of the residence time distributions from all tracer studies indicated tracer captures varying 

from 85% to 98% (Table 7.2).  As such, the results of the tracer studies were assumed to be indicative of 

actual flow through the treatment system cells.  

Table 7.2: Percent tracer capture during tracer studies 

 Date 
Cell December February May August 
WL1 88 89 86 92 
WL2 85 87 85 90 
PW1 91 92 89 98 
PW2 92 94 87 96 

 

The effluent from WL2 flowed directly to WL3 with no siphon chamber between cells, and therefore 

samples were drawn from a wet well in the saturated zone of this cell, as opposed to the other cells where 

samples were drawn from the effluent pipes that flowed into the siphon chambers. The superimposition of 

tracer response curves from cell WL2 during the May 2010 tracer study (Figure 7.4a) and the flow models 

that best fit the data (a single CSTR  - Equation 7.1 - and plug flow with dispersion - D/uL = 0.6 as 

calculated using Equation 7.2) indicated that flow within the cell could be separated into two separate 

regimes. The first flow regime, the rising limb of the tracer response curve, was best described by a plug 

flow with dispersion model. This flow regime was controlled by the initial inflow of tracer through the 

unsaturated zone. The effect of the flow in the unsaturated zone was only measurable during the first 2000 

minutes of the study (33 hours). During the remainder of the study (16000 minutes = 266 hours) the tracer 

response curve appeared to follow a pseudo-CSTR regime. It was postulated that in the first 33 hours, the 

tracer flowed through the unsaturated zone, in a pseudo-plug flow regime. After 33 hours, the majority of 

the tracer solution was present in the saturated zone, which appeared to follow a pseudo-CSTR flow 

regime. Flow in the unsaturated zone was only evident in the first 33 hours (12% of the tracer study 

duration), and flow in the saturated zone was evident for the remaining 266 hours. Therefore, the flow in 
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the treatment system cells was considered to be dominated by flow in the saturated zone - as noted by 

Giraldi et al. (2009). It could therefore be assumed that if samples were drawn from the effluent pipe of 

the cell (sampling protocol for the other cells), instead of the saturated zone (sampling protocol only used 

for cell WL2), the tracer response curves would be more likely to exhibit the profile of flow through the 

saturated zone than the unsaturated zone. The tracer response curve would therefore likely exhibit 

pseudo-CSTR flow profiles rather than pseudo-plug flow profiles. 

 

Figure 7.4: Tracer response curves and models for (a) WL2 and (b) PW1. 

Treatment system cell PW1 was constructed similarly to WL2 (with downward flow through an 

unsaturated zone, followed by a saturated zone – Figure 7.2a). However, the tracer sampling location for 

this cell was the effluent pipe in the siphon chamber, rather than the saturated zone of the treatment cell. 

Comparison of the tracer response curves from PW1 (Figure 7.4b) and WL2 (Figure 7.4a) was used to 

infer the effect of flow velocity on mixing within the saturated zone of the treatment system cell. The 

outflow tracer response curve was best described using a 2 CSTR in series model with no apparent affect 

of the plug flow into the saturated zone. This confirmed the above assumption that the plug flow regime 

through the unsaturated zone of the treatment system cell would not be evident in the outflow from the 

cell, which was also reported by Giraldi et al. (2009).  
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Accounting for the effect of outflow rate on the outflow concentration profile can further explain 

variations in Figure 7.4b. The falling limb of the curve was well described by the 3 CSTRs in series 

model, however, there were local maxima within the curve that coincided with the plug flow with 

dispersion model (D/uL = 0.14). Effluent tracer concentrations varied along with the flow rate during the 

tracer studies on treatment system cell PW1 (Figure 7.4b). Each discrete flow event through a treatment 

system cell involved the initial dosing of leachate to the influent manifold (the surface of the cell during 

summer operation and 30 cm below the surface during winter operation) with 250-350 L, depending on 

treatment system cell, during a 2-8 minute time step. Each resulting outflow profile followed the same 

trend, exhibiting a peak in outflow rate within the first 10 minutes of dosing followed by a steady 

decrease in flow rate. Figure 7.5 compares the normalized outflow profiles of flow volume as well as 

tracer concentration for the rising (Figure 7.5a) and falling (Figure 7.5b) limbs of a tracer response curve 

(February 2010 – PW1). The flow trends were similar in both outflow events, while the trend of the 

concentration was the opposite. From the comparison of the flow and concentration it was evident that 

flow rate affected mixing within the cells. The initial portions of both of the curves in Figure 7.5 were 

indicative of dispersion due to the initial flow through the preferential flow pathways, similar to a 

standard breakthrough curve. There was initial flow of the resident solution in the saturated zone (tracer-

free leachate in Figure 7.5a and tracer solution in Figure 7.5b) through short flow pathways, followed by 

flow and mixing of the dosing solution (tracer solution in Figure 7.5a and tracer-free leachate in Figure 

7.5b), with the associated increase or decrease in effluent tracer concentrations. As flow through longer 

flow pathways in the saturated zone started to affect the effluent flow profile from the cell, there was a 

distinct change in effluent concentration due to the increased mixing in these longer flow pathways.  
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Figure 7.5: Normalized flow volumes and tracer concentration in (a) rising and (b) falling 

limbs of the tracer response curves. 

The tracer response curves from PW1 (Figure 7.6) in December and February were similar (mean 

hydraulic residence time of 27 h), as were the tracer response curves from May and August (mean 

hydraulic residence time of 30 h), however there was a notable change between February and May. This 

change was likely due to the shift from dosing in the buried manifold (30 cm below the surface) to the 

manifold on the surface of the cell in April (Figure 7.2a), which resulted in a longer flow path in the 

unsaturated zone of the cell. This change was not expected to have much effect, as the saturated zone was 

believed to control most of the flow within the cell, but a small effect was noted. Although there were 

large variations in outflow concentrations between outflow events, no significant change, other than that 

associated with the shifting of dosing manifolds, could be identified between the tracer response curves of 

the different months. The tracer response curves were therefore indicating that there was limited change 

in the hydrodynamic properties of the treatment system cell over the 9-month assessment. 
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Figure 7.6: Tracer response curves of treatment system cell PW1 from the four tracer 

studies. 

7.4.3 Estimation of Hydraulic Properties of the Media 

The time-lagged flow method of estimating the hydraulic properties of the media uses Equations 7.7, 

7.8 and 7.9 to compute the discharge from the treatment system cells and Equation 7.10 to calculate the 

storage in the cell. The hydraulic properties of the media (Ks and n) are varied and the resultant storage-

discharge curves are superimposed on the curves of the actual storage-discharge relationships in the 

treatment system cells. The storage-discharge curves (Figure 7.7) have 4 distinct phases: (1) initial inflow, 

without discharge; (2) initial discharge where discharge rates were lower than inflow rates; (3) increasing 
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discharge rate to peak discharge, with discharge rates higher than inflow rates; and (4) decreasing 

discharge rate without inflow. In the first phase, initial inflow without discharge, the influent leachate 

percolates through the unsaturated zone and has not reached the saturated surface (t < tlag). This phase is 

therefore characterized by an increase in storage without discharge. In the second phase, initial discharge 

occurs as the flow through the unsaturated zone reaches the boundary of the saturated zone and becomes 

the driving force for flow through the saturated zone. The flow through the saturated zone and, therefore, 

the effluent from the cell is initially low and increases as more of the leachate reaches the saturated 

surface. This phase can be characterized in two different ways; (1) when the influent flow event has a 

longer duration than tlag, this phase is characterized by an increase in both discharge and storage in the cell 

(since the discharge rate is lower than the influent flow rate) or (2) when the influent flow event duration 

is shorter than tlag, this phase is characterized by an increase in discharge and a decrease in storage (since 

there is no longer an influent flow to maintain or increase the storage in the cell (Figure 7.7d). The third 

phase, increasing discharge rate to peak discharge, continues from the second phase, with the discharge 

rate increasing until the head in the saturated zone of the cell (defined by the height of the saturated 

surface) reaches a maximum. This phase is characterized by an increase in discharge and a decrease in 

storage. The final phase, decreasing discharge rate without inflow, occurs after the peak discharge and is 

characterized by a decrease in both discharge and storage in the cell. 
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Figure 7.7: Exploration of the effects of (a) saturated hydraulic conductivity, (b) porosity, 

(c) initial depth of the saturated zone and (d) lag time on the time-lagged flow estimation of 

the relationship between storage and discharge. 

Currently, the four main parameters that can be varied for this analytical method are the saturated 

hydraulic conductivity (Ks), porosity (n), initial saturated zone depth (Lo), and lag time (tlag). The effect of 

these four main parameters on the relationship between storage and discharge was explored. Increasing Ks 

(Figure 7.7a) increased the maximum discharge rate from the treatment system cell, and decreased the 

maximum achievable storage volume. Decreasing n (Figure 7.7b) decreased the total pore volume, and 
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therefore increased the ratio of hydraulic head increase to stored leachate volume. Decreases in porosity 

resulted in increases in discharge and decreases in overall storage. Changing Lo (Figure 7.7c) changed the 

length of flow through the unsaturated zone, where decreases in Lo resulted in increases in discharge 

volumes and decreases in storage. Variations in tlag (Figure 7.7d) changed the time of flow into the 

saturated zone and, consequently, the outflow time.  

This time-lagged flow method of estimating hydraulic parameters of the media required monitoring of 

influent and effluent flow profiles. It was not possible to measure the flow between treatment system cells 

WL2 and WL3, therefore these two cells were combined as one unit and were denoted as WL2&3. 

This research also defined a minimum saturated hydraulic conductivity (KsM) that would allow the 

leachate from a dosing event to completely exit the treatment system cell prior to start of the next dosing 

event. As long as the saturated hydraulic conductivity remains above this value, no accumulation of 

leachate would be expected to occur in the cells. Once the saturated hydraulic conductivity decreases to a 

value below the KsM, the overall storage of leachate within the cell would increase with each dosing 

event. This minimum value was selected without accounting for the treatment within the cell; it represents 

the value at which leachate will begin to accumulate within the pore spaces of the treatment system cell. 

The estimated values for saturated hydraulic conductivity and KsM for the treatment system cells 

(estimated by concurrently solving Equation 7.7, 7.8 and 7.9) are presented in Table 7.3. The initial 

porosity and saturated hydraulic conductivity estimates for the gravel wetland cells (WL1 and WL2&3) 

were within the range suggested by Freeze and Cherry (1979) and were therefore assumed to be valid for 

this analysis. However, the initial saturated hydraulic conductivity estimates for the peat and wood 

shaving treatment system cells were not consistent with the ranges of values found in the literature (i.e. 

Boelter, 1965; Chason and Siegel 1986; Beckwith et al., 2003). This was attributed to the highly variable 

material properties of peat, and the wood shavings that were used as bulking agent in the peat media. The 

porosity of the peat was assumed to be 0.4 (value estimated for the gravel system). This porosity value 
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affected the hydraulic head, however, since the same equations were also used to define KsM (with the 

same porosity), the method could still be applied to determine relative changes in saturated hydraulic 

conductivity with respect to KsM.  

Table 7.3: Saturated hydraulic conductivities (m/s) and KsM values (m/s) estimated using 

the time-lagged flow method. 

 February May August November Minimum 
Value 

WL1 1.0 x 10-4 1.1 x 10-4 1.0 x 10-4 1.1 x 10-4 4.2 x 10-5 
WL2&3 4.5 x 10-4 4.5 x 10-4 4.4 x 10-4 4.1 x 10-4 2.4 x 10-4 

PW1 4.1 x 10-4 1.2 x 10-4 1.2 x 10-4 9.3 x 10-3 9.8 x 10-7 
PW2 5.8 x 10-3 4.2 x 10-3 3.2 x 10-3 2.7 x 10-3 1.1 x 10-4 

 

This analytical method assumed that the flow was evenly applied over the entire surface of the 

saturated zone. It was more likely that the influent leachate flowed through preferential pathways 

established within the unsaturated zone and would not be evenly distributed over the entire surface of the 

saturated zone. This method also assumed that the flow profile remained temporally constant. However, 

flow in the saturated zone would likely be affected by localized changes in pore space saturation, varying 

the temporal flow profile to the saturated zone. As such, flow through the saturated zone would be 

affected by spatial and temporal changes in hydraulic head, which weren’t accounted for in these 

approximations. As a result, the equations used in this time-lagged flow method generated linear storage-

discharge profiles, while experimental relationships were generally noted to be curvilinear (Figures 7.8a-d 

– results for cell WL2&3).  
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Figure 7.8: Time-lagged flow method estimates and actual values of discharge (L/s) as a 

function of storage (L) and time (min) in Cells WL2&3. 

In cell WL1, localized fingering of flow (flow through preferential pathways within the saturated 

zone) was more prevalent due to the larger size of the cell, potentially yielding more pronounced 

preferential flow pathways for the leachate. As a flow path would become clogged, through biomass 
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growth or solids accumulation, the leachate would percolate through a different flow path. Hence, 

increasing the surface area of the treatment cell was found to increase the number of potential flow 

pathways. From Table 7.3 and Figure 7.9a, it can be seen that the saturated hydraulic conductivity 

remained constant throughout the analysis. The saturated hydraulic conductivities in this cell were 

estimated to vary between 1x10-4 m/s and 1.1x10-4 m/s, an order of magnitude greater than the KsM 

estimate of 4.2x10-5 m/s (Table 7.3). 

 

Figure 7.9: Normalized saturated hydraulic conductivity as estimated using the time-lagged 

flow method for treatment system cells (a) WL1 and WL2&3, and (b) PW1 and PW2. 

Cells WL2 and WL3 were combined (WL2&3) as flow through an unsaturated zone followed by a 

large saturated zone system. Even though the gravel used for WL2&3 was identical to the medium used 

for WL1, the initial saturated hydraulic conductivity was different due to differences in the extent of 

packing. The KsM was also different due to the longer flow distance in the saturated zone of cells WL2&3. 

The saturated hydraulic conductivity remained constant for the first 6 months (4.5x10-4 m/s) and then 

began to decrease (Figure 7.9a). This lag was attributed to bacterial growth within these cells. The 

majority of the saturated zone flow was localized in WL3, the anaerobic cell. The growth rate of 

anaerobic bacteria is generally accepted to be slower than that of aerobic bacteria and therefore it would 

be expected that any biologically-induced clogging of the substratum, with the associated reduction of 
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saturated hydraulic conductivity, would take longer to develop in an anaerobic system. It was evident that 

the saturated hydraulic conductivity decreased towards the KsM value (2.35x10-4 m/s). A time estimate to 

reach KsM could not be determined using the data available. At the end of the 9-month study, the saturated 

hydraulic conductivity had decreased by approximately 9% and was 75% larger than KsM (Table 7.3). 

The two peat and wood shaving treatment system cells were initially packed with air dried media in 

August 2010, with no moisture added to the materials to aid in packing. A high degree of consolidation, 

equivalent to approximately 25% decrease in total material depth, was noted during the first 6 months of 

treatment system operation in the aerobic PW1 cell. This consolidation greatly decreased the saturated 

hydraulic conductivity of the cell (Figure 7.9b) from the initial saturated hydraulic conductivity of 4.1x10-

4 m/s to 1.21x10-4 m/s, with a 71% decrease noted between February and May. The saturated hydraulic 

conductivity continued to decrease through November, but not to the same extent. In November, the 

saturated hydraulic conductivity remained two orders of magnitude above the KsM estimate of 9.7x10-7 m/s 

(Table 7.3). 

The anaerobic peat and wood shaving cell (PW2) did not exhibit the same rate of consolidation as 

PW1. The saturated hydraulic conductivity decreased from an initial value of 5.8x10-3 m/s to 2.7x10-3 m/s 

over the 9-month study, but the decrease was not constant throughout the study (Figure 7.9b). At the end 

of the 9-month study, the saturated hydraulic conductivity remained an order of magnitude above the KsM 

estimate of 1.1x10-4 m/s. 

The discharge profiles from the model fit the experimental data well for the WL cells (Figures 7.8e-h 

– cell WL2&3), as did the storage-discharge relationships for the WL cells (Figures 7.8a-d – cell 

WL2&3). However, the model did not fit the storage-discharge relationships for the PW cells (Figures 

7.10a-d – cell PW1), but did fit the discharge profile (Figure 7.10e-h – cell PW1). This was attributed to 

the spatial heterogeneity of the peat and wood shaving mixture. One of the assumptions utilized in 
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developing this analytical method was that the material was homogeneous, which was an acceptable 

assumption for the gravel cells, but not for the peat and wood shaving cells.  

 

Figure 7.10: Time-lagged flow method estimates and actual values of discharge (L/s) as a 

function of storage (L/s) and time (min) in Cells WL2&3. 
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The pilot-scale hybrid passive treatment system design included a pretreatment system that removed a 

large fraction of the dissolved inorganic constituents from the leachate stream. As such, the major source 

of substratum clogging in the treatment system cells was assumed to be from biological growth rather 

than inorganic precipitates. It was expected that biological growth within the pore spaces would follow a 

similar trend to that of a biological trickling filter, or other attached growth treatment systems. Biomass 

would grow and accumulate within a pore space; however, a finite amount of biomass would be produced 

prior to sloughing (Metcalf and Eddy, 2003). This transient cycle of growth and sloughing should 

eventually produce a pseudo-steady state with respect to the extent of overall observed substratum 

clogging, and therefore saturated hydraulic conductivity, within the treatment system cells. The time 

required to achieve this steady saturated hydraulic conductivity could not be determined in this study, nor 

could it be surmised whether this representative saturated hydraulic conductivity value would be higher 

than the KsM for the treatment system cells.  

The time-lagged flow method of estimating hydraulic properties of the packing material provided 

initial estimates for the extent of the decrease in saturated hydraulic conductivities in a vertical flow 

through porous media treatment system. The method assumes homogeneity of media properties and 

neglects any effects of flow variability within the unsaturated zone. These initial estimates of saturated 

hydraulic conductivity were generated based on experimental data from an in-situ pilot-scale hybrid-

passive treatment system, under start-up conditions and with limited information with respect to the 

hydraulic properties of the packing media. With initial testing of the hydraulic properties of the packing 

media and further investigation of the unsaturated flow properties, this analytical method could be 

expanded to a model that could more accurately describe the flow within the systems, as well as be 

employed to estimate the lifespan of these types of treatment systems. 
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7.5 Conclusions 

From the tracer response curves it was evident that within the first 6 months of operation, solids 

accumulation within the pretreatment system did not affect the overall treatment volume in the FF reactor 

or the ST tank. The volume of solids accumulated through settling, precipitation of inorganic constituents 

and biological growth were negligible compared to the overall treatment volume. Solid accumulation was 

however observed on the walls of the pretreatment system, which may eventually become a concern 

without appropriate maintenance. 

The time-lagged flow method was used to describe reductions in saturated hydraulic conductivities in 

treatment system cells, since tracer studies alone could not adequately represent these changes. Cell PW1 

experienced a large consolidation of material and associated 71% decrease in saturated hydraulic 

conductivity between February and May. Analysis of the tracer response curves indicated a decrease in 

HRT of 11% but did not indicate drastic changes in flow properties. The change in saturated hydraulic 

conductivity had a larger effect on the discharge profile from the treatment system cell than on the tracer 

response curve, which was an assessment of mixing in the saturated zone. This suggested that 

consolidation within the treatment system cell was most likely occurring in the unsaturated zone rather 

than the saturated zone.  

Both the tracer response curves and the flow profiles showed spatial variation of flow pathways 

within the treatment system cells. During high flow events, the tracer response curve indicated the 

presence of fingering within the media and the establishment of preferential flow pathways. The 

discrepancies between the analytical estimation of the storage-discharge curves and actual relationships 

between the storage and discharge in the treatment system cells also indicated preferential flow within 

both the saturated and unsaturated zones.  

In this study, the time-lagged flow method for estimating changes in saturated hydraulic conductivity 

was demonstrated to be a useful tool that allowed for in-situ, non-intrusive, real-time estimation of 
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changes in the saturated hydraulic conductivities of treatment system cell media. The estimations 

demonstrated that the saturated hydraulic conductivities of three of the four cells analyzed decreased 

throughout the duration of the study. The results further indicated that the saturated hydraulic 

conductivity in the treatment system cells was likely reaching a pseudo-steady state. 

7.6 Acknowledgement of Contributions of Collaborators 

Sean Speer conducted all research for this study. This included: the formulation of the experimental 

plan, the jar test evaluation of the tracer solution (Appendix D), the sampling and analysis of samples, and 

the data analysis. The partners outlined in Chapter 6 constructed the pilot-scale treatment systems. Dr. 

Kevin Mumford, and Conestoga Rovers and Associates provided expert technical support. Financial 

support was provided by: the Natural Sciences and Engineering Research Council of Canada, through the 

Discovery Grant program and the Collaborative Research and Development program, The City of North 

Bay, Conestoga Rovers and Associates and Queen’s University. 

7.7 References  

Beckwith, C.W., Baird, A.J. and Heathwaite, A.L. 2003. Anisotropy and depth-related heterogeneity of 

hydraulic conductivity in a bog peat. I: laboratory measurements. Hydrological Processes. 17(1): 89-

101.  

Boelter, D.H. 1965. Hydraulic conductivity of peats. Soil Science. 100(4): 227-231.  

Chason, D.B. and Siegel, D.I. 1986.  Hydraulic conductivity and related physical properties of peat, Lost 

River Peatland, northern Minnesota. Soil Science. 142(2): 91-99.  

Chazarenc, F., Gagnon, V., Comeau, Y. and Brisson, J. 2009. Effect of plant and artificial aeration on 

solids accumulation and biological activities in constructed wetlands. Ecological Engineering. 35(6): 

1005-1010.  

Darcy, H. 1856. Les fontaines publiques de la ville de Dijon.Victor Dalmont, Paris 



  162 

Faulwetter, J.L., Gagnon, V., Sundberg, C., Chazarenc, F., Burr, M.D., Brisson, J., Camper, A.K. and 

Stein, O.R. 2009. Microbial processes influencing performance of treatment wetlands: A review. 

Ecological Engineering. 35(6): 987-1004.  

Forquet, N., Wanko, A., Molle, P., Mosé, R. and Sadowski, A.G. 2009. Two-phase flow modelling for 

oxygen renewal estimation in vertical flow filter: luxury or necessity?. Water Science and 

Technology. 59(12): 2311-2319.  

Freeze, R.A. and Cheery J.A. 1979. Groundwater. Prentice Hall, Englewood Cliffs, NJ. 

Giraldi, D., de’Michieli Vitturi, M., Zaramella, M., Marion, A. and Iannelli, R. 2009. Hydrodynamics of 

vertical subsurface flow constructed wetlands: Tracer tests with rhodamine WT and numerical 

modelling. Ecological Engineering. 35(2): 265-273.  

Levenspiel, O., 1999. Chemical Reactor Engineering. John Wyley and Sons, Toronto, Canada. 

Mæhlum, T. 1995. Treatment of landfill leachate in on-site lagoons and constructed wetlands. Water 

Science and Technology. 32(3): 129-135.  

Metcalf and Eddy, Inc. 2003. Wastewater Engineering Treatment and Reuse. McGraw-Hill Inc., New 

York.  

Munoz, P., Drizo, A. and Cully Hession, W., 2006. Flow patterns of dairy wastewater constructed 

wetlands in a cold climate. Water Research. 40(17): 3209-3218. 

Nivala, J., Hoos, M.B., Cross, C., Wallace, S. and Parkin, G. 2007. Treatment of landfill leachate using an 

aerated, horizontal subsurface-flow constructed wetland. Science of The Total Environment. 380(1-

3): 19-27.  

Smith E., Gordon, R., Madani, A. and Stratton, G., 2005. Cold climate hydrological flow characteristics 

of constructed wetlands. Canadian Biosystems Engineering. 47:1.1-1.7. 

Speer, S., Champagne, P., Crolla, A. and Kinsley, C. 2009. Hydraulic performance of a mature wetland 

treating milkhouse wastewater and agricultural runoff. Water Science and Technology. 59(12): 2455-

2462. 



  163 

Werner, T.M. and Kadlec, R.H., 2000. Wetland residence time distribution modeling Ecological 

Engineering. 15(1-2): 77-90. 

Zhao, L., Zhu, W. and Tong, W. 2009. Clogging processes caused by biofilm growth and organic particle 

accumulation in lab-scale vertical flow constructed wetlands.  Journal of Environmental Sciences. 

21(6): 750-757. 



  164 

Chapter 8 

Summary Discussion 

This research focussed on two landfill sites, one closed and one active, to compare the different 

management practices at the two sites. The first site investigated (Appendix A and Appendix B) was the 

closed Belle Park Landfill in Kingston, Ontario. This site was initially managed in the past practice of 

disposing of waste into tracts of land that were deemed non-useful by the community at-large. The site 

was commissioned prior to the time when the Ontario Ministry of the Environment required Certificates 

of Approval for landfill site and, as such, had no leachate management plan. The second study site 

(Chapters 3 through 7) was the Merrick Landfill in North Bay, Ontario. This site was commissioned in 

1994 with a Certificate of Approval from the Ontario Ministry of the Environment. Both of these sites are 

producing leachate that can have toxic effects on the receiving environment. The major difference in the 

leachate management strategies at the two sites is that leachate production (volume and constituent 

concentrations) is easily monitored at the Merrick Landfill since the landfill cells are lined and leachate is 

captured, while at the Belle Park Landfill leachate is produced and released to the receiving environment 

with no measure of the volume produced or the constituent concentrations.  

8.1 Comparison of Landfill Management Strategies 

The Belle Park Landfill leachate management strategy is based on estimates of leachate production 

based on modelling studies. Regular site visits for qualitative assessment of the leachate seeps are 

required (Appendix B). The process of determining the environmental impact of the seeps involved visual 

identification of the seeps during site visits, followed by sampling and analysis of the affected water. 

Upon identification of the seeps as hazardous, leachate extraction wells were installed to control the 

seeps. As more seeps were identified at the site, more wells are installed, however there was no 

immediate method of determining the overall effectiveness of the leachate extraction wells, aside from the 
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visible elimination of the seep. Modelling studies should be conducted at regular intervals to evaluate the 

ongoing effectiveness of the leachate management strategy. Conversely, leachate collected at the Merrick 

Landfill can easily be monitored in terms of volumes produced and constituent concentrations.  This can 

facilitate the design and modification of on-site leachate treatment systems to achieve the required 

treatment efficiency.  

8.2 Hybrid-Passive Treatment System Design 

The design of the hybrid-passive landfill leachate treatment system for the Merrick Landfill was 

conducted in three main phases: bench-scale assessment of the pretreatment system, bench-scale 

evaluation of two passive treatment systems at room and cold temperatures, and on-site pilot-scale 

evaluation. The bench-scale phases of the research were used to demonstrate that the different stages of 

the hybrid-passive treatment system were appropriate strategies for the landfill leachate produced at the 

Merrick Landfill. The time-scales for these evaluations were short, and there was no acclimatization of 

the biological consortia. These short time-scales were sufficient to demonstrate that the system could treat 

the landfill leachate, and since the chemical analysis of the treated leachate was conducted during the 

colonization of the treatment system with the biological consortia, conclusions could be made about the 

treatment mechanisms in the systems. The evidence of conventional nitrification in the passive treatment 

stages is discussed in Chapter 4, the bench-scale evaluation of the hybrid-passive treatment systems at 

room temperature, where ammonia concentrations decreased and nitrite concentrations increased. Nitrite 

concentrations then began to decrease, and nitrate concentrations to increase. 

The pilot-scale evaluation of the hybrid-passive treatment system showed that the pretreatment 

system was achieving nitrification, which did not occur in any of the previous bench-scale evaluations 

conducted in this project. This could be attributed to the time-scale of the evaluations; the bench-scale 

evaluations were conducted for a maximum of 8 weeks, while the pilot-scale system showed signs of 

nitrification after 16 weeks. It could therefore be assumed that had the bench-scale evaluations been 
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conducted for a longer period of time, nitrification may have been initiated in these systems as well. 

Different mechanisms were evidently prevalent in the pilot-scale passive treatment systems than in the 

systems evaluated at the bench-scale. The pilot-scale passive treatment systems showed evidence of 

heterotrophic nitrification, while the bench-scale systems showed evidence of conventional autotrophic 

nitrification. This can be attributed to the limited control of the processes in passive treatment systems. 

The growth and propagation of the biological consortia in the passive treatment systems is dependant on 

the conditions within the system. It could be postulated that since the start-up phase of the pilot-scale 

system was initiated during the winter months, and that the system was dosed with low temperature 

leachate, the conditions in the system favoured the growth of a heterotrophic population of nitrifying 

bacteria which was then able to limit the growth of autotrophic nitrifying bacteria during the warm 

temperature growth conditions of the summer.  

It is evident that bench-scale and pilot-scale hybrid-passive treatment systems cannot be expected to 

maintain the same biologically mediated treatment mechanisms for landfill leachate. The bench-scale 

systems can be used to demonstrate the feasibility of using passive treatment for a particular leachate. The 

on-site environmental conditions differ greatly from those encountered in the laboratory environment and, 

therefore, different biological consortia can be expected to populate the systems and different 

biologically-mediated leachate treatment will occur in the field. Based on this research, it appears that 

long-term bench-scale treatability studies are likely not indicative of pilot-scale performance. Bench-scale 

treatability studies can be used to demonstrate the feasibility of passive treatment systems for specific 

leachate streams; however there appears to be no advantages of evaluating the systems at pseudo steady-

state to estimate the future pilot-scale system performance. 

8.3 Applicability of Results 

It has been well documented that the formation of landfill leachate is site-specific, both in terms of 

the quantity and quality of leachate produced. Additionally, the treatment of landfill leachate in passive 



  167 

and naturalized treatment systems is site-specific due in part to the regional climate. However, there are 

aspects of this research that can be applied to the design and monitoring of all passive and naturalized 

landfill leachate treatment systems.  

Retroactive landfill management techniques, like those employed at the Belle Park landfill (Appendix 

A and Appendix B) are based on estimates derived from numerical modelling. This dissertation shows 

that since the climatic conditions vary over long time scales, the modelling, upon which the landfill 

management techniques are based, needs to be reassessed at regular intervals. Reassessment of the models 

ensures that the landfill management strategies remain applicable to the site conditions. 

The inclusion of a fixed-film, aerobic pretreatment system in a hybrid-passive landfill leachate 

treatment system does not affect the overall quality of the treated leachate effluent from the system. 

However, the inclusion of a fixed-film, aerobic pretreatment system does decrease the overall load of 

labile organic matter and inorganic leachate constituents to the passive treatment systems. The reduction 

in inorganic leachate constituent loading to the passive treatment systems decreases the risk of inorganic 

precipitate formation in the pore spaces of the passive treatment system, thereby increasing the expected 

life of the treatment system. The reduction in the load of labile organic matter to the passive treatment 

system will reduce the extent of biomass growth in the pore spaces of the passive treatment systems. This 

reduction in biomass growth may not affect the effective lifespan of the passive treatment system since, as 

discussed in Chapter 7, the biomass growth should follow a pattern of growth and sloughing, which does 

not permanently affect the flow through the pore spaces of the passive treatment system. With these 

findings, it is evident that a pretreatment system that reduces the inorganic leachate constituent load to the 

passive treatment system cells will prolong the effective life of the passive treatment system, and should 

therefore be included even though there is no overall effect on the effluent quality. 

Finally, the non-intrusive analytical method for estimating saturated hydraulic conductivities in flow 

through porous media-based passive treatment systems proved to be both rapid and effective. By 
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employing this method, system operators can regularly evaluate the hydraulic properties of the passive 

treatment system cells, as long as it can be assumed that the properties of the packing media are 

homogeneous. Regular monitoring of the passive treatment system cells and comparison of the estimated 

saturated hydraulic conductivities with the minimum saturated hydraulic conductivity (estimated using 

the same method) will give operators an indication of the effective life of the passive treatment system 

cell and the extent of substratum clogging in the system. 
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Chapter 9 

Conclusions 

This dissertation compared two landfill sites with different leachate management strategies. The 

closed Belle Park Landfill followed the past practice of discarding waste into unused tracts of land with 

little regard for the impacts of the waste or the leachate on the environment. The leachate management 

strategy at this site requires regular site visits and hydraulic modelling to estimate the effects of the 

leachate discharge and the effectiveness of the leachate management strategy. Conversely, the Merrick 

Landfill was commissioned with a Certificate of Approval from the Ontario Ministry of the Environment. 

The Merrick landfill operates with lined cells, and captures the leachate produced on site for treatment in 

a hybrid-passive leachate treatment system. 

The research for the Belle Park Landfill consisted of hydrogeological modelling of the site, based on 

the 2007 hydraulic and climatic conditions, to evaluate the effectiveness of the leachate management 

strategy. The research for the Merrick Landfill followed the design process of a hybrid-passive treatment 

system from initial bench-scale testing of the pretreatment system; through the bench-scale investigations 

of passive and semi-passive treatment options under cold and room temperature conditions; and finally, to 

a pilot-scale evaluation of two potential treatment systems. Hydraulic monitoring of the pilot-scale 

hybrid-passive landfill leachate treatment system at the Merrick Landfill also demonstrated that tracer 

tests were not sufficient in assessing variably saturated passive treatment systems to quantify changes in 

the hydraulic regimes. As such, a time-lagged flux method was developed, based on this research, to 

quantify changes in saturated hydraulic conductivity in the variably saturated passive treatment systems 

and to aide in determining the effective life of the passive treatment systems.  
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9.1 Belle Park Site 

Through the modelling of the current leachate seep management strategy at the closed Bell Park 

Landfill, it was evident that the pumps installed at the new seep locations (the west seep and the added 

pumps along the south seep) increased the volume of leachate captured from the original estimate of 60% 

to 75% to 80%. It was also evident that the any decrease in the leachate extraction rates from the north 

and south seeps would have a greater effect on the estimated volumes of leachate discharged to the 

Cataraqui river than they would on the influx of river water to the site. The leachate extraction rate at the 

east seep, however, could potentially be reduced by 50%. Modelling efforts using the 2007 site conditions 

estimated that this decrease in extraction rate would result in a 12-29% increase in leachate discharge and 

a decrease in river water influx of 33-41%. Phreatophytes have been planted at the site since 2003 and 

were not accounted for in this model. These phreatophytes should be reducing the volume of leachate 

produced and will therefore affect the hydraulic containment system and should therefore be included in 

future modelling efforts. 

9.2 Hybrid-Passive Treatment System at the Merrick Landfill 

The design process for the hybrid-passive landfill leachate treatment system for the Merrick Landfill 

in North Bay, Ontario resulted in a comparison of two pilot-scale treatment systems on site. Bench-scale 

studies demonstrated that the pretreatment system reduced the load of organic and inorganic leachate 

constituents to the subsequent passive treatment systems. This was expected to limit biomass growth and 

precipitation of inorganic solids in the pore spaces of the subsequent passive treatment systems, which 

would in turn limit clogging and extend the effective lifespan of the passive treatment stages.   

After pilot-scale assessment of the two hybrid-passive treatment systems, it was apparent that both 

systems achieved similar effluent concentrations of all leachate constituents with the exception of 

ammonia. The AWL wetland achieved complete nitrification, while the PW filter did not. Other studies 

have indicated that nitrification in the PW filter could potentially increase with a longer acclimatization 
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period, however given the current results, the AWL wetland was clearly the more efficient option for the 

City of North Bay. 

9.3 Hydraulic Monitoring Methods 

Flow pathways in intermittently-dosed vertical flow passive treatment systems cannot be adequately 

evaluated using tracer solutions. The flow dynamics within the saturated zone dominate the effluent tracer 

profile, and therefore changes to the unsaturated zone are not quantifiable through these types of 

evaluations. Quantification of the extent of solids accumulation and its effect on the flow within the 

treatment system cells is required to fully evaluate the treatment system. The time-lagged flux method 

developed in this study provided a means of quantifying changes in the saturated hydraulic conductivity 

and better explain the flow in the treatment system cells. At the end of a 9-month evaluation of the flow 

within the passive treatment system, the saturated hydraulic conductivity of all the treatment system cells 

decreased, but remained at least one order of magnitude higher than the minimum saturated hydraulic 

conductivities estimated by the analytical solution to the governing equations for flow through the passive 

treatment system cells. 

9.4 Recommendations for Future Work 

The Belle Park landfill site in Kingston, Ontario currently has a leachate management strategy that 

has been augmented with the addition of phreatophytes. The effect of the added phreatophytes on the 

transpiration of leachate is an integral part of the leachate management strategy that has yet to been 

investigated. The current hydrogeological modelling estimated that the leachate extraction rate at the east 

seep could be reduced by 50%, however before this can occur, the environmental impact of the added 

leachate discharge to the river would need to be further investigated. The effect of the phreatophytes also 

needs to be evaluated at the site to determine the effect on the groundwater table. 
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Further optimization of both the aerated attached-growth pretreatment system and the peat and wood 

shaving biological trickling filter could be carried out. In the design process, the residence time of the 

pretreatment system was selected based on a bench-scale analysis using three different residence times. 

Further optimization of the system is likely achievable. The peat and wood shaving biological trickling 

filter was designed based on one hydraulic loading rate, and various mixtures of peat and wood shavings. 

Now that the appropriate mixture of peat and wood shaving has been determined, there is potential to 

further optimize the loading rates. The peat and wood shaving biological trickling filter also did not 

perform as expected at the pilot-scale, however, previous studies from the literature suggest that treatment 

efficiencies could increase in the system in the second year of leachate treatment. The system should be 

evaluated for a longer time frame to determine whether nitrification rates will increase as the system 

matures. 

Neither of the pilot-scale hybrid-passive treatment systems investigated removed boron or chloride 

from the leachate, which are two constituents of concern in the Certificate of Approval from the Ontario 

Ministry of the Environment. It is assumed that dilution in the groundwater aquifer should attenuate the 

concentrations of these constituents in the effluent prior to reaching the groundwater-sampling locations, 

thereby achieving groundwater chloride and boron concentrations below trigger concentrations. Queen’s 

University is currently conducting studies as part of this NSERC Collaborative Research and 

Development Project to assess the hydrogeology at the Merrick Landfill. Should the dilution capacity of 

the groundwater be determined to be too low, an additional active physiochemical stage will be required 

in the hybrid-passive treatment system. The toxicity of the treated effluent from the hybrid-passive 

leachate treatment system should also be assessed to ensure protection of the receiving environment. 

Queen’s University is also conducting this study as part of this NSERC Collaborative Research and 

Development Project. 
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Appendix A 

A decommissioned landfill reclamation case study: Belle Park, Kingston, 

Ontario, Canada 
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A.1 Abstract 

The reuse of decommissioned landfills as recreational sites and green space is becoming an 

increasingly popular reclamation strategy. However, there are concerns associated with the potential for 

people and animals to come in contact with soils and groundwater that were contaminated by previous 

land use practices. To mediate these risks, there is a requirement to treat the soil and groundwater beyond 

the Ontario Ministry of the Environment’s requirement for landfill site, which requires containment of 

groundwater contaminants at landfill sites. The containment of groundwater and control of the leachate 

production are site-specific and based on the geology, hydrology and climate of the specific region. Since 

the reclaimed sites are intended for public use, aesthetics of the area are a concern; the treatment system 

must be as discrete as possible. Conventional active treatment systems are quite visible, while a pumping 

barrier can be easily concealed, particularly when the leachate is pumped to an off-site wastewater 

treatment facility. Passive treatment alternatives can achieve treatment efficiencies similar to active 

treatment systems, while mimicking or enhancing the natural character of the area. The Belle Park landfill 

in the city of Kingston is an example of a decommissioned landfill, which has been reclaimed as a nine-

hole golf course. 

A.2 Introduction 

In light of the poor waste management practices of the past, there are landfills worldwide, which are 

discharging leachate of various strengths into their receiving environments. Many of these sites are 

located in close proximity to populated areas, hence the treatment of the leachate must be carried out with 

minimal disruption to the surrounding communities.  The cost of active treatment for the leachate is high, 

while passive treatment systems are able to achieve similar treatment efficiencies at much lower costs 

(Rew and Mulamoottil, 1999). Passive treatment systems have an added advantage in that the 

infrastructure constructed for active treatment is replaced with vegetated areas.  As cities are expanding 

and enveloping many of these decommissioned landfills, land is being reclaimed for public recreational 
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uses. Once a closed landfill area is reclaimed for human use, there are many concerns with respect to 

people and animals coming into contact with contaminated soils and waters, therefore risk mitigation 

should be the highest priority. 

A.3 Treatment Options 

Once a landfill area has been reclaimed for recreational use, the easiest active treatment option is a 

pump-and-treat system where extraction wells are located around the closed landfill to intercept the 

leachate. The leachate is then pumped to an onsite treatment facility, or off-site into the city’s sanitary 

sewer system. This option allows for the control of groundwater flow at the site and, if the system is 

properly designed, contains all of the contaminated groundwater. The pump-and-treat system is expensive 

in term of capital and operating costs, and requires permitting and monitoring of the discharge into the 

sewer system to ensure that the constraints of the discharge permit are met. Similar hydraulic containment 

of groundwater can also be achieved through the use of phreatophytes, trees with large root zones and 

high transpiration rates, which serve as significant groundwater sinks (Batellan et al., 2003). The large 

root zones of the trees are able to extend deep into the aquifer, while the high transpiration rate 

contributes to the interception of high volumes of groundwater by the root zone, translocation to the 

shoots of the tree, and finally release as vapour to the atmosphere. The disadvantage of the phreatophyte 

barrier for groundwater control in cold climates is that there is no pumping in the winter, since the trees 

are dormant, but there can still be groundwater flow. 

The conventional treatment of leachate uses similar processes as are used in conventional wastewater 

treatment, and for this reason, pump-and-treat leachate management systems often involve treatment at 

local wastewater treatment facilities. Passive treatment systems are bioreactors, which can include 

processes such as: sedimentation, filtration, bacterial conversions, immobilization, precipitation, sorption, 

chelation and vegetative uptake (Kadlec and Knight, 1996). The main difference between active and 

passive treatment systems is that a passive treatment system will naturally remove leachate constituents 
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without the addition of chemicals, and without environmental controls. A comparison of passive and 

active treatment facilities treating an identical leachate streams would demonstrate that the active 

treatment system would generally require a smaller areal footprint than the passive system to provide the 

same treatment efficiency. However, the passive system could be constructed, operated and maintained at 

lower costs (Rew and Mulamoottil, 1999). 

A.4 Site History 

Belle Park (Figure A.1), a peninsula in Kingston, Ontario (Canada) is located such that the north, east 

and south-eastern banks border the Great Cataraqui River and the outfall is on the Rideau Canal, a 

Canadian heritage river and a UNESCO World heritage site. This location was previously a 44 hectare 

marshland which served as a municipal landfill until its closing in 1974 (Malroz Engineering Inc., 1999), 

the majority of the waste in the landfill is close to the river level, with the exception of a large pile in the 

northern centre. Upon landfill closure, 0.6 m (2 ft) of compacted fill was placed over the site. The site was 

then graded to facilitate storm water runoff and a vegetative cover was established (Malroz Engineering 

Inc., 1999). Since the closing of the site, the area has been developed for recreational purposes including a 

9-hole golf course and driving range, which were constructed over the landfill. The main waste pile was 

also converted into a ski hill for the winter months. 

A.5 Site Investigation 

In 1997, a comprehensive site impact study was conducted. This included determination, assessment 

and modelling of groundwater flow, site geological information, stress on the vegetation as a result of 

leachate migration, and groundwater seeps to the Cataraqui River (Malroz Engineering Inc., 1999). The 

geophysical survey was conducted to determine the extent of buried waste, as well as to identify and 

localize any large metallic objects present at the site, which could lead to the uneven settling of waste. 

Drilling and borehole investigations were also used for this purpose as well as groundwater monitoring 

and modelling. Soil, vegetation and groundwater sampling and analyses were examined to determine the 
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risk of exposure to toxins to future users of the site. It was concluded that based on the intended uses of 

the site, the primary exposure pathway to humans would be contact with the soil and vegetation of the site 

(Malroz Engineering Inc., 1999). 

 

Figure A.1: Belle Park Layout 

Initial monitoring of the groundwater at the site indicated radial flow from the northern mound 

towards the shoreline of the park. The soil lining the base of the landfill was characterized as bedrock, 

covered by a clay layer, which was in turn covered by a layer of peat compressed to a low hydraulic 

conductivity (Waterloo Hydrogeologic Inc., 1998). The low hydraulic conductivities of the soils under the 
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landfill effectively acted as an impermeable barrier under the waste, causing any leachate produced to 

flow laterally towards the river. During times of low water levels in the Cataraqui River, seeps of 

groundwater could be located at four points in the park (Malroz Engineering Inc., 2003). 

In 1998, Groundwater extraction wells were placed at the location of these seeps and a pump and treat 

system was put in place, with the extracted leachate being sent to the City of Kingston municipal sanitary 

sewer system (Malroz Engineering Inc., 2003). 

A.6 Groundwater Modelling 

In 1998, a groundwater model was constructed by Waterloo Hydrogeologic Inc. to determine the 

groundwater flow dynamics within the peninsula (Figure A.2) (Waterloo Hydrogeologic Inc., 1998). The 

model was calibrated using observations collected in July of 1997. In 1999, the groundwater model was 

refined to include the pumping station information from the pump and treat system, and the Hydraulic 

Evaluation of Landfill Performance (HELP) model was also applied to assess the feasibility of 

implementing an impermeable landfill cover at the site. Modelling indicated that an impermeable cap 

would limit leachate production (Waterloo Hydrogeologic Inc., 1999), however after examining site 

conditions, it was determined that flow contributions through hyporheic exchange (flow of water from the 

river to the subsurface) were much higher than those of infiltration from precipitation. As such, an 

impermeable cap would likely not control leachate production and migration, as well as was predicted by 

the HELP model. Hence, to date, an impermeable cap has not been installed.  

The 1999, groundwater modelling demonstrated that the pump and treat system was capturing the 

majority of the leachate, however seeps were still noted along the north and south shore, at which points 

the leachate was able to enter the river (Figure A.2). Investigation and monitoring of the southern seep 

demonstrated that the leachate constituents in this seep were below provincial regulatory limits, and 

therefore required no treatment (Malroz Engineering Inc., 2003). However, the leachate constituents in 

the seep exiting the northern bank of the peninsula were observed to be above provincially regulated 
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levels; therefore a riparian zone wetland was constructed along the northern bank for the mitigation and 

treatment of this seep. A seep was also located in the west stream and it was proposed that a phreatophyte 

barrier be investigated as a phytoremediation containment strategy to control the seep. 

 

Figure A.2: Flow pathways to seep locations and water table contours before and after 

pumping system was installed (Waterloo Hydrogeologic Inc., 1998; Waterloo 

Hydrogeologic Inc., 1999) 

A.7 Riparian Zone Wetland 

To attenuate this diffuse leachate seep into the river, a riparian zone wetland was constructed along 

the northern bank (Figure A.3). This riparian zone wetland can best be described as a pseudo sub-surface 

flow wetland, which is designed to simulate a natural wetland in a riparian zone. The wetland is similar to 

a sub-surface flow wetland, as the majority of the flow is directed through a peat-based media, into which 

vegetation is planted. However, unlike a typical constructed wetland, where there are well-defined 

influent and effluent regions controlling the flow within the system, this riparian zone wetland is subject 

to the effects of the water level elevations of the river and groundwater table. Flow in the constructed 
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wetland is designed to follow the existing hyporheic exchange pattern that governs leachate generation. 

This implies that when groundwater levels are higher than river water elevations, leachate is discharged 

from the peninsular banks through the wetland, where the leachate constituents are removed in the 

constructed wetland. During periods of higher river water levels than groundwater levels, river water will 

flow through the wetland to recharge the groundwater. 

This cycle of discharge and recharge is of concern with respect to the constructed wetland treatment 

efficiency because of the treatment processes within the constructed wetland. While bacterially catalyzed 

reactions are one of the major treatment mechanisms within constructed wetlands (Kadlec and Knight, 

1996), some constituents like heavy metals and recalcitrant organic compounds are not biodegraded, or 

not biodegraded efficiently within the constructed wetland. These constituents are immobilized either 

within the root zone of the vegetation, through uptake and translocation within the vegetation, or through 

other physical sequestration methods within the constructed wetland media (sorption, precipitation, etc…) 

(Kadlec and Knight, 1996). These sequestration processes within constructed wetlands are not fully 

understood with respect to the multidirectional flow experienced within a riparian zone wetland. There is 

a concern that during events where river waters enter the wetland, the immobilized leachate constituents 

could be mobilized and eventually be allowed to enter the receiving environment (Weis and Weis, 2004). 

For this reason, in 2005 a study was undertaken at Queen’s University to further monitor the riparian zone 

wetland in an attempt to better understand the relationship between the multidirectional flow and its affect 

on attenuation mechanisms within the system, to better assess the risks to the receiving environment. 
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Figure A.3: Constructed wetland layout including sampling locations 
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The growth media employed in the constructed wetland was designed as a mixture of peat and straw 

(50% each by volume) (Malroz Engineering Inc., 2003). Peat was used as the main growth media, 

however under saturated conditions, peat commonly compresses under its own weight creating 

anisotropies in the hydraulic conductivities of the constructed wetland media leading to the establishment 

of preferential flow pathways (Heavey, 2003). This preferential flow reduces the effective treatment 

volume of the constructed wetland, thereby diminishing the treatment efficiency (Persson et al., 1999). 

There is also a concern that the compression of the peat could constrict the root zones of the vegetation 

and consequently inhibit phytoremediation of the leachate. Straw or other natural fillers can be added to 

the peat mixture, acting as bulking agents, to decrease compression and maintain the pore distribution 

with the media as consistent as possible. The wetland was constructed over the winter of 2003 by 

installing mattresses of the peat and straw constructed wetland media encased in burlap. Cattail seeds 

were included to initiate vegetation (Malroz Engineering Inc., 2003). Burlap was selected as the casing 

material for the mattresses since it was a material that would be sturdy enough to contain the media while 

the mattresses were put in place, but it would easily degrade over time allowing the peat and straw 

mixture to naturally settle into the constructed wetland. The burlap mattresses were constructed and put in 

place while the river was frozen, to facilitate placement. The mattresses were held in place by wooden 

stakes, so that as the river melted and water saturated the media, the mattresses would not float away. A 

fence with a fine meshed silt curtain was erected along the wetland perimeter to contain the media while it 

was immature and the root zones of the vegetation were not extensive enough to help contain the media. 

A.8 Site Monitoring 

On-going site monitoring is conducted to assess the effectiveness of the leachate treatment systems, 

and to ensure that the leachate pumped to the wastewater treatment facility remains within regulatory 

compliance restrictions. During 2006 and 2007, the constructed wetland was intensely monitored with bi-

weekly sampling events to determine its effectiveness in mitigating the diffuse leachate seep for which it 

was constructed. The monitoring consisted of sampling at various locations throughout the wetland 
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(Figure A.3), the surrounding river, as well as along the shoreline where the leachate enters the 

constructed wetland. A grid of monitoring wells located along the shoreline was monitored for 

groundwater elevation to determine direction and quantity of groundwater flow. Groundwater flow 

information from this field study would illustrate the times during which groundwater from the peninsula 

was entering the river, and when river water was recharging the groundwater aquifer.  

Evaluation of the shoreline groundwater monitoring data demonstrated that during each of the 

monitoring events at the site, all of the water was flowing from the river towards the aquifer. It was 

determined that this was due to the pumping rates in the pump and treat system. While the pump and treat 

system was capturing the leachate produced in the landfill, it was also capturing river water which was 

being drawn into the groundwater. The pump and treat system required re-evaluation to optimize the 

pumping volumes such that the groundwater is captured, but not river water. 

Analysis of the surface water at the four seep locations (Table A.1) demonstrated that the 

groundwater capture systems were reducing the release leachate to the river. Many of the leachate 

constituents of concern were at low levels (>0.02 mg/L), and were unaffected by the pump and treat 

system. It was assumed that these were background concentrations due to the other industrial releases into 

the river. Iron and pH values were however visibly changing, which was attributed to the pump and treat 

system. Analysis of the groundwater model demonstrated that after the pump and treat system was 

constructed, the north and east seeps were minimized, however there would still be substantial seepage 

from the west seep and the south of the peninsula. Table A.1 demonstrates that the south seep is below 

regulatory requirements and therefore the release was allowed to continue and is monitored to ensure that 

the concentrations remain within regulatory compliance. 
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Table A.1: Leachate constituent concentrations (mg/L) measured at the 4 seeps before and 

after mitigation efforts (Malroz Engineering Inc., 1999; Malroz Engineering Inc., 2005) 

 North Seep East Seep South Seep West Seep 

 

PWQO 
Limits 

2000 2005 2000 2005 2000 2005 2000 2005 

pH 6.5-8.5 8.27 
(±0.56) 

7.80 
(±0.31) 

7.83 
(±0.06) 

7.53 
(±0.52) 

7.90 
(±0.24) 

7.48 
(±0.45) 

7.65 
(±0.13) 

7.45 
(±0.37) 

Al 0.075 0.0002* 0.01* 0.05 
(±0.04) 0.01* 0.033 

(±0.01) < D.L. 0.05* < D.L. 

Cd 0.0002 < D.L. < D.L. 0.0001* < D.L. 0.0001 
(±0.0001) < D.L. 0.0001 

(±0.0001) 0.0001* 

Cr 0.1 < D.L. < D.L. < D.L. < D.L. 0.02 
(±0.01) < D.L. 0.0001 

(±0.0001) < D.L. 

Cu 0.005 0.001 
(±0.0005) 

0.0015 
(±0.0008) 

0.0012 
(±0.0012) 

0.0009 
(±0.0001) 

0.0022 
(±0.0005) 

0.0023 
(±0.0025) 

0.0025 
(±0.0004) 

0.0026 
(±0.0006) 

Fe 0.3 0.6 
(±0.5) 

0.26 
(±0.28) 

0.95 
(±0.78) 

0.533 
(±0.08) < D.L. 0.06 

(±0.001) 0.4* 0.165 
(±0.075) 

Pb 0.025 0.005* 0.024* 0.003 
(±0.002) 0.002* 0.007 

(±0.001) 0.001* 0.002 
(±0.002) 

0.0026 
(±0.0021) 

Zn 0.03 0.01* 0.005 
(±0.0001) 0.01* 0.009* 0.02 

(±0.01) 
0.038 

(±0.032) 
0.02 

(±0.01) 
0.017 

(±0.007) 

As 0.1 0.002* < D.L. 0.002* < D.L. < D.L. < D.L. < D.L. < D.L. 

 *Denotes single sample event 

The west seep, the location of leachate discharge after the pump and treat system was constructed and 

site of the initial phreatophyte barrier, demonstrated a decrease in constituent concentrations similar to 

those of the north and east seeps. Since the pump and treat system was installed, leachate seeps were still 

observed in the west stream. However, as can be seen in Table A.1, the concentrations decreased after the 

phreatophyte barrier was installed. Hence it was determined that the phreatophyte barrier was contributing 

to the control of this west seep. 

A.9 Current and Future Work 

Monitoring the phreatophyte barrier demonstrated that it was a feasible groundwater control 

technique for the area. In 2008, plots of phreatophytes were planted throughout the golf course to help 

control the groundwater flow. Selection of plot locations was dictated by the layout of the existing golf 

course so as not to impede golfing activities. The plots were constructed by planting 0.9 cm (3 ft) saplings 

in rows in designated areas. It will therefore take a few years before the results from these currently 
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immature plots become apparent. Since the trees are dormant during the winter months, a pump and treat 

groundwater containment system will still be required to support and augment the phreatophyte systems. 

Further groundwater modelling is also being undertaken to optimize the pump and treat system, to 

minimize the pumping volumes withdrawn from the groundwater, while containing the leachate plume. 

The groundwater model has become much more complex than the original model from 1999, due to the 

addition of the phreatophyte barrier and the new phreatophyte plots planted in 2008. These systems 

represent a new groundwater interception system, which is difficult to characterize. 
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Appendix B 

Investigation of a leachate seep management strategy for the closed Belle Park 

Landfill.  
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B.1 Abstract 

Unlined landfills require monitoring of the onsite groundwater flow to ensure that the leachate does 

not pose a significant risk to the receiving environment. This study presents the results from the 

investigation of an existing leachate-impacted groundwater seep management strategy at a closed landfill 

using hydrogeological modelling techniques. Containment of leachate-impacted groundwater produced at 

the site was challenging since the landfill was originally constructed unlined and below the water level of 

a river at the site boundary. Therefore hyporheic exchange between the leachate-impacted groundwater in 

the stored waste and the river water was a concern. Leachate-impacted groundwater extraction wells were 

constructed at four extraction fields based on modelling conducted between 1998 and 1999 using 

MODFLOW. For this study, the model was revisited with environmental data from 2007 to evaluate the 

leachate-impacted groundwater seep management strategy. The modelling of the 2007 conditions 

suggested that the leachate-impacted groundwater extraction system was achieving a greater reduction in 

leachate-impacted groundwater discharge than the original modelling conditions estimated. The rates of 

leachate-impacted groundwater extraction at the various extraction fields was also evaluated, and it was 

estimated that the pumping rate at the east extraction field could be decreased by 50% while still 

maintaining the originally estimated reduction in the rate of leachate-impacted groundwater discharge to 

the river. 

B.2 Introduction 

Waste management and disposal are worldwide concerns with 95% of solid waste generated globally 

stored in landfills (Kurniawan et al., 2006). Landfill leachate production is an inevitable by-product of 

conventional landfill management practices. Landfill leachate is generated as water percolates through the 

waste, collecting by-products of waste decomposition. This water can be supplied by either infiltration of 

precipitation or seasonal variations in the groundwater table depth at unlined landfills. Leachate is best 

described as a chemically complex wastewater containing high concentrations of organic constituents 
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(both labile and recalcitrant), nitrogen (mainly in ammoniacal form), metals, xenobiotics, and chlorinated 

organic and inorganic salts (Chiemchaisri et al., 2009; Bulc, 2006), however the constituent 

concentrations and the volumes of leachate generated are site specific. Toxicity of the leachate is mainly 

attributed to the xenobiotic constituents and heavy metals, while high nutrient concentrations can lead to 

eutrophication. There is also a concern that organic constituents in the leachate can partially degrade to 

form other toxic compounds (Parkes et al., 2007; Polprasert and Sawaittayothin, 2006). 

The past practice of the municipal dump, where waste was discarded into unused tracts of land that 

were deemed to be non-useful (marshland, abandoned quarries, etc), has created numerous sites in the 

province of Ontario (Canada) that discharge leachate directly to the receiving environment. Eyles et al. 

(1992) documented 1183 landfills (open and closed) in southern Ontario alone, noting that there were 

likely many others that were not documented. Furthermore 380 of the documented sites were in 

abandoned bedrock and aggregate quarries. As populations increase, the city limits expand to encroach 

upon these closed landfill sites, and eventually the environmental impacts of the sites become evident. 

Howard et al. (1996) reported that leachate springs emerged a few hundred meters from a residential 

subdivision near Toronto (Canada) due to a previously closed landfill in the area. These unlined landfill 

sites discharge leachate directly into the soil, which can eventually percolate into the groundwater aquifer. 

If there is sufficient natural attenuation capacity in the soil, hazardous constituents in the leachate can be 

removed prior to reaching the receiving environment, minimizing adverse impacts. In cases where natural 

attenuation is insufficient, collection and treatment of the leachate is required. Pump and treat systems for 

leachate-impacted groundwater sites are expensive, both in terms of pumping and treatment costs. These 

systems can, however, be optimized based on the pumping rate to minimize costs. Pumping rate 

optimization ensures that the pumping rate is high enough to generate a sufficient hydraulic barrier to 

capture the desired quantities of the leachate-impacted groundwater, while removing and treating minimal 

water volumes. 
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Due to the non-linear interactions of discharge, recharge and storage of water in groundwater 

systems, groundwater modelling is the most efficient tool available for estimating the effects of these 

processes (Sanford, 2002) and, therefore, the most effective tool for the optimization of a pump-and-treat 

leachate management plan.  

B.2.1 Objectives 

This study was conducted to evaluate the effectiveness of the seep management plan, based on the 

hydrogeological modelling in 1997 and 1998 using the climatic conditions and hydrologic data from 2007 

and the increased number of leachate-impacted groundwater extraction wells. This evaluation was 

conducted to identify if the system could still be expected to achieve the 60% reduction in the volume of 

leachate-impacted groundwater discharged to the Cataraqui River estimated in the previous modelling 

efforts. This study also investigated the effect of the leachate-impacted groundwater extraction rates at 

each of the extraction fields to determine whether the rates could be further optimized to maintain the 

extent of leachate-impacted groundwater capture at the extraction fields, while also minimizing the influx 

of river water to the site, and consequently to the leachate-impacted groundwater extraction system.  

B.3 Materials and Methods 

B.3.1 Site History 

The Belle Park landfill site (Figure B.1) is located in the City of Kingston, Ontario, Canada along the 

banks of the Cataraqui River, which is the commencement of the Rideau Canal, a UNESCO World 

Heritage Site, at Lake Ontario. Landfilling operation began in 1952, prior to the introduction of 

government regulation for waste disposal. This site represents the past practice of discarding waste in 

what was originally deemed to be a non-useful marshland. The 44-hectare site obtained a Certificate of 

Approval from the Ministry of the Environment in 1970 and the landfill site was closed in 1974. Post 

closure, the site was converted into a recreational facility with tennis courts, walking trails and a golf 
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course. A leachate-impacted groundwater seep management strategy was implemented in 1997, in 

response to rust-coloured ice (presumed to be a result of uncontrolled leachate-impacted groundwater 

discharge) visible along the banks of the river in the winter. The leachate-impacted groundwater seep 

management strategy consisted of regular site visits for visual inspection to identify potential leachate-

impacted groundwater seep locations. Upon visual identification of a potential leachate-impacted 

groundwater seep site, chemical analysis of the seep would be conducted to assess the potential for 

adverse environmental impacts. Confirmation of potential adverse environmental impacts would require a 

well to be constructed at the location of the seep and leachate-impacted groundwater extraction would 

eliminate the seep. The initial implementation of the seep management strategy identified three main seep 

locations, the north seep, the east seep and the south seep. Site visits have continued since 1997 and more 

leachate-impacted groundwater extraction wells have been constructed along the south shore and one 

additional well was constructed to abate the west seep. The leachate-impacted groundwater extracted as 

part of the seep management strategy was then pumped to a City of Kingston wastewater treatment 

facility. 

Initial groundwater modelling was conducted in 1997 using MODFLOW to identify adequate 

pumping rates for the establishment of a hydraulic barrier at the site (Waterloo Hydrogeologic, 1998). 

This model was further refined in 1998 and the USEPA HELP model was also incorporated to better 

predict infiltration due to precipitation and leachate generation rates (Waterloo Hydrogeologic, 1999). 

From this refined model, it was estimated that leachate-impacted groundwater discharge could be 

decreased by 60% of the original (no pumping) values with the installation of pumps at the seep locations 

(Figure B.1).  

  



  192 

 

Figure B.1: Belle Park Layout with extraction well locations included in the original 

modelling (1997) and in the current modelling (using 2007 data). 

B.3.2 Description of Model Reconstruction 

The original model was reconstructed based on consulting reports for the Belle Park Landfill site 

(Waterloo Hydrogeologic, 1999; Waterloo Hydrogeologic, 1998) using MODFLOW, and the new model 

was verified against the original modelling results prior to the addition of new wells and the modelling of 

2007 conditions. The model domain extended from the southwestern portion of the peninsula, where the 

model boundary was estimated as a no flow boundary located along a previously estimated groundwater 



  193 

flow line, to the hydraulic head boundaries that represented the Cataraqui River (Figure B.1). Spatial 

discretization (Figure B.2) of the recreated model followed the original model domain, and grid sizes 

varied from 25mx25m cells in the interior of the model domain to 4mx4m cells near the extraction wells. 

The model was constructed in three layers (Figure B.3) to estimate the strata of material; the top layer of 

refuse with horizontal saturated hydraulic conductivities ranging from 1.5x10-4 to 5x10-6 m/s (Figure B.4), 

above a compressed peat layer with horizontal saturated hydraulic conductivities ranging from 2.7x10-7 to 

2.7x10-9 m/s (Figure B.5), and finally a silt layer with a horizontal saturated hydraulic conductivity of 

2.7x10-9 m/s (Figure B.6) at the bottom of the model domain. The depth profiles for all three layers were 

kriged from the borehole data (Malroz Engineering Inc., 2008). In all cases, the ratio of horizontal to 

vertical saturated hydraulic conductivities was 10:1. The saturated hydraulic conductivities used in the 

new model were based on the values used in the original model, which were in turn based on slug tests 

performed by Malroz Engineering Inc. (Waterloo Hydrogeologic, 1998).  
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Figure B.2: Domain and grid of recreated MODFLOW model. All distances measured in 

metres, based on datum of domain. Cross-sections presented in Figure B.3. 
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(a) cross-section A-A’ 

 
(b) cross-section B-B’ 

 
(c) cross-section C-C’ 

 
Figure B.3: Cross-sections of model domain. All units are presented in metres. Vertical 

datum is sea level, horizontal datum in the modelling domain. 
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Figure B.4: Horizontal saturated hydraulic conductivities (in m/s) in refuse layer. 

Horizontal to vertical saturated hydraulic conductivity ratio is 10:1. All distances measured 

in metres, based on datum of domain. 
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Figure B.5: Horizontal saturated hydraulic conductivities (in m/s) in peat layer. Horizontal 

to vertical saturated hydraulic conductivity ratio is 10:1. All distances measured in metres, 

based on datum of domain. 
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Figure B.6: Horizontal saturated hydraulic conductivities (in m/s) in silt layer. Horizontal 

to vertical saturated hydraulic conductivity ratio is 10:1. All distances measured in metres, 

based on datum of domain. 

Recharge rates from precipitation were estimated based on the original input ratios from the HELP 

model (calculated in Waterloo hydrogeologic, 1999) and corrected for monthly precipitation rates for 

2007 (Environment Canada, 2008). Constant head values at the boundaries were based on measured water 

elevations in Lake Ontario as recorded by the Canadian Department of Fisheries and Oceans (2008). Site 

conditions were modelled weekly using steady-state simulations based on data collected between June 

26th and September 11th, 2007 and bi-weekly between September 18th and October 16th, 2007 to estimate 

the leachate-impacted groundwater levels in the stored waste, as well as the volumes of leachate-impacted 

groundwater discharge to the river and the volumes of influx of river water. The Strongly Implicit 
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Procedure (SIP) Package was used as the solver for the model. Reverse particle tracking (using 

MODPATH with a 7-day travel time) was employed in the MODFLOW model to demonstrate the zones 

of influence of the various extraction wells. 

The extraction wells were located in the refuse layer only (the top layer of the model – Figure B.3). 

For the purposes of the modelling, the wells were screened across the entire refuse layer. The pumps at 

the extraction wells were programmed to run at regularly scheduled intervals, with a pressure sensor on 

each pump. The pressure sensors were designed to stop the pumps in the event of dry well conditions, and 

re-initialized at the following scheduled pumping interval. The total volume of extracted leachate-

impacted groundwater was monitored for each extraction field. The total extracted leachate-impacted 

groundwater volumes per extraction field were averaged, and distributed evenly to each of the wells at a 

given extraction field location. The west extraction field had one extraction well, while four extraction 

wells were installed at the north extraction field, three extraction wells were installed at the east extraction 

field and at the south extraction field eight extraction wells were installed along the shoreline near the 

river interface (Figure B.1). 

B.4 Results and Discussion 

B.4.1 Modelling of 2007 Conditions 

Influx of water from the river and discharge of leachate-impacted groundwater to the river were 

estimated by the model, based on the average precipitation, leachate-impacted groundwater extraction 

rates and elevation of the river (Figure B.7 and Table B.1). The discharge of leachate impacted 

groundwater to the river, and the influx of river water were estimated using the flow into and out of the 

constant head cells in the model (used as an analogue for the Great Cataraqui River). The hydraulic 

gradient between the river elevation and the water levels in the stored waste mediated the extent to which 

hyporheic exchange occurred. As can be seen from Figure B.7, during high river water elevations (July 

through September) the influx of river water was a greater source of water than the infiltration of 



  200 

precipitation. Once the water elevation in the Cataraqui River was below 74.5 m above the International 

Great Lakes Datum, 1985 (IGLD 1985) in October, the recharge from precipitation was found to be a 

larger source of water for leachate production.  

Table B.1: Volumes of recharge due to precipitation and leachate-impacted 

groundwater extracted as well as MODFLOW estimates for changes in storage in the 

model domain, influent from and discharge to the Cataraqui River and complete water 

balance. 

Date 

Change in 
storage in 
the model 
domain 
(m3/d) 

Influx of 
river water 

(m3/d) 

Discharge of 
leachate-
impacted 

groundwater 
(m3/d) 

Extraction 
from 

pumping 
walls 

(m3/d) 
Recharge 

(m3/d) 

Total flow 
into model 

domain 
(m3/d) 

Total flow 
out of 
model 

domain 
(m3/d) 

26-Jun-07 0 492 27 556 85 577 583 
03-Jul-07 0 374 88 500 205 579 588 
10-Jul-07 0 331 102 491 205 526 592 
18-Jul-07 0 398 79 531 205 603 609 
24-Jul-07 0 441 77 577 205 646 653 
31-Jul-07 0 434 79 578 205 639 657 

07-Aug-07 0 472 35 547 75 546 582 
14-Aug-07 0 367 43 447 75 442 490 
21-Aug-07 0 336 33 415 75 410 448 
28-Aug-07 0 262 55 347 75 337 402 
04-Sep-07 0 237 47 310 58 295 357 
18-Sep-07 0 148 61 217 58 205 278 
02-Oct-07 0 183 299 159 164 347 458 
16-Oct-07 0 13 199 86 164 177 284 

 

The overall groundwater levels in the stored waste affected the volume of leachate-impacted 

groundwater extracted by the leachate-impacted groundwater extraction system, since the pressure 

sensors in the system stopped the pumps when the well was dry. During the months with high influx of 

water from the river, the extraction wells remained active for longer durations, allowing for higher 

volumes of leachate-impacted groundwater to be extracted by the wells (Figure B.7). The infiltration of 

water from the river decreased as the river water elevation decreased, which decreased the overall 
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groundwater level, and consequently reduced the leachate-impacted groundwater extraction rates. Over 

the modelling period, the measured extraction of leachate-impacted groundwater by the extraction system 

decreased. This was the case even in October when the infiltration due to precipitation and influx of river 

water, represented a larger water source than in September. The low elevation of river water maintained 

low groundwater elevations. It became evident that the leachate-impacted groundwater levels were near 

the lower reaches of the waste layer at the site, and hence the lower reaches of the extraction wells; the 

volume of leachate-impacted groundwater available for extraction from the wells was therefore reduced. 

 

Figure B.7: Actual Cataraqui River elevations (in m above the International Great Lakes 

Datum, 1985), volumes of recharge due to precipitation and leachate-impacted 

groundwater extracted as well as MODFLOW estimates for influent from and discharge to 

the Cataraqui River. Vertical lines indicate dates for leachate-impacted groundwater 

extraction rate evaluations. 
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The estimated discharge of leachate-impacted groundwater to the Cataraqui River was also affected 

by the river water elevation, which was mostly governed by the St. Lawrence River discharge at the 

Saunders Power Generation Station in Cornwall, Ontario. When the river water elevation was above 74.5 

m above IGLD 1985, June through September, the discharge of leachate-impacted groundwater to the 

river, estimated during the simulation events, averaged 60±22 m3/d, which was in the same range as the 

original modelling results from 1998, where 79 m3/d of leachate-impacted groundwater was estimated to 

discharge to the river. This volume of leachate-impacted groundwater discharging to the river was less 

than the volume of infiltration due to precipitation of the various conditions modelled (Figure B.7). Once 

the river water elevation decreased below 74.5 m above IGLD 1985, the estimated discharge of leachate-

impacted groundwater to the river increased to 248±71 m3/d, which was greater than the volume of 

infiltration due to precipitation (163 m3/d – equal precipitation rate during both modelling events). By the 

end of the modelling period, the river water elevation had decreased to below 74.4 m above IGLD 1985, 

and the influx of river water was estimated to be negligible. This resulted in low groundwater levels at the 

site and low leachate-impacted groundwater extraction rates. The groundwater level was estimated to be 

higher than the river water elevation and, as such, leachate-impacted groundwater was presumed to 

discharge to the river.  

B.4.2 Evaluation of Current Seep Management Strategy  

Based on the modelling results, the conditions from four dates (July 3, August 14, September 18 and 

October 16, 2007) were selected to investigate the leachate-impacted groundwater extraction system 

performance. These four dates were evenly spaced throughout the modelling period, but they were also 

representative of different conditions being modelled. The July 3rd event had the highest river water 

elevations and high volumes of precipitation; the August 14th event had lower river water elevations and 

precipitation volumes; the September 19th event had lower river water elevations, but equivalent 

precipitation volumes to those of the August 14th event; and the October 18th event had the lowest river 
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water elevations and high precipitation volumes. The leachate-impacted groundwater extraction rates at 

each of the extraction fields during the four modelling events are presented in Table B.2.  

Table B.2: Leachate-impacted groundwater extraction rates during investigation of seep 

management system used for the modelling modified from Malroz Engineering Inc. (2008). 

Volumes of leachate-impacted groundwater discharge estimated by MODFLOW model 

with and without extraction system are also presented. 

Leachate-impacted groundwater extraction rates (m3/d) Discharge to river 
(m3/d) 

Modelling event North 
Extraction 

field 

East 
Extraction 

field 

South 
Extraction 

field 

West 
Extraction 

field 
Total Without 

pumping 
With 

pumping 

July 3, 2007 124 270 169 3 566 368 87 
August 14, 2007 65 316 105 2 488 282 42 

September 18, 2007 45 138 55 3 241 236 61 
October 16, 2007 29 36 33 1 99 314 198 

 

Figure B.8 illustrates the zones of influence of the pumps employed in the leachate-impacted 

groundwater extraction system using reverse particle tracking with a 7-day residence time in the flow 

paths (maximum groundwater flow rate of 8.4x10-4 m/s). The western boundary of the modelling domain 

(south of the west seep) represented the landward extent of the peninsula (Figure B.1). The southern and 

northern boundaries both extended into the Cataraqui River. The modelling of the conditions from July 

3rd, August 14th, and September 18th estimated similar discharge rates into the river (60±22 m3/d) and 

reductions in leachate-impacted groundwater discharge as a result of the extraction system were estimated 

to range from 75% to 85%. The reduction in leachate-impacted groundwater discharge due to the 

extraction system was higher than the original model estimate of 60% reduction, which was attributed to 

the greater number of leachate-impacted groundwater extraction wells in 2007. The modelling of the 

October 16th event estimated a higher leachate-impacted groundwater discharge rate (198 m3/d) to the 

river and only a 47% reduction in the discharge to the river as a result of the extraction system. The lower 

extraction rates in October were previously attributed to the groundwater levels being at the lower reaches 
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of the extraction system wells, which was the lower reaches of the waste layer, therefore the discharge of 

water to the river estimated by the model was in the lower layers of the model, the peat and silt layers.  

 

Figure B.8: Particle tracking for the four conditions modelled. 

It was estimated that the east extraction field had the largest effect of all the extraction fields on the 

influx of water from the river to the site during the July 3rd, August 14th and September 18th modelling 

events (Figure B.8 a, b and c). The zone of influence from the east extraction field extended to the 

southern boundary of the peninsula. The October 16th modelling event (Figure B.8d), which was 
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characterized by the lowest influx of river water and the greatest discharge of leachate-impacted 

groundwater to the river, estimated a limited zone of influence from the east extraction field on the 

southern shore of the peninsula (minimizing the influx of river water).  

Comparing the four conditions used for the modelling provided more support to the theory that the 

influx of river water contributed more to leachate production than the recharge due to precipitation. The 

pumping rates, which were controlled by groundwater availability, varied with the elevation of the river at 

the north and south extraction fields. The July 3rd modelling event was characterized by the highest river 

water elevation and also the highest pumping rates from the north and south extraction fields. The river 

water elevation decreased throughout the modelling, as did the pumping rates from the north and south 

extraction fields. The pumping rate at the east extraction field did not follow the same trend (Table B.2). 

At the east extraction field, the pumping rate was highest during the August 14th modelling event, when 

precipitation and river elevations were both lower than in the July 3rd modelling event. The increased 

pumping from the August 14th modelling event was, therefore, attributed to the increased zone of 

influence of the east extraction field, as demonstrated in Figure B.8b. During the August 14th modelling 

event, it was noted that the zone of influence from the east extraction field extended to the southern 

border of the peninsula, thus increasing the influx of river water and increasing the volumes available for 

pumping from this east extraction field. 

B.4.3 Effect of Leachate-impacted groundwater Extraction Rates 

The leachate-impacted groundwater extraction rates inputted to the model at each of the extraction 

fields were varied between 0% and 300% of the actual extraction volumes to examine the effects of the 

leachate-impacted groundwater extraction rates on the influx of river water and the discharge of leachate-

impacted groundwater at each of the extraction fields. In the instances that high rates of leachate-impacted 

groundwater extraction caused the wells in the simulation to become dry at pumping rates below 300%, 

modelling events were only performed to the maximum extraction rate that did not cause wells to become 
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dry. Dry well conditions could not occur at the filed site due to the pressure control systems on the 

pumps. The leachate-impacted groundwater extraction rates were varied at each of the extraction fields 

equally and then separately by varying the rates at the north, south and east extraction fields, while 

maintaining the other extraction rates at their original values. The extraction well at the west extraction 

fields was also an integral component of the leachate-impacted groundwater management plan, since it 

captured a leachate-impacted groundwater seep; however, due to the low flow rate at this extraction field 

and segregated position of the extraction well, it was assumed that variations in the extraction rate of the 

extraction field would have limited effect on the overall influx of river water and discharge of leachate-

impacted groundwater. For these reasons, the west extraction field pump was not included in the 

evaluation of the extraction rates.  

From the extraction rate assessment for the conditions modelled to represent July 3rd, August 14th and 

September 18th, it was noted that leachate-impacted groundwater extraction at the east extraction field had 

the greatest effect on both the influx of river water and the discharge of leachate-impacted groundwater 

(Figure B.9). Ceasing extraction at the east extraction field, while maintaining the actual extraction rates 

at the other extraction fields, resulted in decreases in river water influx volumes of 58%, 75% and 65% 

with increases in leachate-impacted groundwater discharge volumes of 60%, 176% and 85%, 

respectively, for the three modelling events. Ceasing extraction at the north extraction field, while 

maintaining the other extraction rates, resulted in decreases in river water influxes of 39%, 15% and 29% 

and increases in leachate-impacted groundwater discharge of 100%, 19% and 45%, respectively. Halting 

extraction at the south extraction field, and maintaining the other extraction rates, resulted in decreases in 

the influx of river water of 18%, 12% and 8% and increases in leachate-impacted groundwater discharge 

of 45%, 54% and 32%, respectively. Based on these findings, it could be concluded that leachate-

impacted groundwater extraction from all of the extraction fields increased the influx of river water and 

therefore the volume of leachate-impacted groundwater being pumped to the treatment facility. However, 

cessation of leachate-impacted groundwater extraction at the extraction fields would result in greater 



  207 

increases in the volumes of leachate-impacted groundwater discharged into the river as compared to the 

decreases in river water influx volumes.  

 

Figure B.9: Relationship between leachate-impacted groundwater discharge to and influx 

from the Cataraqui River while varying extraction rates at the extraction fields. Circles 

indicate the model estimates for actual extraction rates. 

Further investigation of the effect of the extraction rates at the extraction fields can be used to 

demonstrate the effect of each extraction field on the influx of river water and the discharge of leachate-

impacted groundwater to the river. For the conditions from July 3rd, August 14th and September 18th, the 

model estimated that small decreases in the east extraction field extraction rate would likely have more of 
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an effect on the influx of river water than on the discharge of leachate-impacted groundwater to the river 

(Figure B.9a, b, and c). If the extraction rate at the east extraction field were decreased by 50%, the 

estimated leachate-impacted groundwater discharge rates would increase by 12%, 34% and 29%, 

respectively, for the modelling of conditions from July 3rd, August 14th and September 18th. It was 

estimated that the decrease in extraction rates at the east extraction field would also result in decreasing 

river water influx rates by 33%, 45% and 41%, respectively, for July 3rd, August 14th and September 18th. 

Decreasing the extraction rates from the east extraction field by 50% would increase the discharge of 

leachate-impacted groundwater to the river, however the model estimates of leachate-impacted 

groundwater capture in the extraction system still ranged from 67 to 75% of the leachate-impacted 

groundwater that would be discharged to the river if no extraction system were in place. These estimates 

of the decrease in volume of leachate-impacted groundwater discharged to the river were still higher than 

the original estimates of a 60% decrease in leachate-impacted groundwater discharge (Waterloo 

Hydrogeologic, 1999). Decreasing the extraction rate at the east extraction field could feasibly decrease 

the cost of the leachate-impacted groundwater extraction system while still maintaining the reduction in 

the volume of leachate-impacted groundwater discharged to the river as achieved in the initial 

implementation of the leachate-impacted groundwater extraction system. Further testing of the effects of 

decreasing the extraction rate at the east extraction field would need to be conducted prior to the 

implementation of the plan to ensure that decreasing the extraction rate does not create an adverse impact 

on the Cataraqui River along the east seep.  

Conversely, the modelling estimated that modifications of the extraction system at the north 

extraction field would have a greater effect on the discharge of leachate-impacted groundwater to the 

river than on the influx of river water (Figure B.9). The modelling of environmental conditions of 

September 18th (Figure B.9c) indicated that the extraction rate at the north extraction field could be 

further increased. The modelling of environmental conditions of July 3rd and August 14th, however, 

demonstrated that an increase in the extraction rate at the north extraction field would not decrease the 
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discharge of leachate-impacted groundwater to the river, but instead would increase the influx of river 

water. Therefore the results of this modelling study would indicate that the north extraction field 

extraction rate should not be modified any further.  

Under all of the conditions modelled (Figure B.9), modifying the extraction rate at the south 

extraction field was also found to have a greater effect on leachate-impacted groundwater discharge than 

on the influx of river water. Therefore the extraction rate at the south extraction fields should also not be 

modified.  

B.5 Conclusions 

The study demonstrated that the leachate-impacted groundwater extraction system was performing 

better than the original model predicted. During the original modelling conditions it was estimated that 

the discharge of leachate-impacted groundwater would be decreased by 60% with the addition of a 

leachate-impacted groundwater extraction system, whereas the modelling using 2007 conditions 

estimated that leachate-impacted groundwater discharge would be decreased by 75% to 85%.  

The leachate-impacted groundwater extraction system was further evaluated to determine if the 

extraction rates could be modified to decrease the overall cost of the extraction system. It was estimated 

throughout the modelling that extraction rates at both the north and south extraction fields had a greater 

effect on leachate-impacted groundwater discharge then on the influx of river water. As such, these 

extraction rates should not be changed. Modelling of the 2007 environmental conditions estimated that 

the extraction rate at the east extraction field could be decreased to 50% of the current rate. This decrease 

in extraction rate would still achieve a 67% to 75% decrease in leachate-impacted groundwater discharge 

(higher than the original 60%), while decreasing the influx of river water onto the site and eventually into 

the leachate-impacted groundwater extraction system by 33% to 41%. 
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Since climatic and hydrologic conditions are variable over extended temporal scales, it is evident 

from this study that reassessing modelling results periodically may result in better system optimization, as 

well as the identification of potential problems and changes in the effectiveness of hydraulic systems for 

the control of landfill leachate-impacted groundwater discharges.  
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Appendix C 

Treatment system photos 
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Figure C.1: Aerobic pretreatment systems used in the pretreatment system evaluation. 

(Chapter 3) 

 

Figure C.2: Anaerobic pretreatment systems used in pretreatment system evaluation. 

(Chapter 3) 
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Figure C.3: Biomass attachment media used in the AAR pretreatment systems with 

attached biomass. (Chapter 3) 

 

Figure C.4: Biomass growth on the base plate of the ASR pretreatment system. (Chapter 3) 
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Figure C.5: Peat and wood shaving biological trickling filters used in the bench-scale 

studies (Chapters 4 and 5). 

 

Figure C.6: Waterloo Biofilter packing media with biomass growth after the room-

temperature treatability study (Chapter 4). 
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Figure C.7: Pretreatment system tanks. 16m3 for the FF reactor, and 8m3 for the ST tank. 

(Chapter 6 and 7) 

 

Figure C.8: Sludge collection and aeration system in the FF reactor. (Chapter 6 and 7) 



  218 

 

Figure C.9: Biological attachment media in the FF reactor. (Chapter 6 and 7) 
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Figure C.10: Frames for the passive treatment system. Wooden Frames are constructed to 

hold the media and liner in place in the pilot-scale system. (Chapter 6 and 7) 

 

Figure C.11: PVC Liner in wooden frame. Weeping tile drain for the passive treatment 

system cells is covered in pea gravel. (Chapter 6 and 7) 
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Figure C.12: AWL wetlands filled with granular A gravel. Submerged, cold-temperature 

dosing manifold is protected by weeping tile. (Chapter 6 and 7) 

 

Figure C.13: Mixing peat and wood shavings in the PW filters. (Chapter 6 and 7) 
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Figure C.14: Wood shavings used in PW filters. (Chapter 6 and 7) 

 

Figure C.15: Peat and wood shaving mixture in PW filter. (Chapter 6 and 7) 
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Figure C.16: Syphon chamber between passive treatment system cells. (Chapter 6 and 7) 
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Figure C.17: Passive treatment system. December 2009. (Chapter 6 and 7) 

 

Figure C.18: Passive treatment system. May 2010. (Chapter 6 and 7) 

 

Figure C.19: Passive treatment systems. August 2010. (Chapter 6 and 7)
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Appendix D 

Data from jar tests with lithium chloride tracer in passive treatment system 

packing media 
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D.1 Study Methods 

Jar tests were used to determine if lithium chloride was a feasible tracer for use in the evaluation of 

the hybrid-passive treatment system (Chapter 7). Each of the four jar tests was conducted using a stock 

solution of lithium chloride dissolved in raw leachate. Two tests were conducted with the gravel packing 

media using solutions of 10 mg/L Li and 100 mg/L Li. Two tests were conducted with the peat and wood 

shaving packing media using solutions of 100 mg/L Li and 1000 mg/L Li since it was assumed that this 

media would have a higher capacity for sorption. For each of the tests, 200 ml of stock solution was 

mixed with 10g of passive treatment system packing media. The jar tests were sampled after 1, 5, 24, 48, 

and 96 hours (1/24, 5/24, 1, 2 and 4 days). Lithium concentrations were measured using a Varian 

AA280FS Atomic Absorption Spectrometer, one duplicate sample, and one known concentration sample 

were analyzed per every 10 unknown samples. 

D.2 Study Results 

The results from the jar tests are presented in Table D.1, and Figure D.1. In all cases the lithium 

concentrations measured during the jar tests were within 20% of the stock solution concentrations (Table 

D.1). There was also no decreasing in lithium concentrations with time (Figure D.1), which would have 

indicated a time dependant reaction decreasing the lithium concentrations. Furthermore, the mixing of 

lithium chloride tracer solution in the raw leachate did not affect the recovery of the lithium. With these 

three findings, it could be concluded that lithium chloride was a conservative tracer in both the gravel and 

peat and wood shaving packing media, and that there were no adverse chemical interactions between the 

tracer solution and the landfill leachate from the Merrick Landfill.  
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Table D.1: Concentrations of tracer solutions (in mg/L) during jar tests. 

Time (h) 

10 mg/L stock 
solution in gravel 

media 

100 mg/L stock 
solution in gravel 

media 

100 mg/L stock 
solution in peat and 
wood shaving media 

1000 mg/L stock 
solution in peat and 
wood shaving media 

1 9 88 95 1090 
5 10 91 93 934 

24 11 87 90 921 
48 12 92 93 950 
98 9 91 103 978 

 

 

Figure D.1: Results from jar tests to determine the loss of lithium in the tracer study in 

both gravel and peat media. 

 

 

 


